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Summary

The evaluation of the post-closure performance of the SFR repository needs to consider time-

dependent evolution of the repository environment. Time-dependent reaction of near-field

barriers (cement, steel, bentonite) with saturating groundwater will lead to the development of

hyperalkaline repository pore fluids, chemically reducing conditions, and ultimately, the

generation of gas through anaerobic corrosion of metals. Cement and concrete will act as

chemical conditioning agents to minimise metal corrosion and ultimately, maximise

radioelement sorption. The chemical and physical evolution of cement and concrete through

reaction with ambient groundwater will thus affect sorption processes through changes in pH,

complexing ligands, and solid surface properties. It is desirable that these changes be

incorporated into the safety assessment. This work presented here addresses research which

will enable SKI better to assess the performance of SFR with respect to the sorption of

radionuclides and consists of a review and collation of sorption data with the aim of

assembling a database which can be utilised in transport modelling of the SFR system,

together with an assessment of the time-dependent evolution of the physical and chemical

properties of the SFR engineered barriers.

The sorption behaviour of radionuclides in cementitious systems has been reviewed in detail.

The evolution of cementitious systems is taken into account by recognising several key stages

in cement degradation and the main characteristics of each of these stages. Based on relevant

experimental sorption data and existing sorption databases, best estimates of K̂  values are

provided for sorption of different radioelements on cement/concrete and on corrosion

products of iron without the presence of waste-derived organic degradation products present.

The available evidence from experimental work carried out on the influence of organic

materials on the sorption behaviour of radionuclides, indicates that most organic degradation

products will not affect sorption significantly at the concentrations expected in a cementitious

repository. The notable exception to this conclusion involves the degradation products of

cellulose and, in particular, polycarboxylic acids represented by iso-saccharinic acid (ISA).

Results using ISA indicate a significant reduction in sorption of Pu, by several orders of

magnitude, for an ISA concentration of about 10"3 M. More recent data indicate that the

negative effect is not as great, though still significant. Therefore, some scoping calculations

are advisable to determine how realistic an ISA concentration of about 10~3 M would be for



the SFR repository and to estimate concentrations of other relevant organic compounds, in

particular EDTA, for comparison. The impact of ISA on the sorption of Pu and other

actinides has been shown to decrease substantially as its concentration decreases.

Scoping calculations relevant to the longevity of hyperalkaline pore fluid conditions at SFR

have been carried out. SKB data for concrete composition and groundwater composition and

flux suggest that the duration of high pH could be in the range of 35 000 - 105 000 a,

depending upon precise groundwater flow rates. These calculations include effects of reaction

with organic degradation products (conservatively assumed to consist of 50 % CO2 and 50 %

CH4) and bicarbonate ions present in groundwater. These calculations assume homogeneous

distribution of concrete throughout the SFR repository, whereas consideration of each waste

vault separately suggests that release of radionuclides from the BLA vault may not be limited

by sorption or solubility under hyperalkaline conditions and could be subject to pH

conditions of ambient groundwater (pH 7-9) shortly after repository closure.

Hyperalkaline pore fluids derived from saturation of the repository cementitious materials

have the potential to react with other engineered barrier materials (bentonite, bentonite-sand

mixes, waste packages) or even the surrounding host rock at SFR. Available (generic) data

suggest that although bentonite alteration may occur over relatively short timescales (1000

years), the scale of alteration is likely to be self-limiting due to the filling of porosity by

secondary minerals. The types of minerals which precipitate (zeolites, CSH phases) are

unlikely to lower the sorption capacity of the bentonite for radionuclides and the porosity and

permeability are likely to be lowered as a consequence. However, the bentonite may lose its

plasticity due to cementation by neo-formed minerals. SFR-specific calculations may be

relevant to assess the relative importance of such processes.

The potential for concrete at SFR to be attacked by sulphate (either from groundwater or from

degradation of ion exchange resins) has been reviewed. The increase of solids volume

induced by the conservative assumption of conversion of all aluminium in the concrete to

ettringite would result in approximately half of the available porosity in the concrete being

filled. Gypsum could also be precipitated in concrete under attack by the most sulphatic

groundwaters envisaged to occur in Sweden, but 18 Ma would be required to fill all the

available porosity by conversion of portlandite to gypsum. Degradation of ion exchange

resins in the waste could produce additional sulphate for sulphate attack of the concrete.

However, available literature data indicate that ion exchange resins are likely to be inert under

SFR conditions (high pH, low temperature, low radiation fields). This review suggests that
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sulphate attack of concrete at SFR is unlikely to be important given the chemical compositions

of concrete and groundwater and the inert behaviour of ion exchange resins under plausible

disposal conditions.

Additives have been used in concretes employed in the SFR repository. From available data, it

seems that the sulphonated naphthalene formaldehyde condensate (NS) type of

superplasticiser predominates at SFR, particularly in the silo and BMA components of the

repository. Superplasticiser molecules may complex with radionuclides, thus impacting upon

sorption and solubility behaviour. Although quantitative data are few, there is experimental

evidence that the solubility of the actinides can be enhanced by several orders of magnitude,

albeit with unrealistically high concentrations of superplasticiser in experimental solutions.

There are even fewer data describing sorption behaviour, but evidence suggests that

superplasticisers only marginally impact upon sorption. Leaching of superplasticisers from

hardened cement pastes is likely to be minimal, thus questioning whether the presence of

superplasticisers would have any effect on the long-term safety of a facility such as SFR.

However, there seems to be a shortage of information concerning the teachability relevant to

the cement and superplasticiser compositions used at SFR. It is recommended that further

research be acquired in this area.

It is likely that fracturing will occur with time in the structural and backfilling cement/concrete

in SFR as a result of: weak bonding between waste packages and backfill; differential stress

between the rock mass and repository volume; volume reduction through leaching by

groundwater of the more soluble chemical components of the cement; or by pressure build-up

derived from the generation of gas by metal corrosion and waste degradation. Fractures will

tend to be a focus for fluid (gas and water) flow since they will have a higher permeability

than the surrounding concrete matrix. The bulk of the fluid flow may thus occur through the

fractured regions so that transport in the matrix would be by diffusion only. Consequently,

chemical conditioning of pore fluids in the repository may be changed due to reduced fluid

residence times and transport of radionuclides out of the repository may also be affected. It is

suggested that SKi adopt the approach taken by UK Nirex Ltd. to address the effect of

fracturing upon radionuclide transport. A theoretical scheme for addressing fracture transport

of radionuclides is suggested which could be addressed in more detail in future studies.
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1 Introduction

SKB will publish a safety assessment of the operational SFR repository in 2000 under the

auspices of the 'SAFE' (Safety Assessment of Final Repository for Radioactive Operational

Waste) project (SKB, 1998a, b). SKI in turn, is carrying out its own review of SFR.

The evaluation of the post-closure performance of the SFR repository needs to consider time-

dependent evolution of the repository environment. Time-dependent reaction of near-field

barriers (cement, steel, bentonite) with saturating groundwater will lead to the development of

hyperalkaline repository pore fluids, chemically reducing conditions, and ultimately, the

generation of gas through anaerobic corrosion of metals. Cement and concrete will act as

chemical conditioning agents to minimise metal corrosion and ultimately, maximise

radioelement sorption. The chemical and physical evolution of cement and concrete through

reaction with ambient groundwater will thus affect sorption processes through changes in pH,

complexing ligands, and solid surface properties. It is desirable that these changes be

incorporated into the safety assessment.

Since the inventories of most radionuclides in wastes contained in SFR will be relatively low,

it is unlikely that their concentrations in repository pore fluids will be limited by solubility.

Instead, sorption of radionuclides on engineered barrier materials is more likely to limit their

availability to entrained pore fluids. Understanding sorption mechanisms of radionuclides at

elevated pH with anionic ligands dominated by hydroxyl and various organic acids thus

becomes crucial to the prediction of radionuclide behaviour for safety assessment calculations.

This work presented here addresses research which will enable SKI better to assess the

performance of SFR with respect to the sorption of radionuclides and consists of the

following elements. A review and collation of sorption data with the aim of assembling a

database which can be utilised in transport modelling of the SFR system, such as:

• A review of existing sorption databases for cementitious environments (including steel

corrosion products) to determine their relevance to SFR.

• A review and estimate of the inventories of organics in SFR, including both wastes and

their location in the repository.

• Identification of those organics which will significantly affect the sorption of different

radioelements.

• A review of supporting surface complexation modelling.
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• A recommendation of Kd values for safety assessment calculations.

An assessment of the time-dependent evolution of the physical and chemical properties of the

SFR engineered barriers, incorporating:

• Longevity of hyperalkaline conditions in the SFR engineered barriers and an assessment

of the potential for deleterious interactions with other engineered barriers, e.g. bentonite.

• The potential for ettringite or gypsum formation and consequent degradation of concrete

via interaction with sulphate.

• The potential role of cement superplasticisers used at SFR in the mobilisation of

radionuclides.

• An assessment of how cracking of concrete may affect radionuclide release and how it

may be addressed in transport modelling.



2 Sorption behaviour of radionuclides in a
cementitious environment

2.1 Important considerations

Krupka and Seme (1998) tackle several key issues relevant to the sorption behaviour of

radionuclides in cementitious systems and it is worthwhile summarising their conclusions on

each of the following topics:

• the appropriateness of the Kd approach to sorption;

• the relevancy of laboratory data involving crushed cement;

• the effects on sorption, if any, of different cement types;

• differences in sorption potential, if any, between cement and concrete;

• the effects of the long-term evolution of cement

The first four topics are discussed in the following sub-sections and the long-term evolution

of cement is discussed in Sections 2.2.1 and 2.2.2.

2.1.1 Appropriateness of Kd Approach

Kd, the distribution coefficient, and Rd, the distribution ratio (expresses the experimental

determination of KJ, of an element are defined in the same way, viz.

concentration of element per unit mass of solid phase

concentration of element per unit volume of liquid phase

The parameter Kd describes the extent of sorption once equilibrium between solid and liquid

phases has been achieved, and assuming sorption is reversible. In addition, by applying the

Kd approach, the radioelement should be present in trace amounts so that the extent of

sorption does not depend on the elemental concentration. Because these requirements are not

always met in experimental work, the parameter R,, is normally quoted in publications

involving experimental sorption data.



Seme has been involved in experimental sorption work for over two decades and is familiar

with the sorption literature, as well as the pitfalls of carrying out experimental sorption

measurements (Serne and Muller, 1987). Thus, Krupka and Serne (1998) note that often, Kd

values quoted may encompass all retardation processes, including precipitation, which will

result in a (gross) overestimate of the extent of sorption that is incorporated in the

radionuclide transport equation. A number of measures are recommended to avoid

precipitation-enhanced Kd values in experimental studies, including

• the use of blank containers;

• experimental checks to establish whether radionuclide concentrations may

result in precipitation;

• pre-equilibration of radionuclide with liquid phase (aqueous solution).

The latter measure is particularly important during sorption experiments involving

cementitious systems as, typically, a radionuclide stock solution is highly acidic. Thus, if

drops of this solution are added directly to an equilibrated cementitious system at high pH, the

corresponding solubility may be exceeded.

2.1.2 Experimental Work Involving Crushed Cement Samples

Bradbury and Sarott (1995) use good scientific argument and reference experimental results

in support of the conclusion that crushing/disaggregation of samples should not affect

sorption data. Since hardened cement paste is a fine-grained microporous material (grain

sizes in the range of a few microns to tens of microns), crushing will not create a significant

number of fresh surfaces for sorption. Even if some new surfaces are produced, they will be

covered by a CSH gel layer relatively quickly. Experimental measurements of surface area

(BET measurements1) carried out by Rowan (1988; cited by Bradbury and Sarott, 1995)

support the conclusion of Bradbury and Sarott (1995). Rowan et al. (1988) measured the

BET surface areas of intact coupons of different types of hardened cement pastes, as well as

of crushed coupons sieved to different particle sizes. The results of these measurements

indicate similar surface areas: 55±5 m2/g (coupons); 90±10 m2/g (0.5-1.0 mm); 85±5 m2/g

1 The most popular method of measuring specific surface area of a solid, the so-called BET method (Brunauer,
Emmett, and Teller, 1938) is carried out via N2 adsorption on the solid surface and the generation of a sorption
isotherm. The method generally provides reproducible results, although there is some uncertainty in applying
the results of a gas-solid interaction to a solid in solution. Typically, surface area measurements carried out
by different techniques yield results on metal oxides which agree within a factor of about 2 to 4 (Dzombak and
Morel, 1990).
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(125-250 (Am); 75+5 m2/g (50-125 \im). In addition, in experimental work where the size of

cement grains has been investigated (Atkinson and Nickerson, 1988; Bayliss et al., 1991;

Atkinson et al., 1988b), the observed effects on sorption appeared insignificant, i.e. K,, values

obtained using intact samples were similar to those obtained using crushed samples.

In order to avoid possible effects of disaggregation, Jakubick et al. (1987) and Hietanen et al.

(1984) favour surface area, rather than specific weight, of cement as the normalising parameter

when quoting sorption results. Nevertheless, where intact samples are used, Krupka and

Seme (1999) argue that longer interaction times would allow diffusion of radionuclides into

the porous solid samples. If sufficient time is allowed (several months), then we agree with

the conclusion of Krupka and Seme (1999) that the Kd values obtained for both monolithic

and crushed samples will be similar. In summary, therefore, the above arguments concluding

no significant effect of crushing/disaggregation on sorption, are convincing.

2.13 The Influence of Cement Types: Aggregate Material

Various blends of cement exist, each with different properties once hardened (Lea, 1970).

Despite these differences, Krupka and Seme (1998) conclude, based on a review of the

literature on cement evolution, that the pore chemistry of cementitious systems are very

similar, being dominated by the highly reactive clinker phases. Thus, porewater chemistry is

well defined and the changes of solid phases with time are well established.

Nevertheless, Krupka and Seme (1998) acknowledge that the presence of important additives

to cement, such as blast furnace slag (BFS) and pulverised fly ash (PFA) may affect the

sorption of certain elements, e.g. those which exhibit redox-sensitive behaviour. In particular,

the solution redox potential Eh may be affected by the presence of sulphide in the slag. The

corrosion of iron containers will also significantly affect (lower) Eh in the repository, as well

as generating corrosion products for additional sorption sites (see Section 2.5.1).



2.1.4 Concrete vs. Cement

Concrete contains a mixture of cement, water and aggregate material. Thus, the major

difference between cement- and concrete-based systems is the presence of aggregate.

Importantly, the aggregate may vary from sand to much larger-sized material. Table 2.1 lists

some of the common materials added to cements, the percentages ranging from about 70 % in

the case of fly ash and natural pozzolan, to about 90 % in the case of furnace slag. In general,

the particle sizes of these supplementary materials are finer than cement, resulting in a denser

mixture (Glasser, 1992). Given that most radionuclides appear to adsorb on hardened cement

phases, the presence of aggregate represents a dilution of the system, and hence the possibility

of reduced sorption relative to cement alone.

Allard (1985) noted that the type of concrete had little influence on the sorption of those

radioelements which are strongly hydrolysed at high pH. On the other hand, for elements

which are not hydrolysed (e.g. caesium), the type of ballast could have a significant impact on

sorption properties. Krupka and Seme (1998) also note that some elements, e.g. caesium,

appear to sorb preferentially on aggregate phases owing to their affinity for some of the

mineral components of aggregates, e.g. in the case of caesium, biotite and micas.

Table 2.1: Common supplementary cementitious materials (from Glasser, 1992).

Material

Fly ash coal

Blast furnace slag

Natural pozzolans

Silica fume

Superplasticisers*

Intended Purpose

Decrease permeability; increase mix fluidity;
lower initial heat evolution.

Decrease permeability; lower internal Eh; lower
initial heat evolution; increase mix fluidity.

Increase sorption.

Decrease permeability; increase sorption.

Reduce water content and permeability.
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2.1.5 Ageing of Cement/Concrete

Clearly, few measurements have been conducted using aged cement samples. Allard (1985)

concluded that existed between old Standard Portland cement which had been under water for

60-70 years, and "fresh" (1-2 years old) concrete had similar sorption properties and

porewater composition, although no experimental data were provided. In any case, in the

context of a radioactive waste repository, several decades represents a relatively short time

period. Thus, any effect of ageing of cement/concrete on sorption properties has to be argued

on scientific grounds

A discussion of the ageing of cement/concrete should address the nature of both the solid

phases and the aqueous phase. In the case of solid phases, sorption of most radionuclides

(those which hydrolyse; majoT exceptions would be Sr and Cs) appears to occur mainly on

CSH phases which are not expected to change significantly over long time periods (see

discussion in Section 2.2.1). In terms of the porewater, the ionic strength will decrease as the

ions K+ and Na+ are leached from the cement; the pH will drop by about 12.5, being buffered

by portlandite [Ca(OH)2]. The period during which the buffering will last is estimated to be

at least 104 years. Thereafter, portlandite is no longer available to buffer the pH and the CSH

phases dissolve (incongruently), eventually resulting in predominantly aggregate or ballast

material.

The key product from cement hydration is CSH gel, a poorly crystalline material but with a

relatively high surface area - Ewart et al. (1991) cite a surface area of about 250 m2/g. The

CSH gel is the main substrate responsible for radionuclide sorption.

2.1.6 Chemical perspective on sorption in cementitious systems

It seems likely that in the high pH porewaters of cementitious systems, sorption of many

elements will occur via surface complexation (see Section 2.6). Given that mineral surfaces

may be considered to consist of metal oxides with surface 'SOH' groups, it might be

expected that the ability of elements to sorb would be linked to their ability to hydrolyse, i.e.

complex with hydroxyl ions to form metal hydroxy species.

Allard (1982) first noted from extensive sorption experiments involving actinides carried out

over a range of pH values, that "sorption is drastically increased when hydrolysis starts".

Bradbury and Sarott (1995) take up this theme and note that several researchers (Schindler,
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1981; Buffle, 1988; Dzombak and Morel, 1990) have obtained a linear correlation between

cation surface complexation constants and the first hydrolysis constant.

Figure 2.1 shows a plot of first hydrolysis constant (Kn) vs. charge:bond length ratio (z/d)

for numerous metal hydroxy species, provided by Baes and Mesmer (1986). The larger the

value of K, j , the greater the tendency to hydrolyse. Similarly, the greater the z/d ratio, the

stronger the bond formed. There are therefore good qualitative arguments for using this

diagram to guide the relative extents of sorption of the cations shown. Cations in the upper

right of this diagram (e.g. Th4*, Zr4*, U4*, Pu4*) might be expected to sorb strongly, whereas

cations at the lower left would sorb weakly. Note that Ra2+ is a notable omission from this

diagram.

Where ion exchange is the dominant mechanism, hydrolysis will act to reduce the charge on

the cation and, under such circumstances, the sorption trend is to decrease with increasing pH.

Figure 2.1: Plot of log of first hydrolysis constant (log Kn) vs. ratio (charge-length

of M-0 bond) for groups of cations. From Baes and Mesmer (1986; cited in

Bradbury and Sarott, 1995).
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2.2 Sorption compilations/databases for cementitious
systems

Allard (1985) carried out one of the earliest compilations of experimental data for the sorption

of radionuclides on cement Results were presented in terms of ranges in K,, values for C, Ni,

Tc, Sr, I, Cs, Th, U, Np, Pu and Am. Diffusivities were also quoted for a number of elements.

Based on his compilation of experimental data, Allard (1985) provided recommendations for

key radioelements, provided in Rgure 2.2.

Within the last five years, there have been two detailed reviews of data concerning the sorption

of radionuclides on cement and concrete, including recommendations for Kd values, viz.

• Bradbury and coworkers (Bradbury and Sarott 1995; Bradbury and Van Loon,

1998);

• Krupka and Seme (1998).

Each of these reviews is discussed separately below.

Anionic M(I) M(II) M(IH) M(IV) M(V) M(VI)

Figure 2.2: Range ofKd values in concrete systems (from Allard, 1985). Note that dashed
lines indicate maximum/minimum experimental Kd values measured; solid lines represent the
most likely range.



2.2.1 Bradbury and Sarott (1995); Bradbury and Van Loon (1998)

Bradbury and co-workers provide a critical review of experimental data associated with the

sorption of radionuclides in cementitious systems. The report by Bradbury and Van Loon

(1998) represents an update of the earlier work by Bradbury and Sarott (1995). These latter

researchers emphasise throughout their report that the amount of experimental data in this area

and an understanding of the underlying sorption mechanisms are both limited. Importantly,

Bradbury and Sarott address the influence of organics, as well as metal corrosion, on the

sorption of radionuclides in cement (see Section 3).

The first part of the review by Bradbury and Sarott (1995) deals with experimental data

quality and identifies a number of key experimental factors which contribute to 'good'

sorption results, including detailed characterisation of both solid and liquid phases,

radionuclide concentrations well below solubility limits, kinetics, and solid/liquid phase

separation. These factors were also discussed in Stenhouse (1995).

Bradbury and Sarott (1995) also deal with the issue of different types of cement and the

possible impact that these might have on radionuclide sorption. They conclude that, since

pore water composition is dictated by the mineral phases formed, cement-equilibrated waters

are expected to be very similar. These researchers further conclude that:

• the crushing of cement, for particle sizes > 50 //m, does not influence the

extent of sorption (see also discussion in Section 2.1.2);

• the liquid:solid ratio has no effect on sorption provided the liquid and solid

phases are in equilibrium;

• extrapolation of laboratory sorption data to in situ conditions is feasible.

In the context of how to treat the evolution of a cementitious repository in terms of effects on

radionuclide behaviour, Bradbury and Sarott (1995) characterised the evolution of cement in

terms of three environments, viz.

• Environment I: characteristic of freshly hardened cement: porewaters with pH

> 12.5, high ionic strength, high concentrations of potassium and sodium;

estimated duration 100 to 10,000 years (Berner, 1992).

• Environment II: soluble salts of potassium and sodium have been leached

away; major phases present are CSH and portlandite, Ca(OH)2; pH of 12.5 is

10



controlled by Ca(OH)2; estimated duration ranges from 100 -10,000 years, to

1,000 - 100,000 years (Berner, 1992).

• Environment HI: portlandite is almost all leached away; solubility of CSH

phases controls pH which decreases as the CSH phases dissolve; ionic

strength relatively low; final stage in evolution of this environment will

resemble that of the surrounding environment.

Bradbury and Sarott (1995) provide recommended Kd values for each of the above

environments under oxidising and reducing conditions. These recommendations are shown in

Table 2.2.

Note that Bradbury and Sarott (1995) adopt a special treatment for inorganic carbon (as

CO3
2) to reflect the influence of isotope exchange on the removal of carbon from solution.

For this reason, an effective sorption parameter is calculated for this radioelement, given by the

following equation:

«f-f [2.1]

where Z is the quantity of inactive CO3
2" contained originally in cement and S is the solubility

limit for CaCO3 in the pore water solution. It is interesting to note that a typical calculation

using real data of Bayliss et al. (1988) yielded an effective Rd of about 70 m3/kg, while the

measured parameter was about 10 m3/kg.

In the update to the 1995 report, Bradbury and Van Loon (1998) took account of the limited

additional experimental sorption data available. Again, the lack of a good mechanistic

understanding of sorption processes at high pH was emphasised. A few changes to the 1995

recommendations were provided, based on additional data, and these are also included in Table

2.2.
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Table 2.2: Recommended Kd Values for cementitious systems (from Bradbury and Sarott,

1995; Bradbury and Van Loon (1998)*.

Element

H(HTO)

C(CO3
2-)

Cl [95]

Cl [97]
Mn
Ni
Se [95]
Se [97]
Sr
Zr
Nb [95]
Nb [97]
Mo [95]
Mo [97]
Tc
Pd

Ag
Sn
I [95]
I [97]
Cs
Pb
Ra
Th
Pa
U
Np
Pu
Am [95]
Am [97]
Cm [95]
Cm r971

State of Cement Degradation/Evolution

Reg

Oxidising

0

2-10"'

510 '
10'
10'
10^
0

10'
5

510'
1

10'
0

10'
10*

1
2-10'
210 '
10 '

510 '
510 '

5
5
2
5
5
5
5
1
5
1

on I

Reducing

0

2- 1(T'

5 1 0 '
Iff1

IO-1

10^
0

10 '
5

5-lff1

1
1
0
1

10 '
1

210'
210'
1 0 '

5-lff1

510'
5
5
5
5
5
5
5
1
5
1

Regii

Oxidising

0

"reated diff

2-10'

5 1 0 '
IO-1

Iff1

lO"4

0
10 '
5

5-lff1

1
103

0
10 '
Iff*

1
2 1 0 '
2 1 0 '
1 0 '

5-lff1

5 1 0 '
5
5
2
5
5
5
5
1
5
1

>n II

Reducing

0

erently **

210 '

510 '
Iff1

10'
10"4

0
10'
5

5-lff1

1
1
0
1

10 '
1

210 '
210"2

102

510 '
510 '

5
5
5
5
5
5
5
1
5
1

Regie

Oxidising

0

210'3

5-Iff4

10 '
1 0 '
0
0

10 '
1

5 1 0 '
10 '
0
0
0

Iff3

Iff1

0
2-10'
10 '

5 1 0 '
5 1 0 '

1
Iff1

Iff1

Iff1

1
1
1

2-Iff1

1
2-Iff1

n III

Reducing

0

2-Iff3

510^
10 '
Iff2

0
0

10 '
1

5 1 0 '
101

Iff1

0
101

10^
101

0
2 1 0 '
10 '

5-10'
5 1 0 '

1
1
1
1
1
1
1

2-Iff1

1
2-Iff1

*: [95] = Bradbury and Sarott (1995); [97] = Bradbury and Van Loon (1998).

**: scoping calculations adopting the Bradbury and Sarott (1995) approach indicate that, if one
(i.e. constant) Kj were to be selected, a Kj value of 0.1 m3/kg would be conservative (see
also discussion under Carbon in Section 2.3).
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The Influence of Aggregate Material

Bradbury and Van Loon (1998) examined the possible effect of certain additives on

radionuclide sorption, in particular limestone/calcite and sand (quartz). These authors firstly

note the lack of experimental data for such materials under repository conditions, so offer

some comments on specific additives as a basis for identifying the need for additional

experimental work. Essentially, the presence of quartz is not expected to affect the extent of

sorption where hardened cement paste is the dominant sorbing phase. In addition, since those

elements that sorb strongly on limestone/calcite, e.g. trivalent and tetravalent actinides, also

sorb strongly on hardened cement paste, the presence of either of these materials again will

not influence significantly the extent of sorption.

Bradbury and Sarott (1995) note the lack of experimental sorption measurements on aged, or

weathered cements (apart from the conclusion of Allard [1985]). Accordingly, these

researchers assigned Kd values for Environment III that are a factor of 10 lower than those of

Environment I. Nevertheless, an experimental programme to address radionuclide sorption on

various cement phases is recommended to support (or otherwise) such recommendations.

2.2.2 Krupka and Serne (1998)

Krupka and Serne (1998) have adopted the same approach as Bradbury and Sarott (1995) in

providing Kd values for the three different stages in evolution (Environments I-III) of cement

phases. The resultant Kd values are provided in Table 23. In general, there are only slight

(less than an order of magnitude) differences between the databases of Krupka and Serne

(1998) and Bradbury and Van Loon (1998). The only exception to this observation is for Tc

under oxidising conditions; Krupka and Serne (1998) favour a Kd value of 0 mVkg whereas

Bradbury and Van Loon (1998) recommend a K,, value of 10"3 m3/kg.

In assigning Kd values to different elements, Krupka and Seme (1998) identified three

categories with respect to sorption on cement paste, viz.

• elements which strongly sorb: actinides, lanthanides, transition metals,

inorganic carbon;

• elements which sorb moderately: Ra, Sr, I, Tc;

• elements which do not sorb significantly: Cl, and Cs.
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Table 2.3: Recommended distribution coefficients for elements in cementitious systems (from
Krupka and Serne, 1998).

Radio

element

Am

C

Cl

I
Lanthanides

Ni
Nb
Np
Pu
Ra
Sr
Tc
Th
U

Recommended Kd

Environment I

Oxidising

5
0.5

0.005

0.01

5

0.1

1

2

5

0.1

0.001

0

5
1

Reducing

5

0.5

0.005

0.01

5

0.1

1

5

5

0.1

0.001

1
5
2

Value

Environment II
Oxidising

5
0.1

0.001

0.005

5

0.1

1

2

5

0.1

0.003

0

5
1

Reducing

5
0.1

0.001

0.005

5

0.1

1

5

5

0.1

0.003

1

5
2

(m3/kg)*

Environment i n

Oxidising

0.5

0.01

0

0.001

0.5

0.01

0.1

0.2

0.5

0.1

0.003

0

0.5
0.1

Reducing

0.5
0.01

0

0.001

0.5

0.01

0.1

0.5

0.5

0.1

0.003

0.1

0.5
0.2

*: intended as equilibrium values, i.e. adequate time has elapsed to allow radioelements to diffuse into all

available internal surfaces.

2.3 Sorption on cementitious materials: relevant
experimental data by element

Carbon

The sorption of carbon requires special treatment as the retention of carbon (CO3
2) on cement

appears to be directly linked to the precipitation of CaCO3 and/or isotopic exchange of C-14

in solution with C-12 in carbonate, calcite being a known and expected component of

cementitious systems. Allard et al. (1981) measured relatively high Rd values (~10 m3/kg) for

the sorption of carbon in cement systems, but acknowledged the possibility of precipitation.
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The 'sorption' of carbon on calcite was measured by Andersson et al. (1983) (R,, increasing

from 0.004 to 0.083 m3/kg over a 6-month period). Bayliss et al. (1988) also measured the

'sorption' of carbon in a cement/concrete system. Rd values were found to increase with time,

from about 0.1 m3/kg after < 10 days up to 10 m3/kg after about 100 days. Again, the

possibility of isotopic exchange exists for sorption experiments involving radioactive carbon.

This being the case, the concept of Kd under these circumstances is suspect as discussed by

Bradbury and Sarott (1995).

A number of other researchers (Seme et al., 1992; Dayal and Klein, 1988; Hietanen et al.,

1984) have shown that freshly hardened cement paste and concrete can remove large

quantities of inorganic carbon. R,, values quoted range from > 0.1 m3/kg to 10 m3/kg.

However, the mechanism proposed in these cases is precipitation of calcite (CaCO3).

In detailed experiments, Nishita et al. (1996) investigated the sorption of carbon-14 on raw

cement components as well as on hardened cement paste via batch sorption experiments

combined with zeta potential measurements. R,, values of 0.02 and 0.2 m3/kg were obtained

on MgO and CaO, respectively.

These researchers identified two interactions:

• adsorption of negatively-charged CO3
2" at positive sites on the cement created

by interaction of Ca2+ with surface SiO" sites;

• precipitation of CaCO3.

Nishita et al. (1996) were able to distinguish between the above two reactions mechanistically

and, based on an observed Langmuir isotherm for this radioelement, concluded that adsorption

was occurring. These researchers derived a K,, for adsorption of about 2 m3/kg. Sorption

was also shown to be enhanced when the CaO/SiO2 ratio was > 0.2 mol/1 per mol SiO2. This

enhancement occurs because (CO3
2) is adsorbed on sites generated by the reaction products

between CaO and SiO2. By adding excess SiO2, Nishita et al. (op.cit.) were able to increase

Kd from 2 to 6 m3/kg. The possibility of isotopic exchange with CaCO3 of carbon-14 was not

discussed by the authors.

Halides (Cl, I)

The normal approach to chloride is to treat it as a conservative tracer, i.e. as chemically

unreactive and, therefore, no sorption and a Kd value of zero. Sarott et al. (1992) carried out
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diffusion experiments using chloride and derived an R,, value of 0.025 m3/kg for chloride

concentrations in the range 3xlO'7 to 3xl0'5 M. Kato and Yanase (1993) obtained an Rd value

of 0.0008 m3/kg for the sorption of chloride on cement powder.

A reasonable number of measurements have been carried out on the sorption of iodide in

cementitious systems, 1-129 being a key waste radionuclide. Studies have shown that some,

slight but significant sorpion of iodide occurs at high pH on cement paste (Allard et al., 1984;

Andersson et al., 1983; Atkins and Glasser, 1990; Atkinson and Nickerson, 1988; Heath et al.,

1996; Hietanen and Alaluusua, 1984; Liu and von Gunten, 1988). Allard et al. (1984)

obtained Rj values ranging from 0.025 to 0.13 m3/kg for sorption on different concretes

(using quartz sand ballast). Atkinson and Nickerson (1988) consider that iodide is sorbed by

CSH phases rather than by ballast. Hietanen et al. (1984) obtained Rd values of 0.0025 and

0.0077 m3/kg for sorption on crushed concrete and solutions representative of fresh and aged

cement pore waters.

Holland and Lee (1992) carried out a study of sorption of iodine on cementitious wasteforms

for the UKDoE and demonstrated small, but significant sorption. Kd values ranged from

0.0090 to 0.14 m3/kg, the greatest sorption occurring on sulphate-resistant Portland cement

and OPC clinker. Experiments performed by Grutzeck and coworkers (Brown et al., 1985;

Grutzeck et al., 1984; Grutzeck et al., 1985) indicated that two calcium sulpho-aluminate

phases, mono-sulphate and tri-sulphate, in Portland cement, can incorporate iodide. The

mechanisms proposed was substitution for hydroxyl groups. Subsequently, Atkins and

Glasser (1990) established from their experiments that the mono-sulphate phase was the best

scavenger for iodine.

Liu and von Gunten (1988) discuss possible mechanisms for the sorption of iodide on

different minerals/rocks and identify the full range of sorption mechanisms: electrostatic

attraction, ion-exchange, physical adsorption, chemisorption and substitution into crystal

lattices. Most sorption measurements discussed, however, involved sorption on

minerals/rocks with pH no greater than 9. From the various mechanisms identified,

chemisorption and substitution seem the most likely in terms of sorption on cement phases,

though this has yet to be confirmed by detailed experimental work.

In summary, the experimental evidence suggests some small, but significant, sorption of

iodide on cement phases.
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Nickel

Pilkington and Stone (1990) measured the sorption of Ni on cement and obtained Rd values in

the range 0.5 to 1 m3/kg. However, problems were experienced with sorption on walls of

containers and filtration. Based on their experimental data, Pilkington and Stone (1990)

conservatively selected 0.1 m3/kg as a best estimate of Kd. Hietanen et al. (1984) report R,,

values in the range 0.5 to 3 m3/kg for sorption on crushed concrete. Kato and Yanase (1993)

quote an Rd value of 1.5 m3/kg.

Selenium

No experimental data are available for the sorption of selenium.

Alkaline Earth Metals (Sr, Ra)

Strontium is also expected to exhibit low sorption, ion exchange being the dominant sorption

mechanism. Ewart et al. (1985) report Rd values in the range 0.001 to 0.004 m3/kg for

hardened cement paste and concrete. Atkinson and Nickerson (1988) performed a series of

batch sorption and diffusion experiments, which yielded a best estimate in the range 0.003 to

0.006 m3/kg. During the first stages of the cementitious system, calcium will be present in the

pore waters, buffered by portlandite, and is expected to compete with strontium for sorption

sites, resulting in relatively low Rj values.

Bayliss et al. (1989) obtained significant sorption for radium on hardened sulphate-resistant

cement paste, obtaining Rj values in the range 0.05 to 0.5 m3/kg. The sorption behaviour of

radium is similar to that of strontium, although previous measurements have shown the trend

that Rd values of radium tend to be higher than for strontium (Stenhouse, 1995). Bayliss et al.

(1989) and Berry et al. (1991) mention the possibility of a concentration dependence of

sorption, measuring Rj values of about 0.05 m3/kg for radium concentrations of 10"7 to 10"8

M sulphate-resistant cement; corresponding values for blast furnace slag were between 0.9

and 1.5m3/kg.

Zirconium

No data are available for the sorption of Zr in cementitious or high pH systems.

Niobium

Pilkington and Stone (1990) measured the sorption of niobium on cementitious material and

obtained an Rj value in the range 0.5 to 80 m3/kg. However, phase separation problems were

encountered during the measurements, raising questions about the higher values quoted.
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Molydenum
No direct information or experimental data on Kd values have been found for Mo(VI). Given

this lack of data, Cr(VI) may be used as a chemical analogue and sorption measurements on

cement phases suggest some slight sorption, K̂  values at pH>9 being around 0.01 m3/kg

(Kindess et al., 1994; Weng et al., 1996). In the presence of blast furnace slag, Cr(VI) may

be reduced to Cr(III) resulting in significant sorption, K# values being 0.2 m3/kg or even

higher (Kindess et al., 1994). Since anion exchange of CrO4
2" is not expected to be

significant at high pH, substitution of oxyanions (CrO4
2* for SO4

2") may be occurring.

Technetium
Allard et al. (1985) measured the sorption of technetium on cement under oxidising

conditions and obtained values of Rd in the range 0.001 to 0.01 m3/kg. Bayliss et al. (1992)

quote Rj values in the range 1 to 5 m3/kg for the sorption of technetium in a reducing

environment (cement-equilibrated water) and both saline and non-saline conditions.

Palladium
No experimental data are available for the sorption of palladium.

Tin

Bayliss et al. (1989) measured the sorption of tin on cementitious material and obtained

evidence of strong sorption, Rd values being in the range 0.5 m3/kg to 62 m3/kg, depending on

phase separation technique.

Caesium
Since caesium sorbs predominantly by ion exchange, little sorption is expected at high pH

values. Sarott et al. (1992) derived R,, values around 0.003 m3/kg from diffusion experiments

on hardened cement paste. Atkinson et al. (1984) obtained a similar value for hardened

sulphate-resistant cement paste. Ewart et al. (1985) quote a measured value of about 0.0002

rrrVkg. Andersson et al. (1983), Hietanen et al. (1984) and Ewart et al. (1985) attribute the

sorption of caesium to the material added to the concrete, rather than to cement paste itself.

Caesium is also known to exhibit sorption dependence on concentration, particularly at

concentrations > 10'7 M.

Lead
Bayliss et al. (1988) measured the sorption of lead on cementitious materials and noted that

lead sorption is concentration dependent. Colloidal material also interfered with the phase
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separation. At a Pb concentration of 10"5 M, Rd values reached > 1 mVkg on two different

types of cement after about 100 days.

Lanthanides

Kato and Yanase (1993) measured the sorption of europium on cement powder over a short

contact period. The R,, measured was 2.4 m3/kg.

Actinides (Th, Pa, U, Np, Pu, Am, Cm)

With some exceptions (Pa, U, Cm), there is a good base of experimental data, from sorption

and diffusion experiments, to indicate strong sorption for most of these actinides, with Rj

values at least 1 m3/kg (Allard et al., 1984; Allard and Andersson, 1987; Allard et al., 1991;

Atkinson et al., 1988; Bayliss et al., 1992; Ewart and Tasker, 1987; Ewart et al., 1988, Ewart et

al., 1991). Thus, Allard et al. (1984) recommend a Kd value of 5 m3/kg for Th, Np, Pu and

Am. Limited results are available for U.

Allard et al. (1984) quote Rd values for the sorption of Np on cement and concrete between

1.5 m3/kg and 9.5 m3/kg. For thorium and uranium (U[VI]), the corresponding ranges were

2.5 to 5.5 nrVkg and 0.35 to 13 m3/kg, respectively.

Jakubick et al. (1987) quote R,j values for sorption of Pu on concrete slabs, ranging from 0.39

to 17 mVkg. Plutonium was shown to sorb preferentially on CSH phases than on carbonate

or aggregate used. Allard et al. (1984) quote a range between 1 and 12 mVkg for the sorption

of plutonium on seven different concretes.

Ewart et al. (1988) obtained Rd values > 10 m3/kg for the sorption of Am on cements. Bayliss

et al. (1992) obtained an Rj value of about 12 m3/kg based on a diffusion experiment using a

cement disk. Kato and Yanase (1993) quote a value of 2 m3/kg for the sorption of Am on

cement powder.

Berry et al. (1988) measured strong sorption for Pa, values ranging from 0.1 to > 30 m3/kg

although problems were experienced with sorption on walls of containers and filtration,

suggesting the presence of colloidal phases.

No data are available for the sorption of Cm in cementitious or high pH systems.
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23.1 Input from natural analogues: Maqarin

Only qualitative data relating to sorption in a cementitious environment are available from the

Maqarin natural analogue study (Smellie, 1998), and only for a few elements, viz.

• Uranium: notable sinks include portlandite, calcite, ettringite, thaumasite and

ferric oxyhydroxides.

• Radium and Tin: associated with secondary C-S-H and C-A-S-H phases.

• Selenium: notable sink is a solid solution with ettringite as well as

reprecipitation in sulphides and selenides.

• Nickel: notable sinks include thaumasite, ettringite, and calcite.
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2.4 Best estimates for Kd values for sorption on
cementitious materials

It is clear that essentially all the sorption data obtained experimentally involve fresh hardened

cement paste as solid phase and, therefore, are relevant to the initial stage of cement evolution.

With respect to the three 'Environments' identified by Bradbury and Sarott (1995), there are

no data relevant to Environment III (Table 2.2), when CSH phases are dissolving, the Ca:Si

ratio is decreasing, and the pH is also decreasing. Thus, the Kd values recommended by

Bradbury and Sarott (1995) can be regarded as more typical of natural (pH~8-9) rock-water

systems in which a low-sorbing mineral such as quartz predominates. Such an approach

seems suitably conservative and appropriate.

Although Environments I and II represent distinct stages in the evolution of cementitious

materials, it is debatable whether sets of Kj values are justified for each of these stages. In

both cases, the pH is high (^12.5), the ionic strength of porewaters is < ~ 0.1, and the Ca2+

concentration remains high.

The recommendations provided in Table 2.4 are based as much as possible on the

experimental data discussed in Section 2.3 and the trends shown in Figure 2.1. Estimates

have been provided at the lower end of any range of values quoted, thereby maintaining a

reasonable degree of caution. Where necessary, analogous chemical behaviour has been

invoked to complete the table. The values in Table 2.4 apply to cementitious systems without

the presence of organic complexants.

2.5 Sorption of radioelements on corrosion products of
canister

The possibility exists, where carbon steel containers are used to package radioactive waste, to

take credit for the sorption of radionuclides on corrosion products. Typically, the conservative

approach has been to ignore any retardation for transport across this 'barrier', but the

implications of such sorption can at least be evaluated by comparison of the performance of

the EBS with and without corrosion products as one medium for retardation.
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Table 2.4: Best estimate Kd values for sorption on cement/concrete under reducing

conditions and without waste-derived organic complexants present.

Element

C

a
Ni

Se

Sr

Zr

Nb

Mo (VI)

Mo (III)

Tc(IV)

Pd

Sn

Best Estimate Kd Value

(m3/kg)

Stages I/II

0.5

0.001

0.1

0

0.005

5

0.5

0.01

0.2

1*

0.5

0.5

Stage III

0.01

0

0.01

0

0.005

1

0.1

0

0.2

1

0.1

0.1

Element

Cs

I

Ra

Pb

Ac

Th

Pa

U(IV)

Np (IV)

Pu

Am

Cm

Best Estimate Kd Value

(m3/kg)

Stages I/II

0.001

0.02

0.05

0.5

5

5

0.5

5

5

5

5

5

Stage III

0.005

0.001

0.05

0.1

1

1

0.1

1

1

1

1

1

*: conservatively low; a value of 5 m3/kg is justified based on analogous behaviour with Th.

2.5.1 Nature of the solid phase

Initially in the repository environent, corrosion of iron containers will probably occur under

both oxidising and unsaturated conditions, and a mixture of oxides/hydroxides/

oxyhydroxides of iron will be formed. However, given the limited supply of oxygen available,

conditions will soon become anaerobic and, under saturated conditions, the iron will continue

to corrode, viz.

2Fe + 2H2O - > 2Fe(OH)2 + K,
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In the local environment around canisters, the above reaction will generate highly reducing

conditions, such that Fe(OH)2 initially, and ultimately the more thermodynamically stable

magnetite (Fe3O4), will be the expected products from canister corrosion (see Figure 2.3).

Naish et al. (1990) were able to confirm that Fe3O4 was the dominant corrosion product from

the corrosion of carbon steel under anaerobic conditions.

On the other hand, Gdowski and Estill (1996) studied the corrosion of carbon steel in humid,

oxidising conditions, representative of the initial post-closure conditions in the SFR

repository. Their results indicate that the major products of aqueous electrochemical

corrosion consist of an inner oxide of Fe3O4 and an outer oxide of a powdery Fe2O3 and/or

Fe2O3.H2O. In this case, iron oxides, principally FegC^ and Fe2O3, are expected to dominate

the corrosion products formed during degradation of a carbon steel canister. Of these, Fe3O4

has a narrow band of stability but should be formed preferentially (Shoesmith et al., 1997).

In the presence of an abundant supply of oxygen, iron would be expected to exist in a more

oxidised form, as Fe2O3 or FeOOH or Fe(OH)3, depending on saturation conditions. Thus,

clearly a mixture of iron oxides/hydroxides/oxyhydroxides will exist as a result of the

corrosion of steel canisters.

Iron oxides, oxyhydroxides or hydrous iron oxides, in a variety of crystalline and amorphous

forms, exhibit a strong capacity to sorb most cations for which surface complexation is the

principal sorption mechanism, particularly above a neutral pH. Above the point of zero charge

(pzc) for minerals, the net charge on surfaces is negative, favouring the electrostatic attraction

and subsequent sorption of cations. The extent of this effect rises sharply with pH, thereby

generating the so-called 'adsorption edge'. Typical data reveal a pH-adsorption edge in

which the quantity of trace element removed increases substantially over an approximate two

pH unit interval (Forbes et al., 1976). The pzc for goethite is 7.6 to 8.1, hematite 6.5 to 8.6,

and lepidocrocite 7.8 to 8.6 (Parks and DeBruyn, 1962).
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Figure 2.3: Eh-pH diagram for the system Fe-O2-CO2-H2O (from Langmuir, 1997b).

Note: The diagram is based on a total dissolved carbonate concentration of 1&3 mollkg,

and total dissolved iron of Iff3 mollkg at aqueous/solid boundaries. The position of the

aqueous/solid boundaries for amorphous Fe(OH)3 with KSP = 1037A (pK = 37.1) and

goethite with KSP = Iff442 (pK - 44.2) are also shown. The diagram indicates that

magnetite (Fe3O4) andsiderite (FeCO3) are metastable in the presence of goethite.

2.5.2 Sorption on corrosion products of iron: relevant experimental data

by element

Individual elements are discussed here, the emphasis being on experimental data to support

recommended Kd values. Recommendations are provided in Table 2.5.

Carbon
It is assumed that carbon will exist in solution in the form of HCO3/CO3

2' anions. There is

some evidence of the sorption of carbonate species on iron oxides via formation of surface
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carboxylic groups FeOCOO" (Fujita and Tsukamoto, 1997). However, in the absence of

sorption data involving iron (hydr)oxides, no sorption is attributed to carbon.

Halides (Cl, I)

The halides Cl and I will exist as anions. Consequently, negligible sorption on corrosion

products is expected. A positive but low value was obtained by Fuhrmann et al. (1998) who

detected the sorption of iodine in several minerals including magnetite and goethite, although

the oxidised form of iodine (IO3) was the sorbing species. Kaplan et al. (1999) also report

small but significant sorption of iodide on goethite (Rd 0.00007 m3/kg).

Nickel

Sorption on iron oxides is expected to be high, with surface complexation the dominant

sorption mechanism. Dzombak and Morel (1990) applied a surface complexation model to

their experimental data yielding a good match between prediction and experiment The extent

of sorption increased from zero at pH 5.5 to 100 % at pH 8.5.

Selenium

The most probable species expected in groundwaters are selenite (SeO3
2) or HSeO3" under

both oxidising conditions and reducing conditions with high pH. Parfitt and Russell (1977)

observed 'significant' sorption of this element on iron oxide surfaces, although no Kj values

were quoted. Balistrieri and Chao (1987) measured a decrease in sorption on goethite with

increasing pH, the sorption edge (sharp decrease) being in the pH range 8-10, subsequently

confirmed by Hiemstra and van Riemsdijk (1999). Specific sorption of oxyanions such as

arsenate (AsO4
3) and selenite, has been observed on metal ions which are hard Lewis acids,

such as FeOOH (Schindler, 1981). In such cases, surface hydroxyls are replaced by bonds

with oxygen atoms from the oxyanions. Panda et al. (1997) measured sorption of selenite on

different iron hydroxides, with derived Kd values at pH 8-9 ranging from 0.2 to 1 nrVkg.

Fujikawa and Fukui (1997) obtained lower Kd values of about 0.005 m3/kg and 0.02 m3/kg

for sorption on hematite and magnetite, respectively (pH ~ 7,0.0IN Na-HCO3 solution).

Thus, a small, but significant Kd value is attributed to selenium.

Alkaline-earth metals (Sr, Ra)

Both strontium and radium will exist in groundwaters as cations and with cation exchange the

sorption mechanism, the extent of sorption will be influenced by the concentrations of other

competing cations, particularly Ca2+. Dzombak and Morel (1990) successfully applied

surface complexation modelling to the sorption of Sr onto iron oxide, sorption increasing
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from zero at about pH 5.5 to 100 % at pH 9.0. Fujikawa and Fukui (1997) obtained Kd

values of about 0.2 m3/kg and 0.1 m3/kg for sorption of Sr on hematite and magnetite,

respectively (pH ~ 7,0.01N Na-HCO3 solution). Note that uncertainties associated with

measurements of 100 % sorption are high. In addition, any hydrolysis of Sr at high pH would

act to reduce the extent of sorption. Ames et al. (1983) report Rd values for Ra on amorphous

ferric hydroxide of > 20 rnVkg and 1.1 mVkg at 25 °C and 60 °C, respectively.

Zirconium

Zirconium exists in aqueous solutions in the +4 oxidation state. Above pH 6.3, the anion

Zr(OH)3' is expected to dominate, and a resultant decrease in sorption might be expected

where ion exchange is the dominant mechanism (Salter et al., 1981). However, given that Zr is

prone to hydrolysis, surface complexation (at high pH) would result in significant sorption.

Niobium

The aqueous chemistry of niobium is essentially confined to the +5 oxidation state. Although

few experimental sorption measurements are available for this element, comparisons are often

drawn between niobium and zirconium, based on similar chemical behaviour.

Technetium

This element exhibits redox-sensitive chemical behaviour, particularly the extent of sorption.

Sorption of the reduced form of the element, Tc(FV), is orders of magnitude stronger than that

of the oxidised form, Tc(VII), which exists as an anion in groundwaters. Several studies have

suggested that in the presence of Fe2+ in the solid phase, Tc(VII) is reduced to Tc(IV) leading

to increased sorption. This latter observation is taken as justification for assuming strong

sorption of this element.

Palladium

The aqueous chemistry of palladium is almost exclusively that of complex ions/compounds.

Few sorption data are available for this element and none for sorption on iron (hydr)oxides.

Tin

Tin (II) species are expected to dominate under reducing conditions. For surface

complexation on iron oxyhydroxides, Baston et al. (1990) obtained maximum sorption

between pH 8 and 9, most Rd values being > 1 m3/kg.
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Caesium

Similar to strontium and radium, caesium will exist as a cation, with no tendency to hydrolyse.

Sorption will occur by ion exchange and the experimental evidence indicates that this element

does not have an affinity for iron oxyhydroxides (Bloodworth and Morgan, 1989). Atkinson

and Nickerson (1988) found that in cementitious systems, Cs interacted less strongly with

cement than Sr. Marmier et al. (1999) observed little (< 10 %) sorption of Cs on magnetite in

the pH range 7-8 (maximum Kd value ~ 0.004 m3/kg).

Lead

The chemistry of tin and lead are similar (both elements in Group IVA), with a tendency to

form ion pairs, e.g. PbSO4, PbCO3. Hayes and Leckie (1986) studied the sorption of Pb2+ on

goethite and, based on the results obtained, modelled the sorption successfully as a

bimolecular adsorption/desorption reaction. Their graphical data indicates 100 % sorption at

pH S 6.5, equivalent to an Rj of 1.6 m3/kg. Tripathi et al. (1993) measured the sorption of

lead on goethite and obtained close to 100 % sorption at about pH 7. An Rd value of at least

10 m3/kg is implied by their results.

Lanthanides

Lanthanides, characterised by the 3+ oxidation state, show similar chemical behaviour to that

of the actinides actinium and americium. As one example of a lanthanide element, Fujita and

Tsukamoto (1997) examined the sorption of europium onto iron oxides goethite and

magnetite with and without the presence of carbonate. In this case, the presence of carbonate

enhanced the sorption of europium. These researchers attribute the increased sorption to the

existence of a surface carboxylic group FeOCOOO" which acts as a sorption site for cations

such as Eu3+. Experimental Rd values for europium sorption on both goethite and magnetite

were in the range 0.1 to 1000 m3/kg, values in the pH range 9 to 11 (highest value) being

around 100 m3/kg.

Actinium

The extent of sorption of this element is expected to be similar to that of the lanthanides. Few

sorption data are available for actinium and none for sorption on iron (hydr)oxides.

Thorium

Thorium generally exhibits strong sorption on a variety of substrates and, although

experimental data are lacking, would be expected to show similar behaviour for iron oxides.
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Protactinium

This element is expected to exists in the 5+ oxidation state as oxy-, hydroxy- and aqua ions in

aqueous solutions. In this respect, Np(V) might be considered a suitable chemical analogue.

On the other hand, protactinium has a strong tendency to hydrolyse, forming colloidal

hydroxo-species. Existing sorption data (none available for iron oxides) suggest significant

sorption, in the range 1 to 1000 m3/kg.

Uranium

Uranium exhibits redox-sensitive chemical behaviour. Carbonate is a key complexant for

uranium and complexes with U(VI). Milton and Brown (1987) obtained significant sorption

of uranium on limonite (amorphous iron oxide: 0.8/0.9 m3/kg after one week, increasing to

2.5 m3/kg to 9 m3/kg after more than one year), at pH 8.3 to 8.5.

Neptunium

The oxidation state of neptunium will impact significantly the extent of sorption of this

element, significantly greater sorption being observed for Np(IV). Np(IV) will be dominant

species under reducing conditions, with similar chemical behaviour to Th. Most sorption data,

however, have been collected using Np(V). Bradbury and Baeyens (1991) successfully

modelled the sorption of Np(V) on mineral oxide surfaces as a surface complexation reaction.

In keeping with this mechanism, sorption was low below pH 7 but increased rapidly above pH

7.5.

There is some experimental evidence to suggest that the sorption of neptunium on Fe(II)-

containing minerals is greater than expected owing to the reduction of Np(V) to Np(IV) (Beall

et al., 1980). On the other hand, Nakayama and Sakamoto (1990) investigated the sorption of

neptunium on naturally occurring iron minerals including hematite, magnetite and goethite,

and did not observe this effect These researchers observed a difference in sorption behaviour

of these minerals, specifically a difference in pH dependency between goethite and the other

minerals. Significantly more sorption was obtained on goethite over the pH range 6 to 8

(estimated Rd at pH 7 = 1 m3/kg). A similar trend was also observed for lepidocrocite, another

oxyhydroxide of iron. Nakayama and Sakamoto (1990) concluded that sorption occurred

mainly via positively-charged Np(V) species.
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2.5.3 Best estimates for Kd values for sorption on corrosion products

Clearly, from the above discussion, few experimental data are available that are relevant to

sorption on corrosion products. At best, sorption data involving iron (hydr)oxides have been

cited. Based on these limited data and on analogous chemical behaviour where appropriate,

Kd values have been estimated as shown in Table 2.5. In most cases, the Kd values should be

the same, if not greater than, corresponding best estimates for sorption on cementitious

materials. We consider the estimates to err on the conservative side, i.e. underestimate the

extent of sorption.

Table 2.5: Recommended Kd values for sorption on canister corrosion products.

Element

C

Cl

Ni

Se

Sr

Zr
Nb

Tc(IV)
Pd

Sn

Cs

I

Best Estimate Kd

Value (m3/kg)

0

0

0.5

0.05
0.05

1

1

1

0.5

1

0.005
0

Element

Ra

Pb

Ac

Th
Pa

U(IV)
Np (IV)

Pu

Am

Cm

Best Estimate Kd Value

(m3/kg)

0.5

1

10

10

1

1

1

10

10

10
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2.6 Surface complexation modelling

Owing to the empirical nature of Kds, especially when applied to rock-groundwater systems,

there has been strong interest in developing a more rigorous approach to sorption, with a solid

theoretical basis. Thus, various model treatments of sorption have been developed over the

past 20 years or so. Of these, a class of models which has been used successfully in

modelling pH-dependent sorption, is the electrostatic surface complexation model (SCM).

Rocks comprise minerals, many of which consist of metal-oxygen bonds. For such

compounds, the metals in the surface layer have a reduced coordination, thereby behaving as

Lewis acids. In the presence of water, these surface metal ions may first coordinate with HjO

molecules, which eventually leads to a surface layer of hydroxyl groups attached to the metal.

SCMs are based on the assumption that complexes with amphoteric binding sites form at the

mineral-water interface in a similar way to aqueous complex formation in the bulk solution.

Surface reactions are written for the sorbing species, and mass action and mass balance

relations for the surface reactions and bulk aqueous system are used to determine sorption at

the mineral surface. The formation of charged surface sites from neutral sites is described by

protonation/de-protonation reactions of surface hydroxyl groups, viz.

SOH+ H *> SO% (protonation, KH) [2.2]

SOH + OH' «> SO' + H2O (de-protonation, KOH) [2.3]

where S represents a surface metal. Reactions (2.2) and (23) show the pH dependence of

surface charge formation. Reaction constants KH and KoH are normally obtained from curve

fitting acid-base titration data.

Typical surface adsorption reactions can be represented by the following equations:

SOH + A£ =SO-M + H+S [2.4]

SOH +% +A; = SOH, - A [2.5]

where SOH represents a surface hydroxyl group, M is a cation and A an anion; the subscript s

denotes a surface species (Stumm and Morgan, 1981). A surface species may be regarded as

having expended energy in overcoming repulsive electrostatic forces to move to the surface of

the solid but which has not yet interacted chemically with the solid phase.
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Equilibrium constants for the above reactions are:

jSO-M}{H,}
K =

JSOH.AL
A {SOH}{HS}{AS}

where the notation "{}" denotes activities. Note that the surface complexation constants are

written in terms of neutral surface sites (SOH) and thus depend on KH and KoH.

Activity estimations are necessary to compensate for the effects of surface charge. In the

electrostatic approach, coulombic terms are incorporated in the mass action expressions for

surface reactions of the type given above. Thus, the concentration of any surface species [Xs]

is directly related to the bulk concentration of that species in solution [Xgoiutio J via t n e

Boltzmann distribution equation:

[*,] = [*^*Jexp(-FV> / RT) [2.8]

Parameter exp(-Fty/RT) is the Boltzmann factor where ty is the electrostatic potential (volts), z

is the charge on the ion, F is the Faraday constant (J/voltequivalent), R is the universal gas

constant (J/K.mole) and Tis absolute temperature (K).

The charge on the surface can be calculated from the concentrations of the surface species.

Considering only protonated and de-protonated surface sites, the surface charge density, o, is

given by:

F([SOHn-[SO-])

s.xs
 l29J

where S is the specific surface area and Xs the 'concentration of the solid' (moles of sorbant

per litre of solution). The surface charge can be related to the potential by treating the planes

as parallel-plate capacitors (see Figure 2.4).

In terms of input data, the sorption site density (mol/1), SOH, and surface area of solid phase

are required as well as formation constants for sorbed species.
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Surface inner outer
Helmholtz region

Diffuse region

Figure 2.4: Schematic diagram of electrical double layer. The Helmholtz region includes
mineral site-bound and fully hydrated cations; the diffuse region consists of a loosely-held
atmosphere of counter ions.

2.6.1 Surface complexation - electrostatic models

Four different models have been used to describe the electrical double layer for the

surface/water interface (Westall and Hohl, 1980). These models are shown in Figure 2.5 and

are described below:

* Constant Capacitance Model: assumes that the adsorbed ions are located

on a single plane and are at the same potential. The surface potential is related

linearly to the charge, viz.

[2.10]
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Diffuse Layer Model: assumes a single adsorption surface. In this case,

adsorbed ions are distributed within a diffuse layer extending away from this

surface. The surface potential ty is related to the charge od via the Poisson-

Boltzmann equation (Gouy-Chapman electrical double layer theory):

od = j8eeoRTI sinh(F^ I2RT) [2.11]

where s is the relative dielectric permittivity, e 0 is the permittivity in a vacuum,

and / i s the ionic strength of solution.

Stern Model: strongly adsorbing ions are assumed to be situated on a plane

termed the inner Helmholtz plane (included in Figure 2.4). A diffuse layer of

weakly sorbing ions extends away from a second plane known as the outer

Helmholtz plane. The surface charge in this case is given by:

b o - V * ) [2.12]

The potential between inner and outer Helmholtz planes is constant, but

beyond the outer Helmholtz plane, the potential follows the Poisson-

Boltzmann relationship above.

Triple Layer Model: generally regarded as an extension of the Stern model,

this model specifies three planes (see Figures 2.4 and 2.5d). The capacitance

between inner and outer Helmholtz planes, C2, is included in the model as well

as the surface capacitance C r The relationship between the potential and

charge away from the surface is given by:

o ' o - W o - V ' i ) [2.13a]

- a , « C 2 ( y , - V * ) [2.13b]

oQ+ox-¥Od = 0 [2.13c]
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Figure 2.5: Schematic diagrams of surface complexation models (after Haworth and Smith,
1994).
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2.6.2 Comments on surface complexation approach

In general, the order in which the models are described above, reflects their increasing

complexity and corresponding increasing requirements for input data. The constant

capacitance model does not provide a full representation of adsorption. In particular, it

neglects the ionic strength of the aqueous phase. It is only adequate when insufficient data are

available for the more detailed models, or when only one value of ionic strength is under

consideration. Of the other models, the triple-layer and diffuse-layer models are most

commonly used when more data are available. Application of the diffuse-layer model, with its

two-layer representation of the mineral-water interface, avoids the need for the additional

surface complexation parameters associated with the Stern or Triple Layer surface

complexation models. Thus, to a large extent, the choice of model depends on the data

available to parameterise and validate the model.

Surface complexation models have been developed to describe quantitatively adsorption of

trace elements on hydrous oxide surfaces. Laboratory studies on pure metal (hydr)oxides,

e.g. amorphous iron (hydr)oxide (Dzombak and Morel, 1990) have shown that sorption

processes can be described successfully by surface complexation. Honeyman and Santschi

(1988) note, however, that in natural systems, not all parameters and reactions necessary to

characterise a detailed surface complexation model (Stern or triple-layer) are known or

available. Thus, sorption processes in natural systems are often modelled with an apparent

overall surface reaction.

In terms of cautionary comments concerning the application of SCMs:

• Most experimental studies of adsorption processes and mechanisms have

focused on pure single-mineral adsorbents, due to the ease with which such

systems can be characterised, monitored and interpreted. However, adsorbents

in natural systems are complex mixtures of a variety of minerals with

numerous complexes in the aqueous phase competing for sorption sites. In

this respect, the modelling is carried out on significantly simplified mineral-

water systems.

• Generally, some form of curve fitting of experimental data is required in order

to generate specific constants. This process can lead to large uncertainties in

estimates of equilibrium constants.

• Experimentally, potentiometric titration curves (used to derive reaction

constants KH and K^) depend, to some extent, on the titration rate, and care
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must be taken to allow the system to reach 'pseudo-equilibrium' after each

addition.

Despite the above drawbacks, significant advances have been made in model development and

input data compilation, and some notable successes in modelling sorption have been achieved

(Langmuir, 1997a). Thus, surface complexation models are now routinely incorporated in

geochemical codes such as MINTEQA2 (Allison et al., 1991), HYDRAQL (Papelis et al.,

1988), PHREEQC (Parkhurst, 1995) and HARPHRQ (Haworth and Smith, 1994).

2.6.3 Application of SCM to sorption on cementitious materials

Heath et al. (1996) proposed a model for the sorption of radioelements on cementitious

materials. This surface complexation model, based on the diffuse-layer approach, assumes

that silicon sites (>SiOH) and calcium sites (>CaOH) dominate the surface chemistry and

radionuclide sorption.

Cementitious systems vary considerably according to their Ca:Si molar ratio, and this variation

is reflected in the surface chemistry by allowing the sorption of calcium ions on silicon sites.

Such a process results in a change from a silica-type interface, at very low Ca:Si ratios, to a

calcium hydroxide type surface for high calcium cement-based materials. Both silicon and

calcium sites may, of course, undergo surface protonation and de-protonation reactions.

Heath et al. (1996) described the surface of cementitious material in terms of five surface

equilibria as shown in Table 2.6. Additional input data included values for the specific surface

area and surface site density of cement (200 m2/g and 10"6 mol/m3, respectively; general

literature values2). Model results were presented for the sorption of caesium and iodide on

CSH phases with varying Ca:Si ratio, and compared with experimental batch sorption

measurements (about 0.001 m3/kg and 0.1 m3/kg for caesium and iodide,

2 The surface properties of a mineral, and sorption in particular, increase in importance according to the
mineral's surface area (m2/g) and surface charge or site density (mol/m2 or mol/g), i.e. the number of charged
sites per unit area or weight (Langmuir, 1997, p.344). Other things being equal, these two parameters give an
estimate of the maximum sorption capacity of the mineral. Ideally, surface area and site density measurements
should be made on specific cement/concrete samples. See footnote on page 4 for a discussion of surface area
measurement. Measurement of surface site (hydroxyl) density normally involve determination of sorption
maxima for different cations and anions. Such sorption is strongly dependent on pH and the optimum pH at
which maximum sorption occurs will vary from one species to another. Experimental determinations of site
density vary by a factor of 2 or 3 (Dzombak and Morel, 1990). Surface hydroxyl densities may also be
determined on theoretical grounds, based on crystal structure.
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Table 2.6: Surface equilibria for cementitious materials (from Heath et al, 1996).

Surface equilibrium

( l )>SiOH+H + = >SiOH2
+

(2) >SiOH = >SiO- + H+

(3) >SiOH + Ca2* + H2O = >SiOCaOH + 2H+

(4) >SiOCaOH + H++ = >SiOCaOH2
+

(5) >SiOCaOH = >SiOCaO' + H+

Equilibrium Constant (log K"")

Xs(Ca) = 0

-2.8

-6.8

-17.0

8.3

-13.4

X^Ca) = 1

-2.8

-6.8

-15.1

12.6

-13.4

respectively. Equilibrium constants for the interaction of surface sites with Cs+ and I" were

obtained by curve fitting experimental sorption data. The predicted effects of radioelement

concentration and ionic strength were shown to agree reasonably well with the experimental

data.

Note that not all the input data in Table 2.6 were obtained directly from experiments. For

example, the equilibrium constants for reactions (3) and (4) were obtained by curve fitting

experimental data for calcium sorption onto silica. Additional, reasonable assumptions were

made by Heath et al. (1996) to reduce the number of sorption equilibria, viz.

• only major aqueous species are sorbed;

• ionic species sorb only on sites of opposite charge;

• neutral species sorb only on neutral sites.
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3 Influence of organics on radionuclide
sorption on cement

3.1 Inventory of organic materials for SFR-1 repository

Examination of the inventory of materials planned for the SFR-1 repository indicates a range

of organic materials:

• polypropylene;

• other plastics;

• cellulosic materials;

• rubber;

• ion exchange resins;

• bitumenised waste forms.

In addition to the above materials, the presence of small quantities of organic agents used to

decontaminate in-plant equipment, including primary system components, must be expected,

although the quantities will be relatively small. These decontamination agents, such as citric

acid, oxalic acid, ethylene-diamine-tetra-acetic acid (EDTA), operate by complexing with

(certain) radioelements, making them more soluble.

Of the above types, much research has been carried out on the degradation of cellulose and the

influence of the degradation products on the chemical behaviour of radioelements, which, for

some elements, has been shown to be significant in terms of both solubility and sorption

(Greenfield et al., 1991;Bastonetal., 1995).

3.2 Influence of degradation products of cellulose

Considerable research has been carried out, particularly by AEA Technology at Harwell, on

investigating the degradation of cellulose materials and the effect of the resultant degradation
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products on radioelement solubility and sorption. One of the main conclusions from this

research has been that the major degradation products are polyhydroxycarboxylic acids. In

particular, a degradation product with properties very similar to iso-saccharinic acid (ISA) is a

key complexant (Greenfield et al., 1991; Baston et al., 1995).

In their review of radionuclide sorption on cement and the effect of organics, Bradbury and

Sarott (1995) considered the possibility of sorption of ISA on cement These authors cite

indirect evidence for such sorption, based on the experimental work of Greenfield et al.

(1991). Specifically, the decrease in amount of complexing of ISA with Pu was interpreted in

terms of the sorption of ISA on cement.

Based on this assumption, Bradbury and Sarott (1995) estimated an R,, value of 1 m3/kg at an

ISA concentration of 10"5 M, but consider this value an underestimate. Bradbury and Sarott

(1995) also estimated the sorption capacity (i.e. the maximum amount of ISA which can be

sorbed on the cement) of the OPC/BFS cement to be ~10'2 mol/kg, obtained from the product

of Kd x equilibrium ISA concentration. Approaching the calculation of sorption capacity from

a different perspective, via surface area of cement (~80 m2/g; Rowan et al., 1988) combined

with a conservative estimate for site density of ~4xlO"6 mol/m2 (Davies and Kent, 1990).

These researchers obtain an alternative estimate of ~3.2xl0"! mol/kg. Given all the

assumptions/estimates above, however, the actual value was considered to be at least a factor of

two different. Thus, they assume a sorption capacity of ~10"' mol/kg, equivalent to about 30

% total site capacity.

Subsequently, Van Loon et al. (1997) provide some experimental data involving the sorption

of ISA on cement (CPA 55). The preliminary data (Bradbury and Van Loon, 1998) had

suggested a sorption isotherm as shown in Figure 3.1, with rapid adsorption of ISA occurring

over an initial concentration range of 10'5 to 10'2 M. This adsorption was also found to be

highly irreversible, the corresponding Langmuir isotherm equation being:

where [lSA]sorbed is the quantity of ISA sorbed on hardened cement paste, q the maximum

sorption capacity of ISA on hardened cement paste (mol/kg), K^ the sorption-affinity

parameter (1/mol), and (ISA)eq the aqueous equilibrium concentration of ISA (M).

In fact, the complete data set (Van Loon et al., 1997) indicated the existence of two types of

sorption sites corresponding to the following equation:
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0.20

0.010

Figure 3.1: Adsorption isotherm for ISA on hardened cement paste at pH 13.3 for different
equilibration times (from Bradbury and Van Loon, 1998). Note Ceq = [ISA]eq; equilibration
times: solid circles = 1 day; open circles = 7 days.

USA\orbed [3.2]

where the parameters are defined as in Equation 3.1, with subscripts' 1' and '2 ' referring to

the two types of sorption site. Values for Kt and K2 axe 1730 ± 3851/mol and 12 ± 41/mol,

respectively, and for qt and q2 0.1 ± 0.01 mol/kg and 0.17 ± 0.02 mol/kg, respectively. The

total adsorption capacity based on these latter values is 0.27 ± 0.02 mol/kg which compares

favourably with the estimate of 0.32 mol/kg obtained above (Bradbury and Sarott, 1995).

Van Loon et aL (1997) note that adsorption of ISA is inconsistent with electrostatic concepts

since there should be repulsion between the negatively-charged sites of cement and negatively-

charged ISA ions at pH 133. Thus, some form of specific interaction (e.g. ligand exchange)

is suggested which would overcome the repulsion forces. Nevertheless, Van Loon et al.

(1997) acknowledge that the underlying sorption mechanism is unknown.

Somewhat similar sorption behaviour was demonstrated experimentally for Na-gluconate, one

of the additives in cementitious materials. In this case, the equivalent Langmuir isotherm
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parameter values assuming a single type of sorption site were 33601/mol and 0.57 mol/kg for

K lu and q lu respectively (Van Loon, 1996; personal communication cited in Bradbury and

Van Loon, 1998).

Other work in this area has focused on the sorption of special types of organic compounds

(additives) on cement, demonstrated in several studies for lignosulphate and

napthalenesulphonate (for example, Rossington and Runk, 1968; Uchikawa et al., 1997, Singh

et al., 1992). In addition, sorption of such compounds results in a cement surface which is

more negatively charged. Such additives are discussed in detail in Section 6 of this report.

Serne et al. (1996) discuss the adsorption of several organic chelates (EDTA, picolinic acid,

DTPA, oxalic acid and citric acid) on a variety of substrates. These substrates include iron

and aluminium oxides, zeolites, clay minerals, and soils and sediments, but not cement

surfaces. Generally, adsorption reactions of specific chelates is described by the formation of

a coordinated surface species such as that shown in Figure 3.2.

Note, however, that the interaction shown in Figure 3.2 occurs on sorption sites which are

protonated and that a similar interaction would not be expected at alkaline pH. Thus, in the

case of EDTA, Seme et al. (1996) note that the results for the various substrates studied are

consistent with EDTA exhibiting anionic-like sorption behaviour; i.e., sorption is greatest at

pH values below 5, decreasing as pH increases from 5 to 8, and becoming negligible at pH >

10. The exact pH dependence depends on the specific surface being studied, but the general

trend is the same.

The sorption behaviour of picolinic acid on amorphous Fe oxide, hematite and soil clays is

similar to that of EDTA, although in this case adsorption becomes negligible at pH > 8.

Similar behaviour for DTPA is also reported by Serne et al. (1996), although there are few

experimental data for uncomplexed organic molecules.

The adsorption of oxalic and citric acids has been studied for a wide range of substrates,

including metal oxides, clay minerals and soils. As reported in Serne et al. (1996; numerous

references supplied), experimental results show that in the case of anion adsorption, that

oxalate and citrate compete with other anions for surface sites, reducing the extent of the latter.

Site-binding models have been developed to describe such competitve adsorption reactions on

Fe oxides (Kallay and Matijevic, 1985; Balistrieri and Chao, 1987; Balistrieri and Murray,

1987).
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Figure 3.2: Schematic representation of possible surface-complexation reactions at the
oxide/aqueous solution interface.

In general, besides adsorption, other types of reaction can occur between organic complexant

agents and (non-cement) surface sites. Such reactions include breakdown or hydrolysis,

dissolution of the surface by forming aqueous complexes (Torres et al., 1989,1990) or

oxidation/reduction type reactions, for example, on Fe-oxide surfaces (Santos et al., 1990;

Torres et al., 1990). The latter type of reaction is not relevant for cement phases, however.

To some extent, there appears to be conflicting information regarding the ability of organic

ligands to sorb on cement phases. In the case of EDTA, picolinic acid, DTPA, oxalic acid and

citric acid, based on results obtained for substrates other than cement surfaces, as reported by

Seme et al. (1996), adsorption of organic complexants appears to follow ligand-like

behaviour, i.e. decreasing sorption at high pH. No experimental data have been reported for

sorption on cement phases, however.

In contrast, other experimental data indicate that sorption is not negligible at high pH in the

case of ISA and gluconate. Rather, some form of strong, specific sorption, possibly

irreversible, is indicated by the results (Van Loon et al., 1997; Bradbury and Van Loon, 1998).

Thus, in the absence of experimental data involving the other organic complexants and cement

(at high pH), the possibility of similar behaviour to that of ISA and gluconate must at least be

considered.
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A similar conclusion was reached by Bradbury and Van Loon (1998), that, irrespective of the

nature of the sorption mechanism, organic ligand sorption effects should be taken into account

when examining the overall influence of organic complexants on radionuclide mobility. The

implications for radionuclide behaviour are (i) potentially fewer sites available for radionuclide

sorption (negative impact) but (ii) lower concentrations of organic complexants in

cementitious porewaters available for complexing (positive impact).

3.3 Influence of ion exchange resins

Ion exchange resins typically comprise a skeleton consisting of one or more large organic

polymers. Even though the undegraded organic molecule may not be an efficient complexing

agent, degradation of many polymeric (large molecule) organic compounds can result in

smaller molecules which may be efficient at complexing.

The principal types of ion exchange resins are strong acid, anion and mixed-bed (cation +

anion) exchangers. These types of resin are used to bind strongly to cations and anions,

depending on the type of resin used. The inventory of radioactive waste can contain

significant quantities of resins; for example, in one section of the planned Swiss L/TLW

repository, resins contributed up to 15 % of the organic waste (Nagra, 1994).

In terms of radionuclide content, some resins will be highly active, e.g. those resins used as

part of the treatment process to decontaminate water in fuel storage pools. In this case, the

resins will exhibit a relatively high activity, and a correspondingly significant radiation dose.

33.1 Experimental results

Limited research has been carried out on the possible effect of resins on radionuclide

behaviour. Greenfield et al. (1991) examined experimentally the degradation of ion exchange

materials (polysulphonate, polystyrene) over about 2 years, and the effect of this degradation

on solubility. Although these researchers noted some solubility enhancement, the effect was

slight and decreased with time.

Baston et al. (1995) studied the sorption of plutonium and americium on cementitious

materials and sand/bentonite, and also investigated the influence of organic degradation
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products, including ion exchange resins. The organic materials were chemically degraded

(100 g organic material + 900 ml deionised water + 900 g crushed cement) maintained at 70

°C for 5 months) in what was described as 'worst case' conditions (aerobic). Experimental

work was complemented by modelling studies.

Strong sorption was observed for both Pu and Am (Rd 1.4 m3/kg on concrete, >1 m3/kg on

mortar for Pu; 2 m3/kg on concrete, 0.1 m3/kg on mortar for Am). Modelling using an

equilibrium diffuse layer model (see Section 2.3) also predicted strong sorption. Importantly,

no influence on sorption of Pu of the degradation products of cation or anion resins was

found.

Interestingly, there was a small influence of the degradation products of cation and anion

exchange resins on Pu sorption on sand/bentonite (Rd = 0.05 m3/kg with no degradation

products; 0.001-0.01 m3/kg with degradation products). Baston et al. (1995) determined that

the main compound formed from the degradation of anion exchange resins was

trimethylamine (20.6 mg/1) with trace amounts of benzene, methyl styrene,

methylaminopyridine and methylthiazole (< 10 |Xg/l).

More recently, Van Loon and Hummel (1999a) investigated the products of the radiolytic and

chemical degradation of strong acidic ion-exchange resins and their influence on the sorption

of Cu2+ and Ni2+. Note that the focus of the work was more on examining the effect of

degradation products on sorption, via determination of stability constants for any complexes

formed, rather than obtaining specific R,, values.

These researchers rightly note that, on chemical grounds, resins containing an addition

polymer such as polystyrene (part of the backbone structure of resin) are not susceptible to

alkaline degradation. Microbial degradation in cementitious materials was also considered to

be negligible, owing mainly to the high pH conditions and a general lack of nutrients, both of

which are expected to result in a low microbial population. (Some experimental work is

necessary to confirm this conclusion).

On the other hand, irradiation of such resins yielded significant degradation. The total dose

received by the resin in alkaline solution was 1.7 MGy, at a dose rate of 8.5 kGy/h. (i.e. over

about 8 days). The principal degradation products from irradiation of strong acidic resins was

found to be sulphate (17 to 26 mM) and oxalate (0.2 to 0.5 mM). Sulphate is derived from

sulphonic acid functional groups on the resin and the presence of oxalate was attributed to the
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combination (condensation) of pairs of COO" radicals. Oxalate has also been shown to be a

key degradation product from bitumen degradation (Van Loon and Kopajtic, 1991).

The effect of sulphate was to reduce the pH by about 1 unit in the sample tubes. Van Loon

and Hummel (1999a) concluded from comparison of experimental with theoretical modelling

results, that although oxalate was the dominant ligand generated by the radiolytic degradation

of the resin, another ligand, not identified conclusively, but with weak acidic properties, was

also generated which affected sorption at pH > 7. Although the amount of this unidentified

ligand was about 2 orders of magnitude less than that for oxalate, its complexation strength is

about 2 orders of magnitude higher than that for oxalate. The results of Van Loon and

Hummel (op.cit.) indicate that for an oxalate concentration of 8 ppm, the effect on Ni2+

sorption on the resin at pH 9 is a reduction in Rd by a factor of only about 2-3.

In a complementary study, Hummel and Van Loon (1999) provide a theoretical treatment of

the influence of degradation products from strong acidic cation exchange resins on Ni2+

speciation. Despite the theoretical nature of their treatment, the simplified chemical system

used and the assumptions and interpolations made in the absence of certain thermodynamic

data, our view is that their conclusions are based on a sound, conservative approach. Thus,

their main conclusion is that the concentration of oxalate necessary to complex 90 % Ni2+

(~103 M) will not be exceeded within the repository situation considered. The low solubility

of calcium oxalate ensures that the oxalate concentration is several orders of magnitude below

that necessary to complex significantly with Ni2+ (10"3 M). In cases where carbonate is

available for complexing with Ni2+, the concentration necessary for 90 % complexation is

slightly lower, at 103 4 M.

Hummel and Van Loon (1999b) also investigated the degradation products of strong basic

anion exchange resins as well as mixed-bed resins. In these cases, the key degradation

products are ammonia and methylamines, which do not form complexes with most

radioelements. Notable exceptions are Ni, Ag and Pd which complex strongly with amines.

Sorption experiments indicated that other degradation products of these resins do not

influence radioelement behaviour significantly.

Lanthanides and trivalent actinides exist as hard cations (electron cloud not readily polarisable;

covalent-type bonding) and for such metal ions, degradation products (ammonia and amines)

do not affect sorption significantly. In contrast, Ni, Ag and Pd are soft cations (electron cloud

not deformable, with tendency to form electrostatic bonds with ligands) with a different
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complexation behaviour. Again, a theoretical treatment by Van Loon and Hummel (1999b)

indicated that the complexation, and therefore the sorption, of Pd and Ag could be impacted by

the concentration of amines possible in a repository containing anion exchange resins.

With the above exceptions, however, these authors concluded that in general, the products

from the radiolytic and chemical degradation of ion exchange resins will have only a

negligible effect on the speciation of radioelements, and can essentially be ignored for

performance assessment purposes.

3.4 Influence of bitumen degradation products

A study carried out by Van Loon and Kopajtic (1991) examined the radiolytic degradation of

bitumen at high pH (~12.5). The major degradation products in solution were shown to be

monocarboxylic and dicarboxylic acids as well as carbonates. Of these, oxalic acid was

shown to play the major role in complexing metal ions in solutions of pH < 7. However, at

the high pH typical of a cementitious repository, the influence of oxalate is significantly

reduced owing to:

• competition for metal complexation from OH' ions;

• the low solubility (~10~5 M) of calcium oxalate.

Baston et al. (1995) also examined the effect of products from the degradation of bitumen on

the sorption of Pu on cementitious materials. Again, similar to the effect of ion exchange

resins, the degradation products of bitumen had only a small influence on the sorption of Pu

on cement and mortar.

Perhaps the most significant influence from the degradation of bitumen will be the release into

solution of the radioactive wastes which were immobilised in bitumen. Sneyers and van

Iseghem (1998) studied the leaching behaviour of bitumenised radioactive waste. The

bitumenised waste forms tested were found to swell significantly (about 15 % volume increase

at 23 °C; 75 % at 40 °C). These researchers concluded that the swelling process is driven by

the uptake of water by the waste product. Uptake of water was independent of the type of

water tested (clay water at pH 7 to 7.5 or cement water at pH 12.5). With uptake of water,
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highly soluble salts embedded in the bitumen matrix dissolve, leading to expansion of the

solution-filled pore structure.

3.5 Influence of organic compounds - conclusions

Evidence summarised in the previous sections from experimental work carried out on the

influence of organic materials on the sorption behaviour of radionuclides, indicates that most

organic degradation products will not affect sorption significantly at the concentrations

expected in a cementitious repository. The notable exception to this conclusion involves the

degradation products of cellulose and, in particular, polycarboxylic acids represented by iso-

saccharinic acid (ISA). Results carried out by AEA Technology Harwell using ISA indicate a

significant reduction in sorption of Pu, by several orders of magnitude for an ISA

concentration of about 10"3 M. More recent results by Van Loon et al. (1997) indicate that the

negative effect is still significant, though not as great.

Clearly, some scoping calculations are advisable to determine how realistic an ISA

concentration of about 10"3 M would be for the SFR-1 repository and to estimate

concentrations of other relevant organic compounds, in particular EDTA, for comparison.

Certainly, the impact of ISA on the sorption of Pu and other actinides decreases substantially

as its concentration decreases.
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4 Hyperalkaline pore fluids - longevity and
effects

4.1 Potential longevity of hyperalkaline conditions

Immobilisation of radionuclides in a repository with a cementitious near-field is aided by the

development of hyperalkaline pore fluids in the engineered barriers due to the interaction of

cement and concrete with saturating groundwater. It is desirable that such chemical conditions

are maintained in the long-term, with precise timescales being governed by repository

performance requirements. It has been suggested that elevated pH conditions (pH > 10.5) can

be maintained in cementitious repositories for durations in excess of 105 a, given adequate

amounts of cement and concrete in the repository system (Atkinson et al., 1987; Berner, 1992;

Haworth et al., 1990; Neall, 1994).

Processes relevant to the physicochemical evolution of the SFR repository have been recently

reviewed by Borjesson (1999). In terms of pH buffering, Borjesson (ibid.) considered the

following temporal stages:

• Initially, pH buffering is governed by the release of sodium and potassium from the

cement, such that pH is in excess of 13.

• A second stage is characterised by the control of pH by Ca(OH)2 [portlandite] solubility,

with pH approximately equal to 12.5.

• Finally, pH will be buffered by the dissolution of calcium silicate hydrate (CSH) gel. This

gel dissolves incongruently, with Ca being preferentially removed from its structure until

the Ca/Si ratio is 0.85 and pH ~11. Thereafter, the gel dissolves congruently with a pH of

10.

Volumetric considerations suggest that the bulk of the buffering of pH will be associated with

the dissolution of CSH gel identified above.

If the relatively minor and readily soluble amounts of alkali oxides in cement and concrete are

neglected, then the principal pH buffer capacity is derived by the dissolution of Ca(OH)2 and

CSH gel. Lagerblad and Tragard (1994) considered that for the Degerhamn Standard

Portland Cement (cement composition used at SFR), there were contents of 13 and 33 volume
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% of portlandite and CSH (Ca/Si = 1.7), respectively. According to Hoglund and Bengtsson

(1991), the construction concrete used at SFR contains approximately 425 kg m'3 of hydrated

cement (concrete consists of cement plus aggregate materials). Consequently, we can

envisage that the SFR concrete contains 18 % cement (the density of SFR concrete is 2354 kg

m'3 - Hoglund and Bengtsson, 1991) and thus 2.3 % portlandite and 6 % CSH. These

percentages correspond to concentrations of portlandite and CSH in SFR concrete of 702 and

582 moles m"3 respectively (using molar volumes of 33.1 cm3 mol"1 and 102 cm3 mole"1 for

CSH of Ca/Si = 1.8 - Glasser et al., 1998). Hoglund and Bengtsson (1993) quote a

portlandite content of 180 moles m"3, whereas Karlsson et al. (1999) quote a figure of 1000

moles m~3 for Degerhamn concrete.

Water equilibrated with portlandite at 25 °C and atmospheric pressure conditions has a Ca

content of 20 mol m"3 H2O and a hydroxyl ion concentration of 25 mol m"3 H2O (Bassett,

1934; Savage et al., 1998). Using the above data and assuming stoichiometric and

homogeneous dissolution, implies each cubic metre of concrete would require 35 m3 of (pure)

water (equivalent to ~230 concrete pore volumes) to dissolve completely all the portlandite

within the concrete. The corresponding volumes of water to remove all the portlandite as

calculated by Hoglund and Bengtsson (1991) and Karlsson et al. (1999) [using the same

solubility data as above] are 9 and 50 m3, respectively.

Similarly for CSH of Ca/Si = 1.8, a total Ca content of 1048 moles m"3 (1.8 multiplied by

582) in concrete is implied. Since water equilibrated with CSH gel may have a Ca content

between 20 mol ni3 H2O (Ca/Si = 1.8) and 2 mol m3 H2O (Ca/Si = 0.8) [Francis et al,

1997], then each cubic metre of concrete would require between 29 and 292 m3 of pure water

(equivalent to 193-1947 cement pore volumes) to dissolve completely all the CSH within the

cement. Hoglund and Bengtsson (1991) and Karlsson et al. (1999) calculate volumes of

water required to remove all CSH from concrete as 1740 and 300-3000 m3, respectively.

4.1.1 Reactions with groundwater and waste

The above calculations assume dissolution by pure water without reaction of the pH-active

components in the cement (Ca) with species in the groundwater or waste. However, the pH

buffer capacity of the cement could be reduced by reaction with:
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• Dissolved carbon species (HCO3/CO32) in the ambient groundwater to produce calcite

(CaCO3). Each mole of HCO37CO3
2' can be considered to consume one mole of Ca.

• Organic components of the waste could be assumed to degrade partially to dissolved

carbon dioxide which would then react with Ca from the cement to produce calcite.

Other reactions which could be considered to be detrimental to pH buffering have been

excluded, but are as follows:

• Reaction of the cement concrete with dissolved magnesium from groundwater to produce

brucite [Mg(OH)2] could also be considered detrimental to pH buffer behaviour, but

brucite would buffer pH at 9.8 (Glasser et al., 1998), which can be considered sufficient to

minimise radioelement mobility (Askarieh et al., 1999a).

• Reaction of cement/concrete with dissolved sulphate could also be considered to be

detrimental to pH buffering, but the principal product of such reactions, ettringite, would

buffer at values > 10.7 and would thus contribute to the maintenance of pH > 10.

Groundwater compositions at SFR are expected to range from fresh, dilute groundwaters

during the 'inland' portion of the repository evolution to saline during the 'marine' portion of

the repository evolution (SKB, 1998a, b). Dissolved carbon contents of groundwaters at

crystalline rock sites investigated by SKB range from 0.2 to 5 mol m"3 H^O (Karlsson et al.,

1999). Each m3 of groundwater flowing through SFR could thus neutralise up to 5 moles of

Ca from the cement and concrete.

Organic materials in the waste could also be detrimental to pH buffering. It is conservatively

assumed here that they degrade completely to a mixture of carbon dioxide and methane. This

assumption ignores the formation of less aggressive products of organic degradation such as

organic acids etc. The different organic constituents can be considered to degrade as follows:

• Cellulose breaks down to produce 50 % CO2 and 50 % CH4. The CO2 is assumed to

dissolve in the repository pore fluid and is thus capable of reaction with Ca from the

cement The methane is assumed to form a gas which is non-reactive with regard to

cement pH buffer capacity.

• All plastics and rubber partially degraded by chemical processes, may degrade further by

microbial attack. Again, it is conservatively assumed to breakdown completely to 50 %
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Table 4.1: Amounts and types of organics in SFR and possible amounts of degradation

products. Ion exchange resins and bituminous materials have been excluded from

consideration. CH2O is assumed to degrade to 50 % C02 and 50 % CH4. Data from SKB.

Repository system

Silo
BMA
• polypropylene
BTF
BLA
• cellulosic materials
• plastics, rubber
Total

Amount
organic
(tonnes)
_

25

1370
1300

of Amount
CH2O
(moles)

8.3E5

4.6E7
4.3E7

of Amount
CO,
(moles)

4.2E5
-

2.3E7
2.2E7

of Amount of Ca
neutralised
(moles)

4.2E5
-

2.3E7
2.2E7
4.5E7

• CO2 and 50 % CH4. No distinction will be made here between halogenated plastics and

non-halogenated types.

Ion exchange resins and bituminous materials have been excluded from consideration since

their degradation rates are generally believed to be very slow in a cementitious environment

(Buckley etal., 1985; Torstenfelt, 1989).

Relevant amounts of the different types of organic materials, amounts of breakdown products

and amounts of Ca neutralised for SFR are presented in Table 4.1. All organic materials are

assumed to be of a generic 'CH/ ) ' composition in order to calculate amounts of carbon and

carbon dioxide potentially generated.

4.1.2 Net effects for pH buffer capacity

It can be considered that the duration of elevated pH conditions is thus determined by the

mass of cement/concrete in the system, the precise composition of the cement/concrete, the

effects of reactive species such as HCO3" from the groundwater and waste, and the flux of

groundwater through the repository.

For SFR, the net effects of the various reactions have been considered as follows:

51



• Equilibration of the cement and concrete with groundwater occurs immediately after

resaturation. pH buffering is initially assumed to be controlled by dissolution of

portlandite and thereafter by CSH gel. No credit is given for leaching of alkali metal

hydroxides from the cement.

• All CO2 generated by organic degradation of the waste is assumed to occur immediately

after repository saturation and to react completely with repository cement and concrete.

• Reaction with dissolved carbon species from the groundwater is assumed to occur

homogeneously with groundwater flow through the repository.

The total amount of concrete in SFR is estimated to be 86 400 tonnes (SKB data). Using a

density for SFR concrete as 2354 kg m'3 (Hoglund and Bengtsson, 1991), the total mass of

concrete in SFR is equivalent to a volume of 36 700 m3. Dividing the total amount of Ca

potentially neutralised by reaction with CO2 from organics estimated in Table 4.1 (4.5xlO7

moles), by the total volume of cement (36 700 m3) implies that each cubic metre of cement

could have 1226 moles of Ca neutralised by reaction with CO2 from organic degradation.

As previously calculated, each cubic metre of concrete contains 702 moles of Ca in portlandite

and 1048 moles in CSH of Ca/Si = 1.8. Subtracting the amount of Ca which could be

consumed by reaction with CO2 from organic degradation would therefore neutralise all

portlandite, leaving 524 moles of Ca in CSH per cubic metre of concrete.

Each cubic metre of groundwater passing through the cement/concrete in SFR could remove

20 moles of Ca due to leaching of portlandite, 2-20 moles of Ca due to leaching of CSH gel,

whereas up to 5 moles per m3 could be consumed due to reaction with HCO3" dissolved in the

groundwater, resulting in a total of 25 moles of Ca per m3 of groundwater.

A previous SKB assessment of SFR quotes groundwater flow rates in the range 2xlO~4-

1.5xlO'2 m3 m"2 a'1 according to whether the repository is beneath the sea or on land (SKB,

1998a, b). These groundwater flow rates imply a CSH lifetime (and therefore total elevated

pH lifetime) from 35 000 to 105 000 a (all portlandite in concrete could be neutralised by

reaction with organics). These figures are considerably less than the total time for removal of

portlandite and CSH gel from the SFR silo calculated by Hbglund and Bengtsson (1991) [1.3

Ma].

The above calculations assume that SFR acts uniformly in terms of pH buffering capacity, but

it is likely that each vault will act independently because of differing masses of concrete and
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Table 4.2: Results of mass balance calculations to assess pH buffering capacity for each of

the vaults comprising SFR. See text for details of calculations.

Repository
vault

Silo
BMA
BTF
BLA

Concrete
Volume

(m3)
1.91E+04
9.35E+03
7.22E+03
1.02E+03

Total Ca
(mol)

3.35E+07
1.64E+07
1.26E+07
1.78E+06

CO2 from
organics

(mol)

4.20E+05

4.50E+07

net Ca
(mol)

3.35E+O7
1.59E+07
1.26E+07

-4.32E+07

pH > 10
lifetime (a)
(low flow)
3.35E+10
1.59E+10
1.26E+10

-

pH > 10
lifetime (a)
(hieh flow)

4.46E+08
2.12E+08
1.69E+08

-

waste materials. Consequently, calculations have been repeated, treating each vault

independently and results presented in Table 4.2.

The data in Table 4.2 have been calculated as follows.

• The total masses of concrete are as reported by SKB and converted to volume data

assuming a concrete density of 2354 kg m"3 (Hoglund and Bengtsson, 1991).

• The total amounts of Ca in concrete assume 702 moles as portlandite and 1048 moles in

CSH (total 1750 moles Ca per m3 of concrete).

• The amounts of CO2 are derived from Table 4.1, and the 'net Ca' values are the number of

moles of Ca minus the amounts of Ca potentially neutralised by reaction with CO2.

Organic degradation is assumed to occur instantaneously after closure.

• The pH lifetimes values have been calculated from the 'minimum' and 'maximum'

groundwater flow values published by SKB (2xlO~4 and 1.5xlO"2 m3 m"2 a"1, respectively),

also taking into account reaction of Ca with bicarbonate in the groundwater (a content of 5

mol m"3 HCO3" was assumed - SKB, 1998a, b).

These calculations suggest more than adequate pH buffering for the Silo, BMA and BTF

vaults, but zero amounts for the BLA vault, the latter due to the excess of organic materials

compared with the amounts of Ca in concrete. The time taken for organic degradation to

occur in the BLA will thus have a strong impact upon the time during which pH exceeds 10 in

that vault.

These scoping calculations suggest that the duration of elevated pH conditions at SFR where

uniform vault behaviour is assumed could be as low as 35 000 a, depending upon precise
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groundwater flow rates, whereas consideration of each waste vault separately suggests that

release of radionuclides from the BLA vault may not be limited by sorption or solubility under

hyperalkaline conditions and could be subject to pH conditions of ambient groundwater (pH

7-9) shortly after repository closure.

4.2 Reaction of hyperalkaline fluids with other
repository components

Hyperalkaline pore fluids derived from saturation of the repository cementitious materials

have the potential to migrate, either by diffusion or advection, to contact other engineered

barrier materials (bentonite, bentonite-sand mixes, waste packages) or even the surrounding

host rock. A so-called 'hyperalkaline plume' could develop, depending upon the amounts of

cementitious material present and local conditions of groundwater flux and chemical

composition. The alkalinity of any such plume will tend to be titrated by the following

reactions (Savage, 1997):

• Mixing and reaction with ambient groundwater.

• Cation exchange reactions with suitable minerals in the engineered barriers (bentonite) and

host rock (sheet silicates, feldspars).

• Dissolution of silicate and carbonate minerals from the bentonite and host rock with

consequent precipitation of minerals stable under hyperalkaline conditions (calcium

silicate hydrate gels and minerals, zeolites).

The first two processes identified above will be relatively fast, whereas the latter will be

relatively slow.

The most vulnerable EBS component to hyperalkaline alteration is most likely the bentonite

surrounding the silo structure. It is beyond the scope of the current report to carry out

quantitative numerical calculations regarding fluid and mass transfer through the bentonite, but

it is relevant to note the conclusions of a modelling study carried out on a similar system for

the Japan Nuclear Cycle Development Institute (Savage and Noy, in press). In this study, the

possible extent of reaction between bentonite and cement pore fluids in a geological repository

for TRU was simulated using a reaction-transport code. Three cement pore fluid

compositions reflecting time-dependent evolution of cement degradation were reacted with a
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1-D, 1 m flowpath of bentonite + quartz sand at 25 (and at 70 °C). Cement pore fluids were

allowed to diffuse into groundwater-saturated bentonite. Key minerals (Na-montmorillonite,

analcite, chalcedony, quartz, calcite) were allowed to dissolve and precipitate using kinetic

(time-dependent) reaction mechanisms. Simulations were run for a maximum of 3200 years.

The most aggressive fluid was that typical of so-called' early' cement pore fluids (highest pH,

Na and K), and these simulations with showed total removal of primary bentonite minerals up

to 0.60 m from the contact with cement after ~1000 years. The maximum porosity increase

observed was up to 80-90 % over a narrow zone 0.01 - 0.02 m wide. A zone very close to the

interface with the cement (within 0.01 - 0.02 m) showed total filling of porosity which

occurred after ~1000 years. Porosity occlusion was principally a function of the growth of

CSH minerals such as tobermorite.

These calculation suggest that although bentonite alteration will occur over relatively short

timescales (1000 years), the scale of alteration is likely to be self-limiting due to the filling of

porosity by secondary minerals. The types of minerals which precipitate (zeolites, CSH

phases) are unlikely to lower the sorption capacity of the bentonite for radionuclides and the

porosity and permeability are likely to be lowered as a consequence. However, the bentonite

may lose its plasticity due to cementation by neo-formed minerals. SFR-specific calculations

may be relevant to assess the relative importance of such processes.
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5 Reaction of cement and concrete with
sulphur

In addition to the effect upon pH buffering, reaction of cement and concrete with sulphate

in groundwater and waste materials at SFR may cause swelling and cracking due to solid

volume changes associated with the conversion of portlandite and CSH to ettringite and /or

gypsum.

Ettringite formation can be considered to take place as follows:

6Ca(OH)2 + 2A1(OH)4" + 3SO4
2' + 8H+ + 18H2O = Ca6Al2(SO4)3(OH)12:26H2O [5.1]

This reaction implies that each mole of ettringite requires 3 moles of sulphate and 2 moles

of Al, and thereby consumes 6 moles of portlandite (or the equivalent amount of Ca from

CSH gel). The net solids volume change is +356 %, assuming that both Al and S are

present in the aqueous phase [the molar volumes of portlandite and ettringite are 33.06

cm3 (Helgeson et al., 1978) and 706 cm3 (Glasser et al., 1998), respectively].

Degerhamn Standard Portland Cement is regarded to be sulphate resistant due to its

relatively low content of aluminium (3.5 wt% A12O3 - Karlsson et al., 1999). If SFR

concrete contains 350 kg of Degerhamn cement per m3 (Karlsson et al., 1999), then there

is 12.25 kg of A12O3 or 240 moles of Al theoretically available for reaction. According to

equation [5.1], each m3 of concrete could thus form 120 moles of ettringite, assuming

sufficient Ca and SO4 for reaction. If 720 moles of portlandite are consumed by this

reaction, then there will be a net solids volume increase of 0.06 m3. This solids volume

increase is within that considered as open porosity in the concrete (0.15 m3 per m3 -

Hoglund and Bengtsson, 1991).

Alternatively, the concrete in SFR could degrade to gypsum during sulphate attack, if there

is not enough Al for the stabilisation of appreciable amounts of ettringite:

Ca(OH)2 + SO4
2" + 2H+ = CaSO4:2H2O [5.2]
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gypsum

[SOJ mmol/kg
Mo

[Al] mmol/kg
[Ca] mmol/kg

Figure 5.1: Phase relations in the system CaO-Al2O3-SO4-H2O at 25 °C (from Damidot

and Glasser, 1993). Each axis is proportional to the fifth root of concentration.

This reaction involves a 226 % increase in solids volume [the molar volume of gypsum is

74.7 cm3 (Helgeson et al., 1978)], so that appreciable sulphate attack could lead to a large

increase in solids volume and physical cracking of cement and concrete. However, S0 4

concentrations greater than 5 mmol I'1 are required to precipitate gypsum (Figures 5.1 and

5.2).

-3Concentrations of SO4 in Swedish groundwaters are unlikely to exceed 6 mmol dm

(Karlsson et al., 1999). This implies that these groundwaters could cause 1 mol of

gypsum to form from each cubic metre of groundwater. Using plausible groundwater

flow rates cited by SKB (2xlO'4 m3 m"2 a"1 for the 'marine' period of evolution for SFR -

SKB, 1998a, b), then 2xlO"4 moles of gypsum could form per year in each m3 of concrete.

Since the net solid volume change from conversion of portlandite to gypsum is +4.2x10"5

m3 mole"1 and that SFR concrete has a porosity of 15 % (Hoglund and Bengtsson, 1991),

then it would take 18 Ma to fill this voidage by conversion of portlandite to gypsum.
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Degradation of ion exchange resins in the waste could produce additional sulphate for

sulphate attack of the concrete. Ion exchange resins consist of a skeleton of polystyrene

cross-linked with divinylbenzene. Functional groups are attached to this skeleton, such

that a sulphonic acid group (-SO3H) produces a cation exchange resin, whereas the

addition of a quaternary ammonium group (-NR3O produces an anion resin. In general,

these resins are resistant to both chemical and biological degradation which could liberate

complexants containing the ion exchange functional groups. For example, Torstenfelt

(1989) reviewed the stability of ion exchange resins in a cementitious environment and

noted that ion exchange resins are very stable from attack by polar, oxidising or reducing

agents. The skeleton chains are not affected by concentrated sulphuric acid (strongly

electrophilic), potassium permanganate (strong oxidising agent), and hydrogen on

platinum black (strong reducing agent). From this evidence, Torstenfelt concluded that

hydrolysis of the chain structure of polystyrene divinylbenzene is not likely in a

cementitious environment, since temperatures of 300-330 °C are required for this reaction.

Bowerman et al. (1988) looked at the biodegradation of ion exchange resins and observed

that the rate of biochemical attack was very low, but following irradiation (1 MGy 60Co)

and/or loaded with organic acid anions such as EDTA, citrate, or oxalate, the susceptibility

to alteration increased. Duddridge (1986) came to similar conclusions and Greenfield et

al. (1991) describe resins as 'recalcitrant'. Van Loon and Hummel (1999) managed to

degrade several ion exchange resins to produce sulphate and two organic ligands as

products, but required radiation doses of 8.5 kGy h"1 (equivalent to the total radiation dose

from decay of all radionuclides in a Swiss repository for low- and intermediate-level

radioactive waste) so to do. Ion exchange resins in SFR will not be subjected to such a

large radiation dose, so that it is unlikely that ion exchange resins will degrade in the

chemical environment of SFR. Although the resins could possibly degrade much more

slowly over longer time periods, there are no experimental data by which this may be

assessed.

These calculations and review suggest that sulphate attack of concrete at SFR is unlikely to

be important given the chemical compositions of concrete and groundwater and the inert

behaviour of ion exchange resins under plausible disposal conditions.
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6 The potential role of cement additives for
long-term safety of SFR

Additives have been used in concretes employed in the SFR repository. The following is a

review of the use of such additives in radioactive waste repositories and implications for

the long-term behaviour of SFR.

6.1 The use of additives in cement

Additives are agents which improve the physical and rheological properties of concrete.

Plasticisers and superplasticisers optimise workability and the water content of concrete

so that concretes with a low water content and porosity can have good workability for

emplacement Other additives include retarders, accelerators, air entraining agents and

•water-repelling agents.

From the perspective of the use of cements in facilities for waste isolation, all these

additives are organic compounds which may complex with radionuclides. Although

additives are used in small amounts (approximately 1 %), the large volumes of concrete in

a waste repository may mean that such organics are significant for radionuclide

complexation and migration. In the UK, UK Nirex Ltd. specifically excluded using

additives in their patented 'Nirex Reference Vault Backfill' (NRVB) which would be used

in a deep repository for low- and intermediate-level wastes in the UK, specifically because

of potential enhanced radionuclide complexation (Francis et al., 1997). This exclusion is

despite the high content of other organic materials in the Nirex repository.

In the context of the disposal of radioactive wastes, superplasticisers are the most

important cement additive and the rest of this section deals exclusively with this type of

additive.
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6.2 The use of superplasticisers by the cement

industry

Addition of a superplasticiser to a cement results in a lowering of the water/cement ratio

without a simultaneous reduction in the workability thus producing a cement with low

porosity (Gani, 1997).

It has long been known that natural organic materials (e.g. sugar) will increase the fluidity

of cement pastes and concretes (Onofrei et al., 1991). Superplasticisers are very high

molecular weight polymers (10M05 times greater than a water molecule) which when

added to a concrete mix, are adsorbed onto cement particles making them mutually

repulsive or colloidal (Uchikawa et al., 1997). This behaviour releases the water, which is

normally held within agglomerates of cement grains and frees it for the hydration of

cement grains. The adsorbed superplasticiser reduces the friction between each cement

particle and has a smoothing effect also, allowing them to move more freely. These mixes

behave as non-Newtonian fluids, enabling them to more easily pumped and allowing

emplacement of greater volumes of cement Normally, the effects of the superplasticising

agents wear off after a period of 90-120 minutes.

The efficacy of superplasticisers is brought about by the following processes:

• dispersion of cement particles and changing the kinetics of hydration and the

morphology of hydration products;

• lowering the surface tension of water;

• inhibition of aggregation of cement particles through steric effects.

Unfortunately, information concerning the interactions between metal ions and

superplasticisers is poor (Glaus et al., 1997). There is good evidence that superplasticisers

sorb strongly onto the surfaces of cement particles and single mineral phases of cement

(Blank et al., 1963; Rossington and Runk, 1968; Yilmaz and Glasser, 1991). Onofrei et al.

(1991) noted that superplasticisers preferentially sorbed onto hydrated cement phases

such as tricalcium aluminium hydrate and tricalcium silicate. Superplasticisers are

negatively charge polymers so that sorption causes electrostatic repulsion of the cement

particles, which would otherwise flocculate together. Because the additive-coated cement

particles are homogeneously distributed in the water phase, the amount of water available

for cement hydration is increased, since fewer network voids trap water molecules.
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R=H, CH3> C^HS

M=Na

„
NHCH2SO3M

(SOLS

MeO

Me=CH3, M=Na
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Figure 6.1: Structural formulae of selected superplasticisers. LS is composed of a

variety of structurally-related monomers, irregularly aggregated to a macromolecule.

From Glaus etal (1997).

6.3 Types of superplasticiser

Superplasticisers are commercial products so that precise chemical compositions and

structures are often proprietary. However, there are 4 main types:

• sulphonated naphthalene formaldehyde condensates (NS).

• sulphonated melamine formaldehyde condensates (MS).

• modified lignosulphates (LS).

• polycarboxylic acids (PC).

The first two types are the most widely used and are usually available in the form of their

sodium salt. The chemical structures of these superplasticisers are shown in Figure 6.1.
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Figure 6.2: Sorption ofEuF on cement in cement pore water with different cement

additives. The additives were present in a concentration of 3 % (weight/volume). From

Glaus etal. (1997).

6.4 Potential effects of superplasticisers on
radionuclide complexation

Norden and Allard (1994) determined the sorption of europium on cement in the presence

of concentrations of Na-gluconate greater than 10'4 M. They assumed that Na-gluconate

would be typical of superplasticiser type additives. They measured a decrease in Eu

sorption by roughly three orders of magnitude from 100 m3 kg"1 to 10 m3 kg'1. However,

within 200 days, the sorption values had recovered to their original values.

Glaus et al. (1997) describe the sorption of europium (3+) onto cement and show variable

behaviour for different superplasticiser compounds (Figure 6.2). Glaus et al. (ibid.) noted

(Figure 6.2) that naphthalene sulphonate (NS) and polycarboxylate (PC) superplasticisers

only marginally reduced Eu sorption on cement (90-95 % of that without any additive),
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whereas melamine sulphonate (MS) and lignosulphonate (LS) were considerably worse

(65 % for MS, < 5 % for LS). Glaus et al. (ibid.) note that concentrations of additives in

the experimental fluids were larger than would be expected in a disposal situation, but help

scope the relative behaviour of different superplasticisers.

Greenfield et al. (in press) present a quantitative study of the effects of the presence of

superplasticisers on the solubility of technetium, uranium, plutonium and americium in

cement pore waters. The additives used were a naphthalene sulphonate (molecular weight

1.5X104 g mol"1), and a polycarboxylic acid polymer compound (molecular weight 4.0X104

g mol"1). Solubility measurements for the radionuclides uranium, technetium, plutonium

and americium were made in 'cement mix water' concentrations, which ranged from 0.03

to 5 % with respect to superplasticiser. These experiments pessimistically assumed that

all the superplasticiser added to the cement is available for complexation, whereas in reality

much less than this would be available. Results showed that element solubility was

increased in every case with addition of superplasticisers, in some instances by several

orders of magnitude. Dilution significantly reduced the impact of the additives, but

nevertheless, solubilities were generally increased by two orders of magnitude over those

observed in additive-free cement pore water.

The work of Greenfield et al. clearly shows the potential for superplasticiser additives to

be significant complexants for a number of radionuclides of concern for radioactive waste

disposal. However, the principal uncertainty arising from this study is the question of how

much superplasticiser can be leached from the cement under disposal conditions. The

additive concentrations employed by Greenfield et al. are highly conservative for disposal

conditions and represent total release of superplasticiser from the cement/concrete to the

aqueous phase. This issue of superplasticiser leachability is considered in more detail

below.

6.5 Availability of superplasticiser to pore fluids in
cured cements

Onofrei et al. (1991) carried out experiments to investigate the leachability of

superplasticiser in cured cements. These experiments showed that naphthalene sulphonate

formaldehyde condensate superplasticiser could be leached from hardened grouts, but

cumulative amounts were very small (~1016 kg m'2). Increasing the quantity of

superplasticiser in the cement increased the amount which could be leached to solution.

The cumulative fraction of release of the superplasticiser increased directly with increasing
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temperature and ionic strength of the leachant and inversely with the ratio of the surface

area of the grout to the volume of solution. Since the teachability of the grout phases

shows a similar dependence, Onofrei et al. (ibid.) concluded that release of superplasticiser

is associated with the dissolution of the C3A and C3S phases in which it resides and thus

would not contribute significantly to the total organic content of the pore solution.

Bradbury and Van Loon (1997) estimated the likely amount of superplasticiser in cement

pore fluids using Na-gluconate as being typical of such compounds. Assuming a

molecular weight of 196 g mol"1 for Na-gluconate, and a 1 wt % concentration of additive

in cement, they calculate that 31 moles of Na-gluconate would be present in a notional 1

m3 of repository volume (assuming a 10 % cement porosity). They estimate the likely

concentration of Na-gluconate in the pore fluid would be 3xlO'5 M. This concentration is

much less than that used in experimental studies of solubility and sorption.

Available experimental and modelling data for additive leaching therefore suggest that

additive concentrations in pore fluids in hardened cement pastes will not be as high as

concentrations used in radionuclide solubility studies, and are thus likely to be less than

10*5 M. However, this issue requires further study with SFR-relevant materials to be able

to exclude the effects of superplasticiser from the assessment of SFR.

6.6 Use of cement additives by SKB

Cement additives have been used at SFR, but have not been thought a specific problem in

comparison with other organic materials in the repository (SKI, 1994). Amounts which

have been used in construction are of the order of 210 tons in the silo and approximately

50-100 tons in the BMA repository (SKB, unpublished information). These amounts

represent approximately 0.5 % of the total mass of cement and concrete in the respective

portions of the repository. The types of additive which have been used for the BMA

wastes is unspecified, but there are a variety of compounds which have been used in the

silo, including 'CollemaT, 'Sikament', 'Methocel', 'Peramin', and 'Bevaloid' inter alia.

Sikament is a typical water-reducing superplasticiser and is a sulphonated naphthalene

condensate type of polymer. Methocel is a cellulosic viscosifier and may consist of either

methyl cellulose or hydroxypropyl methylcellulose. Peramin is another superplasticiser of

unspecified composition, whereas Bevaloid is an antifoaming agent, also of unspecified

composition.
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Although outside the context of this review, it is noteworthy that SKB also plan to use

cement additives in the construction of a deep repository for low- and intermediate-level

radioactive waste, designated SFL 3-5 (Wiborgh, 1995). The superplasticiser is envisaged

to be a sulphonated melamine polymer and will constitute much less than 3 % of the total

volume of the cement (Wiborgh, ibid.). Although the potential for radionuclide

complexation was noted by Wiborgh (ibid.), SKB consider that there would only be a

minor influence, particularly in comparison with other complexants in the repository such

as NTA, EDTA and DTPA (Allard and Persson, 1985; Allard and Bor6n, 1991).

Consequently, the effects of cement additives were not considered explicitly in the

assessment reported by Wiborgh (1995).

6.7 Implications for the long-term behaviour of SFR

The manufacture of cement with physical properties suitable for long-term physical

performance in a facility for the disposal of radioactive wastes inevitably requires the use

of superplasticisers. Their omission will result in a cement or concrete with high porosity

and low physical strength. The use of superplasticisers enables much lower water/cement

ratios to be used than would be possible otherwise. There are four basic types of

superplasticiser. sulphonated naphthalene formaldehyde condensate (NS); sulphonated

melamine formaldehyde condensate (MS); modified lignosulphates (LS); and

polycarboxylic acid types (PC). From available data, it seems that the sulphonated

naphthalene formaldehyde condensate (NS) type of superplasticiser predominates at SFR,

particularly in the silo and BMA components of the repository.

Superplasticiser molecules will complex with radionuclides thus impacting upon sorption

and solubility behaviour. Although quantitative data are few, there is experimental

evidence that the solubility of the actinides can be enhanced by several orders of

magnitude, albeit with unrealistically high concentrations of superplasticiser in

experimental solutions. There are even fewer data describing sorption behaviour, but

Glaus et al. (1997) document that NS and PC superplasticisers only marginally impact

upon REE sorption, whereas MS superplasticiser reduced sorption by 35 % compared

with superplasticiser-free cement pore solutions. These experiments were conducted with

very high concentrations of superplasticiser in solution (up to ~0.25 M with respect to

gluconate). Bradbury and Van Loon (1997) concluded that superplasticisers will not

affect sorption of tri- and tetra-valent radionuclides at the anticipated superplasticiser

concentration levels in cement pore fluids (< 10 4 M).
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There is evidence that leaching of superplasticisers from hardened cement pastes is likely

to be minimal (Onofrei et al. 1991), thus questioning whether the presence of

superplasticisers would have any effect on the long-term safety of a facility such as SFR.

However, there seems to be a shortage of information concerning the leachability relevant

to the cement and superplasticiser compositions used at SFR. Potentially, the presence of

superplasticisers in cement and concrete at SFR could have an effect upon radioelement

solubility and sorption, so that SFR-specific data will be needed to asses this possibility.

It is recommended that further research be acquired in this area.
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7 Concrete fracturing

It is likely that fracturing will occur with time in the structural and backfilling

cement/concrete in SFR as a result of:

• Weak bonding between waste packages and backfill.

• Differential stress between the rock mass and repository volume.

• Volume reduction through leaching by groundwater of the more soluble chemical

components of the cement.

• Pressure build-up derived from the generation of gas by metal corrosion and waste

degradation.

Fractures will tend to be a focus for fluid (gas and water) flow since they will have a

higher permeability than the surrounding cement matrix. The bulk of the fluid flow may

thus occur through the fractured regions so that transport in the cement matrix would be

by diffusion only. Consequently, chemical conditioning of pore fluids in the repository

may be changed due to reduced fluid residence times and transport of radionuclides out of

the repository may also be affected. Therefore it is relevant that such a condition be

assessed by safety calculations.

UK Nirex Ltd. has expended considerable effort in analysing the effects of repository

concrete fracturing (Chambers, 1995; Askarieh et al., 1999b). Nirex's analysis is relevant

to that of SFR. Chambers (1995) considers the treatment of a fractured repository where

fractures occur by the first mechanism described above, weak bonding between the waste

package and backfill. The repository is assumed to be situated in a region of fully

saturated, permeable rock and the groundwater flow within the repository is taken to be

determined by the hydrogeology of the host rock.

In the scenario studied in Chambers (op. cit), the waste becomes (completely) separated

from the backfill and transport of radionuclides in the resulting (saturated) fracture

becomes the dominant mode of release of radionuclides from the repository. It is

assumed that all other modes of release of radionuclides are negligible when compared

with this release pathway. The geometry of the repository and fractures is shown in

Figure 7.1. Assumptions made on the resulting radionuclide transport using this model

geometry are:
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Figure 7.1: Schematic representation of a fractured repository. Arrows represent

potential pathways for radionuclide migration. After Chambers (1995).

The fractures are 1-D regions in which advection, dispersion and diffusion only occur

in a direction along the fracture (i.e. the radionuclide concentration is assumed to be

uniform in all cross-sections through the fracture). Concentration gradients across the

fracture are neglected due to the (relatively) large diffusion coefficients in the fracture

compared to those in the waste and backfill, and the small fracture apertures assumed

(10/«n- 10mm).

Transport in the waste and backfill in the direction parallel to the fracture orientation is

assumed to be negligible when compared to that in the fracture and is ignored. The

only possible transport in the waste and backfill is then diffusive transport in a

direction perpendicular to the orientation of the fracture, and the only mode of

transport of radionuclides from the waste to the backfill being via the fractures.
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• The only path by which radionuclides can leave the repository and enter the host rock

is via the fractures in the concrete. Diffusive transport through the backfill to the host

rock is assumed to be negligible.

• It is also implicitly assumed in Chambers 1995, that the porosity in each of the crack,

wasteform and backfill regions is spatially and temporally uniform.

The mathematical formulation of the system of transport equations for the model geometry

with the assumptions described above is as follows. Firstly defining Ic to be the total

radionuclide inventory per unit volume in the cracks (mol m'3). Then the diffusion,

dispersion advection equation for radionuclide transport in the cracks is derived from a

generalisation of Fick's law (Bergmann and Schafer, 1990), treating the crack as a porous

medium and assuming a spatially uniform diffusion coefficient, including dispersion and

advection along the fracture and adding decay and transfer terms from the crack to the

waste and backfill:

dlr I • n d c r dcr r_ ._
— -̂ = (Z>c + dd)—£-q—£-- )J c +R [7.1]
at v c ™J dx2 H dx c

Here x is the spatial coordinate along the fracture and the terms in the equation are as

follows:

Ic - the total radionuclide inventory per unit volume in the cracks (mol m~3)

cc - the aqueous radionuclide concentration in the crack (mol m"3 of porewater)

Dc - the intrinsic diffusion coefficient of the radionuclide in the crack (m2 s"1)

a - the dispersion length (m)

q - the Darcy velocity (m s"1)

X - the radioactive decay constant (s1)

R - the transfer rate of radionuclides between the crack and waste / backfill (mol m"3 s"1)

Since it is assumed that the cross-sectional concentration of the radionuclide in the cracks

is constant, and since Fickian diffusion is the only assumed transport mechanism from the

crack to the waste and backfill, the transfer rate R can be derived by integrating Fick's law

across the crack cross-section, to give

[7.2]
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where z is the spatial coordinate perpendicular to the crack orientation, and the remaining

terms are as follows:

h - the crack aperture (m)

Dw - the intrinsic diffusion coefficient of the radionuclide in the waste (m2 s"1)

DB - the intrinsic diffusion coefficient of the radionuclide in the backfill (m2 s"1)

cw - the aqueous radionuclide concentration in the waste (mol m"3 of porewater)

cB - the aqueous radionuclide concentration in the backfill (mol m"3 of porewater)

zw - the location of the interface between the crack and the waste

zB - the location of the interface between the crack and the backfill

In the waste and backfill, purely diffusion-driven transport is assumed so that

¥^ = Dw2-&-Mw, [7.3]

and

O CB

at

where Iw and IB are the total radionuclide inventory per unit volume in the waste and

backfill respectively (mol m"3).

Aqueous concentrations are taken to be solubility-limited with solubility limit clim, and

simple (reversible) linear sorption is assumed so that sorbed and aqueous concentrations

in each region of the repository (crack, wasteform and backfill) are related by

i

Si =0,

in the case / ; < aflim,
[7.5]

in the case / ; a: i

Here the index / = C, W, or B crack, wasteform or backfill) and sc, sw and sB are the

inventory of radionuclide per unit volume (mol m"3) in the relevant region. The linear

sorption coefficients ctc, aw and aB in the crack, waste and backfill, are derived by

assuming that the amount of radionuclide sorbed is in instantaneous equilibrium with the

aqueous concentration so that
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a, ~

where again the index i = C, W, or B and <#, p( and Kdt are the porosity, density and

distribution coefficient between the aqueous and sorbed phases of each region.

The transport equations 7.1 - 7.6 can be solved together with appropriate initial and

boundary conditions to determine the rate of release of radionuclides from the repository

to the host rock. Under suitably simple initial and boundary conditions, and assuming that

the aqueous concentration is inventory-limited (rather than solubility-limited) analytical

solutions to equations 7.1 - 7.6 exist. However for the solubility-limited case, equations

7.1 - 7.6 form a non-linear system of equations and numerical discretisation methods must

be used to find approximate solutions. The approach to solving the nonlinear system

outlined in Chambers (1995) is to de-couple the dissolution and precipitation processes

from the transport and to solve the system with a two-step approach, assuming that the

dissolution-precipitation equilibrium chemistry takes place at a much greater rate than the

transport.

Other methods to solve the fully coupled system do exist, for example operator splitting or

equilibrium manifold methods can be used. These methods are generally far more

computationally complex, so that if the assumption on the rate of the chemical processes

being significantly faster than the rate of transport is justified, great savings in

computational effort will be made.

Once the rate of release of radionuclides to the host rock has been determined by solving

7.1 - 7.6, a 1-D transport equation in the host rock can be solved to analyse the migration

of radionuclides from the repository. The transport equation in the host rock is similar to

equation 7.1,

[7-71

where the subscript R refers to parameters in the host rock, and is solved with boundary

conditions corresponding to the solution of 7.1 - 7.6 which reflect the supply of

radionuclide to the region. Again it is assumed here that the host rock is of a spatially and

temporally uniform porosity.

The derivation above is based on the assumption of a single fracture in the repository, but

can be extended to the case of multiple parallel fractures in the repository by a suitable
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parameter scaling and using symmetry arguments (Chambers and Gabriel, 1994). The

assumption that the fractures are all parallel is fair if it is only assumed that fractures form

by the first mechanism (wasteform separation from the backfill) and if all the wasteforms

are positioned parallel to one another. However if further fracturing mechanisms are to be

included in alternative directions to the crack orientation, then further equations similar to

equation 7.1 must be included to describe the transport in these fractures. Since these

fractures would be resident in the backfill, there would be no transfer of radionuclides

across these fractures between the waste and backfill, only transfer from one backfill

region to another. Such additional fractures would break the symmetry of the original

system a require additional equations for each fracture, or each independent system of

parallel fractures, to be solved rather than combining them all into one equation using the

symmetry and scaling technique. This results in a larger system of equations with

analogues of equations 7.1 - 7.6 for every simulated fracture or fracture system.

In addition to the above comments on multiple fractures, it is also the case that separately

simulating multiple fractures in the repository may lead to more conservative estimates of

radionuclide migration in the host rock if the host rock is treated as a 2-D/3-D

heterogeneous medium. In this case, the groundwater flow in the host rock can be highly

spatially variable and allowing multiple fractures in the repository, and hence multiple

radionuclide input sources to the host rock, increases the possibility of simulating

advantageous pathways for radionuclide migration within the host rock. Likewise, other

host rock properties that can greatly affect radionuclide migration, such as porosity,

density and Kd can also be treated in a heterogeneous manner.

An example of such possible advantageous pathway migration in a 2-D heterogeneous

region is shown in the Figures 7.2 - 7.9. Here it is assumed that the repository lies in host

rock region, simulated in 2-D, in which two large fractures are present (Figure 7.2). The

groundwater flow in the region is significantly faster (by several orders of magnitude) in

the host rock fractures than in the remainder of the host rock region. Hence any

radionuclide transport in the region is expected to be advection dominated in the host rock

fractures, and diffusion dominated in the remainder. The repository is assumed to be

situated away to the left of the intersection of the two host rock fractures. The evolution of

the radionuclide migration is shown in Figures 7.2 - 7.9.

It is assumed that three, non-parallel, fracture pathways from the repository to the host

rock are present. In this example we treat the radionuclide source as a constant decaying

term and do not specifically solve for flow in the fractures in the repository. Instead, the

repository is treated as a porous medium and repository fractures are treated as regions of

higher hydraulic conductivity, porosity and diffusivity than the adjacent wasteform and
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backfill regions. In a more advanced example it would be better to solve a 2-D analogue

of the system of equations 7.1 - 7.6 for radionuclide transport in the repository, but the

simplification suffices for this demonstration.

As can be seen in Figures 7.2 - 7.9, migration of radionuclides away from the repository

is initially slow, whilst flow is predominantly diffusion driven through the repository

fractures and host rock local to the repository. The radionuclides migrating through the

right-most repository fracture are quickly affected by the nearby faster flowing

groundwater through the host rock fracture and advection dominates this migration pattern

here, whilst the other migrations remain local to the repository. Eventually the

radionuclides are transported sufficiently far down the neighbouring host rock fracture

and meet the faster flowing host rock fracture and the host rock fracture intersection, when

faster migration occurs along the faster pathway.

The advantage of simulating the host rock as a 2-D heterogeneous medium is clear in

identifying the potential migration differences along the preferential fast migration

pathways, and through neighbouring tight host rock with no possible fast pathways, and

allows for a more advanced and conservative sensitivity analysis than would be possible

using a 1-D approximation.

The groundwater flow and radionuclide transport equations were solved using the

Quintessa codes Darcy2D and MaTADoR, flexible object based packages that can easily

be modified to incorporate multiple heterogeneous and anisotropic physical phenomena

and a variety of transport properties.

It is recommended that a combination of the approached outlined above, that of Chambers

(1995) together with the heterogeneous, non-symmetric 2-D enhancements, should be

utilised in the performance assessment calculations for SFR.
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Figure 7.2: Groundwater flow is predominantly in the host rock fractures marked in

red, from left to right. The flow in the path from bottom left to middle right is

approximately twice as fast as that in the other path. Elsewhere groundwater flow is

several orders of magnitude smaller, from left to right. Solution computed using the

Quintessa code Darcy2D.
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Figure 7.3: Radionuclide concentration plots, 0 and 1 year. Migration via repository to

host rock fractures begins.
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Figure 7.4: Radionuclide concentration plots, 2 and 4 years. Migration is

predominantly diffusion driven.
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Figure 7.5: Radionuclide concentration plots, 8 and 16 years. Migration from the right-

most repository fracture begins to be affected by the neighbouring advective groundwater

flow path. Migration from the other two repository fractures is by diffusion.
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Figure 7.6: Radionuclide concentration plots, 32 and 64 years.
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Figure 7.7: Radionuclide concentration plots, 128 and 256 years. Migration in the host

rock fracture is clearly greater than in the remainder of the host rock.
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Figure 7.8: Radionuclide concentration plots, 512 and 1024 years. Radionuclide

migrates to the host rock fracture intersection and begins to travel along the faster path.
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Figure 7.9: Radionuclide concentration plot, 2000 years. Significant radionuclide

migration is observed along the fast path. Whereas diffusion-migrated radionuclides

remain close to the repository.
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8 Conclusions

The sorption behaviour of radionuclides in cementitious systems has been reviewed in

detail. The evolution of cementitious systems is taken into account by recognising several

key stages in cement degradation and the main characteristics of each of these stages.

Based on relevant experimental sorption data and existing sorption databases, best

estimates of K,, values have been provided for sorption of different radioelements on

cement/concrete and on corrosion products of iron without the presence of waste-derived

organic degradation products present. These best estimates are presented again as Tables

8.1 (cement/concrete) and 8.2 (corrosion products).

The available evidence from experimental work carried out on the influence of organic

materials on the sorption behaviour of radionuclides, indicates that most organic

degradation products will not affect sorption significantly at the concentrations expected in

a cementitious repository. The notable exception to this conclusion involves the

degradation products of cellulose and, in particular, polycarboxylic acids represented by

iso-saccharinic acid (ISA). Results using ISA indicate a significant reduction in sorption

of Pu, by several orders of magnitude, for an ISA concentration of about 10*3 M. More

recent results by Van Loon et al. (1997) indicate that the negative effect is not as great,

though still significant.

Therefore, some scoping calculations are advisable to determine how realistic an ISA

concentration of about 10'3 M would be for the SFR-1 repository and to estimate

concentrations of other relevant organic compounds, in particular EDTA, for comparison.

The impact of ISA on the sorption of Pu and other actinides has been shown to decrease

substantially as its concentration decreases.

Scoping calculations relevant to the longevity of hyperalkaline pore fluid conditions at

SFR have been carried out. SKB data for concrete composition and groundwater

composition and flux suggest that the duration of high pH could be in the range of 35 000

- 105 000 a, depending upon precise groundwater flow rates. These calculations include

effects of reaction with organic degradation products (conservatively assumed to consist of

50 % CO2 and 50 % CH4) and bicarbonate ions present in groundwater. These

calculations assume homogeneous distribution of concrete throughout the SFR repository,

whereas consideration of each waste vault separately suggests that release of radionuclides

from the BLA vault may not be limited by sorption or solubility under hyperalkaline

conditions and could be subject to pH conditions of ambient groundwater (pH 7-9)

shortly after repository closure.
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Table 8.1: Best estimate Kd values for sorption on cement/concrete under reducing

conditions and without waste-derived organic complexants present.

Element

C

a
Ni

Se

Sr

Zr

Nb

Tc(IV)

Pd

Sn

Cs

I

Best Estimate Kd Value

(m3lkg)

Stages I/II

0.5

0.001

0.1

0

0.005

5

0.5

1*

0.5

0.5

0.001

0.02

Stage III

0.01

0

0.01

0

0.005

1

0.1

1

0.1

0.1

0.005

0.001

Element

Ra

Pb

Ac

Th

Pa

U(IV)

Np (IV)

Pu

Am

Cm

Best Estimate Kd Value

(m3/kg)

Stages I/II

0.05

0.5

5

5

0.5

5

5

5

5

5

Stage III

0.05

0.1

1

1

0.1

1

1

1

1

1

Table 8.2: Best estimate Kd values for sorption on canister corrosion products.

Element

C

a
Ni
Se

Sr

Zr
Nb

Tc(IV)

Pd

Sn

Cs

I

Best Estimate Kd Value

(m3/kg)

0

0

0.5

0.0005

0.005

1

0.5

1

0.5

0.5

0.001

0

Element

Ra

Pb

Ac

Th

Pa

U(IV)

Np (IV)

Pu

Am

Cm

Best Estimate Kd Value

(m3/kg)

0.1

1

10

10

0.5

1

1

5

10

10
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Hyperalkaline pore fluids derived from saturation of the repository cementitious materials

have the potential to react with other engineered barrier materials (bentonite, bentonite-sand

mixes, waste packages) or even the surrounding host rock at SFR. Available (generic)

data suggest that although bentonite alteration may occur over relatively short timescales

(1000 years), the scale of alteration is likely to be self-limiting due to the filling of porosity

by secondary minerals. The types of minerals which precipitate (zeolites, CSH phases)

are unlikely to lower the sorption capacity of the bentonite for radionuclides and the

porosity and permeability are likely to be lowered as a consequence. However, the

bentonite may lose its plasticity due to cementation by neo-formed minerals. SFR-specific

calculations may be relevant to assess the relative importance of such processes.

The potential for concrete at SFR to be attacked by sulphate (either from groundwater or

from degradation of ion exchange resins) has been reviewed. The increase of solids

volume induced by the conservative assumption of conversion of all aluminium in the

concrete to ettringite would result in approximately half of the available porosity in the

concrete being filled. Gypsum could also be precipitated in concrete under attack by the

most sulphatic groundwaters envisaged to occur in Sweden, but 18 Ma would be required

to fill all the available porosity by conversion of portlandite to gypsum. Degradation of

ion exchange resins in the waste could produce additional sulphate for sulphate attack of

the concrete. However, available literature data indicate that ion exchange resins are likely

to be inert under SFR conditions (high pH, low temperature, low radiation fields). This

review suggests that sulphate attack of concrete at SFR is unlikely to be important given

the chemical compositions of concrete and groundwater and the inert behaviour of ion

exchange resins under plausible disposal conditions.

Additives have been used in concretes employed in the SFR repository. From available

data, it seems that the sulphonated naphthalene formaldehyde condensate (NS) type of

superplasticiser predominates at SFR, particularly in the silo and BMA components of the

repository. Superplasticiser molecules may complex with radionuclides, thus impacting

upon sorption and solubility behaviour. Although quantitative data are few, there is

experimental evidence that the solubility of the actinides can be enhanced by several orders

of magnitude, albeit with unrealistically high concentrations of superplasticiser in

experimental solutions. There are even fewer data describing sorption behaviour, but

evidence suggests that superplasticisers only marginally impact upon sorption. Leaching

of superplasticisers from hardened cement pastes is likely to be minimal, thus questioning

whether the presence of superplasticisers would have any effect on the long-term safety of

a facility such as SFR. However, there seems to be a shortage of information concerning

the teachability relevant to the cement and superplasticiser compositions used at SFR. It is

recommended that further research be acquired in this area.
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It is likely that fracturing will occur with time in the structural and backfilling

cement/concrete in SFR as a result of: weak bonding between waste packages and backfill;

differential stress between the rock mass and repository volume; volume reduction through

leaching by groundwater of the more soluble chemical components of the cement; or by

pressure build-up derived from the generation of gas by metal corrosion and waste

degradation. Fractures will tend to be a focus for fluid (gas and water) flow since they will

have a higher permeability than the surrounding concrete matrix. The bulk of the fluid

flow may thus occur through the fractured regions so that transport in the matrix would be

by diffusion only. Consequently, chemical conditioning of pore fluids in the repository

may be changed due to reduced fluid residence times and transport of radionuclides out of

the repository may also be affected. It is suggested that SKi adopt the approach taken by

UK Nirex Ltd. to address the effect of fracturing upon radionuclide transport. A

theoretical scheme for addressing fracture transport of radionuclides is suggested which

could be addressed in more detail in future studies.
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