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ABSTRACT

Intentional and accidental releases have contaminated the environment with
radionuclides, posing a potential health hazard to populations of the polluted regions.
Low concentrations of the actinides in the environment and complex sample matrices
have made their determination a time consuming and complicated task. Separation
methods based on anion exchange and extraction chromatography were developed,
and subsequently modified, for analysis of different sample matrices in this work.
These methods were used for the investigations of the behaviour of actinides in the
environment.

Chemical properties play an important role in the phenomena affecting the
migration of radionuclides. The method based on anion exchange was used to study
the behaviour of U in a small U-Th deposit and also the behaviour of Pu, Am and Cm
in a lake system after the Chernobyl accident. The speciation of U and Pu in natural
waters has also been investigated.

A trend of higher 234U/238U activity ratios with lower 238U concentrations was
seen in the ground waters in the Palmottu analogue study site in southern Finland.
This indicates chemical leaching of U(VI) in oxidising conditions and preferable
dissolution of 234U due to the recoil effects of the alpha decay in reducing conditions.
The factors affecting the distribution of U concentrations and the 234U/238U activity
ratios in filtered ground water and the particulate fraction in the Palmottu are also
discussed.

The concentrations of Pu, Am and Cm in filtered water, particulate and
surface sediment samples in Lake Paijanne in southern Finland have been determined.
Pu, Am and Cm fallout from the Chernobyl accident was minor compared to global
fallout from atmospheric nuclear weapon tests. Based on the 238Pu/2 '240Pu isotopic
ratio, only 10% of the Pu in the surface layer of the bottom sediment derived from the
Chernobyl accident. Three months after the accident, 73% of the total 239>24Opu

concentration was in the surface layer of the bottom sediment (0-1 cm), 24% in
filtered water and 3% in the particulate fraction (diameter > 0.45 mm).

The redox equilibrium of Pu in lake and sea waters studied here is dependent
on the amount of organic substances and the presence of H2S in these waters. In sea
water, Pu(nMV) dominates only when H2S is present in reducing conditions whilst in
lake waters, 73-82% of the Pu exists in the lower oxidation states due to the
stabilisation of Pu(III+IV) with organic substances.

In this work, the main property affecting the speciation of U in ground waters
is the salinity. U is present as U(IV) only in highly saline ground waters where
reducing conditions prevail. In low salinity waters, even in reducing conditions with
low oxygen concentrations, 83-98% of U was in the oxidised form.

The method based on extraction chromatography was successfully applied
during the certification process of Th, U, Pu and Am concentrations in bone ash
samples, prepared by the National Institute of Standards and Technology. This rapid
and simple method, when compared to the anion exchange procedure, produces
dramatically less waste during the separation and purification of each actinide
element. Pure spectra, coupled with high and reproducible recoveries, have been
achieved for Th, U, Pu, Am and Cm. The mean recoveries for five replicate analyses
of bone ash were 89 ± 3%, 86 ± 5%, 81 ± 5% and 87 ± 4% for Th, U, Pu and Am,
respectively.
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Science is nothing but trained and organised common sense.

Thomas Huxley

Common sense is the collection of prejudices acquired by age eighteen.

Albert Einstein
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1. INTRODUCTION

Actinides are heavy metals with atomic numbers ranging from 90 through to 103.

Most of their isotopes are alpha active with long half lives, and are therefore very

radiotoxic.1 These elements can be enriched through numerous food chains, prior to

human digestion and even in small amounts can cause health hazards.2

The atmospheric nuclear weapon tests have produced a global fallout

detectable in different parts of the world. The use of nuclear power in energy

production also creates actinides which might be released to the biosphere during

different activities of the nuclear fuel cycle. The consequences of the nuclear power

plant accident at Chernobyl in the former Soviet Union increased interest in the

behaviour of radionuclides in the environment and on their hazards to the ecosystem.

Chemical properties play an important role in the phenomena affecting the

migration of radionuclides. Dissolution, precipitation, complex formation etc., are

strongly dependent on the nature and the chemical forms of the radionuclides

concerned.3'4 Speciation is becoming increasingly important, both in the behaviour

studies of actinides in the environment and in safety assessments of the nuclear fuel

cycle.

Two main subjects are included in this work, (i) the method development for

the determination of actinides in environmental samples and (ii) the use of these

methods for the studies of the environmental behaviour of actinides.

The concentrations of actinides in the environment are very low. Special

procedures are needed for preconcentration and separation of these nuclides from

different matrices and from each other. The most commonly used separation methods,

coprecipitation, anion exchange and solvent extraction, were developed decades

ago.5'6 These methods are time consuming and produce variable but usually large

amounts of strong acid and organic wastes, as demonstrated later. One aim of this

work was to develop a simple, rapid method for the sequential separation of Th, U,

Pu, Am and Cm, which can easily be adapted to different environmental matrices. The

need for rapid techniques in the determination of radionuclide concentrations in the

environment was emphasised when a large number of samples had to be analysed all



over Europe after the Chernobyl accident. Environmental monitoring for safeguards

applications has also increased demands for method development due to the large

sample throughputs required by these projects.

As a result of the fallout from the Chernobyl accident, actinides, among other

radionuclides were released to the environment. Although the amounts were small,

this gave a good opportunity to study their spreading mechanisms, migration and

speciation in the natural environment. The method based on anion exchange was used

in the studies for the behaviour of Pu, Am and Cm in Lake Paijanne in the southern

part of Finland after this accident. The concentrations of Pu, Am and Cm and the

oxidation states of Pu have been determined in lake water in Paijanne and in the

brackish water of Gotland deep in the Baltic Sea.

The speciation of U in natural waters has also been investigated. The study

site in Palmottu, south-west Finland, a U-Th deposit, has been used to study the

behaviour of U in ground waters as a natural analogue for a spent nuclear fuel

repository, deep in the bedrock. The concentrations and the oxidation states of U have

also been determined in ground waters in other parts of Finland. As actinides in the

same oxidation state have similar chemical behaviour, these results can be applied

when predicting the behaviour of other actinides in similar environmental conditions.

Radionuclides released to the environment can be enriched to humans through

numerous food chains. Bone is an important biological sink for actinides, the result of

which is the increased risk of bone cancer and leukaemia.7"10 The separation method

based on extraction chromatography was used for the determination of Th, U, Pu and

Am in bone ash during the certification procedure for a standard reference material,

prepared by the National Institute of Standards and Technology (NIST).

The results obtained are reported in publications I to V with some additional

information presented here.



2. CHEMICAL PROPERTIES OF ACTINIDES

The elements between thorium and lawrencium in the periodic table are called

actinides. This series has similarities with the lanthanides, which begin from cerium

and end with lutetium. The prototypes for these series are elements with atomic

numbers 57 (lanthanum) and 89 (actinium). In the actinide elements, the 5f electron

shell is filled, analogous to the 4f shell in the lanthanides. This theory was first

postulated by Seaborg as early as 1945, and is called the Actinide Theory.1'11'13 The

actinides discussed in this work are Th, U, Pu, Am and Cm.

Uranium and thorium were the first actinide elements known and are naturally

occuring. After neptunium and plutonium were discovered during fission

investigations in the early 1940's, great interest was directed towards studies of the

chemical behaviour of actinides, initially in the United States and then later also in the

Soviet Union and the United Kingdom. The last actinide, lawrencium (atomic number

103), was discovered in 1961 by a group of scientists in the United States.5'11

2.1 Oxidation states of actinides

While most of the lanthanide isotopes are stable, actinides exhibit only radioactive

isotopes. The chemistry of the actinides is relatively complicated. They can exist in

many different oxidation states. These are presented in Table 1, the most stable (in

solution) highlighted with bold numbers. Some of these oxidation states can exist only

in solid compounds, not in solution, and are presented in parentheses.1



Table 1. The oxidation states of the actinide elements.1

Th

(3)

4

Pa

(3)

4

5

U

3

4

5

6

Np

3

4

5

6

7

Pu

3

4

5

6

7

Am

(2)

3

4

5

6

Cm

3

4

Bk

3

4

Cf

(2)

3

(4)

Es

(2)

3

Fm

2

3

Md

2

3

No

2

3

Lr

3

Plutonium has the most complicated redox behaviour of all the actinides. It can

simultaneously exist in four different oxidation states IH, IV, V and VI in solution, as

the species Pu3+, Pu4+, PuO2+ and PuO22+ respectively.14"19 All these oxidation states

undergo hydrolysis reactions in dilute acid solutions. The tendency increases in the

order PuO2
2+ < Pu3+ < Pu4+. Results for PuO2

+ were not presented in this study.20

Pu4+ is a highly charged ion and forms stable complexes with many

complexing agents. It forms very stable polymers by hydrolytic reactions, which are

difficult to decompose back to the the ionic form. Pu4+ and especially PuO2
+ have a

strong tendency for disproportionation into higher and lower oxidation states.!6'21"23

All four oxidation states of plutonium can be found in the environment.

The most stable oxidation state for both Am and Cm in acid solutions is III and

therefore they resemble lanthanides in their chemical behaviour.16'24'25 Thorium has

only one oxidation state in solutions, Th +. '26 Uranium exists primarily as UO2
2+.

Under reducing conditions U4+ is also present, but it is slowly oxidised to UO2
2+ by

O2.
16'27 In the environment, the aforementioned nuclides are mainly present as

Am(in), Cm(III), Th(IV), U(IV) and

2.2 Complex formation of actinides

Actinides in the same oxidation state have similar chemical behaviour. The ability for

complex formation of the different actinide oxidation states decreases in the order of



M4+ > MO2
2+ > M3+ > MO2

+.16'28"30 Because of the strong acidic properties of actinide

cations, they form stronger complexes with strong bases than with weak bases. For

example the complex forming ability of plutonium with some anions decreases in the

order CO3
2" > C2O4

2" > SO4
2' > F" > NO3" > Cl" > C1O4\

16

In the environment, complex formation of actinides plays an important role in

their speciation.3'4'31 In natural waters, carbonate and bicarbonate are sometimes found

in significant concentrations and strong complexes with actinides can be formed.32

Complex formation can also stabilise oxidation states that would otherwise not be

stable under environmental conditions. Other complexing agents in natural waters are

organic compounds, especially humic and fulvic acids, OH", HPO42', F", Cl" and

SO 2- 4,33-36



3. BEHAVIOUR OF ACTINIDES IN THE ENVIRONMENT

Th and U are the only primordial radionuclides of the actinides which are present in

significant concentrations. Pu, Am and Cm are prepared from U by bombardment with

neutrons or other particles. As a result of neutron capture and radioactive decay

reactions, large amounts of isotopes are formed.37 The most common actinide isotopes

investigated in environmental studies are listed in Table 2, together with their

radiological properties.38

Table 2. The radiological properties of the most common Th, U, Pu, Am and Cm

isotopes investigated in environmental studies.38

Nuclide

Th-228

Th-230

Th-232

U-234

U-235

U-238

Pu-238

Pu-239

Pu-240

Pu-241

Am-241

Cm-243

Cm-244

Tw (a)

1.913

7.54 • 104

1.405 • 1010

2.455 • 10*

7.038 • 10s

4.468 • 10y

87.74

2.411- 104

6563

14.35

432.2

29.1

18.10

Ea(MeV)

5.42, 5.34

4.69, 4.62

4.01, 3.95

4.78, 4.72

4.40

4.20

5.50, 5.46

5.16, 5.14

5.16, 5.12

p-emitter

5.49, 5.44

5.78, 5.74

5.81, 5.76

Origin

natural*

natural**

natural (100%)

natural (0.005%)

natural (0.7%)

natural (99.3%)

artificial

artificial

artificial

artificial

artificial

artificial

artificial

* daughter from Th-series

** daughter from 238U-series



3.1 The sources of actinides in the environment

232Th, 238U and 235U are primordial radionuclides which are still present from the time

of the formation of the earth. 234U and 228Th are decay products of 238U and 232Th,

respectively.39 The artificial radionuclides are man-made and disseminated in nature

from various operations. Some of the artificial nuclides could have been present at the

time of the earth's formation, but their half lives are too short for them to have

survived until present.

The main sources have been atmospheric nuclear weapon tests performed by

countries undertaking nuclear programmes. As the fallout from the explosions rose up

to as high as the stratosphere, the radioactive fallout was spread globally. Other

significant sources of Pu, Am and Cm in the environment are releases from the

nuclear fuel cycle and fallout from nuclear accidents, the most important of which was

the accident at the nuclear power plant at Chernobyl in the Soviet Union.40'47 Global

inventories of the Pu isotopes released to the northern hemisphere during nuclear

weapon testing and the burn up of a transit navigational satellite (SNAP 9A) on re-

entry to the atmosphere in 1964 are presented in Table 3.42'48 The estimated releases of

actinides from the Chernobyl accident are also included.49



Table 3. Global inventories of 239l240Pu and 238Pu fallout from nuclear weapon testing

and SNAP 9A satellite burn up48 and the estimated actinide releases from the

Chernobyl accident.49

Source

Nuclear weapons
239,240pu

238pu

SNAP 9A burn up
2 3 8 p u

Chernobyl accident
238Pu
239pu

2 4 0Pu
241pu

242Pu

242Cm

Activity (Bq)

9.5 • 1015

2.3 • 1014

1.1- 1014

3.7-10 1 2

3.7 • 1012

7.4 • 1012

7 .4 -10 ' 4

1.1-10'°

1.1-1014

3.2 Behaviour in aquatic environments

Many of the actinide nuclides have long half lives, and therefore can be considered

possible long-term hazards in the environment. Their migration behaviour in bedrock,

clay and deep sea sediments is of special interest due to the necessity of safety

assessments in nuclear waste management. One transport mechanism in the

environment is through aquatic systems. This fact has led to an increased interest in

actinide behaviour in natural waters.

Plutonium is the most thoroughly investigated artificial radionuclide of all the

actinides. Its behaviour is also the most complicated due to the four different

oxidation states in which it may exist in nature. This property has been used to



evaluate the behaviour of the other actinides in similar oxidation states. Numerous

publications have dealt with the behaviour of Pu in the aquatic environment.50"64

When released to natural waters, Pu is rapidly transported to sediments.

Usually, less than 5% is found in solution.45'65'66 Different results are given by

Sanchez et. al. who reported that in Norwegian coastal waters 75% of the expected

fallout Pu was found in the water column. They think this is likely to be attributed to

the high concentrations of humic substances found here, which strongly complex

reduced Pu in the anoxic conditions of the bottom waters.67

In marine waters under oxidising conditions, the dissolved Pu is primarily

found in the higher oxidation states Pu(V+VI), but in fresh water lakes Pu(IH+rV)

may dominate. This results from the strong complex formation of the lower oxidation

states with organic substances in fresh waters.68'69

Am and Cm exhibit a similar behaviour to one another in the environment.

They both exist in the oxidation state m and are relatively immobile in nature.70'71

Only few studies have been carried out dealing with Cm72"74 because of the relatively

short half lives of 242Cm and 244Cm, 163 d and 18.1 a, respectively.38

The naturally occuring isotopes of U and Th are found in varying

concentrations all over the earth's crust. Th, which exists only as Th4+, is considered

as rather immobile in the environment. It is mainly transported as insoluble forms. In

natural waters it is tightly bound to particulate surfaces and removed from the water

column rapidly by sedimentation processes.66

Under oxidising conditions UC>22+ is the dominating chemical form of U in the

environment. It is soluble in natural waters and forms strong complexes with

carbonate ions, making it rather mobile in the environment.37'75

Anomalously high concentrations of Th and U are found in different parts of

the world. By geological processes, these elements are enriched in some areas, and are

now used to study the migration behaviour of Th, U and other analogous elements in

the environment.76"78 In Finland, a small U-Th mineralisation in Palmottu is used as a

natural analogue study site for evaluating, e.g. the behaviour of U in natural waters.79
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3.3 Useof isotopic ratios

The ratios of different actinide isotopes vary depending upon their origin. Radioactive

fallout from the atmospheric nuclear weapon tests have a different composition than

releases from reprocessing facilities or fallout from nuclear power plant accidents.

Some other nuclear accidents have also affected the isotopic composition of actinides

in the environment on a more local scale.80

These differences in the isotopic ratios can be used to hypothesise the origin of

the contamination. The radioactivity ratio of 238Pu/239>240Pu is used for this purpose,

but several others, e.g. 24IPu/239'240Pu and 239Pu/240Pu can also be used.55'59'81"84 Holm

et. al have reported radioactivity ratios for 238Pu/239>240Pu in releases from nuclear fuel

reprosessing plants, nuclear tests, fallout from the Chernobyl accident and weapon

grade plutonium to be 0.25, 0.026, 0.47 and 0.014, respectively.43 In 1986, in the

working document of the IAEA Experts' meeting on the consequences of the

Chernobyl accident, a value of 0.55 was reported for the activity ratio of
238pu/239,240pu r d e a s e d t Q t h e a i r 85 A c c o r d j n g t o p a a t e r 0 e t a L m e 238pu/239,240pu

activity ratio in the top parts of lichen samples, used as a measure for the fallout, was

0.54 ± 0.02 in Finland after the Chernobyl accident.86

The radioactivity ratio of 234U/238U is also used in environmental radioactivity

studies. The disequilibrium in the natural 238U series is caused by the different

chemical and physical behaviour of the daughter nuclides in this decay chain. 4U can

be more soluble in natural waters than its parent 238U due to the alpha-recoil

mechanism, causing preferential dissolution of 234U to the water phase.(I)75'87"91 The

differences in the 234U/238U activity ratio are used in hydrology to distinguish water

masses from different origin and to study their flow rates and mixing volumes, e.g. in

ground waters.75'92"98
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4. DETERMINATION OF ACTINIDES IN ENVIRONMENTAL

SAMPLES

The concentrations of the artificial actinides in the environment are very low. Large

sample sizes and long separation procedures are therefore required to analyse for the

activities of Pu, Am and Cm in natural matrices. U concentrations are generally

higher, thus simplifying the determination methods for this element. The average

uranium concentration in sea water, according to Ivanovich and Harmon is 3.3 ppb,

corresponding to 41 mBq/1 . These authors also reported the typical U concentrations

in surface and ground waters which were 0.01 to 5 ppb (0.1 to 62 mBq/1) and 0.1 to

500 ppb (1 mBq/1 to 6 Bq/1), respectively.75

Most of the actinides of environmental interest are alpha emitters and can be

measured with alpha spectrometric techniques. The detection limits with these

methods are very low, although thin, uniform and almost weightless alpha sources are

essential to achieve high quality spectra. Pure fractions for each element are also a

necessity due to the overlapping alpha energies for several isotopes (see Table 2).99'100

Determination methods for the actinides in environmental samples can be

divided into five steps:101'102

1. Sampling and sample pretreatment

2. Preconcentration and/or dissolution

3. Chemical separation

4. Source preparation

5. Measurement and data evaluation.

Descriptions of the methods used in this work for studies on the behaviour of

actinides in natural waters are given in more detail below.(I, II, HI) A method

developed here based on extraction chromatography for the separation of Th, U, Pu,

Am and Cm in environmental samples is also presented.(IV, V) All of these methods

are based on combinations of published procedures. However, they were substantially

modified to take into account the specific requirements of this work.
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4.1 Sampling and sample pretreatment

Sampling is the initial step in the determination procedure. The size and the

number of samples, as well as the sampling sites must be carefully planned to get

representative results for the materials and radionuclides concerned.103'104 Due to the

complicated separation procedures employed for actinide studies, the amount of

samples or subsamples is often limited by economic resources.

In this work, filtered water, particulate and sediment samples for Pu, Am and

Cm analyses and filtered water for the determination of the oxidation states of Pu were

collected from Lake Paijanne, starting from August 1986, three months after the

Chernobyl accident (see Fig. 1).(H, III) The oxidation states of Pu were also

determined in sea water samples collected from the Gotland Deep in the Baltic Sea in

1985. The volumes of the water samples were between 150 and 400 1. The details for

the sediment sampling are presented elsewhere.105

The speciation of U in ground water was investigated in the Palmottu analogue

study site. Ground water samples were taken from several drill holes in this area

during 1988-1991.(1) The sampling methods used are discussed in publication I, by

Nurmi and Kukkonen106 and by Laaksoharju et al.107 The concentrations and the

oxidation states of U in ground waters were also analysed in other parts of Finland, i.e.

Lavia, Outokumpu, Kuhmo and Sievi. The sample sizes for these analyses varied from

70 ml to 2 1. The sampling locations are presented in Figure 1. U concentrations and

the oxidation states of U were also analysed in the Gotland Deep in the Baltic Sea,

where the sample sizes ranged from 12 to 191.

Sample pretreatment was carried out in the field to minimise any changes in

the composition of the actinides. The water samples were filtered through 0.45 \xm

filters; the particulate and the filtered water fractions were analysed separately. The

filtrates were acidified as soon as possible during or after the sampling to avoid loss of

the actinides to the walls of the sample containers.(I, II, III)
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Figure 1. The sampling locations in Finland. 1 = Palmottu, 2 = Sievi, 3 = Lavia, 4 =

Outokumpu, 5 = Kuhmo, 6 = Lake Paijanne.

U(IV) is slowly oxidised to U(VI) when it is in contact with air.15'27 The water

collected for the separation of the oxidation states of U was therefore kept under a

nitrogen or argon atmosphere during the sampling until the separation of the oxidation

states was achieved.

The tracers were added to the samples in the field when possible. In most cases

these were 242Pu, 243Am and 232U. The 243Am tracer was also used for Cm analyses

except for the sediment samples, where the Cm yield was checked with 244Cm.(I, II,

]H) In the work done by Paatero at the Laboratory of Radiochemistry of the University

of Helsinki, no fractionation of Cm from Am was observed during the separation

procedure used.108 The addition of an isotopic tracer for Cm was therefore not

necessary.
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For the analyses of Pu oxidation states two tracers were used. 236Pu was added

to the sample as Pu(VI) and 242Pu as Pu(IV).(II, HI)109 In most cases, less than 1% of

each tracer was found in the opposing fraction. The laboratory experiments for the

separation method of the oxidation states of U showed that U(FV) was quantitatively

separated from U(VI) by NdF3 coprecipitation.110 232U tracer was therefore added to

both the U(IV) and U(VI) fractions in the laboratory after filtering the coprecipitated

U(IV) from the sample.(I)

Particulate samples on the filters were air dried. Sediment samples were dried

in an oven (105 °C) and homogenised before chemical separation.(II, III)

A separation method, based on extraction chromatography, was used for the

determination of actinides and strontium in bone ash. This bone ash was prepared by

NIST with the aim to certify it as a reference material.(IV, V) The sample

pretreatment procedure is described by Krey et al. elsewhere.111

4.2 Preconcentration and dissolution

Preconcentration is necessary for large volume water samples. In this work the

preconcentration of Pu, Am and Cm from lake water (150 1) was performed using

coprecipitation of these nuclides with Fe(OH)3 by adding 7.5 g of Fe(NO3)3 • 9 H2O

(about 7 mg/1 of Fe3+) to the sample. The pH was adjusted to about 7 with 11 M

NH3.112'114 NdF3 coprecipitation was used for the preconcentration of U from the

water samples115"116 and for separating Pu(IH+rV) from Pu(V+Vi)68 and U(IV) from

U(VI).117 In acidic solutions, actinides in the lower oxidation states IE and IV are

coprecipitated with lanthanide fluorides while the higher oxidation states V and VI

stay in solution.118 The lower oxidation states in and IV have similar ionic size

compared to lanthanides while the V- and Vl-valent actinides are di-oxygenated

cations (e.g. AnO2
2+), which do not fit into the crystal lattice positions because of their

larger size. For the total U concentration analyses U(VT) was reduced to U(IV) with

TiCb before the coprecipitation.(I, II, III)

The precipitates were separated from the samples by filtering them through

0.45 \im Millipore filters or filter cartridges. The higher oxidation states of Pu were

reduced with (NH4)2Fe(SO4)2 • 6 H2O and U(VI) with TiCl3 before another NdF3
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coprecipitation and filtration. The precipitates were then dissolved by boiling the

filters in a mixture of 14 M HNO3 and 12 M HCl. 12 M H2O2 was used to destroy any

organic compounds present. Some H3BO3 and A1(NO3)3 were added to the NdF3

precipitates on the filter cartridges to accelerate the dissolution procedure.(II, III)

Particulate and sediment samples were digested by boiling them in a mixture

of 14 M HNO3, 12 M HCl and 12 M H2O2 for a minimum of 20 hours and then

filtering if necessary before the chemical separation of the actinides. Any insoluble

residues collected on the filters were discarded. (I, II, III)

The bone ash was dissolved by repeated treatments with 14 M HNO3 and

12 M H2O2 and the insoluble residues with 14 M HNO3, 24 M HF and 12 M

HC1O4.(IV, V)

4.3 Chemical separations

The purification of water, particulate and sediment samples and the sequential

separation of each nuclide of interest was carried out using methods based on anion

exchange.(I, n, m) The other method, developed in this work using extraction

chromatography was applied for the determination of actinides only in the bone ash

material.(IV, V)

4.3.1 Uranium

The U analyses from water and particulate samples were carried out by anion

exchange.119 The preconcentrated and/or dissolved sample was loaded onto a

preconditioned anion exchange column (Dowex 1x4, 50/100 mesh) in 10-20 ml of

12 M HCl. U and Th were adsorbed onto the column while most of the impurities

passed through. Th was washed from the column with 40 ml of 12 M HCl and the U

then eluted with 40 ml of 0.1 M HC1.(I)
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4.3.2 Plutonium, Americiutn and Curium

After preconcentration and/or dissolution of the water, particulate or sediment

samples, Pu was separated from Am and Cm by anion exchange.120'121 For sediment

analyses two additional purification steps, coprecipitation with CaC2C>4122 and

Fe(OH)3,'12 were necessary prior to the column separation.(II, III)

The separation scheme for the determination of Pu, Am and Cm from large

volume water samples is presented in publication JR. The clean-up step of Th from the

Am and Cm fraction was added to the procedure after some spectra had been

measured containing traces of Th. The detailed procedure used is presented below:

1. Sequential separation of Pu, Am and Cm

- Evaporate the sample almost to dryness, then redissolve in 100 ml of 8 M

HNO3.

- Add solid NaNC>2 to the sample to adjust the oxidation state of Pu to Pu(IV).

Heat the sample almost to boiling and let it stand for at least 30 minutes.

- Precondition 10-15 ml of anion exchange resin (Dowex 1x4, 50/100 mesh) with

30 ml of 14 M HNO3 and 50 ml of 8 M HNO3. Add to the sample and mix for

60 minutes.

- Transfer the mixture to a glass column and wash with 20 ml of 8 M HNO3.

Collect the solution for Am and Cm determination.

Wash the column with 80 ml of 8 M HNO3 and 150 ml of 12 M HC1 to remove

ThandU.

Elute Pu with 60 ml of 12 M HC1 where 5-10 ml of 1 M NH4I is added to reduce

PutoPu(IlI).

2. Purification ofthePu fraction

- Evaporate the iodine by heating the sample with 14 M HNO3.

Dissolve the sample in 10-20 ml of 8 M HNO3.

- Add solid NaNCh to the sample to adjust the oxidation state of Pu to Pu(IV).

Heat the sample almost to boiling and let it stand for at least 30 minutes.
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- Load the sample onto a preconditioned anion exchange column (10 ml of

Dowex 1x4, 50/100 mesh, preconditioned with 30 ml of 14 M HNO3 and 50 ml

of8MHNO3).

Rinse the column with 30 ml of 8 M HNO3 and 40 ml of 12 M HCl to remove

traces of Th and U.

- Elute Pu as in step 1.

3. Removal of Po from the Pu fraction in sediment samples

- Evaporate the iodine by heating the sample with 14 M HNO3.

- Evaporate the sample almost to dryness and redissolve in 5 ml of 2 M HCl.

- Run the sample through a column of crushed silver and wash with 10 ml of 2 M

HCl. Po is retained on the column while Pu passes through.

4. Removal of Fe from the Am and Cm fraction (see section 4.4)

- Evaporate the Am and Cm fraction almost to dryness and redissolve in 10-20 ml

of 12 M HCl.

- Precondition 20 ml of anion exchange resin (Dowex 1x4, 50/100 mesh) with 50

ml of 12 M HCl in a glass column.

- Transfer the solution to the column and wash with 30 ml of 12 M HCl. Fe is

retained in the column and Am and Cm run through it.

- Evaporate the sample almost to dryness and redissolve in 5 ml of 8 M HNO3.

- Add 10 mg of Ca-carrier and 0.8 g of oxalic acid. Heat gently.

Coprecipitate Am and Cm with CaC2C"4 by adding 11 M NH3 (to pH 1.5) and

filter the sample.

Incinerate the filtered precipitate (850 °C).122

5. Removal of lanthanides from the Am and Cm fraction (see section 4.4)

Dissolve the sample in 10-20 ml of 1 M HNO3 - 93% CH3OH.

- Precondition 10 ml of anion exchange resin (Dowex 1x4, 50/100 mesh) with 20

ml of 1 M HNO3 and 40 ml of 1 M HNO3 - 93% CH3OH in a glass column.
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Load the sample onto the column then wash with 20 ml of 1 M HNO3 - 93%

CH3OH, 160 ml of 0.1 M HC1 - 0.5 M NH4SCN - 80% CH3OH and 45 ml of

1 M HNO3 - 93% CH3OH.

Elute Am and Cm with 60 ml 1.5 M HC1 - 86% CH3OH.12U23

6. Removal of Th traces

Evaporate the sample almost to dryness and redissolve in 3 ml of 8 M HNO3.

- Precondition 3 ml of anion exchange resin (Dowex 1x4, 50/100 mesh) with

10 ml of 14 M HNO3 and 30 ml of 8 M HNO3.

Load the sample onto the column and wash with 4 ml of 8 M HNO3. Am and

Cm will run through the column while Th is retained.

4.3.3 Extraction chromatography

The procedures presented above are obviously time consuming and complicated,

especially in the case of Pu, Am and Cm separations. A large volume of problematic

waste is also produced. To overcome these problems a new method using extraction

chromatography was developed.

In solvent extraction, an ion is transferred from the aqueous phase to the

organic phase. This involves complex chemical changes with many interactions and

equilibrium processes. Extraction chromatography is a combination of liquid/liquid

extraction and the chromatographic technique. The mobile phase is an aqueous

solution and the stationary phase is an organic solution loaded onto an inert support.

In the majority of cases the compounds to be analysed, flowing through the column

with the eluent, form an extractable species at the boundary of the aqueous and

organic phases. The transfer of the species between the phases happens

simultaneously with the complex formation or association processes.124'125

Philip Horwitz and co-workers have developed special extraction

chromatographic resins for the separation of actinides from different sample matrices.

They are commercially available from Eichrom Industries, Inc., U.S.A. These resins
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are comprised of different organic stationary phases sorbed onto inert polymeric

supports.

The resins used in this work were UTEVA Resin and TRU Resin. The

UTEVA Resin was developed for the separation of «ranium and tetravalent actinides

from different matrices. It consists of diamyl amylphosphonate sorbed onto an inert

polymeric support called Amberlite XAD-7 or Amberchrom CG-71ms. These two

acrylic ester non-ionic polymeric absorbents differ only in particle size, 100-125 um

and 50-100 |̂ m, respectively.126 The chemical structure of diamyl amylphosphonate is

shown in Figure 2.

C5HnO O

P

. \
C5H11O C5H11

Figure 2. The chemical structure of diamyl amylphosphonate.127

In nitric acid solutions the extraction of UO2
2+ and tetravalent actinides proceed

according to the following equations:

UO2
2+(aq) + 2NO3"(aq) + 2E(org) =^= UO2(NO3)2 • E2(org)126

An4+(aq) + 4NO3"(aq) + 3E(org) ^ An(NO3)4 • E3(org),127

where An represents actinide ion and E the extractant.

The TRU Resin is used for separation of franswranic elements. It consists of

octylCpheny^-iV.A^diisobutylcarbamoylmethylphosphine oxide (CMPO) dissolved in

tributyl phosphate (TBP) supported on an inert substrate Amberlite XAD-7.128'129 The

chemical structure of CMPO is shown in Figure 3.127
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Figure 3. The chemical structure of CMPO.127

In nitric acid solutions the extraction of Am3+, Pu4+ and UO22+ proceed according to

the following equations:

Am3+(aq) + 3NO3'(aq) + 3E(org) ^ Am(NO3)3 • E3(org)

Pu4+(aq) + 4NO3"(aq) + 2E(org) =F=̂  Pu(NO3)4 • E2(org)

UO2
2+(aq) + 2NO3"(aq) + 2E(org) = ^ UO2(NO3)2 • E2(org),127

where E is the extractant.

TRU Resin can be used for group separation of actinides from large amounts of

impurities and other radio-isotopes, e.g. Sr. It can also be used for sequential

separation of Th, U, Pu, Am and Np as demonstrated by Horwitz et al.129

The development of the extraction chromatographic method and its application

to the determination of Th, U, Pu and Am concentrations in a bone ash reference

material, during the certification process, is presented in detail in publications IV and

V.

4.4 Source preparation

Two methods, electrodeposition and lanthanide fluoride (LnF3) coprecipitation, were

used to prepare the sources for alpha spectrometric measurements.(I-V) The

electrodeposition was performed in ammonium sulphate medium.130"134 Nd and Ce

were used as carriers and 20 M or 24 M HF as precipitant in the coprecipitation

method. Uranium was coprecipitated from 1 M HC1 and the other actinides from 1 M
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HNO3. HC1 was used for U coprecipitation because HNO3 oxidises U(IV) to U(VI)

which is not coprecipitated with LnF3 and the recovery of U may decrease. U(VI) was

reduced to U(IV) with T1CI3 before the coprecipitation.116

In the separation procedure based on anion exchange (Pu, Am and Cm), Fe

(step 4) and the lanthanides (step 5) are removed from the Am and Cm fraction. This

is necessary because these elements disturb the electrodeposition process.

4.5 Measurement and data evaluation

Alpha spectrometric systems with surface barrier detectors and later with passivated

implanted planar silicon (PIPS) detectors were used to measure the activities of each

nuclide of interest. The measurement times for the environmental samples varied from

several hours to over a week. The handling of the spectra and the calculations of the

activities for each nuclide were performed at first with a computer program developed

at the Laboratory of Radiochemistry and later with Canberra's AlphaWorks program.

The detection limits were calculated as proposed by Currie.135

Special attention was put on the efficiency measurements at IRMM, Belgium.

The source used for the efficiency calibrations of the alpha spectrometers was a 239Pu

standard from CEA, Damri, France, with an active diameter of 15 mm. The

electrodeposited sources prepared at IRMM were the same size whilst the

coprecipitated sources had a diameter of 22 mm. This 7 mm difference has an effect

on the counting geometry and therefore also on the efficiency.136 To measure the

difference in the efficiencies for these two sample types a highly active 241Am source

(2410 Bq ± 1%) was prepared by the coprecipitation method. The absolute activity of

this source was measured by the Radionuclide Metrology Group at IRMM and the

efficiency values corrected after repeated efficiency calibrations with the new source.

The uncertainties reported for U, Pu, Am and Cm in natural water systems are

the standard deviations for the alpha counting. This is the major source of uncertainty

in cases with low count rates.137 For samples analysed with extraction

chromatography, more emphasis was put on the uncertainty calculations. When the

activities are measured for certification purposes all sources of errors must be taken

into account. For the bone ash results, combined uncertainties of the counting
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statistics, the background, the detection efficiency, the half-life, the chemical recovery

and the tracers are reported.(V) The uncertainties are reported at the Is level which is

an estimation of the lcr with a finite number of samples.
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5. RESULTS AND DISCUSSION

Most of the results from this work are presented and discussed in detail in the attached

publications.(I-V) Some additional findings are presented here to complement the

study.

5.1 Determination methods for actinides in environmental samples

Two methods were used for the chemical separation of actinides from

environmental samples. The procedure based on anion exchange was used for the

determination of U, Pu, Am and Cm in filtered water, particulate and/or sediment

samples,(I, n, HI) and the extraction chromatographic method for analyses of Th, U,

Pu and Am in bone ash.(IV, V)

5.1.1 Chemical recoveries

In method development one of the aims is the highest possible chemical yield without

sacrificing chemical purity. The recoveries of U analyses with the anion exchange

method from 113 filtered ground water and 77 particulate samples are presented in

Figures 4 and 5 as an example. The mean values were 77% and 80%, respectively.

A summary of the recoveries obtained with both anion exchange and the

extraction chromatographic method are presented in Table 4. The U recoveries are

satisfactory for both methods although the recoveries by the extraction chromatograpic

method are slightly higher. An analysis of a sandstone standard sample with extraction

chromatography gave a promising U recovery of 103 ± 7 % and the U concentration

was in good agreement with the reference value.
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Figure 4. Recoveries of 113 U analyses in filtered ground water. Mean recovery was

77%.
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Figure 5. Recoveries of 77 U analyses in the particulate fraction of the ground water

samples. Mean recovery was 80%
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The Am and Cm recoveries for filtered water and particulate samples analysed using

the anion exchange method were consistently lower and had greater variation than the

Pu recoveries. Improved yields for these analyses are obviously needed. The use of the

extraction chromatographic method for the bone ash analyses gave higher recoveries

for all three nuclides.

Table 4. Summary of the recoveries obtained using the anion exchange and extraction

chromatographic methods.

Method

Anion exchange

Anion exchange

Anion exchange

Extraction

chromatography

Sample

matrix

Filtered water

Particulate

Sediment

Bone ash

Nuclide

Total U

U(TV)

U(VI)

Total Pu

Pu(IV)

Pu(VI)

Am + Cm

U

Pu

Ara + Cm

Pu

Am

Cm

Th

U

Pu

Am

Number of

analyses

113

31

35

16

5

5

13

77

35

27

5

5

5

5

5

5

5

Mean

recovery (%)

77

84

70

65

70

48

17

80

76

59

76

77

76

89

86

81

87

Range (%)

38-115

35-115

29 -109

28-99

50-80

32-65

6-57

28 - 125

26-116

15-105

57-88

35-95

34-96

85-92

78-89

73-86

81-91

Simple explanations can not be given for the analyte losses, especially Am and Cm,

during the analyses of the water and particulate samples. The behaviour of the
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trivalent actinides is similar to, e.g. lanthanides and their purification procedure is

therefore more complicated than that for Th, U or Pu.

Coprecipitation was used for the preconcentration of actinides from water

samples. The yields for this step of the procedure were not studied in this work,

however, almost quantitative recoveries have been published for Fe(OH)3114 and

lanthanide fluoride coprecipitations.113'115'138'140 Coprecipitation has also been

successfully used for separation of the higher oxidation states of U and Pu from the

lower ones.68'117'141"143

Low recoveries of Pu, (25 ± 4 %) with Fe(OH)3 coprecipitation were reported

by Wong, who achieved higher recoveries (52 ± 18 %) when using Fe(OH)2

coprecipitation. He presumed this to be due to the loss of Pu through the formation of

Pu(IV) polymers at low acid concentrations.144 According to Edgington this is

extremely unlikely with the low Pu concentrations found in natural waters.145 Am and

Cm do not, however, form polymers like Pu. The observations made by Lozano et al.,

who reported almost quantitative recoveries by Fe(OH)3 coprecipitation of Pu, Am

and Th during the preparation of alpha spectrometric sources, support the use of this

procedure for the preconcentration of actinides from large volume water samples.114

One critical step in methods using alpha spectrometry is the source

preparation. Two methods were used in this work, lanthanide fluoride coprecipitation

and electrodeposition from ammonium sulfate media. Both of these methods were

tested and optimised for Th, U, Pu, Am and Cm. The results are presented in

publication V.

Coprecipitation was used as a source preparation method for U and Pu from

filtered water and particulate samples while the Am and Cm fractions were

electrodeposited on a stainless steel planchet.(II, ID) Electrodeposition is very

susceptible to certain impurities in the electrolysis solution, e.g. Fe, while

coprecipitation is less sensitive. Traces of disturbing impurities can cause severe

actinide losses during the electrodeposition.146

An accurate efficiency calibration is important when recoveries are calculated

for samples measured with alpha spectrometry. The measurement geometry has an

effect on the detection efficiency and is dependent on the distance from the detector

and the diameter of the alpha source. The latter is often ignored in alpha spectrometric

measurements. Figure 6 shows the efficiency curves as a function of the distance from
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the detector for two standard alpha sources. The 239Pu source (3560 Bq ± 0.5%) was

electrodeposited on a stainless steel planchet and has a diameter of 15 mm. The 241Am

source was coprecipitated with NdF3 on a membrane filter and measured for its

absolute activity ( 2410 Bq ± 1%) by the Radionuclide Metrology Group at IRMM.

This alpha source has a diameter of 22 mm. The alpha spectrometers used were

Canberra 7401 VR single chambers with passivated implanted planar silicon (PIPS)

detectors (active area 450 mm2). The pressure in all measurements was below 10

mmHg.

0.3

0.2

0.1

x Pu-239
• Atn-241

10 20 30

Distance from the detector (mm)

40 50

Figure 6. Efficiency curves for two standard sources as a function of the distance

from the Canberra PIPS detector (active area 450 mm2). The diameters of the 239Pu

and 241Am sources were 15 and 22 mm, respectively.

The difference between the efficiencies measured by the two calibration sources 5 mm

from the detector was 0.035. This results in a correction factor of 1.14 for the

recoveries. All the results calculated prior to the existence of the coprecipitated 241Am

source were recalculated with the new and more accurate efficiency value. The

corrected values for the recoveries presented in publication IV are presented in Tables

5 and 6.
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Table 5. Mean values for separation recoveries of Th, U, Pu, Am and Cm using

extraction chromatography with coprecipitation and electrodeposition as the sample

preparation methods. The uncertainties are given at the Is level.

Nuclide
2zyTh
238U

2i9?u
241Am
244Cm

Coprecipitation

recovery (%)

93 ± 4

76 ± 8

81 ± 7

97 ± 7

84 ± 7

Electrodeposition

recovery (%)

88 ±23

78 ±4

94 ±8

78 ±20

66 ±19

Table 6. The recoveries of five replicate analyses of Th, U, Pu and Am from the

NIST bone ash reference material. The uncertainties presented for samples 1-5 are the

total uncertainties of individual analyses at the Is level. The uncertainties for the mean

values are the standard deviations of the five values at the Is level.

Sample

1

2

3

4

5

Mean

229Th (%)

92 ±3

85 ±4

89 ±4

91 ±3

89 ±4

89 ±3

2J2U (%)

89 ±3

85 ±3

89 ±3

88 ±3

78 ±3

86 ±5

242Pu (%)

85 ±3

73 ±3

86 ±3

79 ±3

81 ±3

81 ±5

243Am (%)

81±2

90 ±2

86 ±2

91 ±2

88 ±2

87 ±4
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5.1.2 Comparison of the separation methods

The number of samples analysed using the anion exchange method was much higher

than that using the extraction chromatographic method. Sample matrices were also

different. It is therefore not justifiable to compare the whole of these two

determination methods. The differences in the parts of the methods, consisting of the

sequential separation of the actinides can, however, be discussed.

The recoveries in general were higher for U, Pu, Am and Cm using extraction

chromatography. This method is simpler and much faster than the procedure based on

anion exchange. The group separation of actinides with TRU Resin and the sequential

separation of Th, U, Pu, Am and Cm can be performed easily within one working day.

With anion exchange, the time needed for the sequential separation of Pu, Am and Cm

and the subsequent purification of these two fractions, is at least two working days.

The amount of waste solutions produced by each of the methods are presented

in Table 7. The volumes include the solutions from the resin preconditioning and

column rinsing, although not the elution volumes. The amount of waste is

dramatically reduced by using the extraction chromatographic method.

Table 7. Waste solution produced during the sequential separation of actinides using

the anion exchange (U, Pu, Am and Cm) and extraction chromatographic (Th, U, Pu,

Am and Cm) methods.

Waste solution

HNO3, < 8 M

> 8 M

HC1, < 8 M

> 8 M

other problematic waste

Total

Anion exchange

20 ml

335 ml

380 ml

285 ml

1020 ml

Extraction chromatography

45 ml

-

-

45 ml
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The costs for each method are difficult to estimate. The resin prices for extraction

chromatography are higher but are compensated for by a shorter working time and

waste disposal economies.

5.2 Behaviour of U and Pu in natural waters

The behaviour of actinides in the environment is strongly dependent on the oxidation

states in which they exist under the respective physico-chemical conditions. The

determination of the oxidation states of U and Pu is a complicated task, due to their

low concentrations in the environment. In most cases, nondestructive methods are still

not sensitive enough to be used in the speciation studies. Sample collection,

pretreatment and separation of the chemical forms can change the equilibrium in the

sample. Attention must be payed to the stability properties of each species during

method development and analysis.147

5.2.1 Uranium at the Palmottu study site

The small U-Th deposit at Palmottu (see Fig. 1) has been used to study the behaviour

of U in ground waters. The description of the study site is given in detail in

publication I and by Raisanen.79 The U concentrations in filtered ground water and in

the associated particulate fraction (diameter > 0.45 um), as well as the 234U/238U ratios

in these samples, are presented and discussed in publication I.

Figure 7 summarises the results measured during this work from the filtered

ground water samples from 11 drill holes, and presents the wide scatter in U

concentrations and 234U/238U activity ratios identified there. For comparison, the mean

values for four surface water samples collected from Lake Palmottu in the study area

are also shown; the value for the 238U concentration was 2.0 mBq/1 and the 234U/238U

activity ratio was 1.4.
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Figure 7. 238U concentrations and 234U/238U activity ratios in filtered ground water

from 11 drill holes in the Palmottu analogue study site in Finland. The cross on the

ordinate represents the values for surface water from Lake Palmottu in the study area.

The U concentration levels agree well with the values reported by Ahonen et al. in

Palmottu.148 A trend of higher 234U/238U activity ratios with lower 238U concentrations

is seen in the ground waters. This phenomenon has also been reported for other study

areas.93'149"153 The results in Figure 7 confirm the possibility that U is dissolved from

the rock matrix by at least two mechanisms. In oxidising conditions, chemical

leaching of U(VT> dominates, resulting in high concentrations of U and 234U/238U

activity ratios which approach close to the equilibrium value of unity. In reducing

conditions, the chemical leaching is prevented by the presence of U(IV) and the

dissolution with the recoil mechanism becomes favourable. In alpha decay, the

daughter nuclide, in this case 234Th, is not as strongly bound to the rock matrix as its

parent nuclide (238U) due to the recoil energy it gets during the emission of the alpha

particle. 234Th decays to 234Pa which in turn decays to 234U. Furthermore, both of these

nuclides emit a beta particle, which increases the possibility of an ejection of two

electrons from their orbitals. Therefore the 234U atom can be in the form of U(VI) and

more soluble than the parent 238U(IV). In summary, when chemical leaching is
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prevented by reducing conditions, the U concentration in the water phase is lower and

the 234U/238U activity ratio higher than in oxidising conditions.

5.2.2 The oxidation states of U in ground water and sea water

The oxidation states of U were determined in different parts of Finland (see Fig. 1),

with the results presented in Table 8 and Figure 8. In most sites, the dominating U

species in filtered ground water was U(VI). Only in the lower part of the drill hole at

Outokumpu (675-775 m) and at Sievi at a depth of 739 - 749 m, was the majority of U

present as U(IV). In sea water in the Gotland Deep, close to the bottom where highly

reducing conditions prevail, 52% of the U was in the lower oxidation state.

Table 8. The results of the oxidation state determinations of U in filtered ground

water in Finland. The last two rows present the oxidation states of U in brackish sea

water at the Gotland Deep in the Baltic Sea. The uncertainties are given at the Is level.

Sampling place and Date

Lavia 10.9.1985

Outokumpu 15.7.1986

(unfiltered)

Kuhmo 8.12.1987

Sievi 18.1.1989

PalmottuR346 5.6.1990

PalmottuR357 25.9.1990

Gotland Deep 30.5.1985

Depth (m)

905-910 m

200-300 m

675-775 m

645-650 m

739-749 m

65-70 m

240-245 m

110-116 m

165-171 m

265-271 m

<5m

230 m

U(VI) (%) ± Is

96 ±7

82.7 ±0.7

12.4±1.1

92 ±7

13.7 ±0.8

98 ± 4

98 ± 4

88 ± 6

90 ± 7

95 ± 8

92.6 ±0.5

48.3 ±0.2

U(IV) (%) ± Is

4 ± 5

17.3 ±0.6

87.6 ±1.5

8 ± 6

86.3 ±1.1

2.5 ±0.1

2.4 ±0.1

12.5 ±1.0

9.9 ± 0.8

4.8 ± 0.4

7.4 ± 0.4

51.7 ±0.2



33

100

I
80

60

20
12

97 98

90

12

1 1

95 93

1

h

52

1?
i

O

E m
3

o E

is
•o S

g
s

= a

IEP
o «

5 :

• p. « p
S o -2

IS Is

o

II v

o

Figure 8. The oxidation states of U in filtered ground water in Finland. The hatched

columns show the amount of U(VI), the white columns the amount of U(IV) at

different sampling sites. The last two columns present the oxidation states of U in

brackish sea water at the Gotland Deep in the Baltic Sea.

The redox chemistry in the ground waters at the Palmottu study site has been

discussed in detail in publication I and by Ahonen et al.148 The ground water

conditions in drill hole 346 in Palmottu were oxidising in the upper part of the hole

and reducing in the deeper part. From 140 m on downwards, the water was slightly

saline (Na-SCVCl type) with electric conductivity values of 140 - 190 mS/m.(T) In

drill hole 357, similar trends were seen with a Na-Ca-Cl-HCO3-SC>4 type water

between 160 and 190 m and Na-SO4-HCO3-Cl type from 220 m downwards.154

The redox behaviour of U in deep ground waters in Outokumpu and Sievi

differs from that at the other places studied. The Eh values in all these sites were

highly negative and the oxygen concentrations low (< 0.2 mg/1) denoting the presence

of reducing conditions. The electric conductivity of ground water in Sievi, at the depth

of 739 - 749 m, was very high (1900 mS/m)155 indicating high salinity. Similar values

were found in Outokumpu where the water in the deeper part of the hole also had a
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high salt concentration. All the other sampling sites had notably lower values.155'156 A

possible explanation for these differences is that in the highly saline ground waters,

U(VI) is reduced to U(TV), and the lower oxidation state is stabilised by the presence

of some complexing agents.

5.2.3 The oxidation states ofPu in lake and sea waters

The oxidation states of Pu have been determined in Lake Pa'ijanne and at the Gotland

Deep in the Baltic Sea. The results are presented in Figure 9. The concentrations of

Pu, Am and Cm in filtered water, particulate and sediment samples collected from

Lake Paijanne after the Chernobyl accident are presented in publications II and III.
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Figure 9. The oxidation states of Pu in Lake Paijanne and the Gotland Deep. The

hatched columns show the amount of Pu(III+IV), the white columns the amount of

Pu(V+VI) in filtered water.

In lake water, the dominating oxidation states of Pu were HI and IV. Only 18 - 27% of

the Pu in filtered water was in the higher oxidation states V and VI. At the Gotland

Deep at depths of 5, 50 and 100 m, where oxidising conditions prevail, the majority of



35

the Pu (83 - 94%) was Pu(V+VI). Pu(m+IV) dominated in reducing conditions close

to the bottom of the sea (230 m).

The oxidation states of Pu have been studied in rain,157 pond,158 lake159'160 and

sea waters. These sea waters included the Atlantic and the Pacific Oceans, the Irish,

the Black and the Skagerrak Seas and the Mediterranean,56-67"69'143'157'159'161'162 but not

the Baltic Sea.

The distribution of the oxidation states of Pu in natural waters is strongly

dependent on the physico-chemical conditions which prevail at the sampling sites and

depths. In the Atlantic Ocean,56 the Irish Sea68'157 and the Mediterranean,157'163 Pu was

found to exist mainly in the oxidised form, whilst in the Black Sea,143'160 the

Skagerrak Sea67 and the Pacific Ocean69'161 at certain depths, Pu(IIMV) dominated.

Baxter et al.164 and Mitchell et al.163 have discussed in detail the phenomena

that might explain the differences in Pu speciation in the above mentioned sea waters.

In agreement with their observations, close to the bottom of the Gotland Deep in

reducing conditions, where H2S is present, the main part of the Pu was in the reduced

form. In lake waters, the lower oxidation states are stabilised by the presence of

organic substances (humic and fulvic acids), which strongly complex Pu(IV).65'141

It is not possible to separate Pu(HI) from Pu(IV), or Pu(V) from Pu(VI) using

the NdF3 coprecipitation method used in this and all the studies mentioned above.

However, some efforts have been made to investigate which oxidation state dominates

the oxidised and reduced forms of Pu in natural waters. From laboratory experiments

Bondietti and Trabalka, 158 Orlandini et. al165 and Morse and Choppin,166 among

others,162'167 have demonstrated that the dominating species are Pu(V) and Pu(IV).

This is now a widely accepted result.157'161-164
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6. CONCLUSIONS

The actinides are a potential health hazard in nature, even in small concentrations, due

to their alpha activity and long physical and biological half lives. Methods for actinide

determinations in environmental samples are needed to monitor the discharges, e.g.

from nuclear power and reprocessing plants, and to study the consequences of

accidental releases of actinides to the environment. Analytical methods that are rapid

but remain reliable are required to help authorities make decisions on actions

necessary for public safety, in the case of nuclear incidents and accidents.

Determination of actinides from environmental samples is a time consuming

and complicated task. Their low concentrations in nature, the complex separation

procedures required and difficult sample matrices produce a challenge for even the

most experienced laboratories in the world.168 The method using extraction

chromatography has proven to be simpler and faster than the traditional anion

exchange methods. Time savings are achieved not only due to the rapid separation and

purification of each actinide fraction, where the new method enables Th, U, Pu, Am

and Cm (together with Sr) to be analysed from the one single sample, but also from

the savings in time needed for sample preconcentration and/or dissolution. In addition,

lower detection limits are reached in cases where the sample material is limited and

analyses of all the above mentioned nuclides are required. Better correlations between

activity concentrations of different elements is achieved when several radionuclides

are determined from the same sample. This method produces pure spectra with high

and reproducible recoveries.

The disadvantages of alpha spectrometry are the difficulties in preparing high

quality measurement sources and the long measurement times needed for low level

activities. Modern inductively coupled plasma mass spectrometers (ICP-MS) have

high sensitivity and relatively low detection limits for several elements, even

compared to alpha spectrometry. No source preparation is needed and a high number

of samples can be measured in a short time. These advantages might increase the use

of ICP-MS as a detection method for actinides in the future. In both cases, chemical

separations are still necessary.
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The investigations of U in ground waters have given new information on the

speciation and chemical behaviour of U in natural waters. Even in reducing conditions

with low oxygen concentrations and Eh values, the main part of U was in the oxidised

form. Only in highly saline ground waters did the reduced form of U dominate. A

possible explanation for this fact is that in the highly saline ground waters, U(VI) is

reduced to U(IV) and the lower oxidation state is stabilised by some complexing

agents present.

The behaviour of actinides in a lake system after the major nuclear power plant

accident at Chernobyl was studied. The fallout from this accident was minor

compared to the global fallout from nuclear weapon tests in the atmosphere. Three

months after the accident, 73% of the total 239-240Pu concentration in Lake Paijanne

was in the surface layer of the bottom sediment (0-1 cm), 24% in filtered water and

3% in the paniculate fraction (diameter > 0.45 ^m). Based on 238Pu/239'240Pu isotopic

ratio measurements, 90% of the Pu in the surface sediments derived from the

atmospheric nuclear weapon tests while the Pu found in the paniculate fraction of the

water originated mainly from the Chernobyl accident.

The factors affecting the redox equilibrium of Pu in lake and sea waters

studied here are, (i) the amount of organic substances and (ii) the presence of H2S. In

lake waters, where organic compounds are present in greater quantities than in sea

water, the reduced form of Pu dominates in the filtered water fraction, even under

oxidising conditions. In sea water, the main part of Pu is Pu(nMV) only under

reducing conditions and in the presence of H2S, which was seen close to the bottom of

the Gotland Deep.

Studies of the speciation of actinides are important both for understanding the

chemical behaviour of these elements in the environment and for safety assessments

of the nuclear fuel cycle, i.e. for human health hazard considerations.
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Summary

The small Precambrian U—Th deposit of Palmottu, Finland,
has been studied as a natural geological analogue for a high-
level radioactive waste repository. The chemical composition
and physico-chemical characteristics of groundwater with
tritium values in drill holes intersecting the deposit are given.
Uranium concentrations and 234U/238U radioactivity ratios in
groundwater, based on various sampling methods, are presented
as depth profiles (from surface to 250 m). Factors affecting the
distribution of uranium and the observed activity ratios in
groundwater and paniculate matter are discussed.

Introduction

One major question concerning the long-term behav-
iour and safety of deep bedrock disposal of highly
radioactive wastes is the confident prediction of natu-
ral processes during time scales up to hundreds of
thousands of years. In order to evaluate the effects of
groundwater —rock interaction on the migration of
radionuclides, a large number of extensive laboratory
experiments have been performed and the results
widely documented. However, it is not possible by
these means to unequivocally prove whether labora-
tory based data can successfully be extrapolated over
the expanded time scales needed. One possibility of
solving this dilemma is to study migration phenomena
in naturally occurring radionuclide accumulations as
analogues of nuclear waste disposed in a repository
deep in the bedrock.

The most important pathway by which com-
ponents from radionuclides can be returned to man's
environment is groundwater flow. A uranium—tho-
rium deposit contains a large number of radionuclides
belonging to the natural decay series with a variety of
geochemical properties. Hence such a deposit forms
a useful analogue to a nuclear waste repository in
a similar bedrock. By studying the speciations of
uranium and thorium in groundwater, it is possible to
make a long-time prediction of the possible behaviour
of analogous radionuclides present in nuclear fuel
[1-4].

In Finland the small uranium — thorium deposit of
Palmottu in Nummi-Pusula (see insert in Fig. 1) was
recently chosen as an analogue study site [5, 6]. The

deposit, which contains about one million tons of ore
averaging 0.1% uranium, was intersected by a large
number of drill holes during exploration. Hence, it
offers a good opportunity for studying the behaviour
of uranium and thorium in both rock matrix and
groundwater.

The Palmottu deposit is located with other unecon-
omical uranium and thorium bearing occurrences in
the marginal part of the Proterozoic schist belt
composed of variable gneisses, and bordered in the
western part by a late-kinematic microcline granite
(Fig. 1). The gneisses in the schist belt are mica
gneisses, quartz-feldspar gneisses and pyroxene
bearing gneisses which, partly, are highly migmatized

in
In the Palmottu deposit the main radioactive min-

eral, uraninite, is hosted by the coarse-grained pegma-
titic veins or the sheared granitic veins rich in quartz
and biotite. The veins, which form rather continuous
zones with dips of 70 to 80° to the west and thicknesses
of 1 to 15 metres, have been recognized by drilling
down to 300 metres [7]. The uraninite occurs mainly
as disseminated grains, and the local uranium and
thorium concentrations in the veins are, on an average,
a couple of thousand ppm and some hundred ppm,
respectively (Fig. 2).

In this work the present knowledge on the physico-
chemical characteristics of the groundwater and
speciations of uranium in groundwater in the
Palmottu analogue study site is reported. In particular,
uranium concentration profiles and 234U/238U radio-
activity ratio profiles in groundwater are given.

Sampling methods and experimental work

The bedrock groundwater in the studied drill holes was
sampled as a continuous water profile from surface to
the bottom of the holes using a simple tube sampling
technique described by Nurmi and Kukkonen [8]. The
water profile is raised inside a thin polyamide tube
(inner diameter 8 mm) provided with a back-pressure
valve at the lower end and shut-off valves every 25 or
50 metres. During retrieval of the tube, each shut-off
valve is closed as it comes to the surface; samples
for field measurements, chemical analyses and tritium
determinations are then taken. Later, additional sam-
pling for uranium analyses with a simultaneous con-
trol of pH and electric conductivity (E.C.) values was
made.
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Fig. 1. Lithological map of the study site [7].

Table 1. Analytical methods and detection limits of chemical
constituents analyzed in groundwater samples

Na, K, Ca
Mg, Fe
Mn, Zn
S04
Al
Li, B, V, Cu, La, Mo
Sr, Ba
HCO3
Cl, KMnO4
SiO2
F

Detection
limit (mg/1)

0.5
0.05
0.02
1
0.1"
0.02a

0.01'
5
1
0.2
0.1

Method

AAS
AAS
AAS
AAS/Indirect
ICP-OES
ICP-OES
ICP-OES
Titrimetry
Titrimetry
Spectrophotometry
Ion-selective electrode

a At high salinities the detection limits are 10 — 100 times higher.
AAS, Flame atomic absorption spectrophotometry.
ICP-OES, Inductively coupled plasma-optical emission spec-
trometry.

The field measurements consisted of redox (Eh),
dissolved oxygen, carbon dioxide, pH, and electric
conductivity determinations.

The chemical analyses were performed at the
analytical laboratories of the Geological Survey of

Finland. The elements analysed and the methods used
are listed in Table 1. The tritium values were measured
at the Department of Radiochemistry, University of
Helsinki, using a multiparameter low-level liquid
scintillation counting system (LKB/Wallac Ltd.,
Quantulus 1220).

In 1989, the sampling method was improved and
a double packer instrument for groundwater sampling
from bedrock fractures was used. The equipment was
developed at the Royal Institute of Technology,
Sweden and Geological Survey of Finland. The
method allows the water from a bedrock fracture to
be separated from the drill hole water and pumped up
to the surface. Subsequently the water is directed into
a flow-through cell, where Eh, pH, E.C. and dissolved
oxygen values are continuously registered. Ground-
water samples for analytical work were taken after the
conditions in the water were stabilized, usually after a
pumping time of one to three hours. . •

The concentrations of uranium and the 234U/238U
radioactivity ratios were analysed both in filtered
groundwater and in the particulate fraction
( 0 > 0.45 |im) of the groundwater. The analyses were
carried out at the Department of Radiochemistry,
University of Helsinki, with a method based on NdF3
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Fig. 2. Lithologies encountered in drill holes 304, 346 and 356 with respective uranium and thorium contents.

coprecipitation of U(IV) in acidic solutions. Radio-
chemical purification was achieved by anion exchange.
Uranium was coprecipitated with CeF3 and the pre-
cipitate was mounted on a membrane filter (0.1 urn
pore) for alpha spectrometry [9].

Results

Groundwater conditions

The following description of the physico-chemical
characteristics of the groundwater is mainly based on
sampling with the tube technique in the drill holes
304, 346 and 356. These drill holes intersect the U-Th
bearing horizon of the deposit at various depths
(Fig. 2). An additional sampling from drill hole 346
was made with the double packer equipment. Also, a
separate electric conductivity survey in the water of

two more drill holes — 354 and 357 — was per-
formed.

The electric conductivity values of the water in the
upper parts of the drill holes are typical for fresh
groundwaters (20 to 50 mS/m). Deeper, the electric
conductivity values are higher, indicating the presence
of saline water components (Fig. 3). The results of the
groundwater sampling with the tube method and the
double packer method in drill hole 346 coincide
reasonably well. This points to close similarities in the
major components of groundwater.

The bimodal character of the water types is clearly
demonstrated in the composition of groundwater of
the two deeper holes. The water in the upper parts are
dominated by bicarbonate, whereas the lower parts
are characterized by sulphate and partially by chloride
(Table 2).

The water in drill hole 346 is distinctly layered
(Fig. 4). In the first 100 m of the hole, a fresh Ca-
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Table 2. Groundwater types in the drill holes 304, 346, and 356

Drill
hole

Sampling
depth
(m)

Ground-
water layer

(m)

TDS"

(g/1)

Electric
conductivity

(mS/m)

Groundwater type

304

346

356

0 - 83

0-212

0-270

0 - 83

0-100
140-212

0-240
250-270

0.3-0.4

0.3
1.4

0.2-0.3
0.9

41-64

28-46
140-190

23-50
117

Na-Ca-SO4-HCO3-Cl

Ca-Na-HCO3

Na-SO4-Cl

Ca-Na-HCO3

Na-SO4-Cl-HCO3

Total dissolved solids.

Table 3. Tritium values in groundwater of drill hole 346.
Standard deviation of radioassay (± 1 a) is indicated

50 100 150 200 250
Electric conductivity CmS/m)

Fig. 3. Electric conductivity values of groundwater in the drill
holes studied. The continuous lines give the results of the drill
hole water, and the crosses represent the results from fracture
waters (obtained by the double packer sampling technique). The

numbers correspond to drill hole numbers.

depth (m) c

100

200

HC03

=====
1

Eh PH Mg SiO2 Ca Na SO4

- 2 0 0 0 200 1

Eh (mV)

10 100

Concentration (mg/l)

1O0O

Fig. 4. Chemical composition, pH and Eh values of groundwater,
and simplified lithology of drill hole 346. The continuous lines
give the results of the drill hole water, and the dots and crosses
represent the results from fracture waters (obtained by the
double packer sampling technique). 1 = mica gneiss with minor

hyperstene-bearing portions, 2 = granite.

Na-HCO3 type with TDS (total dissolved solids) of
0.3 g/1 is found. From 140 m downwards, the water is
a slightly saline Na-S04-Cl type with TDS of 1.4 g/1.
The pH values of the water increase steadily with
depth from values close to 7 at the surface to values
approaching 9 at the bottom of the hole. This trend,
which seems to be independent of the sampling method

Depth
(m)

Tritium values
(TU)

1987, drill hole water

17
60
85

100
140
165
180

1988,

85
165
205

1989,

4 2 -
6 3 -
8 4 -

drill hole wate

fracture water

63
84

104
104-125
185- 205

25.8 + 4.0
21.6 + 3.9
25.0 + 3.9
20.6 ±3.8
7.2 + 3.5

10.4±3.5
<3.3

28.8 ±2.9
<5.0
<5.0

13.9 + 4.1
21.2±4.2
23.1+4.2
22.4 + 4.2

<6.4

used, is typical for deep bedrock groundwaters [10]
and is attributed to low-temperature water-rock inter-
action reactions of silicate minerals. The redox mea-
surements indicate oxidizing conditions in the upper-
most part of the bedrock and reducing ones further
down. In the drill hole water, the trend is still more
pronounced, as seen in Figure 4. The reason for that
can, however, be found in various contaminant effects,
such as infiltration of oxygen along the open hole and
possible decomposition of organic material at the hole
bottom.

In the upper part of the hole, the tritium values of
both the drill hole water and the fracture water are
high and close to the values of local surface waters. In
the bottom of the hole the tritium values are below
detection limits (Table 3). The high tritium values mea-
sured in the samples from the fractures indicate a quite
extensive recent surface water infiltration into the up-
per part of the bedrock. These results are in close
agreement with the temperature measurements, where
a flow into the hole at depths between 70 and 110
metres has likely occurred.
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Table 4. Uranium concentrations and 234U/238U radioactivity
ratios from filtered water in drill hole ,346. Standard deviation

of radioassay (± Iff) is indicated

Depth
(m)

23SJJ

(Bq/1) (PPb)

4U/238U % of

0 - 21
2 1 - 42
4 2 - 63
6 3 - 84
84-104

104-125
125-145
145-165
165-185
185-205

2.13±0.15
1.80±0.11
1.66 ±0.09
1.62±0.10
1.02 + 0.06
0.56 ±0.04
0.23 + 0.02
0.10±0.01
0.08±0.01
0.09 + 0.01

173
146
134
132
83
46
18

±12
+ 9
± 7
± 8
± 5

4
2±

±
8.2+ 0.8
6.2± 0.5
7.0+ 0.8

1.05 + 0.10
1.05 ±0.09
1.09 ±0.08
1.10±0.09
1.12 + 0.10
1.18+0.13
1.12 + 0.13
1.41 ±0.19
1.39±0.14
1.35±0.20

sslOO

99
95
87
68
52
24

Uloc is a sum of U concentration in filtered water and the
paniculate fraction separated with filtering through 0.45-um
Millipore filter.

Table 5. Uranium concentrations and 234U/23eU radioactivity
ratios from particulate fraction of water in drill hole 346. Stan-

! dard deviation of radioassay (+1 cr) is indicated

Depth
(m)

238U
(mBq/1)'

*U/238U % of

0 - 21
2 1 - 42
4 2 - 63
6 3 - 84
84-104

104-125
125-145
145-165
165-185
185-205

5.2 ±0.4
4.3 + 0.4
3.0 + 0.3
10 + 1

7.3±0.7
29 + 2
33 + 2
48±2
71 + 3

269±18

0.42 + 0.03
0.35 + 0.03
0.24 ±0.03
0.88 ±0.08
0.59 ±0.06
2.3 +0.1
2.7 +0.2
3.9 +0.2
5.7 ±0.2
22 ±1

1.36 + 0.13
1.57+0.17
1.51+0.23
1.30 + 0.16
1.60 + 0.21
1.37 + 0.11
1.49±0.13
1.40 + 0.08
1.30 + 0.07
1.23 + 0.11

0.2
0.2
0.2
0.7
0.7
4.9
13
32
48
76

U content in particles of one liter of groundwater.
1 ug of U per liter of groundwater.

U,o, is a sum of U concentration in filtered water and the
particulate fraction separated with filtering through 0.45-um
Millipore filter.

Uranium in groundwater

In this study, all the groundwater samples for uranium
analyses were collected from drill hole 346, where the
physico-chemical characteristics of the groundwater,
according to water chemistry and tritium values, seem
to be most representative of all the holes studied. In
1988, a continuous water profile with a sample interval
of 25 m was taken by the tube technique. This year,
a new sampling was made with the double packer
equipment, during which the whole hole length was
covered with a packer interval of 25 m. Those por-
tions, where representative bedrock fracture waters
were received, were analysed.

The results of the sampling taken by the tube tech-
nique are given in Tables 4 and 5. In the filtered drill
hole water, the uranium concentrations show a distinct
decreasing trend with increasing depth, from about
170 to 7 ppb. This trend is exact by the opposite of
the uranium concentrations in the bedrock, where the

A Filtered water

depth (in)

60

100

160

200

250

Particulate fraction Redox potential

depth (m)

90

100

150

200

0 50 100 160 200 0 6 10 16 20 26-400-200 0 200 400

V concentration {ppb) U concentration <ppb) Eh (mV)

Filtered water Paniculate traction Redox potential

depth <m)
Or

60

100

160

200 '

250

depth (m)
-1°

60

100

150

200

0 50 100 160 200 0 6 10 16 20 25-400-200 0 200 400

U concentration {ppb) U concentration (ppb) Eh (mV)

Fig. 5. Uranium concentrations in filtered groundwater and par-
ticulate fraction, and Eh values in drill hole 346. A. drill hole

water, B. fracture water. ;

highest values are found close to the bottom of the hole
(Fig. 2). The uranium concentrations in particulate
fraction, on the other hand, show a total inverse of
this trend. It increases from about 0.4 ppb in the upper
part of the hole to 23 ppb at hole bottom (Fig. 5).
The 234U/238U radioaptivity ratios are close to the
equilibrium value of unity and fairly constant through-
out the whole sampled water profile. However in the
reducing bottom part of the hole, the filtered water
samples show slightly increased radioactivity ratios
(about 1.4). The variations of the radioactivity ratio
of 234U/238U of the particulate fraction are less
systematic (Fig. 6).

The results of the samples taken by the double
packer technique are given in Tables 6 and 7. In the
filtered fracture waters, the uranium concentrations
decrease distinctly with depth, parallel to the situation
in the drill hole water. The concentrations are, how-
ever, clearly at a lower level in the fracture waters than
in drill hole water. In the particulate fractions, the
uranium concentrations demonstrate an increasing
trend with depth and more reducing conditions (see
also Fig. 5).

In filtered fracture water, the 234U/238U radioac-
tivity ratios increase strongly with depth, starting from
1.3 and exceeding 3. In the particulate fraction the
isotopic ratios vary seemingly unsystematically, as in
the case of the drill hole water (Fig. 6).

Generally, the uranium concentration results dem-
onstrate that most of the uranium is associated with
the water phase in the upper, more oxidizing con-
ditions, whereas in the deeper distinctly reducing
levels, the major part of uranium is associated with
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Table 6. Uranium concentrations and 234U/238U radioactivity
ratios from filtered fracture waters in drill hole 346. Standard

deviation of radioassay ( + la) is indicated

A Filtered water Particulate fraction Redox potential

depth (m) depth (m)

Depth
(m)

4 2 - 63
6 3 - 84
84-104

104-125
185-205

a

23SU
(mBq/1)

670 + 50
380+20
280 + 10
48+ 7
17± 5

u101
(Ppb)

54 +4
31 ±2
23 ±1
3.9±0.5
1.4±0.4

234 U / 23a T J

1.34 + 0.12
1.57+.0.11
2.04 + 0.10
3.68 + 0.60
3.14±1.01

{^\tt>rAs$ mo fat-

% o f

u,o l
a

93
95
93
40
11

0

6 0

100

160

2 0 0

2 5 0

X

X
X
X

K

• X -

-X-

-X-

-X-
X

-X-

X

X
X

X

• •

•

1 1

5 0

100

150

2 0 0

particulate fraction separated with filtering through 0.45-um
Millipore filter.

Table 7. Uranium concentrations and 234U/23SU radioactivity
ratios from particulate fraction of fracture waters in drill hole

346. Standard deviation of radioassay (+ la) is indicated

Depth
(m)

4 2 - 63
6 3 - 84
84-104

104-125
185-205

2 3 SU
(mBq/1)'

54±3
18±2
21 + 1
72+5

137 + 7

(ppb)b

4.4 ±0.2
1.5+.0.2
1.7 + 0.1
5.9 + 0.4

11.1 ±0.6

234U/238U

1.24 + 0.08
1.07±0.17
1.31 + 0.11
1.36 + 0.12
1.28+ 0.09

% of
Vw°

7
5
7

60
89

100

160

2 0 0

2 5 0

U content in particles of one liter of groundwater.
ug of U per liter of groundwater.
Ulol is a sum of U concentration in filtered water and the
particulate fraction separated with filtering through 0.45-um
Millipore filter.

the particulate fraction. As the samples taken from
fractures by the double packer technique are evidently
less contaminated the further discussion is mainly
based on these results.

Discussion and conclusions

The groundwater in drill hole 346 shows a layered
structure with fresh bicarbonate water close to the
surface and a slightly saline sulphate-chloride water
below it. The conditions in the bedrock are oxidizing
in the upper part and reducing further down.

The uranium concentrations in filtered fracture
water are of the order of several tens of ppb in the
upper fresh water part of the bedrock and of the order
of a few ppb in the slightly saline, deeper parts of the
bedrock (Table 6). To evaluate these results, samples
from groundwaters in the Outokumpu sulphide ore
belt (Eastern part of Finland) were also taken, where
no evidence of uranium rich parts in the bedrock have
been recorded. There, the uranium concentrations at
depth 190 —280 m are 0.3 ppb in the bicarbonate
water of the drill hole and, at depth 590-1000 m,
1.0—1.4 ppb in the reducing, highly saline chloride
waters. The major differences in the uranium concen-
trations between these two sampling locations are
found in the upper fresh water parts. In the Palmottu

0 1 2 3 0 1 2 3 -400-200 0 200 400
U-234/U-23B U-234/U-238 Eh (mV)

3 Filtered water Particulate fraction Redox potential

depih (m) depth (m)
0

SO

100

150

200

I 2 3 4 1 2 3 -400-200 0 200 400
U-234/U-238 U-234/U-238 Eh (mV)

Fig, 6. 234U/238U radioactivity ratios in filtered groundwater
and particulate fraction, and Eh values in drill hole 346. A. drill

hole water, B. fracture water.

area where high uranium concentrations in the bed-
rock are found, the concentrations in the oxidizing
part of the groundwater are also high. Under reducing
conditions, the insoluble character of U(IV) has the
dominant control on uranium concentrations. Thus,
groundwaters low in uranium are found both in
Palmottu and Outokumpu despite large differences in
the concentrations in the rock.

The groundwater-rock interaction frequently re-
sults in 234U/238U radioactivity ratios greater than
unity for dissolved uranium. The radioactive decay of
238U in rock causes a recoil ejection of its daughter,
234Th, and radiation damage to the crystal lattice.
Each decay of 234Th and its daughter, 234Pa, may also
cause a loss of an electron so that the 23*U is partly
in the + VI valence state, which is more soluble than
U(IV). This process increases the amount of 234U
compared to that of 238U [11-14].

In filtered groundwater from drill hole 346, the
uranium concentrations decrease with depth while the
234U/238U radioactivity ratios increase. This phenom-
enon may be caused by more intense leaching in the
oxidizing part of the bedrock, which results in rela-
tively higher uranium concentrations and 234u/238Lf
radioactivity ratios close to the equilibrium value in
groundwater. In the deeper part of the bedrock, the
leaching of uranium is prevented by the prevailing
reducing conditions, and the dissolution of 234U with
alpha recoil mechanism becomes more dominant. This
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results in higher 2 3 4u/2 3 8U radioactivity ratios [15 —
18]. In the upper part of the bedrock, where bicarbon-
ate rich water with high tritium values are found,
the radioactivity ratios are from 13 to 2.0. The two
bottonmost samples, with the radioactivity ratios of
3.1—3.7, are derived from the portion of the hole
where saline waters have been recorded. The increased
234U/238U radioactivity ratios with depth indicate
longer recidence times for the groundwaters deeper
down.

Preliminary observations of the particulate frac-
tion, based on scanning electron microscopy and
microanalytical methods indicate that the particulate
fraction mainly consists of mineral fragments. The
radioactivity ratios of 234TJ/238U of particulate ma-
terial in the fracture water display relatively constant
values, irrespective of depth. The radioactivity ratios,
with the exception of the water from the uppermost
sampled fracture, are increasingly smaller than in the
respective fracture waters. However, as the infor-
mation on the nature and composition of the particu-
late fraction is insufficient, it is not possible to discuss
this discrepancy in detail, but certain possible mech-
anisms can be put forward:

1. The particulate material consists predominantly of
tiny rock and mineral fragments representing the
unaltered rock matrix. The values received for the
radioactivity ratio of 234U/238U are higher than
can be expected for the rock matrix. This may be
due to adsorbtion of uranium from groundwater
on the surface of these rock and mineral fragments.
Uranium might have been adsorbed either a) at the
sampling site, or b) during some previous event in
the pathway of the groundwater. A possible site
might be the redox front in the bedrock. In these
cases, the radioactivity ratios of the rock fragments
would probably have a very pronounced effect on
the received radioactivity ratio in particulate ma-
terial, and the values exceeding slightly one could
be explained.

2. The particulate material consists of uranium,
possibly coprecipitated with other chemical com-
ponents. In that case, the radioactivity ratio of
234U/238U of the particulate material would rep-
resent the water from which it was precipitated. The
relatively low radioactivity ratios received would
point to an event taken place previously during the
pathway of the groundwater.

3. A third explanation might be that the sampling
technique itself loosens particles from the fracture
surfaces. In this case, the radioactivity ratios of
234U/23SU could be decreased compared to the
values in groundwater at the respective depth.
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BEHAVIOUR OF TRANSURANIC ELEMENTS IN LAKE PttUXNNE AFTER THE

CHERNOBYL ACCIDENT

Riitta Suutarinen. Timo Jaakkola. and Jussi Paatero

Department of Radiochemistry of University of Helsinki, Finland

Summary

Transuranic elements have been studied in a fresh water system

of Lake Paijanne. which lies in a region of the highest 131?Cs

fallout from the Chernobyl accident in Finland (46 - 100 kBq/m2).

In filtered water the 23»-=**°pu concentrations were 10 - 14 uBq/1

and 76 - 82% of it was in a form of Pu(III+IV). In particulate

samples the activity levels for 339.=-*opu a«i^m> an<j a«=cm in

August; 1986 were 0.80 - 3.6 uBq/1, 0.49 - 2.1 uBq/1. and

4.2 - 35 uBq/1. respectively. Only slight decrease could be seen

from August 1986 to August 1987. The values of the

23epu/239.2-»opu isotopic ratios indicate that Pu in particulate

samples originates mostly from the fallout of Chernobyl accident

while about 90* of Pu found in surface layer of the bottom

sediment is due to the atmospheric nuclear weapon tests.

Introduction

The aim of this study was to determine the residence time and

distribution of the transuranic elements in a large fresh water

system after a major nuclear power accident at Chernobyl. Tne

deposition of these radionuclides occurred as tropospheric

fallout during a few days after the accident. The investigations

were carried out in an oligotrophic lake of Paijanne (area

52.8 km 2). The southern part of this lake (Asikkalanselka) is

located in a region of the highest X 3 T s fallout from the

Chernobyl accident in Finland (46 - 100 kBq/m2) (Arvela et al.

1987). The deposition of 2=9.=4opu> =41Am, and 2A=Cm in the

Chernobyl fallout in this area where (0.20 ± 0.02) Bq/m2,

(0.18 ± 0.01) Bq/m2, and (1.81 ± 0.07) Bq/m2. respectively.
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calculated by using- a lichen 'carpet' sample as a cumulative

deposition indicator.

This study was started in August 1986 three months after the

Chernobyl accident.

Materials and Methods

The water samples (volume 150 - 400 1) for Fu-, Am. and Cm

analyses were collected three times a year since August 1986.

The water was filtered through a 0.45 tim Millipore filter, and

the filtered water and particulate samples were analyzed

separately. Samples for analyzing the oxidation states cf Pu in

filtered water were also taken once a year in i985-i989. The

concentrations of transuranic elements in the surface layer of

the bottom sediment (0—1 cm) have also been determined.

The analyses of Pu. Am. and Cm were made with a method based on

Fe(OH)3 coprecipitation of transuranic elemer.-s from the water

phase and anion exchange. For alpha spectrcme.ric measurements

the transuranic elements were electrodeposited on a stainless

steel planchet or coprecipitated with NdF3 and the precipitate

was mounted on a membrane filter (0.1 urn pore) (Kindman 1983,

Yamato 1982). The separation of the oxidation states of Pu is

based on the ability of rare earth fluorides to coprecipitate

Pu(III + IV) in acidic solutions and leave Pu(V-t-VI) in solution

(Lovett and Nelson 1981).

Results

iopu> 24ijj,: anc} 2-*2(;m concerttrations in filtered water,

particulate samples, and the surface layer of the bottom sediment

(0-1 cm) are presented in tables 1-3 and figures 1 and 2. The

results have been decay corrected to sampling date.

Discussion and conclusions

The 2a9-2iopu concentrations in filtered water and particulate

samples have slightly decreased from August 1986 to August 1987.
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In March the concentrations in participate samples are lower

than in summer, because the amount of particulate is smaller in

winter, when the lake is covered by ice. The percentage of

} n particulate fraction was 3-15%.

In the future the amount of a 4 1Am will increase because of the

radioactive decay of a*lPu. The ratio of M 1 P u to 2a».=«opu in

Chernobyl fallout was 96.

The «8pu/ 2 3»- 2 4 OPu isotopic ratio in the Chernobyl fallout was

0.40+0.06. In filtered water the ratios varied between 0.08

and 0.20, while in particulate samples higher values of

a3opu/239.2»opu ratios were found (Tables 1 and 2). In the

surface layer of the bottom sediment in Lake Paijanne the

isotopic ratios were 0.04-0.13. In the Baltic Sea the ratio in

sediment in 1970's was about 0.04 (Simola et al. 1979). This

indicates that the Pu which have adsorbed on particles comes

mostly from the Chernobyl fallout while about 90% of the Pu in

surface sediment originates from nuclear weapon test carried

out in 1950's and 1960's.

The analyses of the oxidation states of Pu in filtered water

showed thac 76 - 82% of Pu was in the lower oxidation states

III+IV and 18 - 24% were in the form of PU(V+VI). Similar

distributions between ?u(III+IV) and Pu(V+VI) have also been

reported in literature (Sholkovitz 1983). In the Baltic Sea in

oxidizing conditions only 6 - 14% of the total Pu in filtered

water was in the lower oxidation states III+IV. The greater

amount of Pu(III-j-IV) in lake water may be due to complex

formation of Pu(IV) with organic substances (Sholkovitz 1983).
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TABLE 1. a39.a«opu concentrations and the isotope ratio of
23opu/a3». a-iopu j n filtered water in Lake raijanne.
Standard deviation of the radioassay (i 1 c) is
included.

date

20.8.

20.8.

20.8.

18.9.

18.9.

17.3.

17.3.

17.3.

23.6.

23.6.

23.6.

12.8.

12.8.

12.3.

.1986

,1986

1986

1986

1986

1987

1987

1987

1987

1987

1987

1987

1987

1987

depth

(m)

1

20

30

1

48

1

20

48

1

20

48

1

20

49

339.3AOpu

Cu3q/l)

13

12

14

11

15

11

14

10

10

8

10

11

10

4. A

£ 2

£ 1

= :

£ 1

= 1

± 2

± 1

£ 1

£ 1

i 1

£ 1

l£ 0.4

2:

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

09 £

20 =

16 £

10 =

12 z

14 £

10 £

14 £

08 £

10 £

19 £

12 £

20 £

21 £

0.04

0.0s

3.C4

0.03

C. 02

0.07

0.03

0.09

0 . 02

0.05

0.03

0. 03

0.04

0 .04
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TABLE 2. 33»-3*°Pu, ""-Am, and 3*3Cm concentrations and the isotope

rat io of "8Pu/ a 3 9-3*°Vu in particulate samples (0 > 0.4S wn)

in Lake Paijanne C± 1 a ) .

sampling depth

date

1986

20.8.

20.8.

20.8.

20.8.

20.8.

20.8.

18.9.

13.9.

18.9.

18.9.

18.9.

18.9.

1987

17.3.

17.3.

17.3.

23.6.

23.6.

23.5.

12.3.

12.3.

12.8.

(m)

1

5

20

30

40

50

1

10

20
30

40

50

1

20

48

1

20

48

1

20

49

1

0

1

2

3

1

2

1.

1.
2.

3.

1.

0.
0.

0.

0.

1.

1.

0.

0.

0.

339.a.*opu

(uBq/1)

.2 ±

.80+

.7 £

.0 £

.6 £

.7 £

.0 £

.1 £

.5 £

.3 £

,0 £

.3 £

34 i

43 =

97 i

90 £

2 £

2 £

75 £

81 £

76 ±

0.4

0.14

0.4

0.3

0.9

0.4

0.5

0.4

0.6

0.6

0.6

0.5

: 0.08

: 0.10

: 0.16

0.20

0.4

0.2

0.12

0.11

0.14

3 4 a-Am

(uBq/1)

0.49

0.67

0.75

2.1

1.9

1.6

2.0

1.4
3.6

1.4

1.8

0.46

< 0

0.40

0.42

0.34

0.65

1.8

1.5

1.0

* 0

£ 0

£ 0

£ 0

£ 0

£ 0

£ 0

£ 0.

£ 0.

3 0.
— 1 i

£ 0.

£ 0.

.25

£ 0.

£ 0.

£ 0.

£ 0.

£ 1 .

± 0.

£ 0.

.44

.15

.39

.5

.6

.3

.5

.5

.8

.8

7

19

13

20

17

17

1

3

3

a"•aCm

(uBq/1)

4.7

4.2

6.1

27

35

12

3.7

10
7

9

10

0.53

3.0

<

<

<

2.6

<

<

15

£ 2.

£ 1.

£ 3.

£ 7

£ 9

£ 3

£ 2.

£ 4

£ 4

£ 7
_X)

£ 6

£ 0

£ 1

5.3

16

10

£ 1.

60

5

£ 5

2

3

9

2

.53

.2

,5

3

0

0

0

0

0

0

0

0.

0

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

0.

sop

.42

.29

.61

.33

.47

.14

.31

.62

.67

27

.36

ao

21
37

08

74

49

24

12

07

u/aa

£ 0

£ 0

£ 0

£ 0

£ 0

£ 0

£ 0

£ 0,

£ 0

£ 0,

£ 0.

• 0.

£ 0.

= 0.
£ 0.

_

£ 0.

£ 0.

£ 0.

£ 0.

£ 0.

...«opu

.24

.12

.24

.12

.22

.08

.16

.36

.43

.15

,14

39

21
30

11

35

16

10

06

05

1) Not detected.
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TABLE 3. 23».2-»°Pu, 3-°1Am. and 3"*3Cm concentrations and the isotope ratio

O f 33epu/aas>.a.aopu jn the surface layer of the bottom sediment

(0-1 cm) at five locations in Lake Paijanne 21.8.1986 (± l a ) .

depth
(m)

50

39

51

36

19

3 3 9 . 3<»opu

(Bq/m3)

2 .1 ±

1.5 ±

2.0 ±

1.9 ±

2.5 ±

0 . 2

0 . 1

0 . 3

0 . 1

0 . 2

n
(Bq/m3)

1.6 ±

0.58 ±

1.2 ±

0.69 ±

0.85 ±

0 . 2

0.05

0 .2

0.09

0.05

2 « : 2 Cm
(Bq/m3)

2 .0

0.53

1.2

2 . 3

0.51

± 0 . 4

± 0 . 0 7

+ 0 . 2

± 0 . 2

± 0 . 0 7

*3eP u /

0.08

0.13

0.12

0.13

0.04

339,24Opu

± 0 . 0 2

± 0 . 0 2

± 0 . 0 5

s 0 .02

± 0 . 0 2

A(Pu-239,240) |i8q/l
16

A(Pu-239,2«) jiBq/l
2J0

100 200
DAYS AFTER CHERNOBYL ACCIDENT

300 400 500 100 200 300 400
DAYS AFTER CHERNOBYL ACCIDENT

500

FIG. 1. 239.2*iopu concentrations
in filtered water at different
depths as a function of time
after the accident in Chernobyl.

FIG. 2. 23»'!"°Pu concentrations
in particulate samples at differ-
ent depths as a function of time
after the accident in Chernobyl.



Ill



The Science of the Total Environment, 130/131 (1993) 65-72 65
Elsevier Science Publishers B.V., Amsterdam

Determination of Pu, Am, and Cm concentrations
and the oxidation states of Pu from aquatic samples

Riitta Suutarinen, Timo Jaakkola and Jussi Paatero

University of Helsinki, Department of Radiochemistry, Unioninkatu 35, SF-00J70 Helsinki,
Finland

ABSTRACT

A method for determining the concentrations of plutonium, americium, and curium in
large-volume samples of natural waters and water particulates has been developed. The
method is based on Fe(OH)3 coprecipitation of transuranic elements from basic solutions.
The radiochemical separation of Pu from Am and Cm and the purification of each fraction
were achieved by means of anion exchange, and the activities were measured with alpha spec-
trometry. Separation of the oxidation states of Pin is based on the ability of rare earth
fluorides to coprecipitate Pu(III+IV) in acidic solutions and leave Pu(V+VI) in solution. The
major constituent of Pu in filtered water in Lake Paijanne was found to be Pu(III+IV); only
18-27% of it was in the higher oxidation states Pu(V+UI). The percentages of 239> 240Pu in
filtered water, particulates and the surface layer of the bottom sediment (0-1 cm) in August
1986 were 24, 3, and 73%, respectively. About 90% of the Pu in the surface sediment,
calculated from the 230Pu/239' 240Pu activity ratios, originates from the nuclear weapon tests in
the atmosphere in 1950s and 1960s

Key words: oxidation states; plutonium; americium; curium; determination; natural waters

INTRODUCTION

Investigations of the behaviour of transuranic elements in the environment
were started at the Department of Radiochemistry, University of Helsinki in
1973. In the first stage, the transfer of Pu and Am along the lichen-reindeer-
man food chain was investigated. Studies of the transuranic elements in
natural waters began in the middle of the 1970s with analyses of Pu and Am
in the Baltic Sea.

In 1986, 3 months after the Chernobyl accident, a new project on the
behaviour of the fallout nuclides in a large oligotrophic lake was begun. The
study area, Lake Paijanne, lies in the southern part of Finland, in the region
of Finland that received the highest 137Cs fallout levels (45-78 kBq/m2) [1],
The deposition of 239-240pu,

 238Pu, 24IAm, and 242Cm in this area, calculated
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by using a lichen 'carpet' sample of a known area as a cumulative deposition
indicator, were 0.20 ± 0,02 Bq/m2, 0.06 ± 0.01 Bq/m2, 0.18 ± 0.01 Bq/m2,
and 1.81 ± 0.07 Bq/m2, respectively.

The aim of the investigations was to measure the concentrations of tran-
suranic elements in filtered water, particulates and sediment, and to deter-
mine the residence time and distribution of these radionuclides in a large
freshwater system. The oxidation states of Pu have also been analysed,
because the migration behaviour of Pu is mainly dependent on its chemical
form in the water. The analytical methods developed at the Department of
Radiochemistry for transuranic elements have been modified in the present
study for the determination of Pu, Am, and Cm concentrations in large-
volume water and other aquatic samples.

SAMPLING

The sampling site in the southern part of Lake Paijanne is an accumulation
bottom with a depth of 51 m. The sampling was started in August 1986; the
samples of filtered water, particulates and sediments were collected 3-4 times
a year from different depths (1, 20 and 50 m). Samples for the determination
of the oxidation states of Pu were collected in autumn during the years
1986-1989.

For determination of the concentrations of transuranic elements and the
oxidation states of Pu, the lake water (sample volume 150-400 1) was filtered
through a 0.45-/im Millipore filter; the filtered water and the particulate frac-
tion were analysed separately. The sediment samples were taken with Kajak
gravity corers during the first two years of the project [2].

ANALYTICAL METHODS

The analyses of Pu, Am, and Cm from filtered water were started by
coprecipitating these nuclides with Fe(OH)3 from the water phase. The
precipitate as well as the particulate and sediment samples were wet-ashed
with concentrated HNO3 and HC1 before the radiochemical purification.
The separation of Pu from Am and Cm was achieved by means of anion ex-
change from 8 M HN03-solution as Am and Cm pass through the column
and Pu adsorbs on the resin. Pu was then reduced to Pu(III) with NH4I and
eluted from the column with concentrated HC1 [3].

The Am and Cm fraction was further purified by separating iron from the
sample by means of anion exchange. After addition of the Ca-carrier, the
nuclides were coprecipitated with oxalic acid from the solution; after in-
cineration, the precipitate was diluted to a mixture of 1 M HNO3 and 93%
MeOH. The lanthanides were separated from the sample by means of anion
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PRECIPITATE

+ TRACERS (""Pu,
+ Fe-CARRIER
+ NH-,
FILTERING

JFe[OHIa + Pu.Am,Cm

cone. HC1

DISCHARGED

.c. HC1 + NH..I

PRECIPITATE FILTRATE

1
DISCHARGED

0,1 M HC1 - 0,3 M NH.SCN - 80 \ MeOH

1M HNO3 + 93 h MeOH

TRACES OF F e

1 , 5 M HC1 - 86 V HaOH

LANTHATJIDES

Fig. 1. The separation scheme for the determination of Pu, Am, and Cm from water samples.
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exchange, and Am and Cm were eluted from the resin with 1.5 M HC1 in 86%
MeOH solution [4]. For alpha spectrometric measurements, the transuranic
elements were electrodeposited on a stainless steel planchet or coprecipitated
with NdF3) and the precipitate was mounted on a membrane filter of 0.1 /xm
pore [5]. The separation scheme for determining Pu, Am, and Cm from water
samples is shown in Fig. 1.

The determination of the 242Cm concentrations have been performed us-
ing 243Am as a tracer. Investigations carried out in our laboratory using
243Am and 244Cm as tracers for 241Am and 242Cm, respectively, have in-
dicated no differences in the yields of these two elements.

The separation of the oxidation states of Pu is based on the ability of rare
earth fluorides to coprecipitate Pu(III+IV) in acidic Solutions and leave
Pu(V+VI) in solution. To determine the oxidation states, about 400 1 of
filtered water was collected, Pu(IH+IV) being coprecipitated with NdF3 im-
mediately after sampling in the field. Pu(V+VI) was reduced with K2Cr207

in H2SO4 solution and coprecipitated with NdF3. In the laboratory both
samples were wet-ashed, and the radiochemical purification of Pu(III+IV)
and Pu(V+VI) fractions was carried out with the method used for filtered
water [3].

RESULTS

The 239> 240Pu concentrations in filtered water as a function of time after
the Chernobyl accident are presented in Fig. 2. The concentrations varied be-

m

100 200 300 400 500 600 7OO

Time (d) after the Chernobyl accident

8 0 0

Fig. 2. m240Pu concentrations in filtered water at depths of 1 (•), 20 (A), and 48-50 m (O)
after the Chernobyl accident.
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Activity (;uBq/l)

Fig. 3. The concentrations of 239-240Pu (D), 241Am (•), and 242Cm (A) in paniculate fraction
(separated from water by filtration through a 0.45-^m Millipore filter) as a function of depth
in August 1986.

tween 8.0 t̂Bq/1 and 14.3 /*Bq/l, and no systematic trend as a function of
depth or as a function of time after the accident could be seen. The
238pu/239,240pu activity ratios also varied unsystematically between 0.08 ±
0.03 and 0.20 ± 0.06.

The 241Am and 242Cm concentrations in filtered water have so far been
analysed for March, June and August 1987. The 241Am concentrations
varied between 3.7 /*Bq/l and 22 fiBq/l. The 242Cm concentrations were
below detection limits.

TABLE 1

U) 24iAm a n d 242Cm concentrations and the activity ratio of 238Pu/239' 240Pu in the sur-
face layer of the bottom sediment (0-1 cm) at the five sampling sites in Lake Paijanne on the
21st August 1986. The S.D. of radioassay (1 a) is included.

Depth
(m)

50
39
51
36
19

239,240j

(Bq/m

2.1 ±
1.5 ±
2.0 ±
1.9 ±
2.5 ±

•u
2)

0.2
0.1
0.3
0.1
0.2

241Am
(Bq/m2)

1.6 ±
0.58 ±
1.2 ±
0.69 ±
0.85 ±

0.2
0.05
0.2
0.09
0.05

242Cm
(Bq/m2)

2.0 ±
0.53 ±
0.2 ±
2.3 ±
0.51 ±

0.4
0.07
0.2
0.2
0.07

238pu/239,240pu

0.08 ± 0.02
0.13 ± 0.02
0.12 ± 0.05
0.13 ± 0.02
0.04 ± 0.02
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PUV+VI)

15

$

2 4 %

7 6 % i

18%

8 2 % I
2 3 %

7 7 %

2 1 %

7 9 %

1

2 7 %

7 3 %

1 m 50 m

18.9.86
1 m 2O m 50 m

12.8.87

Fig. 4. The concentrations of 239'24<)Pu in filtered water in 1986 and 1987 and the distribution
between the oxidation states m 24OPu(III+IV) and m 24OPu(V+VI).

The concentrations of 239>240Pu in the particulate fraction varied between
0.3 jiBq/1 and 3.5 jtBq/1. The concentrations have not significantly decreased
from August 1986 to September 1988; some seasonal variations, however,
were seen. The concentrations are lowest in winter, when the amount of par-
ticles in the water is small and the lake is covered by ice, and the same trend
was seen in 241Am concentrations, which varied from 0.4 /tBq/1 to 3.6 /iBq/1.
Because of the short half life of 242Cm (163 days), it was detectable only un-
til March 1987; the concentrations were 0.5-35 ^Bq/1.

In August and September 1986, the particulate samples were taken at a
depth interval of about 10 m. The concentrations of 239-240Pu,

 241Am, and
242Cm in particulate samples as a function of depth in August 1986 are
presented in Fig. 3. A clear maximum occurred at the depth of 30-40 m.

The transuranium concentrations and 23Pu/239>240Pu activity ratios in the
surface layer of the bottom sediment (0-1 cm) to date have been analysed
only for August 1986, at five sampling sites in Lake Paijanne. The results are
presented in Table 1. The results from the analyses of the oxidation states
of Pu are presented in Fig. 4. Most of the Pu, 73-82%, collected as filtered
water samples in Lake Paijanne in 1986 and 1987 was in the lower oxidation
states Pu(III+IV), and only 18-27% of it was in the form of Pu(V+VI).
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DISCUSSION

Chernobyl fallout reached the southern part of Finland at the end of April
1986, while Lake Paijanne was still covered by ice. After the ice melted,
deposits were effectively mixed into the whole water mass during the spring
overturn.

The boiling points of transuranic elements are high, and it is probable that
they were blown up into the atmosphere, as nuclear fuel particles, after the
fragmentation of the fuel rods in the explosion.

Figure 3. indicates that the transuranic elements from the Chernobyl
fallout present in the sedimentary part of the particulate fraction had reached
the depth of 30-40 m by August 1986. At that time 24% of the total
239,240pu w a s j n fl|tere(i water, 3% in particulates and 73% in the surface
layer of the bottom sediment (0-1 cm). In the water phase, i.e. filtered water
and particulates, 239>240Pu was mainly in the soluble or colloidal form and
only 3-15% was found in the particulate fraction (<j> > 0.45 ^m).

In 1986 and 1987, 73-82% of the total Pu in filtered water was in the form
of Pu(III+IV). A similar distribution of Pu(III+IV) and Pu(V+VI) in lake
water has also been reported in the literature [6]. In the earlier studies in the
Gotland Deep in the Baltic Sea, in oxidizing conditions the amount of the
lower oxidation states was only 6-14% of the total Pu in filtered water. The
greater amount of Pu(IH+IV) in lake water may result from the complex for-
mation of Pu(IV) with organic substances [6].

The concentrations of 24!Am in the samples analysed in this study were
the same order of magnitude as the 239-240pu concentrations. In future the
amount of 241Am will increase because of the radioactive decay of 241Pu.
The half life of 241Pu is 14.4 years and the ratio of 241Pu to 239.240pu in Cher-
nobyl fallout was about 100 [7].

The 23Opu/
239' 240Pu activity ratio in the Chernobyl fallout reported by

Russian scientists was 0.5 [7]. In the lichen 'carpet' sample collected from an
island in Lake Paijanne and analysed in this study, the ratio was 0.40 ± 0.06.
In filtered water the ratios varied between 0.08 and 0.20, while in particulate
samples higher values of 238pu/

239>240pu were found. In the surface layer of
the bottom sediment in Lake Paijanne, the isotopic ratios were 0.04-0.13. In
the Baltic Sea the ratio in sediment in the 1970s was about 0.04 [8]. The
results indicate that the Pu found in the particulate fraction in Lake Paijanne
originates mostly from the Chernobyl fallout, while about 90% of the Pu in
surface sediment derives from the atmospheric nuclear weapons tests. In
filtered water the contribution of Pu from the Chernobyl accident to the total
Pu content is slightly higher than in surface sediment.
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Separation of actinides from a bone ash matrix with extraction
chromatography
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Abstract

A method based on extraction chromatography for the separation of actinides from bone ash has been developed and tested. Group
separation of Th, U, Pu and Am from the sample matrix, and, e.g. Sr, was done with a TRU Resin® column. The sequential separation of
the actinides was performed with UTEVA Resin® and TRU Resin"1 columns. The mean recoveries for the bone ash analyses were 78 ±2,
86±5, 81±5 and 76±4% (1 s) for Th, U, Pu and Am, respectively. The activity levels were 1 mBq g"1 of sample for Th, U and Pu and
10 mBq g~' of sample for Am. The different actinide fractions were pure and the peak resolution in the a spectra was sufficient. Sample
sizes ranged from 3 to 5 g. The problems caused by the loss of the organic extractant from the columns during the elution of Th and Am
with 4-9 M HC1 was eliminated completely by decomposition of the organic residues using strong mineral acids, HNO3, HC1, HF and/or
HC1O4, before the sample preparation. The separation method is simple and faster than traditional methods based on anion exchange and
liquid-liquid extraction. Less strong acid and organic wastes are produced. Strontium-90 concentrations can be analysed from the same
sample as the actinides, which saves time and lowers the detection limits when the quantity of sample material is limited. © 1998
Elsevier Science S.A.

Keywords: Separation; Actinides; Extraction chromatography; Bone

1. Introduction

The wide use of nuclear power and nuclear waste
disposal plans have made the public increasingly
concerned about health hazards of radionuclide pollutants
in nature. Actinides are considered the most toxic radionu-
clides in the environment, as most of them are a active and
have long half-lives. These elements are enriched through
numerous food chains to humans and, even in small
amounts, can cause health hazards [1]. Accurate, precise,
reliable and rapid analytical methods with low detection
limits are therefore needed to determine the concentrations
of actinides in environmental samples.

Since the Manhattan project in the United States during
the Second World War many methods for the determi-
nation and separation of actinides have been developed.
Most of them are highly time consuming and produce
variable but usually large amounts of organic solvent and
strong acid wastes. The activity levels of radionuclides in
environmental radiochemistry are often very low resulting
in the need for large sample sizes. In many cases the

'Corresponding author. Fax: +32 14 584273; e-mail:
pilvio@irmm.jrc.be

sample matrices are complicated, and long separation
procedures are needed before the samples are ready for
activity measurements.

The aim of this work was to develop a rapid and simple
method for actinide analysis in different environmental
samples with low amounts of problematic wastes. Sequen-
tial separation of actinides using extraction chromatog-
raphy was tested and modified for the modern analytical
needs of advanced radiochemical laboratories. The method
was used for Th, U, Pu and Am analysis from a future
bone ash reference material; prepared by the National
Institute of Standards and Technology (NIST).

2. Method development

Extraction chromatography is a combination of liquid-
liquid extraction and chromatographic technique. Highly
specific resins have added interest in extraction chromatog-
raphy as a separation method for actinides in environmen-
tal samples. Horwitz and co-workers have developed
special extraction chromatographic resins for the sepa-
ration of radionuclides from different sample materials.
These resins comprise different organic stationary phases

0925-8388/98/S19.00 © 1998 Elsevier Science S.A. All rights reserved.
pri: S092S-8388(98)00022-X
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sorbed on inert polymeric supports [2-4]. They have
already been successfully used in many laboratories for the
separation of radionuclides from different sample matrices
[5-8]. The extraction chromatographic resins used in this
work were UTEVA Resin® and TRU Resin®, commercial-
ly available from Eichrom Industries, Inc., USA.

2.1. Separation procedure

Tracer experiments with 229Th, 23SU, 239Pu, 241Am and
4Cm were performed to optimise the separation pro-

cedure for these nuclides and check the recoveries and
purity of each actinide fraction. The method used is based
on the procedures published by Eichrom Industries for

customer use [9,10]. These experiments resulted in the
separation procedure shown in Fig. 1.

UTEVA Resin® was used to separate Pu, Am, and Cm
from Th and U. The separation of Pu from Am and Cm
was performed using TRU Resin®. The activities were
measured with a-spectrometry. Americium-241 and 244Cm
were measured together due to the sufficiently different a
energies of these nuclides, 5.49 and 5.81 MeV, respective-
ly. Neodymium fluoride coprecipitation [11] and elec-
trodeposition from ammonium sulfate media [12] were
used for sample preparation.

The tracers were added to a sample of 5 ml of 3 M
HNO3-0.5 M A1(NO3)3. Aluminium nitrate is used for
enhancing the separation procedure. Some anions such as

Sample

+ Sr-carrier(10mg)
+Th-, U-, Pu- and Am-tracers
+ cone. HNO3, evaporation
+ cone. HNO3 + H2O2, evaporation (twice)
+ 4MHNO3 -0.5 M A1(NO3)3

Filter

Filtrate Residue

+ NaNO2, heating

4 M HNO3 - 0.5 M A1(NO3)3

+ cone. HNO3 + 48% HF, evaporation
+ cone. HNO3 + 70% HClOa, evaporation
+ 4 M HNO3 - 0.5 M A1(NO3)3

3MHNO3

elute with 0.1 M NH4HC2O4 Sr fraction

Th, U, Pu, Am

evaporation to dryness
decomposition of oxalates with HNO3, H2O2 and HC1
+ 3 M HNO3 - 0.5 M A1(NO3)3

+ Fe-sulfamate
+ ascorbic acid

3MHNO3

9MHC1

5MHC1

elute with
0.01 M HC1

Pu, Am

1

i
1

2MHNO3

2 M HNO3 + NaNO2

0.5 M HNO3

9MHC1

elute with 4 M HCl

e
0.

ute with
M NH4HC2O4

discarc

discarc

Fig. 1. The scheme for the separation of Th, U, Pu and Am from a bone ash matrix.
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P 0 4 , SO4 and C2Oj have strong effects on actinide
retention on the resins. Aluminium(III) will complex the
anions present which will decrease their interfering effect
on the separation. Raising the acid concentration will have
the same effect because protonation also decreases the
anion concentration in the sample [2,8]. Ferrous sulfamate
was used to reduce plutonium to Pu(III) and ascorbic acid
to keep Fe in the +2 state. The sample was then loaded
onto a UTEVA Resin® column preconditioned with 5 ml of

3 M HNO3. The trivalent nuclides, Pu, Am and Cm, run
through the column in 3 M HNO3. After converting the
column to chloride system by adding 4 ml of 9 M HC1, Th
was eluted with 20 ml of 5 M HC1. Some Th might elute
with 9 M HC1, and consequently the two HC1 fractions
were combined for Th analysis. U was eluted with 15 ml
of 0.01 M HC1. Gravity flow rates of maximum 0.5 ml
min"1 were used in all experiments.

The Pu/Am/Cm fraction was loaded onto a TRU
Resin® column, which had been preconditioned with 5 ml
of 2 M HNO3. Then 5 ml of 2 M HNO3-0.1 M NaNO2

was passed through the column to oxidise Pu(III) to
Pu(IV). Subsequently, 5 ml of 0.5 M HNO3 and 3 ml of 9
M HC1 were used to convert the column to chloride
system, after which Am and Cm were eluted with 20 ml of
4 M HC1 and Pu with 10 ml of 0.1 M NH4HC2O4. As with
Th analysis, the two HC1 fractions were combined for Am
and Cm measurements.

2.2. Results and discussion

The mean recoveries for the separation procedure for the
actinides concerned are presented in Table 1. Results from
both sample preparation methods for counting are in-
cluded. These mean values cover four to 17 replicate
analyses for each nuclide. The recoveries for Th, Am and
Cm when electrodeposition was used for sample prepara-
tion varied in the ranges 58-107, 51-100 and 40-84%,
respectively. For U and Pu the variation was noticeably
lower. For comparison, some U samples were also mea-
sured with ICP-AES where no sample preparation for
counting was needed. The mean value for these eight
experiments was 76±4% (1 s).

Coprecipitation was chosen for Th, Am and Cm as a

Table 1
Mean values for separation recoveries of Th, U, Pu, Am and Cm using
extraction chromatography and coprecipitation and electrodeposition as
the sample preparation methods

Nuclide Coprecipitation recovery (%) Electrodeposition recovery (%)
2MTh 81 ± 3
M8U 67±7
2MPu 70±6
M 'Am 85±6
M4Cm 73 ±6

88±23
78 ±4
94±8
78±20
66±19

The uncertainties correspond to the standard deviation of the means of the
individual analysis at the 1-s level.

sample preparation method for the final procedure. In those
experiments where electrodeposition was used for Am and
Cm, the recoveries were variable while the coprecipitation
method gave higher recoveries with less variation. This
was due to the loss of organic extractant from the column
during the elution which lowered the electrodeposition
recoveries. When electrodeposition was used to prepare the
Th samples for ot-spectrometry 4-6% of the U added to
the sample was found in the Th fraction. Pure Th fractions
were achieved using the coprecipitation method. Some
organic extractant was also lost during Th elution but the
effect was worse with the TRU Resin® than with the
UTEVA Resin®. Decomposition of the organic residues
with 1-2 ml of 65% HNO3, 36% HC1 and 70% HC1O4

before the coprecipitation eliminated this problem com-
pletely. Electrodeposition was chosen for U and Pu due to
higher recoveries and slightly better resolutions. No cross-
ing over of nuclides other than U to the Th fraction was
observed.

When determination of Th and Cm concentrations from
the same sample is needed some problems can be antici-
pated. Thorium-229, used as a tracer here, decays to 225Ac
with a half-life of 7340 a. Ac follows Am and Cm in the
separation procedure used. As the a energies of 244Cm and
225Ac are almost identical, 5.81 and 5.83 MeV, respective-
ly, their peaks overlap in the a spectrum. A second
measurement of the Am and Cm samples 2 -4 months after
the separation gave pure peaks also for 244Cm because of
the short half-life of 225Ac (10 days).

Americium and Cm have similar chemical behaviour
and a common tracer is often used in the separation
procedures for these nuclides [13-15]. The Cm recoveries
in all these experiments were, however, about 10% lower
than the Am recoveries. This phenomenon was also
reported by Ham who found that Cm recoveries were only
80% of the Am recoveries [16]. This might be explained
by stronger effects of small chemical differences of these
two nuclides on highly selective extraction chromatograph-
ic resins than on resins and reagents used in traditional
actinide separation methods, e.g. ion exchange.

3. Bone ash analysis

The separation procedure was successfully applied for
bone matrix. NIST had prepared bone ash samples to be
used as standard reference materials after certification of
some radionuclide concentrations. The nuclides of interest
were 90Sr, 2 I0Pb, 2 I0Po, 226Ra and actinides. The material
consisted of 4.3% actinide-contaminated human bone ash
and 95.7% diluent bovine bone ash. The activity levels
were 1 mBq g~' of sample for Th, U and Pu and 10 mBq
g~' of sample for Am. The material was carefully ashed
and homogenised, and five 15-g samples were delivered to
each participating laboratory [17].
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3.1. Separation procedure

Some improvements and modifications were done to the
separation procedure described earlier. Due to the limited
quantity of sample material, the actinides and Sr were
analysed from the same sample. A 3-5-g sample from
each bottle was analysed for 228Th, 230Th, 232Th, 234U, 238U,
23S 239240 241 ™

Table 2
The recoveries of five replicate analysis of Th, U, Pu and Am from the
future bone ash reference material

using liquid scintillation counting. The scheme for actinide
separation from bone ash is presented in Fig. 1. The
separation procedure for Sr is described elsewhere [18].

The bone ash was dissolved nearly completely by
repeated digestions and evaporations with boiling 65%
HNO3 (5-10 ml) together with 30% H2O2 (1 ml) addi-
tions. After the last digestion, the evaporated sample was
dissolved in 10 ml of boiling 4 M HNO3-0.5 M
A1(NO3)3. A small insoluble residue was filtered off and
digested with 1-2 ml of boiling 65% HNO3, 48% HF and
70% HC1O4 to solubilize any actinides and Sr present.
After evaporation, this sample was dissolved in 1-2 ml of
boiling 4 M HNO3-0.5 M A1(NO3)3, a possible insoluble
residue was again filtered, and the two filtrates were
combined. With this solution the separation of actinides
from Sr was performed using a preconditioned TRU
Resin®. The oxidation state of Pu was adjusted to +4 by
adding 100 mg of NaN0 2 and heating. Strontium and Ca
passed through the column in 4 M HNO3, while the
actinides were retained and eluted afterwards as a group
with 20 ml of 0.1 M NH4HC2O4 . The oxalates were
decomposed by boiling the sample with 1 ml of 65%
HNO3 and five drops of 30% H2O2 , and then 1-2 ml of
65% HNO3 and 36% HC1 before loading the sample into a

Sample

1
2
3
4
5
Mean

2MTh (%)

81±3
74 + 3
78±3
80±3
78±3
78±2

232U (%)

89+3
85+3
89±3
88±3
78+3
86+5

242Pu (%)

85±3
73±3
86±3
79±3
81±3
81+5

243Am (%)

71 + 1
78 + 1
75±1
80±l
77±1
76±4

The uncertainties presented for samples 1-5 are the total uncertainties of
individual analysis at the 1-s level. The uncertainties for the mean values
are the standard deviations of the five values at the 1-s level.

UTEVA Resin column. The sequential separation of the
actinides was performed as described above (see Fig. 1).

3.2. Results and discussion

Pure a spectra were achieved for all the nuclides
concerned, as shown in Fig. 2. The average resolution was
about 50 keV. The detection limit determined as presented
by Currie [19] for 5 g of bone ash, with a count time of 4
days, was 0.1 mBq.

Leaching of the organic phase from the column with
4-9 M HC1 caused some problems in the sample prepara-
tion of Th and Am, even when NdF3 coprecipitation was
used. This was overcome by decomposition of the residues
using strong mineral acids, HNO3, HC1, HF and HC1O4,
before the precipitation. The recoveries of five replicate
analysis of Th, U, Pu and Am from the future bone ash
reference material are presented in Table 2.

1000
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400

200

200 250 300

800

180 220 260
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2000

1000

180 220
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260

Fig. 2. Alpha spectra for Th, U, Pu and Am separated from a bone ash sample. Count time was 4 <
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4. Conclusions

Separation of actinides from environmental samples,
especially in the trivalent state has been a complicated and
time-consuming task. The chromatographic resins for
extraction have given an opportunity to develop fast and
simple separation methods for many radionuclides. The
dissolution of the sample, and the separation of Th, U, Pu
and Am from a bone ash matrix, could be performed in 1.5
working days with the method presented here. According
to Cadieux and Reboul, flow rates of 2-4 ml min"1 could
be used by using vacuum systems on the bottom of the
columns without degrading the separation [5]. This would
make the separation procedure even faster.

Lower detection limits are reached by analysing ac-
tinides and Sr from a single large sample when the
quantity of sample material is limited. This also decreases
the required time for sample dissolutions.

HC1 (4-9 M) was used for the elution of the Am/Cm
and Th fractions. Some bleeding of the organic extractant
from the columns was observed during these separation
steps. These organic residues could be destroyed by hot
digestion with 1-2 ml of 65% HNO3, 36% HC1, 48% HF
and/or 70% HC1O4, thereby eliminating the interferences
in the sample preparation by the coprecipitation method.

This method can be easily modified for actinide analysis
of different low activity level sample matrices.
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ABSTRACT

Bone is a critical organ for the accumulation of many radionuclides including 90Sr

and the actinides. The National Institute of Standards and Technology (NIST) has

prepared bone ash samples in view of producing a standard reference material. The

Institute for Reference Materials and Measurements (IRMM) participated in the

analysis for the certification of the radionuclide concentrations in the bone ash. This

article describes the assaying of the actinides, Sr, 2 Pb and 226Ra activity

concentrations. A radiochemical procedure based on extraction chromatography has

been developed to separate these radionuclides from the bone ash. The activity

concentrations of the actinides, Pb and Ra have been measured using gamma-

ray spectrometry and alpha-particle spectrometry and that of 90Sr using low-level

liquid scintillation counting.

INTRODUCTION

At present a wide selection of instruments and methods capable of high precision

results and low detection limits are available for the assessment of concentrations of

elements, species or radionuclides. The use of these instruments and methods does not

automatically deliver reliable results; standard reference materials are needed for

quality control and the comparability of measurement results among laboratories.

Alpha- and beta-particle emitting radionuclides such as the actinides, 90Sr, 210Pb -
210Po and 226Ra, accumulate in bone, which has proven to be a critical organ in the



dosimetry of human and animal exposure to radionuclides. However, no reference

materials exist for this particular matrix certified for their actinide contents. Therefore,

the National Institute of Standards and Technology (NIST) prepared bone ash samples

and organised an interlaboratory comparison to certify values of radioactivity

concentrations for 15 radionuclides. The material consists of 4.3% actinides-

contaminated human bone ash and 95.7% diluent bovine bone ash. The major matrix

component is Ca3(PO4)2«Ca(OH)2. Details on the preparation and homogenisation of

the bone ash material is given elsewhere (Krey et al., 1994).

The Institute for Reference Materials and Measurements (IRMM) participated in

this comparison by analysing five bone ash samples for the 90Sr, 210Pb, 226Ra, 228Th,
230Th, 232Th, 234U, 238U, 238Pu, 239-240pu and 241Am activity contents. Non-destructive

low-level gamma-ray measurements, alpha-particle spectrometry and liquid

scintillation counting after radiochemical treatment were employed for the activity

measurements. The methods used and the results obtained are presented below.

DETERMINATION OF THE ACTINIDES AND 90Sr

New, highly specific resins have added interest in extraction chromatography as a

separation method for the actinides and Sr from environmental samples. These resins

consist of various organic stationary phases sorbed on inert polymeric supports

(Horwitz et al., 1967; Horwitz et al., 1990; Horwitz et al., 1992a; Horwitz et al.,

1993a; Horwitz et al., 1993b; Dietz & Horwitz, 1993). They have already been

successfully used for the separation of radionuclides from various sample matrices

(e.g. Horwitz et al., 1991; Horwitz et al., 1992b; Vajda et al., 1992; Horwitz et al.,

1995; Smith et al., 1995; Alvarez & Navarro, 1996; Cadieux et al., 1996; Sanchez &

Singleton, 1996). The extraction chromatographic resins used in this work were

UTEVA Resin, TRU Resin and Sr Resin, commercially available from Eichrom

Industries, USA.



Separation method for the actinides and Sr

The extraction chromatographic method was tested and optimised using spiked bovine

bone ash samples before application to the future NIST reference material. Five gram

samples from each of the five bottles were analysed for Th, U, Pu, Am and Sr. Two

additional samples were also analysed: one without any tracer additions for checking

the presence of any of the nuclides used as tracers in the bone ash material and one

with 229Th tracer only added to confirm the 228Th activity. The scheme for the

separation of these elements from bone ash is presented in Figures 1 and 2.

Bone ash dissolution

For each analysis about 5 g of the bone ash was oven dried at 105 °C for 16 hours.

After cooling in a desiccator the sample was weighed accurately. Tracer solutions of
229Th, 232U, 242Pu and 243Am, obtained from NIST, were added gravimetrically to the

sample using a Mettler AT21 microbalance. The uncertainty of the weightings was

negligible (< 0.05%) compared to the uncertainties of the tracer solution activity

concentrations (from 1.1 to 1.5%). Ten mg of natural Sr carrier was also added to the

sample as Sr(NC>3)2.

The spiked bone ash was nearly completely dissolved by repeated digestions and

evaporations with boiling 65% HNO3 together with 30% H2O2 additions. The

evaporated residue was dissolved in 10 ml of boiling 4 M HNO3 - 0.5 M A1(NC>3)3

and filtered through a 0.45 um membrane filter. The filter was wet-ashed with 65%

HNO3 and then digested with 65% HNO3 alone, 65% HNO3 and 40% HF, and finally

65% HNO3 and 70% HC1O4. The residue was dissolved in 2 ml of 4 M HNO3 - 0.5 M

A1(NC>3)3 and passed through a 0.1 um filter and the second filtrate was combined

with the first one.

Group separation of actinides from Sr

The oxidation state of Pu was adjusted to Pu(IV) by adding solid NaNC>2 to the

sample solution and heating. The solution was then passed through a preconditioned,



pre-packed TRU Resin column. The Th(IV), U(VI), Pu(IV) and Am(IH) were

effectively removed from the feed solution by extraction onto the TRU resin during

this step. The resin was rinsed with 10 ml of 3 M HNO3. The Sr together with e.g. Ca,

Al, Na, K, and phosphate passed through the column without retention. This eluate

was designated as the Sr fraction. The actinides were eluted from the column with 20

mlof0.1MNH4HC2O4.

Sequential separation of actinides

The oxalates in the actinide fraction were decomposed with 65% HNO3 and 36% HC1,

65% HNO3 and 70% HC1O4) and finally 70% HC1O4 using hot digestion. One ml of

0.6 M iron sulfamate and 100 mg of ascorbic acid were added to the sample solution

before loading it onto a preconditioned UTEVA Resin column, connected on top of a

preconditioned TRU Resin column. Fe(II) reduces all oxidation states of Pu to Pu(IH)

and ascorbic acid keeps iron ions in the +2 valence state. Under these conditions, Th

and U are extracted onto the UTEVA resin, while the trivalent actinides, Pu and Am,

are eluted with 10 ml of 3 M HNO3 and are extracted onto the TRU resin. Then, the

two columns were disconnected and the procedure was continued with the separated

columns.

The UTEVA resin was first converted to the chloride form by means of 4 ml of 9

M HC1. Then, the Th was eluted with 20 ml of 5 M HC1. Since some Th might have

already been removed with the first 9 M HC1 rinse, both HC1 fractions were combined

for the Th measurements. Then, the U was eluted with 15 ml of 0.1 M HC1.

The TRU resin was rinsed with 5 ml of 2 M HNO3, 5 ml of 2 M HNO3 - 0.1 M

NaNO2 to oxidise Pu(IH) to Pu(IV) and 5 ml of 0.5 M HNO3 and 3 ml of 9 M HC1 to

convert the resin to the chloride form. The Am was then eluted with 20 ml of 4 M HC1

and as in the case of Th, both HCl eluates were combined for the preparation of the

Am sources. The Pu was eluted with 10 ml of 0.1 M NH4HC2O4.

The samples were evaporated to dryness before the source preparation for alpha

spectrometry. The oxalates in the Pu fraction were decomposed with 65% HNO3 and

30% H2O2 and then 65% HNO3 and 36% HCl. Elution with HCl can cause bleeding

of some organic extractant from the resins, which was destroyed by heating with 65%

HNO3 and 30% H2O2, 65% HNO3 and 70% HC104and finally 70% HC1O4.



Sr separation

The Sr fraction was evaporated to 10-15 ml, diluted to 20 ml with water and divided

equally into two 50 ml centrifuge tubes. 25 ml of fuming HNO3 were added to each

tube to form the Ca-Sr(NOs)2 mixed precipitate. After centrifugation the supernatant

solution containing Al, Na, K, phosphate, some Ca, and possibly traces of actinides

was decanted away. After dissolving the precipitate in water, the Ca-Sr(NO3)2

precipitation was carried out for a second time. The precipitate was dissolved in less

than 10 ml of water, evaporated to a thick syrup and redissolved in 10 ml of 3 M

HNO3.

This Ca-Sr solution was applied to a preconditioned Sr resin (2.5 g of dry resin in a

1 cm ID glass column) followed by 90 ml of 3 M HNO3 to remove any Ba and Ra

components. Sr was stripped with 30 ml of water while Pb remained on the resin. The

organic material which possibly bled from the resin was destroyed by hot digestion

with 65% HNO3 and fuming with 70% HC1O4. The residue was dissolved in 18 ml of

water and gelatinous A1(OH)3 was precipitated by adding 2 mg of Al as nitrate and 2

ml of 25% NH3. This scavenge removed any possible Pb and ingrown 90Y.

The filtrate was acidified and diluted to 40 ml. Three hundred mg of

(NH4)2C2O4-H2O was used to precipitate Sr-oxalate with the addition of 25% NH3

(pH 9-10). After filtering, the loaded filter was oven dried for 5 minutes at 50-55 °C,

cooled in a desiccator for 0.5-1 hour and weighed. A stable weight of Sr oxalate

monohydrate was used to calculate the Sr chemical recovery after correction for the

natural Sr content of the bone itself, determined by Isotope Dilution Inductively

Coupled Plasma Mass Spectrometry (ID-ICP-MS). The HMCP-MS measurements of

the five samples have yielded an average concentration of natural strontium of 2.43

mmol kg"1 of dry bone ash (or 213 mg kg'1) with an uncertainty of 0.8 % at the Is

level (Altzitzoglou et al., 1997). This Sr oxalate was subsequently dissolved in 1 ml of

hot 1 M HNO3 in a glass liquid scintillation vial and after cooling 14 ml of Packard

Insta-Gel cocktail were added in preparation for the liquid scintillation counting.



Measurement of the actinides by alpha-particle spectrometry

Thin, uniform and almost weightless samples are needed for alpha-particle

spectrometry. For actinides, the preferred sample preparation methods are lanthanide

fluoride coprecipitation and electrodeposition. On the one hand, the coprecipitation

method is a simple procedure with no stringent requirements for solution purity. On

the other hand, sources prepared carefully using the electrodeposition method exhibit

better alpha peak resolutions. Both methods were tested in this study.

Optimisation of the sample preparation methods

Nd and Ce were used as carriers in the lanthanide fluoride method (Hindman, 1983).

The best alpha spectrum peak resolution was achieved using 50 jig of carrier and 0.5

ml of 40% HF. Th, Pu and Am were precipitated from 5 ml of 1 M HNO3. TiCl3 was

used for the U reduction, since U can only be precipitated in the +4 oxidation state

and the coprecipitation was performed in 1 M HC1 solution.

A modification of the electrodeposition method published by Talvitie (Talvitie,

1972) was used to prepare the samples from ammoniumsulfate medium. Tracer

experiments were used to determine the electrodeposition recoveries for Th, U, Pu and

Am as a function of the electrolysis duration. Quantitative results were achieved for

Th and U after 40 minutes and for Pu and Am after 60 minutes of electrolysis (see

Fig. 3). Therefore, electrolysis times of 60 minutes were chosen for Th and U and of

80 minutes for Pu and Am. The recoveries of the sample preparation by lanthanide

fluoride coprecipitation and electrodeposition are presented in Table 1.

Many factors contribute to the selection of sample preparation methods for alpha

spectrometry. For the bone ash analysis coprecipitation was chosen for Th and Am

and electrodeposition for U and Pu. During method development, experiments using

tracers showed that when electrodeposition was used to prepare Th sources for alpha

spectrometry, 4-6% of the U tracer added to the sample was found in the Th fraction.

Pure Th sources were prepared with the coprecipitation method because U(VI) is not

precipitated with lanthanide fluorides. In bone ash analysis coprecipitation gave

higher and reproducible recoveries for Th and Am. For U and Pu higher recoveries



and slightly better resolution were achieved by electrodeposition (Pilvio and Bickel,

1997).

Alpha-particle spectrometry measurements

The228Th, 230Th, 232Th, 234U, 238U, 238Pu, 239'240Pu and 241Am activities in the bone ash

were measured using Canberra 7401VR alpha-particle spectrometers with passivated

implanted planar silicon (PIPS) detectors. Calibration and background measurements

were repeated regularly. The efficiency was measured with a standard 239Pu source of

(3560 ± 18) Bq (Is) (reference date 5 October 1994 - CEA/DAMRI, France). The

activities were calculated using the Canberra AlphaWorks V2.1 software. The average

peak resolution for all samples was about 50 keV. For Th and Am a tail subtraction

for each peak of interest was also done with the ALFA program, a deconvolution-type

code (Babeliowsky & Bortels, 1993). No significant difference was found between the

two ways of calculation. The detection limit determined according to Currie (Currie,

1968) for a five gram sample of dry bone ash and an acquisition time of 4 days was

0.1 mBq, or equivalently 20 mBq kg"1.

Measurement of 90Sr by Liquid Scintillation Counting

Equipment, sample preparation and measurements

90Sr and its daughter 90Y are pure beta emitters and they were measured by liquid

scintillation counting. The measurements were carried out on a Packard Tri-Carb

model 2550 TR/AB scintillation spectrometer at 12 °C. The instrument was operating

in low-level mode, no automatic corrections were allowed and the data analysis was

carried out manually.

The samples were counted as soon as possible after the separation of Sr and after

being dark adapted and cooled. The measurements were repeated several times and

the ingrowth of 90Y was followed. The acquisition time for the first measurements

was 180 minutes increased to 300 minutes for the subsequent measurements. Blank

samples containing nitric acid and liquid scintillation cocktail of the same quality and

amount as the samples were equally prepared. Always, the blanks were measured



before and after each sample and for the same amount of time. For the given

experimental conditions, the estimated detection limit is 10 Bq kg"1 of dry bone ash.

Activity calculations

The determination of the counting efficiency was done by the CIEMAT/NIST method

(Grau Malonda and Garcia-Torano, 1982; Grau Malonda et al., 1985) and the Full

Spectrum method (Kessler, 1989) was used to calculate the individual count rates due

to each of the two radionuclides by means of a spectrum unfolding technique.

The efficiency vs. quench parameter curves were established using the

CIEMAT/NIST 3H efficiency tracing method. The principle of the method is a

combination of a theoretical calculation of the counting efficiency using the EFFY4

program (Garcia-Torano and Grau Malonda, 1985) and an experimental

determination of correction factors with the help of a tracer nuclide, e.g. 3H, very

sensitive to quenching effects because of its low p" particle energy. The dependence of

the 3H efficiency on the transformed Spectral Index (tSIE) quench parameter (Kessler,

1989) was measured experimentally using a series of standard sources prepared from

the IRMM tritiated water standard (Spernol and Denecke, 1964) with varying degree

of quench. The combination of the theoretical curves and the experimental quench

curve allowed the counting efficiency calculation.

In order to test the accuracy and reproducibility of the analytical procedure and the

data calculation, additional spectra were taken and the ingrowth of 90Y was followed;

the results were satisfactory with a discrepancy of less than 3% from the expected

values, taking into account the time between the end of the chemical separation and

the measurements. This demonstrates that the chemical separation delivered pure 90Sr

samples.

Furthermore, samples were prepared gravimetrically from a low-level 90Sr/90Y

standard (NPL, UK). The certified activity concentration for both nuclides was (45.19

i 0.36) Bq g'1. The assessed activity by liquid scintillation counting, following exactly

the same data analysis method as for the bone ash samples was (45.3 ± 0.5) Bq g"1.

The test against the standard samples of 90Sr/90Y demonstrated the accuracy of the

combination of the CIEMAT/NIST and the Full Spectrum methods.



GAMMA-RAY SPECTROMETRY MEASUREMENTS

Before any chemical manipulation, the samples were measured by non-destructive

low-level y-ray spectrometry. To improve the sensitivity of the detection system, the

reduction of the background was of prime concern. Recently, solid state photon

detection systems have been placed in the underground research facility HADES

(High Activity Disposal Experimental Site) at the Studiecentrum voor Kernenergie

(SCK), Mol, Belgium (Wordel et al., 1994), at a depth of about 225m (500m water

equivalent). This action reduced the background by a factor of 100, since the major

source of background at sea level is due to the cosmic rays (Wordel et al., 1996). Two

High-Purity Germanium (HPGe) detector systems were used; one of the coaxial type,

the other semi-planar. Their construction materials, the detector end-caps and

windows in particular, and the shielding materials were carefully selected to ensure

extremely low background.

The bone ash samples were assessed by y-ray spectrometry for the activity

concentrations of 228Th, 210Pb, 226Ra and 241Am. All 15 grams of each five samples,

after vigorous shaking, were oven dried for 16 hours at 105 °C. After cooling in a

desiccator to room temperature, the samples were weighed and transferred to special

containers. These containers are made of Teflon and have an internal volume of 100

cm3. The bottom is 0.5 mm thick, to reduce the attenuation of low-energy photons.

The cover is gas-tight, by means of an O-ring, so that radon and its progenies can be

kept in equilibrium, if necessary. The containers were tapped to tightly pack the bone

ash. The empty space above the sample material was filled by a solid Teflon cylinder.

The sample containers were placed directly on top of the detector end-cap and

measured for 8 to 13 days each with both detectors. Figure 4 shows a y-ray spectrum

obtained with the semi-planar low-background HPGe detector.

The two detector systems were calibrated for peak efficiency using multi-nuclide

liquid standards (from NPL, UK, and CEA/DAMRI, France), prepared in the same

geometry as the actual samples. To correct for small geometrical variations and

differences in self-attenuation, the Monte Carlo computer code GEOMU (Sole, 1990)

was used. For the 226Ra activity calculation the 186.1 keV y-ray was used and the

contribution of the unresolved 185.7-keV 235U y-rays was subtracted. This correction
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amounted to 2% on the final activity values. For the 228Th activity calculation the

238.6 keV y-rays of 212Pb were employed. The average results of the five samples are

given in Table 2.

RESULTS AND DISCUSSION

The chemical recoveries of Th, U, Pu, Am and Sr for all samples are given in Table 3.

Those of Sr are corrected for the natural Sr content in bone ash. For the five gram

samples this correction was about 10 % of the chemical recovery values.

A 232U tracer was used to determine the chemical recovery of each U analysis. This

radionuclide decays to 228Th with a half life of 70 a. The 228Th amount in the 232U

tracer was determined by measuring an alpha source prepared from the 232U tracer

solution and analysing the spectrum with the ALFA program. The 228Th/232U activity

ratio in the tracer solution was 0.69 ± 0.01 (Is). The 228Th added with the 232U tracer

was subtracted from the 228Th activity reported. The 228Th results were also confirmed

with a measurement of one bone ash sample without the 232U tracer. The 228Th activity

in this sample was (7.3 ± 0.3) Bq kg"1, in good agreement with the values obtained

from the analysis of the five samples. No signs of any of the nuclides used as tracers

were found in the blank samples analysed without tracer additions.

The use of natural Sr as a carrier for the gravimetric determination of the chemical

recovery causes no interference in the beta activity counting and reduces the

adsorption on the vial walls. However, there is need to determine the initial natural Sr

content of the bone ash in order to calculate the correct chemical recovery.

The choice of using the Full Spectrum technique for the discrimination of the

counts attributed to either 90Sr or 90Y in the liquid scintillation counting allows the

calculations to be performed at maximum efficiency levels for each radionuclide thus

being more accurate for low-level applications. In addition, both activities are

determined by only one measurement, no spectrum overlap corrections are needed and

the application of non-equilibrium equations is not required.

The CIEMAT/NIST 3H efficiency tracing method for the instrument calibration

requires 3H standards only and just qualitative (non-standard) samples of the

individual 90Sr and 90Y.
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The results of the non-destructive y-ray spectrometry are in agreement with the

certified values. However, disequilibria were observed in the chains of 234U and 232Th.

As mentioned by Lin et al. (Lin et al., 1997) the disequilibria were the result of mixing

occupationally contaminated human bone with natural bovine bone and the

fractionation during internal biological processes.

In Table 2 the activity concentrations of the measured radionuclides are given. All

counting data were first adjusted for background and decay corrected to the reference

date of 31 December 1995, 0:00 UT. Each result in the table is the weighted mean of

the analysis of the five samples. In addition, for 90Sr the values represent the weighted

mean of multiple counting cycles. The uncertainties are given at the Is level and they

include the uncertainties on the counting statistics, the background, the half-life, the

chemical recovery, the tracers, the detection efficiency and in the case of 228Th

determination with alpha particle spectrometry the uncertainty on the 22Sjy232\j

activity ratio.

In the last column of Table 2 the NIST certified values for the bone ash standard

reference material SRM-4356 are presented (Lin et al., 1997). For the uncertified

radionuclides mean values and the ranges reported by NIST are given.

CONCLUSIONS

The chemical separation of the actinides and Sr from the same sample of bone ash has

been demonstrated. The analysis of both the actinides and strontium from the same

initial sample, together with the high chemical recoveries of the procedure improves

the detection limits. The separation method described for the actinides is simple, fast

and reproducible.

Analysis of both the actinide alpha-particle spectra and the 90Sr beta-particle

spectra proved that the separation of the elements was complete. Therefore, the

extraction chromatographic resins used are suitable for the separation of these

radionuclides from environmental matrices.

Some radionuclides can be assessed by y-ray spectrometry without the need for

chemical treatment of the samples. The obvious advantage is that the source

preparation is very rapid and simple. The use of low-background detection systems in
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an underground laboratory offers the possibility of achieving extremely low detection

limits.

Certification of standard reference materials requires very accurate work. There is

no similar matrix to the bone ash available and the quality of the results can only be

guaranteed by careful evaluation of the methods used and the elimination of all

sources of bias. Special attention has been paid to the uncertainty propagation in the

different steps of the chemical analysis and the activity calculations.

A total of 9 highly experienced laboratories world wide, including IRMM,

participated in the comparison, using a variety of radiochemical procedures and

detection methods. The NIST certified values are a combination of their reported

results. The activity concentrations in the bone ash standard reference material of the

radionuclides measured in our laboratory are compared with the certified values of

NIST (Fig. 5). All values measured in IRMM are in good agreement with the NIST

certified values for both the certified and uncertified radionuclides within the given

uncertainties.
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Table 1. Source preparation recoveries for Th, U, Pu and Am for the coprecipitation

and electrodeposition methods. The uncertainties are given at the Is level.

Nuclide

Th

U

Pu

Am

Coprecipitation

recovery (%)

102 ±3

88 ±10

98 ±3

95 ±4

Electrodeposition

recovery (%)

101 ±5

97 ±3

101 ±6

99 ±5
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Table 2. Measured activity concentrations and the NIST certified values for the bone

ash standard reference material SRM-4356 (Lin et al., 1997). For the uncertified

radionuclides the mean values and ranges are given. The reference date is 31

December 1995, 0:00 UT. The uncertainties are given at the Is level.

Nuclide

90Sr

2 1 0Pb

2 2 6 Ra

a 2 8Th '

2 2 8 T h 2

asoTh

2 3 2 Th

2 3 4U

2 3 8U

2 3 8 Pu

m240pu

241 A m 1

241 A m 2

Measured value

( B q k g 1 )

44 ±2

22 ±2

15.3 ± 1.2

7.0 ± 1.0

8.6 ± 0.4

0.51 ± 0.04

0.94 ± 0.05

0.75 ± 0.05

0.70 ± 0.05

0.87 ± 0.04

1.24 ± 0.06

10.2 ± 0.4

9.5 ± 0.2

Certified value

or mean(range)

(Bqkg1)

44.2 ± 1.45

23 (17 - 33)

15.1 ± 1.0

7.1 (6.4-8.4)

7.1 (6.4-8.4)

0.47 ± 0.015

0.99 + 0.055

0.67 ± 0.08

0.64 ± 0.09

0.87 ± 0.02

1.25 ± 0.03

9.9 (9.1-11.0)

9.9 (9.1-11.0)

1 Measured by y-ray spectrometry.
2 Measured by a-particle spectrometry after chemical separation.
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Table 3. Experimental chemical recoveries of the five replicate analyses of Th, U, Pu,

Am and Sr from the bone ash reference material. The uncertainties are given at the Is

level.

Sample

1

2

3

4

5

229Th (%)

92 ±3

85 ±4

89 ±4

91 ±3

89 ±4

232U (%)

89 ±3

85 ±3

89 ±3

88 ±3

78 ±3

242Pu (%)

85 ±3

73 ±3

86 ±3

79 ±3

81 ±3

243Am(%)

81 ±2

90 ±2

86 ±2

91 ±2

88 ±2

90Sr (%)

83 ±1

71±2

74 ±1

80±2

81 ±1
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+ Sr-carrier (10 mg)
+ Pu, Am, Th- and U-tracers
+ cone. HNO3, evaporation
+ cone. HNOj + H2O2, evaporation (twice)
+ 4 M HNOj - 0.5 M Al(NO3)3

Filtering

Filtrate Filter

+ cone. HNO3 + 48% HF, evaporation
+ cone. HNO3 + 70% HC1O4, evaporation
+ 4 M HNO3 - 0.5 M A1(NO3)3

+ NaNO2l heating

4 M HNO3 - 0.5 M A1(NO3)3

I
3 M HNO3

0.1 MNri,HC2O4 Sr, Ca, ...

U, Th, Pu, Am Continued in figure 2.

evaporation
decomposition of oxalates
+ 3 M HNO3 - 0.5 M A1(NO3)3

+ Fe-sulfamate
+ ascorbic acid

3 M HNO3

9 M HC1

5 M HC1

0.01 M HC1

Pu, Am

Th

g

2 M HNO3 discard
2 M HNO3 + NaNO2

0.5 M HNO3 discard
9MHC1

4MHC1

0.1 MNH4HC2O4

Pu Am

Fig. 1. Separation scheme of the actinides from bone ash samples.
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Continued from figure 1.

Sr, Ca, PO4
3', ...

+ fuming HNOj, centrifugation (twice)
+ H2O, evaporation
+ 3M HNO3

•S

CO

3M HNOj
Ca, Ba, Ra

+ HN0j/HClO4, diaestion
+ Al(NOj)3, NH3, heating

filtering

Al(OH)j, Pb, Y

(NH4)C2O4-NHJ. PH9-10

SrC2O4

Fig. 2. Separation scheme of strontium from bone ash samples.



20

':

• \

\

\

I

Am

20 40 60 80 100 120
Time of clcctrodcposition (mm)

140 0 20 40 60 80 100 120
Time of eicclrodeposilion (min)

140

Fig. 3. Percent recovery of Th, U, Pu and Am as function of the electrolysis duration.
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Energy (keV)

Fig. 4. y-ray spectrum acquired for 13 days with the semi-planar low-background

HPGe detector in the underground laboratory HADES. The 228Ac y-rays

indicated were used for the activity calculation of 228Th.
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Fig. 5. Ratios of the measured activity concentrations for the various radionuclides to

the NIST certified values. In the case of uncertified values, the mean values

were used. The uncertainties are shown at the Is level. In the figure,(I)

indicates the results obtained by y-ray spectrometry and(2) those obtained by a-

particle spectrometry.
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