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ON TRANSPORT IN FORMATIONS OF LARGE HETEROGENEITY SCALES

Gedeon Dagan
Faculty of Engineering, Tel Aviv University, Israel

Abstract

It has been recently suggested that in transport through heterogeneous aquifers, the effective dis-
persivity increases with the travel distance since plumes encounter heterogeneity of increasing
scales. This conclusion is underlain, however, by the assumption of ergodicity. If the plume is
viewed as made up from different particles, this means that these particles move independently
from a statistical point of view. To satisfy ergodicity the solute body has to be of a much larger
extent than heterogeneity scales. Thus, if the latter are increasing for ever and the solute body is
finite, ergodicity cannot be obeyed. To demonstrate this thesis we relate to the two-dimensional
heterogeneity associated with transmissivity variations in the horizontal plane. First, the effective
dispersion coefficient is defined as half the rate of change of the expected value of the solute
body second spatial moment relative to its centroid. Subsequently the asymptotic large time limit
of dispersivity is evaluated in terms of the logtransmissivity integral scale and of the dimsnsions
of the initial solute body in the direction of mean flow and normal to it. It is showu that for a
thin plume aligned with the mean flow the effective dispersivity is zero and the effect of hetero-
geneity is a slight and finite expansion determined solely by the solute body size. In the case of a
solute body transverse to the mean flow the effective dispersivity is different from zero, but has
a maximal value which is again dependent on the solute body size and not on the heterogeneity
scale. It is concluded that Lorn a theoretical standpoint and for the definition of dispersivity
adopted here for non-ergodic conditions, the claim of ever-increasing dispersivity with travel
distance is not valid for the scale of heterogeneity analyzed here.

1. Introduction

It is generally accepted nowadays that the mechanism of spreading of solutes in groundwater is
dominated by the large scale aquifer heterogeneity and mainly by the spatial variability of the
hydraulic conductivity. Under certain conditions to be discussed in the sequel, transport may be
described with the aid of effecdve dispersivities (also coined as field scale or macrodispersivities).
Furthermore, if the travel distance of a solute body or plume is large compared to the heterogen-
eity correlation scale, the effective dispersivity tends to a constant value and transport is said to
be "Fickian". Then, the effective dispersivity becomes proportional to the heterogeneity scale.

It has been suggested recently in the hydrologic literature (Philip, 1986, Wheatcraft and Tyler,
1988, Neuman, 1990) that in natural formations plumes encounter heterogeneities of ever-incre-
asing scale and therefore the effective dispersivity does not reach a constant value, but it also
grows with the travel distance. Furthermore, models to describe this growth have been suggested.
These developments have been motivated by a few findings which are examined briefly and crit-
ically herein.
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(i) Inspection of outcrops. Field geologists find sometimes that outcrops of consolidated formations
display a kind of self-similar increase of heterogeneity features, as the dimension of the sample
is expanded. This qualitative finding has led to the hypothesis that larger and larger scales are
encountered as the size of the formation scanned by the plume grows. I find this extrapolation
quite questionable for the simple reason that there is a natural upper bound to this type of heter-
ogeneity, namely the formation thickness. Indeed, aquifers are generally shallow, with thickness
of the order of tens to hundreds of meters while the horizontal extent is of kilometers to tens of
kilometers. While the regional scale of transmissivity variation in the plane may be quite large,
the scale of heterogeneity showing up in outcrops is limited as a fraction of the thickness.

(ii) Summary of field experiments. Numerous field experiments of transport have been conducted
in the past. Unfortunately, in most of them neither the aquifer heterogeneous properties nor the
concentration distribution have been monitored in sufficient detail to permit determining the
relationship between them. It is only recently that carefully monitored experiments have been
conducted at the expense of considerable efforts and it is precisely one of the aims of the present
conference to review these tests. At any rate, Gelhar et al (1985) have compiled the various
values of dispersivities in the literature, determined by different methods. Their main finding is
represented in their Figure 2-6 (also reproduced by Gelhar, 1986) in which the effective longitu-
dinal dispersivity aL is plotted against the travel distance L. This important work, summarizing
findings in tens of aquifers over the world, indicates a trend of increase of aL with L. One may
be tempted to draw a kind of universal curve relating aL to L through the points of the figure
cf Gelhar et al, as suggested by Neuman (1990). It seems that such an attempt is speculative for
the following few reasons. First, to assume that dispersivities compiled from various aquifers
apply to transport in each aquifer separately seems to be quite far-reaching. Secondly, the points
in Gelhar et al (1985) display a large spread in the large L zone. Thus, for L=104 m, aL varies
between a few meters to hundreds meters. Thirdly and most important, as pointed out by the
authors, many of the findings are of low reliability. To illustrate this point I shall discuss briefly
the article by Wood (1981), which produced the extreme point of the figure, for L=10s m. The
dispersivity was calibrated for the transport of a natural tracer (Na) in the Aquia aquifer in
Southern Maryland. The following assumptions were adopted: (i) the tranport process started
around 8x10* years ago, (ii) the source location was hypothesized at the zone of contact with sea
water, (iii) transport takes place in a hypothetical one-dimensional column, (iv) the flow is steady
and uniform with velocity determined from present head and transmissivity measurements, (v)
the concentrations were taken as uniform over the depth and measured at a few points and inter-
polated in the plane and (vi) the solute is assumed to be conservative. Under these assumptions a
best fit between the theoretical solution and the measured concentrations is achieved for longitu-
dinal dispersivities between 5600 m and 40000 m (the latter value has not been plotted by Gelhar
et al, 1985). The author himself (Wood, 1981) expresses serious reservations about the results for
a few reasons: possible solute transfer to the low conductivity formations adjacent to the Aquia
aquifer is neglected and exchange sites are assumed to be uniformly distributed "which is very
unlikely" and "this fails to separate hydrodynamic dispersion from nonhomogeneous distribution
of exchange sites". These question marks and the assumption of ID steady and uniform flow for
a period of around 106 yrs, on one hand, and the huge disparity of inferred aL values, make
them questionable at best.

(iii) Theoretical considerations. From a theoretical standpoint it is possible to arrive at the conclu-
sion that dispersivity is increasing with travel distance if unbounded correlation scales are present
in the system or even if they are finite, but large compared to the travel distance of the plume.
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Such large correlation scales, of the order of 104 m, are the ones encountered at the regional
scale, i.e. the ones characterizing the spatial variability of transmissivity (see Sect. 3). Our main
criticism about the conclusions based on this argument is that they rest upon the assumption of
ergodicity, which roughly speaking implies that the solute body is made up from parts which
move independently in a statistical sense. In turn, this condition is satisfied if the initial size of
the plume I is large compared to the heterogeneity scale I y . I submit that these two require-
ments, of ever-increasing scale on one hand, and of a large solute body size compared to IY, on
the other, are contradictory and cannot be satisfied at least for "point source" plumes originating
from repositories or landfills.

The present paper concentrates solely on the theoretical aspects of the problem. In Sect. 2 we
review briefly the theoretical background of the recent literature, to derive the dependence of aL

upon IY. Sect. 3 reexamines the concept of effective dispersion coefficient in light of our recent
study (Dagan, 1990). The original contribution of the present article is in Sect. 4 in which we
actually derive the effective dispersivity and its dependence upon both heterogeneity scale I v and
initial plume size I and demonstrate that for large IY/£ the dispersivity is bounded and indepen-
dent of travel distance and it is controlled by I rather than IY .

2. Theoretical background.

We review here briefly the Lagrangian approach to transport (for a detailed derivation and dis-
cussion of various assumptions see, for instance, Dagan, 1989). We model Y(x) = In K(x) as a
stationary random function, i.e. (Y) is constant and the covariance CY = (Y'(x) Y'(y)> is a func-
tion of r=x-y. Here x(Xj,x2) is a Cartesian coordinate in the plane, K is the transmissivity,
Y'=Y-{Y) is the residual and o stands for an ensemble average. With aY the variance of Y and
with pY(r) the auto-correlation, assumed to be isotropic for simplicity, the linear integral scale is
defined by IY= J°° pyO^O) d r r For steady flow conditions, for an uniform average flow and for
a flow domain of large extent compared to IY , the Eulerian velocity field V(x) is also stationary
and can be related to Y through Darcy's Law and the continuity equation. We may write, there-
fore, V = U + u(x), where U=(V) is constant, whereas the covariance tensor Ujj=(Ui(x)Uj(y)) is
depending on r=x-y.

If Y is normal and a first-order approximation in aY is adopted, the theory shows that (C),
where C(x,t) is the concentration of a conservative solute, satisfies a transport equation

where the index summation convention is adopted here and in the sequel. In (1) DV: is the tensor
of effective dispersion coefficients, representing the effect of velocity variation in space, and t is
the travel time form the source. The constant Ddij incorporates in an approximate manner the
effect of local heterogeneity, which is characterized by a correlation scale much smaller than IY,
the transmissivity integral scale. Besides the various aforementioned assumptions underlying (1), it
also implies ergodicity, to be discussed later on.
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DVj has been determined theoretically (Dagan, 1982, 1984) by using the Lagrangian approach, i.e.
Taylor (1921) theory of dispersion by continuous motion. In this approach a solute particle is fol-
lowed in its motion and its trajectory x « X^t.a) « X(t,a) + Xd is defined by

^ (2)

where Xj is the coordinate vector of a particle at time t that was at x=a at time t=0 and dXd

represents a "Brownian motion" or Wiener process such that (Xd)»0 and Xdij -= 2 Ddi=t. The
theory aims at deriving the covariance Xy(t) = <X[(t,a) Xj(t,a)) where X' = X - (X), <X) = Ut
and X t ij = Xy + 2Ddijt. The effective dispersion coefficient is defined by DVi(\) = (1/2) dX^/dt
and it can be shown that for a Gaussian X (C) satisfies (1), ivith DVi given by the preceding
relationship. D{: has been computed by adopting a first-order approximation in ay (Dagan, 1982,
1984). The main result for the longitudinal component, in the direction of mean flow, is that it
first increases with t from zero and eventually, for a travel distance L=Ut of a few tens IY, and
for large Pe = U1Y/Dd , it tends to the constant, asymptotic, value

DL = 4 U IY (3)

At this limit the transport is said to be Fickian and an effective dispersivity may be defined by
aL = £>L/U. The same results has been obtained by a different approach by Gelhar and Axness
(1983) and extended for arbitrary Pe by Neuman et al (1987). For the case of large Pe considered
here Dh (3) is generally much larger than Dd and the latter, representing pore-scale or local
effects, can be neglected. The results are somewhat different for the transverse components of
Z)jj, but we shall limit the discussion here to the longitudinal component solely.

An exception to these results is the case of the three-dimensional stratified formations with flow
parallel to the bedding. If pore-scale dispersion is neglected it can be easily shown (Mercado,
1967) that DL=(a^/{K}z) U2 t, i.e. DL increases linearly with time or with the travel distance L =
Ut. Matheron and De Marsily (1980) have shown, however, that transverse pore-scale dispersion
has a profound effect upon transport and then, for large t DL grows like t1/2 rather than L By
using more refined models of stratification (Hewett, 1986), various powers of t may be obtained.
There is no contradiction between these results and (3), since a stratified formation is character-
ized by an infinite correlation scale in the plane of the layers. An important point set forth by
Matheron and De Marsily (1980) is that in the case of a flow tilted with respect to the bedding,
DL tends again to a constant limit and the transport is asymptotically Fickian.

Returning to the result (3) it is worthwhile to mention that the parameter which is the most dif-
ficult to estimate is IY. Indeed, U can be inferred from head measurements and from the average
transmissivity while CTY is estimated from a few transmissivity measurements by simple statistical
methods. In contrast, Iy requires inferring the covariance CY and its integration, which is an in-
volved process.
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An essential point of the analysis is that (3) as well as the results for stratified formation imply
ergodicity. Putting it in a simple way, the ensemble mean Xy, representing the spread of a parti-
cle around its mean position, is equated with the second spatial moment Sy of the solute body in
any realization. Thus one writes

D* ' \ i t : S* = M ' n (xi"Ri) (XrRJ> C(*& d x ( 4 )

where M=/nCdx is the total mass of a finite solute body and n is the porosity. In the simple case
of an initial constant Co, M = C0V0, wheie Vo is the initial volume (area). The vector R is the
trajectory of the centroid, i.e.

R(t) - (I/M) Jn x C(x,t) dx (5)

and under the assumed ergodic conditions, R = (R) = Ro + U t.

The exchange between DVi (3) and U and the one-realization (1/2) dS;j/dt (4) and dR/dt (5),
respectively, can be justified if the scale I of Vo is much larger than IY , so that the solute body
may be viewed as made up from many particles which move independently in space. A similar
ergodic effect may be achieved by the spreading associated with the component Xjy = 2 Dd „ t.
However, due to the smallness of Dd the required time is exceedingly large and this mechanism
cannot be considered to be effective for regional flows.

As we have mentioned in Sect. 1, a few models have been suggested recently (Philip, 1986,
Neuman, 1990) to express Z)L as an increasing function of L for media of unbounded I y . It is
seen that there is no contradiction of principle between such models and (3), since for an infinite
IY the conditions which warrant (3) are never achieved. But even if IY is finite but large, (3)
shows that the effective dispersivity may become very large. We discuss next the validity of this
conclusion for the stratified aquifer and for regional scale heterogeneity separately.

(i) Stratified aquifer. As mentioned above, for a pe fectly stratified aquifer and for a solute body
of large transverse dimension compared to the conductivity correlation scale (normal to layering),
DL increases like LP, where p=l in absence of pore-scale dispersion, while p tends to 1/2 at
large L if Dd is accounted for. However, the prerequisite is that stratification is perfect, i.e. the
layers are planar and parallel, and each layer is homogeneous in its plane. Though some forma-
tions apparently display such a structure, this does not seem to be a universal property. It is
emphasized that the presence of the same sequence of layers in a few wells does not warrant
perfect layering, since displacements along vertical or oblique shearing planes may be present
among wells. Such events or bending of layers or conductivity variations within the layers are
enough to disqualify the formation as perfectly stratified. Hence, the validation of perfect layer-
ing requires a detailed survey of conductivity measurements in order to find out whether full
correlation prevails along the strata planes. In the few aquifers investigated in detail in the last
few years, e.g. the Borden Site (Sudicky, 1986), this was not the case. While strong anisotropy of
CY was present, the horizontal correlation scale was finite and relatively small. A second prere-
quisite of the model, besides perfect stratification, is that the flow is parallel to the layers. As
mentioned above, any tilt of the mean flow, caused for instance by natural recharge, leads to
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results similar to (3), with IY the logconductivity integral scale in a direction parallel to the mean
flow (Matheron and De Marsily, 1980). Concluding this discussion, it does not seem that the
claim of universality of perfect stratification, to justify the permanent growth of DL with L, is
tenable

(ii) Regional scale heterogeneity. As mentioned before, it manifests in variations of the transmis-
sivity in the horizontal plane, in contrast with local variations of conductivity which are of a
three-dimensional nature and of a scale smaller than the thickness. Delhomme (1979) and
Hoeksema and Kitanidis (1984) have analyzed transmissivity data of many aquifers and found
that they are approximately lognormal and of integral scales of the order of 103 to 10* meters.
Unlike stratification, Y is generally isotropic in the plane and its variation causes streamlines to
bend and velocities to vary from small values in regions of low transmissivity to high ones in
conductive zones. This type of heterogeneity may lead to the growth of the theoretical DL with L
for a long period of motion, since the travel distance maybe of the order of IY- In spite of the
apparent likeliness of this mechanism, I claim that the other prerequisite for adopting DVi (3) as
the measure of spread (4), namely ergodicity, is generally not obeyed. Indeed, the requirement is
that I, the length scale of the initial volume Vo, is much larger than IY , and this condition is
generally not obeyed for point sources. In the sequel we proceed with developing the quantitative
model which supports this claim. More precisely, we shall investigate the relationship between Z?L

as defined by (4) and the integral scale IY and demonstrate that as the latter grows, DL is con-
trolled by t, the length scale of Vo, and not by IY anymore.

3. Effective dispersion coefficient in non-ergodic transport.

We consider two-dimensional flow and transport. We assume that the formation extent is large
enough to allow for the identification of (Y) and CY , the mean and covariance of the log-
transmissivity. A solute body is injected in an area Vo, say a rectangle of dimensions lv l2 (Fig.
1). As a result of convective transport the body moves along the streamlines (Fig. 1) and due to
heterogeneity it also spreads. Both lx and l2 are not necessarily small compared to IY , the integral
scale, and the concentration distribution is generally not Gaussian.

- I I

Fig. I. Sketch of motion of a solute body in steady flow.

The first question is how to define the EDC, effective_dispersion coefficient, in this case. The
approach proposed by Dagan (1990) is to define first Dy, the actual dispersion coefficients, by
Eq. (4) or in words as half the rate of change of the second spatial moment of the solute body
with respect to its centroid. However, since Y and the associated velocity field V=U+u are
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known only statistically, we cannot predict neither R (5) nor Sy (4), which are random variables.
What we can do is to estimate these variables, the best estimate being the expected value (R) and
(Sjj). Assuming uniform average flow it follows that d(R)/dt = U. The EDC are defined (Dagan,
1990) by Djj(t,/) = (1/2) d(Sij)/dt, i.e. ^ j=(D y ) . Under ergodic conditions, achieved from a the-
oretical standpoint for £-»oo, we have Dij=;Dij(t,oo)=Z)ij(t), where Dv={ 1/2) dXy/dt is associated
with one particle ensemble of trajectories (see Sect. 2). However, if £/lY is not infinite, Djj is
given by the following fundamental relationship (Kitanidis, 1988, Dagan, 1990)

Dn - l-g- (6)

where R^ is the covariance of R, the trajectory of the centroid. Its appearance in (6) makes Dj:
different from DVi and the reason is quite simple: in the ergodic case it is assumed that R=(R)
and Rjj^O, i.e. the centroid moves in each realization along the mean path. In non-ergodic trans-
port R itself is random and differs from realization to realization (Fig. I). In other words the
difference stems from the fact that Sy (5) is taken with respect to the actual centroid and not to
its ensemble mean.

Rii has been related to the two particles trajectories covariance by Dagan (1990, Eq. 10) and the
relationship stemming from (5) is

\ I da' da" b=a'-a" (7)

'VV0

where Xy (t,a',a") = {X[(t,a') Xj(t,a")) is the covariance of the displacements of two particles ori-
ginating at x=a' and x=a" at t=0, respectively. To simplify matters we have assumed that the in-
itial concentration Co is constant and under the assumed stationarity of the velocity field Xsj is a
function of b=a'-a". It is seen that the previously employed Xy(t) for one particle is the particu-
lar case of Xj:(t,O). Xj= is related to the velocity field by the definition of X (2) and by adopting
a first-order approximation of the velocity covariance (Dagan, 1984) as follows

- t - t

Xij(t,b) = UjjpLKt'-t") + b] dt' dt" (8)

0 0

and in particular

(.t.t »t

(9)X.. (t) = Xy(t,0) = I [ ua[U(f-t")] dt' dt" = 2J (t-f) uyjun dt'
0 0 0

Substituting (8) and (9), into (6) and (7), we obtain the following relationship between the EDC
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and the velocity field

I I i i

(10)Dij(t^) = vT" I I [Uij(Uf) - \ ^ (Uf+b) - I UytUf-b)] dfda'da
0 J v 0 J v 0 J 0

 2 2

Our last step is to relate the velocity covariances to that of the logtransmissivity. We refer now to
the longitudinal component only and take, without loss of generality, U(U,0). The first-order
approximation of u n is given (Dagan, 1984) by

where C y ^ r ) = (Y'(x)H'(y)) and «yH(r) = (1/2) ([H'(x)-H'(y)]2> are the logtransmissivity-water
head crosscovariance and water head variogram, respectively. To further simplify the computa-
tions, we are going to evaluate the asymptotic DL=DU for large travel time L In other words we
seek the value of the EDC for a finite solute body and non-ergodic transport to replace (3),
which is valid for an infinite solute body and ergodic conditions. It is seen that integration with
respect to t' in (10) is equivalent with integration with respect to T1 in (11) since r^Uf . How-
ever, it can be shown (e.g. Dagan, 1989) that Cyn=0 and d^/dr^O for rx=0 and r^oo. Conse-
quently, substitution of (11) in (10) and integrating to t=oo yields the final result

aL = D,,(oo,*)/U
0 u

I [/-Y(rr0) - \ ^(r1+b l tba) - \ pyfr^bj.b,)] dr, }da'da" (b-a'-a")

.00

+ I IM'i'O) - £ ^(r1+b l tb2) - 4 /vCi -b^M dr, }da'da" (b-a'-a") (12)
0

Eq. (12) concludes the derivation of the effective longitudinal dispersivity in non-ergodic trans-
port of a solute body which initially occupies the area Vo. In the next section we evaluate aL in
a few specific cases to demonstrate our main thesis, namely that as IY increases aL remains
bounded and controlled by t, the length scale of the initial solute body.

4. Computation of effective longitudinal dispersivity.

The computation of aL (12) for 2D flow and an initially rectangular Vo involves three quadra-
tures. To further simplify matters we examine separately the impact of each of the two dimen-
sions lx and t2, where xx is the direction of mean flow.

(i) Thin, streamline aligned, solute body. We assume that t2=0, i.e. the solute body is very thin
and it lies along the mean flow direction. In our first-order approximation in which the actual
path is replaced by the mean trajectory (see Eqs. 8,9), this is equivalent to the solute body lying
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in a thin streamtube (Fig. 2a). Hence, with b2=0 and
tion solely, ah (12) becomes

and with integration in the xx direc-

XJTeT j j ^i"bi) ["iAi-0) - \ un(rJ+b1,O) - \ u dr, db, (13)

It is easy to ascertain by changes of variables that the integral over rx is equal to zero if
u11(r)=u11(-r), which is always the case by the definition of u i r Hence, we have arrived at the
striking result that for a "snake-like" solute body aL=0 and the body does not disperse at all
asymptotically, no matter how large the transmissivity integral scale is. Hence, transport is noner-
godic I'or such a solute body for any lv This result is obvious in the case of a stratified forma-
tion. Indeed, wjth neglect of pore-scale dispersion, the solute body translates with the velocity
pertinent to th • particular layer in which it lies. Hence, it does not disperse not only in the
mean, but in each realization. However, from Eq. (6) with Dn=0 it is immediately seen that
d X u / d t is balanced by -dR n /d t , i.e. heterogeneity manifests in the uncertainty of the ceitroid
position rather than in dispersion. The cases of 2D or 3D flow is more involved, but essentially
similar. To grasp these cases we have represented in Fig. 2b in a qualitative manner the distance
sle and ste covered by the leading edge and trailing edge, respectively, as functions of time. By
virtue of the steadiness of the velocity field, the trailing edge follows exactly the leading one at a
time lag T, where T is the time required to move by lv It can be shown that for t>T this pro-
perty leads to the constancy of ([sle(t)-ste(t)]

2) and furthermore to that of SL=S11 in the first-
order approximation adopted here in which T=lx/\J.

ste.

t=O £
(a) (b)

Fig. 2 Sketch of (a) the motion of a thin solute body and (b) the displacements of the leading
and trailing edges.

It is seen that there are two major differences between the stratified formation and the one of
2D or 3D structure: (i) while for the stratified one DL=0 in^each realization, it is only its mean
DL which tends to zero in the general case and (ii) while DL=0 from t=0 in the stratified case,
DL tends to zero only for sufficiently large C ^ / U in the multidimensional case. It follows that
the second spatial moment Sn(t) (4) grows from its initial value Sls(0)=(l/l2)l\ to a constant,
asymptotic, value. The latter can be computed from its definition (4) as follows
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<Su(t)> * Sn(0) ,(t') df (14)

By using the definition (10) of D n and after a change of variables it can be shown that the final
result becomes

f'1
(S^oo)} - Sn(0) - •£- (^-b,) X u ( b / U ) db t 05)

where X n ( t ) (9) is the one particle trajectory covariance. To illustrate the results we have com-
puted (S11) for the exponential PY=exP(~r/lY)» f° r which XX1 has been evaluated in a close form
previously (Dagan, 1982 or Dagan, 1989 Eq. 4.7.2). The results are presented in a dimensionless
form in Fig. 3 after integrating numerically in (15). It is seen that the mean expansion of the
solute body as measured by the second spatial moment is quite modest and is controlled entirely
by its initial length when IY becomes large.

I.OOr-

0.75

0.50

O

c/7
I

A

4: 0.25
(n

• V .

8 10

Fig. 3. The dependence of the expected value of the spatial second order moment of a thin
solute body upon the ratio ^ / I y .

In summary we have found that convective transport is not ergodic for a thin solute body aligned
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with a streamline of the steady velocity field. Its second order spatial moment expands from its
initial value to an asymptotic one which is reached for t ^ / U and remains constant. The expan-
sion is relatively small and is controlled by lv In particular it tends to a constant for Iy—KX>.
Hence, neither the effective dispersivity nor the second-order moment increase indefinitely with
the travel distance.

(ii) Thin, normal to the main flow direction, solute body. We examine now the dependence of the
effective dispersivity upon l2, the transverse dimension of the solute body, which for simplicity
is assumed to be of zero thickness in the mean flow direction (Fig. 4)

Fig. 4 Sketch of a thin body normal to the mean flow direction.

Unlike the previous case, D n and the associated aL , is now different from zero due to the she-
aring effect of the velocity field. Hence, there is a fundamental difference between the impact of
the two dimensions, l^ and lv upon ergodicity, which can be ensured only by a sufficiently large
tv We proceed now with the computation of aL (12). Because of the antisymmetry of CYH an£l
of the symmetry oh fH, CYH(0>b2)=0 and a^H(0,b2)/3r1=0. Furthermore, with bj=O and Vo=tz,
at, (12) becomes

[j />y(TvO) dra - | - I j (Vb, ) b2 d r j (16)

Since dr1 = IY, Eq. (16) reduces to

i 2 nt:

2 2 J o J o

db'2 dr'J (17)

where l\ ra/IY and bj=

It is easy to derive the limits of aL/(t7Y^) for t^~*» and £j—»0 and to show that in both cases it
tends to zero. The first limit is the ergodic one for which aL is given by (3), whereas the second
one corresponds to a solute body which behaves like an indivisible particle. Consequently,
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a i / fay ' i ) h a s a maximum which does not depend on IY . To substantiate this picture we have
computed aL/(av£2) for two types of autocorrelations : exponential py = exp(-r/IY) and Gaussian
Py * exp(-TT2/4Iy). In both cases aL/(ffy72) could be obtained in a closed form as follows

(18)

for the exponential covariance, with L0,Lj standing for the modified Strove functions
(Abramowitz and Stegun, 1965) and Kj for modified Bessel functions. For the Gaussian covari-
ance we obtain

erf( - exp(- (19)

We have represented in Fig. 5 the dependence of aL/(<jylJ (18,19) upon Iy /£2 . The behavior
discussed before in a qualitative manner is now supported by concrete examples. The striking
result is that aL is bounded from above by a value around 0.15 o\tv Hence, no matter how
large IY is, the effective dispersivity is bounded and does not increase with travel distance
beyond this upper limit.

0.

0.05

6 8 10

Fig. 5. The dependence of the dimensionless effective dispersivity on the ratio between the log-
transmissiviry integral scale and the solute body initial extent (full line Eq. 18 and dashed line
Eq. 19).
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To emphasize this point we have also represented in Fig. 6 the ratio aL/(c7YIy) as function of
Iy/ t j . At the ergodic limit Iy/i2—>0 this ratio is equal to unity (Eq. 3) but it drops quickly as the
integral scale increases while lt is kept fixed. Conversely, we may interpret the result by figuring
out a fixed IY and a body of increasing size lt. The ergodic limit is attained only for t2 of the
order of tens of integral scales.

l-OOr-

M
CM > -

a

0.75-

0.50-

0.25-

0 0.2 0.4 0.6 0.8 1.0

Fig. 6. The dependence of the dimensionless effective dispersivity on the ratio between the log-
transmissivity integral scale and the solute body initial extent (full line Eq. 18 and dashed line
Eq. 19).

We could derive the effective dispersivity for a rectangular body of finite lx and t2 by using the
general formulation of Eq. (12), albeit at the expense of more involved computations. It is
believed that the conclusions are similar to those drawn in the partial cases.

5. Summary and conclusions.

In the present study we have examined transport in formations of a two-dimensional heterogene-
ous structure, representing for instance the spatial variability of aquifer transmissivity in the hor-
izontal plane. Since the logtransmissivity correlation scale has been found to be of the order of
103-104 meters, the theory predicts large values of the effective dispersivity if ergodicity is
obeyed. We have demonstrated that for solute bodies or plumes of finite size, as it is the usual
case, the ergodic requirements are not fulfilled. Furthermore, the effective longitudinal dispersiv-
ity is controlled by the initial size transverse to the mean flow rather than by IY , no matter how
large is the latter. Ergodicity may be attained only if the initial transverse size of the solute body
is large enough, say a few tens of logtransmissivity integral scales.
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The main conclusion is that for this type of two-dimensional heterogeneity and for a large or
unbounded integral scale, the claim that the effective dispersivity is a continuously increasing
function of the travel distance is not valid. The main reason is that it is based on an analysis
which takes ergodicity for granted, which is not necessarily the case.
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TEMPORAL AND SPATIAL MOMENTS
FOR

SOLUTE TRANSPORT
IN

HETEROGENEOUS POROUS MEDIA:
THE IMPERFECTLY STRATIFIED AQUIFER

R.L. Naff
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U.S. Geological Survey
Denver, Colorado, USA.

ABSTRACT

Variation in the velocity field results in dispersion of a tracer cloud
relative to the mean advective transport of the tracer. A major cause of
variation in the velocity field is variation in the hydraulic-conductivity
field; a common form of variation in the hydraulic-conductivity field in
clastic aquifers is stratification, whereby the rate of change in the
hydraulic conductivity is much greater in the vertical direction than in the
hori2ontal direction. Dispersion, under these circumstances, is not governed
strictly by a Fickian flux, but is governed rather by a more complicated
integral expression involving the gradient of the mean concentration. The
results in this paper are a summary of previous investigations by the author
of transport in an imperfectly stratified aquifer. Because a pulse input of
conservative tracer is assumed, it is possible to derive both spatial and
temporal moments; these moments are compared with those from a classical
Fickian flux where a macrodispersivity has been adopted. By numerical
Laplace inversion, it also is possible to obtain concentration profiles of
the mean tracer as it moves downgradient through an imperfectly stratified
aquifer. These results generally indicate that a classical Fickian flux
provides a good simulation of the mean concentration after the center of mass
of the cloud has moved at least 20 length scales from the point of injection.

INTRODUCTION

The objective of this report is to summarize spatial and temporal moments of
a tracer cloud being advected in a steady, mean uniform flow in a
heterogeneous porous medium; the summary is largely based on earlier work by
the author [Naff, 1990, 1990a]. In particular, by treating the medium
hydraulic conductivity as a correlated three-dimensional random process, it
is possible to develop a partial differential equation which describes the
temporal and spatial distribution of the mean concentration for that
particular medium. If a pulse injection also is assumed, then spatial and
temporal moments can be derived from Laplace and Fourier transforms of this
equation. Further, given that the Fourier transforms can be analytically
inverted, then the Laplace transforms can be numerically inverted to obtain a
solution, as a function of space and time, for the mean concentration.
Because of the complexity of the equations involved, it is necessary to make
assumptions, a priori, concerning the nature of the correlation process used
to represent the spatial variability of the hydraulic conductivity. In this
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report, the medium hydraulic conductivity will be assumed to be highly, but
imperfectly, stratified; this assumption allows for some computational
advantages and is realistic in light of the distribution of spatial
properties in most naturally occurring clastic aquifers.

The analysis used to obtain the results in this study has many points in
common with earlier work by Gelhar and Axness [1983] and Graham and
McLaughlin [1989]. In particular, the perturbation scheme and velocity
correlation function are essentially those of Gelhar and Axness [1983], while
the fictitious point method for obtaining the cross correlation of the
concentration and velocity fields is equivalent to that used in a numerical
procedure by Graham and McLaughlin [1989]; by use of Laplace and Fourier
transforms, the author [Naff, 1990] extended the fictitious point method to
include analytical solutions. These results should have many parallels with
the Lagrangian analyses of Dagan [1984, 1987]; the strong similarity of the
second moment results of Dagan [1987] to the spatial second moment results
obtained by the fictitious point method has been noted earlier [Naff, 1990].
However, the similarity of the temporal first and second moment by the
fictitious point method to an earlier Lagrangian analysis [Shapiro and
Cvetkovic, 1988] is not as remarkable; this difference may be a result of
different assumptions made in the respective analyses.

In the following discussion, the term "local" will be used in reference to
processes which occur at the representative elementary volume (REV) level,
which may be thought of as an ensemble average at the dimension of the
average grain size of the medium. The term "global" or "macro" will be used
in reference to processes which occur at the aquifer level, which can be
thought of as an ensemble average at the dimension of the REV. The term
"marginal" will be used in reference to similarities of the tracer-cloud
distribution to concepts from multivariate probability density functions.
Because, in the following analysis, a pulse input of tracer is taken as the
initial condition for the transport problem, it is possible to accumulate all
the mass onto a single spatial coordinate by integration; this resulting
concentration will be referred to as the marginal concentration.

CONCEPTS

The dispersive effect of a heterogeneous hydraulic-conductivity field on a
tracer cloud can be examined through the use of ensemble statistics. By
conceptualizing the flow and hydraulic-conductivity fields as realizations
out of an ensemble, probability theory and local-scale transport dynamics can
be used to predict the effect of heterogeneity on the velocity field, and
hence on the mean concentration of the tracer cloud (for simplicity, the
tracer is taken to be conservative). It is assumed that the hydraulic-
conductivity field can be described by an ensemble mean and ensemble
correlation structure, just as the flow field is considered to be uniform in
its mean and is considered to have a correlation structure which results from
the interaction of flow dynamics with the correlation structure of the
conductivity field. Because any single realization of the flow field is not
uniform (as a result of the variable conductivity field), there must exist
some variation in the flow field about this mean. The tracer cloud, which on
an average moves with the mean velocity of the flow field, is dispersed
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relative to the mean velocity by these variations in the velocity field. By
using these concepts, Naff [1990, 1990a] has demonstrated that the transport
equation for the mean concentration C(xft), z=(x.,x2>x,), of a tracer in

heterogeneous porous media, where the influence of local dispersion has been
neglected and the mean flow direction is taken to parallel the x. axis, can
be written

„ 3C - 3C 3W. M .

3t ax^ " 3x .

where n is the porosity, Q. is the mean specific discharge in the x.

direction, and N. is a component of the global dispersive flux; the repeated

indices are used here to indicate summation. The global dispersive flux, tf.,

is the result of the additional spreading caused by heterogeneity in the
hydraulic-conductivity field, when the mean concentration is modeled as being
transported by the mean specific discharge. By applying the integral

operator P™ j" («)dxodx-, to (1), an equation for the mean marginal
-CD -00^ ^ j

concentration C (x.,t) is obtained; the result is

n *±\ Q, !1. _ ™1 , (2)
3t 3x " 3x.

where now the global dispersive flux in the x direction, N., can be
expressed as

J' t V ^ 7 " 0 0 ! f U Q ( t u ) / n x x u ] du (3)n J'o cq q t V ^ 7 " ' 0 ' 0 ! fj U1-Q1(t-u)/n,x2fx3,u] du

and a (s), s=x-x', is the autocovarianae function of the velocity
q1q1

(specific discharge) field in the x. direction. Note that, although the

integral operator reduces the governing transport equation to one spatial
dimension, the global dispersive flux is dependent on the three-dimensional
nature of the random flow field. For a unit pulse injection of tracer into
the flow system at time zero, (2) can be solved for the spatial moments in
the x. direction and temporal moments as a function of this remaining

dimension.

The assumption of an imperfectly but highly stratified aquifer is
incorporated into the autocovariance function a (s) for the velocity

field. By assuming that the horizontal length scale \ for the
autocorrelation function of the hydraulic-conductivity field is much larger
than the vertical length scale x_, the autocorrelation function for the
velocity field becomes

a (s) = a r \
2 exp{-[(s,2+s?

2)A2 + s,2/X 2]*} , (U)
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where o, is the variance in the logarithm of the hydraulic conductivity, X

and X are the horizontal and vertical length scales of the log-hydraulic

conductivity process and Q =K0J; K is the geometric mean of the hydraulic-

conductivity process and J is the negative of the mean gradient in the x

direction. Here it has been assumed that the correlation function of the
logarithm of the hydraulic-conductivity process is a negative exponential in
which correlation in the horizontal (x and x ) directions is isotroyic (see

Naff [1990, 1990a] for further details). This expression indicates that, as
stratification increases, flow dynamics become subordinate to medium geometry
in determining the correlation structure of the flow field.

There is some possibility that by neglecting local dispersion and yet
considering that flow dynamics are controlled by a highly stratified aquifer,
an error will have been introduced into the global dispersive flux; this
error would result because the local transverse dispersivity can act as an
effective mechanism to transfer tracer laterally, perpendicular to the mean
flow direction [Gelhar, et al., 1979]. Naff [1990] investigated this
mechanism extensively and determined that, while the local transverse
dispersivity can be an effective means of lateral mixing, there should exist
many natural aquifers where the ratio of the local transverse dispersivity to
the vertical length scale X. is small enough that this mechanism is

effectively precluded. Thus, it does not automatically follow that an error
has been introduced into the analysis by implicitly neglecting local
dispersion and yet considering the medium to be highly stratified.

SOLUTION TECHNIQUE

By considering that the initial condition for (1) is C(x,0)=6(x) (or that for

(3) is C (x ,0)=S(x )), then the spatial or temporal moments of the mean

concentration can be obtained; the details of the procedure are discussed in
Naff [1990, 1990a]. The form of the solution for some arbitrary central
moment a (a>2), in terms of aimensionless time and space variables x=tQ /Xn
and ?=x /X, is

u /Xa = X / ™ U - M / X ] a C (C,T) d£ (5)

for the central spatial moments, where the first spatial moment, M , is

and

^ ^ jfc _b X A ^ K t fK • ^ \ * ^ h ^ rite ^ ^ ' ' * •

for the central temporal moments, where the first temporal moment, M , is
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T 2 £ ;
Xn

and ra represents the mass under the temporal breakthrough curve:

ra = X ]"" C (5,T) dt .

That the temporal breakthrough curves must be normalized by the mass under
these curves is more extensively discussed by Naff [1990a]; the mass under
any spatial curve is unity as provided by the unit pulse input. The first,
second and third temporal moments and second and forth spatial momenta will
be presented graphically in this report. It is customary to normalize
central moments greater than two by the second moment, K _, of the process in
question (c=K or C=T). The result,

is referred to as the coefficient of skewness when a=3 and the coefficient of
kurtosis when a=4.

Moments (5) and (6) were not obtained by direct integration, as indicated in
these expressions, but by transform methods; Fourier and Laplace transforms
of (3) with respect to x1 (Fourier) and t (Laplace) were obtained, which

resulted in an expression with the transformed mean concentration as the
dependent variable. When evaluated at the origin, differentiation with
respect to one transformed variate and inversion of the other variate back to
its original state produce moments corresponding co the derivatives; the
result is analogous to characteristic functions of probability theory (Ross,
1972). For example, a solution of (3), with a pulse input, in Laplace space
is [Naff, 1990a]

L[C U,T);T* P] = ^rs (H(p)e Y^ + S(o)e ^ } , (8)

where

H(p) =

S(p) =

L[Z ( 5 , T ) ; T - » P ] i s the Laplace transform of the marginal mean concentration

a n d y =Q. ( Q . - a _ Q ) ~ , i | /=2p(p+1 ) ( 2 y - D + Y » B =ip - 1 p ( p + 1 ) , a =(u»-*-D)/2,
2 ' ' p 8
b =(il>-D)/2, <=Y (2p+1)-1-p. The dimensionless Laplace variate, p, is
expressed in terms of the dimensional parameter p as p=pXn/Q.. A first-order

2 2
approximation for y is 1+af when the medium is highly stratified, as

assumed herein. Derivatives of (8) with respect to p, when evaluated at
zero, yield the necessary material to obtain all the time moments (6) (see
Naff [1990a] for details). Additionally, (8) can be inverted numerically to
obtain the marginal concentration as a function of either space or time.
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SPATIAL MOMENTS AND SOLUTION

*
Spatial moments of the marginal concentration C of (2) are obtained by the
transform procedure described previously; here, only the results from the
procedure will be discussed (for a more complete description, see Naff
[1990]). The spatial variance u _ and coefficient of kurtosis K j, for an

imperfectly stratified medium, as described previously, is given in Figure 1
(solid curves) as a function of travel time t=tQ../Xn. Also plotted in this

figure is the equivalent forms for the case of a classical Fickian flux
(dashed lines), where it is assumed that N. of (2) can be expressed as

#
3C

N1 = " 5 X Q1 Si, 9

2 2
and 6=o_ /y ; to first order, y also represents the ratio of arithmetic to

geometric mean velocities: y-Q./Q . The form for the dispersivity, 5X, is

equivalent to that given by Gelhar and Axness [1983] for macrodispersion in a
heterogeneous aquifer. Of the two moments, the kurtosis shows the most
persistent deviation from classical Fickian behavior in that it is
continually platykurtic (flatter than a Gaussian distribution) over the range
of T (1/100 to 100) used in Figure 1. The spatial coefficient of skewness,
at this order of approximation, is null [Naff, 1990]. Except for the
kurtosis, the spatial moments indicate a rather rapid approach to Fickian
behavior. However, the near-field (T<1) behavior of the moments presents a
problem, for these moments suggest, on the one hand, that the marginal
concentration curve should become ever more concentrated about its mean as r
goes to zero (based on the variance), while the curve must remain flatter
(platykurtic) than a standard Gaussian curve (based on the kurtosis). The
results of these two moment, in the near field, are seemingly contradictory.

Form (8), which represents the Laplace transform solution for the marginal
mean concentration when the global flux (3) is the dispersive mechanism, can
be inverted numerically (see Naff [1990a] for details). As a function of the
spatial variable ^=x./X, the results of numerically inverting (8) are shown

graphically in Figures 2, 3 and 4, each of which represent concentration
profiles observed at progressively greater travel time T from the source. At
a observation time T=40 from the source (Figure 4) the marginal concentration
profile, as developed from (8) (solid line), closely resembles its Fickian
equivalent (dashed line). Thus, even though the kurtosis for the curve based
on the global dispersive flux is yet only 2.85 at this point, its visual
similarity to a Gaussian curve is remarkable. Even at an observation time of
T=10 (Figure 3), the resemblance to a Gaussian curve remains significant,
although visual deviations are now apparent. At T=4 (Figure 4) the
resemblance has deteriorated significantly. Apparently, in order for the two
curves to show significant visual difference, a fairly large deviation in the
kurtosis from that expected of a Gaussian form is necessary.

Notable in Figures 2 and 3 are the abrupt truncation at both left and right
extremities of the line segments representing the marginal mean concentration
profiles for the global process. These truncations are the result of
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TABLE 1. Spatial moments as estimated from marginal mean concentration, Figures 1 and 2.

Case

2
°f

.]

.5

.1

.5

T

4

4

10

10

Unexplained

mass

.136

.136

.0058

.0040

Variance

true

.549

2.01

1.64

6.00

estimated

.406

1.49

1.59

5.89

Unexplained mass

allocation

left

2,796

1.695

6.9

4.0

right

5.204

6.305

13.1

16.0

Variance

true

= 549

2.01

1.64

6.00

corrected

.548

2.01

1.63

5.92

Fourth central

true

.570

7.66

6.54

88.0

moment

corrected

.568

7.62

6.54

85.7

"true" values from theoretical moments [Naff, 1990, equations (30) and (40)].
"estimated" values from integration under marginal concentration curve.
"corrected" values from method indicated in text.
«
half of unexplained mass is allocated at left and right locations, as indicated in table.
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removing from the numerical inverse Laplace transform results oscillations
which occur beyond these terminuses of the curve segments presented in
Figures 2 and 3; these oscillations are apparently associated with the Crump
algorithm used in the inversion procedure (IMSL, 1989). These oscillations
occurred fairly abruptly in the immediate vicinity of the terminuses,
initially were large but quickly dissipated into small amplitude fluctuations
about the abscissa with distance from each terminus. The mass under each of
these truncated segments is not sufficient to account for the mass expected
of the marginal concentration at these travel times. Additionally, if one
estimates, by numerical integration, the spatial variance of the mass
distribution under these curves, this estimate also deviates significantly
from that given in Figure (1). Thus, these segments alone cannot account for
the distribution of the total marginal concentration. This problem becomes
even more acute as the injection point is approached because the line
segments representing the marginal concentration become progressively shorter
as T approaches zero; at T=40, on the other hand, all mass and moment
calculations based on the presented segments (Figure 4), where truncation has
not affected the mass under the marginal concentration profile, agree very
well with the theoretical moments of Figure 1.

To explain this apparent anomaly, Naff [1990a] has hypothesized that the
unexplained mass could be placed as pulses at or very near to the points of
truncation of the curve segments representing the marginal concentration in
Figures 2 and 3. When this is done, as indicated in Table 1, then the
spatial moments usually can be reproduced rather accurately. An exception to

2
this statement is the case of of =0.5 and x=10, where the correction probably

is being affected by the estimated mass under the marginal concentration
curve; the estimated unexplained mass is close to the error expected of the
numerical method used to estimate the mass (note that the unexplained mass
represents less than one percent of the total mass). This deficiency in mass
also will afflict the temporal marginal concentration profiles, as indicated
in the next section. Note that, by invoking this hypothesis, no mass from
the marginal mean concentration is permitted to migrate upgradient of the

point of injection of the tracer (see case on =0.5 in Figures 2 and 3); this

in contradistinction to the Fickian case. Also, this hypothesis could
explain the aforementioned anomalous behavior of the spatial variance and
kurtosis; as the injection point is approached, the two pulses of mass at
segment terminuses would tend to dominate the behavior of the moments. The
variance would tend to zero as the pulses came closer together, while the
mass distribution would tend to be platykurtic because of its dependence on
two pulses separated by some segment of curve.

TEMPORAL MOMENTS AND SOLUTION

By taking the appropriate derivatives of (8), the temporal moments of the
marginal mean breakthrough curves can be obtained (see Naff [1990a] for
details). These moments, which are presented graphically in Figures 5, 6 and

2
7, retain an explicit dependence on o_ , the variance in the logarithm of

hydraulic conductivity; this quantity is an important factor in the
dispersive potential of the medium on the tracer cloud. The mean arrival
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time for transport in an imperfectly stratified medium, as defined in (6), is
presented graphically in Figure 5 (solid curve); the global mean arrival time
departs significantly from a Fickian arrival time (dashed curve) when 5 is
small. While both curves demonstrate linear behavior as a function of 5 in
the far field (c>10), the curve for the Fickian flux, with the dispersivity
form assumed in (9), has a finite intercept equal to 28 while that for the
global flux tends to zero as 5 tends to zero. The variance in arrival time
U T 2 for the global dispersive flux exhibits similar behavior as the mean in

that it tends to zero as 5 tends to zero (Figure 6, solid curve); again, this
behavior is distinctive from that of a Fickian tracer cloud (Figure 6, dashed

2
curve), where a finite minimum variance, depending on of , is encountered for

small £. The coefficient of skewness (Figure 7) shows the most extensive
deviations from Fickian behavior of all the temporal moments, particularly in
the near and intermediate field ($<10); however, the persistence in deviation
is not as strong as that for the kurtosis of the spatial tracer cloud. This
normalized moment also tends to zero as 5 tends to zero. For the tracer
cloud based on the global flux, the temporal skewness can be negative and
positive, whereas a Fickian tracer cloud is always positively skewed.

In a manner similar to the spatial marginal concentrations, the temporal
marginal breakthrough curves for the global dispersive flux becomes
progressively more Fickian in behavior with observation distance t,-x./\ from

the source (Figures 8, 9 and 10). Again, the curves representing the
marginal concentrations are truncated when the observation point is
relatively close to the point of injection (5=4 and 5=10), with the
truncation becoming more defined for 5 in the neighborhood of the injection
point (£<10); the origin of this truncation is identical to that for the
spatial curves discussed previously. The mass under these curves also
becomes increasingly deficient, as compared to the theoretical mass m given
in (6), when 5 approaches the origin. Again, it is possible to allocate the
unexplained mass at or very near the terminuses of the curve segments in such
a way as to satisfy moment considerations of Figures 6, 7 and 8. The basis
of this allocation is a set algorithm which causes the first moment, as shown
graphically in Figure 6, to be satisfied. Selected points (as indicated in
Table 2) at or very near the terminuses of the existing segments are
allocated a portion of the unexplained mass in a manner which causes the
estimated first moment, with corrected mass, to agree with the theoretical
first moment. With this allocation of mass, the higher moments then are
estimated and compared with their theoretical counterpart, as indicated in
Table 2. Generally, this procedure can be used to allocate the unexplained
mass in such a manner so as to reproduce, if not reconstruct, the theoretical
moments. This mass allocation agrees generally, but not exactly, with that

2
based on the spatial moments. For instance, the spatial case of af =0.1 and

T=4 requires a mass of 0.068 at the right location £=5.204 (Table 1); the
2

temporal case of af =0.1 and 5=5.204 (not given in tables) requires a mass of

0.055 at T=4, when the first moment is used as a basis of allocating mass.
Thus, even though the procedure does not work perfectly (as might be
expected; the basis for truncation of the oscillatory behavior of the
numerical inverse Laplace transform was somewhat arbitrary, depending only on
the extent the numerical procedure could be pushed before oscillation set
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TABLE 2. Temporal moments as estimated from marginal mean concentration, Figures 8 and 9.

Unexplained

Case Mass
2

Of.

Mean Variance

Unexplained mass

allocation Variance

Third central

moment

true estimated true estimated true estimated location amount true corrected true corrected

.1 4 1.001 .873 1.17 4.22 .632 .462

.5 « 1.001 .896 4.66 4.82 2.91 2.46

.1 10 1.000 .991 10.18 10.20 1.70 1.66

.5 10 1.000 .986 10.67 10.72 6.89 6.66

3.05

5.89

2.5

9.9

7.684

.0901

.0378
.632 .629

.0907 2.91

.0089

2.91

.0083 1.70 1.70
14.474 0.0

6.342 .014

21.000 0.0
6.89 6.89

.189

3.77

.742

11.7

.189

3.78

.740

11.6

"true" values from theoretical moments INaff, 1990a, equations (14), (17) and (20)1.

"estimated" values from integration under breakthrough curves,

"corrected" values from method indicated in text.

allocation at indicated locations based on first moment.
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in), it seems to provide a reasonable hypothesis to explain the moments and
many of the anomalies associated with these moments. For instance, although
more mass is allocated to the left-hand point of the temporal segments then
the right (Table 2), it was found that this allocation tends to reverse as
the point of injection is approached (for £<1); should these point masses
come to dominate the total available mass, it would not be surprising that
the temporal third moment becomes negatively skewed in the near-field (Figure
3). Conversely, when the marginal concentration curve segment dominates the
total mass (?>1), the skewness tends to be positive as these curves generally
have larger tails to the right than to the left.

DISCUSSION AND CONCLUSIONS

A prominent feature of the marginal mean concentration for the global
dispersive flux and associated moments is that these quantities
asymptotically approach their Fickian counterparts with either large travel
time T or large travel distance £. The presence of this asymptote suggests
that a classical Fickian flux, equivalent to (9), could be used to adequately
simulate transport of a tracer, provided that the cloud has obtained a
distance equivalent to some 20 length scales x from the point of injection;
it is not expected that the choice of covariance function to represent the
log-hydraulic conductivity process will significantly alter this result.
With regard to this asymptote, Naff [1990, equation (54)] has noted that
should (4) be used as the velocity autocovariance function in (3), then the
global dispersive flux N. could be expressed as a series:

tf, = -8XQ1 H(t) (10)

where

N-1 m , , _m+1 ,,
_ _ , ,m m! ,xn»m-ot , <x 3 n i.. <-\ r>

m=0 <x=0 1 3 1

and RM is the remainder (N>1); this remainder can be expressed as

Q N+1 *

RN = (-)
N ffi1*^ Si exp[- r^(t-u)] * S [ V Q1(t-u)A,x2,x-,u] du.(11)

1 ' 3x. 3u

When N is set to one, only a single term is contained in the series, and this
term has the concentration-dependent form of a classical Fickian flux,
equivalent to (9). Thus, the difference in behavior between the Fickian and
global tracer clouds must be contained in the convolution form (11) of the
remainder, with N=1. In order that it be consistent with the behavior of the
global cloud, this remainder should tend to zero as either the observation
time T or observation distance £ of the tracer cloud becomes large. This
study suggests that at observation times and distances greater than 20 length
scales lambda from the source, the cloud appearance is very near that of a
process controlled by a Fickian dispersive process. The series (10) also
suggests that the near-field (T<1) behavior of the cloud at least partially
may be simulated by retaining a few more terms of this series in an
approximation of the global dispersive flux N.; two additional terms are
obtained by allowing N=2.
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At large travel distances from the injection point, the first two temporal
moments become

^ ] (12a)

T2 ffi Ut,} . (12b)

The derivative with respect to x. of the first temporal moment (12a) yields a

measure of the velocity (n/Q.), and the equivalent derivative of the variance
2 2

(12b) yields a measure of the dispersive strength of the medium (25Xn /Q1 ).

Thus, if the cloud were observed at two points in the far field (£>10), then
from the slope of the first two moments, as estimated from the breakthrough
curves, it should be possible to estimate the velocity, Q^/n, of the cloud
and its longitudinal macrodispersivity, 5X.

The temporal and spatial marginal mean concentration profiles, obtained by
numerical Laplace inversion, are truncated in the intermediate and near field
(when the observation point c or observation time T is within 10 length
scales X of the point of injection) such that, with respect to the area under
these curves, a loss of mass occurs; truncation of the curves is applied at
points where oscillation begins to dominate the marginal mean concentration
profiles. This deficiency in the concentration profiles is space and time
dependent: the closer the observation point or time is to the point of
injection, the shorter the line segment representing the marginal mean
concentration and the greater the deficiency in mass. A hypothesis has been
put forth to explain and correct these deficiencies in the concentration
profiles which consists of placing, in the form of a pulse, the missing or
unexplained mass at or near the terminuses of the line segments representing
the profiles. This procedure has the effect, when properly implemented, of
not only restoring the mass to the concentration profile, but also of
satisfying to a large degree the demands placed on the profiles by the
spatial and temporal moments. Thus, even though this explanation for the
unexplained mass must be considered to be a hypothesis, it does, to a large
degree, satisfy most of the conditions placed on the marginal mean
concentration profiles. If this hypothesis is correct, and should local
dispersion be included in (1), then these pulses of mass and curve segments
representing the concentration profiles would be further smoothed, probably
to the point where the presence of the pulses would be no longer
recognizable.
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A Stochastic - Bayesian Approach to
Modelling of Macrodispersion in Heterogeneous

Porous Media

Y. Rubin, University of California at Berkeley, U.S.A.*

Abstract

This paper presents a formalism for injecting measured data into
models of solute transport in heterogeneous porous media. This
formalism is based on a Bayesian approach of updating the
probabilities of the particles displacements, and requires to derive
the spatial moments between the velocity and the measured data such
as conductivity and hydraulic head.

1. Introduction

Accurate prediction of mixing processes is needed in
environmental applications of groundwater modelling as well as of
other mixing processes which occur at geologic formations such as
secondary oil recovery. This has led to a concerted research effort
aiming to develop reliable modelling techniques. While considerable
effort was directed at getting a good theoretical understanding of
the flow and mixing phenomena at the heterogeneous porous media, a
lesser effort was invented in developing site-specific, predictive
models which are locally conditioned on measured data.

The purpose of this paper is to present a formalism for bridging
that gap. The first part of this paper will present the
theoretical approach, which is then followed by a synthetic example.

2. Theoretical^ Background

The basic approach adopted in this study is the Lagrangian one,
which was first conceptualized by Dagan (1984). According to this
approach, the concentration field C(x,t) resulting from a slug
injection is given by:

C(x,t) =/// C0(a) <S[x-X(t;a,to)] da (1)

where t and x denote the time and space coordinate respectively, S is
the Dirac delta and to is initial time of injection. X is a random
function (RF) which denotes the particle trajectory, and C is the

*Dept. of Civil Engineering, U.C. Berkeley, Berkeley, CA 94720
Paper submitted to the International Conference on Transport and Mass
Exchange, AECL, Ottawa, Canada, Oct. 1-4, 1990
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initial concentration at Vo, which denotes the volume in space through
which injection took place. Underlined characters are vectors.

The crucial point in solving (1) is the modelling of the
Lagrangian X. Its randomness reflects the inability to map
deterministically the streamlines in the flow field. Consequently,
we need to resort to probabilistic methods which will allow us to
model X quantitatively, i.e., quantifying the modelling error and
data uncertainty.

The main thrust of this study is to model X in a way that would
reflect the effects of measured data on the streamlines, and through
that on X. Then, through (1), it would be possible to incorporate
the information of the measured data, at its locations, on C(x,t)-
In order to achieve that goal, a rational way for projecting the
measured data on its vicinity is required.

A simple method to achieve that goal starts by relating X to the
velocity field U(X), taking the form

dX
— = U(X) + u^ (X) (2)
dt

where U(X,t) is the velocity at X and u^(X) denotes small-scale random
motion of "Brownian motion" type, which represents the pore-scale
dispersion effect. In the following development, the role of ud will
be neglected. Relation (2) is a convenient vehicle to account for
measured data (in the present case, either conductivity or hydraulic
head measurements), since U(X) can be expressed through Darcy Law:

1
Uf(X) = K^XJJj i,j=l,2,3 (3)

n

where K r is the point value hydraulic conductivity tensor, J. is the
hydraulic head gradient, and n denotes the effective porosity, and
the subscripts denote the Cartesian coordinate system.

A method that will allow to model the velocity while accounting
for measured data at its location is geostatistics. The basic steps
needed are as follows:

(i) The logconductivity Y is randomized. It is expressed as a RF
model through a stationary mean and spatial covariance. This RF
model is inferred from field measurements by well-documented
techniques (cf., Sudicky, 1986, Rubin and Dagan, 1987).

(ii) The hydraulic head is also randomized. The head H(x) is
modelled as a sum of a nonstationary mean, which stands for a large-
scale trend, and a local fluctuation which stems from the variability
of Y. Consequently, the head gradient is also a random function. A
very simple model, for example, is

H(x) = Ho - <x>.J + h(x) (4)

which describes the head field for steady flow that is uniform in its
average, i.e., when a constant gradient is imposed on the boundaries,
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with H(x) denoting the head RF, the first two terms on the R.H.S. of
(4) stand for the mean, <J> is the expected value of the head
gradient and h(x) is the zero-mean local fluctuation in the hydraulic
head. The randomness of Y, through the flow equation, induces the
random fluctuation h(x).

(iii) Capitalizing on the RF models for the logconductivity and head,
and using relation (3), the following relations are derived:

(1) the expected value of the velocity field <U(x)>. For the
previously mentioned hydraulic head model, the velocity
field is stationary.

(2) the velocity spatial variance-covariance tensor

Uij^X') = <U'j (X)U'J(X')>

where u' i (x) is a random fluctuation of the velocity in the
direction of i-

(3) the velocity-logconductivity spatial cross covariance.

(4) the velocity-hydraulic head spatial cross covariance.

(5) the logtransmissivity head cross covariance.

(6) the head spatial covariance.

The spatial covariances and cross covariances supply a measure
of similarity and indicate to the persistence of a measured quantity
in space. For a given distance, a larger covariance indicates to a
larger weight that should be given to the measured property when
determining its influence on an unsampled location. These
covariances are used to inject measured data into the model in a
manner that will be discussed later.

The relations specified in (1) and (2) are given explicitly in
the paper by Rubin (1990). The other relations are omitted here for
brevity.

It is important to note that the relations are derived using the
physical principles of mass and momentum conservation with a sparse
parametrization: the only models needed to be inferred from field
data are the ones that govern the spatial distribution of the head
and logconductivity. The rest of the relations are derived
analytically.

In the absence of local data, the best estimate of X is given by
the unconditional stationary model. For example, the mean particle
trajectory is now simply given by <X(t)>=mot where mu is the expected
value of the velocity and t is the elapsed time since injection.
Evidently, X being a random function implies that characterization
through the first moment is not sufficient. Consequently, the 2nd
moments tensor Xfj (t)=<X'. (t)X' j(t)> is also needed, where XV (t)
i=l,...,3, denote the fluctuations of the particle trajectory from
its mean at time t. For a Gaussian X, the two moments
characterization is exhaustive. Explicit expression for X-j, using
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the same concepts outlined here, were derived by Dagan (1984) for a
lognormally distributed K and a average uniform flow field.

A situation such as described above, i.e., using an
unconditional model for predictive purposes, conforms to a state
where the RF models are inferred at one site, and applied at an
unsampled site under the assumption of stationarity. Such an
approach was employed by Sudicky (1986) for the Borden field study.

However, only under conditior.s of ergodicity, the one particle
(ensemble) statistics, as described above, are interchangeable with
the solute plume's spatial moments, i.e., the particle's mean path
collapse to the trajectory of the plume's centroid, while the
variance-covariance tensor X^(t) is identical to the plume's second
"moments of inertia." Literally, ergodicity is attained when the
plume' s dimension in a direction normal to the mean flow is very
large relative to the scale of the logconductivity heterogeneity
(Dagan, 1989). Such condition prevailed at the Borden experiment
(Freyberg, 1986) and this explains why the unconditional moments
(Freyberg, 1986) captured the plume's spatial moments quite
successfully. Intuitively, it can be seen that under less than
ergodic conditions, the unconditional moments are not interchangeable
with the plume's spatial moments. When the solute body is relatively
small, it does not disperse, but rather follows a winding, tortuous
path dictated by the conductivity spatial configuration. This motion
cannot be described as a mixing process, and hence characterization
through the unconditional spatial moments is not warranted.

In order to capture this type of motion, there is a need to
inject local data into the predictive model, which under ergodic
conditions would not be required, and this can be done by following
a Bayesian technique of updating.

Consider, for example, the first moment of X, conditional to
local data. A general expression for the conditional path is given
by

t
Xc(t) = Ĵ  + / {<Uc[Xc(t')]> + uc[Xc(t')])dt' (4)

o

with a superscript "C" denoting conditioning, and Uc=<Uc>+uc.
Conditioning is carried out with regard to (N) , the group of N
measured data. Then, the conditional mean path is obtained as the
expected value of (4), leading to the nonlinear integral:

t
<Xc(t)> = X, + / <Uc[Xc(t«) ]>dt' (5)

o

A further simplification is obtained by approximating <Uc[Xc(t) ]>
by <Uc[<Xc(t)>]> (Dagan, 1980).

For N>o, simple analytic solutions to (5) cannot be obtained,
and (5) is needed to be evaluated by numerical integration. This can
be done by discretizing it into small time intervals. Then,
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<Uc[<Xc(t')>]> is evaluated at Xc, a further portion of the trajectory
is delineated, and a new <UC> is evaluated.

The salient question is the evaluation of the conditional mean
velocity at any x in space. This can be done by the procedure of co-
kriging. The conditional mean velocity is given by (cf., Mood and
Graybill, 1963):

m m N

E <U (x)> =
n=l £

x)> + E An(x)Y'n + E a (x)h £ = 1,2,3
l +I

(6)

n=l q=m+I

where -m , i.e., the difference between the measured

logconductivity at x^ and its expected value, and similarly,
h^HCXq) -<H(x )>. A and /u.q are interpolation coefficients that are
obtained by solving the nor

m
q

e normal equations:
N

E A (x)Cy(x,,xk) + E At
p=l q=m+l

x ) == C (x,xk) (7)

m

p = i

k=l,..., m; 1=1,3

N

E A (x)C (Xp,Xq) + E /z (x)CH(xk,j^) = C
= i

 w r -y ^ q=m+l M ^ UeH

k=m+l,..., N, £=1,3.

where C is the y covariance, C (£=1,..., 3) are the velocity

- logconductivity spatial cross covariances, CH is the head spatial
covariance and C are the velocity head covariances.

UtH
t

In a similar manner, the conditional displacement variance -
covariance tensor, which is defined as

t t

; (t',a)>,<Xt (t" dt1 dt" da da1 (7)

j,.£=l,..., 3)

is obtained by integrating the conditional velocity covariance, given
by

c
utk (x,xf) =
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m N

u (x,x') - E l(x)C <X',2L) - E At.(x)C (x-,xj £,k=l,3 (8)
£k p=l UkY q=m+l UkH

along the conditional mean path, using the previously derived
interpolation coefficients. By using the conditional moments, there
is a greater chance to approximate more closely the trajectory of the
non-ergodic plume and its spatial spread.

3. An Example

Consider the gray-scale map of logconductivities depicted on
Fig. 1. This map contains in its background a 13 by 13 data base of
logtransmissivities. The map describes a square domain of dimension
31 by 31 , with I being the integral scale of the logconductivity.
The transmissivity is zero mean with a variance equal to unity, and
an isotropic spatial covariance. A plume of negligible Vo is injected
at t=0 at the origin, and is swept from left to right under the
influence of a uniform average flow, i.e., a constant head gradient
is imposed on the boundaries. The head gradient and the porosity are
equal to unity.

Due to the smallness of Vo, the solute body does not disperse,
c

and X.k supply the variance of the plume's location (Dagan, 1990).

Figure 1 depicts the trajectory of the centroid of the plume and
the ellipsoids of the 95% confidence intervals, with conditioning
done on the entire data base, i.e., 169 data. We refer to this case
as the case of the exhaustive data base, even if this is not exact,
because, although each measurement is represented by a block of
considerable dimension, it is really only a point (zero support)
measurement at the center of the squars. Each ellipsoid pertains to
a different time, given in Fig. 2 by the integers which multiply the
non-dimensional time interval AT=0.25 (r=mut/Iy). The radii of
ellipsoids in the horizontal direction at any r are equal to 4VX 1 1(T)
and its lateral dimensions are given by 4VX 2 2(T). The cross term
xi2(f)/ which gives indication about the orientation of the
ellipsoids, is neglected here due to its relative smallness.

First, it can be noted from Fig. 1 that although the trajectory
is tortuous, it covered the horizontal distance of 3IY in a time
(T=2.5) relatively short compared with the time we could expect
(r=3), using the unconditional mean velocity. This is because the
plume is constantly migrating toward and through the high
conductivity areas, first on the upper half of the flow domain and
then back to the zone around (3,0).

Fig. 3 depicts a similar numerical experiment—this time,
however, with conditioning on a 7 by 7 data base. The data are
equally spaced over the flow domain. The values of the conditioning
data and their locations are given by the regularly spaced gray-scale
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blocks (in the present and subsequent cases, white background denotes
unsampled locations, except where a block is located whose color is
white). The general trend of migration into the high conductivity
areas, which was observed before, is preserved. However, when
comparing the locations of the ellipsoids at equal times, note that
the plume in the 7 by 7 case moved considerably faster than the case
depicted on Fig. 1. This is mainly due to the fact that two very low
conductivity areas close to the plume are not represented in the 7 by
7 data base, and to a lesser extent because in the 13 by 13 case the
plume was diverted more in a direction normal to the mean flow
direction. The impact of the difference in the location of the
centroids at equal times is considerably mitigated by noting that
consistently there is an overlap between the ellipsoids of equal
times. Despite the differences between the velocities of the plume's
centroids, there is no considerable difference in the particular
volume in space that the plume occupied. However, since the plume in
the 7 by 7 case moved relatively faster, it has constantly occupied
a somewhat smaller volume. Here, the effect of conditioning on

c
reducing Xy on one hand is counterbalanced by the differences in the
plume's velocity and the time dependence of the convective mixing on
the other.

Further, on Fig. 4, the time evolution of the plume is
conditioned on a 5 by 5 data base. The trajectories of this and the
previous case overlap in the right part of the domain, and are
slightly shifted in the left side, mainly because in the 5 by 5 case
there is a greater contrast between the conductivities on the upper
side and those at the lower. The plume in the 5 by 5 case moves
relatively slower because of the reduction in the dominance of the
high conductivity data in the upper half of the domain. The main
point to be noticed here, however, is the pronounced growth of the
"uncertainty" ellipsoids in the 5 by 5 case relative to the previous
cases with larger data bases.

Last, Fig. 5 depicts the case of a 3 by 3 data base. A
considerable amount of detail pertaining to the trajectory of the
centroid is lost, and the curve is almost flat, getting closer to the
mean, unconditional path. The influence of the high conductivity
zone in the upper half of the domain is still noticeable, but only to
a small extent. The loss in resolution is compensated by even larger
ellipsoids than those of the previous cases. Note that the
trajectory, and even the entire contaminated space of the exhaustive
data base (Fig. 1), are contained within the space occupied by the
plume as depicted in the 3 by 3 case.

4. Summary

Summarizing, we see a consistent trade-off between the loss of
detail and resolution on one hand and an increase in the confidence
intervals of the centroid trajectory on the other. In other words,
the stochastic flow theory suggests a rational, unified approach to
treat the whole range of cases starting from a "deterministic" state,
where an exhaustive data base is available, until the extreme
opposite case of maximum uncertainty, where no measured data are
available to condition on.
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MACRODISPERSION IN HETEROGENEOUS AQUIFERS:
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ABSTRACT

Macrodispersion is the name given to the mechanical dispersion due to the mixing effect of
a heterogeneous velocity associated with the large-scale heterogeneities present in aquifers.
Recent studies due to Dagan [1982, 1984, 1987] provide a conceptual model that relates the
statistical properties of the hydraulic conductivity field and the dispersive properties of a
nonreactive contaminant. Similar theoretical results have been obtained by Gelhar and
Axness [1983] and Neuman and Zhang [1990]. These results describe the ensemble-aver-
age behavior of the displacement moments of a solute plume, which are related to the
apparent dispersion coefficient. In dealing with a single aquifer, the ensemble-average
solution is valid only when the solute plume covers a relatively large area (i.e., the ergodic-
ity assumption is valid). However, since the minimum plume size required is not known,
the conditions needed for the application of the theory to these problems are yet to be found.
Carefully designed numerical experiments provide an expedient way to assess the condi-
tions for the ergodicity assumption to hold. The basic experiment involves the simulation of
solute transport in a single realization of a random velocity field. Preliminary simulation
runs have been performed for two-dimensional velocity fields. Experimental results pro-
vide evidence of the validity of Dagan's theory for sufficiently large input zones.

INTRODUCTION

A common contaminant transport problem involves some type of prediction about the move-
ment of a pollutant that originates at a local source. In principle the contaminant behavior
can be described as a complex function of space and time, which results from solution of
the flow and transport equations for specified parameter values and boundary and initial
conditions. In most cases there is not enough information available about the parameter
values and we have to be content with determining the position of the center of mass and
some measure of the spread about that reference position. The position of the center of
mass can be reliably determined, as it depends on the mean speed of groundwater flow and
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this parameter is in general accessible to measurement. On the other hand, the spread
about the mean is a more elusive variable, mainly because of dispersion processes that
influence its behavior. The practical importance of adequately quantifying this variable is
readily apparent; the more dispersion is present, the larger the area covered by the contam-
inant or the earlier a trace level of contaminant will reach a certain point in space.

Inert contaminants are affected by two types of dispersion processes. The first one is molec-
ular diffusion, a phenomenon that takes place even in the absence of flow, and that behaves
according to Fick's laws of diffusion. The second process is associated with the spatial
heterogeneity of the porous medium, which in turn produces a heterogeneous velocity field.
The mixing effect produced by the velocity field is associated with the so-called mechanical
dispersion. Both dispersion mechanisms are assumed to be additive and the total effect is
referred to as hydrodynamic dispersion. A characteristic feature of mechanical dispersion
is its dependency on the scale of the heterogeneities present in the porous medium [Dagan,
1986]. The size of the heterogeneities considered is in turn dependent on the size of the
problem at hand. At the laboratory scale, mechanical dispersion is caused mainly by the
variability of the pore-scale velocity induced by the geometry of the pore network. At the
field scale, mechanical dispersion is caused mainly by the spatial variability in the hydraulic
conductivity and is orders of magnitude larger than at the laboratory scale. Field-scale
hydrodynamic dispersion is usually called macrodispersion.

Some of the recent efforts made to understand better this phenomena have included both
analytical and experimental studies. The analytical studies of Dagan (1982] and Neuman
and Zhang [1990] represent the spatial variability of hydraulic conductivity as a random
field and provide an expression for the time-dependent dispersion coefficient. The large-
scale field experiment of solute transport carried out at the Borden site [Freyberg, 1986]
shows reasonably good agreement between the dispersion coefficients inferred from field
data and those predicted by the theory developed by Dagan. The corresponding permeabil-
ity field data presented by Sudicky [1986] indicates the adequacy of a random field model to
represent the complex patterns of variability observed in nature. At this point the available
theory provides a plausible model for the type of phenomena observed in nature. This
theory relates the statistical properties of the soil structure and the (measurable) dispersive
properties of a nonreactive contaminant, a feature that can be exploited in the prediction
problems of the type referred above. However, the behavior so far observed in a single
field-scale experiment provides limited support for the validity of the theory. This paper
attempts to provide additional evidence by performing numerical experiments under con-
trolled conditions.

STATEMENT OF T H E PROBLEM

This study considers the dispersion experienced by a dissolved nonreactive contaminant
carried by saturated groundwater flow. By applying the principle of mass balance , the
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transport equation can be derived [Bird et al., I960]. If the porosity of the aquifer is con-
stant, the transport equation reads

— = V • (D Vc) - V • (v c) (1)
dt

where c is the solute concentration; D is the hydrodynamic dispersion tensor (symmetric),
and v is the average linear velocity [Freeze and Cherry, 1979], defined as total discharge
per unit cross-sectional area of void space. The above equation can be recognized as an
advection-dispersion equation (ADE) in the variable c. Note that equation (1) is written at
the Darcy or laboratory scale, and the hydrodynamic dispersion tensor D accounts for
pore-scale mixing processes.

Equation (1) recognizes the two basic transport mechanisms that affect a nonreactive solute
in porous media: advection and dispersion. Here we are interested in large-scale field
transport problems and we will thus assume that macrodispersion is orders of magnitude
larger than pore-scale dispersion and so the latter can be neglected. This can be done as
long as the velocity field is properly discretized to allow for heterogeneous advection to
produce macrodispersion in a direct way. In this case equation (1) reduces to

f£ = -V(vc) (2)
at

where v is now the spatially variable velocity.

The solute transport model specified by either equation (1) or (2) contains the average linear
velocity v as a coefficient in the equation. The velocity is in turn the solution of a boundary-
value problem defined by the groundwater mass balance equation. We assume that there
are no density differences between solute and water, so that solute transport and flow are
two uncoupled processes. That means that the flow problem needs to be solved first, and
since we restrict ourselves to steady flow in this study, the flow equation is solved only once.
The flow problem can be formulated as follows. The conservation of mass for incompress-
ible fluids in the absence of sources or s*nks requires that

V • /I v = 0 (3)

where n is the porosity of the porous medium. A. constitutive equation is needed to relate the
average linear velocity to the hydraulic conductivity and the piezometric head gradient. For
flow in porous media at low Reynolds numbers (laminar flow) the empirical relation known
as Darcy's Law is generally accepted as a valid model:
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v = - I K Vh (4)
n

where K is the hydraulic conductivity tensor of the porous medium, and h is the piezometric
head (or hydraulic head). An important particular case of equation (4) is that of isotropic
permeability, in which case the tensor K becomes a scalar times the unit matrix. By substi-
tuting (4) into (3) , we get the flow equation in terms of hydraulic head and permeability:

V • (K V/z) = 0 (5)

This equation is to be solved along with a proper set of boundary conditions. One possible
strategy is to solve equation (5) for given permeability K to get the hydraulic head h, and
then get the velocities from equation (4) for a given porosity n. In heterogeneous aquifers
the hydraulic conductivity varies in space, and so do hydraulic head and velocity.

Since the coefficients in equations (2) and (5) vary throughout the flow domain, the solution
is usually achieved through the use of numerical methods. However, for certain simple
cases, it is possible to derive some analytical solutions if the hydraulic conductivity is con-
sidered to be a random field. This point of view has been taken by a number of researchers
[Dagan, 1982; Gelhar and Axness; 1983; Neuman and Zhang, 1990], who have been able to
obtain closed-form solutions for the ensemble-average spatial moments of the concentra-
tion field. However, since we deal with a single aquifer in reality, there are fundamental
questions regarding the applicability of these ensemble-based theories. The key question
concerns the practical conditions required for the ergodicity assumption to hold. This as-
sumption allows one to expect the results obtained by spatial averaging to be identical to
those of ensemble averaging, provided that spatial averaging is performed over very large
sampling volumes. A complete discussion of the practical conditions required for ergodicity
to hold is provided by Dagan [1990] and thus it will not be repeated here.

Numerical experiments provide one possible mean to address these questions. Monte Carlo
simulations are one possibility to check the limitations of the theory; this approach has been
taken by Salandin and Rinaldo [1990]. Here we are more interested in testing the corre-
sponding behavior for single realizations of random fields and the validity of the ergodic
hypothesis. Schellenberg [1987] and Tompson et al. [1987] report single-realization nu-
merical experiments where displacement moments have been compared to the stochastic
theories. In both cases ergodic conditions were not achieved and results varied widely from
realization to realization; however, most results are in qualitative agreement with the
theory's prediction. Although results from a large-scale field experiment [Freyberg, 1986;
Dagan, 1987] are encouraging, there is still a need for carefully designed numerical experi-
ments that can check the validity of this theory. The rest of the paper is devoted to this
objective and the basic strategy is to perform simulations of solute transport according to
equation (2) in a single realization of the random velocity field.
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DESCRIPTION OF THE NUMERICAL MODEL

A solute transport simulation involves using three different programs in sequence to per-
form the following tasks: (1) Generate a lognormally distributed hydraulic conductivity field
with constant mean and isotropic exponential covariance function, (2) Solve the flow equa-
tion using the conductivity field as input (the head field obtained is used to derive the veloc-
ity field), and (3) Solve the advection-dispersion equation using the velocity field as input.

The codes used for the first two steps are described by Tompson et al. [1989], Zimmerman
and Wilson [1988], and Meyer et al. [1989]. In this paragraph a brief account is given of
these codes, which were made available to us by their developers. The generation of a
random field is achieved with the Turning Bands method [Matheron, 1973; Journel and
Huijbregts, 1978]. This method has been widely used in hydrology since the last decade
because of its efficiency in generating very large fields [Mantoglou and Wilson, 1982; Man-
toglou, 1987; Tompson et al., 1989]. The Turning Bands algorithm directly generates a field
of spatially correlated normally distributed random variables; it is possible to transform
these random variables to have any distribution that is related to a normal, like the lognor-
mal distribution used for hydraulic conductivity. In the generation of a random hydraulic
conductivity field three parameters can be arbitrarily chosen: mean value, standard devia-
tion, and correlation length. In this way we can accommodate any degree of heterogeneity.
Two different turning bands programs were made available to us; the corresponding refer-
ences are Tompson et al. [1989] and Zimmerman and Wilson [1988]. The flow equation (5)
is discretized with block-centered finite differences, and the resulting system of equations
is solved with the preconditioned conjugate-gradient method developed by Ashby [1987].
The particular advantages of this method for very large sparse systems of equations and for
special supercomputer architectures have been reported by Meyer et al. [1989].

The advection-dispersion equation (2) can be solved with different numerical methods:
finite elements, finite differences, method of characteristics, and random walk. The latter,
also known as particle tracking method, has been selected for this project because of the
following advantages: it is mass conservative; it is very easy to implement; and it does not
exhibit numerical oscillations or artificial dispersion for advection-dominated problems
where the grid Peclet numbers are large [Tompson et al., 1987]. These types of errors,
along with sersitivity to grid orientation are frequently encountered in standard finite differ-
ences and finite elements algorithms [Kinzelbach, 1988]. This resilience to numerical er-
rors makes the random walk method ideal for accurate numerical simulations of the type
necessary in this study. The main disadvantage of this method is the need to use a very large
number of particles in order to obtain a smooth concentration field. This difficulty should
be less important if powerful computational resources are available. The large runs for this
project have been done in a Cray-2 supercomputer, where it only takes a few minutes to
complete each simulation.

This particle tracking method is based on the random walk process, and it is sometimes just
called the random walk method. The solute mass is divided into a large number of small
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indivisible particles, where each particle represents an equal, constant amount of mass.
The particle tracking algorithm provides the positron of each particle at each time step:
from this result we can compute spatial or temporal moments, or the solute concentration
field. The justification of the random walk method relies on the existing equivalence be-
tween the solution of the advection-dispersion equation and the probability distribution of
the position of the particles moving according to the random walk algorithm. This equiva-
lence holds in the limit of a large number of particles and small time step [Kinze'.bach,
1988]; both conditions are needed to get accurate results.

The particle tracking algorithm consists of two additive steps performed in each time step:
advection and dispersion. When pore-scale dispersion is neglected, the random dispersive
component is dropped and the random walk is reduced to pure advection; in other words,
each panicle travels along a different streamline. The apparent macrodispersion to be
observed is caused directly by advection in a heterogeneous velocity field. Thus macrodis-
persion is not a coefficient to be adjusted but a result calculated a posteriori from paticle
displacement statistics. This approach has been taken by Schwartz [1977] and Smith and
Schwartz [1980, 1981a, 1981b].

Of all possible simulation results, our attention will be focused on the first two moments of
particle displacement along the longitudinal coordinate axis, which is the direction of flow.
Sample displacement moments along each coordinate axis k are calculated in each time step
according to the following expressions:

1 N

f l (xk)m (6)
m=l

^[(xk)m-E^k]]2 (7)

where N is the total number of particles being tracked in the simulation, and {xk)m is the
current position on the £-axis of the particle indexed m. These sample moments can be
directly compared to the theory's predictions.

SIMULATION RESULTS

A number of two-dimensional runs were performed for the flow problem sketched in Figure
1. A mean pressure head gradient is established along one of the coordinate axes. This
gradient is produced by upstream and downstream boundary conditions of constant head;
the other two boundaries (parallel to the flow direction) are impermeable. These boundary
conditions produce a mean one-dimensional flow pattern, but because of the heterogeneity
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in the conductivity field there is local variability of the head gradient and therefore velocity
perturbations are added to the mean flow. The resulting two-dimensional flow can be made
as complex as desired, by varying the parameters of the hydraulic conductivity covariance
function.
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FIGURE 1 - Experimental scheme for flow and transport simulations

Solute transport simulations use the velocity field (obtained by solving the flow equation) as
an input. The initial condition is an instantaneous source of constant strength distributed
over a line perpendicular to the flow direction

The flow domain dimensions were varied in different experiments in an effort to identify
conditions for the single simulation approach to converge to ensembie results. In other
words, practical conditions for ergodicity were sought. In principle this can be achieved if
the domain dimensions are large enough compared to the typical correlation length of the
original random field. An additional requirement is that the computational grid discretizes
the velocity field in such a way that its variability between neighboring cells is moderate;
this guarantees that the finite difference approximation of the flow equation will have a
small truncation error [Ababou et al., 1988]. This condition requires the grid spacing A to
be smaller than the field correlation length \; the larger the ratio [k I A], the better the
numerical approximation obtained.

The above two requirements compose in such a way that very large grids are needed. Let the
computational domain be a square with sides of length L and let X be the velocity correlation
length. As an example consider the following typical values: if the ratio [L / X] is equal to
100 and the ratio [\/ A] is equal to 10, the grid needs 1000 cells along each axis. Assuming
an isotropic input random field (or different grid spacings along different axes) this brings
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the total number of cells in a square shaped domain to 106 for a 2-D simulation. These
figures can be out of reach for most computers, and the first large scale 2-D simulations (of
up to 106 cells) were possible only when the Cray-2 supercomputer was made available for
this study.

The previous discussion emphasized both the conditions for ergodicity and for a smooth
discretization of the velocity field. Assuming that both objectives are met, the next consid-
eration refers to the solute concentration field. If an instantaneous point solute source is
applied to the velocity field, this solute mass will sample only a limited range of variability
of the velocity field because of its small size. The only way to obtain ensemble average
results with such a source would be through Monte Carlo simulations. As pointed out by
Dagan [1984,1987,1990], a single realization experiment can yield ensemble average re-
sults (assuming ergodicity) only if the dimensions of the source are very large relative to the
correlation length of the velocity field. In other words, the solute cloud should be large
enough to continuously sample the full range of velocities present in the random field.

The ensemble-average analytical results provided by Dagan's theory apply to an instanta-
neous point source. Note that a line source orthogonal to the flow direction reduces to a
point source when projected onto the flow axis. Therefore the mean and variance along the
longitudinal axis (mean flow direction) remain the same as those of a point source. On the
other hand, the moments along the transverse axis are not expected to agree with those
derived for a point source, but this is not a problem since these experiments were designed
to measure the longitudinal particle displacement. By using an input source that is very wide
in the transverse direction we can simulate the simultaneous release of many point sources.
In the limit of a iarge number of such point sources, the ergodic theorem guarantees that the
results should agree with the ensemble average values.

Different experiments were conducted and the best results were obtained with very iarge
fields, with dimensions of 1000 by 500 cells and unit grid spacing in both directions. The
ln-K field had a correlation length equal to 5 and ln-K variance was equal to 0.5. The mean
ln-K was zero, so that the geometric mean of hydraulic conductivity was equal to one. The
mean piezometric gradient was set equal to 0.003. Porosity was set equal to 0.3, so that the
mean longitudinal velocity equals 0.01. The widest input zone was about 90 % of the field
width; smaller widths were also tried. The total number of particles was 103; particles were
uniformly distributed in the input zone. The size of the time step was fixed so that the
maximum Courant number was equal to 0.5; this should assure a smooth tracking for most
of the velocity field. A description of the experimental results follows.

A battery of tests was performed for each simulation to make sure that the properties (mean,
variance, and correlation length) of the different random fields corresponded closely to the
desired theoretical values. First we tested the generated hydraulic conductivity field, or
rather its logarithm, which should be normally distributed. The mean and variance were
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always in good agreement with the specified values (relative errors were on the order of
1%), and the sample histogram followed a normal density curve.

A more careful comparison was needed for the covariance function: here the results were
sensitive to both the domain size and the grid size, or more specifically to the two ratios [L /
\ ] and [k I A] discussed previously. For large ratios the agreement was good for all the
distance range where the covariance function is significantly different from zero. This hap-
pened with both turning bands programs used. Figure 2 shows a typical example of good
agreement between the desired covariance function and that of the generated random field.
Another elementary check compared the sample histogram with the Gaussian density func-
tion; again the agreement was very good for large field dimensions.

o
. 2
<5
oo

FIGURE 2 - Logconductivity covariance functions: comparison of theory
vs. generated random fields, for [\ /A] = 5 , [Lx / X] =100, [L, / X] =200.

If the hydraulic conductivity statistics were satisfactory, the flow equation was solved and
the velocity field analyzed accordingly. Emphasis was placed in checking the moments in
the longitudinal direction. The mean velocity V should agree with the theoretical result
[Dagan,1986; Gelhar,1986] U = KG J I n, where KG is the geometric mean of hydraulic
conductivity, J is the mean head gradient, and n is the constant porosity. The variance
should be equal to 0.375 U2 oy

2 (an intermediate result from Dagan's analysis), where oy
2 is

the variance of the log-conductivity field. Both the sample velocity mean and the sample
velocity variance have a relative error of about 1%. Sample moments of the transverse
velocity component were also checked for consistency: the mean velocity should be zero
and the variance should be equal to 0.125 U2 ay

2. The mean is practically zero (and 1000
times smaller than the mean longitudinal velocity) and the variance shows a relative error
smaller than 1%. The corresponding estimates of the longitudinal velocity correlation func-
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tion along the flow direction is shown in Figure 3, where it is compared to the analytical
result. It can be seen that the agreement is quite good. Similar results were obtained along
the transverse direction and for the transverse velocity component.
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FIGURE 3 - Correlation function of longitudinal velocity component
along longitudinal direction: comparison of sample function and theory.

The final step was to analyze the particle displacement statistics. The first two moments of
the positions of the group of particles were computed at each time step along each coordi-
nate axis. The time history of the displacement statistics along the flow direction can be
compared to the corresponding analytical results for the first two moments [Dagan, 1982].
The mean displacement is expected to grow linearly with time; this is certainly the case for
very large input zones while for small ones there are measurable deviations from the theory.
We have chosen to focus on the displacement variance because of its direct relation to
macrodispersion. Also, any second moment is a more sensitive statistic in terms of identify-
ing deviations from the theory.

The size of the line source was varied from 90 to 5 logconductivity correlation lengths in a
series of solute transport experiments. For small input zones the variance behaves erratical-
ly in time; the smaller the input zone the larger the fluctuations. This is consistent with a
theory whose results are valid for ensemble averages; we can expect point source statistics
to vary widely from realization to realization because the conditions for ergodicity are not
being met. On the other hand, for large input zones the moments are in good agreement
with Dagan's theory.

A comparison between theory and experimental results is shown in Figures 4, 5, and 6 for
the longitudinal displacement variance. Note that dimensionless variables are used, follow-
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ing Dagan [1982,1984]; the variance is divided by k2 ay
2, where X is the correlation length

and oy2 is the variance of the logconductivity field, while the time is divided by k IU, which
is the time necessary to travel one correlation length at the mean velocity U. Figure 4 shows
that for very wide input zones (70 to 90 correlation lengths) the sample variance follows the
theory reasonably well. Small fluctuations about the theory can be expected in these single
realization experiments because of a number of approximations involved (i.e. random fields
are synthetically generated, numerical methods are used to solve for the velocity field and to
compute particle displacements). Nevertheless, for the widest input zone tried and for large
time the sample variance fluctuates within an envelope of about 10% about the theory. This
can be considered close enough for practical purposes.
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FIGURE 4 - Longitudinal displacement variance: theory- vs. experiment.
Wide input zone size: 70 and 90 logconductivity correlation lengths.

Figure 5 shows the results obtained for input zone sizes of 30 and 50 logconductivity correla-
tion lengths. Now fluctuations are much more important and they appear even for large
times, when the plume should be more stable [Dagan, 1990]. These results cannot be
considered close to ergodic conditions. The strong fluctuations in the experimental curve
near a dimensionless time of about 70 appears unusual and could be due to some large-
scale feature of the flow field. Finally, Figure 6 shows the corresponding results for some
of the smallest input zone sizes: 5 and 15 logconductivity correlation lengths. In this case
the variance is as likely to grow as it is to decrease with time, bearing no resemblance to the
theory over the whole range of time depicted. This behavior clearly defines an input zone
that is too small for the ensemble-average theory to apply.
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CONCLUSIONS

Results from two-dimensional numerical experiments show that Dagan's theory holds for
single realization problems, provided that the dimensions of the input zone are large enough
to allow the solute plume to sample most of the variability present in the velocity random
field. For a line source of the type used in this study, the minimum size of the input zone
required for the theory to apply has been estimated as about 70 to 90 log-conductivity
correlation lengths. This estimate can be considered as an upper bound for three-dimen-
sional flow situations if the source is distributed over an area orthogonal to the flow direc-
tion. The added dimension in this case implies simultaneous sampling over many of the
two-dimensional problems considered here and therefore an area source should provide
faster convergence to ergodic conditions than a line source of the same linear dimensions.
The other extreme case has also been analyzed; when the size of the input zone is very small
the displacement moments cannot be expected to agree with the ensemble-average theory.
Here a tentative size of 20 to 30 log-conductivity correlation lengths is thought to be the
critical size that defines an input zone that is definitely too small. In between the two
proposed limits there is a transition zone where the errors involved in applying the theory
could still be very large. Therefore, more careful evaluation is required if one decides to
use this theory to get a rough estimate of displacement variances.

The numerical experiments were designed to match the assumptions of the theory as much
as possible. To keep the results in perspective, all assumptions are listed here again (they
can also be thought of as the special conditions under which these results are valid):
— constant porosity
— mean uniform flow
— infinite flow domain (the influence of boundaries is negligible)
— log-conductivity is a lognormal random field with isotropic exponential covariance
— log-conductivity variance is (much) smaller than unity.
Also, the results presented are preliminary, since they were obtained with only one realiza-
tion. The same experiments should be repeated with different realizations to have a mini-
mal check of consistency.
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SOLUTE TRANSPORT IN POROUS MEDIA
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ABSTRACT

This paper is concerned with the roles of advection, transverse dispersion
and longitudinal dispersion in three-dimensional solute transport in
granular porous media. A series of nondimensional type curves and graphs
are presented, based on analytical model calculations for a number of
simplified cases with different source conditions. The nondimensional
results permit an analysis of the influence of various transport parameters
for a wide range of possible effective values of these parameters and
provide further insight into the relative importance of advection,
transverse dispersion and longitudinal dispersion in three-dimensional
subsurface solute transport. The available results from the literature and
the new calculations presented in this paper show that in most situations
involving contaminant plumes emanating from landfills and other disposal
facilities, the three-dimensional spatial distribution of contaminant
concentration is determined primarily by the three-dimensional advection and
transverse dispersion, while the effects of longitudinal dispersion are
secondary. It is shown that this conclusion holds for both local-scale and
field-scale (or large-scale) transport in advection-dominated flows.

INTRODUCTION

Several recent studies have emphasized that contaminant transport in
groundwater is inherently a three-dimensional (3-D) process and pointed out
that it is important to take this into ..ccount in both the observations
(monitoring) and simulations (modeling) of contaminant plumes (see, e.g.,
Sykes et al., 1982; Domenico and Robbins, 1984; Anderson, 1987; Burnett and
Frind, 1987; Giiven, Molz and Melville, 1990). Sykes et al. (1982) have
performed 3-D numerical simulations and sensitivity analyses concerning the
behavior of an extensively monitored landfill plume, and Burnett and Frind
(1987) have presented detailed 3-D numerical analyses for a generic
conservative contaminant plume in an unconfined granular aquifer. These
studies have illustrated various aspects of 3-D conservative plume behavior
and shown that, in addition to source conditions and source concentration
history, the 3-D advection field and transverse dispersion are the primary
factors which determine the long-term behavior of such plumes, while
longitudinal dispersion has a relatively weak effect on the concentration
distribution within the plumes. In particular, Burnett and Frind (1987)
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have emphasized that transverse dispersion in the horizontal direction,
which is neglected when a two-dimensional (2-D) vertical cross-sectional
model is used, may actually have important effects on the concentrations
depending on the source width, the plume travel distance and the magnitude
of the horizontal dispersivity. The important role of transverse dispersion
in 3-D solute transport has also been pointed out previously by several
workers (e.g., Gillham et al., 1984; Domenico and Robbins, 1984; Gttven, Molz
and Melville, 1984).

While the recent numerical studies of Sykes et al., (1982) and Burnett and
Frind (1987), as well as some other 3-D numerical simulations (e.g.,
Huyakorn et al., 1986; Guven et al., 1985) and 3-D analytical calculation
results (e.g., Domenico and Robbins, 1985; Huyakorn et al., 1987), have shed
much light on the 3-D behavior of contaminant plumes, the available
quantitative information on 3-D plume behavior is still rather limited. For
example, while various kinds of type curves and graphs are available for
one-dimensional (1-D) and 2-D transport for several different source
conditions (see, e.g., Sauty, 1980), similar results are not readily
available for 3-D transport. Consequently, cur understanding of 3-D
transport is not as well developed as our understanding of 1-D and 2-D
transport.

In this paper, in an attempt to improve our understanding of some aspects of
3-D plume behavior and to provide a convenient documentation of the
influences of various factors, a series of calculation results are presented
for a number of simplified 3-D cases. In this study, attention is focused
on the combined effects of advection, transverse dispersion and longitudinal
dispersion for various simple source types and geometries and on the
relative importance of these transport processes. In all the cases
considered, it is assumed that the porous medium is of infinite extent in
every direction, and the groundwater flow is steady and uniform. Various
cases with different source conditions are studied by means of available
exact or approximate analytical solutions of the governing transport
equation. The cases studied include an instantaneous point source, an
instantaneous parallellepided (cubic) source, a continuous point source, and
a continuous plane rectangular source (Figure 1). The results are presented
in the form of nondimensional type curves and graphs, in terms of suitable
nondimensional parameters. This nondimensional approach allows an
evaluation of the effects of various pertinent variables and parameters for
a wide range of possible effective values, including both the local-scale
and field-scale (large-scale) effective values of the transport parameters.
The results support previous findings and provide further insight into the
roles of advection, transverse dispersion, and longitudinal dispersion in 3-
D subsurface solute transport.
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Point Source

Cubic Source

Rectangular Plane Source

Figure 1. Source geometries investigated.
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MATHEMATICS. MODEL

In this study, it is assumed that the porous medium is homogeneous,
anisotropic with respect to dispersion, and of infinite extent in every
direction. The groundwater flow is steady and uniform, with a constant
seepage velocity, v, in the x direction. Chemical or biological
transformations are not considered; however, sorption is taken into account
through the use of the customary retardation factor, R, based on the linear
equilibrium assumption. Under these conditions the governing transport
equation may be written as (see, e.g., Bear, 1979; Burnett and Frind, 1987;
Guven et al., 1990)

R 3C dC _ d*C . n d*C + n d*C ( 1 )
R at + v a£ ^ IP + D™ ~dp D™ IP

where C is the solute concentration, t is the time, x, y, z axe the
Cartesian coordinates with z taken in the vertical direction, pointing
upward, DL is the longitudinal dispersion coefficient, and D^ and Dxy are
the dispersion coefficients in the horizontal and vertical directions,
respectively. It is assumed here that the dispersion process is Fickian,
with constant dispersion coefficients, although it is well known that this
assumption may not always be valid for field-scale transport, particularly
in regions very close to a source (see, e.g., Matheron and de Marsily, 1980;
Molz, Guven and Melville, 1983; Guven, Molz and Melville, 1984; Guven and
Molz, 1986; Gelhar and Axness, 1983; Gelhar, 1987; Dagan 1987, 1988; Guven
et al., 1990; Neuman, Zhang and Levin, 1990). Nevertheless, it is thought
that the results obtained with equation (1) may still be useful for some
field-scale transport problems, at least for some approximate evaluations.

Dividing through by R, equation (1) may be transformed as

u
+ u " d- IP + d™ ip + d™ IP (2)

Si P ip IP
where u is the retarded velocity defined as u - v/R, and dL, d^ and djv are
the retarded dispersion coefficients defined as dL - DL/R, dIH — DTB/R, d-p, —
DTV/R. Solutions of equation (2) for various source types and geometries
are listed in the next section. In each case, it is assumed that initially
(at time t—0) the concentration is zero everywhere in the medium outside the
source region.

ANALYTICAL SOLUTIONS

Instantaneous Point Source:

If a total mass of contaminant, M, is instantaneously introduced into the
medium at time t — 0 as a point slug at the origin of the coordinate system
(Figure 1), the solution of equation (2) is given by (see, e.g., Guven et
al., 1990)
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c - JL (3)

where n is the porosity of the medium. The breakthrough concentration at a
point on the x axis, at x - X, may be expressed in nondimensional form as

(4p)3/2 E1'2 tln
exp

P (1-tJ2

where

,o o.t)

(4)

( 5 a )

P - - Peclet Number

(5b)

(5c)

(5d)

tR - ut/X (5e;

If the peak breakthrough concentration at x - X on the x axis is denoted as
Cm<uc and a nondimensional breakthrough concentration is defined as
C/Cmax, this nondimensional concentration may be expressed as

where

- (t )3/2

and

~ 3
A(P/D)

(7)

(8)

where t,,,,, is the time of peak concentration at x - X. Similar expressions
have been given previously by Sauty (1980) for corresponding 1-D and 2-D
cases. Finally, for the instantaneous point source the maximum
nondimensional breakthrough concentration, C may be expressed as

^w D
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It may be useful to note that CR and t^n are both independent of the
magnitude of the transverse dispersion coefficient d^, since CR and
depend only on the ratio P/D - uX/(4dL) - PL. However, the magnitude of the
peak breakthrough concentration is affected by both djg and djv as well as

Instantaneous Cubic Source:

If the solute concentration in a finite source region in the shape of a cube
centered at the origin and with sides of 2a parallel to the coordinate axes
(Figure 1) has an initial value of Co, the corresponding solution of
equation (2) for a point on the x axis (y - 0, z - 0) is given by (see,
e.g., Carslaw and Jaeger, 1959; Domenico and Robbins, 1985)

erf x-ut+a - erf x-ut-a
2(dLt)

1/2 (10)

The breakthrough concentration at x - X on the x axis may be expressed in
nondimensional form as

_ CU,O,O, t)

- erf (11)

where

- x • t- - u t

a a
ua (12a)

D
u -

• E; E - (12b)
••7W
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The breakthrough concentration at x - X at time t - X/u, for which ta -
is given by

where C'A is defined as C'u - C(X,0,0,X/u)/Co. We will refer to c; as the
nominal peak breakthrough concentration.

Continuous Point Source:

If a contaminant is introduced into the medium continuously at a constant
rate, m (mass/time), at the origin, starting at time t-0, and if, for this
case, it is assumed that d^ - d^ - dT, the solution of equation (2) may be
written as (see, e.g., Kim et al., 1988; GQven et al., 1990)

where

mu
Rn

U X • T D -

P - ( V * Dx? ; C - uz
4dT

The s teady-s ta te concentration, Ca, obtained as •>•-» <*>, is given by

Cm 1- J, exp [ - 2<P-*>
p L ^

The steady-state concentration along the x axis (r; - 0, f - 0, p
Ccm, is given by

S= - ̂  exp [- UJJ ]

for I > 0

for 5 < 0

(14)

(15a)

(15b)

(15c)

(16)

d7a)

(17b)
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It may be seen from equation (17a) that the steady-state concentration along
the x axis is independent of the longitudinal dispersion coefficient for x >
0. Combining equations (14) and (16), an expression may be obtained for the
nondimensional concentration C - C/Co in the form

]}
This equation may be used to investigate the concentration breakthrough and
the approach to steady-state conditions at any point in the medium.

Continuous Plane Source:

If the solute concentration is continuously maintained at a value of Co over
a rectangular plane region centered at the origin and with sides 2b and 2c
along the y and z axes, respectively (Figure 1), an approximate solution
(valid for x > 0) for equation (2) which satisfies this boundary condition
may be expressed as

c . 4 erfc\ x-ut _ 1 A _y1t
Co 8 [""[ 2<dLt)"»

- erf
I 1/2

erf z+c I _ f I z-c
(19)

where x > 0 and

tT - t for ut < x (20a)

tT - x/u for ut > x (20b)

The part of this approximate solution expressed by (19) and (20b) was first
proposed by Domenico and Robbins (1985); the part expressed by (19) and
(20a) is proposed here as a convenient extension of this approximate
solution to include the small times, t < x/u, as well. Domenico and Robbins
(1985) refer to this approximate solution as the "extended pulse
approximation". They have demonstrated that this is a reasonable
approximation for a finite plane source maintained at a constant
concentration. As discussed by Domenico and Robbins (1985), the source
geometry considered here may be viewed as corresponding to an idealized
landfill plume with a width of 2b and a plume penetration depth of c at the
source (x-0) in a thick unconfined aquifar, with the top surface of the
plume coinciding with the water table at the plane z-0 (Domenico and
Robbins, 1983, Figure 3). The concentration distribution given by (19) may
be expressed in nondimensional form as
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t 8 \eZ£C
1/2

£,1/2

-r\ d*"1)

(21)

where

ub
4dm

ut
b

b '

d^
(22a)

(22b)

tx - tb for tb (22c)

t x - f.b for tb >ib

The steady-state concentration, C,,, obtained as tb -» », is given by

(22d)

£1/2
(23)

It may be seen from (23) that the steady-state concentration distribution is
independent of the longitudinal dispersion coefficient. At the centerline
(along the x axis, where r;b - 0 and fb - 0), the concentration, Cc, may be
expressed as

? - 4 £,1/2 -^ ezf (24)



478

The steady-state distribution of the centerline concentration, Cc«,, is given
by

(25)

Combining equations (24) and (25), an expression may be obtained for the
nondimensional concentration Cc — Cc/Cca in the form

for tb < £ (26a)

- -| erfc
£,1/2

for (26b)

Equations (26a) and (26b) may be used to investigate the concentration
breakthrough and approach to steady-state conditions at points on the x
axis. Finally, the steady-state distributions of the concentration at the
horizontal and vertical centerplanes may be expressed as

T £.1/2

erf

1/2

n \l/2
pt>) /« (27)

•*cv — _±_
1/2

erf ^
(28)

Here, Ccho and Cev<D denote the steady-state concentration at the horizontal
and vertical centerplanes, respectively.
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RESULTS AND DISCUSSION

Instantaneous Point Source:

Figure 2 shows a set of nondimensional breakthrough curves for the
instantaneous point source. This figure may be compared with a similar
figure in the work by Sauty (1980, Figure 10) containing breakthrough curves
for corresponding 1-D and 2-D cases. A comparison of the present results
with those given by Sauty (1980) indicates that for a given Peclet number
PL - uX/(4dL) the peak occurs earliest for the 3-D case. The breakthrough
curves and the peak arrival times are rather sensitive to PL for small
values of PL. However, as PL becomes large, t^,, approaches 1 and the
nondimensional breakthrough curves approach the shape of a very narrow
Gaussian distribution centered at tR - 1. Hence, for large values of PL,
the arrival times of the solute at a given X are nearly independent of the
longitudinal dispersion coefficient and are determined primarily by the
retarded seepage velocity u.

Figure 3 shows the variation of the nondiraensional peak concentration
with the Peclet number P - uX/(4dTH) for various values of the parameters
D - dL/dTH and E - d ^ / d ^ It may be seen that the peak concentration value
is sensitive to all the parameters involved; the nondimensional peak
concentration is inversely proportional to the 3/2 power of P and to the 1/2
power of D or E (equation (9)), for large P. It may also be noted that, for
large P, the magnitude of the actual (dimensional) peak concentration which
may be obtained from equation (3) is inversely proportional to the 3/2 power
of the arrival time of the peak at X, which is given by t^^ - X/u for large
P. This means that, while the dispersion coefficients have an important
effect on the peak concentration, the role of advection and retardation is
also very important, since the arrival time depends on the retarded seepage
velocity u.

Instantaneous Cubic Source:

Figure 4 shows several nondimens ional breakthrough curves C'x - C/Co versus
ta - ut/a, obtained using equation (11), for two points on the x axis
(5a - X/a - 10 and £, - 100) for one value of Pa - ua/(4dIH) - 10 and various
values of the parameters D - dL/dTH and E - d^/d^ Figure 5 shows the
variation of the nominal peak breakthrough concentration C'^ with Ia/Pa -
4XdTH/(ua

2), for various values of the parameters D and E, obtained using
equation (13). It may be seen from Figures 4 and 5 that the influence of
transverse dispersion becomes significant for large fa/Pa. Again, as in the
case of the instantaneous point source discussed above, the influence of
advection and retardation on CJ, is also very important.
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CR

1.0 -i

Figure 2. NondimensIonal breakthrough curves
for the instantaneous point source.

cxmox

10*

Figure 3. Nondimensional peak breakthrough concentration
for the instantaneous point source.
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Figure 4. Nondiniens ional breakthrough curves
for the instantaneous cubic source.
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C

Figure 5. Nominal peak breakthrough concentration

c; for the instantaneous cubic source.

Continuous Point Source:

Figure 6 shows the steady-state distribution of the nondimensional
concentration, Cm/Cm, as given by equation (16), at the horizontal
centerplane, where 5" - 0, for two values for the parameter D - dL/dT.
(Recall that in this case, dIH - d w - d x). It may be seen from this figure
that the steady-state concentration is rather insensitive to D at large
values of £. This behavior may be seen more clearly from Figure 7 where the
variations of the concentration with the transverse distance from the x axis
is shown for two values of £ •• uX/(4dT), (£ - 1 and £ - 100). Furthermore,
as also noted previously, the steady-state centerline concentration is
independent of D (see equation (17)).

The approach of the concentration to the steady-stite value at two points on
the x axis (£ — 1 and 100) is depicted in Figure 8, as calculated from
equation (18). It may be seen from this figure that the breakthrough at
large £ is rather insensitive to D. It may be useful to note also that for
a given £ on the x axis, steady-state conditions are approached when
r > |1/z + 1, approximately. For large £, this condition may be expressed as
T > £1/2, or, in terms of the actual dimensional variables, a» ut > x, for a
given x.
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Figure 6. Steady-state distribution of the nondimensional concentration
c/cm f o r t h e continuous point source at the horizontal
centerplane (f - 0 / . The contour interval is 0.1.
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v/t 20 •

0.0 0.2 0.4 0.6 0.8
C./Cc-

0.0 0.2 0.4 0.6 0.8 1.0 1.2

Figure 7. Variation of the nondimens ional concentration C./C,.., with lateral
distance r\ - uy/(4dT) at the horizontal centerplane (f - 0) for
the continuous point source for two values of | - ux/(4dT) :
(a) | - 1 ; (b) f - 100.
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Figure 8. Approach to steady-state conditions at two points
on the x axis for the continuous point source:
(a) | - ux/(4dT) - 1; (b) | - 100.
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Continuous Plane Source:

Figure 9 shows the steady-state distribution of the nondimensional
concentration, Cch«,/Co, at the horizontal centerplane (fb- 0), obtained using
equation (27), for 7 - c/b - 1 and two values of the parameter E - oVy/d^
(0.1 and 1). It may be useful to recall that the steady-state distribution
given by the approximate solution used for this case is independent of the
longitudinal dispersion coefficient for any point in the medium (see
equation (23)). It may be seen from Figure 9 that vertical dispersion has a
significant influence especially at large £b/Pb. As expected, the
centerplane concentrations become smaller as the parameter E is increased.

Figure 10 shows the steady-state concentration distribution, Ccv«,/Co, at the
vertical centerplane (tjb — 0) for a Peclet number of Pb — 100 for 7 — 1 and
E - 0.1 and 1.0 obtained using equation (28). As expected, the
concentrations become smaller as E is increased.

Figure 11 illustrates the approach to steady-state conditions at two points
on the x axis (£b - 1 and 100) for 7 - 1 and Pb - 100 for various values of
D and E, as calculated from equation (26). It may be seen that while
longitudinal dispersion has a definite influence on the breakthrough curves,
this influence diminishes as £b becomes large.

Finally, Figure 12 shows the variation of the steady-state centerline
concentration, Ca,/C0, as a function of £b/Pb - 4dTflx/(ub

2) , for various values
of 7 and E. This figure clearly demonstrates the important role of
transverse dispersion in long-term plume behavior.

Discussion:

Since the present results have been obtained in terms of nondimensior.<il
parameters, they may be used to evaluate the role and relative importance of
various transport parameters and variables with regard to both the local-
scale and field-scale behavior of contaminant plumes, provided, of course,
that the general assumptions of the analysis are satisfied f^r either scale
of application and provided that the appropriate effective values are used
for the pertinent transport parameters. To be specific, the effective
values of the longitudinal dispersivity, aL, associated with 3-D field-scale
applications are on the order of 1 m while the effective values of Q L are on
the order of 0.01 m for local-scale applications (see, e.g., Dagan, 1990).
The dispersivity aL and the dispersion coefficient D^ are related through
DL - ctL v + D*, where D* is the effective molecular diffusion coefficient; a
typical value for D* is 10'* mz/day (see, e.g., Burnett and Frind, 1987).
The transverse dispersivities ara and ajy associated with the transverse
dispersion coefficients DTH and D-p,, where DIH - ara v + D* and
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Figure 9. Steady-state distribution of the nondimensional
concentration C/Co at the horizontal centerplane for the
continuous plane source, for 7 - 1. The contour
interval is 0.1.
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Figure 10. Steady-state distribution of the nondimensione.l
concentration C/Co at the vertical centerplane for the
continuous plane source, for 7 - 1. The contour
interval is 0.1.
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Figure 11. Approach to steady-state conditions at two points on the
x axis for the continuous plane source, for 7 - 1, Pb - 100:
(a) £b - 1; (b) £b - 100.
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10 10s

|b/Pb==4xdTH/(ub
2)

Figure 12. Variation of the steady-state concentration at the
centerline, Ccm/Co, as a function of Cb/^b ~

 <+dTHx/(ub
2)

(a) E - 1, 7 - 0.1; (b) E - 0.1, 7 - 0.1; (c) E - 1,
7 - 1; (d) E - 0.1, 7 - 1 .

Dxv =• aTV v + D*, are generally smaller than QL. While the present
understanding of the field-scale values of oTH and OJV is somewhat limited, a
common assumption is that aTH - (1/30) oL to (1/10) aL and a ^ — 0.1 aTH (see,
e.g., Burnett and Frind, 1987; Gelhar et al., 1985).

While the present nondimensional results may be useful for some field-scale
applications, it should be emphasized again that the use of equation (1)
with constant dispersion coefficients and a constant uniform seepage
velocity may not be appropriate for many field-scale applications,
especially when the near-source behavior and the early stages of the
development of a plume are of interest. In fact, investigations of the
near-source plume behavior would require more detailed calculations which
take into account the actual 3-D variations of the seepage velocity (see,
e.g., Molz et. al., 1983; Burnett and Frind, 1987; Guven et al., 1990).
The important role of nonuniform advection in subsurface solute transport,
in general, has been discussed elsewhere (see, e.g., Guven et al., 1984;
Giiven and Molz, 1986; Dagan, 1987, 1990; Neuman et al., 1990).
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Most plumes emanating from landfills and other waste disposal facilities may
be considered to be of the continuous-source type, as such facilities
continue to generate leachate for many years (see, e.g., Burnett and Frind,
1987). The results presented here demonstrate that the long-term behavior
of such continuous-source contaminant plumes is determined primarily by
advection and transverse dispersion. While dispersion in the longitudinal
direction may have an influence during the early stages of a developing
plume or during the transient transport of a finite contaminant cloud, this
process has a negligible influence on the long-term behavior of continuous-
source contaminant plumes. The present results document the details of this
behavior, and also provide support for previous numerical sensitivity
analyses performed by Burnett and Frind (1987) regarding the behavior of a
generic, continuous-source, 3-D contaminant plume.

The present results provide further documentation that transverse dispersion
has a very important influence on the long-tarm behavior of subsurface
contaminant plumes. The important role of transverse dispersion has been
pointed out previously by several vrorkers (e.g., Domenico and Robbins, 1984;
Gillham et al., 1984; Guven et al. 1984). However, this aspect of
contaminant plume behavior does not seem to be generally appreciated. The
present analytical calculations clearly document the role and importance of
transverse dispersion in subsurface solute transport.

CONCLUDING REMARKS

In this study, we have considered the behavior of contaminant plumes in
steady and uniform groundwater flow in an unbounded homogeneous porous
medium. The emphasis has been on the roles of uniform advection (including
retardation), transverse dispersion, and longitudinal dispersion in 3-D
solute transport for various types of source conditions. The results have
been presented in the form of nondimensional type curves to permit an
evaluation of the roles aid relative importance of various transport
parameters and pertinent variables over a wide range of possible effective
values of these parameters and variables. The development of similar
nondimensional results and t-ype curves base^ on analytical or numerical
calculations for bounded orous media and for various simple nonuniform flow
fields, such as the natuial recharge flow field considered by Burnett and
Frind (1987) and the 3-D flow fields in shallow aquifers considered by
Strack (1984), would be useful to further improve our understanding of the
3-D behavior of subsurface contaminate plumes.
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ABSTRACT
When using solute transport modelling to predict the ground
water quality, the large in situ variability of soil physical
parameters appears as one of the most significant sources of
uncertainties in the reliability of the simulation results.
For that, stochastic models were developed to take into
account this phenomenon. Some of these models use the Monte-
Carlo approach that consists to select random values for each
parameter from their respective statistical distributions.
However, in the most cases, this random selection does not
take into account the real spatial distribution of parameter
values as well the possible cross-correlation of these para-
meters. With a model using the Monte Carlo approach, tests
were performed in order to determine the level of error that
can be induced by this last fact. Theoretical relations
between parameters were used to evaluate the significance of
the error induced by the use of no-correlated distributions of
parameters on predictive results. This theoretical approach
has shown that in some cases, the error can become
significant. However, an application with an in situ
evaluation of soil physical parameters on a sandy soil in
Quebec has shown that the error levels are not significant
when considering real situations.

INTRODUCTION
Groundwater is undoubtedly a very important resource. In the
United States, for instance, more than 90% of the public water
supplies originate from groundwater; in rural areas, 97% of
domestic needs are fulfilled by groundwater. During the last
ten years in the United States, the increase in groundwater
utilization has reached 30%, which is twice the increase
observed in surface water consumption. In Canada, 9.7% of the
water used by municipalities comes from subsurface sources,
and 2 6% of the population draw their drinking water from
groundwater.

Moreover, during recent decades, numerous potential conta-
minants have been produced and increasingly used by man.
Though relatively recent, problems involving the contamination
of soils and groundwater by pesticides are becoming more and
more worrying. Various degrees of alteration of the quality of
groundwater may be caused by this non-point source contami-
nation, as a function of the soil type, the subsurface media.
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and the nature of the pesticide. These site-specific characte-
ristics determine the vulnerability of the groundwater to
contamination. It is important to characterize and quantify
this vulnerability, in order to effectively protect the
groundwater resources from contamination due to pesticides.
Such quantification must be done on the basis of the values of
the physical and hydrodynamic parameters of the system, as
well as the physico-chemical properties of the pesticide.

The quantitative evaluation of the groundwater vulnerability
to contamination by pesticides is the most effective way to
prevent the cases of non-point source contamination and to
protect the groundwater quality. An effective prevention
scheme must be based on the evaluation of the quantity of
pesticide which could reach the water table under specific
conditions. The simulation of the transport and the fate of
pesticide in the unsaturated zone can provide such prediction.
The models provide, with a precision that naturally depends on
the model itself, different results (concentration, cumulated
mass, discharge time, ...) that can be confronted with actual
in situ measures. These results can be interpreted without
ambiguity, by comparison with reference values and norms. In
this regard, these models are reliable methods that provide
reproducible results.

Parameter variability and stochastic approach
The important spatial variability of soil properties, and the
complexity of the processes intervening in the modeling of the
fate of pesticides, pose a problem about the significance and
the representativeness of the results obtained from determi-
nistic models. After an exhaustive review of models and hypo-
theses intervening in the modeling of the transport in the
unsaturated zone, Nielsen et al. (1986) conclude that results
obtained from a deterministic approach must be used within a
stochastic approach in order to obtain a real and efficient
description of the phenomena.

Among the different stochastic approaches, the Monte Carlo
approach consists of carrying out a sufficient number of
simulations so that the distributions of values randomly
selected by the model for each parameter approximate their
real statistical distributions. In order to obtain a result
that is statistically close to field conditions, a sufficient
number of simulations must be carried out. Given the possible
large in situ variability of the different parameters, a
thousand simulations can be enough. This number is also
sufficient to allow statistical treatment of the results.

The VULPEST mod<~l (vulnerability to pesticides) , which inte-
grates this api roach, is an evaluation tool for the ground-
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water contamination by pesticides based on the transport
modeling. Developed as a management tool, it permits the
evaluation of groundwater vulnerability in terms of risk of
contamination by pesticides. The different results obtained
from VULPEST are the maximum concentrations, the average
annual concentrations and the cumulative masses for each Monte
Carlo simulation, and the stochastic breakthrough curve
corresponding to the integration over time of the breakthrough
curves from the Monte Carlo simulations. The concentrations
and masses can be presented by rank-ordered values curve, by
frequency histogram or with a table of probability of value
exceedence or the exceedence of a water quality criterion.

Taking into account the spatial variability of various
phenomena that control the fate of pesticides, the VULPEST
model provides a set of probabilistic results. These results
correspond to the numerous and complex conditions encountered
in the field. The statistical interpretation of the various
results obtained from the model allows to define the
groundwater vulnerability to contamination.

Cross-correlation of parameters
The Monte Carlo approach permits to take into account the
variability of the parameters. However, in some cases, this
variability is not randomly distributed and the spatial
pattern of this distribution should be described, for example
by the means of the geostatistical methods. The spatial dis-
tribution of the values of one parameter is not important to
take into account if one would not characterize the spatial
distribution of the levels of vulnerability, but only the mean
level in a specific area. When the spatial distribution is
important, that is when these are different pedological zones,
different statistical distributions should be used and the
stochastic model should run with these different sets of
values.

On the other hand, parameters can be correlated between them.
Thus, this is a space dependance of the parameters between
them, that is the value of one parameter can be linked to the
value of one other. In this case, the effect of the spatial
cross-correlation should become as significant as the
parameters are closely correlated. In order to evaluate the
impact of this cross-correlation on the spatial variability of
parameters in a stochastic approach, it is necessary to
quantify the level of errors induced by taking or not into
account these cross-correlations. This study can be done by
using theoretical or empirical relations between the para-
meters, or by using real statistical regressions determined
with field data.
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Theoretical verification
Numerous theoretical or empirical relations can be found in
the litterature that give a mathematical equation or a corres-
pondence table to obtain the value of a parameter from an
other parameter. In order to evaluate the error induced by
taking or not into account, the correlations, two sets of Monte
Carlo simulations have to be computed. The first set of simu-
lation generates independently random values for a l l the
parameters.

In the second set of simulations, the model generates random
values for primary parameters (grain size distribution and
organic matter content) and evaluates the corresponding values
for the depending parameters (hydraulic conductivity, bulk
density, porosity). Real statistical distributions were used
for the primary parameters obtained from the field data
measured at the Saint-Augustin s i te as described in the
following section. So that, the values of sand content, clay
content and organic matter content are randomly chosen by the
model from the distribution functions of these parameters.
From these values, the model evaluates the three other parame-
ters (hydraulic conductivity, bulk density and porosity) from
usual tables and graphics as the ones given by Bear (1972) or
Carsel et al (1984).

The comparison between the two sets of simulations was done
for different pesticides. The physico-chemical characteristics
of these pesticides are summarized in Table 1. These pesti-
cides were chosen in order to represent the complete scale of
possible values of pesticide physico-chemical characteristics.

Table 1: Physico-chemical characteristics of the studied
pesticides.

Pesticide

Simazine
Atrazine
Linuron
Picioram
Carbofuran
Dicamba
Aidicarb
Isocarbamid
Dimethoate

Solubility

(mg r1)

5
33
75

430
700

4500
6000
13000
25000

Decay rate
(day1)

0.031
0.01
0.016
0.151
0.043
0.108
0.022
0.25
0.006

Partition coeff.
(ml g-1)

53.7
213.8
95.5
1.23

169.8
1.86
3.1
22.3
16.6
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The Figures 1 to 3 show the differences obtained for the two
sets of simulations with and without correlations. One notes
that significant differences can be observed in arrival time
for half the pesticides, in cumulative mass and in maximum
concentration for the most soluble and lowest degradable
pesticide (dimethoate). The observed differences can reach
25%, and thus, can generate significant error if the corre-
lations are not taken into account. However, these comparisons
were done with theoretical relations between parameters that
maybe never occur as close in the real situations at the field
scale. Such a comparison should therefore be done with real
field data in order to verify the necessity to take into
account the cross-correlation of soil physical parameters.

Figure 1: Comparison of the arrival times of the pesticide to
the groundwater for the two sets of simulations.
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Field verification
A characterization of the variability of the soil physical
parameters and their cross-correlations was therefore realized
on an agricultural site in Quebec. The site, managed by the
Quebec Department of Agriculture, is located at St-Augustin-
de-Desmaures, Portneuf County (25 km west from Quebec city).
The studied soil is an Orthic Humo-Ferric Podzol made up of
fine to gravely sandy loam. The area of the sampled site is
approximately 0.15 ha. The soil physical parameters were
measured with a 25 points regular network at three depths. The
sampling locations were spaced 15m X 6 m. The depth intervals
were located at 5-15 cm, 40-50 cm and 85-95 cm below ground
surface and correspond to horizons A, B and C, respectively.
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The analyt ical methods are these of Agriculture Canada
(SheldricJc, 1984).

Figure 2: Comparison of the maximum concentrations of pesti-
cide for the two sets of simulations.
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Figure 3: Comparison of the cumulative masses of pesticide
for the two sets of simulations.
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The parameters (Table 2) present low to very low variabilities
with coefficients of variation generally lower than 0.3; only
hydraulic conductivity is very variable with a coefficient of
variation between 1 to 3.5. In the most cases, the distribu-
tions follow the normal law, the hydraulic conductivity being
lognormal.

Table 2: Statistical characteristics of soil physical
parameters distributions at Saint-Augustin site.

Parameter

Sand content
(*)

Clay content
(%)

Porosity
(*)

Field capacity
(%}

Bulk density
(Hg m"3)

Org. matter
(%)

Hydraul. cond.
(1(T3 cm s'1)

Hydraul. cond.
(10"3 cm s"1)
lognormal
distribution

Horizon

1
2
3

all

1
2
3

all

1
2
3

all

1
2
3

all

1
2
3

all

1
2
3

all

1
2
3

all

1
2
3

all

Size

25
24
24
73

25
24
24
73

25
24
24
73

25
24
24
73

25
24
24
73

25
24
24
73

25
24
24
73

25
24
24
73

Mean

53,28
54,6
66,6
58,0

21,6
19,5
14,5
18,6

46,7
46,5
45,3
45,5

42,6
44,7
43,2
43,5

1,50
1,42
1,50
1,47

3,84
3,57
1,98
3,14

2,67
4,31
3,64
3,53

3,08
5,59
5,44
4,65

Minimum

47,8
40,8
54,7
40,8

13,8
12,3
6,50
6,50

28,1
37,9
36,3
28,1

24,8
37,4
35,2
24,8

1,27
0,94
1,09
0,94

1,09
1,53
1,12
1,09

0,13
0,04
0,06
0,04

0,13
0,04
0,06
0,04

Maximum

62,7
67,3
84,0
84,0

25,7
28,2
22,4
28,2

54,2
64,9
68,4
68,4

53,0
62,6
67,9
67,9

1,71
1,66
1,81
1,81

5,20
13,26
3,51
13,26

11,6
18,1
22,6
22,6

11,6
18,1
22,6
22,6

Variance

9,02
57,7
51,5
73,9

5,60
23,7
13,0
22,6

32,8
29,3
44,9
35,2

33,5
28,3
47,1
36,0

0,01
0,02
0,03
0,02

0,78
5,97
0,35
2,96

11,58
21,07
24,57
18,91

Std.dev.

3,00
7,59
7,18
8,60

2,37
4,86
3,61
4,76

5,7
5,4
6,7
5,9

5,8
5,3
6,9
6,0

0,11
0,15
0,16
0,15

0,88
2,44
0,59
1,72

3,40
4,59
4,96
4,35

8,34
12,0
19,0
13,0

CV

0,06
0,14
0,11
0,15

0,11
0,25
0,25
0,26

0,13
0,12
0,15
0,13

0,14
0,12
0,16
0,14

0,07
0,11
0,11
0,10

0,23
0,68
0,30
0,55

1,27
1,07
1,36
1,23

2,71
2,21
3,49
2,80
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The bivariate correlations between the parameters were
studied. Some results are presented at the Figures 4 to 6 and
show that the correlations do not appear as significant.
Statistical tests, using the Kendall rank correlation
coefficients procedure (Kendall's Tau), were performed. This
procedure performs tests to accept or reject the correlation
between two parameters at a given significance level. The
Table 3 summarizes the number of significant tests obtained at
the 5% level, that is the number of correlation acceptances.
One can note that the significant correlations exist
principally between three parameters: sand content, clay
content and organic matter content.

Table 3: Number of significant tests obtained by the Kendall's
Tau procedure at the 5% significance level.

Hydraulic
conductivity

Sand content

Clay content

Bulk density

Porosity

Org. matter

Hydraul.
conduct.

0

0

1

1

0

Sand
content

-

3

0

0

2

Clay
content

-

1

0

2

Bulk
density

-

1

1

Porosity

-

0

In order to evaluate the error induced by taking or not into
account the correlations, two sets of Monte Carlo simulations
are computed. The first set was realized using a random draw
for each parameter value. Each parameter being randomly inde-
pendent from the others. For the second set of simulations,
one parameter (sand content) was randomly selected from its
statistical distribution, and the values of all the others
parameters were determined from the calculated regression
functions incorporating a incertainty term. The comparison
between the two sets of simulations was done for the different
pesticides summarized in Table 1. The results, that are not
presented here because of their similarities, have shown that
one can not note any significant differences between the two
sets of simulations, these differences being all the time
lower than 1%.
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Figure 4: Regression of Clay content versus Sand content for
the Saint-Augustin site.
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CONCLUSION
The comparison of two sets of simulations computed with and
without taking into account the correlations between parame-
ters has shown that the differences can become significant
when the correlations are close. Such significant differences
have been noted with the use of theoretical relations between
parameters, with possible errors reaching 25%. However, an
application with the in situ evaluation of the soil physical
parameters on a sandy soil in Quebec has shown that the error
levels are not significant when considering real situations,
with differences lower than 1% in this application.

These results tend to confirm that the use of the Monte Carlo
procedure in such a application, that independently generates
random values for the parameters, does not induce significant
errors. Furthermore, this fact permits to neglect the
characterization of the cross-correlations, and thus permits
the independent characterization of the statistical
distributions of the parameters. This facilitates the in situ
investigations as easy as the simulation procedures. However,
in some cases, the level of error can become as significant as
the correlations are close. On the other hand, in all the
cases, these errors should not exceed 25%.

ACKNOWLEDGEMENTS
The autors wish to express their appreciation to the Natural
Sciences and Engineering Research Council of Canada (NSERC)
for financial support for these works.

REFERENCES
Bear, J. 1972. Dynamics of fluids in porous media. American

Elsevier. New-York. N.Y. pp. 40-41.
Carsel, R.F., Smith, C.N., Mulkey, L.A., Dean,-J.D. and P.

Jowise. 1984. Users manual for the pesticide root zone
Model (PRZM). EPA 600/3-84-109. Environmental Research
Laboratory-Athens, Georgia, p 87.

Nielsen, D.R., Van Genuchten, M.Th. and J.W. Biggar. 1986.
Water flow and solute transport processes in the unsatu-
rated zone. Water Resour. Res., 22:895-1086.

Sheldrick, B.H. 1984. Analytical methods manual 1984. Land
Resource Research Institute, Research Pranch, Agriculture
Canada, LRRI contribution No. 84-30, Ottawa, Ontario, 231p.



505

APPLICATION OF THE ARNOLDI ALGORITHM
TO MASS TRANSPORT IN GEOLOGICAL MEDIA

VV. Scott Dunbar
Acres International Ltd.
5259 Dorchester Road
Niagara Falls, Ontario

Canada L2E 6W1

and

Allan D. VVoodbury
Department of Geological Engineering

University of Manitoba
314 Engineering Building

Winnepeg, Manitoba
Canada R3T 2N2

Abstract

The solution to the finite element matrix differential equations resulting from the discretization of the
contaminant transport equation is normally obtained by a finite difference (Crank-Nicolson) approximation
to the time derivative. The total computational effort is then directly related to the number of unknowns
and the number of time steps required to obtain accurate and stable solutions. An alternative is the Arnoldi
algorithm which is a type of Rayleigh-Ritz method for reduction of the matrix differential system to a
much smaller system. The small system is solved by the standard Crank-Nicolson algorithm with very little
computational effort. A matrix vector multiplication is then used to obtain the original solution at desired
time steps. By means of examples, it is shown that the Arnoldi algorithm affords an efficient means of
solving large finite element models of contaminant transport.

Introduction

Contaminant transport can be modelled by the following initial-boundary value problem in a domain Q:

. Vu + / = — (1)

u(t = 0) = «0(x)

u = uj(x, t) on Si

du
D^n" = 9(x,t) onS2

= p(x, t) on S3

where u is concentration, D is a tensor of diffusion coefficients, v is the transport velocity which may be
spatially dependent, / is a source term, x is a position vector, and t is time. The domain ft has a boundary 5
with a normal vector n and which is, in general, composed of the parts Si, S2 and S3 on which the functions
ut,, q and p are respectively prescribed.

Application of the finite element method to the above equation results in the following matrix differential
equation:

Mu + Ku = f (2)

where u is a vector of unknowns at the nodes of the mesh used to discretize Q, u = du/dt, M is the 'capacity'
matrix and K is the 'conductivity' matrix. The vector f contains the effects of the source term and boundary
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conditions. M is a symmetric and positive definite matrix while, owing to the presence of the velocity term
in Equation 1, K is unsymmetric. Elimination of those equations corresponding to the nodes at which u is
known results in a system of n differential equations.

Equation 2 is normally solved by means of a central finite difference approximation to the time derivative
resulting in the Crank-Nicolson scheme

(M + ^ K ) U.+1 = ( M - ^ K ) U, + (3)

where the superscript s denotes the quantity evaluated at time t = (s — I)At In order to maintain numerical
stability and avoid spurious oscillatory behavior of the solution u, certain constraints on the time step At
and the spatial discretization h in a particular direction must be applied. Carey and Oden (1986) define
these constraints in terms of the Courant number c = vAt/h and d =• DAt/h2, where v is the velocity and D
is the diffusion coefficient, both oriented in the same direction. Numerical stability is assured if the following
inequalities are satisfied in each coordinate direction:

Ptg =C-<2 ^ < 4 (4)
a a

where Peg is known as the grid Peclet number. Although the above constraints may be relaxed in regions of
a grid where the contaminant front exhibits small gradients, satisfaction of the inequalities generally requires
a small h and At for most realistic problems. This results in large systems of equations and correspondingly
large computer storage and time requirements.

Rayleigh-Ritz methods may be used to reduce Equation 2 to smaller systems of differential equations by
means of orthogonal matrix transformations. The small system of equations can be solved by the standard
Crank-Nicolson algorithm with very little computational effort. A matrix vector multiplication is then used
to obtain the original solution at desired time steps. The object of this paper is to describe a particular
Rayleigh-Ritz reduction method known as the Arnoldi algorithm. The application of the algorithm to a very
large finite element model which simulates the tracer test at Twin Lakes is presented.

The Arnoldi Algorithm

The Arnoidi algorithm may be simply described from a linear algebraic point of view. Consider the matrix
K~'M. Starting from an initial vector r, the sequence

fCm = {r,K^Mr, (K^M) 2!- , . . . , (K^M)"1"1}

converges to the eigenvector corresponding to the smallest eigenvalue of the eigenvalue problem (K-AM)z =
0. The goal of the Arnoldi algorithm is to form an orthonormal basis for K,m from which approximate
solutions to Equation 2 may be constructed. This is appropriate since it can be shown that it is the smallest
eigenvalues that essentially describe the solution to Equation 2.

The orthonormal set of m basis vectors, the Arnoldi vectors, are the columns of the n x m (m < n) M-
orthogonal matrix Q. One may then form an approximate solution u = Qw, where w is a set of m coefficients
to be determined using Equation 2 which is now written as

The residual vector formed by substituting the approximation u into Equation 5 is made orthogonal to Km

with respect to the matrix M
w + Qw - K- !f) = 0,

where the superscript t denotes the matrix transpose. This leads to the system of m differentia! equations

Hw + w = g (6)
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where g = Q'MK"' f and H is an upper Hessenburg matrix

'/in hi2

H = Q'MK- 'MQ = »32

,m — l "

Equation 6 can be solved using a standard Crank-Nicolson or other algorithm to obtain the time history w(<).
Approximate solutions at desired times or locations are then obtained by a matrix-vector multiplication,
u = Qw. For most contaminant transport problems, relatively few Arnoldi vectors are required to obtain
an extremely good approximation to the solution, i.e., typically m << n.

The algorithm for compiiiing the Arnoldi vectors is basically the Gram-Schmidt orthogonalization process
applied to the vectors in /Cm. Details can be found in Nour-Omid et al (1990) or Woodbury ti al (1990).

Examples

Two examples are presented. The first is one-dimensional while the second is a cross-section of roughly the
same dimensions as the Twin Lakes aquifer. The concentrations computed using the Arnoldi algorithm are
compared to the results computed using Equation 3. Spatial discretization in each example is done using
two-dimensional bilinear isoparametric finite elements (Bathe, 1982). In both cases Dirichlet conditions with
an exponentially decreasing time-dependence are applied at one end of the model. The main purpose of each
model is to show the efficiency of the Arnoldi method, particularly for large Peclet numbers.

Table 1 shows the model parameters for the one-dimensional model. The model consists of 100 two-
dimensional elements in a row with the Dirichlet conditions applied to the right end and Z3ro flow conditions
applied at the left end. The size of the resulting system of equations is n = 200 after boundary conditions '
are applied. Figure 1 shows the pulse at time t = b days. The solution of Equation 2 is the solid line.
Arnoldi solutions (Equation 6) for m = 10 and m = 30 vectors are shown for comparison. It may be seen
that excellent agreement is achieved with only 30 vectors.

The finite element grid for the second model is shown in Figure 2. This grid and the model parameters shown
in Table 2 are chosen to be representative of the Twin Lakes aquifer, although many more nodes would be
required to model the real aquifer considering the small values of dispersivities measured. Time-dependent
Dirichlet boundary conditions are applied to the right end and zero flow conditions are applied to the left
end. The size of the resulting system of equations is n = 2870. This grid size is required to satisfy the
criteria given in Equation 4.

The solution for concentration at time t = 5 days is shown in Figure 3. Defining root mean square (rms)
error S as

where uf and uf are the values of concentration computed by Equations 2 and 6 respectively, a measure
of the effectiveness of the Arnoldi algorithm for this problem may be given. This is shown in Figure 4
where the rms error is plotted versus the number of Arnoldi vectors. For 30 vectors, the two solutions are
practically identical. The maximum error is 0.0019. This is typical of most large problems encountered to
date; relatively few vectors are required to obtain accurate solutions.

An execution time comparison that does not include input and output operations is presented in Table 3. A
comparison of the total execution shows that the Arnoldi algorithm is approximately 2.8 times faster than the
direct solution of Equation 2. More significantly, the solution time for the Arnoidi algorithm, including the
transformation of initial and boundary conditions, time stepping and transformation of the Arnoldi solution,
is roughly 22 times faster than the solution time of Equation 2. Note that once the Arnoldi decomposition
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has been performed, another simulation involving different initial conditions or different time-dependence of
sources or boundary conditions require!) only solution of Equation 6.

Conclusions

The basic theory of the Arnoldi algorithm as applied to the finite element solutions of the contaminant
transport equation has been presented. Two examples were also presented: a one-dimensional problem
and a two-dimensional problem similar in geometry to the Twin Lakes aquifer. Time-dependent Dirichlet
boundary conditions were applied to both models. Although the Peclet numbers of each model were quite
high and required large numbers of nodes to satisfy stability constraints, relatively few Arnoldi vectors were
required to obtain accurate solutions to each problem.

Further work is required to determine the effectiveness of the Arnoldi algorithm when applied to more general
and larger problems.
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TABLE 1

One-Dimensional Model

Number of nodes

Number of elements
Grid spacing Az
Velocity in x direction

Initial condition u(x, 0)
Time step At
Number of time steps
Grid Peclet number Peg

Bulk Peclet number

Parameters

202

100
0.25 m
0.74 m/day

0 kg/m3

0.05 day
100

0.80

125

TABLE 2

Two-Dimensional Model Parameters

Number of nodes
Number of elements

Velocity in x direction
Velocity in y direction
Dispersivity ai
Dispersivity Q J

Initial condition «(x, 0)
Time step At
Number of time steps
Grid Peclet number Pe3

Bulk Peclet number

2911
2800

0.74 m/day
1.40 m/day
0.32 m
0.10 m
0 kg/m3

0.05 day
100

2.25
78
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TABLE 1

One-Dimensional Model

Number of nodes
Number of elements
Grid spacing Ax
Velocity in x direction
Initial condition ti(x, 0)
Time step At
Number of time steps
Grid Peclet number Peg

Bulk Peclet number

Parameters

202

100

0.25 m
0.74 m/day
0 kg/m3

0.05 day
100

0.80
125

TABLE 2

Two-Dimensional Model

Number of nodes
Number of elements

Velocity in x direction
Velocity in y direction
Dispersivity ai

Dispersivity a?
Initial condition u(x, 0)
Time step At

Number of time steps
Grid Peclet number Pe3

Bulk Peclet number

Parameters

2911
2800
0.74 m/day
1.40 m/day
0.32 m
0.10 m
0 kg/m3

0.05 day
100

2.25
78
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TABLE 3

Time Comparison • Two-Dimensional Model

COMPAQ 386/387 (16 Mhz)
Microway© NDP FORTRAN Compiler

Equation 2

Item

Formation of matrices (n=2870)
Matrix factorization

Solution (At = 0.05 days, 100 steps)
Total

Arnold!

Item

Formation of matrices (n=2870)
Matrix factorization
Arnoldi decomposition (m=20)
Transform initial, boundary conditions

Solution (At = 0.05 days, 100 steps)
Transformation u = Qw
Total

rime (s)

73.63
43.57

496.01
613.21

Time (s)

73.63
43.57
80.61
3.13
0.98

18.00
219.22
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Abstract

A natural analog method is used to simulate a discrete heterogeneous
transmissivity field on a dense grid. Simulated values are derived from
digital terrain elevations of the Walker Lake area of Nevada. This method
produces a realistic field exhibiting nested scales of heterogeneity and
continuous large-scale high transmissivity structures similar to those
found in fluvial sedimentary deposits. These features give rise to
preferential flow patterns such as channeling which are known to have a
signifiant effect on tracer spreading.

Steady-state groundwater flow through the field is modeled by
finite-differences and transport of an ideal tracer is modeled by particle
tracking. The tracer residence-time-distribution (RTD) and apparent
longitudinal dispersivity are used to characterize macrodispersive
spreading through the system. The heterogeneous transmissivity and
velocity fields are characterized by geostatistical methods.

A series of numerical tracer tests are used to investigate macrodispersive
spreading. The effects of channeling are pervasive in all experiments.
Tracer RTDs are multimodal and cannot be described using a classical
Fickian transport model. Despite this, the theoretical large-displacement
longitudinal dispersivity is in reasonable agreement with observed values.
Apparent longitudinal dispersivity is found to increase with displacement
distances up to mid-field and then decrease as displacement nears the
downstream constant-head boundary. In the presence of channeling, apparent
dispersivities calculated from the moments of the RTDs are sensitive to
the location and mode, flux-weighted or uniform, of tracer injection.

l Introduction

Solute transport in heterogeneous geological media has
tradionally been modeled by the convection-dispersion equation
(Bear, 1979, chap. 7). However, at the field or macroscopic
scale, dispersive transport is caused by pore fluid velocity
variations induced by conductivity heterogeneity and is not
truly a Fickian process. Indeed, it has been found both
theoretically (Dagan, 1984) and experimentally (Freyberg,
1986) that the apparent dispersion coefficient increases with
solute displacement distance. Other theoretical work (Gelhar
and Axness, 1983; Neuman et al., 1987) has shown that the
dispersion coefficient tends towards a constant value when
displacement distance is large compared to the length scale of
heterogeneity and at that point a Fickian transport model can
be assumed. Field experiments (MacKay et al., 1986) and
numerical simulations (Desbarats, 1990) have shown that a few
isolated large scale heterogeneities within otherwise
statistically homogeneous flow fields cause macrodispersive
spreading of a strongly non-Fickian nature. In view of the
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typically nested structure of heterogeneities of different
length scales (Serra, 1968), it may be difficult to observe
solute transport at displacement distances which are large
compared to all length scales simultaneously and therefore the
theoretical asymptotic Fickian stage may never be attained in
practice.

This paper examines macrodispersive transport in a simulated
heterogeneous aquifer containing such nested scales of hetero-
geneity. A discrete grid of transmissivities is generated
using a natural analog method free of the multivariate
Gaussian artifacts inherent in most statistical simulation
methods (Desbarats and Srivastava, 1990; Isaaks and
Srivastava, 1989) . This is necessary in order to reproduce the
realistic strong spatial continuity of high and low values
that cause preferential channels and barriers to flow (Tsang,
1987; Silliman, 1988; Desbarats, 1987, 1990). Numerical
methods are used to solve the steady-state aquifer flow
equation over the field and particle tracking is to used model
the spreading of an ideal tracer. Macrodispersive spreading in
the medium is characterized by the moments of the particle
residence-time-distribution (RTD) measured across the
downstream boundary of the flow field. A series of numerical
tracer test experiments are performed in order to compare
observed tracer spreading with a Fickian model and to study
the displacement scale dependence of macrodispersivity.
Further tracer experiments explore the effects of tracer
injection mode, either uniform or flux-weighted, and
injection area. Finally, macrodispersive spreading is examined
in more coarsely discretized flow fields where the original
point transmissivities have been locally averaged over grid
blocks.

2 Methodology

The heterogeneous transmissivity field is generated using the
natural analog method described by Desbarats and Srivastava
(1990) and Isaaks and Srivastava (1989). In this approach, the
discrete transmissivity field is derived, in a series of
reproducible steps, from the topographical elevations of a
digital terrain model of the Walker Lake area of Nevada. The
method is used to create a single realization of a
heterogeneous field free of the artifacts of multivariate
Gaussian approaches and exhibiting such realistic features as
nested scales of heterogeneity and spatial continuity of
extreme values. These features give rise to the patterns of
preferential flow where the conventional transport model has
been found to break down and which is of interest here. The
transmissivity field thus obtained is discretized on a nodal
grid 300 x 260 in x and y, respectively and with a grid
spacing of In in both coordinate directions.
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The steady-state aquifer flow equation is solved over the
field using a standard five-point block-centered finite-
difference approach. Constant head boundaries are applied in
the x direction and no-flow boundaries are applied in y.
Average flow is therefore in the x direction under an applied
head gradient of 0.01. The pore fluid velocity field is
derived frcm the head and transmissivity fields assuming
constant formation thickness b and porosity n.

Transport of an ideal tracer through the velocity field is
modeled using the particle-tracking scheme described in
Desbarats (1990). As this is a two-dimensional areal model,
tracer concentrations are integrated values across the aquifer
thickness and vertical transport is therefore not considered.
Particles are injected at the upstream boundary of the flow
field and are tracked until they reach the downstream outlet
plane at which point the travel time is recorded. Travel times
are normalized by the characteristic time t = L/v where the
average velocity v is determined independently by spatial
averaging over the flow field S:

The dimensionless residence-time-distribution (RTD) obtained
by tracking a large number of particles characterizes the
longitudinal spreading of tracer in the system. Two different
tracer injection modes are considered here: Flux-weighted
injection, where particles are injected at an inlet node with
a probability proportional to the flux at that node and
uniform injection, where particles are injected with uniform
probability at all nodes across the inlet boundary of the
field.

Longitudinal macrodispersivity crL = D/v is the formation
property responsible for macrodispersive spreading. Usually,
it is defined as a constitutive variable (Cushman, 1986)
through the convection-dispersion equation:

ox
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In this paper, the validity of (2) is not assumed a-j-riori and
crL is defined operationally .'"rom the moments of the RTD (Kreft
and Zuber, 1978):

a D - L q2g

L" v" 2 ml (3)

where mt and at
2 are the mean and variance of the normalized

RTD, respectively and L is the displacement distance. This
definition applies only to concentration in flux (Kreft and
Zuber, 1978; Parker and Van Genuchten, 1984) with flux-
weighted injection of tracer. Only under these conditions is
the RTD equivalent to the concentration-time curve obtained
from the solution of (2) (Kreft and Zuber, 1978). Also only
under these conditions, the average longitudinal fluid
velocity (1) is equal to the average tracer velocity. For
uniform injection of tracer across the upstream boundary, two
alternate operational definitions for aL are available (Kreft
and Zuber, 1978):

(4)

These relations yield the same values of crL for a tracer test
only if the constitutive equation (2) is valid eind the test
boundary conditions are consistent with those implied in the
derivation of (4) and (5).

Recent theoretical work (Gelhar and Axness, 1983; Neuman et
al.,1987) has shown that for large displacements compared to
conductivity length scales, the longitudinal dispersivity is
given by:
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where oj- and kx are the variance and longitudinal integral
range of log-transmissivity, respectively. These quantities
are estimated from the simulated transmissivity data and are
described in the next section.

3 Transmissivity and Velocity Fields

The heterogeneous transmissivity field is partially
characterized in a geostatistical sense by its histogram and
spatial covariance function. The histogram of
log-transmissivity (Figure 1) is bimodal with a spike of high
values accounting for 9% of the field (Desbarats and
Srivastava, 1990). These values occur in a continuous streak
extending across the central portion of the field. The
variance of log-transmissivity aY

2 is moderate, with a value
of 1.0358. The geometric mean transmissivity is 55.047 m2/d.
The spatial covariance function of log-transmissivity is
plotted as a function of the lag components hx and hy (Figure
2). The spatial covariance is anisotropic with maximum
continuity in the direction N14°W corresponding to the
dominant trend of the high transmissivity zone. Integral
ranges of correlation in the longitudinal and tranverse
directions are kf = 22.3m and X = 17.7m, respectively. Thus,
the field dimensions of 300m in x and 260m in y are equivalent
to 13.44 and 14.69 integral ranges, respectively.

A grey-scale image (Figure 3) shows the velocity magnitude in
each cell of the discretized field. The lighter colored swaths
are high velocity areas corresponding to well connected high-
transmissivity flow paths. Dark areas represent low velocities
associated with low-transmissivity flow barriers. This image
is a dramatic illustration of the preferential flow patterns
which develop at all scales, in the presence of high spatial
continuity of extreme transmissivities. The spatial covariance
structure of velocity magnitude is shown in Figure 4. The
directional anisotropy is more pronounced than in Figure 2
although the principal directions appear the same. The very
persistent spatial correlation in the direction N14°W is a
reflection of the conservation of flux along streamlines and
illustrates the dominant effect of preferential flow channels
on the spatial statistics.
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Figure 3 Velocity field
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4 Results

This section presents the results of a series of numerical
tracer experiments designed to explore the macrodispersive
spreading caused by the complex spatial variations of pore
fluid velocity described above. Unless otherwise specified,
the experimental RTDs are obtained using flux-weighted
injection of 10000 particles along the entire inlet boundary
of the flow field.

The experimental RTDs at displacement distances of 150m and
300m are shown in Figures 5 a) and b), respectively. They are
both clearly bimodal due to the presence of two dominant flow
paths along which particles are preferentially convected.
Using (3), their apparent dispersivities are calculated to be
20.13m and 14.10m, respectively. The concentration-time curves
given by the solution to (2) corresponding to these values,
are shown for comparison with the experimental RTDs. Observed
tracer spreading is thus poorly described by the classical
Fickian transport model. The theoretical large displacement
dispersivity given by (6) is calculated to be 23.1m. Although
different from the experimental values, the agreement is
judged reasonable given the strong departures from conditions
assumed in the derivation of (6).

Figure 6 compares the experimental RTDs observed at the outlet
boundary of the field (x = 300m), for flux-weighted and
uniform injection modes. For flux-weighted injection, the RTD
shows a higher percentage of early arrivals due to the
preferential injection of particles into high velocity
channels. The apparent dispersivity in this case was found
earlier to be 14.10m. For uniform injection, less particles
travel along the high velocity channels and there are more
later arrivals. Using (4) and (5), the two alternate apparent
dispersivities are calculated to be 27.09m and 16.38m,
respectively. These values disagree, not surprisingly since
the constitutive relationship (2) is clearly invalid.

Using (3), the apparent longitudinal dispersivity was
calculated for displacement distances ranging from 5m to 300m.
The results are plotted in Figure 7. Dispersivity shows a
clear dependence on displacement distance, increasing up to
mid-fieId then decreasing slightly. The reasons for this
decrease are not yet understood although it may be caused by
a local decrease in the spatial variability of the velocity
field due to a conditioning effect exerted by the nearby
downstream constant head boundary. The decrease may also be
caused by a break-up of the dominant flow channels near the
downstream boundary simply due to the nature of the
transmissivity field.
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The apparent longitudinal dispersivity was calculated using
(3) for particle injection at each individual node of the
upstream boundary. Particle arrival times were recorded across
the entire downstream boundary as usual. Figure 8 a) shows aL
plotted against the position y of the injection point on the
boundary. Dispersivity is found to vary significantly with
tracer injection point. Highest values are associated with the
dominant flow channel located between y = 52m and y = 90m
which is clearly visible in Figure 3. Apparent longitudinal
dispersivities were also calculated for flux- weighted
injection over selected segments of the inlet boundary.
Results are shown in Table 1. As with point injection,
dispersivities vary considerably depending whether or not the
injection interval contains the dominant flow channel.
Apparent dispersivities were also calculated for sampling
points at each node of the downstream boundary, with particle
injection across the entire upstream boundary (Figure 8 b ) ) .
These values are seen to fluctuate by more than an order of
magnitude and are highest in the channel located in the
south-west corner of the field. Because of the non-additivity
of (3), the average of point-injection or point-sampling
dispersivities is not equal to the overall dispersivity
obtained by injection or sampling across the entire inlet
boundary.

Lateral displacement of tracer particles during their
convection through the field is examined in Figure 9. This
figure shows average lateral displacement (y coordinate of
exit point - y coordinate of injection point) versus injection
point. The largest lateral displacements are associated with
the dominant flow channel. Particles injected to the west of
the point y = 70m are displaced towards lower y values while
particles injected east of that point are displaced towards
higher y. Lateral displacement decreases as injection points
near the no-flow boundaries. The average lateral displacement
over all particles is approximately 15m to the east. Thus,
despite the lateral no-flow boundaries imposed on the flow
field, significant net transverse tracer movement occurs
mainly due to the presence of the high velocity channel.
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Table 1: Dispersivity for selected injection
intervals

Injection Interval
Ay

125 - 135

120 - 140

105 - 155

80 - 180

30 - 230

Dispersivity
aL (m)

1.002

1.082

1.004

6.811

14.437

Table 2: Effect of transmissivity averaging
on dispersivity

Block size
(m)

1 X 1

5 X 5

10 X 10

20 X 20

30 X 26

1.035

0.854

0.766

0.629

0.524

(m)

14.09

11.78

10.77

9.08

8.41

V
(m/s)

0.5557

0.5556

0,5487

0.5331

0.5336
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Figure 9 Average lateral displacement versus injection point

The final experiment considers the effects of transmissivity
field discretization on macrodispersive spreading. The
transmissivities of coarse grid blocks were obtained by
spatial geometric averaging (Desbarats and Dimitrakopoulos,
1990) of the lro x Ira grid transmissivities within. The
corresponding velocity fields were determined and the same
numerical tracer test was repeated for each one. The results
of these tests are summarized in Table 2. Column 2 shows the
variance of the log-transmissivity field, column 3 shows the
apparent longitudinal dispersivity and column 4 shows the
average velocity. Block averaging lowers the variance of the
log-transmissivity field and thereby reduces the apparent
dispersivity. The effect on average velocity is small.

5 Discussion and Conclusions

A natural analog method was used to simulate the
transmissivities of a heterogeneous aquifer. The method
produced a field containing realistic large scale hetero-
geneities characterized by strong spatial continuity of
extreme values. These features give rise to preferential
channels and barriers to groundwater flow which are found to
have an overwhelming effect on solute transport behavior.

The effects of channeling are clearly manifested in the
multimodal form of the tracer residence-time-distributions. A
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simple parametric concentration-time curve derived from a
Fickian transport model cannot represent the observed RTDs and
a single parameter such as dispersivity is insufficient to
characterize macrodispersive spreading in the system. Although
derived here in a operational sense from the moments of the
RTD, macrodispersivity is not related to any predictive model
of solute transport. It is a constitutive variable with no
particular meaning beyond the immediate context of the
experiment from which it is determined.

The impact of high velocity channels on the RTDs and on
calculated macrodispersivities makes it important to
distinguish between flux-weighted and uniform modes of tracer
injection. When RTDs are used to characterize tracer
spreading, flux-weighted tracer injection is the appropriate
mode. The location of tracer injection and sampling points
with respect to the major flow features also has a significant
effect on calculated dispersivities which are found to
fluctuate by more than an order of magnitude. Dispersivities
measured at individual sampling points are generally low and
the RTDs may seem to obey a Fickian behavior. However, when
the individual RTDs are integrated over the entire flow
section, the resultant dispersivity is much higher due to the
extreme travel times associated with channels and barriers.
This phenomenon was also observed by Moltyaner and Killey
(1988) in an actual field tracer test.

Dominant flow features are also responsible for significant
net transverse tracer movement even within the confines of the
lateral no-flow boundaries imposed on the field. The observed
dependence of macrodispersivity on displacement distance
generally confirms previous field and analytical work.
However, the decrease in apparent dispersivity near the
downstream boundary of the field is not yet understood. It may
be due to particularities of the simulated transmissivity
field or it may be due to a conditionning effect exerted by
the constant-head boundary.

The theoretical large displacement longitudinal dispersivity
derived in the literature was reasonably close to experimental
values although the predicted asymptotic Fickian behavior was
not observed even after a displacement distance equivalent to
over 13 times the transmissivity integral range.

The observations made in this study raise considerable doubt
as to the applicability and usefulness of the classical
transport model. Detailed numerical modeling of pure
convective solute transport in realistically modeled aquifers
appears as the only current alternative. The final results
presented in this paper illustrate the important effect of
numerical grid discretization and transmissivity support-scale
on the modeling of macrodispersive spreading. Generally,
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spatial averaging and spatial interpolation reduce the spatial
variability of the discretized transmissivity and velocity
fields thereby artificially reducing macrodispersive solute
spreading. Local pseudo-dispersivities could be introduced
into the numerical transport model in order to account for
this decrease in transmissivity spatial variability.
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Nomenclature

aL: apparent longitudinal dispersivity [L].

jb: formation thickness [L].

c: concentration in flux [M/L3].

D: dispersion coefficient L2/T.

L: longitudinal field dimension [L].

A. x: longitudinal integral range [L].

mt: mean of normalized RTD [ - ].

n: porosity [ - ].

qx: longitudinal component of specific discharge [L2/T].

at
2: variance of normalized RTD [ - ].

ay
2: variance of log-transmissivity [ - ].

t: characteristic time [T].

v: average longitudinal pore fluid velocity [L/T].
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ABSTRACT

With the increase of population and industrialization the problem of pollution
of groundwater, in addition to other forms of pollution such as air pollution,
has become critical. The present study deals with modelling of pollutant
transport (the words contaminant and pollutant are used interchangingly in
this paper, though a contaminant becomes a pollutant only if its
concentration exceeds the acceptable limit) through saturated aquifers. Using
this model it is possible to predict the concentration distribution, spatial
as well as temporal, in the aquifer. The paper also deals with one of the
methods of controlling the pollutant movement namely by pumping wells. A
simulation model is developed to determine the number, location and rate of
pumping of a number of pumping wells near the source of pollution so that the
concentration is within the acceptable limits at the point of interest such as
a city which gets its water supply from groundwater.

INTRODUCTION

The sources of groundwater pollution can be divided into four major groups:
environmental, domestic, industrial and agricultural. All groundwater
contains salts carried in solution, which are added to groundwater by
rainwater, irrigation water, artificial recharge, soluble rock materials,
fertilizers etc. Accidental breaking of sewers and percolation from septic
tank may also increase the pollution. When radioactive waste is deeply
buried, there is a likelihood of groundwater getting contaminated.

There is a large amount of published material in the field of contaminant
transport. Guymon et al. (1970) and Nalluswami et al.(1972) used the finite
element method (FEM) based on the variational principle for the solution of
the dispersion problem in a rectilinear flow field. The method was found to
be applicable to dispersion dominant transport only. Smith et al.(1973)
compared the variational approach with the Galerkin method and concluded that
the latter was more versatile. Pinder (1973) used the Galerkin method to
solve the two-dimensional groundwater flow and dispersion equations in
cartesian coordinates and applied the model to simulate the movement of a
plume of chromium-contaminated groundwater of Long Island, New York. The
scope was, however, limited to non-adsorbent porous media and non-radioactive
inert tracers in a rectilinear flow field. Prakash (1976) solved the equation
for the transport of a radioactive tracer through an adsorbing porous medium
in the cylindrical polar system of coordinates by the Galerkin FEM. Guvansen
and Volker (1981) employed the Galerkin FEM with special provisions to allow
for the moving water table. This method was limited to the small change in
free surface only. Hamilton et al. (1985) selected three representative
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models for field comparison and concluded that the analytical models are easy
to use and very inexpensive to run for uniform flow in homogeneous, infinitely
extensive aquifers. Abriola (1987) has reviewed the work on the modelling of
contaminant transport in saturated groundwater systems. Anderson (1987) has
described the field studies on three-dimensional groundwater systems. David
and Stollenwerk (1987) presented a summary table that references the various
kinds of models studied and their applications in predicting chemical
concentrations in groundwater.

In the present study a model is developed to predict the movement of
contaminant in saturated aquifers. Both 1-D and 2-D flow field for pollutant
movement are considered. The pollution concentration usually gets modified
while moving with groundwater due to the effect of mechanical dispersion,
advection, diffusion, adsorption and radioactive decay. A model is also
developed for control of pollutant movement by suitable location and pumping
of a number of wells.

MATHEMATICAL MODEL

Movement of pollutant in ground water is mainly due to advection and
hydrodynamic dispersion. It is also affected by various chemical reactions
and radioactive decay phenomena during movement. The governing differential
equation for solute transport in saturated homogeneous isotropic porous medium
including the effects of dispersion, adsorption and radioactive decay can be
written as

3 T -i d dC r "I
— nC + (l-n)S - nDij ^ C + X nC + (l-n)S - qC* - 0
dt L J d'X-i 3xj L -J

(1)

in which, C is the concentration of the dispersing mass in liquid phase, i.e.
the mass of solute per unit volume of solution (ML"3);S is the
concentration of the dispersing mass in solid phase, i.e. the mass of solute
adsorbed per unit volume of the porous medium (ML"3); n is the porosity of the
porous medium (L3L"3); Dtj is the hydrodynamic dispersion tensor (L^" 1); \i± is
the component of the Darcy velocity vector in the 1th direction (LT"1) ; X is
the radioactive decay coefficient equal to the reciprocal of the half life
time of the radioactive solute tracer (T""1); q is the volumetric fluid
injection rate of the source fluid per unit volume of the medium (T"1); C* is
the concentration of the source fluid (ML"3) . In the above equation the first
term presents the rate of change of total dissolved and adsorbed mass; the
second term denotes dispersion and advection; the third term is the mass
change due to the decay; and finally the term qC* represents the injection or
withdrawal rate.

For radioactive tracers, the radioactive decay constant, X is inversely
proportional to the half life, th of the particular isotope and is defined by
the relation,

e • - - (2)
2
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in which th is the time required to reduce the concentration of the isotope
by half due to radioactivity alone.

Equation (1) is a single equation in two state variables, C and S. We need an
additional relationship between C and S. Freundlich (1926)has suggested the
following equation,

S - (3)

where k1 and k2 are constants. For k2 equal to one and replacing the constant
kj by more commonly used constant kd, the above equation reduces to

S - kdC (4)

known as the linear equilibrium isotherm, where kd is distribution
coefficient. A comprehensive treatment of adsorption isotherm is presented by
Helfferich (1962), who provides detailed information on many important types
of isotherms in addition to the Freundlich isotherm. Substituting S in
equation (1),
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R is called the coefficient of retardation. It is assumed to be a constant
for a given homogeneous porous medium. The above equation (5) is the general
form of the equation describing the process of solute transport in porous
media.

In the Cartesian coordinate system, equation (5) can be written in an expanded
form for the case of two-dimensional dispersion in two-dimensional flow field
as:
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(6)
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Figure (3) shows the results with adsorption. It is seen that with adsorption
the concentration at any given distance is lesser than that without adsorption
at any time.

In the studies described above the contaminants considered were
non-radioactive. However, there are many pollutants which are radioactive and
also subjected to adsorption. Some of these pollutants are Sr-9O, Br-83 and
Br-84. For the parameters given in Table 2 the results are shown in figure 4.
As seen from the figure, the isotope Sr-90 experiences less decay but Br-84
undergoes increasing radioactive decay. The effect of linear equilibrium
adsorption with kr - 0.375 on the Br-84 isotope in a medium of 20% porosity is
shown in the figure (5)• the substantial reduction in the spatial
distribution of concentration caused by adsorption can be seen the figure.

Table 2: Properties of some radioactive pollutants

Dispersion and Adsorption Radioactive Parameters

Dispersion Coefficient 0.093 cmz/sec Isotope th sec"1

Pore fluid velocity 0,3285 cm/sec Br-84 1.8 min 3.64x10"*
Porosity 0.20 Br-83 2.4 hrs 8.03xl0"5

Distribution Coeff 0.375 Sr-90 28.9 yrs 7.61xlO10

TWO-DIMENSIONAL CASE

For two-dimensional case, a rectangular domain of 305 X 244 m is considered,
which is shown in figure (6). Two grid Peclet numbers 10 and 500 are used,
which are the same as those used by Gureghian et al. (1980). A time step of
five days was chosen to compare the results given by Gureghian et al. The
concentration distribution at time, t-178 days is also computed. The initial
and boundary conditions imposed are:
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A Gaussian line source is located along the left boundary and centered at
(x-0, y-122 m). The results of the analytic, the four-noded FE and the
eight-noded FE solutions for Peclet number 10 and 500 are shown in figure (7)
and (8) respectively. For both Peclet numbers the figures show clearly that
the eight-noded FE solution are much closer to the analytical solution than
the four-noded FE solution.
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The initial condition used for transport equation is given as

C(x,y,O) - Co (x,y)

where Co is the initial concentration in the domain. The boundary conditions
commonly encountered in field applications of contaminant transport models
are:

(a) Dirichlet type (i.e. essential) boundary conditions where the
concentration Co is specified on S1 part of the boundary.

(b) Neumann type (i.e. natural ) boundary conditions where flux is specified
on S2 part of the boundary. Note that the total boundary S is Sx + S2.

SOLUTION METHOD

The above problem is solved both by the Finite element and the Finite
Difference method. A general computer program is developed to predict the
movement of contaminant front in 1-d and 2-D saturated aquifers. The
rectangular FE mesh shown in figure (1) is used for 1-D solute transport
problem. The initial and boundary conditions chosen are

C(x,0) - 0.0 ppm 0 < x < 100 m
C(0,t) - Co - 10.0 ppm t > 0 ; x - 0 m
C(100,t) - 0.0 ppm t > 0 ; x - 100 m

No-transport boundary conditions are imposed along the top and bottom
boundaries, thereby making the solute transport problem 1-D. The
longitudinal flow velocity u, - 0.1 m/day and the longitudinal dispersion
coefficient D^ - 1.0 m2/day are assumed. Figure (2) shows the solute
distribution along x-direction of the mesh, for two different time steps. It
is observed that for given D n, u,, n and R the quadratic polynomial basis
functions give more or less the same solution as analytical solution. This is
because the convective-dispersion equation is of the second order.

It is well known that many pollutants such as phosphorus are adsorbed by the
soil matrix while being transported by groundwater. Mansell et al. (1977)
have determined and given the physical and chemical properties important to
phosphorous transport in soils. Some representative values are given in Table
1.

Table 1: Properties relevant to phosphorous transport in soils.

Physical Properties of soil Other Physical Parameters

Dispersion Coef. 39.36cm2/hr
Pore water vel. 25.00 cm/hr
Porosity 0.46
Distribution coef. 0.23

Sand
Silt
Clay
O.M.

97.0%
1.6%
1.4%
0.0%
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CONTROL OF POLLUTANT MOVEMENT

One of the ways to control movement of pollutants is through pumping wells .
Let us illustrate it by assuming pollution from a refuse dump leakage from
which reaches groundwater table. The natural groundwater flow is assumed to
be towards a drain. The situation is shown in Figure 9. The city shown in
the figure gets its water supply from the groundwater. It is required to see
that the contamination of groundwater near the city is kept within acceptable
limits. One of the methods to achieve this is to have certain number of wells
near the source of pollution and pump them heavily so that the cone of
depression reverses the natural water table gradient and thus prevent the
pollution reaching the groundwater resource near the city. The problem then
would be to determine how many wells are to be used, where to locate them and
at what rate they should be pumped to minimize the cost of pumping subject to
certain management constraints such as the groundwater quality is within
desired range, the water table does not go below a certain level, etc. Thus
the problem can be formulated as an optimization problem. However, this
optimization problem is usually non-linear and hence leads to problems
associated with solution of non-linear optimization problems.

A second method that can be used for management of groundwater quality is the
method of simulation. In this method several configuration of well locations
and rates of pumping are tried and the best among the alternatives tried is
selected. This method is used in the present study. As the effect of rate of
pumping on concentration distribution is obvious it is not reported in the
paper.

A concentration magnitude of 6 x 106 mg/m3 is assumed at the source. A
constant regional groundwater flow with x and y components of velocities, Vx -
0.1 m/day, and Vy - O.Olm/day are assumed. Figure 10 shows the distribution
of concentration because of groundwater flow with no wells. The effect of
locating three wells A,B and C near the source and pumping them on the
distribution of concentration at the end of 120 days is shown in figure 11.
The situation at the end of 270 days is shown in figure 12. If we increase
the number of wells to 5, the distribution of concentration would be different
as shown in figures 13 and 14. It is clear from the figures that the location
of the two wells added, D and E, is not appropriate. The two extra wells
should have been more towards the source of contamination than away frou it.
Thus the rate of pumping, the number of wells and their location are important
in determining the concentration distribution.

SUMMARY

With the increase of population and industrialization the problem of pollution
of groundwater, in addition to other forms of pollution, has become critical.
The present study deals with modelling of pollutant transport through
saturated porous media. Using this model it is possible to predict the
concentration of pollution distribution in aquifers. A simulation model is
also developed to control the movement of pollution. The method involves
determination of the number, location and rate of pumping of a number of
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wells near the source of pollution so that the distribution of concentration
is within acceptable limits at the point of interest such as a city which
gets its water supply from the groundwater.
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AN EFFICIENT FINITE ELEMENT ALGORITHM FOR FREE CONVECTION
IN HIGHLY PERMEABLE LAYERED AQUIFERS

Helmut Daniels and Gerhard Rouve
Institut fur Wasserbau, Aachen University of Technology

Mies-van-der-Rohe-Str. 1, D-5100 Aachen

ABSTRACT
Free Convection is a major reason for temperature losses in thermal energy storage facili-
ties. It leads to mixing of hot and cold fluid and reduces the recovery factor of tempera-
ture in partially filled storage tanks. In this paper an efficient finite element model is
used. It is capable to predict accurately the unsteady flow and temperature field in high-
ly permeable aquifers of industrial size due to free and forced convection. The flow equa-
tion incorporates the nonlinear Forchheimer/Ward friction as well as nonlinearities in
density and viscosity. It is solved decoupled from the transport equation in a backward
finite difference approximation. Cholesky preconditioned conjugated gradients axe used
to solve the pressure Poisson equation. The transport equation contains convection,
diffusion and dispersion as well as a difference between matrix and fluid temperature. It
is solved decoupled from the matrix temperature in a diffusion backward, convection for-
ward finite difference scheme using conjugated gradients with diagonal scaling as a pre-
conditioner to solve the temperature Fourier equation. As the temperature field is upda-
ted first and later the flow field is calculated in each time step, no iteration of the nonli-
nearities is needed as shown in the paper. The application of the model to the Stuttgart
University artificial aquifer for thermal energy storage is presented in some details.

INTRODUCTION

Free convection simulations in porous media have been reported frequently in the litera-
ture (Williams et al., 1986; Doughty/Tsang, 19S5; Doughty et al., 1982; Gartling, 1982;
Reda, 1983; Hickox/Gartling, 1981; Reda, 1986; Me Tigue/Dawson, 1985; Bernard et al.;
1986; Bernard, 1988; Goyeau et al., 1988; Bernard, 1990; Daniels, 1988). However most
researchers have restricted their calculations to small Rayleigh numbera and/or condi-
tions where the Boussinesq equations are sufficient to describe fluid and heat flow. In
this paper we mainly refer to cases of high Rayleigh numbers caused by very high perme-
abilities and/or high temperature gradients.

From the mathematical and numerical point of view high Rayleigh number calculations
are considered to be difficult. From the physical and practical point of view, high Ray-
leigh numbers are observed in many thermal energy storage facilities of industrial size.
Regarding the application of simulation models for thermal energy storage to real world
problems, it is necessary that they can resolve the unsteady free convection of fluid and
heat in high Rayleigh number configurations.

A typical field application with high Rayleigh numbers is presented in this paper. At the
Stuttgart University an artifical aquifer for thermal energy storage was built. Its gross
volume is 1,000 m'. Its shape is a truncated cone with & diameter of 22.0 m at the top
and 15.0 m at the bottom and 4.0 m height. The aquifer is layered into two charging lay-
ers of 0.60 m thickness, which consist of gravel with a uniform grain size of 16/32 mm,
and a storage layer oi 2.50 m thickness between the two charging layers, which contains
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gravel with a grain size of 8/16 mm. The aquifer is operated with temperature differences
between 5 °C and 95 °C. Combined with the tremendous permeability of the gravel, high
Rayleigh numbers cause strong mixing of hot and cold water, as demonstrated hereafter.

The sucessfull validation of the simulation model, which is described in the following sec-
tion, against the measured heat flow and mixing processes can be viewed as both, first a
proof that even for high Rayleigh numbers numerical simulations can predict the physi-
cal phenomena accurately and second a starting point for new numerical procedures.

PHYSICS OF FREE CONVECTION

Free convection is obtained due to nonuniform, unstable density distribution in the do-
main of interest. Free convection does not necessarily occur in the presence of density
differences. If the density gradient is only in the direction and orientation of gravity and
if it is positive, there is a stable layering of density and there is no free convection. If
there are density differences in the direction transvers to the direction of gravity the flow
is unstable and free convetion will occur in order to achieve a stable layering. If the den-
sity gradient is only in the direction of gravity but negative compared to the orientation
of gravity (Rayleigh-Benard problem), this density gradient can be conserved up to a
critical value (critical Rayleigh number of Ra= 4 **). Higher gradients result in free con-
vection. This short summary of free convection phenomena leads to the conclusion that
in most cases of thermal energy storage facilities there is no stable layering.

MATHEMATICAL FORMULATION

The flow of fluid through highly permeable porous media can be described mathematical-
ly by an extension of Darcy's law (see Daniels, 1990):

d [dp
(1)

Here n denotes porosity, p fluid density, Xi are space coordinates, t denotes time, M volu-
me sources and sinks, gi is the vector of gravity, p the physical pressure, p the dynamic
viscosity, Icy the permeability tensor, Vi the pore velocity vector, c the Ward constant of
c = 0.55. In case that the modified Reynolds number for porous media (Harlemann et al.;
1963) is used:

Rk =
M ,1/2

(2)

the dimensionless friction factor f:

f = £-+c

is a measure, whether p can be kept constant (Rk » c) or a "tensorial viscosity"
should be used:
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1/2
(3)

It is important to realize possible simplifications of eq. (1) with respect to nonlinearities.
Gartling and Hickox (1985) showed that it is possible to reduce eq. (1) to an extended
Oberbeck-Boussinesq equation of the form:

8
= M (la)

with kij constant, if a minor error is tolerated in the global results. Though their analysis
was limited to simple flow configurations, the general validity and applicability of eq.
(la) instead of eq. (1) is appropriate for all technical applications which are addressed in
this paper.

The transport of heat in porous media is given by the first law of thermodynamics. By
neglecting entropy generation (Malleus, 1969; Gray/Giorgini, 1976 and Bejan, 1984) and
after volume averaging the transport equation for the fluid phase is:

= W + A . (4)

The variable cp denotes heat capacity of the fluid, T fluid temperature. Ajj is the ther-
mal diffusivity tensor:

mij ' (5)

It is the sum of the thermal conductivity Ab of the fluid/matrix mixture and mechanical
dispersion due to (fast) fluid movement (Scheidegger, 1964; Bear, 1979). A guess for the
fluid/matrix thermal conductivity can be obtained from the geometric mean (Griethe,
1977):

A b ~ fluid (6)

W is a volumetric heat sink and source. The term Aw denotes the exchange between fluid
and matrix phase:

- T ) , (7)

(8)

where £ is an exchange coefficient, which can be estimated as follows (Tautz, 1971):

£«5,5(l-n)-f
ir

for spheres with a radius of R and conductivity Ak. Tk is the average grain temperature.
In Term 3 of eq. (4) eq. (1) was already used to replace the divergence of the velocity
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field by the source term (Q p = M - n p). If the matrix is not continuous but consists of
grains or fibers, it has no specific averagable thermal conductivity but the heat state
equation for the matrix reads:

The index k denotes the matrix.

THE NUMERICAL SOLUTION ALGORITHM

The scope of this section is to present an efficient algorithm for the numerical approxi-
mation of eqs (la) and (4). We have a faible for the finite element method rather than
the finite difference method though the latter may be more efficient to use computatio-
nally. Therefore in this paper the terminology of "efficiency" is restricted only to codes
which employ the finite element method.

The method of weighted residuals ie used to discretize the partial differential equations
(PDEs) (1), (4) and (6) in space. As far as ist is affordable from the numerical point of
view Galerkins method is employed to translate the PDEs into a system of algebraic dif-
ferential equations (ADEs). Where computational prudence requires subdomain or collo-
cation weighting, the Galerlrin principle is relaxed however. After application of Greens
second identity to the diffusion operators the finite element representation of the system
of equations reads:

k..
DP = C ^ g j ( p - p s ) + f (10)

M i = { . - ( D + V + A ) T + A T,
a Oh a a a 8 8 I

5Tt

1c /?t "~* If Ir ^ 1c *

Where the finite element matrices are:

(13)

mm
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(16)

smn smn + smn

<17»

mn ' ' TTTI " * l*r —
e f r J

•» K

(23)

The mass matrices Mk and Ak ars lumped diagonal matrices. The convection matrix Vs
is built with element averaged mean velocities. The boundary vectors f contain the collo-
cation weighted boundary fluxes integrals due to application of Greens second identity.
Furthermore the physical pressure p is replaced by the residual pressure:

P = P + Po gi 34 (24)

and the transport equation is divided by a reference value (n p0 Cn0) which is taken to be
constant in the domain of computation with reference to Gray and Giorgini (1976).

The element velocity vj which is needed in the convection matrix V» can is computed
from the pressure P in each element according to:
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(25)

TIME INTEGRATION

The system of discrete in space continuous in time equations (10) to (12) is discreiized in
a manner which allows

1.
2.
3.

a fully decoupled solution in each time step
a symmetric solution of the transport equation
no iteration of the nonlinearities.

The first task is to decouple (11) and (12). This can be done because Mk and Ak are cho-
sen to be the lumped matrices eq. (21), (22). As Leismann et al. (1988) showed the fully
implicit discretization of eq. (12) leads to a stable and accurate scheme. In this case the
grain temperature in the new time level n+1 can be insulated from eq. (12):

T k + 1 = [Mk + At A k ] - 1 [Mk V + At (fk + Ak T D + 1 ) ]
and T? can be completely eliminated from eq. (11) without any iteration because:

/rpn+1 /pn+lx

K ((Mi + At A
S [ Jt

Lv-1 ML1
k) M k )

(MJ

T j -

1 + At A £ )

f Ag {At (Mj+i.AJ

Tn+1

r̂1 f 1
The flow equation (10) has already been decoupled formally from the transport equation
(11), though p = p(T). However eq. (10) is fully implicit, because there is no compressi-
bility. Therefore p (T ) is required to solve eq. (10) and this can generally be realized
only in an iteration.

The procedure used to decouple flow and transport completely in each time step without
the need to iterate is to solve eq. (11) first for Tn»i (using an explicit or semi-implicit
approach) with the velocities from the old time level in the convection matrix and calcu-
late i(Tn«i) before the implicit residual pressure F is obtained from eq. (10). There is an-
other advantage why TBn should be obtained prior to Pn*i- Sun (1980) found that inter-
nal gravity waves are generated, if free convection simulations in viscous flow are perfor-
med with forward differences in time. If however the temperature field, is updated before
the flow field, the calculations are more stable.

In order that the non iterative solution of the system of equations (10) (11) does not de-
viate far from the true solution T(tn»i), a local error estimate can be approximated by a
first order Taylor series. If T(t) is sufficiently smooth, the local error dn«i turns out to be
cf the order (Daniels, 1990):

d,n+1
Atn+1
ATn

d - dn ,n n—l + O ( A t ) (28)
"n
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If dLi was known a reasonable time step Atn«i could be calculated, for which |dn*i| < e,
a maximum error allowed:

Atn+1 * A tn
1/2

(29)

It is advisable to take dn as a relative error which can be estimated as follows:

N T l ml

n n—l
nmax

1/2

(30)

If the time step is controlled by eq. (29), any iteration procedure is completely
unnecessary to solve the nonlinear problem for the relative local accuracy required.

THE SOLUTION PROCEDURE

Here the numerical solution algorithm is presented in complete detail and discussed in its
most relevant parts.

1) Given At from eq. (29), a solenoidal velocity field vn which satisfies eq. (la) at time
tn and the temperature Tn from the previous time level, solve the semi-implicit diffusion
forward, convection backward scheme:

-1
{Ms + At [D8 + 9 D B T D + k\ (I - [M£ + k\ At]

• At A k]} Tn+1 = {Ms " At [Vs + <* " *> DBT

+ At k\ ]u\ + Aj At]"' [llj T^ + At f j

+ A t f sn + 1

2) Postprocess Tknu from eq. (26)
3) calculate p, ft as functions of Tn+i, yn
4) solve the fully implicit pressure Poisson equation (10) for Pn M

(31)

6
postprocess vn*i from eq. (25)
determine dn, Atn»i
set Tn = Tn»i, vn = vn»i and goto 1

In the beginning of any simulation At0 should be kept small to avoid initial failures of
the algorithm to step forward in time. The representation of the transport equation (11)
has its theoretical background in LeLmann and Frind (1989) where they show by Taylor
series expansions, that it is possible to treat convection completely explicit, diffusion
completely implicit and the balancing tensor diffusivity D
diffusivity of:

BTD with an additional
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either with 0 = 0.5 (second order scheme) or 0 = 1/3 (third order scheme) and arrive at
an unconditionally (0 = 0.5) stable, accurate time integration scheme. A representation
similar to the one given here was previously developed by Gresho et al. (1985 and 1988).
Only Gresho and coworkers considered to put the physical diffusion D, in a Crank-Ni-
cholson weighting, which was found to be less accurate than eq. (31) (Daniels, 1990).

As eq. (31) is a Fourier type equation, which results in a symmetric positive definit ma-
trix, it can conveniently be solved in each time step by diagonally scaled preconditioned
conjugated gradients. The pressure Poisson equation (10) requires by experience either
incomplete Cholesky preconditioned conjugated gradients or regular banded or skyline
type direct solvers. We prefer the conjugated gradient solvers, because they are combi-
ned with a compressed storage scheme (Peters et al.; 1988), which saves a lot of memory
requirement.

VERIFICATION OF THE SIMULATION MODEL

The numerical solution algorithm presented above was subject to intensive verification
before it was used to simulate flow and transport in heat storage tanks of industrial size.

FREE CONVECTION IN A BOUNDARY LAYER REGIME

This example is selected to demonstrate the applicability of the explicit decoupling alg^
rithm for flow and transport. The problem under consideration is a boundary layer regi-
me at a Darcy-Rayleigh number of

0 0

The parameters were:

9 1 -Km2

L = 3.33 m, H = 1.0 m, 6 = 1.0 K, 0Q = 8.4 • IQ~* £ , KQ = 1.391 • 10"° y - ,

|k| = 3.375 • 10"9 m2, vQ = 10™3 7 - , A = 5.813 • 10~2 ^ j f ,

/? • c = 4.18

The resulting flow and temperature fields obtained numerically by the proposed algo-
rithm are shown in fig. 1 and 2. For this Rayleigh number a benchmark from Me Tigue
and Dawson (1985) is available for the steady state solution. In fig. 2b it is compared to
the unsteady solution after 2 • 10s s. The stream functions ¥ shown in fig. 2 were obtai-
ned from the velocities (fig. 3) in a postprocess step by solving the equation:

CT M71 C * = C? u - C? v (33)
u y x

for element values of $ on the grid shown in fig. 4.



I) t = 5 * 10& seconds

II) t = 2 * 108 seconds
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I)

II)

Dfig. 1: Streamfunction development (Ra = 200) (Daniels, 1990)

fig. 2: Temperature development (Ra = 200) (Daniels, 1990)
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fig. 3: Velocity field corresponding to fig. 1 + 2 II

fig. 4: Finite element grid used for boundary layer problem

Besides Ra the following numbers are provided to give an estimate of the problem diffi-
culties:

vm a x(t = oo) = 1.5v m a x

Pemax D
1 C u max

(t = co) = 15000 s

v • At _ n „
2EE

The code required 0.02 seconds of CPU-time per time step on an IBM 3090/600s main-
—25frame. The iterative conjugated gradient solver achieved a weighted accuracy of 10 in

an average.

APPLICATION TO THE STUTTGART ARTIFICIAL AQUIFER

TVi*> rational usi of enersrv and renewable sources is one of the hv the



565

BMFT (Federal Minister of Research and Technology). Heat storage facilities belong to
any development concerning the use of solar energy or other non continuous sources. Be-
sides latent heat storage tanks, which are attractive because of the high energy per unit
volume at constant temperature, simple hot water storage tanks are under consideration,
because water has a high storage capacity, it is completely mobile and not dangerous to
the environment. Seasonal storage tanks require huge volumes and feature another quali-
ty of water, it is extremely cheap.

The Stuttgart artifical aquifer for thermal energy storage (Hahne/Fisch, 1988) is a de-
monstration plant for seasonal heat storage. Though the size of 1.000 m3 gross volume is
relatively small, it serves as a true pilot installation to gather data of field operations
which can be used to understand the physics of flow and transport in the aquifer. Fur-
thermore all the details of operation and use of the aquifer, its performance, the setup
and the maintainance of the monitoring systems are collected and valuable experience is
accumulated for the planning and construction of large scale storage tanks (100,000 m3

to 1,000,000 m3 gross volume).

A vertical cross section of the axisymmetric Stuttgart aquifer is provided in fig. 5. The
earth bassin is located completely in the unsaturated zone above the groundwater. It is
insulated against the soil by a high density polyethylene layer and filled with gravel of
single grain size of 8/16, 16/32 mm. The gravel matrix stabilizes the tank so that no
concrete structures are required as walls or sealings as it would be necesarry with a water
tank. Up to 0.20 m below the top sealing, the tank is flooded with water. Water forms
only part of the storage capacity. The gravel also stores a remarkable amount of heat.
The water however is the transport medium for heat whereas the gravel is immobile. The
installations for the water exchange, which are a horizontal drain at the top and ope-
nings in the central tube at the bottom, are marked in fig. 5. During a charging cycle the
transport medium water is pumped from the bottom of the central tube, heated by solar
collectors or the central heating device of the Stuttgart University and reinjected
through the top drain. The water circuit is closed so that the water table in the tank
does not change. During the discharging cycle hot water is pumped from the top drain,
cooled down in heat exchangers and reinjected at the bottom of the central tube.

The temperature monitoring system installed consists of more than 600 temperature
measuring probes in- and outside of the aquifer (Fisch/Giebe, 1986). All temperatures
are observed automatically once an hour and the most important ones are recorded even
in a 10 minutes cycle. The accuracy of the probes was calibrated to be less than 0.1 °C.

The validation of the numerical algorithm is documented for a 24 hour charging cycle
where the central heating device of the Stuttgart University provided the boundary con-
ditions shown in fig. 6. From initial conditions of 41.7 °C the aquifer was heated up to
the situation shown in fig. 7. Fig. 7. shows one slice of measuring probes in the aquifer.
The locations are indicated by small crosses. The continuous lines correspond to simula-
tion results on a finite element grid shown in fig. 8, where the interior of the aquifer was
discretized into more than 2.500 general quadrilaterals and the exterior into about 500
general triangles.

The relevant material properties for the simulation are given in table 1. The very high
permeability of the aquifer results in strong free convection in the vicinity of the inlet as
can be seen from the velocities (fig. 9). Therefore buoyancy leads to a mixture of hot and
cold water on the one huid and a fast horizontal movement of hot water on the other
hand. This can be validated from the progress lines given in fig. 10 for the measuring lo-
cations indicated in fig. 11.
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The most important result from many simulations which were performed is the identifi-
cation of the free convection strength near the water inlets during the charging cycles.
For the cycle documented here, fig. 12 shows the twodimensional temperature develop-
ment in the aquifer. It can be seen that the hot fluid is subject to a fast horizontal move-
ment while the temperature at the hot water inlet is increasing slowly. Even after 24
hours it is far beyond the temperature of the injected water (fig. 6b). As the computatio-
nal results meet the experimental ones, the simulation model is now used to identify bet-
ter aquifer geometries, inlet arrangements and operation procedures for the Stuttgart
aquifer and for stores in the stage of of planning.
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table 1: Material properties of the Stuttgart aquifer
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fie 5: Vertical cut through the axisymmetric Stuttgart aquifer
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fig. 7: Measured and calculated temperature field after 24 hours
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fig. 8: Finite element grid
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fig. 9: Velocity field 24 hours after start up of charging
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fig. 10: Progress lines of temperature evolution for the field test
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The following numbers provide some informations about the computational effort:

Cu = 2.5 , Pe(Cum a x) = 2.5 , P e ^ = 6 , Cu (Pe m a x ) = 0.2

The weighting factor for the balancing tensor difiusivity w v 1/3. The average C P U -
time requirement wi« about 2,0 seconds per time step on an IBM 3090/60G a mainframe.

CONCLUSION

Free convection in highly permeable gravel aquifers was addressed in this paper. A finite
element algorithm was proposed and verified/validated, which allows completely decou-
pled calculation of flow and two temperature fields in each time step if some stability
and accuracy limits on the time step are observed. Conjugated gradients were used to
solve the systems of linear equations stored in a compressed scheme and global CPU-ti-
me requirements are provided for two of the examples examined. The efficient algorithm
was applied to calculate unsteady free and forced convection in the Stuttgart artifical
aquifer for thermal energy storage. For fine grid calculations as done here, the finite ele-
ment algorithm developed has excellent global efficiency.
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ABSTRACT

A multi—region approach to modeling subsurface flow is presented. In the
approach, the media are assumed to contain n pore-regions at any physical point.
Each region has different pore size and hydrologic parameters. Inter-region
exchange is approximated by a linear transfer process. Based on the mass balance
principle, a system of equations governing the flow and mass exchange in
structured or aggregated soils is derived. This system of equations are coupled
through linear transfer terms representing the interchange among different pore
regions. A numerical MUlti-Region Flow (MURF) model, using the Galerkin finite
element method to facilitate the treatment of local- and field-scale
heterogeneities is developed to solve the system of equations. A sparse matrix
solver is used to solve the resulting matrix equation, which makes the
application of MURF to large field problems feasible in terms of CPU time and
storage limitations. MURF is first verified by applying it to a ponding
infiltration problem over a hill slope, which is a single—region problem and has
been previously simulated by a single—region model. Very good agreement is
obtained between the results from the two different models. The MURF code is
thus partially verified. It is then applied to a two-region fractured medium to
investigate the effects of multi-region approach on the flow field. The results
are comparable to that obtained by other investigators.

INTRODUCTION

The heterogeneities in natural soil systems have been one of the major concerns
in subsurface fluid flow modeling. Whereas field scale heterogeneities have been
implemented in the subsurface flow and transport models by most of the modelers,
the local scale heterogeneities have not received much attention in the modeling
community. Because of the occurrence and extent of macropores in aggregated
soils (Beven and Germann, 1982) or the preferential flow path in structured soil
systems, it has been suggested that both local— and field—scale heterogeneities
must be accounted for hydrological transport processes (Watson and Luxmoore,
1986). This in turn requires data on the local effects of macropores and their
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1986). This in turn requires data on the local effects of macropores and their
spatial distribution, which are responsible for local-scale and field—scale
heterogeneities, respectively.

In their recent studies of natural soil systems (Luxmoore et al.,1990; Jardine
et al., 1990; Wilson et al., 1990), they suggested that the preferential flow
path predominates the subsurface flow processes during rainfall events. The
hydrologically active macroporosities (pores larger than 1 mm diameter, Luxmoore
et al., 1990), which contain a relatively small fraction of soil volume, are
capable of conducting the majority of ponded infiltration. The mesopores (pores
less than 1 mm diameter that are generally drained at field capacity, Luxmoore
et al., 1990) are sufficient to conduct the total infiltration during the
majority of rain events and have a much higher surface area than macropores.
Watson and Luxmoore (1986) reported a 73% of flux being conducted through
macropores and estimated that 96% of the water flux was transmitted through only
0.32% of the soil volume in a proposed disposal site in the Oak Ridge National
Lab, Tennessee. Modeling efforts have been dedicated to account the groundwater
flow processes in a soil system having different pore regions and pore velocities
during water quality studies (van Genuchten and Wierenga, 1976; Skopp et
al.,1981; Jury, 1982). In their study of an aggregated tropical soil, Seyfried
and Rao (1987) concluded that two region model proposed by van Genuchten and
Wierenga (1976) is insufficient to account for the range of pore water velocities
observed. The dispersion caused by the wide range of pore water velocities
suggests the need of multi-region flow and transport models to account for the
preferential flow path mechanism.

The fractured porous media flow model proposed by Duguid and Lee (1977) divides
the media into primary and secondary pores. The primary pores, which constitute
approximately 30% of the volume of the medium, only transport a rather small
portion of water. The secondary pores, which constitute only 1—3% of the volume
of the medium, transport a large portion of the flow through the medium. This
fractured porous media model is essentially similar to a two—region model which
divides the pore regions into two classes, and could be used to compare the
simulation result from the multi-region flow model MURF.

It is the objective of this report to formulate a multi—region flow model and
apply the Galerkin finite element method to solve the system of governing
equations. It is assumed that n different pore—regions exist at any physical
point in the problem domain. Each pore—region has its own hydraulic and soil
properties. A linear transfer term in each of the governing equations is used
to couple the n governing equations for the n different pore regions. The model
is verified by comparinng its simulations with those obtained from a single-
region model (Yeh, 1987a) and a fractured porous media flow model (Duguid and
Abel, 1974).
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THEORETICAL STATEMENTS

The derivation of Darcy's law and the conservation of mass have been described
in detail by Bear(1972). Through the use of (1) the continuity of a fluid. (2)
the continuity of solid, (3) the motion of a fluid (Darcy's law), (4) the
equation of state of a fluid, and (5) the law of consolidation of porous media,
one can derive a combined governing equation for the distribution of pressure
head in porous media (Yeh, 1987a, 1987b). This governing equation, which
considers single-region subsurface flow system, is as follows

FJjl » V[jr(V/j+Vz) ] * q (1)

where F = a'-$- * p'6 + - ^ , a'

« - fluid compressibility (LT2/M)
p - fluid density (M/L3)
g — gravitational acceleration (L/T2)
P - coefficient of consolidation of the medium (LT2/M)
8 - moisture content
n0- effective porosity

dfi/dh - fluid capacity of the medium (IT1)
h - pressure head (L)
t - time (T)
V - del operator (L"1)
K - hydraulic conductivity tensor (L/T)
z - potential head (L)
q - source/sink intensity (T"1)

with the initial condition given as

h » hT (x.y.z) (2)

and the boundary conditions given as

h = hD ix.y.z.t) (3)

for Dirichelet boundary, where hD is the prescribed Dirichelet functional value;

-rf.JCVA = qN (x.y.z, t) (4)

for Neumann boundary, where qv is the prescribed Neumann flux;
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z) - qc (x.y.z.t) <5>

for Cauchy boundary, where qc is the prescribed Cauchy flux;

h - hp (x.y.z.t) (6a)

or

(x.y.z, t)

for variable boundary in precipitation period, where h^ is the allowed ponding
depth and qp is the throughfall of precipitation; and

h = hp (x.y.z.t) (7a)

or

h " hm (x.y.z.t) (7b)

or

-fi-K{Vh+Vz) = <?# [x.y, z, t) (7c)

for variable boundary in evaporation (dry) period, where h^ is the allowed
minimum pressure head at the air—soil interface and ge is the allowed maximum
evaporation rate.

The use of effective porosity implicitly neglects the effect of the regions where
fluid is relatively stagnant in the porous media. In draining processes,
however, these stagnant regions could serve as a storage of fluid which supply
the already drained larger pore regions. A different aquifer response is thus
expectable. Duguid and Lee (1977) estimated the interaction between primary
pores and fractures and had shown a slower response in the two—region case.
Therefore, the consideration of interaction between different pore regions is
necessary.

For a n—region subsurface flow system, we assume that the governing equation for
single region case is applicable to each of the regions in the n—region domain.
The interaction between regions is assumed to be a simple linear transfer
process, which can be represented by a summation term taking into account the
transfer from the other regions to the current region. The appropriate system
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of governing equations is thus

(8)

with the initial condition given as

hi - hn (x,y, z), i'1,2, n (9)

and boundary conditions given as

hi = hDi (x.y, z. t), i=l,2, ,n (10)

for Dirichelet boundary, where hDi is the prescribed Dirichelet functional value
for region i;

{x.y.z.t),

for Neumann boundary, where qHi is the prescribed Neumann flux for region i

-rf-JC^Vhi+Vzj) = qcl (x,y.z,t), i=l,2 ,n

for Cauchy boundary, where qci is the prescribed Cauchy flux for region i;

Ai •= hPl(x,y, z, t), i'1,2, ,n (13a)

or

,y,z, t) , i=1.2 ,n (13b)

for variable boundary in precipitation period, where h^ is the allowed ponding
depth and qpi is the throughfall of precipitation for region i; and

hi = hPl(x,y, z, t) , i=l,2, ,n (14a)
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or

ht =» hmi(x,y.z,t), i-l,2, n

or

,y,z, t), i=i,2

for variable boundary in evaporation period, where fc^ is the allowed minimum
pressure head at the air—soil interface and qmi is the allowed maximum
evaporation rate for region i.

This system of equations is thus used to describe the fluid flow in a multi-
region subsurface flow system.

IMPLEMENTATION OF GALERKIN FINITE ELEMENT METHOD

To apply finite element method (FEM) to the system of equations Eq.(8), we first
subdivide the problem domain into M elements, which are interconnected by N
nodes.

A systematic way of applying finite element method is to construct element
matrices and then assembly over the entire domain, by which we can establish the
global mass matrix. To use this approach, we define the approximated pressure
head in element e and region i as

for quadrilateral element, or

for a triangular element in region i, where B± is the basis function for node I,
and h^ is the pressure head at node 2 in region i.
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Using this approach and for the governing equation for pore region i, we can
define the residue as

i'i

Substitute Eq.(15) into (17) and set the weighted residue to zero by using the
weighting function

W2 . B2 (18)

we have

2=1 4

Eq.(19) can be written in matrix form as,

• T li • [17]

(20)

where [dh/dc )^ and (hĵ - are the column vectors containing the values of dh^/dc
and hi , respectively; [M]£ is the mass matrix of pore region i resulting from
the storage terms; [S]i is the stiffness matrix of pore region i from the
integration of conductivity term; and [G]} , [Q)i , [h]i , are the load vectors
from gravity force, internal source/sink, and boundary conditions for pore region
i, respectively. Because of the interchange terms in Eq.(8), exchange
coefficient matrices [E]^ results.

By repeating the above procedures to each of the pore regions, a set of
(Nxn)x(Nxn) algebra equations results. The subsystem of the linearized equations
describing subsurface flow in region i is essentially the same as that of a
single region flow system, except that an exchange term in multi—region model is
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used to represent the exchanges among different regions. Implicit time
integration of Eq.(20) would result in a very sparse matrix equation. Direct
banded matrix solver in this case will require a huge amount of computer storage
and CPU time. A sparse matrix solver MA28 (Duff, 1980) is thus introduced into
the model to alleviate the problem of CPU memory and time. Although the use of
sparse matrix solvers increases the coding efforts and the program size, it
allows the applications of MURF to realistic problems involving complicated
ciomains and several pore regions.

MODEL VERIFICATION

(1) ponding infiltration

A hillslope ponding-infiltration problem, which is a single—region problem
(Fig.l), is first simulated to partially verify the model and also justify che
use of the sparse matrix solver MA28. The soil properties used in the simulation
are given in Fig.2 and material properties in Table 1. The boundary conditions

Table 1. material properties for the ponding—infiltration problem

p - 1 . 0 g/cm3

g - 980.6 cm/s2

a - 0.0
P - 0.0
n9 - 0.3

Ksx - O.437xlO"2 cm/s
Ksz - 0.437xl0"2 cm/s

Ksxz - 0 . 0 cm/s

where Ksx - saturated conductivity in x direction
Ksz - saturated conductivity in z direction
ksxz - saturated conductivity in x-z direction

are given in Table 2. The pressure head in the entire problem domain is assumed
to be zero at time t - 0. This problem involved the seepage of water from a pond
into the underlying aquifer and the stream downslope of the hill. This pond
provides the source of water which drains into the aquifer and thus seepage into
the stream. The water from rainfall in this problem is considered to be
relatively small compared to the seepage from the pond. This example typifies
a class of problems involving leaching of waste water from storage lagoons. The
result of simulation (Fig. 3) is compared to that by FEMWATER. Due to the
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different matrix solver used in MURF, the simulated result has a slight
difference (less than 0.5%) from that of FEMWATER, which is not shown here.
Because a full pivoting in the sparse matrix solver MA28 is used, the result of
MURF is believed to be more accurate than that of FEMWATER.

Table 2. boundary conditions for ponding infiltration problem

(1) F-G", variable boundary with

h£ - 0.0 cm for t2 0

hs - -15000.0 cm for tz 0

qz and qe — 0.0 cm3/s/cm2 for ti 0

(2) G-H-I*, Dirichelet boundary with

hD - 650.0 cm for ta 0

(3) D-E*, Cauchy boundary with

qc - 4.0xl0"4 cm3 /s/cm2

*see Fig. 1

(2) step drawdown

In their numerical model for flow in fractured porous media, Duguid and Abel
(1974) proposed a system of equations to describe the subsurface flow in
fractured porous media with two different pore regions,

' H / f | £ , -q.-Q (21a)

X - Kj>h2 - g2 - 0 (21b)

An exchange term F is also incorporated in their equations to represent: the
exchange process between different pore regions. Because the computer program
of Duguid and Abel is not available to us, we mimic Duguid and Abel's model using
a slightly modified MURF, in which the cross storage terms are included.



584

For the step drawdown problem a fractured porous aquifer is assumed to be
intersected by a surface stream (Fig.4). The aquifer is initially in equilibrium
with the stream, that is, the initial condition is

ht(x,y) ' 0, i=l,2 (22)

At time t — 0, the stream level is assumed to drop instantaneously by 30 ft. The
aquifer is confined by an impermeable aquiclurie above and is semi-confined by an

- / , • • / / ' / / ' / . '

FRACTURED aOROUS LEflKY

Fig 4 problem domain for step draw down problem

aquitard below. The leakage along the contact between the aquifer and the
aquitard is assumed to occur in both the fractures and the primary pores and
takes the form of a Neumann boundary condition. The material properties used in
these simulations are given in Table 3.

Instead of using transient exchange coefficients described by Duguid and Abel
(1974), a steady-state exchange coefficient is used for the problem, which is as
following,

(23)
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Table 3. material properties for step draw down problem

c - 1.6xlO"3 ft P - 2.5xlO"8 ft2/lb
1 - 1.0 ft \i - 2.74xlO"5 lb-s/ft2

d - 40.0 ft p - 1.94 Ib-s2/ft2

Kx - 0.34xl0"
7 ft/s 8, - 0.29

Ki - 0.63xl0"9 ft/s e( - 0.25
Kxx - 0.10x10"* ft/s 8, - 0.005
Kzz - 0.91xl0"5 ft/s d{ - 0.0025

Kzz' - O.62xlO"7 ft/s d' - 100 ft

where c - half spacing of parallel plates in the fractures
1 - characteristic half length of a primary block
d — thickness of the fractured aquifer

d' — thickness of the underlying aquitard
Kj — hydraulic conductivity of the primary pores of the

fractured aquifer
Kj/ - hydraulic conductivity of the primary pores of the

underlying aquitard
Kxx — hydraulic conductivity of the fractures in x

direction in the fractured aquifer
Kzz - hydraulic conductivity of the fractures in z

direction in the fractured aquifer
Kzz' - hydraulic conductivity of the fractures in z

direction in the underlying aquitard
li - water viscosity
Bj - moisture content of the primary pores in the

fractured aquifer
6{ - moisture content of the primary pores in the

underlying aquitard
62 - moisture content of the fractures in the fractured

aquifer
82 — moisture content of the fractures in the underlying

aquitard

The exchange term in Eqs. (21a) and (21b) thus becomes

The boundary conditions for the problem are listed as following,

at x - 0,
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at

at

at

X

z

2

hi - -15

h2 - -15

hi - 0 ft

ft

ft

h2 - 0 ft

- 40 ft,

• * * * * . -

- 0 ft,

0

0,

for t i 0 (25)

for t i 0 (26)

for tiO (27)

for

The total pressure head is assumed to be the sum of h2 and h2.

To compare the single region and multi-region results, the same problem is also
simulated using FEMWATER (Yeh, 1987a). The material and soil properties used in
the single region simulation are

Kxx - 0 >xir* ft/s
Kzz - .91x10 3 ft/s
Kzz' - O.62xlO'7 ft/s
6 - 0.005

P - 2.5OxlO"8 ft2/lb
ji - 2.74xlO"s lb-s/ft2

p - 1.94 Ib-s2/ft2

9' - 0.0025

where Kzz' and 8' are conductivity and moisture content in the aquitard,
respectively.

The fractured leaky aquifer is assumed to constitute only the fractures in the
single region simulation with initial condition given as

h(x,y) - 0 ft

and boundary conditions given as

(29)
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at x - 0,

hD - -30 ft for t z 0 (30)

at x - » ,

hD - 0 ft for t a 0 (31)

at z - 40 ft,

at z - 0 ft,

The solutions for incremental total pressure at a point 30 ft from the outflow
surface are shown in Fig.5. The total pressure for the single—region flow
reaches minimum pressure much more rapid as compared to those of fractured porous
media and multi-region models. The rapid response of single region model is
mainly due to the neglecting of storage effect in the smaller pores or primary
pores in this problem. The model of Duguid and Abel (1974), in which the storage
effect of one region on the other is explicitly given by the cross storage terms
in the governing equations, gives the slowest response behavior. The break—up
of total pressure head to pressure head in primary pores and fractures is shown
in Fig.6 for the simulation using MURF. The fractures response firstly for the
negative pressure change at the outflow position because of the higher
conductivity in the fractures. The negative pressure head in the fractures thus
create a pressure gradient to force the transfer of water from the primary pores
to the fractures. Because of the lower permeability in the primary pores, this
pore region responses slower than the fractures but eventually reaches the
pressure head value in the fractures.

CONCLUSION

The multi-region flow model MURF is first used to simulate a single region
ponding infiltration problem. Because of the different matrix solvers used in
models FEMWATER and MURF, the results of simulations have a slight difference,
which is considered negligible. This partially verifies the multi—region model
and justifies the incorporation of the sparse matrix solver MA28. For a step
drawdown in the outflow position of the fractured porous media the fractures
response aheed the primary pores because conductivity of the former is higher
than the later. The negative pressure head in the fractures creates a pressure
gradient between the fracture and the primary pores. Water thus moves from the
primary pores to the fractures. Physically, the primary pores serve as a storage
for water flowing out of aquifers via the fractures. A single-region model
simply neglects this storage effect due to the exchange of water between
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fractures and primary pores. This in turn causes the much more rapid response
of the aquifer. The explicit consideration of storage effect of one region on
the other in the governing equations for fractured porous media by Duguid and
Abel (1974) gives the slowest response in the simulations. The multi—region flow
model MURF gives a response comparatively close but more rapid than that from the
model by Duguid and Abel (1974).
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ABSTRACT

Stochastic particle tracking methods are well adapted to 3D transport simulations where
discretisation requirements of other methods usually cannot be satisfied. They do need a very
accurate approximation of the velocity field. The described code is based on the mixed hybrid
finite element method (MHFEM) to calculate the piezometric and velocity field. The random-walk
method is used to simulate mass transport. The main advantages of the MHFEM over FD or FE
are the simultaneous calculation of pression and velocities which are considered as unknowns,
the possibility to interpolate the velocities everywhere, and the continuity of the normal
component of the velocity vector from one element to another. For these reasons, the ^'IHFEM is
well adapted for particle tracking methods. After a general description of the numerical metnods,
the model is used to simulate the observations made during the Twin Lake Tracer Test in 19R3. A
good match is found between observed and simulated heads and concentrations.

INTRODUCTION

If numerical dispersion is a well known problem in mass transport in porous media sinr lation,
adequate velocity calculations have not been studied in detail. Almost all codes calculate first the
heads and then the velocities by derivating the heads. This evaluation of the flow field is not very
accurate because of the approximations made on the heads due to the space discretization and the
used numerical techniques. On the other hand, stochastic particle tracking methods as random-
walk (RW) used to simulate contaminant transport need the derivatives of the velocities. For this
purpose, classical finite difference or finite element methods may not be accurate enough to
calculate the flow field, especially in the neighbourhood of singularities as wells. The mixed
hybrid finite element method (MHFEM) allows the simultaneous calculation of the piezometric
head and velocity field. The 3D numerical flow (MHFEM) and transport model (RW)
MARCHAL is used to simulate the Twin Lake tracer test performed in 1983. Only the mass of
each particle has been calibrated.

THE FLOW MODEL

The 3D movement of a non compressible homogeneous fluid in a non compressible porous
media is described by the equation :

(1)

where c is the specific storage of the material, h the water pressure, K the hydraulic conductivity
tensor and f the source/sink term. The basic idea of the MHFEM is to calculate simultaneously
the pressure and the velocity fields over the modelled domain.
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This area is discretized in parallelepipedic elements, each element E having following properties
(Raviart & Thomas, 1977):

(a) VCJE is constant over E, qg is the velocity;
(b) for i=l,...,6, q.njj: is constant over the side Aj of E, n^ being the un'i exterior

normal vector of the side Aj ;
(c) q£ is completely determined by the knowledge of the fluxes Qi through each

side Aj by equation :

where WJ are basis functions defined by :

where 8jj is the Kronecker delta.
The mixed hybrid approximation consists in calculating simultaneously the pressure P and the
velocity fields. Over each element E, we approximate the pressure by PE, the mean pressure in E,
and TPE^, the mean pressure on each side A E y The velocity is approximated by QEti, the fluxes
on each side of the element E and the velocity can be calculated everywhere using equation (2).
The 13 unknowns PE, TPE4 and QE4 must satisfy following equations :

(a) for each internal side A, we must have continuity in pressure and fluxes, that means :

TPE-,1 = T P E J and QE\J + Q E j = 0 (4)

(b) P and q are related by Darcy's law :

q = - KVP (5)

By writing (1) and (5) in a variational formulation using WJ defined by (3) as basis functions and
taking into account continuity in pressure and fluxes between two adjacent elements, the system
of equations can be solved using T P E i as main unknowns (Chavent & Jaffre, 1987,
Kaasschieter, 1990, Mose et al.. 1990).
Comparisons between MHFEM and finite difference (FD) have been done on a modelled domain
with two prescribed head boundaries (North and South) and two impervious boundaries (East
and West) and uniform permeability. A pumping well is located at 41m, 31m. Flowpaths
calculated by both methods on an irregular grid are shown in figure la and lb. The velocity of
the moving particle describing the path is interpolated using equation (3) for the MHFEM and
bilinear interpolation for the FD as given in Goode (1990). The flow paths are very similar to
those obtained by the analytical solution. Even if the flow paths are well described, the travel time
distribution in the neighborhood of the well is quite different from the one obtained by the
analytical solution particularly near the stagnation point. Figure 2a and 2b show the relative error
(travel time calculated analytically minus travel time calculated numerically over travel time
calculated analytically) distribution. A quite better approximation is obtained by the MHFEM.
The price to pay for that is the increase of die number of unknowns (one per side of each
parallelepipedic element) over FD (one per element). More detailed comparaisons between
» -rrr^x, __j T7i-> „, «„;,„ »i»mf»nt mpthnH are eiven in Mos£ C19901.
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FIG 2b: Relative error in travel time distribution calculated by MHFEM.
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The main advantage of this method is that the velocity field is calculated without derivating the
pressure field and that the normal componant are continuous from one element to the other. In
case of a heterogeneous porous medium, there is no smoothing of the velocity due to
interpolation techniques as it has been shown by Goode (1990) for finite difference and there are
no problems at element boundaries as it appears for finite element techniques.

THE MASS TRANSPORT MODEL

The mass transport in porous media may be described by a macroscopic driving force, advection,
on which some random fluctuations are added. The random fluctuations are due to the velocity
variations around the average velocity in correlation with permeability variations of the porous
matrix observed at a macroscopic scale. The theory of stochastic differential equations treats these
fluctuation!; in a certain mathematical idealization.
Let us consider a variable X which changes during time t. We choose a discrete set of times tj
with constant time step At. The impact of the driving force and the fluctuating forces can be
described by:

AX(ti) = u(X(ti-i)),At + Z(ti) (6)

where AX(tj) = X(ti) - X(tj-i), u is the average velocity and Z(ti) the random fluctuations. We
assume that the average of Z, < Z(ti) > = 0. Otherwise, Z would contain a part which acts in a
coherent fashion and could be added to the driving force.
We assume that the fluctuations at different time tj and tj are uncorrelated. Therefore, we may
postulate:

<Z(ti).Z(tj)> = 5ijM.At (7)

where Sy is the Kronecker delta at time tj, tj which expresses the statistical independance of Z at
time tj and tj, and M a measure for the size of the fluctuations and equal to 2.D, D being the
dispersion coefficient. In a non-uniform flow field, an important question arises concerning at
which time the variable X in D must be taken (e.g. Gardiner, 1983). After Ito's definition, D =
D(X(tj_i)) that means that D at time tiand X(tj-i) are uncorrelated. On the other hand,
Stratonovitch's definition gives D = D(X([tj + ti-iJ/2)) which is more close to the reality,
fluctuations go on all the time. The Stratonovitch scheme is difficult to compute, so that the Ito
scheme is quite widely used. The stochastic differential equation is then the following:

X(tj) = X(tM) + u(X(ti.!))At + zV2 D(X(tM ))At ( 8 )

It has been shown that this equation is equivalent to the Fokker-Planck equation (e.g. Gardiner,
1983):

' *"* • /r%r\ i —1 0 "̂  i— 1 0 ^

(9)

To be equivalent to the transport equation, a term has to be added to the driving force (Ackerer &
Kinzelbach, 1985 ; Ackerer 19987 ; Uffink 1987, 1990). For a coordinate system with its x axis
parallel to the velocity, the equivalent stochastic differential equations to the 3D convection-
dispersion equation are the following:
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y(ti) = y(tj.i)

Z ^ ^ Z ^ . ^ - H " ' ^ ' • • 1 / < At

where x,y,z are the coordinates of the particle at time tj, u tine average pore velocity, D L and D j
the longitudinal and transverse dispersion coefficients, At the time step and zi, Z2, Z3 random
numbers with a normal distribution with 0 mean and standard deviation equal to 1.
The simulation consists in injecting many particles and make them jump following equations
(10). Concentrations are calculated by counting particles in a volume, each particle having a given
mass related to the number of injected particles and the mass flux of the pollutant source.
The main advantage of this method is that it is free of numerical dispersion, mass conservative
and the two moments of the particle distribution (i. e. the mean velocity and the apparent
dispersion of the tracer cloud) are very easy to calculate. For solute transport in 3D, it is often the
way of last resort at large scale (Kinzelbach, 1987). This method is very nice to compute. It does
not require area discretization and there is no system of equations to solve i.e. you do not need
computer with large memory. Stochastic particle tracking techniques show fluctuations in
concentration due to the random process. It is possible to smooth the results by increasing the
number of particles. The fluctuations are proportional to the square root of the number of
particles in a given volume so that increasing the number of particles does not bring a
proportional improvement in the precision of the results. Therefore, at reasonable computational
effort, parameter sensitivity cannot be performed for low sensitive parameters.
The same presentation of the flow and transport model is also given in Ackerer etal. (1990).

SIMULATION OF THE TWIN LAKE TRACER TEST

Detailed descriptions of the the Twin Lake Tracer tests are given in e.g. Killey and Moltyaner
(1988).The location of the piezometers, multilevel samplers and dry access tube, the piezometric
head distribution and the evolution of concentration in space and time come from the Twin Lakes
Database.
In order to have detailed head boundaries for the flow model, the modelled area has been limited

at 5m from the injection well to 30m from the injection well. This limitation is due to the
insufficent head values around the injection well available in the database. The grid has also been
rotated so that its main axis is parallel to the axis of flow given in Killey and Moltyaner (1988).
The modelled area is a parallelepiped of 25 m in the length, 8m in the width and 9,50m in the
height. The lower left corner of the grid is located at 30m west and 8m south from the injection
well and at 142,0 m depth. Each element of the grid has following dimensions : Ax =lm,
Ay=lm, Az=0,5m. The hydraulic conductivity distribution used in the model is the one given in
Killey and Moltyaner. The head is prescribed at the west and east boundaries the north and south
boundaries are supposed to be zero flux boundaries. No calibration has been performed to
simulate the head. The average of the absolute values in head differences between measurement
and simulation is equal to 4,6 cm and the standard deviation to 4,3 cm for 197 measurement
points.
15000 particles have been used to simulate the tracer transport. Longitudinal and transverse
dispersivity coefficients used for the simulation are mean values of dispersivities calculated by
Moltyaner and Killey (1988a, 1988b), i.e. CCL = 6cm, ax=0,lcm. Upstream boundary
conditions are the measured concentrations over time and. space at 5m from the injection well.
This boundary may be more accurate than the concentration in the well because of its unknown
distribution in space around the well. The travel time from the injection well to the boundary is
supposed to be equal to 2.5 days. Figure 3 shows the comparison between measured (solid line)
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and simulated (dashed line) concentrations along the axis of flow going through the injection
well. A good match between measurement and simulation is also achieved on each part of this
flow axis (Fig. 4 ). The differences in the peak arrival time at depth 145,0m is constant over the
path line. It is not due to permeability variations which are not taken into account but probably to
a different peak arrival time at the upstream boundary which varies from 1,83 to 4,08 days
(Killey and Moltyaner, 1988). Some important discrepancy appears at the tracer plume boundary.
To perform this simulation, the mass of each particle was the only fitted parameter.

CONCLUSIONS

In groundwater transport contamination modelling, special care has to be given on the flow field
calculation. MHFEM is an accurate numerical method for flow field calculation. Even if flow
paths are well described, errors in velocity magnitude can be underlined by travel time
computations.
With accurate numerical techniques, 3D flow and transport simulation are feasible without having
recourse to supercomputers. The simulation of the Twin Lake tracer test were made on 386 PC /
25 MHz and on a supercomputer IBM 390/VF. The whole simulation (flow and transport) needs
about 5 hours computation time on the PC in extended mode and 4 minutes on the IBM. The total
number of unknowns is equal to 12227 and the number of injected particles equal to 15000. The
mass transport were performed in 35 time steps.
The accurate data interpretation of the Twin Lake tracer test (1983) leads to sufficient information
over the hydraulic conductivity distribution, the ratio between vertical and horizontal
permeability, the longitudinal and transverse dispersivity and the porosity to perform satisfactory
simulation. However, more informations about the validity of the data set and the model may be
given by the simulations of the tests made in 1982 and 1987.
The Twin Lake aquifer may be defined as a more or less homogeneous aquifer with some well
defined layers of finite length. In more heterogeneous porous media, the space discretization has
to be adapted to the size of the heterogeneity in order to perform a accurate simulation of the flow
field. The magnitude of the dispersivity used in simulations is related to the space discretization
and to the knowledge of the permeability distribution."Numerical tracer tests" made with very
accurate numerical models may be considered as a usefull tool to improve our understanding in
space discretization related to spatial variability of ths hydraulic conductivity and
porosity. Although the spatial variability of porosity is less than the variability of permeability, it
may be taken into account because of its important rule in lateral mixing between layers.
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ABSTRACT

In the recent years sand and gravel pits were filled up with domestic
waste. This kind of disposals are not sealed and watersoluble substances
are dissolved by rainfall and infiltrate to the groundwater, whereby the
quality of groundwater, needed for drinking and industrial purposes, is
endangered.

In this paper a groundwater quality model is presented to predict future
pollution trends on a regional scale. The quality model is based on a
groundwater hydraulics model and solves the basic advection-dispersion
equation for chemical constituents in multilayered aquifers. The model was
calibrated and tested for an area containing 25 landfill sites and a com-
plex geological structure. The results show the demand and the expendi-
ture, necessary for this investigations.

INTRODUCTION

Different substances leave landfills and hazardous waste deposits and
intrude into the groundwater. The emission of contaminants from all known
and still unknown sources cannot be stopped within the next, years. If the
groundwater itself cannot be protected effectively against further pollu-
tion, the investigations must be focused on the future trend and the wa-
ter quality of pumping wells.

In the recent years a lot of mathematical models were developed to de-
scribe the transport of dissolved substances in groundwater (Pinder, 1973;
Konikow & Bredehoeft, 1978; Prickett et al., 1981; Barovic & Boochs, 1981;
Frind & Matanga, 1985). The choise of the appropriate type of model de-
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pends on the problem. The simplest model type is the mixing cell model,
which deals with spatial averages of the variables (Gelhar & Wilson, 1*774;
Mercado, 1976; Rao et al., 1989). This model is most suited to groundwater
quality problems in which contaminant sources are widely distributed
throughout the aquifer and for which the conditions in the outflow from an
aquifer are of concern.

A multi mixing cell model was developed (Boochs & Mull, 1990) to estimate
the degree of contamination in aquifers (observation wells) and pumping
wells. The model was calibrated and tested for an area containing 25 land-
fill sites. A complex geological system was chosen to show the possibili-
ties and the limits of the effort to estimate the risks for the groundwa-
ter, which result from pollutants leaving landfills and hazardous waste
deposits. The results show the demand and the expenditure, necessary for
this investigations.

THEORY

The mathematical basis for describing the migration of pollutants in
groundwater is given by two balance equations

- mass balance

- water balace

Refering to Fig. 1 the change of
the concentration of chemical con-
stituents within an unit volume is:

Fig. 1 Unit volume for water
and mass balance

4 t
( 1 )

where: V - volume of water

Qm - flux into the volume
Qout - flux out of the volume

c - mass concentration within the volume
cm - mass concentration of the inflow
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J - mass exchange due to diffusion and dispersion
a V c - biochemical degradation or decay

a - decay constant

The change of the water volume can be calculated from:

* V

At ' l

where: Qi - flux of water from adjacent elements
Qf - flux of water to adjacent elements
Qn - groundwater recharche from rainfall,

infiltration of surface water or
leakage from other aquifers

In the steady state case, the change of the water volume is zero:

A V

— = 0 which gives: ^7Qi = X Q 1 + Q"
A t i i

respectivly: zlQ*"1 "2.0* + Q°
i.

The inflow of mass by advection to the considered element is:

, +

c
where: Cn - concentration of mass in rainfall water

or other sources

Inserting equation ( 4 ) and ( 5 ) into equation ( 1 ) leads to:

A C

V — = 2 1 Ql- Ci + Qn-Cn - ( X Q J + Qn " * V ) - C + ^Ijl ( 6 )
A t C L '"

Presuming a steady state flow of ma&s and neglecting the term of diffu-
sion and dispersion, this means:
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A C

— = 0 and Z<Ji = 0 ( 7 )
At

we got the well known equation of mixing:

c =

In the generall, non steady state case we have:

ct + i = c
l + — |2lQj-C* + QnCn - (ZQi + fc= " a'V)-CJ +

where ct + 1 indicates the concentration at the time t = t + A t ; cl gives
the concentration of the previous timestep.

The water flux Q is given by Darcy's law,

Q = A-kf-grad h ( 10 )

the mass flow J corresponding to diffusion and dispersion by the first
Fickian law:

J = A-Ds-grad c ( 11 )

where: A - cross section
kf- permeability
h - piezometric head
Di- diffusion-dispersion coefficient

The solution of equation ( 9 ) presumes a division of the investigation
area into volume elements. The simplest case is to use a rectangular grid.
But a limitation results from a phenomenon called grid-orientation effect,
depending on wether the major velocity vectors are parallel to one of the
coordinate directions or wether they are diagonally oriented. To diminish
this problem a regular or irregular polygonal grid can be used (McHeal,
1953; Tyson & Weber, 1976). Using curvilinear coordinates the grid-orien-
tation effect is eliminated completely.
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Another limitation is given by the lenght of the time step. It has to be
guarantied that the outflow from a cell during one time step will be less
than the volume of water stored in the cell at the beginning of the time
step. If this criteria is not full filled, the solution tends to oscillate.

INVESTIGATION AREA

The area of investigation is located in the south east of Hamburg, (Fig. 2)
The size is about 20 km2. This area was choosen because in the recent
years a lot of sand and gravel deposits were exploitated and the pits were
filled up with rubbish and domestic waste. Altogether there are more than
25 landfills. The basement of most of these is located within the ground-
water. Different substances are dissolved and spread out into the aquifer.

The geological structure of the area is rather complicated. Fig. 3 gives
the geological profile from south west to north east. Two geological for-
mations can be identified: Quartar and Tertiar. Althought the sediments of
the Quartar and the Tertiar actual include more than one groundwater lay-
er, they roughly can be examinated as an upper and a lower aquifer. In
some parts both aquifers are connected through Pleistozan channels.

This can be seen from the piezometric contour maps (Fig. 4 and Fig. 5). In
the upper aquifer there are two zones of draw down at the surrounding of
the pumping wells Br. 9 and Br. 7. The wells however are located in the
deeper aquifer, where the groundwater flow is nearly uniform. The explana-
tion is, that in this region there is a good hydraulic contact between
both layers and a considerable vertical flow from the upper to the lower
aquifer exists.

All landfill sites are located in the upper aquifer and parts of them were
flown through by groundwater. Different substances are dissolved and
spread out in the aquifer. In the recent 5 years 55 observation wells were
drilled to measure the groundwater quality. 44 are located in the upper
and 10 in the lower aquifer. Samples were taken every year and a complete
chemical analyses were carried out. In the first step chloride was selec-
ted as an indicator of general water quality and it was tried to find out
the existing spatial distribution. At this point it should be noted,
that's always difficult to find out a realistic distribution from measured
values. The result depends on the spatial distribution of the observation
wells and the method of interpolation. First, generally there are no ob-
servations at the landfills, where the highest concentrations occur. At
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these points estimated values have to be added. Second, the samples were
taken from different depth and at different times, which gives average va-
lues. Third, a propriate interpolation method has to be choosen to trans-
fer the measured point values to the area. Fig. 6 gives the concentration
distribution of chloride in the upper aquifer a) excluding and b) inclu-
ding additional (assumed) values at the landfills. The difference is evi-
dent.

FLOW MODEL

According to the geological structure the flow model considers two aqui-
fers and a more or less permeable intermediate layer. The piezometric head
for each aquifer was calculated by a two dimensional horizontal plane mo-
del using a finite-difference scheme similar to that of Me Donald & Har-
baugh, 1984. Each layer was divided by a rectangular grid with a gridsize
of a x = 200 m into 2 x 23 x 16 = 736 elements. The exchange of ground-
water between the aquifers is represented by a leakage term.

At first the flow model has to be calibrated. The calibration purports the
fitting of the calculated piezometric heads to the measured values. This
is done by variation of the influencing parameters: recharge, transmissi-
vity of the both aquifers and the leakage factors of the intermediate
layer. Starting from an estimated distribution of these parameters, they
were varied within certain limits until a resonable matching between the
observed and calculated water levels was achived.

After calibration the following mean values were obtained:

recharge from rainfall 5 1/s km2, transmissivity of the upper layer 10~3

m2/s, transmissivity of the lower layer 10~2 m2/s. The transmissivity of
the lower layer is ten times greater. This can be explained by the greater
thickness of the lower aquifer.

The exchange of groundwater between the upper and the lower layer takes
place within the region of the Pleistozan channels, where up to 60 1/s are
leaching to the lower aquifer.

The groundwater balance in the region is summarized in Tab. 1.
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Inflow

recharge
boundary

total

Upper aquifer

1/s mio m3/a Outflow 1/s mio m3/a

36,0 1,1
43,4 1,4

79,4 2,5

leakage 59,1 1,9
boundary 20,3 0,6

total 79,4 2,5

Inflow

leakage
boundary

total

Lower aquifer

1/s mio m3/a Outflow 1/s mio m3/a

59,1 1,9
202.0 6,3

261.1 8,2

discharge 120,0 3,8
boundary 141,1 4,4

total 261,1 8,2

Tan. 1 Groundwater budged of the project area

The total groundwater balance, that means the sum of the in- respectivly
outflow comes up to 2,5 mio m3/a in the upper and 8,2 mio m3/a in the lo-
wer aquifer. The groundwater reacharge from rainfall is 1,1 mio m3/a.
These are 44 % of the budged of the upper aquifer. The boundary inflow of
groundwater in the lower aquifer is 6,4 mio m3/a, Equivalent to 78 % of
the total sum. The residual part of 22 % of the groundwater budged of the
lower aquifer results from leakage from the upper aquifer 3,8 mio m3/a are
discharged from the lower aquifer.

The rate of dissolved substances, which are leaving the landfill sites,
depends on the location of the basement relativ to the groundwater sur-
face. In the case that the basement is located within the groundwater the
rate can be calculated from the groundwater outflow from the polluted
areas. The outflow rate was taken from the groundwater model and is listed
in Tab. 2. The multiplication with the measured concentration downstreams
the landfills gaves the flux of mass.
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Land-
fill
no.

78
81

131
100
124
5

84
82

123
85
161
11
93

Flux of
water
(1/

0,
1,
1,
1,
1,
3,
3,
1,
3,
1,
1,
3,
3,

's>

6
1
4
8
1
4
6
6
3
7
1
8
2

NH.

20
20
20
20
20
20
20
20
20
20
20
20
20

Concentration

« Cl

350
350
350
350
350
350
350
350
350
350
350
350
350

(mg/1)
K

20
20
20
20
20
20
20
20
20
20
20
20
20

SO*

1500
1500
1500
1500
1500
1500
1500
1500
1500
1500
1500
1500
1500

i

NH«

0,
0,
0,
1,
0,
2,
2,
1,
2,
1,
0,
2,
2,

4
7
9
1
7
1
3
0
1
1
7
4
0

Flux of
(t/a)

Cl

6,6
12,1
15,4
19,8
12,1
37,5
39,7
17,6
36,4
18,7
12,1
41,9
35,3

I

0,
0,
0,
1,
0,
2,
2,
1,
2,
1,
0,
2,
2,

mass

r

4
7
9
1
7
2
3
0
1
1
7
4
0

S04

28,4
52,0
66,8
85,1
52,0

160,7
170,1
75,6

155,9
80,3
52,0

179,6
151,2

total 27,7 17,5 305,2 17,5 1259,7

Tab. 2 Mass of some selected substances leaving the landfill sites

Tab. 2 shows, that the total mass leaving the land fill is considerable.
But it should be noted, that these are maximum values. First not all pol-
luted areas are in direct contact to the groundwater and the constituents
have to pass the unsaturated zone. The flux in the unsaturated zone gene-
rally is smaller than in the saturated zone. Second the flowrates, taken
from the groundwater model, refer to the total depth of the upper aquifer.
Third, the mass of solubel substances in the land fills will be raduced
with time.

TRANSPORT MODEL

The purpose of the transport modeling was to find out the future concen-
tration of the pollutants in the pumping wells. The maximum concentration
is given in the stationary case. To make a rough estimation of the ma-
ximum pollution of the lower aquifer, where the discharge wells are loca-
ted, the whole lower aquifer is considered as a single mixing cell. The
loading rates are given from the existing pollution of the upper aquifer
and the groundwater balance (Tab. 1). Assuming a 100 % pollution of the
whole upper aquifer, equation ( 8 } gives:
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Qi 59 ,1
Citx = — — — = — — — = 22,6 %

Qi + Q2 261,1

where: Qi = leakage from the upper layer
Q2 = boundary inflow into the lower layer

More precise results are achived dividing the lower aquifer into multi mi-
xing cells, because herewith the spatial distribution of the waterfluxes
are taken into account. In the steady state case both layers can be hand-
led separately. At first the upper layer was considered. A 100 % pollution
was assumed only at the areas of the landfills at the beginning. Fig. 7
shows the distribution in the final state for the upper layer. Compared to
the measured chloride distribution (Fig. 8) a rough coincidence is given.

The calculation for the lower aquifer starts from an unpolluted situation,
taking the calculated mass distribution of the upper aquifer for the in-
put. Fig. 9 shows, that in the final state only the vest side of the in-
vestigation area is polluted. That's, because the pollutants only can move
downwards to the lower aquifer in the surrounding of the Pleistozan chan-
nels. Additional unpolluted water flows into the lower aquifer from north-
east, by which the vertically intruded substances are diluted. The maximum
concentration is less than 20 % of the concentration at the landfill sites
and occurs near well Br. 9.

A further calculation was carried out for the non steady state case, using
the same initial and boundary conditions as above. Fig. 10 shows the
increasing of the pollutants in the discharge wells with time. It's
apparent, that more than 100 years are needed to reach steady state
conditions and pumping well Br. 9 will be the most polluted one.

SUMMARY

Mathematical models are presently available that perhaps can more accurate
simulate the basic advection-diffusion equation than the model used here.
But for solving field problems on a large scale the mathematical limita-
tion of the model are not as significant a problem as the lack of data and
the inaccuracies of calibration. For this problems the mixing cell model
is well suited to provide approximate, resonable answers.
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THREE-DIMENSIONAL SIMULATIONS OF CONTAMINANT
PLUMES IN THE SANDS AND GRAVELS UNDERLYING

THE HANFORD SITE, WASHINGTON

John L. Smoot
Pacific Northwest Laboratory

P. 0. Box 999, M.S. K6-77
Richland, WA 99352

ABSTRACT

Approximately 450 m3 of liquid containing radioactive and chemical
wastes leaked from the 241-T-106 single-shell tank into the vaclose
zone at the U.S. Department of Energy's Hanford Site in southcentral
Washington in 1973. Single-shell tanks at Hanford are buried in
generally coarse-grained sediments that overlie Columbia River basalts
in the Pasco Basin. The extent of i37Cs, 144Ce, and io6RU contaminant
plumes in the vadose zone were estimated in 1973 and 1978 by gamma
spectrometry in monitoring wells. Moisture retention and radionuclide
transport properties were estimated from measurements of soil
samples elsewhere at Hanford.

Three-dimensional, transient PORFLO-3 simulations of plume migration
were conducted to model the transport of 106RU and i37Cs from 1973 to
1990. The model domain measures 90 x 88 x 61 m in the x, y, and z
directions, respectively. At this scale, each soil layer within the
domain is assumed to be of constant thickness. No flow is allowed
across the vertical boundaries of the domain. The water table forms
the lower boundary, and pressure is assumed to remain fixed at the
atmospheric value. A uniform infiltration is applied to the upper
surface of the model. The tank itself is represented as an impervious
block, allowing infiltrating water to be diverted around the tank.

Simulations for io6Ru and 137CS approximated the 1973 measured
distributions, but the simulated IOSRU distribution for 1978 extended
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deeper than reported values. The simulated 1978 distribution of
approximated the measured distribution. The 1973 and 1978
distributions are similar due to the long half-life and high sorption
coefficient of 137CS.

INTRODUCTION

Hydrologic flow and transport computer codes will be used to develop
mathematical models from data collected at U.S. Department of Energy
(DOE) sites to evaluate the effects of proposed waste disposal
activities and the effectiveness of proposed remediation measures. Of
primary interest will be the application of numerical codes for pre-
and post-closure high-level nuclear waste repository performance
assessment at Yucca Mountain, Nevada, and for performance assessment
of several decades of defense wastes housed at several DOE sites
across the country. One of the codes recently developed by staff at the
Pacific Northwest Laboratory for use at DOE sites is PORFLO-3
(Runchal and Sagar 1989; Sagar and Runehal 1989). PORFLO-3 was
designed to analyze flow and transport in complex, variably saturated
three-dimensional hydrogeologic settings. Availability of data on
contaminant plumes in the vadose zone is rare. The present work is an
initial benchmarking of the code using data on a leak of liquid
radioactive wastes into the vadose zone at DOE's Hanford Site.

The Hanford Site, located in southcentral Washington State, has been
dedicated to nuclear projects since the early 1940s. Chemical
processing of spent nuclear fuel has resulted in the accumulation of
large inventories of chemical, nuclear, and mixed wastes at the site.
From 1943 to 1964, most of the liquid waste was stored in 149 single-
shell underground tanks. Single-shell tanks are so named because their
concrete structure houses a single layer of carbon-steel lining. In
contrast, more recently constructed tanks (1970s) have two carbon-
steel linings and are called double-shell tanks.

The first leak in a single-shell tank was detected in 1956. Since then,
66 single-shell tanks have been reported to have leaked. One of the
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biggest leaks was detected in June of 1973 in the 241-T-106 single-
shell tank located in the T Tank Farm in the 200 West Area. Based on
the monitoring of liquid levels inside the tank, it was estimated that
approximately 435 m3 (115,000 gallons) of liquid containing
radioactive and chemical wastes was discharged to the soil (AEC-RL
1973; ARHCO 1973; Gillette 1973). Observation holes were drilled
around the leak site to delineate the contaminant, plume.
Concentrations of radionuclide species were estimated from total
gamma energy in ihe observation holes in 1973 (ARHCO 1973) and 1978
(Routson et al. 1979). The objective of the present study is to use this
field data with the PORFLO-3 code to calibrate a complex numerical
model of the T-106 tank site.

SITE HYDROGEOLOGY AND MODEL INPUT

Single-shell tanks at Hanford are buried in generally coarse-grained
sediments that overlie Columbia River basalts in the Pasco Basin. The
sediments are divided into the Miocene-Pliocene Ringold Formation and
overlying Pleistocene Hanford formation, separated by a distinct layer
known as the Piio-Pleistocene unit. The Ringold Formation is generally
coarse-grained but with occasional thin layers of fine sand or silt with
small amounts of clay. Caliche is observed in both the basal Ringold
Formation and Plio-Pleistocene unit. The Hanford formation contains a
very coarse-grained flood facies called the Pasco Gravel and a finer-
grained facies known as the Touchet Beds.

Leakage from the T-10S tank appears to have been contained within the
61-m vadose zone; therefore, the modeling analysis will focus on
transport through the vadose zone. The vadose zone in the vicinity of
the tank can be divided into five major layers. The single-shell tanks
at the T Tank Farm were backfilled with a 12-m-thick layer of silty,
sandy gravel that includes a 2- to 3- m layer over the tank. This
disturbed zone is underlain by about 8 m of pebbly, very coarse-to-
medium sand, 4 m of coarse-to-medium sand, 14 m of calcareous silt
and fine sand, and 23 m of sandy gravel. The fourth layer of calcareous
silt and fine sand may contain a well-developed caliche horizon of
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sufficiently low permeability to significantly inhibit the downward
movement of moisture.

In the horizontal plane, the model domain extends to about four or five
tank diameters (d * 22 m) beyond the tank. At this scale, each soil
layer within the domain is assumed to be of constant thickness. No
flow is allowed across the vertical boundaries of the domain. Thus, on
the scale of the model domain (~80 m), the flow is vertical. However,
in the vicinity of the leak, it is fully three-dimensional in nature. The
water table forms the lower boundary for the model. The pressure at
this boundary is assumed to remain fixed at the atmospheric value. A
uniform infiltration is applied to the upper surface of the model. The
tank itself is represented as an impervious block. This allows the
infiltrating water to be diverted around the tank. Thus, in a local zone
around the perimeter of the tank, the volumetric flux may be
significantly enhanced.

The flow and transport properties of the soil through which the plume
migrates constitute critical input data for the model. Such properties
specific to the T-106 tank site are not available. However, several
small catalogs of properties for Hanford soils exist. The textural
descriptions from a catalog of six Hanford soil moisture characteristic
curves (Sewart et al. 1987) were compared with the textural
description of the five soil layers identified at the T Tank Farm. The

'saturated hydraulic conductivities of the soils in the catalog range
between 1.1 and
4.0 x 10 -2 m/day. The selection of soil moisture characteristics from
this catalog is very qualitative and biased by the small range of
selection in the catalog. Consequently, the absence of T-106 site-
specific data introduces an undetermined amount of uncertainty into
the modeling.

The transport coefficients are estimated for each of the five major
soil horizons. For all model layers, the Fickian molecular diffusion
coefficient (D) is held constant at 1 x 10-5 m2/day and longitudinal and
transverse dispersivity is held constant at 1.0 and 0.1 m, respectively.
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For those model simulations incorporating retardation, a distribution
coefficient (Kd) of 5 x 10-7 m3/g (0.5 mUg) was used for io6RU and
1 x 10-4 m3/g (100.0 mL/g) for i37Cs.

At or near the base of the southeast side of the T-106 tank,
approximately 435 m3 of supernate containing various radionuclides
leaked into this soil column during an approximately 50-day period in
the late spring of 1973 (Routson et al. 1979). The most mobile
constituent in the tank was IOSRU; by the summer of 1973 it had
migrated about
15-20 m laterally and about 20 m vertically below the southeast base
of the tank (ARHCO 1973). For purposes of modeling, release was
assumed to occur at an uniform rate over the leak duration. The tank
was assumed to be an impermeable zone within the flow field; the
contaminants were introduced into the soil column along a portion of
the southeast base of the tank where data indicates the leak originated.

SIMULATIONS

Model calibration started with a trial simulation incorporating all of
the collected data. The initial simulated 1°6Ru plume appeared to be
bigger than the actual plume. When the generic saturated soil vertical
hydraulic conductivities in all five model layers were reduced by a
factor of two, the 1973 io6Ru simulated plume was approximately
similar to the measured plume. A smaller saturated hydraulic
conductivity is justifiable due to the higher viscosity of the leaked
fluid compared with that of water assumed for the simulation.

Using the modified hydraulic conductivity, the IOSRU plume migration
was then simulated from 1973 to 1989. Following the reasonable
approximation of the 1973 plume, the 1978 measured plume for 1O6RU

could not be matched. The measured plume for 1978 indicates little
migration of the 1 u.Ci/L isopleth of 106RU. The modeling results,
however, indicate that the plume expands significantly in 1978. The
simulations indicate that by the early 1980s, the plume extends
through the low-permeability model layer 4. Because 106RU may exhibit
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a small sorption on Hanford soil, an alternate calibration using a Kd

was also performed. The resulting retardation factor produced a
reasonable calibration to the 1973 106RU plume but was again
insufficient to keep the calculated i°6Ru plume stationary in 1978 and
beyond. Recession of the plume due to radioactive decay is evident by
the early 1980s for both cases but is most pronounced in the Kd

simulation.

Both simulations, however, indicated a significant widening of the
plume by 1978. This result appears to be the consequence of hign
initial inventory of io6Ru. Adjustment of the inventory may produce a
matching 1978 plume; however, this adjustment was not tried. There
may also be other explanations, such as use of non-site-specific soil
properties in the model and errors in measured data. Further
investigation of these input parameters may be warranted.

The 1973 simulated plume for i37Cs was similar to the measured
values using the standard input with the Kd for i37Cs sorption. Due to
sorption, the calculated i37Cs plume was found to be static not only in
1978 but also in 199G. Consequently, the model results indicate that
the plume would only penetrate several meters below the base of the
tank and would become essentially stationary within about a month
after the tank was pumped out, stopping the leak.

SUMMARY

Availability of data on plumes in the vadose zone is rare. The T-106
tank leak data provide a good opportunity to test the applicability of
numerical models to contaminant transport in the vadose zone. The
PORFLO-3 code used for this analysis incorporates a complex set of
equations for water flow, heat transfer, and mass transport.
Application to the T-106 tank leak data discussed in this report
indicates the code's usefulness in delineating plumes from other
sources.



6 2 6

Despite the discrepancy between the calculated and measured 1978
1O6RU plume, there is sufficient evidence that the numerical model can
successfully simulate the transient behavior of a three-dimensional
plume in the vadose zone. The modeling results indicate that io6Ru will
be at measurable levels for several more years. Additional work is
needed to reconcile differences between the simulations and the
measured data.

In summary:

In the absence of soil properties at the T-106 tank site, generic
soil properties were input to the model.

Minor adjustments of the generic soil properties in the model
allowed for approximation of measured IOSRU and i37Cs plumes
with the model.

• For long-term performance assessment, it would be preferable
to obtain measured soil properties from the T-106 tank site.

Preliminary calibration results indicate that for the first 150
days, convection is the dominant phenomena and the plume
migration is dominated by the large leak volume rather than the
recharge rate.

At later simulation times, reduction in the 1O6RU plume by
radioactive decay is very evident.
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THREE-DIMENSIONAL GROCNDWATER VELOCITY FIELD
IN AN CNCONFINED AQUIFER UNDER IRRIGATION

Vitaly Zlotnik
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Lincoln, NE 68588-0340, (402) 472-2495

A method for three-dimensional flow velocity calculation has been developed
to evaluate unconfined aquifer sensitivity to areal agricultural contamination
of groundwater. The methodology by Polubarinova-Kochina (1962) is applied for
an unconfined homogeneous compressible or incompressible anisotropic aquifer.
It is based on a three-dimensional groundwater flow model with a boundary
condition on a moving surface. Analytical solutions are obtained for a
hydraulic head under the influence of areal sources of circular and rectangu-
lar shape using integral transforms. Two-dimensional Hantush (1967) formulas
result from the vertical averaging of the three-dimensional solutions, and the
asymptotic behavior of solutions is analyzed. Analytical expressions for flow
velocity components are obtained from the gradient of the hydraulic head
field. Areal and temporal variability of specific yield in groundwater
recharge areas is also taken into account. As a consequence of linearization
of the boundary condition, the operation of any irrigation system with respect
to groundwater is represented by superposition of the operating wells and
circular and rectangular source influences. Combining the obtained solutions
with Dagan (1967a, 1967b) or Neuman (1972, 1974) well functions one can
develop computer codes for the analytical computation of the three-dimensional
groundwater hydraulic head and velocity component distributions. Methods for
practical implementation are discussed.

INTRODUCTION

The interaction between water supply wells, irrigation systems and groundwater
flows in aquifers create a complex velocity flow field. Until recently, most
methods for groundwater flow simulation have focused on efficient and accurate
computation of groundwater heads for one- and two-dimensional problems
(National Research Council, 1990). For contaminant transport below the water
table, a three-dimensional approach is necessary to delineate major contami-
nant pathways. The role of groundwater flow modeling is to provide an
estimate of the flow velocities. Head predictions are of little direct
interest. Velocity estimates, however, are usually based on hydraulic head
differences and therefore are much more sensitive to numerical modeling errors
than are estimates of the hydraulic head alone. Satisfactory predictions of
transport often require that the velocity field be calculated on a fine
spatial grid. Therefore analytical solutions have some advantages over
numerical procedures in spatial case (Dillon,1989).

Flow velocity field of an aquifer under the influence of irrigation can be
represented as a result of interaction of vertical line sinks-wells and
horizontal areal sources-recharge spots on the groundwater table. It is a
three-dimensional flow rather than a two-dimensional one, and transient rather
than steady state. To achieve a reasonable description of irrigation
influence on the aquifer, a general source-sink distribution is decomposed
into three types: wells, circular and rectangular sources (Hantush, 1967).
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For two-dimensional solutions it wo<."\d be sufficient to apply a superposition
principle for a Theis (1935) well function with Hantush (1967) formulas of
drawdown for rectangular and circular recharging areas. Unfortunately such
an approach provides only an averaged evaluation of contaminant transport,
neglecting vertical components that are responsible for the downward movement
of contaminants.

The unconfined aquifer of a finite thickness is the most widespread environ-
ment for an agricultural contaminant. For the three-dimensional case,
distributions of hydraulic head for a single well were given by Oagan (1964,
1967a) and by Neuman (1972, 1974) for an incompressible and compressible
aquifer, respectively. For the distributed sources, the only available
solutions were for a circular source in an incompressible aquifer (Dagan,
1967b).

The groundwater flow field structure under the replenishment area gives a clue
to understanding the groundwater quality formation and its changes. Similar
processes are relevant to a problem of artificial groundwater recharge (Morel-
Seytoux et al., 1990). The difference is that long term and intensive
artificial recharge causes relatively high saturation in the unsaturated zone
between the soil surface and a water table. This is not the case for
irrigated sites where the best management practices tend to eliminate
irrigation water losses below the root zone. Some water losses are inevitable
and they induce groundwater recharge under a decrease of available pore
space.

A statement of problem is given for a saturated zone only. According to
Kroszinsky and Dagan (1975) the unsaturated zone may have some quantitative
influence upon drawdown only in case of a very shallow rigid aquifer, or in
the case of soils with fine structure and relatively short times of system
operation.

In the subsequent development an attempt is made to develop an analytical,
three-dimensional solution for the hydraulic head and velocity distribution
in an unconfined compressible or incompressible homogeneous anisotropic
aquifer under the influence of irrigation.

PROBLEM STATEMENT

Consider an unconfined aquifer of infinite lateral extent and finite thickness
that rests on an impermeable horizontal layer such as that shown schematically
in Fig. 1 in the vicinity of a single groundwater well, or in Fig. 2 in the
vicinity of a single groundwater mound. On the plane view in Fig. 3 the main
types of sources and sinks are combined. The aquifer material is uniform and
anisotropic, with the principal permeabilities being oriented parallel to the
coordinate axes. The i-th well discharging at the rate Qj_(t) is open to
inflow from depth d^ to depth lt beneath the initially static water table. The
net specific recharge I^(t) at the water table is induced by irrigation on the
J-th site within area of the distributed source Gj.

It is assumed that water storage or release from an aquifer is controlled by
compressibility parameters of the aquifer material and water and as well as
the specific yield at the free surface.
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Fig.1 . Schematic diagram of well in an unconfined aquifer

Fig.2. Schematic diagram of a groundwater recharge in an
unconfined aquifer
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F i g . 3 . Schematic plan view for d i s t r i b u t i o n of wells (coordinate
index w), rectangular (r) and c i r c u l a r (c) sources.
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In the analytical approach it is convenient to treat the well as a line sink
with uniform sink density Qi/(li-dl); i.e. we neglect the well storage and the
presence of a seepage surface (Neuman, 1974).

For the groundwater mound the changes of specific yield over the recharged
surface are not taken into account as a first approximation.

The governing equations for the hydraulic head drawdown s are

W (1)

s(x,y,z,0)-0

l(x,y,z,Q)-b

s{x,y,z, t) -0, x,y±<>»

,y, 0, t) _0
ddz

Z{x,y,t)-b-s{x,y,z,t), at z-Z(x,y,t)

L ^ ^ ^ at z-Z (x.y. t)

where Kh and Kv are the horizontal and vertical permeabilities respectively,
Sa the specific (elastic) storage, Sy the specific yield, b the initial
saturated thickness of an aquifer, ( the elevation of the water table above
bottom of an aquifer; nx, n,, nz are the components of an unit normal vector
to the water table; the terms W and I in equations (1) and (7) are:

<8>

Hx,y.z,t)-Yilj(t)yU.y.Gj)

Here 5(x) is the Dirac delta function (Lavrentjev and Shabat, 1973), Ww the
total number of wells, N1 the total number of areal sources, and

S(z a b)- t1' ze (a'e) v ( ^ C )9(z,a,JD)- | o, z f (a,e)' YU,y,^)

where a and e are arbitrary constants (0<a<e), and Gi is the j'-th distributed
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area source.

Stemming from this general statement, particular problems were studied for a
single well (1-0, Nw-1) in an incompressible aquifer (S,-0) by Dagan (1964,
1967a) and in a compressible aquifer (S.>0) by Neuman (1972, 1974). For a
singular circular source (W-0, Nz-1) in incompressible aquifer the solution
was given by Dagan (1967b).

In all these cases the equations were linearized using a perturbation
technique similar to that presented by Dagan (1964), provided the aquifer is
thick enough and the drawdown is much smaller than the average saturated
thickness of the aquifer. Using this technique a first-order approximation is
obtained by shifting the boundary condition from the free surface to the
horizontal plane z-b in equation (6), and then neglecting the second-order
terms in equations (6) and (7). This eliminates ( from equations (l)-(7) and
we obtain

, 3s „ &s 1 ds W „ Kv Kb ,,,.
Sdx2 dy2 dz2 «« dt Kh Kh SB

s(x,y,z,O) -0

s(x,y,z, t)-0, x,y-±<»

dsjx.y, 0, t) _0 (14)

dz

ds(x,y,b,t) 1 ds(x,y,b, t) I _^v
dz ay at " ~ Kv'

 y" Sy

Since the problem (11)-(15) with the conditions (8)-(10) is linear one can use
the principle of superposition to obtain a general solution incorporating any
number of wells and distributed sources. The main results given below have
been obtained for a single circular source in an compressible aquifer and a
rectangular source in both compressible and incompressible aquifers. The
problem was solved for W—0, Ni—1, and Gj a circular or rectangular domain. The
new solutions provide complete basis for analytical determination of three-
dimensional groundwater flow velocities in unconfined aquifers of finite
thickness. The solutions for the transient well production and the groundwater
recharge rate are calculated by the standard methods for the lineir initial
value problems (Streltsova, 1988).

CIRCULAR SOURCES

The flow underneath a circular uniformly recharging area can be approximated
by the system
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s(r,z,O)-Q

s(r,z, t)-0,

8s(0,z, t) _Q
8r

Bs{z,0,t) _n
3

(20)

,£, t) .
T

,i?, c) _ J r, H fJ0, z<R,
~Tz !Ty dt

The system arises from the initial boundary value problem (11)-(15) given in
cylindrical coordinates r, z.

Applying Laplace and Hankel transforms to (16)-(21) and inverting the results
by the method similar to Neuman (1972), one obtains a first order approxima-
tion to the original problem. The mathematical calculations are outlined in
the Appendix A. The solution is expressed in terms of 5 dimensionless
parameters T, 0, zd, a and 0R BLS

, Jc-
 2I°R°i (22)f;

a,o(x,zd,y)-Qo(x,y) ^ f

(y2/Yo+D

<25>
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Qn(x,y) lexp[r(y^)] ( 2 6 )

(3/%[l>{2f/]
where yn(o,y) are implicit functions defined as roots of the equations

oY0sinhY0-(y
2-Yo)coshy0-0, yo<y,

<yynsinYn-(y
2+Yn)cosYn-0, (n-±)n<yD<rm, ml (28)

The other parameters are given by

where Jo and Jx are the Bessel functions of zero and first order. The drawdown
is negative in the case of the groundwater recharge.

The averaged drawdown in an observation well that is perforated between the
elevations zx and zz (Fig. 2) is the average of (22) over the vertical distance
and is given by the formula

<s>ligj {i, t) - (z2-z1) -
1 js(r. z, t) dz (30)

As an consequence of the structure of (22) one can obtain the averaged value
by redefinition of the expressions

l •

<s>tiitj~ljjo (yp 2) Jx <yp*2) £ uD(y) dy
0 D-0

ua(y) -0a(T,y) ̂ A d ) - B l n ( Y A , d ) (33)

where all parameters were defined in (27)-(29). If there is no gravity
drainage (,Sy-0, «y- •») the vertically averaged equations (16)-(21) between
elevations zx—0 and z2—b can be transformed into Hantush's (1967) problem for
the averaged overall saturated thickness drawdown

<S>(r, t)-<S>ob(r, t) (34)

Indeed, after the integration of (16) and application of (20) and (21), one
obtains
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i* * <ri<£>)-T-i<£>., r>0, t>o (35)
r dr dr 3t

<s>(r,O)-O, d<s>(O,t) ,Q> <fl>(»#t).o (36)
OX"

The same statement results from the averaged solution (31). To prove this, one
obtains from (28) and (33), for Zj-0, z2-b, and Sy-0

fa-nit. limo__ un(y)-0, nil (37)

Also, from (27) and (32)

y 2 ( 3 8 )

i m _ u0 (y) Xc- ^ x l-e*P(-*y*) (39)

2

After substitution of (37)-(39) to (31) and redefinition of the variables one
obtains

^ ^ (40>

Here the drawdown depends on the horizontal permeability only.

The asymptotic drawdown for large values of time is given by the formula (see
Appendix B)

(42>

C43)

It is Dagan' s formula (1967b) for an incompressible aquifer after the
generalization for the anisotrapy. After sufficiently large times the
significance of compressibility of an aquifer becomes negligible. The growth
of a mound tends asymptotically to a logarithmic function of time.

The asymptotic drawdown for small values of time is given by infinite series
(see Appendix C)
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aU.z, t)-is£%(ie-r)tf(zd, t), t-o (44)

2 l^R
/ Z'R. <45)

From this formula it is apparent that drawdown does not depend on the
horizontal permeability or the radial distance within the recharge area. The
drawdown growth .occurs on the free surface faster than on the bottom of an
unconfined aquifer.

Upon truncation of the infinite series one obtains a uniform linear growth of
the mound elevation and the hydraulic head within recharged area of aquifer

Six.z, t)—4^Tl lR-r)f t-«s

RECTANGULAR SOURCES

The flow underneath a rectangular recharging area with length 2X and width 2Y
can be approximated by the initial boundary value problem (11)-(15) with the
distributed source

I(x,y,t)-I0 $U,-X,X) ${y,-Y, Y) , W-0 (48)

All the involved functions were described in (8)-(10).

Applying the Laplace transform on time and the double Fourier cosine
transforms on the horizontal cartesian coordinates one obtains formulas
similar to those given above for circular sources. Omitting the tedious
calculations, we have

-COS(U,BJ')COS'"' " "* ~"~ ' " " ** ~"~'" " '*
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The notation for the functions ^(r,zd,u) was defined by (23)-(26).

The drawdown in the observation well perforated between elevations zx and z2

(Fig. 2) is the average of drawdown in (49) over a vertical distance. This is
similar to (30) and (31)

where functions UnCu; were defined by equations (32)-(33).

By averaging across the saturated thickness drawdown (49), one can derive
Hantush's (1967) solution for a rectangular recharging area under the absence
of gravity drainage. To demonstrate such a relationship it is necessary to
evaluate the average drawdown (52) under the conditions

Zj-0, z2-b, Sg-'O (53)

After the reduction of 1^(11), nzO, to the same expressions (37)-(39), and
applying double Fourier cosine transforms on the horizontal space variables
and Laplace transform on time, one can establish the identity of both
formulas.

The asymptotic behavior for large values of time for (49) can be obtained from
the Laplace transform in the asymptotic limit p-0, p being the Laplace
transform parameter. We obtain

s{x,y, z. t) —Ic jfmut, u2,x,y) * (x.zd, u)
 duidu*- (54)

' 00

These quantities do not depend on S,; i.e., after sufficiently large times the
significance of a compressibility becomes negligible. The same result stems
from (11)-(15) for S,-0. The growth of a hydraulic head tends asymptotically
to a logarithmic function of time. The formula (54) is an exact solution for
an incompressible aquifer of a finite thickness.

For small values of time or for large values of Laplace parameter p, the
hydraulic head distribution is given by the formula

i^f t-0 (56)

where the functions r\ and E were defined in (45)-(46). After truncating the
infinite series for t-*0 one obtains
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s(x,y.z,t)~—&-T\(x-x)r\(Y-y), t-0 (57)

DRAWDOWN FOR VARIABLE SPECIFIC YIELD

Percolation of irrigation water through the unsaturated zone underneath area
Gi reduces the specific yield by the value of moisture content Syl, i.e.,

Sy(x,y, z, t)-SytO{x,y,z,t)-Syly(x,y,G1) (58)

Sy „ is the specific yield considered earlier for an undisturbed, unsaturated
zone. In this case a change of head and velocity distribution occurs in an
unconfined aquifer, and

s(x,y,z, t)-so(x,y,z, t)+s^(x,y,z, t) (59)

where s0 is the solution for the undisturbed, unsaturated zone, and sT is the
solution correction for the specific yield variation. The analysis of specific
yield changes must be performed by soil physics methods (Marsily, 1988) and
is beyond the scope of the paper.

The recharge of an unconfined aquifer under irrigation is supposed to be
minimal for widespread agricultural practices based on the irrigation
scheduling. For this case the increase of saturation in an unsaturated zone
is a small value,

Sy.i"Sy.o (60)

As a consequence, the corrections in the hydraulic head and velocity
distributions are small values also as well, i.e.,

Hence a perturbation technique is applicable. The solutions given above
without the correction for the saturation variability are valid as a first
approximation

Syl-0, St-Q (62)

For intensive aquifer recharge the changes in saturation are comparable with
the specific yield and condition (61) is not valid. Furthermore, the
assumption of small water table slopes and the consequent transition from
nonlinear conditions (6)-(7) to linear condition (15) is not valid. Such a
situation occurs for artificial groundwater recharge and an analytical
approach for the three-dimensional processes is not straightforward (Morel-
Seytoux et al., 1990).

To obtain necessary corrections sl for variable saturation one must substitute
(58)-(59) to the linearized condition (15) and retain first-order terms in all
expansions. Since s0 satisfies an initial boundary value problem (11)-(15) the
correction sx must satisfy the same aquations, where equation (15) is modified
by
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(63)

The right-hand term is negative in a recharge area since the time derivative
for drawdown is negative.

The calculation of the first-order terms shows that the influence of specific
yield variability may be treated like an increase of recharge rate per unit
area. The correction to the recharge rate is equivalent to the amount of
water which is stored in the unsaturated zone within distance of the water
table transition per unit time.

To obtain the correction s1 one can apply the technique given above for (11)-
(15) using (63) instead of (15). The procedure does not require any modifica-
tion and is based on the same sequence of the integral transforms. The main
point in the calculations is to invert the Laplace transforms. From Appendix
A it is apparent that the transform for s1 has the same singularities as for
sOi although the structure of the final expression will be more complicated.
To evaluate the increase of complexity for the problem with saturation
correction one can compare even more simple solutions of the analogous two-
dimensional problem given by Carslaw and Jaeger, p. 347 (1959) with and
without cylindrical nonhomogeneity in the heat conduction.

For simplicity one can sacrifice the universality of a final expression to the
practical convenience to calculate correction s: and to study it for small
time values. According to (47) and (57) the time derivative in right-hand
expression in (63) does not depend on time for its small values; hence

After substitution of (64) into (63) one obtains

Upon comparison of this equation with (15) the following rule is apparent.
Because of the variable specific yield, one can obtain corrected formulas for
the drawdown or velocity components by multiplication the initial formulas by
factor kt

s{x,y,z, t)-so(x,y,z, t) kt, kf-l+-£+ <66>

It is important to note that such factor is applicable for the recharge
processes only. Therefore the hydraulic processes are noninvariant under a
transition from discharge to recharge processes in an unconfined aquifer. This
feature is unique for an unconfined aquifer due an influence of the downward
irreversible infiltration processes in the unsaturated zone.
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DERIVATION OF GROUNDWATER VELOCITY FORMULAS

The velocity vector is obtained from the drawdown formulas by multiplication
of the permeability tensor X by a gradient for the above integrals:

V - K vs (67)

The gradients, of course, depend upon the coordinate system. To derive
explicit expressions for the velocity components one has to redefine some
factors in the integrands for those integrals.

For the circular sources the replacements in formulas (22)-(29) are

s(r,z,t)-Vr(r,z,t): «70 (yp "*) —
 T } g ( 6 8 )

(69)

For rectangular sources the replacements in (49)-(51) and (23)-(29) are

i -i. .1

s{x,y,z, t)-Vx{x,y,z, t) : cos (UjPx
2 ) — J^sinCUiP,2 ) JTd

2 - ^ ( 7 0 )

s(x,y# z, t) -V (x,y, 2, t) : cos (u2Py
2) - - ^ s i n d ; ^ / ) Kd

2 -2.

si...) -VgU) : cosh(y0zd) ->KjiixJa.{i9zd) -£, cos{yazd) — A^ g

(72)

The convergence of the improper integrals representing the horizontal
groundwater velocity components in an aquifer is slower than the drawdown
since the integrand vanishes slower for large horizontal distances from a
source.

Transformations similar to (68)-(72) are used to obtain the velocities in an
unconfined compressible aquifer in a vicinity of the penetrating or nonpene-
trating well from Neuman's solution (1974).

The formulas for velocities in an unconfined, incompressible aquifer involve
the same transformations.

METHODS OF NUMERICAL EVALUATION FOR INTEGRALS

The first numerical calculations for these types of an integrals were
performed by Dagan (1967a, 1967b) and slightly modified by Neuman (1972).
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Based on Che straightforward application of Simpson's rule, they inserted up
to 30 nodes between adjacent roots of Bessel functions to match the oscillat-
ing behavior of integrands. Such approach is sufficient for a individual well
or a recharge source behavior evaluation. For a group of wells and distributed
sources the approach becomes impractical because of time consumption
restrictions. Especially severe limitations arise for the velocity component
calculations which converge slower than hydraulic head due to the larger
exponent of the singularity in the infinity for horizontal coordinates for
all integrals.

The simplest way to reduce multiple repeated calculations is by introduction
of a table for each kind of a source or sink. The tables have to be prepared
and stored in computer memory before starting the calculation for the every
special case study. With the appropriate parameters for an aquifer the tables
have to be developed for a set of discrete coordinates and times only. The
application of a nonlinear interpolation scheme may provide sufficient
accuracy under the relatively sparse tables (Hamming, 1963).

Additional computer time reduction may be achieved by taking into account the
special nature of the integrands under a table construction. The Filon method
permits the reduction of the number of integration nodes at least by an order
of magnitude in any spatial dimension for the oscillating integrands (Tranter,
1966). However, its application is not straightforward for two oscillating
functions and multidimensional integrands.

An additional resource in computer time reduction exists for the solutions for
a compressible aquifer. Since the exact formula of Laplace inversion leads to
infinite series and the evaluation of implicit functions, one can eliminate
the resulting consequences by applying numerical inversion of Laplace
transforms (Talbot, 1979).

CONCLUSIONS

To obtain a self-consistent, three-dimensional groundwater flow velocity model
for an unconfined aquifer of a finite thickness the analytical method of
integral transforms was applied. The results are new solutions for the
drawdown and velocity components for distributed sources with circular and
rectangular shapes, taking into account the compressibility properties of the
aquifer. The calculations of the velocity for an arbitrary combination of
wells and areal sources can be performed using the superposition principle.
For the incompressible aquifer, the solutions given above for a circular or
rectangular source can be combined with Neuman's well function (1974) . For the
incompressible aquifer the appropriate solutions should be combined with
Oagan's solutions (1967a, 1967b). No additional aquifer parameters are
required for this complex model. The parameters are obtainable from the same
pumping tests as in these references.

For sufficiently large times the compressibility effect becomes negligible.
Therefore the choice of an appropriate model for aquifer properties should be
consistent with the time scale of the simulated processes.

One new feature of the calculation is the consideration of the variable
saturation between the areal infiltration source and groundwater table.
Formulas for drawdown and groundwater recharge corrections were given in order
to evaluate the irreversibility of groundwater movement under transition from
a pumping to a recharge, caused by partial saturation in che zone above water



642

table. For small variability of the specific yield, essentially the same
structure of the formulas is retained essentially.

The computational problems arising from the complex expressions were discussed
with regard to computer time consumption. The main sources for the reduction
of computer time are: special integration procedures with the treatment of the
oscillating integrands, numerical inversion of Laplace transforms, application
of the pre-calculation for sparce tables, and nonlinear interpolation.

The new results are intended mainly for the simulation of the agricultural
contamination by the fertilizers and pesticides. They are also applicable for
the nuclear areal contamination of groundwater, similar to that in Chernobyl
and in other cases of intensive areal groundwater recharge and the interaction
with well fields.

APPENDIX A

To obtain Green's function for the problem under investigation, the integral
transforms were applied (Lavrentjev and tihabat, 1973). The main stages of
derivation given below are similar to Neuman (1972, 1974). Applying the
Laplace transform on time to the function s(r,z,t) gives

m

W{r,z,p)-L[s{T,z,t)]'fe-Pts(.i.z,t)dt <Al)
0

Consequently, the Hankel transform on r of the function S(t,z,t) gives

m

3{a,z,p) -H[sT(r,z,p)] -JxJ0(xa)F(x,z.p) dx <A2)
o

For the initial boundary value problem (l)-(7) one obtains a boundary value
problem for ordinary differential equation

tfgQ (A3)
dz2

dz dz a
y

a ) , iu,p)j1{Ra) (A5)
ct s

(rpj]-a2 iTlim / rp l Ji(r)-J^r) <A6)

The relationships based on Bessel function properties

H[±4- (r-pj]-
I OT OX

were used for this procedure. The solution of the boundary value
problem is
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IoR J (Ra)cosh(ng)
j[Ra) d ( A 7 )-Z-cosh(r\b)

Using inverse Hankel transform on the dependent variable

¥{x, z,p) -H-1 [Sla, z.p) 3 -fffia. z.p) aJ0 (ra) da <A 8>
0

one obtains after the introduction of the new variables

an expression for Laplace transform of required function:

^ ) , It-
 J ° * q (A10)

y

(r,z,t)-~K f s(r,z,

To obtain the drawdown formula one can apply the inversion thec"em for the
Laplace transformation,

y*l-

f
Y -

J i -

where the integration is along a line in complex plane and y is so large that
all singularities of integrand s lie to the left of the line (y-i«>, y+i»). X
is written in place of p in (All) to emphasize the fact that in (All) we are
considering the behavior of integrand regarded as a function of a complex
variable. Applying the initial condition (17) one can modify this formula to

sd.z.t)-—K f s(z,z,k) (ei£-l)ctt. <A12>
2112 J.

T-i-

The expression for an immediate inversion is

— i-i — — 1
s(rf z, t) --Ix$Ja (yp 2 ) Ji <yp*2) dy j ^j-dk <A13)

0 T-i-

( A i 4 )
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(A15)

where g(X) is a single-valued function of X with infinite many of simple poles
along the negative real axis. For convenience, of the removable singularity
at X-0 formula (A12) was selected rather than standard Me11in' s formula (All).
The singularities of g are the roots of equation

*(E)-0 (A16)

which was studied by Neuman (1972). This equation has the one real root, and
an Infinite number of the purely imaginary roots that can be determined
numerically from the equations

(A17)

OY0sinhY0+(Yo-y2)coshy0-0, yo<y (A18)

aynsinhya+(yl+y2)cosyB'0t in-^) n<yn<im, (A19)

The roots in the complex plane are shown in a Fig. 4. After completing the

y

-> X

Fig. 4. Contour of integration used with Laplace inversion formula.

contour (y-i~,Y+i°°) by a large circle F of radius R passing through the points
A and A' , and avoiding any pole of the integrand, the value of integral (A13)
is not changed for any R-"°. According to the residue theorem one has
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A'

" (A20)

where Res [g (X) ,1^] is the residue of g at the pole i,,. The right-hand
integral vanishes for £ — . The residues of the poles given by (A17)-(A19) can
be obtained from the formula (Lavrentjev and Shabat, 1973)

Res[g(X), 1J §f .

After the substitution of (A21) and (A20) into (A13) one immediately arrives
at (22)-(29).

APPENDIX B

To obtain the asymptotic formulas for a hydraulic head for large times one has
to invert the Laplace transform taken for asymptotic values p-0. Since

p-0

one finds from (All)

cosh
W ? (B2)

The order term 0(...) i s understood to mean that

F{x)-O[G(x)} - lim^.1 *\x\ \-A, A-const
G\X)

Noting the Laplace transform

L[i-e-mtl- a
p(p+a)

one immediately comes to (42).

APPENDIX C

To obtain the asymptotic drawdown behavior for small times one has to invert
the Laplace transform (A10) for large asymptotic values of p. We have

From this expansion the Laplace transform can be decomposed into the
multiplication of two factors. One of them depends only on p

p) (C2)
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P 2
R

(C3)

0,X<0

cosh (ẑ
(C4)

The integration in (C3) is accomplished via formula (6.512.3) in Gradshteyn
and Ryzhik (1980). The Laplace transform inversion of (C4) uses formula (6)
on p.313 from Carslav and Jaeger (1959). Then

,,t)-e?[i-±f i

After term-by-term integration, we obtain equation (46).
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ABSTRACT

The 1983 Twin Lake tracer test vas simulated using tvo different sets of the
aquifer parameters and three different numerical models. The purpose of the
simulations vas to Identify the parameter set and the model vhich are most
appropriate to describe the transport phenomena in the Twin Lake aquifer. It
is shown that a reliable estimation of the aquifer parameters cannot be
obtained from the flow model alone. Transport models must also be used to
obtain a reliable estimate of parameters. Method of characteristics and
random-walk based models vere used for this purpose. The sensitivity of the
results to different execution parameters vas evaluated and the required
computational efforts vere compared. Finally, results obtained by means of
the method of characteristics vere compared with the results of a finite
element simulation, carried out vith the same spatial discretization as that
used in the method of characteristics. The comparison demonstrates the
influence of the numerical dispersion on the results of the finite element
method. It vas also shown that travel time calculations represent a simple
way to test the accuracy of the aquifer parameters before transport modelling
is done.

INTRODUCTION

One purpose of the Tvin Lake tracer tests performed at the Chalk River
Laboratories, Ontario, in 1982 and 1983, vas the study of the hydraulic
conductivity structure and the dispersive characteristics of the aquifer.

For the direct evaluation of the hydraulic conductivity distribution, in situ
and laboratory experiments vere performed (Killey and Holtyaner, 1988). Based
on these direct estimates, further investigations vere performed, to determine
the set of parameters vhich adequately describe the transport behaviour of the
aquifer. These investigations included: a) the calibration of a numerical
model (Holtyaner and Poisson, 1987), and b) the analytical parameter
estimation, vhich is based on some simplifications of the flov and transport
phenomena (Killey and Holtyaner, 1988; Holtyaner and Killey, 1988a, 1988b).
The results obtained by these tvo methods vere not identical.

Therefore, the main objective of this paper is to investigate vhich of the
parameter sets mentioned above is the aost appropriate to describe the
transport phenomena in the Tvin Lake aquifer and eventually to improve the
parameter values. Numerical models of different degress of complexity vere
used in the investigation. The models are compared and the efficiency of each
model is discussed.
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General Hydrogeology

The Tvin Lake aquifer is located in the Ottava River valley, 180 kn northvest
of Ottava. The test site is located near Tvin Lake. Figure 1 provides site
stratigraphy based on the combined borehole and ground probing radar
information (Killey and Moltyaner, 1988). The aquifer consists of shallow
sandy sediments overlying a tight glacial till, vhich in turn overlies the
bedrock. The Precambrian bedrock of the area is extensively fractured and
fracture flov could theoretically exist. However, the contrast in the
hydraulic properties betveen the bedrock and the overlying sediment is so high
that the bedrock surface can be treated as an impermeable boundary for the
purpose of the study. The aquifer is relatively homogeneous, being composed
of highly uniform medium to fine-grained sands of aeolian and fluvial origin.
Minor silts, situated in the vicinity of the vater table and locally preserved
tills at the base of the sequence may be found vithin the aquifer (Moltyaner
and Poisson, 1987).

Groundvater flov is recharged through precipitation and through seepage from
Tvin Lake. Flov in the fluvial sand portion of the Tvin Lake aquifer is
essentially horizontal. As vill be shown later, vertical gradients exist in
the upper portion of the aquifer.

Tracer Tests Methodology

Two pulse Injection, natural gradient tracer tests have been performed at the
Tvin Lake site: the first one in the fall of 1982 and the second in the fall
of 1983. The analysis carried out here concerns only the results of the 1983
experiment. A short description of this experiment is given belov.

The tracer injection point (borehole TL-25) is located at the east side of the
site (Figure 2) and vas instrumented vith a 5 cm I.O. screen, extending from
above the vater table to bedrock. The tracer used vas 1 3 1 I . The tracer test
conditions and apparatus are described by Killey and Moltyaner (1988). The
tracer test vas limited to a 40 t flov path because the strong dilution of the
tracer beyond this distance made its detection unreliable.

The plan layout of the monitoring instrumentation used is shown in Figure 2.
Two kinds of monitors vere used: a) dry access pipes and b) multilevel
piezometers. The dry access tubes are used for gamma scanning. The
multilevel samplers have been employed for measurements of hydraulic head
distribution and, at selected locations, for groundvater sampling.
Measurements of the distribution of the activity versus depth at selected
points in time vere collected by scanning all of the boreholes in the
monitoring grid that lay vithin the boundaries of the plume.

RESULTS OF THE PARAMETER ESTIMATION

Analytical Parameter Estimation

The analytical parameter estimation is based on the assumption that flov and
transport phenomena in the Tvin Lake aquifer are vertically two dimensional.
Transverse flov to the mean direction of tracer movement is neglected. In the
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Fig. 1. Stratigraphy of the Twin Lake aquifer (after Killey and Moltyaner,
1988)
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analysis, plezometric heads, concentration profiles and breakthrough curves
•easured in the vertical cross section along the axis of the tracer movement
(Figure 2) vere used.

Figure 3 provides the hydraulic head distribution along this axis at the
beginning of the 1983 experiment. The steep downward hydraulic gradient
adjacent to the injection veil had a strong influence on the notion of the
tracer: the injection vater Moved downward, leaving the upper portion of the
aquifer free of 1 3 1 I . The upper Halt of the tracer flow path is shown in
Figure 4. Because of this, the analytical parameter estimation was confined
to the lower part of the aquifer.

For the estimation of the hydraulic conductivity distribution, the following
method vas used (Killey and Holtyaner, 1988). From the tracer test data,
sequence of zones (strata) with different pore vater velocities vere
identified (Figure 4). using borehole scan data recorded at the mean point of
each zone, tracer breakthrough curves vere constructed at the beginning and
end of each velocity zone. From these breakthrough curves the peak arrival
time given in Figure 4 was estimated. From the peak arrival times point-to-
point pore water velocities (from one monitor to the nearest downstream
measurement point) vere estimated. Using these velocities, a porosity of 0.4
and the hydraulic head data displayed on Figure 3 the hydraulic conductivity
of each velocity zone vas calculated from Darcy's Lav. Detailed results are
presented by Killey and Holtyaner (1988). The variation of the hydraulic
conductivity in the different zones is interpreted as small-scale variations
vithin larger structures. Based on the principles of the geology of
sedimentary deposits, the different zones are grouped into large-scale
hydraulic conductivity regions, which are shown in Figure 5.

The longitudinal dispersivity for each velocity zone is obtained by fitting an
observed breakthrough curve to one calculated using an analytical relationship
(Holtyaner and Killey, 1988a). The transverse-vertical dispersivities vere
obtained similarly by matching vertical records of tracer activity with
analytical relationships (Holtyaner and Killey, 1988b). The results shoved
that a mean longitudinal dispersivity value of 1 cm and a mean transverse
dispersivity value of 0.1 cm characterize the dispersive properties of the
aquifer quite veil.

It remains to calculate the hydraulic conductivity distribution in the region
lying above the tracer occupied region. These values vere taken from the
model calibration described in the next section, Results of the Model
Calibration. Hydraulic conductivity values determined from the nodel
calibration are marked in Figure 5 vith a star. The completed parameter set
is referred to as parameter set A.

Results of the Hodel Calibration

The calibration procedure consists of adjusting the aquifer parameters to
reproduce measured hydraulic heads and groundwater velocities, estimated as
described in the previous section. For this purpose, a finite element flow
model based OP the Galerkin method vas used to calculate the piezometric head
distribution and the pore vater velocities in the vertical cross section along
the flov axis of the tracer (Holtyaner and Poisson, 1987).
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Hydraulic Conductivity in (m/x)

Region 1: 2.48x10*«
Region 3: 1.47x10"«
Region 5: 2.74x10-*
Region 8: 2.31x10-* *)

Region 2: 1.87x10"*
Region 4: 2.64x10-*
Region 6: 1.23x10'<
Region 9: 1.16x10-* *)

)

Region 2: 4.43
Region 4: 3.01
Region 6: 6.16
Region 9: 400.0

Anisotrophy

Region 1: 3.01
Region 3: 4.82
Region 5: 4.56
Region 8: 3.01

Dlsperslvities In (m)

aL - 0.01 •

a, - 0.001 a

Porosity: 0.40 (estimated by aeans of laboratory experiments)

Slibra??oS'ed

Paraa'eSr EstiStion6 eStlBated

C a l l b r a t l o n Scribed in Results of the Model

. as described in Analytical

Figure 5 Parameter set A
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The flow vas assumed to be in steady state because water table fluctuations
and changes in the storage vithin the groundvater system were negligibly small
over the approximate tvo-month period of the tracer test. The upper boundary
of the modelled cross section represents the vater table. It vas simulated as
a boundary of constant head. The bedrock surface vas assumed to be
impermeable. The right and left boundaries were specified flux boundaries.

The initial values for the hydraulic conductivity distribution in the model
calibration were obtained from the analytical parameter estimates. The
porosity used vas 0.38. The calibration vas achieved by varying the hydraulic
conductivity and the boundary fluxes. Figure 6 provides the calibrated
hydraulic conductivity and the anisotropy. Using the calibrated parameter
set, 84Z of the 19 measured hydraulic head values were satisfied with an error
tolerance of 0.1 o/d and 91Z with an error tolerance of 0.2 m/d (Moltyaner and
Poisson, 1987).

Values of the dispersivities necessary to complete this parameter set vere
taken from the analytical calculations performed in the section, Analytical
Parameter Estimation. The values are marked in Figure 6 with a star. The
completed parameter set is called parameter set B.

METHODOLOGY OF THE NUMERICAL INVESTIGATIONS

The identification of the optimal parameter set vas carried out using models
of different complexity. This allowed a comparison of different numerical
models.

In the first phase, the reliability of the parameter sets was investigated by
means of a flow model. The simulated hydraulic head distribution along the
mean flov axis of the tracer flov vas compared vith the measured piezometric
head distribution.

In the second phase, travel time calculations vere performed using a particle
tracking method. The calculated travel times vere compared vith the peak
arrival times estimated from the tracer test data (see Analytical Parameter
Estimation).

In the third phase, transport calculations based on the advection-dispersion
equation vere performed. For the choice of the numerical methods to be used
in this investigation, the computational effort and the computer memory
required to achieve reliable results., vas an important consideration. The
transport in the Tvin Lake aquifer is advection-dominated, resulting in very
fine discretization requirements for the finite element and the finite
difference method, which can not be satisfied here. Methods less sensitive to
the discretization are the method of characteristics and the random valk
method. Therefore, the simulation of the Tvin Lake tracer tests vas performed
using these methods. The comparison of the results of the tvo methods gives
valuable information about their efficiency. To demonstrate the error
resulting from use of the standard finite element method, vhen the
discretization requirements are not met, a simulation vas performed using a
finite element transport model vith the same discretization as that used in
the method of characteristics and the random valk method.
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Reg.onl Z - W A T E R TABLE *— UPPER BOUNDARY OF THE SIMULATED AREA

Hydraulic Conductivity In

Region 1:
Reglon 3:
Region 5:
Region 7:
Region 9:

1.16x10-
1.70x10'
1.58x10"
1.29x10"
1.70x10"

An 1 so trophy k f l [ /k f .

Region 1: 400.0
Region 3: 4.82
Region 5: 4.56
Region 7: 5.58
Region 9: 4.82

Disoerslvities in (m)

Region 2: 2.31x10-*
Region 4: 2.10x10*
Region 6: 1.46x10'•
Region 8: 2.31x10'*

Region 2: 3.01
Region 4: 4.43
Region 6: 6.16
Region 8: 3.01

aL * 0.01 m *)

a, - 0.001 m *)

Porosity: 0.38 (estimated by means of laboratory experiments)

*) Values adopted from the model calibration described in Results of the Model
Calibration.
All other values were estimated analytically, as described in Analytical
Parameter Estimation.

Figure 6 Parameter set B
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SIMULATION OF THE FLOW

To simulate the flov in the cross section along the axis of the tracer
movement a finite difference model developed by Kaleris (1986a) vas used. The
model is based on the differential equation of steady-state flov in saturated
and/or unsaturated porous media:

- 0

vhere $ is the pressure (or capillary pressure) head, kts, lcfx> are the
components of the saturated hydraulic conductivity and ICj is the relative
hydraulic conductivity calculated from the relationship:

(2)

vhere ^k/2 *s t n e capillary pressure head at which the relative hydraulic
conductivity becomes equal to 0.5 and n is a dimensionless coefficient.
Representative values of Tpk/3 and n for different soils are given in Kaleris
(1986b). The numerical model computes the hydraulic heads at the nodes of the
grid.

For the simulation, the right and left boundaries vere specified as constant
head boundaries. The hydraulic head distribution on these boundaries vas
taken from Moltyaner and Polsson (1987). The upper boundary of the modelled
area shown in Figure 5 and 6 as veil and the bedrock, vere assumed to be
impermeable. The grid spacing vas 0.3 m horizontally and 0.15 m vertically.
Using this discretization, the different hydrostratigraphic features, as veil
as the geometry of the bedrock, vere represented vith good accuracy and the
horizontal-to-vertical grid spacing ratio had an appropriate value.

Measured piezometric heads are available in nine multilevel piezometers shown
in Figure 3. The comparison of measured and computed piezometrit heads shoved
a good agreement for both investigated parameter sets (A and 3). Figure 7
shovs the results for tvo multilevel piezometers having r.he maximal
differences betveen measured and calculated values in the tracer occupied area
of the aquifer. The differences in the simulated heads obtained using the
parameter sets A and B are small. This makes the visual assessment of the
best parameter set difficult. Therefore, the mean square e~*-or betveen
measured and calculated piezometric heads vas used as a gooaaess of fit
function. This function vas calculated for each of the nine piezometers
according to the equation:

V I N
- 2 (h,-hc)

2 (3)

N i-1 * c

where N is the number of the measurements over the depth of a multilevel
piezometer, h, are the measured and hc are the computed values. The values of



Figure 7. Comparison between measured (*) and computed (-)
piezometric heads at two piezometers
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the aean square errors given in Table 1 do not shov any cleat difference
between the parameter sets A and B. Talcing into consideration that the head
measurements shov an error of up to 2 cm (Killey and Moltyaner, 1988), it can
be concluded that both parameter sets (A and B) are appropriate to describe
the flov in the Tvin Lake aquifer.

Table 1. Mean square error in (D) betveen measured and calculated
piezometric heads

Piezometer location
in <•) from the
injection veil

1
2
5
10
15
20
25
30
35

.0

.0

.0

.0

.0

.0

.0

.0

.0

Parameter set
•

0.0194
0.0245
0.0788
0.0440
0.0421
0.0418
0.0495
0.0391

Parameter set
B

0.0260
0.0303
0.0777
0.0461
0.0524
0.0334
0.0343
0.0458

0.0539 0.0587

TRAVEL TIME CALCULATIONS

The reference location for the start of the travel time calculations is at
x = 5 m from the injection veil. This point coincides vith the location of
the reference plume used as an initial condition in the transport simulations,
described in the section, "Numerical Transport Models". Approximately 50
particles vere equally distributed over the depth of the tracer occupied area
of the aquifer at x « 5 m. The particles vere distributed in the different
velocity zones shown in Figure 4 and it vas assumed that they move only under
the influence of advection. The travel times calculated here are comparable
vith the peak arrival times given in Figure 4. As the particles started at
the reference location x - 5 m, they vere provided vith an initial travel time
corresponding to that given in Figure 4 for the location x = 5 m from the
injection veil. The travel time of the particles vas estimated at distances
of 10 m, 15 m, 20 m, 25 m, 35 m, and 40 m from the injection veil.

For travel time calculations, it is "ecessary that the pore vater velocity can
be estimated at every point of the field. Using the piezometric head
distribution calculated by means of the flov model described previously, the
velocities betveen the nodes of the grid vere calculated. The velocity at an
arbitrary point vas calculated in the model using a bilinear interpolation.
The position of a particle at the end of each time step vas calculated using a
Runge-Kutta integration (Kinzelbach, 1986).

A detailed comparison of the travel times calculated for the parameter sets A
and B vith the peak arrival times given in Figure 4 vas made visually by means
of plots such as the one shown in Figure 8. The comparison shoved clear
differences betveen the results obtained for the parameter sets A and B.
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Figure 8. Coaparison between measured and calculated travel times
at a distance of 10 m from the injection well

The results obtained using the parameter set A give a closer agreement to the
measured results than those of the parameter set B.

To quantify the differences between the results of the parameter sets A and 6,
the mean pore water velocity in the intervals from the injection well to each
of the positions, where travel times were calculated, was estimated according
to the equation:

where L, is the distance from the injection well and T, is the mean travel
time over the depth of the tracer occupied part of the aquifer. Ts is
calculated according to the equation:

-1 IE
m. 1=1

where m, is the thickness of the tracer occupied part of the aquifer at a
distance x from the injection well, tt is the travel time in the velocity zone
i and Azi is the thickness of the velocity zone i.

The values of u, in Figure 9 show clearly that the parameter set A describes
the convectlve transport in the Twin Lake aquifer better than the parameter
set B. This result differs from that obtained in the previous section by
means of the piezometric head distribution.
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Figure 9. Mean pore water velocity between the injection well
and different locations from it

NUMERICAL TRANSPORT MODELS

General Remarks

The advectlon-dispersion equation, used to describe the transport in the Tvin
Lake aquifer is:

ac ac ac a / _ ac n ac \ a
at + u» a£ + u« Tz - H \ D " alE + D» IS j + ai

ac _ ac
IS + D » Tz

where c is the tracer concentration u,, u, are the components of the pore
water velocity u and D
coefficients resulting froa the equations:

DIZ are the hydrodynamic dispersion

(7)

with aj, and a, the longitudinal and transverse dispersivities. Decay of the
radioactive tracer 131I has not been considered, because the data used here
are decay corrected. Sorptlon, according to Killey and Moltyaner (1988), is
not relevant for the transport in the Tvin Lake aquifer.

In the transport simulations the velocity field was calculated using the
piezometric head distribution computed by means of the finite difference flow
model described in the section, "Simulation of the Flow". The initial
concentration distribution in the vicinity of the injection well is not known
with accuracy. Therefore, a reference concentration distribution for the time
t - 4.52 days after injection is used as an initial condition. At this time,
the plume had already reached the position x - 5 m fron the injection veil.
Therefore, transport simulations can be performed only for the part of the
aquifer between 5 m and 40 m from the injection well.

Field data available for the comparison vith the numerical results are
breakthrough curves measured at the points shown in Figure 10 as veil as
concentration profiles measured at definite points in time in the monitors
10 m, 15 m, 20 m, 30 m, 35 m, and 40 m from the observation veil.
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In most cases, the differences between the results obtained using the
parameter sets A and B are cle^r and a visual comparison was adequate. No
goodness of fit functions were used for comparison of the results of the
transport simulations.

10

".55m

• POINTS, WHERE BREAKTHROUGH CURVES WERE MEASURED

I i
TUBES, WHERE CONCENTRATION PROFILES WERE MEASURED

Figure 10. Locations at which breakthrough curves and concentration
profiles were measured

Investigations With the Method of Characteristics

The investigations vere carried out using the model developed by Konikov and
Bredehoeft (1978). The flow part of the model was omitted and the piezometric
head distribution computed by means of the flow model described in the
section, "Simulation of the Plow" was used. For this flow model, the location
of the input parameters and the computed hydraulic head correspond to the
nodes of the grid, whereas for the transport model, they correspond to the
centres of the finite difference cells. Because of this, a transformation was
required. The hydraulic conductivity, the anisotropy and the piezometric
heads at the center of the cell were calculated as the geometric mean of the
values at the surrounding nodes. To investigate the influence of this
transformation, the velocity field calculated by using the nodal values was
compared with that calculated by using the values at the center of the cells.
Due to the fine spatial discretization used here there were no differences
between the two vtlocity fields (Rlukas, 1989).

Table 2 lists the parameter set for which the simulation results give the best
fit of the measu^d breakthrough curves and the concentration profiles. These
results indicate that the parameter set A describes the transport better than
the parameter set B. The differences between the breakthrough curves 3, 6, 8,
and 9 obtained using the two parameter sets are considerable. Some examples
are given in Figure 11. The differences are also considerable for all
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concentration profiles. Sooe of them are given in Figure 12. Tvo
breakthrough curves (4 and 7, Figure 13) cannot be simulated adequately by
either parameter sets.

Table 1. Best parameter set estimated comparing measured breakthrough
curves and concentration profiles vith the results obtained by the HOC

Breakthrough
curve

1
2
3
4
5
6
7
8
9
10
11

Best Parameter
•at

B
A
A
—
A+B
A
~
A
A
A
A

Concentration Profile
measured at

X-10 B
15 i
20 i
25 i
30 i
35 i
40 B

Best Parameter
set

A
A
A
A
A
A
A

Figure 14 shows the mass balance error in the simulation as a function of
time. This error is calculated using the equation:

E - 100.0 ft " $*• (8)

where AM, is the change in mass stored in the aquifer, Mf is the net mass flux
and Ho is the initial mass of solute present in the aquifer. For the
simulation with the parameter set A, the error in the mass balance varies
between -14Z and +13Z and is larger than the error resulting for the parameter
set B (between -41 and 9Z).

The error in the mass balance is an indicator of the accuracy of the results.
It strongly depends on two execution parameters: The parameter CELDIS, vhich
gives the maximal fraction of the ^rid dimension that particles are allowed to
move within a time step and the parameter NPTPND, which is the initial number
of particles per cell. The values of the execution parameters resulting in
the minimum mass balance error, were dependent on the parameter set used. The
differences in the mass balance error of the simulations A and B (Figure 14)
indicate that the optimal values of the execution parameters change for small
changes of the aquifer parameters. This was confirmed in additional
investigations. According to our experience, the numerical errors only played
a small role in the differences in the results of the simulation A and B
(Figure 11 and 12). However, the sensitivity of the mass balance error to
small changes of the hydraulic conductivity indicates that it is necessary to
re-estimate the optimum execution parameters during the different phases of
model calibration.
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Investigations vith the Random Walk Method (RVH)

The principles of the RVH are given in Uffink (1985) and Kinzelbach (1986).
For the investigations carried out here, a model developed by Lang (1989) (see
also Kaleris and Lang, 1990) was used. In the model, the position of the
particles at the time (t+At) is calculated according to the equations:

Xp(t+At) - Xp(t) + u'.At

Zp(t+At) - Zp(t) + u',At + "^ Z1-/2aLuAt - ^

(9)

where u is the pore water velocity with components ux and us; Zx and Z2 are
normally distributed random variables vith average 0 and standard deviation 1
and u'x, u's are the components of the pore water velocity corrected by the
terms from the Ito-Fokker-Planck theory (Uffink, 1985, Kinzelbach, 1986).

The accuracy of the RVM is influenced by the maximum fraction of the grid
dimension that particles are allowed to move within a time step and also by
the number of particles. Appropriate values for the fraction of the grid
dimension are 1/5 to 1/10 (Prickett et al., 1981). Here a value of 1/4 vas
used. To estimate the required number of particles used to simulate the
initial concentration distribution a limited number of transport time steps
were computed. The smallest number of particles giving simulation results
similar to a simulation having a large number of particles, was used for the
final calculation. Here 15300 particles were used.

Table 3 provides the parameter set, which gives the best fit of the
breakthrough curves and the concentration profiles. The results confirm that
the parameter set A is more appropriate to describe the transport phenomena in
the aquifer than the parameter set B.

Table 3. Best parameter set estimated comparing measured breakthrough
curves and concentration profiles with the results obtained by the RVH

Breakthrough
curve

1
2
3
4
5
6
7
8
9
10
11

Best Parameter
set

A+B
B
A
—
A
A
A
A
A
A
A

Concentration Profile
measured at

x-10 m
15 i
20 i
25 i
30 •
35 i
40 ii

Best Parameter
set

A
—
A
A
A
A
A
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Figures 16, 17 and 18 give the results of the RUM tot the same breakthrough
curves and concentration profiles as those given in Figures 11, 12 and 13 for
the HOC. Comparing the results of the tvo methods, it can be seen that they
are similar except for breakthrough curve 7. It should be remarked that the
points, at vhlch the breakthrough curves for the tvo Methods vere computed,
are slightly displaced from one another. In the RVM, they coincide vith a
node of the grid vhereas in the HOC, they coincide vith the center of a cell.
Because of this displacement, point 7 lies in different layers for the tvo
cases.

The resource tine for the RVM simulation, on the CRAY-2 computer of Stuttgart
University vas 1998 s. The computational effort required for evaluation of
the number of particles must be added to this. Due to the fact that for the
evaluation of the number of particles only a fev time steps need to be
calculated, this computational effort is a small fraction of the resource time
of the final simulation.

The random fluctuations vhlch appear in the breakthrough curves and the
concentration profiles computed by the RVM are relatively small. A further
improvement in the values of the aquifer parameters by using a large number of
particles seems possible. Bovever, this is associated vith a large
computational effort making a further calibration unreasonable.

Investigations vith the Finite Element Method (FEM)

To obtain an estimate of the numerical dispersion resulting vhen the
discretization requirements for the FEM are not met, a simulation using the
parameter set A vith a finite element model vas carried out.

A regular finite element grid vith triangular elements and the same grid
spacing as that used in the method of characteristics and the random valk
method vas used. The model is based on the Galerkin method vith linear
interpolation functions. The time derivative of the transport equation is
discretized using a general time-veighted finite difference approximation.
The original version of the finite element model vas developed by Frind (1980,
personal communication). For the flov calculations, boundary conditions
similar to the finite difference model described in the section, "Simulation
of the Plow", vere used. The initial conditions used for the transport
simulation vere the same as those used in the HOC and the RVM. The time step
used vas 0.1 d. For the spatial discretisation used here, a horizontal pore
vater velocity ux = 1.2 m/d and a longitudinal dispersivity aj, > 1 cm, which
are representative values for the Tvin Lake aquifer, the grid-Pedet-number
is:

u«Ax
- 30 (10)

This value is much larger than 2, vhich is the upper bound to limit numerical
dispersion (Frind, 1982). A comparison of the same breakthrough curve
calculated by the FEM and the HOC, Figure 19, shovs that the influence of the
numerical dispersion on the results of the finite element solution is
considerable. To compare the parameter sets A and £ using the FEM,
significantly finer discretisation is necessary.
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SUMMARY AND CONCLUSIONS

Two sets of parameters, proposed to describe the flov and transport phenomena
in the Twin Lake aquifer, were compared here. The investigation was carried
out using models having different degrees of complexity.

In the first phase, a flow model was used. The reliability of the two
parameter sets was investigated by comparing the piezometric head distribution
computed for each parameter set, with the field data. The comparison shows no
differences between the two parameter sets. This result is in contrast with
the results of all other models used here, and shows that model calibrations
based only on comparison of piezometric heads can give erroneous values of the
flow and transport parameters.

In the second phase, travel time calculations were carried out using a
particle tracking model (dispersion free transport). These calculations,
which require relatively small computational effort, show clear differences
between the investigated parameter sets. The identification of the best
parameter set was done by comparing the computed travel times with peak
arrival times estimated from the field data. The results obtained by the use
of the travel time calculations were confirmed by the numerical investigations
of the next phase. This indicates that travel time calculations represent a
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simple vay to test aquifer parameters, before they are used in transport
•odels vhich are based on the advection-dispersion equation.

In the third phase of the investigation, tvo numerical models solving the
advection-dispersion equation were used. The first one is based on the method
of characteristics (HOC) and the second one on the random walk method (RUM).
Comparing measured vith computed concentration profiles and breakthrough
curves both methods shov clear differences between the parameter sets
investigated and confirm the result of the travel time calculations. Reliable
results vith the random walk model can be achieved using a large number of
particles. However, as is shown here, this causes high computational costs,
vhich make the method less attractive for practical cases. To achieve
reliable results with the MOC-aodel used here (Konikov-Bredehoeft-model)
characteristic execution parameters must be carefully evaluated. This
evaluation must be done by means of a sensitivity analysis. In cases such as
those presented here, in which the relationship between the execution
parameters and the error in the mass balance is not simple and
straightforward, the computational effort required for the evaluation of the
execution parameters can be considerable. Further, it was shown that due to
the sensitivity of the results to the execution parameters, detailed parameter
estimations by calibrating the HOC-model used here are problematic.

If the spatial discretization requirements of standard finite element and
finite difference methods are not met, the results of these methods are
affected by numerical dispersion. To demonstrate the influence of the
numerical dispersion on the results of finite element simulations, the Twin
Lake aquifer tracer test was also simulated with a finite element transport
model, using the same discretization as in the simulations with the other
methods. The comparison of the results shows that the influence of numerical
dispersion is relatively strong.
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METHODS FOR CALCULATING THE INTEGRAL-SCALE DISPERSIOH COEFFICIENT,
WITH APPLICATIONS TO THE TWIN LAKE AQUIFER

G.L. Moltyaner and C.A. Vills
AECL Research, Chalk River Laboratories, Chalk River, Ontario KOJ IPO

ABSTRACT

Thi a natural gradient radiotracer tests were performed at the Twin Lake
aquifer, Chalk River, Ontario, by injecting radioiodine- and/or tritium-
labelled groundvater into the aquifer and by monitoring its migration first
over 20, uien over 40 and in 1987-88 over 260 metres of subsurface flov
path. The strategy of observations in all three tests was to record
concentration versus depth data at lines of boreholes oriented transverse
to the mean flov direction over time periods required for the tracer plume
to pass any given line of boreholes. Observed data were ayeraged over the
transverse-to-flov cross section and fitted to the one-diaensional
integral-scale dispersion equation to estimate the coefficient of
longitudinal dispersion. An alternative way is to accept the "frozen"
dispersion hypothesis for time periods required for the tracer plume to
cross any transverse-to-flov line of boreholes, and to reconstruct observed
data in time. The integral scale dispersion coefficient was estimated from
the reconstructed data by calculating the second moment of the local-scale
concentration distribution. Yet another way is to calculate the mean-
square displacement of local-scale particles crossing the reference plane
dravn through a transverse-to-flov line of boreholes and estimate the
dispersion coefficients.

The advantages of all these methods for calculating the dispersion
coefficient is one of the topics of discussion in this paper.

INTRODUCTION

Groundvater tracer tests employed in investigations dealing vith the
prediction of fate of contaminants in a natural geologic environment aim at
providing information about the dynamic behaviour of the groundvater
system of interest. Undoubtedly, the most revarding tests have been large-
scale natural-gradient tracer experiments performed only in the recent past
[Mackay et al., 1986]; [Garabedian, 1987]; [Killey and Moltyaner, 1988].
Although costly and time consuming, these tests provide information vital
for understanding and quantifying the dispersion process controlling the
movement and spreading of contaminants. This paper details scaling aspects
of the process by reference to a series of large-scale tracer tests
performed at Chalk River, Ontario. The tests vere carried out vith tritium
and radioiodine (ground-penetrating gamma emitter) over 20, 40, and 260 m
[Killey and Moltyaner, 1988]; [Moltyaner, 199OJ.
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Theoretically, by adding tritium to the flowing groundvater, ve can trac2
the trajectory of an individual water molecule and determine its Lagrangian
velocity at each point in time. The problem of characterizing dispersion
characteristics of the aquifer of interest may be resolved then at the
molecular scale. Practically, we have no means to distinguish between any
two molecules and the details of molecular scale motion in geologic media
remain Inaccessible for the investigation. The groundwater tracing is
performed, therefore, at a larger, a priori unknown to us, scale by
sampling the tritium distribution at predetermined borehole locations, by
measuring the tritium concentration in extracted water samples and by
estimating the groundvater (Eulerian) velocity at these locations.

The scale over which the measured tritium concentration is averaged is
determined by the technical resolving power of the sampling device (by the
size of the sampling device "window"). As a result, the measured
concentration is a function of the sampling scale (of the level of
resolution or aggregation of the measurement device). The Eulerian
velocity inferred from the concentration measurements must be recognized
then as a purely arbitrary quantity depending on the sampling scale (the
scale of spatial resolution of the sampling device). The scale is
identified as the first (out of four) dispersion model length scale that is
used to characterize the dispersion process in geologic media. It is
important to emphasize the need for uniformity in the size of the sampling
device window in practical applications of groundwater tracing techniques
for collecting consistent experimental data.

The term spatial resolution, as used here, embodies two notions. The first
one is the already-discussed esolving power of the device. The second Is
the resolution needed for identification of those aquifer heterogeneities
that actually interfere with the groundwater flow and transport processes.
Two distinct types of aquifer heterogeneity, phase heterogeneity and
geologic heterogeneity, are of interest to us in this paper. Usually,
various classes of continuum representation are used to characterize phase
heterogeneity and different qualitative descriptors are used to
characterize geologic heterogeneity. Ve shall assume that each of the two
indicated heterogeneities can be characterized by a finite length of scale,
which for convenience are referred to as the second and the third
dispersion model length scales.

The second length scale of the dispersion model is the scale associated
with a conceptual model of a porous medium (or a fictitious fluid
continuum) [Bear, 1972] introduced to define the dispersion process
variable, concentration, in a way that the contribution of phase
heterogeneity in generating dispersion may be meaningfully quantified. In
this paper it is referred to as the local scale [Moltyaner, 1989, 1990].
It is apparent both from field tests (Moltyaner, 1990] and theoretical
investigat ns [Baveye and Sposito, 1984]; [Cushman, 1984, 1986]; [Dagan,
1986]; [Newman, 1987] and [Moltyaner and Wills, this issue] that the scale
at which the tracer concentration is defined should be the same at which it
is measured. The familiar definition of the tracer concentration based on
the concept of a representative elementary volume [Bear, 1972] is employed
for the purpose when the conventional, so-called mixing-cup measurement
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device that samples a finite volume of the aquifer is in use. It is not
applicable as the definition of radioiodine concentration, since the
aquifer sampling volume is of infinite extent. [Holtyaner, 1989, 1990],
following [Anderson and Jackson, 1967] and [Marie Marsily, 1986, chapter
1], introduced an operational definition of a porous medium and of the
tracer concentration, applicable for both types of measurement devices
using an averaging procedure with regard to a weighting function
representing the measurement process.

The Identification of the third dispersion model length scale and
quantification of geological heterogeneity is the subject of our very
recent investigations. Natural-gradient tracer tests performed at the Tvin
Lake aquifer vith the ground-penetrating gamma-emitting tracer radioiodine
form the basis of these investigations. Scanning dry observation veils for
radioiodine provides information on joint variations of static (sedimentary
matrix) and dynamic (flowing water) elements of the aquifer over its depth
on a point-to-point basis. The information is used to characterize the
local-scale groundwater flow velocity variation. The complex velocity
variation is thought of in a continuum sense as a random field which is
characterized by the spatial covariance function, and the spatial structure
of the velocity field is modelled in terms of autocorrelation functions
expressing the rate of loss of correlation between local-scale velocities
at two points of given vector separation. Knowing autocorrelation
functions in three orthogonal spatial directions, one can estimate velocity
integral scales in these directions. Since variabilities in the local-
scale velocity field are actually produced by geologic heterogeneity, we
can characterize geologic heterogeneity by the same length scales as
variabilities in the velocity field. The use of a ground-penetrating
gamma-emitting tracer like radioiodine in the groundwater tracing studies,
therefore, gives a new practical method for quantifying the effects of
geologic heterogeneity on dispersion without invoking Darcy's law and the
concept of hydraulic conductivity.

The geologic media may posses heterogeneity at a variety of scales, and
their indirect characterization based on velocity integral scales depends
upon (or is biased towards) the scale of resolution (spacing between
observational points) of the monitoring network. Ve, therefore, associate
the fourth dispersion model length scale with the scale of spatial
resolution of the monitoring network.

The first two dispersion model length scales may be termed collectively as
the scale of regularization of the dispersion process variable,
concentration. It is introduced to smooth out the phase heterogeneity
associated with the presence of solid and liquid phases. The scale is very
much smaller than the length scale characterizing the distribution of the
radioiodine plume. Measuring the radioiodine activity over the period of
time required for the tracer particle to traverse the local characteristic
length scale imposes the condition of isotroplc mixing in the porous
medium. The assumption of locally homogeneous and isotropic dispersion
characterized by the Fickian type of law becomes appropriate for the
quantification of dispersion.
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The third and fourth dispersion model length scales are related to the
scale of homogenization of geologic heterogeneities. From the geometrical
point of view, the homogenization of geologic heterogeneities Beans that ve
study average dispersive properties of aquifer materials in the
"correlation space," at the scale larger than integral scales of velocity
variation (provided that the scales exist) rather than in the actual
physical space. The latter may be of the sane order as (or larger than)
the saturated thickness of the aquifer and of the length scale
characterizing initial distribution of the tracer plume. Therefore, to
regard the effect of geological heterogeneities in three spatial dimensions
as being similar to local-scale dispersion may not be possible for shallow
aquifers, and must always be approached vith caution.

So, when analyzing tracer dispersion, ve shall assume the presence of two
distinct scales, regularization and homogenization. Dispersion of the
tracer plume, then, can be seen to occur in tvo distinct ways. Firstly, as
a result of velocity variation within a single hydrostratum (at the scale
of regularization), any given parcel of the tracer plume spreads as it
travels. The spreading results from phase heterogeneity and diffusion.
Characterization of the dispersion process at this scale is a subject of
our previous publications (see list of references). Secondly, as the
result of velocity variations between strata, the plume as a whole spreads
as it travels. The spreading (at the scale of homogenization) is the
result of geologic heterogeneities and may be quantified using the integral
scale dispersion model [Moltyaner and Wills, this issue]. In this paper ve
shall concentrate on the description of the spatial structure of the local-
scale velocity field and displacement characteristics of local-scale
particles, and on the determination of integral-scale dispersion
characteristics of the Twin Lake aquifer caused by the local-scale velocity
variation.

Dispersion of Radioiodine at the Twin Lake Aquifer

Of the phenomena controlling contaminant mobility in the subsurface,
dispersion processes caused by phase heterogeneity are perhaps best
understood and characterized. A lack of understanding still exists in
characterizing the dispersion processes caused by geologic heterogeneity.
Key questions tha : need to be answered include the char; cterization of
geologic heterogeneity and applicability of the Fickian mode of dispersion
for characterizing spreading of contaminants caused by geologic
heterogeneity. The large-scale natural-gradient tracer tests performed at
Chalk River in 1982, 1983 and 1990 (see list of references) using
radioiodine as the groundvater tracer have provided information sufficient
to answer these questions. This section gives a brief summary of our
efforts on this and related issues.
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The Spatial Structure of the Local-scale Velocity Field (of Geologic
Heterogenei tv̂

Borehole scans collected during Twin Lake tests were used to calculate the
local-scale velocity on the basis of the local-scale advectlon-dispersion
equation [Moltyaner and Wills, 1990]. These calculations provided an
exceptionally detailed information (at 3 cm vertical increments) on
velocity variations at locations of the monitoring network. It is neither
practical nor possible to drill boreholes at every spatial location and to
calculate the local-scale velocity at this location. It is sore
appropriate to characterize the local-scale velocity statistically and
consider the local-scale velocity field as a random one. A statistically
complete description of the local-scale velocity field requires joint
probability density functions of velocity at various locations. The
required data are unavailable from field tests. It is more practical to
characterize the velocity field by moments of the second order or less.

Under the assumption of weak space-stationarity, the patterns of
correlation and persistence of local-scale velocity are reflected in the
second-order statistics, and the spatial structure of the velocity field
may be modelled in terms of auto- and crosscovariance functions, which
describe the statistical dependence of velocity values at one location on
the values at another location a specified distance apart. As represented
in the model, small heterogeneities impose differences in velocity between
tvo relatively close locations, vhereas large stratigraphic features give
velocities that weald be similar at these two locations.

From the physical viewpoint, space-stationarity means that average
characteristics of the local-scale velocity components remain constant in
space and their spatial variability, expressed in terns of correlation
functions, is the same throughout the domain of interest. The implication
of this fact on the dispersion process is that two quantities are
important: 1.) the size of the aquifer domain over which local-scale
velocities are aggregated, and 2.) the size of the deviation of local-scale
velocities from their expected value.

The tensorial correlation function [Lumley and Panofsky, 1964]

l,2,3 (1)

of velocity fluctuations ui=ui-<ui> at two positions x and x+£, and of lag
£ is used to charac' -i?a the spatial velocity variation. The function pti
is an autocorrelation when i=j and a crosscorrelation when i*j. It has
value pi;j(O)=l. In (1) angle brackets symbolize the probability averaging
operation, which is identical to the space averaging operation according to
the accepted ergodic hypothesis [Moltyaner and Wills, this issue].

Following [Bennion and Hope, 1974], we shall use autocorrelation to
classify the spatial velocity variation as randlon if velocity at a point
does not depend on neighbouring velocities separated by, at least, the
local characteristic length scale. The spatial velocity variation is
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termed stratified (correlated velocity strata) if velocity at a point
statistically depends on neighbouring velocities separated by, at least,
the local characteristic length scale.

In using these definitions for investigating the spatial correlation
structure at the Twin Lake aquifer, it is convenient to sake transformation
to the coordinate system, where the first axis lies along the separation
vector £ oriented along the mean direction of flov. This can be done by
assuming horizontal mean flov (parallel to the stratification), so that
<u3>=0 and by taking the xt axis in the direction of mean flov, so that
<u2>=0. In the chosen coordinate system this results in the mean velocity
vector <u>»{<u1>,0,0}. Further, in modelling spatial variation in velocity
ve shall hypothesize the existence of velocity integral scales in the
longitudinal, the transverse-vertical and transverse-horizontal directions.

Ve shall regard field data as a sample drawn from a population and estimate
the one-dimensional sample autocorrelation function p by suitable
statistics, which may be taken to be [Bennion and Hope, 1974]

/>(k)=a(k)/a(0) k=0,l,2,... (1)

where

a(k)=(l/n)

Since the local-scale velocities were calculated using tracer test data at
3 cm vertical intervals, in calculating sample autocorrelation functions
the lag number is taken as 3k. The sample autocorrelation functions show
trends that may be approximated by exponential functions.

The 50 pairs of values (3k, l(k)) taken along the transverse vertical
direction were fitted in the least square sense by the exponential
correlation function

R(x3)=exp(-x3/l3) (2)

where x3 is taken as 3k and 13 is the fitting parameter. This parameter is
knovn as the integral correlation length scale defined by the relationship
[Lumley and Fanofsky, 1964]

l3=fR(x3)dx3 (3)

13 indicates the average distance over which the local-scale velocities are
correlated, and owing to the assumed stationarity it is independent of
position. The estimated value of the vertical correlation scale for
boreholes located along the mean direction of flov is given in Table 1.
The average value for the vertical correlation length scale is 0.44 m.
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TABLE 1

Vertical Correlation Length Scale

1/1,
Borehole (CM)

2V Os 26.69
5V 0.5S 67.36
10W 1.5S 76.14
15V 2S 79.87
20V 3s 39.24
25V 4S 20.41
30V 5S 18.69
35V 6S 29.12
40V 7s 33.11

Average 43.74

The analogous relation is used to define 12 and lx in transverse-horizontal
and longitudinal directions. The corresponding values are 1.5 m and 15 ••
The product I1I2I3 is referred to as the "correlation volume" or "integral
volume scale" of the local-scale velocity variation and for the Twin Lake
sediments it is equal to 11 m3.

Velocity integral scales specify mean dimensions of a stratum
(characteristic dimensions of geologic heterogeneity) in the longitudinal
and tvo transverse directions. The existence of such a stratus is a
reasc: ,ble assumption, since the velocity variance vithin the stratus is
less than among strata. The integral scales are recognized as third
dispersion model length scales.

Fourth dispersion model length scales are 0.01 n in the transverse-vertical
direction for radioiodine and 1 m for tritium, 0.5 • to 1 • in the
transverse-horizontal and longitudinal directions. This type of spacing
between measurement ports at the Twin Lake experimental site provides
sufficient spatial resolution for the quantification of velocity variations
and, thereby, for the quantification of dispersion.

Frequency Distribution for Velocity

In constructing the probability model for local-scale velocity
distribution, velocities calculated by fitting the local-scale advection-
dispersion equation to data collected at every 3 cm of depth increments
were used first [Moltyaner and Wills, 1990]. A histogram of all
longitudinal velocities from the 1983, 40 m tracer test calculated at each
borehole closest to the path of the centre of mass of the plume and grouped
according to the magnitude is shown in Figure 1. The 1221 velocities
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FIGURE 1
FREQUENCY DISTRIBUTION OF VELOCITIES
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follow no obvious statistical distribution. The velocities lie in the
range 0.57 to 2..10 with a mean of 1.67 m/d, a variance of 0.027 m2/d2, and
a coefficient of variation 14.IX.

Previously, three velocity zones have been identified by correlating tracer
arrival time from borehole to borehole along the mean direction of flov
[Holtyaner and Killey, 1988]. There is a low velocity zone near the
bedrock surface and a high velocity zone near the water table that extends
approximately over 20 m. The middle velocity zone, which contains the bulk
of the data, lies between the other two. A histogram of the 849 velocities
calculated in this zone is shown in Figure 2, with the theoretically
expected normal distribution superimposed. Although the Chi-square test
and the Kolmogorov-Smirnov test indicate that these data do not follow a
normal distribution, the visual comparison of observed and theoretical
results shown in Figure 2 suggests that velocity may be considered to
follow approximately a normal distribution. The middle zone velocities lie
in the range 0.84 to 1.40 with a mean 1.16 m/d, a variance of 0.0046 m2/d2,
and a coefficient of variation 5.8Z. Note the urastic reduction in the
magnitude of the coefficient of variation.

In the 1987 test, performed using tritium, data were collected at
multilevel sampling ports spaced 1 m apart. The "middle-zone" velocities
from boreholes closest to the path of the centre of mass of the plume for
all lines up to 120 m from the source are shown in a histogram in Figure 3.
In this case a Chi-square test indicates no evidence against the hypothesis
that 52 local-scale velocities come from a normal distribution. The range
of velocities is 0.68 to 1.04 with a mean value of 0.88 m/d, a variance of
0.0071 m2/d2, and a coefficient of variation of 9.6Z.

Based on these observations, it seems reasonable to assume that velocity
follows a normal distribution. Let us move now to the analysis of
dispersion of local-scale particles by the normally distributed local-scale
velocity field, which is specified by its constant nean value and its
constant longitudinal, along the flow, and transverse-to-flow integral
correlation length scales.

Displacement Characteristics of Local-scale Particles

If local-scale particles comprising the tracer plume could be observed
Individually by tracing their trajectories over the entire period of
experimentation, attempts could be made to evaluate Lagrangian statistical
characteristics of the motion of local-scale particles. Difficulties
associated with the tracing of a local-scale particle trajectory in the
subsurface environment, in general, preclude the possibility of calculating
these characteristics. Moltyaner and Wills, 1990, have developed a method
which may be used for the indirect estimation of Lagrangian statistical
characteristics of the motion of local-scale particles, and the
characterization of the dependence between the concentration expected value
and the structure of the velocity field (geologic heterogeneity).
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FIGURE 2
FREQUENCY DISTRIBUTION OF VELOCITIES
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FIGURE 3
FREQUENCY DISTRIBUTION OF VELOCITIES
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The basic idea of the method is that invoking the frozen dispersion
hypothesis (according to this hypothesis, the integral scale dispersion
pattern is assumed to be frozen, i.e., tine-invariant over tiae periods
required for the tracer plume to pass a line of boreholes) and neglecting
molecular diffusion and local-scale mechanical dispersion, one makes the
time inversion of observed concentration data an allowable linear
transformation, which in addition to the translation to the Moving
coordinate system remains invariant with regard to the lavs of physics
governing dispersion. In many practical cases the evolution of dispersion
process is relatively slow and, therefore, the error introduced by using
the hypothesis of frozen dispersion is small.

Natural gradient tracer tests, in which a pulse of radiolodine-labelled
groundvater is monitored in a way that the concentration-depth data are
recorded at 1 cm vertical intervals and concentration-tiae data are
recorded continuously, is the most appropriate one for the application of
the proposed method. The details of the application can be found in
Moltyaner and Wills, 1990. The pertinent information Is that the
displacements of local-scale particles back in time are characterized with
the aid of local-scale velocities. Time displacements of local-scale
particles performed with regard to the reference plane x=x0 at the time of
arrival of the centre of mass of the plume T are given by equation

x(t)-3to=J-v(X,t)dt=J-u(x(Xft),t)dt (4)

In (4) t is the time of measurement, X is the initial configuration of
local-scale particles, u is the Eulerian velocity and v is the Lagrangian
velocity fluctuating with regard to the uniform tracer plume velocity
defined at time T. Since the local-scale velocity is assumed to be a
random function of x, vector (4) is also a random function of x.
Relationship (4) is a simplified version of the one used by Matheron and
Marsily, 1980, and has a slightly different physical meaning.

In analyzing displacements of local-scale particles, we simplified the
problem and approximated the actual motion of local-scale particles
comprising the tracer plume by their linear motion parallel to the
direction of mean flow. Therefore, the local-scale particles that pass in
succession the reference plane were displaced back in time along linear
trajectories. The linear displacements were positive or negative with
regard to the reference plane, depending on whether the time t of
measurement of the tracer concentration was less or larger than the time T
of arrival of the centre of mass of the plume, and they were performed over
a time interval, tj-^, required for the entire plume to cross the plane.

Analysis of the form of probability density function for displacements (4)
was performed along the mean direction of flow using longitudinal local-
scale velocities calculated at different boreholes downgradient from the
injection well. Note that this analysis is valid for travel tines larger
than that required by a local-scale particle moving with the mean flow
velocity to traverse the correlation volume. The frequency distribution
for all 27 362 displacements calculated for all borehole scans taken along
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the path of the centre of mass of the plume from the 1983 tracer test Is
shown as a histogram in Figure 4. Note also that the Magnitude of any
displacement depends significantly on the time of Measurement t. There are
A significant number of large negative displacements caused by the long
trailing tail which developed in the low velocity zone at distances larger
than 30 m from Che source. Since no obvious distribution was found for the
velocities, th'i displacements were not expected to follow any distribution.
The mean of these displacements is -0.67 •, the variance is 14.79 m2, and
the displacements range from -17.93 a to 8.78 n.

Velocities from the middle zone were used to calculate a sample of 13 269
displacements for this zone only, shown as a histogram ir* Figure 5. The
times used here were from those scans that detected plume concentration
distribution in the middle zone. The scans that detected concentration
leading and trailing edges in the high and low velocity zones were deleted.
These displacements range from -5.06 a to 5.90 • with regard to the
reference plane with a mean of 0.34 a and variance of 4.80 m2. The Chi-
square test indicates that displacements do not follow a normal
distribution, but the histogram and superimposed normal distribution look
similar. Theoretically, the number of positive displacements with regard
to the reference plane (the plane of zero net flux) should equal the number
of negative ones and the mean displacement should be 0. In fact, 57Z of
the displacements are positive and 43X are negative. It is the times at
which the scans are collected that determines whether or not this sample is
symmetric and since there is only a small positive bias we assume that the
underlying distribution characterizing displacements of local-scale
particles with regard to the displacement of the centre of mass of the
plume has 0 mean.

Based on these observations, we assume that the form of probability
distribution function for displacements is close to the Gaussian one. Under
this assumption the mean-square displacement of local-scale particles
should be proportional to time. So, if the integral-scale transport is to
be Fickian, the following relationship for the longitudinal direction
should hold for the travel time when local-scale velocities become
uncorrelated

<x2>=2Dt (5)

where D is the integral-scale dispersion coefficient. In order to test the
validity of this relationship, the mean-square displacement of local-scale
particles at each line of wells was plotted against the time interval t2-
tx, during which time the middle zone on the plume passed the line of wells
(Figure 6). Therefore, in Figure 6 the horizontal axis shows not the real
time but intervals of time progressively increasing with the travel
distance, since the tracer plume grows with the travel distance as an
elongated cluster of particles.

The only way to avoid having <x2>, the mean-square displacement
characterizing the integral-scale dispersion of the plume and plotted at
the vertical axis in Figure 6, depends on t2-ta is for <x

2>/(t2-t1) to be a



FIGURE 4
FREQUENCY DISTRIBUTION OF DISPLACEMENTS

ALL DEPTHS 1983



6 9 1

FIGURE 5
FREQUENCY DISTRIBUTION OF DISPLACEMENTS
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FIGURE 6
RATE OF CHANGE OF VARIANCE OF DISPLACEMENT
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constant, the dispersion coefficient. One half slope of the fitted
regression line is shown as the dispersion coefficient in Figure 6. The
calculated dispersion coefficient is equivalent to that estimated from the
spatial moments analysis. The mean-square displacement of local-scale
particles, together vith the mean displacement of the centre of mass of the
plume, characterize completely the concentration expectation and variance
in the longitudinal direction.

Analysis of field data was performed actually in the rotated coordinate
system [Moltyaner and Wills, 1990]. By rotating back to the field
coordinate system, one can observe that displacements in the transverse-to-
flov direction are an order of magnitude smaller than in the longitudinal
dispersion. Field observations confirmed that the spreading of the plume
in the transverse to the mean flow direction is significantly smaller than
that in the longitudinal direction. Based on these observations, it can be
concluded that only the one-dimensional dispersion model is applicable for
characterizing the integral-scale dispersion.

From the 1987 tracer test 1326 displacements were calculated. They range
from -32.86 o to 21.05 m vith a mean of -3.03 m and a variance of
126.95 m2. Of these values, 441 are positive and 56Z are negative. A
histogram of these values is shown in Figure 7. Here the superimposed
normal distribution indicates that displacements do not follow the normal
distribution, although the velocities followed the normal distribution.
This result Indicates that at large travel distances, a number of
displacements vere calculated for some layers at times when the plume had
already passed through the layer and no more local-scale particles actually
existed there. In other words, the described procedure for calculating
time displacements say be subject to error when the concentration
measurements are performed at a 1 m vertical interval, as in the 1987 test,
rather than at 1 cm intervals, as in the 1983 test, and the effect of
tailing, say, along the bedrock surface, cannot be accounted for.

Conclusions

Table 2 shows a comparison of the value of longitudinal dispersion
calculated using various approaches. Integrating the normalized
concentration function over the whole space, the second moments give the
spatial variance tensor. If dispersion is constant, it can be read from
the slope of the fitted regression line to longitudinal variance versus the
time T for which the plume has been reconstructed. This value is 0.38 m2/d
calculated from data collected during the 1983 40 m tracer test, and
0.72 n2/d calculated from data collected during the 1987 260 m tracer test.

Another way of calculating dispersion is from averaged cross-sectional
concentration data obtained at various times from a particular line of
wells. The integral scale dispersion, calculated by fitting a one-
dimensional .solution to the advection dispersion equation to this
concentration-time data at various lines of wells, has. an average value of
0.35 m2/d.
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FIGURE 7
FREQUENCY DISTRIBUTION OF DISPLACEMENTS
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40
260

40

260

40

0.38
0.72

0.62

0.35

0.52

32
79

53

38

44

TABLE 2

Comparison of Longitudinal Dispersion Coefficients and Diipersivity

Travel Dispersion Disperslvi ty
Distance (•) (»2/d) (cm)

Moment Analysis

Analysis of Displacements

Plume Scale Breakthrough Curves

Vertical Correlation Length Scale

The vertical correlation length scale [Moltyaner and Wills, this issue] has
been calculated at various boreholes from data collected at 3 cm intervals
in the 1983 40-m tracer test. The average value of 44 cm and the average
velocity recorded during the experiment of 1.18 m/d have been used to give
a value of 0.52 m3/d for longitudinal dispersion.

The approach described for calculating the spreading characteristics of the
tracer plume does not rest on any particular physical model of dispersion.
The plume is regarded as a collection of individual local-scale particles,
the trajectories of which are assumed to be related statistically. The
spreading of these particles is determined by the longitudinal variation of
local-scale velocities, and was estimated by calculating their
displacements back in time. The statistics of displacements of these
particles, from the position they vould occupy by the mean flov alone, is
characterized by the second moment, which was found to grow linearly with
time.
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TOWARD A BETTER UNDERSTANDING OF THE COMPLEX GEOCHEMICAL
PROCESSES GOVERNING SUBSURFACE CONTAMINANT TRANSPORT

Robert W. Puls
R.S. Kerr Environmental Research Laboratory, USEPA

ABSTRACT

Identification and understanding of the chemical, physical, and biological processes
controlling subsurface contaminant migration is essential for making accurate
predictions on the fate and transport of these constituents. Remediation
assessment requires these predictions where pollution from municipal and
industrial activities has occurred, and for the responsible siting of waste isolation
and storage facilities. Geochemical processes include ion-exchange, precipitation,
organic partitioning, chemisorption, aqueous complexation, and colloidal stability
and transport. Current approaches to quantify the effect of these processes on
transport in a ground water system primarily involve laboratory techniques. These
include the use of closed static systems (batch experiments) where small amounts
of aquifer solids or minerals are contacted with an aqueous phase containing the
components of interest for relatively short durations, and dynamic systems
(column experiments) where a larger segment of the aquifer is investigated by
analyzing the breakthrough profiles of reactive and nor; reactive species. The
latter approach may be more representative of in situ conditions than the former,
however, when compared to large-scale field experiments both are still constrained
by:

• differences in scale,
»• alteration of media during sample collection and use, and
*• spatial variability.

More field reactivity studies are needed to complement established laboratory
approaches for the determination of retardation factors, scaling factors for
laboratory versus field data, corroboration or confirmation of batch and column
results, and for validation of sampling techniques. These studies also serve to
accentuate areas of geochemical process research where data deficiencies currently
exist, such as the kinetics of adsorption-desorption processes, metal-organic-
mineral interactions, and colloidal mobility. The advantages and disadvantages of
the above approaches are discussed in the context of achieving a more completely
integrated approach to geochemical transport experiments, with supportive data
presented from selected studies.
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INTRODUCTION

The transport of contaminants in subsurface systems involves many complex
physical, chemical and biological processes. These include ion-exchange and
specific adsorption of inorganics, organic partitioning, volatilization, precipitation,
co-precipitation, dissolution, aqueous complexation, oxidation-reduction, and
colloidal stability and transport. In an attempt to understand and predict •
contaminant behavior, physical models are often employed. These models are
intended to be scaled down representations of the natural systems being studied.
Typical examples used to model soils and aquifer systems are laboratory batch
reactors, flow-through columns or sand tanks. These are used in research to gain
insight into fundamental processes controlling contaminant transport and for
derivation of input parameters for transport modelling. Similarly, the more
traditional batch and column tests are often used for site assessment purposes. It
is important that the model used adequately simulates the important processes
unrl^r study or those which govern transport at a particular site. This often seems
easier to accomplish in a laboratory research mode, where the investigator may be
focusing on a specific reaction mechanism. However, for site assessment purposes,
there is increasing awareness that in many cases actual in situ behavior may not
be duplicated with such models.

Mathematical modek are subsequently used to depict contaminant transport from
processes which are observed and quantified by the use of physical models or
from field tests. These models may then be used for predictive purposes or to test
hypotheses about these processes as components of complex natural systems.
Both the physical and mathematical models become increasingly complex as
additional processes are modelled and the interrelationships of important
components within systems are more fully considered. Attempts to apply
mathematical models to the 'field' using laboratory-derived data are often
unsuccessful due to the use of oversimplified mathematical models and/or
inappropriate physical models for simulation of the natural system. Common to
all mathematical models are assumptions concerning how well they represent the
systems and/or processes they attempt to simulate. Some of the simplifying
assumptions commonly employed are:

(1) only one primary transport or transformation process,
(2) first order kinetics,
(3) linear reversible sorption processes,
(4) isotropic homogeneous medium,
(5) advection dominated transport,
(6) constancy of physical and chemical conditions in the flow field,
(7) local equilibrium, and
(8) unimportance of a mobile colloidal phase.
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As more of these 'simplifying' assumptions prove to be significant, requiring
consideration within the models for accurate transport predictions, model
complexity increases. Therefore, model development is dynamic. It depends on
new discoveries concerning processes previously neglected in the theoretical
model, innovative mathematical techniques which better represent reality, and
improvements in physical models to better simulate the natural system.

The physical models employed must be capable of simulating a natural system, as
in the case of site-specific assessments, and also permit perturbations of those
parameters which most affect contaminant reactivity, transformation and transport.
Examples are pH, ionic strength, chemical composition, redox, reactive surfaces,
and reaction rate. Quantifying the effects of these perturbations is particularly
important for natural systems where these parameters are spatially and temporally
variable.

To improve our predictive capabilities, as well as enhance our understanding of
basic hydrogeochemical subsurface processes, refinements of traditional batch and
column tests in coordination with more field tests are needed. Complementary
use of batch reactor analyses and column tests for determination of distribution
coefficients have been recommended (Schweich and Sardin 1981) cs a check on
equilibrium and kinetic assumptions. Field tests are further recommended as not
only additional checks on equilibrium and kinetic assumptions, but also as checks
on other basic assumptions and for providing data on the effects of spatial and
temporal variability and scaling factors corresponding to batch and column results.

MODEL SYSTEMS

Batch Tests

Batch reactor-type tests involve mixing an aqueous solution of known composition,
containing varying concentrations of the contaminant of interest, with a given
mass of adsorbent for a specified time interval. The duration is usually estimated
from preliminary experiments and should approach steady-state with respect to
contaminant sorption (sometimes optimistically referred to as equilibrium). The
solution phase is separated from the adsorbent and chemically analyzed to
determine the contaminant distribution between the two phases. A modified form
of the Freundlich equation is used to describe this relationship:

Kd = S/C,

where the distribution factor, K̂ , is equal to the concentration of contaminant on
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the solid phase, S, divided by the concentration of contaminant in the solution
phase, C. This is the most commonly used technique because of its simplicity.
The advantages of batch methods are:

1) replication,
2) the ability to individually vary chemical parameters,
3) large numbers of samples can be processed in relatively short time, and
4) they can be used to prioritize subsequent column and field testing
efforts.

Disadvantages are:

1) disturbance of solids during collection, preservation, and processing,
2) lack of adequate kinetic control,
3) questions of model representativeness, and
4) potential for experimental artifacts.

The latter arise from problems controlling a number of factors which can affect
sorption. Some of these factors are: contact time, temperature, pH, mixing mode,
ionic strength and chemical composition, solid/solution ratio, and separation
method.

Increasing values of IQ for cadmium sorption on kaolinite were observed for
decreasing batch solid/solution ratios by Puls and Powell (1990a; Table 1).
These results were similar to those of O'Connor and Connolly (1983). Work by
Voice et al. (1983), Gschwend and Wu (1985), and Di Toro and Horzempa
(1982) with organic contaminants, and Higgo and Rees (1986) with inorganic
actinides, suggest such differences are due to incomplete separation of solids from
the liquid phase, with nonsettling colloidal-size particles remaining as part of the
liquid fraction. Colloid-associated contaminants would thus appear as part of the

Table 1. Solid/solution ratio effects on distribution [KJ) of lead and
cadmium between solid (kaolinite) and liquid (0.01 M NaClO4) phases.

Solid/solution ig (I/kg)
ratio (g/L) Pb Cd

10.0 1269 425
1.0 1379 740
0.1 3520 1300
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dissolved phase rather than the sorbed phase. Mackay and Powers (1987) have
attributed similar effects to the increasing solids concentration resulting in an
increased collision rate between particles, causing physical displacement of loosely
sorbed species. Roy et al. (1986) also observed that the solid/solution ratio can
affect the aqueous chenucal composition of the batch system which can directly or
indirectly affect sorption. Due to these considerations, preliminary experiments
should be expanded to include not only equilibration times, but also selection of
appropriate solid/solution ratios.

The mode of mixing during equilibration may also have a significant effect on
sorption. Barrow and Shaw (1979) found there to be greater adsorption of
phosphate using a reciprocating shaker as opposed to a roller or tumbler, and felt
this was attributable to vigorous agitation which caused particle breakdown and
the exposure of 'fresh' surface sites for sorption reactions.

Column Tests

Column flow-through tests generally utilize minimally altered soil or geologic
media and unidirectional flow across the solids, and hence may be more
representative than batch experiments of in situ conditions. A good reference
procedure for setting up and operating columns for leaching solid waste is ASTM
standard test method D 4874-89. This provides details on construction materials,
matrix particle size, column preparation, saturation, and leachate collection.
Solutions of known composition are pumped through the column using syringe or
peristaltic pumps, at flow rates that simulate natural conditions. Complete
breakthrough occurs when the effluent concentration equals the influent
concentration. Even incomplete breakthrough can provide useful information (e.g.
precipitation). The advantages of these methods are:

1) better simulation of natural conditions with respect to flow rate, und
lower solid/solution ratios,
2) elimination of solid/solution separation artifacts,
3) mechanical mixing is not required, and
4) the effects of chemical speciation, flow rate, desorption, and colloidal
transport can be more directly examined.

Disadvantages of columns include:

1) disturbance of solids during preparation and packing,
2) more time consuming and expensive,
3) difficulties in obtaining uniform column packing,
4) operational problems, and
5) the potential for artificially induced disequilibrium.
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Comparison of column tests with batch results can provide insights into
equilibrium assumptions, kinetics of sorption/desorption, speciation, competition,
and colloidal mobility. Complimentary use is also recommended for correlation or
confirmation of distribution factors. For column tests a roughly corresponding
distribution factor, K̂ , is determined by:

Rf = 1 + (

where fy is the retardation factor or ratio, v/vc, of the velocity of the ground
water to the velocity of the solute, pb is the bulk density, and n is the porosity.

Stollenwerk and Grove (1985) compared the results of equilibrium batch and
flow-through column tests for chromate adsorption on alluvial aquifer material and
found excellent correlation, enabling them to use isotherms generated by batch
experiments in their solute-transport modelling (Figure 1). Westall et al. (1990)
used batch K '̂s to predict retardation of chlorobenzenes on Lula sandy aquifer
material amended with organic cations. There was excellent agreement between
batch and column results, corroborating equilibrium assumptions and providing
confidence in the use of batch values in subsequent modelling efforts (Figure 2).
Stollenwerk and Kipp (1990), using both batch and column tests, had similar
success modelling the transport of molybdate in sand and gravel aquifer material
from the Otis Air Force base site on Cape Cod (Figure 3). However, the shape of
the column breakthrough curves suggested non-equilibrium controlled transport.
This was only adequately simulated using a rate-controlled transport model,
however a different rate constant was needed for each influent concentration.
Puls and Powell (1990b) have observed differences between batch and column
tests for arsenate sorption on alluvial aquifer material from Globe, Arizona. High
column flow rates were used to simulate calculated ground water flow velocities
ranging from 0.2-3 m/d (Table 2). Differences in retardation were also observed
when flow rates were varied. Even at the lowest estimated flow rate, assumption.

Table 2. Comparison of distribution values (IQ, L/kg) for arsenate using
Globe, AZ alluvial aquifer material in batch and column tests (p6 = 2.5
g/cm5, n = 0.3).

Column Batch
1.2 ml/min 0.6 ml/min Steady-state

1.7 3.8 6.6



Value for column wnen
relative concentration = 1.0

Groundwater, 6.8

1000 1500 2000 2500

EQUILIBRIUM CONCENTRATION
OFCr(VI) IN SOLUTION (umol l_" )

3000 3500

Figure I Batch adsorption isotherms for Cr(VO on alluvium in groundwater showing

comparison with column data (StollenwerK and Grove. 1985)



705

O
U

1,2—dichlorobenzejie

o Lula
v Lula + DP

-trichlorobenzene

O Lula
v Lula + DP

1,2,3,4—tetrachlorqbenzene

).O-O-O-O--O— r—V

o — o Lula
v v Lula + DP

10 20 30 40 50 60 70 80 90 100

Pore Volumes
i i

0 25

t /hr

50

Figure 2. Elution of Chlorobenzenes showing effect of DP
and comparison with batch Kd values. (Vertical line

corresponds to value predicted from batch Kd; Westall, 1990)



0

o
£
e

V *

•o

O
10

-2

en _-?
o J

-3

I I

Value for column data

Uncontaminated
ground water

-2 " I

Log Mo(VI) in solution (mmol/L)

0

Figure 3. Freundlich plot of Mo(VI) batch sorption parameters for

uncontaminated ground water showing comparison with

column data. (Stollenwerk and Kipp, 1990)



707

of local equilibrium for arsenate sorption are questionable in this system. These
examples demonstrate the importance of using multiple models or approaches in
order to better understand solure transport, particularly in natural systems.

Field Tests

Field methods to study contaminant transport include natural or induced gradient
tracer tests or collection of spatially and temporally distributed data (e.g.
solid/solution distribution concentrations). The first is an "active" »ype study
where the retardation of reactive solutes or analogs are directly measured relative
to a conservative tracer (e.g. bromide) under in situ hydrologic and geochemical
conditions. The second method is a "passive" type study involving the collection
and analysis of solids and solutions for determination of contaminant distribution
between phases. Advantages of these types of methods are:

1) assessment of physical and chemical heterogeneities,
2) representativeness with respect to scale and time, and
3) minimal disturbance of the solid sorbents.

Disadvantages are:

1) cost,
2) time,
3) sampling problems,
4) data interpretation, and
5) regulatory constraints.

Because of the latter, only a limited number of "active" tests can be reasonably
conducted, or a limited number of "passive" samples collected. The "active" tests
can be prioritized based on batch and column test results, and the "passive"
sampling can be optimized using on-site analyses, awareness of the system
hydrology and geology, and use of geostatistical software programs. Both types of
tests provide a means whereby laboratory results can be scaled to real distance
and time relationships that are difficult to control or extrapolate from laboratory
tests alone.

Stollenwerk and Grove (1987) conducted a natural gradient tracer test in the sand
and gravel aquifer at Cape Cod with bromide as a conservative tracer and
molybdate as the reactive solute. Molybdate was chosen as an analog for
contaminants such as chromate, arsenate and selenite. Results of that test are
shown in Figure 4. Retardation relative to bromide was 1.4. This compared very
favorably with column retardation values.
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Champ and Moltyaner (1989) collected numerous cores from a fluvial sand aquifer
in the Perch Lake Basin at die Chalk River Nuclear Laboratories, Ontario, Canada.
Pore waters were displaced using immiscible fluid displacement (Paterson et al.,
1978). Analysis of pore water and sediments provided Kj estimates of 5-0-6.6
L/kg. A downhole column technique was then applied for determination of
retardation by analysis of breakthrough curves. These values ranged from 6.2-7.4
L/kg, which compared favorably with the above values. Comparisons with
standard batch test values were poor (11.4-15.3 L/kg), and the differences were
attributable to shorter contact times of the contaminant with sediments which
resulted in nonconservative estimates. The downhole column technique, an
innovative modification of the traditional column application, has been proposed
as a substitute for field tracer tests for the determination of sorption properties.
Columns are constructed from 'undisturbed' cores of aquifer material and lowered
into a well screened at the same depth from which the cores were collected.
Influent solution is the actual ground water from the formation, which is spiked
with the tracer of interest from the surface. This is actually a cross between
laboratory column and field tracer tests, having the advantages of better
simulation of in situ hydrogeochemical conditions of the aquifer, monitoring of
effluent at the wellhead, and full recovery of the porous media (column matrix)
contacted t ^.^ tracer.

CURRENT AND FUTURE IJEEDS

More innovative applications and extensions of the basic models described above
are needed not only in research, but also for remedial site assessment purposes.
Research and modelling efforts have previously focused mainly on equilibrium
processes. At many sites this has been adequate, however, such assumptions are
often invalid and lead to underestimates of contaminant mobility. Data on the
kinetics of adsorption and precipitation reactions are needed to improve
contaminant transport predictions. While the coupling of hydrologic and
geochemical models is essential, attention to kinetic data limitations is also
important. Desorption/dissolution reactions are as important as
adsorption/precipitation. This has become apparent in the use of pump and treat
remedial technology at hazardous waste sites, where contaminant removal
becomes limited by difrusion/desorption/dissolution kinetics phenomena. The
assumption of reversibility of sorption reactions, while conservative in terms of
travel-time estimates, has created problems where removal of contaminants has
been the objective. Additional processes, such as multiphase fluid flow and
colloiual mobility, may also need tc be incorporated into models for specific sites.
A more complete understanding of basic interfacial reactions; will provide us with
the data necessary to improve not only our transport predictions but also our
remediation efficiency.
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Batch methods, while fraught with uncertainties and potential misuse, are still
useful as screening tools both in research and in site assessments. In addition to
sorption, desorption can be evaluated, particularly the leachability of contaminated
sediments. When designing an appropriate leach test, however, the objective must
be clearly understood and the test not extrapolated for unintended uses.
Appropriate leaching solutions should simulate a range of conditions which can be
reasonably expected at a particular site. The range of conditions addressed should
be those parameters which most affect sorption; such as, pH, redox, organic
content, ionic strength and solution composition. Artifacts from selection of
solid/solution ratio, contact time and phase separation methods must also be
addressed. Sequential desorptions and extractions are also useful in both research
and site assessments for identifying operationally defined geochemical fractions,
such as exchangeable, specifically adsorbed, organic matter associated, or specific
mineral phase associations.

Column methods, whether used in the laboratory or in the field, provide more
realistic models of in situ behavior. The significance of colloidal mobility as a
contaminant transport mechanism can only be assessed in a detailed fashion with
such tests. Column methods also provide for better interpretations of dynamic
solute behavior from the analysis of breakthrough curves.

Finally, although expensive and time consuming, field methods are essential to
correlating and validating other testing methods. Continued efforts, such as the
Borden site and Chalk River in Canada, the Otis Air Force Base site in
Massachusetts and the MADE site in Columbus, Mississippi are needed to create
environments for innovative study applications and to provide extensive data bases
for model testing and validation.

DISCLAIMER

Although the research described in this article has been funded wholly or in part
by the United States Environmental Protection Agency, it has not been subjected
to the Agency's peer and administrative review and therefore may not necessarily
reflect the views of the Agency and no official endorsement may be inferred.

ACKNOWLEDGEMENTS

The author gratefully acknowledge the contributions of Kenneth G. Stollenwerk,
U.S. Geological Survey, Denver, Colorado, in providing data, articles, and slides
for this paper and presentation.



7 1 1

REFERENCES

Barrow, N.J. and T.C. Shaw. 1979. Effects of soihsolution ratio and vigour of
shaking on the rate of phosphate adsorption by soil. J. Soil Sci. 30:67-76.

Champ, D.R. and G.L. Moltyaner. 1989. A downhole column technique for field
measurement of transport parameters. Proceedings of the Conference titled "New
Field Techniques for Quantifying the Physical and Chemical Properties of
Heterogeneous Aquifers", Dallas, Texas, March 20-23, 1989, pp.293-316.

Di Toro, D.M. and L.M. Horzempa. 1982. Reversible and resistant components of
PCB adsorption-desorption isotherms. Environ. Sci. Technol. 16:594-604.

Gschwend, P.M. and S. Wu. 1985. On the constancy of sediment-water partition
coefficients of hydrophobic organic pollutants. Environ. Sci. Technol. 19(l):90-96.

Higgo, J.J.W. and L.V.C. Rees. 1986. Adsorption of actinides by marine sediments:
effects of the sediment/seawater ratio on the measured distribution ratio. Environ.
Sci. Technol. 20(5):483-490.

Mackay, D. and B. Powers. 1987. Sorption of hydrophobic chemicals from water:
a hypothesis for the mechanism of the particle concentration effect. Chemosphere.
l6(4):745-758.

O'Connor, D.J. and J.P. Connolly. 1980. The effect of concentration of adsorbing
solids on the partition coefficient. Water Res. 14:1517-1523.

Puls, R.W. and R.M. Powell. 1990a. Effects of pH, solid/solution ratio, ionic
strength, and organic acids on Pb and Cd sorption on kaolinite. Submitted to
Water, Air and Soil Pollution.

Puls, R.W. and R.M. Powell. 1990b. Laboratory studies on the stability and
transport of inorganic colloids through natural aquifer material. Agronomy
Abstracts, San Antonio, Texas, October 21-26, 1990.

Roy, W.R., I.G. Krapac, S.F.J. Chou, and R.A. Griffin. 1986. Batch-type adsorption
procedures for estimating soil attenuation of chemicals. Technical Resource
Document, USEPA/530-SW-87-006.

Schweich, D. and M. Sardin. 1981. Adsorption, partition, ion exchange, and
chemical reaction in batch reactors or in columns-A Review. J. of Hydrol. 50:1-33.

Stollenwerk, K.G. and D.B. Grove. 1985. Adsorption and desorption of hexavalent
chromium in an alluvial aquifer near Telluride, Colorado. J. Of Environ. Qual.
14(l):150-155.



7 1 2

Stollenwerk, K.G. and D.B. Grove. 1987. Natural-gradient tracer test in sand and
gravel: Nonconservative transport of molybdenum. U.S. Geological Survey Program
on Toxic Waste-Ground-Water Contamination: Proceedings of the Third Technical
Meeting, Pensacola, Florida, March 23-27, 1987. pp. B-17-24.

Stollenwerk, K.G. and K.L Kipp. 1990. Simulation of molybdate transport with
different rate-controlled mechanisms. In Chemical Modelling of Aqueous Systems
U, D.C. Melchior and R.L. Bassett, Eds., Ch. 19, pp. 243-257. ACS Symposium
Series No. 416.

Voice, T.C., C.P. Rice and W.J. Weber Jr. 1983. Effects of solids concentration on
the sorptive partitioning of hydrophobic pollutants in aquatic systems. Environ.
Sci. Technol. 17(9), 513-516.

Westall, J.C. 1990. Personal Communication.



713

FIELD COLUMNS - A COMPLEMENTARY OR ALTERNATIVE METHOD TO
LARGE SCALE AQUIFER TESTS

J.L. Young, D.R. Champ, J.O. Jirovec, and G.L. Moltyaner
AECL Research, Chalk River, Ontario, Canada

Abstract

Over several years a method has been developed at Chalk River Laboratories
using small-scale column systems as a supplement to, or alternative to,
large-scale field tests. The field column method, using sediments from
the aquifer for column preparation, is complemented by physical
characterization of the sediments and laboratory batch Kd tests. The
method provides a defined flow system simulating "natural conditions" at
relatively lov cost compared to full-scale field tests. Preliminary tests
with a conservative tracer are used to confirm column performance and
estimate dispersivity and velocity in the porous medium under experimental
conditions. Column effluents may be monitored on line for geochemical
parameters and continuously collected to determine tracer elution profiles
and major ion concentrations. Mobile contaminants eluted may be subjected
to size and charge speciation tests. The column system is fully
recoverable for subsequent sectioning and contaminant desorption in the
lab. Desorption results for column sections provide further information
about dominant sorption mechanisms, while the distribution profiles
observed for strongly sorbing species provide useful data for mathematical
modelling vithin a practical time frame. Observed geochemical data are
used for thermodynamic model predictions of equilibrium chemistry of the
major dissolved species. The information provided by this method can then
be used to validate the feasibility of a full-scale field test and
optimize the design of the experiment.

Introduction

Prediction of the transport of contaminants in groundvater systems
requires an adequate understanding of the processes affecting interaction
betveen the contaminants and the geologic materials that they contact.
Traditionally, as an alternative to the expense of full-scale field
experiments, laboratory studies have focused on tests such as the
measurement of batch distribution coefficients (Kd) and lab column
experiments. This approach, vhile providing useful data, has been limited
by the inability to simulate groundvater flow system conditions in the
lab. Sediments may be subjected to mechanical damage affecting surface
coatings during batch Kd tests, and kinetically slov processes night not
be expressed due to experimental time frames. Atmospheric gasses can
influence the contaminant chemistry in both batch tests and in lab column
experiments.
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An inexpensive field column method, described by Champ et al. (1986), has
been further developed to allov experimentation under in-situ conditions.
Columns constructed from undisturbed cores of aquifer matrix are placed in
a veil that is screened at the depth from which the sediments vere
collected. The columns provide a defined flow system, tracer can be
injected from the surface, the porous media vith vhich the tracer is in
contact is fully recoverable for analysis, the hydrogeochemical conditions
in the aquifer can be closely approximated in the column, and the time
needed for the experiment can be selected by controlling column
dimensions.

Transport characteristics of relatively mobile contaminants may be
determined by collection and analysis of column effluents. Transport of
low-mobility contaminants may be assessed by recovery of sediment columns
after elution for an appropriate period of time. Recovered columns may be
sectioned and analyzed to determine contaminant distribution for
estimation of retardation factors by time moment analysis. Size and
charge speciation tests may be performed on column effluents to provide
insight into the physiochemical form of mobile contaminants, and recovered
sediments may be subjected to extraction techniques to determine dominant
soption mechanisms (Tichnor et al., 1984) upon completion of experiments.
During the course of experiments geochemical tests may be conducted to
monitor on-column conditions and provide data for geochemical modelling.

Methods

Columns are prepared by cutting 15 cm sections from undisturbed sediment
cores (Munch and Killey, 1985) taken from the aquifer under study.
Exposure o£ core materials to the atmosphere is minimized during column
preparation. The core sections are fitted vith 100 mesh stainless-steel
support screens and polyethylene endcaps on each end. The endcap design
includes a series of radial grooves, to ensure even distribution of the
tracer onto the column cross section while maintaining minimal dead
volume. The inlet cap is fitted vith a three-vay teflon valve
accommodating the injection and intake lines. The effluent line is
connected to the outlet end cap using a tvo-vay teflon valve; endcaps and
valves are sealed with fluorocarbon 0-rings. A teflon, pneumatically
activated valve, installed between the inlet endcap and a porous
polyethylene intake filter (60 um) located at the bottom of the dovnhole
assembly, closes the intake line during injection. The entire system,
consisting of only one column for clarity, is illustrated in Figure 1;
Figure 2 details the dovnhole portion of a system fitted vith five core
columns. In practice, stringers of up to 5 columns mounted on stainless-
steel threaded rods have proven practical, allowing several experiments to
be conducted simultaneously in one well.

The column stringer is attached below a polyethylene cylinder to complete
the dovnhole column assembly. The cylinder, blocking 771 of the cross
section area of the well, serves the same role as a conventional
inflatable packer by isolating the chemical environment of the stringer.
Pumping the veil continuously from above the polyethylene cylinder
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maintains a flow of fresh groundwater upward from the well screen, past
the cylinder at a velocity adequate to maintain temperature and eliminate
the diffusive effects of atnospherlc oxygen from the veil head. The
assembly is easy to install or remove from the well and is relatively
maintenance free. Recovery of a column from the well requires only brief
interruption of other experiments in progress.

After leak testing the core columns, plumbing lines are connected, the
assembly is attached to a cable, lowered down the well to the screened
interval and firmly supported in position. Injection and effluent lines
to the well head, usually 1 mm id teflon tubing, run through a sleeve of
flexible FVC tubing that extends from the top of the column stringer,
through a hole drilled in the polyethylene cylinder, to a "junction box*
housed in a shelter at the well head. The junction box is vacuum tight
and is made of clear acrylic fitted with several ports. A «et:al nipple is
used to mount the sleeve while allowing entry of injection and effluent
lines into the box. The injection and effluent lines are connected to
teflon bulkhead valves that pass through the walls of the box. A large
hole in the top of the box, sealed with a reinforced rubber stopper,
allows access to plumbing within the box. Another nipple, in the top of
the box, is connected to a pump that draws water from the zone where the
columns are installed up through the sleeve that surrounds the injection
and effluent lines and through the junction box to waste. Flow through
the sleeve and box is maintained at a rate adequate to isolate the
enclosed lines from chemical or temperature change caused by exposure to
the atmosphere.

Plumbing at the well head outside the junction box is Minimized to reduce
exposure to atmospheric influences. Peristaltic pumps have proven useful
for maintaining constant flow through the columns over long periods of
time and for controlling injection of tracers. In-situ groundwater is
pumped through the columns at a velocity approximating that of the aquifer
and effluents are pumped to the ground surface, isolated by the sleeve,
for sample collection.

After initial installation, the system is operated for a period of time to
determine that the downhole column system has equilibrated with the
groundwater, as evidenced by comparing the geocheaical parameters of the
column effluents with those of the well water. Ej, and pH of effluents are
determined on-line using low dead volume flow cells designed and made at
Chalk River. Samples are returned to the lab for determination of
conductivity, alkalinity, major anions and major cations. While the
system is equilibrating, a test injection using 3H is performed to confirm
integrity of system seals and identify anomalous behaviour caused by
channeling or settling of the column sediments. 3H is also used to verify
each injection of reactive tracer.

Injection of tracer solution from the well head can be accomplished
easily. Several displacement volumes of groundwater are pumped up through
the injection line from the system intake filter to eliminate standing
vater in the line. The column intake line is closed by actuating the in-
line pneumatic valve and fresh groundwater is pumped into the injection
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line. The speed of the injection pump is adjusted to balance injection
and effluent flow rates, and the intake for the injection line is then
switched to a reservoir of tracer solution. With typical Chalk River
column dimensions, a pulse of 3 mL of tracer is used. The injection
solution is followed by a fresh groundwater rinse of the reservoir and
injection line. Then, normal column intake through the pneuaatic valve is
resumed. A volume of water is pumped from the injection line and analyzed
for residual tracer.

Column effluents may be collected continuously, either using a fraction
collector or in larger vessels that must be changed Manually. Samples
sensitive to oxidation may be collected in a syringe that is immersed in a
bath of fresh groundwater; only the peristaltic pump tubing and a few
centimeters of teflon tubing outside the junction box are exposed to the
atmosphere. A nitrogen-filled glove bag might enclose this apparatus if
required. Samples used for speciation tests, either filtration or ion
exchange, are processed as soon as posssible after collection.

Biogeochemical manipulation of the system from the well head is possible.
For example, microbial influences on contaminant nobility may be studied
by Injection of a biocidal solution onto a downnhole sediment column to
inhibit or prevent microbial activity.

Upon completion of elution studies in the field, columns aay be recovered
from the well and the sediments subjected to detailed analysis. Recovered
columns may be cut into sections and distribution of residual contaminant
determined by extraction techniques. The distribution profile provides an
estimate of the retardation factor by time moment analysis. Sequential
extraction techniques can provide insight into the dominant sorptive
mechanisms of different contaminant species identified in the distribution
profile. Grain size, surface area and mineralogical analyses may be used
to determine whether strongly sorbing species associate with specific
components of the aquifer sediments.

Detailed geochemical data acquired during column operation can be used as
input for geochemical models such as MINTEQ (Felmy et al., 1984).
Predictions of the thermodynamic models may provide detailed information
about physical and chemical behaviour of contaminants and the major
species in the groundwater that may affect them by processes such as co-
precipitation or formation of sorptive surface coatings.

Results

The field column technique has been used successfully at Chalk River for
several years, undergoing modifications to address limitations as they
were identified. The present version of the system has been operated as
described, in wells up to 18.3 o below grade with water level in the well
up to 6.76 m below grade. The limiting factor is the ability to pump
water at a constant rate from such depths at relatively low flow rates
(ie. 5 mL/h).
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The ability of the system to simulate in-situ geochemical conditions is
presented in Table 1.

Table 1. Geochemical Comparison of Column Effluent With Well Water

Well Water
(88-06-15)

fiilupin Rffluflint
(88-06-15)

pH

7.47

8.10

Note: 1. Major ion u
1 Conceotntio
3 Conceo^^tin

Eh

0.15

0.24

COND
[uS/cmJ

166

154

HCO3

98.8

98.6

mples filtered by 0.4(
u of Br-, PO43-, anc
n of Al < 0.2 mg/L

m
0.17

0.15

a

0.80

0.70

S04

18.1

17.6

Na
[mi

3.7

3.9

K
A)
13

12

Ce

25.2

25.0

Mg

7.0

7.0

I um polycarbonate membnne
1 NO3- < 0.10 mg/L is all samples
in all samples

Sr

0.11

0.11

Mn

0.44

0.43

Si

15.3

15.3

Fe

0.54

0.05

The measured parameters of the column effluent and the mildly reducing
well water in which the column was installed agree closely; the two most
notable exceptions are redox potential (JB^) and total iron concentration.
These data reflect oxidative effects of atmosperic oxygen diffusion
through the acrylic flow cell used for on-line pH and ̂ measurements and
into the water sample as it collected over several hours. This effect can
be minimized by immersing the flow cell and collection vessel in a fresh
groundwater bath. With reduced groundwaters this measure becomes most
important, as demonstrated in this table. The pH observations fall within
normal variability of the groundwater over the several-months duration of
the experiment.

Figures 3 and 4 illustrate typical breakthrough curves for a conservative
tracer, 3H, and a mobile, reactive tracer, i5Sr, respectively. The shape
and center of mass of the 3H curve confirms column performance, and
fitting routines provide information about parameters such as velocity and
dispersivity in the system. Likewise, fitting of the reactive tracer
breakthrough curve provided by the field column system can provide an
estimate of the retardation factor for the tracer in a specific aquifer.

An example of data available from the distribution profile of a
contaminant on the sediments of a recovered column is shown in Figure 5.
A column, injected with Tc, was recovered after elution of 60 pore volumes
of groundwater over three months under geochemical conditions defined in
Table 1. The column was sectioned into 1 cm portions and samples of each
section were extracted with aqua regia for analysis. Time moment analysis
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estimated the retention factor (r.f.) of the contaminant in this system to
be 90. In contrast, aerobic laboratory batch tests predicted an r.f. of
0.9 based on a ^ of 0.04.

Discussion

The field column sys.-m is limited:

The technique is not suitable for all porous media.
The sediment flow field is altered. The core saapling technique
results in columns vith vertical flow, vhile flov in many groundvater
systems is close to horizontal.

The field column technique, as described, possesses several assets:

The system is relatively inexpensive, simple to operate and requires
little maintenance.
In-situ conditions can readilly be imitated. Potential exists for
manipulation of system biogeochemistry.
The system can be applied to many contaminants vith appropriate
selection of construction materials.
A defined, controlled flov system is provided.
Tracer can be injected remotely from the veil head vith minimal
disruption of column equilibrium.
Column media are fully recoverable for further analyses such as
extraction and sediment characterization.
Scale variability is possible. Scale may be selected to achieve
useful results vithin a reasonable time frame for strongly sorbing
contaminants.
Multiple species of a contaminant may be observed in either
breakthrough curves or in distribution profiles.
The closed system lends itself to safe in-situ testing of highly toxic
and/or restricted contaminants.
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LONG-LIVED RADIONUCLIDE TRANSPORT - AN IN-SITU FIELD COLUMN STUDY

D.R. Champ, J.O. Jirovec and J.L. Young
AECL Research
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Chalk River, Ontario, KOJ 1J0

and
M. Kumata

Japan Atomic Energy Research Institute
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INTRODUCTION

Prediction of the transport of radionuclides from vaste disposal facilities
requires an adequate understanding of the processes affecting the transport
of specific radionuclides. Experimentation aimed at predicting the
transport of long-lived radionuclides has been largely restricted to batch
or laboratory column studies. The degree to which the measured values
incorporate reality depends upon hov veil the experimental procedures
simulate the real ground-water flow system. One important criterion is
that the geochemical and biochemical conditions of the system of interest
should be accurately represented in the experimental system. The in-situ
field column technique described by Champ et al. (1986) is an approach
which can meet the desired criteria for studying radionuclide transport in
aquifer sediments. Columns constructed from undisturbed cores of aquifer
matrix are placed in a veil that is screened at the depth from which the
sediments were collected. The columns provide a defined flow system,
tracer can be injected from the surface, the porous media with which the
tracer is in contact is fully recoverable for analysis, and the
hydrogeochemical conditions in the aquifer can be closely approximated in
the column.

If one takes into account the likely transit times for radionuclides
released from a nuclear fuel waste disposal vault, then only radionuclides
with long half-lives and significant initial inventories are likely to
warrant study in all environmental compartments. These radionuclides have
been identified (Mehta,1982; Allard, 1982) as the actinides as well as
isotopes of radium, iodine, and technetium.

In this study, iodine and technetium were chosen on the basis of their long
half-lives and the apparent lack of retardation in many groundwater flow
systems. Three of the actinides (Pu, Am and Np) were chosen to provide a
representative spectrum of the potential behaviour of this class of
elements.

This paper presents the results of an in-situ field column study of the
transport of "Tc, 125I and the actinides 239Pu, 241Am and 237Np, and
compares the results with those obtained by more traditional batch
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experimentation techniques which are generally applied to produce
distribution coefficient values used in Modelling radionuclide transport in
aquifer sediments.

FIELD SITE

The field site is located in a fluvial sand aquifer near the Ottava River
on the property of the Chalk River Laboratories of AECL. Three overburden
wells, screened just above bedrock at a depth of about 18 • £roa the
surface, were installed in the field site. Two of them, VF-1 and VP-3,
were used for dovnhole column studies and the third vas used as a storage
veil for column materials to maintain geocheaical equilibrium vith the veil
vater. One bedrock veil, VP-2, vas drilled to provide comparative
geochemistry. The vater table occurs at a depth of about 5 m. The site
stratigraphy vas determined by continuous coring.

The overburden veils have a 10.2 cm PVC casing vith a 1.53 m slotted screen
at a depth of 16.8 to 18.3 a just above the bottom of the veils. The veil
screens are located in a very fine-fine sand layer lying above quar*z
monzonitic bedrock. Thin sections vere prepared from sands obtained froa
cores taken from a depth of 17.2 to 18.3 a of VP-1. MIneralogical analysis
of these thin sections indicated that the sand layer consists mainly of
quartz and feldspar, vith small amounts of aica, hornblende and sericite
associated vith garnet as an accessory mineral. Quartz and feldspar are
present ii. approximately equal quantities and make up 70 to 80Z of the
samples.

Measured pH and EH values of the veil vaters from VP-1 and VP-3 vere 7.16,
0.16 V and 7.48, 0.14 V, respectively. These values vere not significantly
different from that of the veil vater from VP-2, the bedrock veil.

METHODS

Field Columns

Experimental procedures of the dovnhole column test have been described in
detail by Champ, et al.(1986).

Columns vere prepared by cutting 15 cm sections from undisturbed cores of
aquifer sediments. Core sections vere processed as soon after recovery as
possible. The core sections vere fitted vith 100 mesh stainless-steel
support screens and polyethylene endcaps on each end.

The inlet cap vas fitted vith a three-vay OMNIFIT valve accommodating the
injection and intake lines. The effluent line vas connected to the top cap
using a tvo-vay OMNIFIT valve. Folloving assembly, columns vere leak
tested, mounted into a multiple column stringer, and installed in veils.
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Load solutions (3 DL) were injected into the columns fro* the surface. A
Sage peristaltic pump was used to control the flow rate in the injection
lines. The flow rate of effluent was 5 mL/h.

Eh and pH of well waters and column effluents were measured using flow
cells described by Jackson and Inch (1980). Eh and pH of column effluents
were measured using low dead volume mini flow cells designed and built at
Chalk River Laboratories. The "mini" flow cells were immersed in a
groundvater bath to maintain temperature and minimize the effects of
atmospheric gases.

Samples of column effluents for speciation and chemical analyses were
collected in plastic syringes in a water bath.

Load Solution

Load solutions containing a mixture of "Tc and 125I were prepared by
diluting stock solutions of tracers with groundwater because preliminary
tests showed no losses of these tracers in groundwater during the injection
procedure.

On the other hand, actinide load solutions, containing a mixture of 239?u,
241Am and 239Np, were prepared in distilled water because preliminary tests
had shown that the actinides could sorb to colloidal material in the
groundwater, which could interfere with the loading of tracer onto the
colum. Radionuclide concentrations in the load solutions are shown in
Table 1.

Table 1. Radionuclide concentrations in the load solution.

RADIONUCLIDE

99 Tc
125 I
237 Np
239 Pu
241 Am
3 H

CONCENTRATION
[uCi/mL]

3.3
1.6
0.1
10
20
17

Note: Tritium was always injected with other nuclides as a conservative
tracer.

Size and charge speciation analysis of the Tc, I, and actinide tracers was
carried out by using Nuclepore polycarbonate filters and ion exchangers
(AG1-X8, OOVEZ 50W-X8, and CHELEX 100). From the results we concluded that
technetiua was present as TcO4- in the load solution and iodine was present
as both an organic anionic complex with a molecular weight greater than 500
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(40Z of the loaded tracer) and as anionic iodine. Neptunium and aoerlciua
were almost totally retained by all three exchangers. Plutoniun vas also
strongly retained by an anion exchanger, but only approximately 50Z bound
to the cation exchange and chelex resins.

From the speciation results it vas concluded that a mixture of simple ionic
species and inorganic complexes or colloids of all three actinides vere
loaded onto the columns.

Batch Sorption Test

Batch sorption tests with radiotracers vere performed in the laboratory
vith both dry and moist sediments. Pore vater and sediments from cores
vere separated by centrifugation. Approximately 80 mL of vater vas
recovered from about 400 cm3 of core. Half the sediments vere oven dried
at 60°C and the remainder vas stored moist at 4°C The moist samples vere
homogenized by manual mixing and then split manually; dried sediaents
samples vere split mechanically. Approximately 2 g of sediment vere placed
in a 15 mL polystyrene screvcap conical tube, and 10 mL of mixed tracer in
fresh groundvater vas added t̂  each tube. The tube contents vere
continuously mixed by gentle rotation at 4 rpm. Portions of vater vere
removed at intervals, filtered and counted for tracer activity. The
distribution coeficients vere calculated according to Relya (1982).

Tracer Distribution on Column Sediments

Upon the termination of the dovnhole experiments, columns vere recovered
from the veil and the column sediments vere split into 15 equal sections
and air dried. Portions of the sediment from each section vere then
extracted vith aqua regia to determine tracer inventories and distribution
on the columns. A sequential extraction technique, described by Ticknor et
al« (19S4), vas applied to selected sections to study the mechanisms of
radionuclide sorption.

RESULTS AND DISCUSSION

Eight columns vere used in the study: five tor injection of a mixed tracer
solution of technetium and iodine and three for injection of an actinide
mixture. Table 2 summarizes data on the performance of the colums
mentioned in the folloving text.
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Table 2. Column characteristics and performance.

COLUMN
NUMBER

1
5
7
9

(*) HOURS

TRACER
LOADED

Np Am Pu
Tc I
Tc I
Np Am Pu

PORE VOLUMES
PASSED

470
60
245
210

DURATION OF
EXPERIMENT*

10 500
2 000
5 000
4 800

Table 3 presents results for tracer recovery In column effluents for 2
columns loaded with a technetium and Iodine mixture.

Table 3. Recovery of "Tc, 1 2 5I from column effluents.

TRACER RECOVERY FROM COLUMN EFFLUENTS

COLUMN
NUMBER

5
7

3 H

3 H

88
100

[Z] OF

BREAKTHROUGH
REGION

99 Tc

14
11

LOADED

125 I

93
72

ACTIVITY

BEYOND 3 H
BREAKTHROUGH

99 Tc

0
2

Quantitative recovery and the symmetry of the breakthrough curves for
tritium confirmed the flow integrity of the columns and the completeness of
both injections.

Iodine and Technetium

A portion (14 and HZ) of injected Tc vas recovered in the 3H breakthrough
region for both columns. By comparison, less than 2% of loaded "Tc vas
recovered from each of tvo laboratory columns injected and eluted in an
anaerobic chamber vith a comparable volume of groundvater.

Geochemical monitoring and analysis of veil vaters and column effluents has
shown that the veil vaters are mildly reducing (average pH " 7 and Eh 0.15
V) vith the average Fe(2+) content of 1.9 (WP1, VP2) and 0.7 (¥P3) Bg/L.
From the geochemical data and tracer recovery ve concluded that a large
fraction of the injected technetium vas reduced to a Tc(IV) species that
sorbed to the sediments.
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Table 4 presents the results of the laboratory batch sorption tests. Under
aerobic conditions equilibrium vas reached within 4 hours. On the other
hand, sorption tests performed vith technetiua under anaerobic conditions
shoved increasing sorption of Tc. After a prolonged contact a maximum Kd
of 11 600 mL/g vas observed.

Table 4. Batch sorption test vith dried sediments.

CONDITIONS RADIONUCLIDE Kd(mL/g)

AEROBIC

237
239
241
99
125

Np
Pu
Am
Tc
I

0
847
38
0
0

.35

.04

.4

ANAEROBIC 99 Tc 11 600*

(*) Maximum observed value after 3550 hours contact.

For comparison, the retardation of Tc in the in-situ field column tests vas
determined by sectioning the sediments in a recovered column and extracting
the sorbed Tc. The results for column 5, eluted vith 60 pore volumes, are
shown in Pig. 1. The retardation factor calculated for this column by time
moment analysis vas 90.

Portions of sediments from different parts of the column vere analyzed for
grain size and surface area in order to determine whether the Tc
distribution on the sediments vas associated vith grain size or
mineralogical variations, as reflected by different surface area. The
results shoved no significant difference among these samples. The sediments
in the column vere relatively homogeneous.

From these data as veil as from the distribution of Tc in the column, ve
concluded that the bulk of the injected Tc vas reversibly sorbed to the
column and vas transported slowly through it vith a retardation factor of
approximately 90.

The sequential extraction data obtained for section 6 in column 9 shoved
that about 60Z of the sorbed technetium vas associated with ion exchange
sites, 15Z vith carbonates, and 20Z with ferrihydrite.
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Figure 1. Technetium distribution profile in column 5.

Transport of technetium is governed by the redox conditions in the aquifer.
In the presence of ferrous iron in the system, Tc(VII) may be reduced, even
under mild reducing conditions, into a Tc(IV) species. Lieser and Bauser
(1987) studied the effect of Eh on the sorption behaviour of Tc and found
that the sorption ratio increased by about three orders of magnitude when
Eh decreased from 0.3 to 0.1 V. The results of anaerobic batch sorption
tests strongly suggested that a heterogeneous reaction at the grain surface
is the predominant mechanism of the reduction. The speciation tests also
indicated that TcO4' is the predominant form of the mobile species.

The behaviour of iodine in the flov system vas consistent vith the results
of the batch sorption tests. From the size and charge speciation ve
concluded that the iodine transported in the groundvater passing through
the column vas present predominantly (>90Z) as the iodide. The remaining
small fraction vas likely an organic-iodine molecule.

Actinides

The recovery of tritium and the three actinide tracers in effluents from
three columns (1,3, and 9) is shown in Table 5.

The results shov strong sorption of all three actinides onto column
sediments. Only small amounts of actinides vere eluted vith tritium, vith
the exception of Np in column 9. The actinide activity in column effluents
then decreased to a level close to background, but continued to be released
at a lov rate.
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Table 5. Recovery of 3E and actinides from column
effluents in the tritium breakthrough region.

COLUMN
NUMBER

TRACER RECOVERY PROM COLUHN EFFLUENTS
Z OF LOADED ACTIVITY

3 H 237 Np 239 Pu 241 An

1
3
9

99
99
100

0.
0.
10.

064
025
9

0.
0.
0.

0016
0041
0008

0.
0.
0.

00009
00032
00065

Columns 9 and 1 were recovered from the well following 4 800 and 10 500
hours of elution, respectively (Table 2), and sectioned to determine the
distribution of actinides sorbed onto column sediments. Figure 2 shows the
distribution of total alpha activity associated with all actinides in the
columns.
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Figure 2. Actinide distribution profile in columns 1 and 9.
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Some of the actinides vere transported, but only a relatively small
percentage of the input inventory. Figure 3 depicts the distribution of
neptunium, plutonium and americium in column 9, based on the results of
chemical extraction and separation of each actinide from the sediments.

The shape of the Am and Fu distribution curves indicated the presence of at
least tvo species differing in mobility. This observation was confirmed by
the analysis of sediments from column 1. The distribution curves displayed
in Figure 4 and data presented in Table 6 show that, as in column 9, a
substantial portion of the actinides sorbed to sections 15 and 14 (species
with a Kd > 650). Vhile some species present in column 1 (e.g., Pu
associated vith section 13) may have been obscured in column 9 due to their
insufficient separation, the species associated vith sections 10 and 11 in
column 9 and sections 1 and 5 in column 1 seem to be the same species,
assuming that the distance travelled through the column is linearly related
to the elution time.

Table 6. Recovery of loaded actinides from column sediments
and distribution coefficients for observed species.

SECTION

15
14
11
10

15
14
11
10

COLUMN
[Z]*

37
28
9
11

22
11
6
11

9
Kd [mL/g]

>450
300
100
82

>450
300
100
85

SECTION

15
14
5
1

15
13
5
1

COLUMN
[%]*

54
11
4
11

48
6
6
25

1
Kd [mL/g]

>1000
650
95
60

>1000
400
95
70

241 Am

239 Pu

(*) X of loaded activity; 62 and 95Z of loaded Fu and 104 and 86Z of
loaded Am vas recovered from columns 9 and 1, respectively.

Sequential extraction of the actinides from selected sections of
column 1 shoved that Am vas mostly associated vith carbonates and
ferrihydrite. A ratio of 1 : 14 : 10 (ion exchangeable : carbonate :
ferrihydrite) vas observed for the distribution of Am. In case of Pu the
ratio vas 1 : 14 : 36; the sorption on ferrihydrite predominated.
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Figure 4. Distribution of Am, Np, and Fu in column 1.
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CONCLUSIONS

Prediction of the behaviour of radionuclides in the environment cannot be
based solely on laboratory experiments (batch sorption tests).

The results of our in-situ colum experiments shoved that, except for
iodine, the behaviour of the other studied radionuclides was not consistent
with the results of batch sorption tests.

The behaviour of technetium is governed by the redox conditions in the
aquifer. The differences between laboratory and in-situ tests reflect the
differences in the experimental conditions.

Several species, differing in mobility, were observed for each of the
actinides. Speciatlon tests performed with load solutions and column
effluents revealed the presence of multiple species in load solutions as
veil as in column efluents, but the tests also indicated significant
changes in chemical speciation due to chemical processes in the columns.
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CHEMICAL CONTROLS ON SUBSURFACE RADIOHDCLIDE TRANSPORT -
A REVIEW OF STUDIES AT CHALK RIVER LABORATORIES

K.J. King and R.W.D. Killey
AECL Research, Chalk River, Ontario, Canada

INTRODUCTION

Purpose and Scope

Physical controls on the groundvater transport of contaminants are the
focus of many of the papers in this symposium, but chemical (and
biochemical) processes can have much greater effects on the Movement of
materials. These range from absolutely no influence, in the case of stable
materials that do not interact vith aquifer solids (nonreactive
contaminants) to materials that are almost completely removed from
circulation by processes such as precipitation and coprecipitation.
Organic compounds, or contaminants that are hazardous may be degraded or
formed during groundvater transport. Studies at the Chalk River
Laboratories of AECL have naturally focused on radionuclide transport,
although other contaminants have and are being investigated. Here, ve will
try to summarize many of the findings from research that extends back sore
than 30 years. Much of the vork on reactive contaminant transport has
centred on 90Sr, an abundant fission product vith a high toxicity and
moderate half-life (28.6 years) that has proved to be much more mobile than
many other radioisotopes in low- and intermediate-level vaste management
facilities. Other contaminants have also been considered, hovever, and
features of their behaviour vill form part of this reviev.

Setting

The Chalk River Laboratories cover 37 km2 of Canadian Shield along the
Ottava River, 200 km northwest of Ottawa [Inch et al. 1989]. Overlying the
hummocky monzonite gneiss bedrock is a generally thin sequence of late-
glacial and post-glacial unconsolidated sediments, often beginning vith
bouldery sand till. About one quarter of the site vas submerged beneath
early post-glacial stages of the Ottava River, and it nov possesses
deposits of fluvial sands and minor gravels. Aeolian reworking of these
fluvial sands formed topographically prominent dunes on the Chalk River
site, which have since become hosts for all of the site's vaste management
operations. Local deposits of silts and clays from relatively small bodies
of water, and current accumulations of organic sediments in wetland areas,
complete the suite of unconsolidated sediments.

Apart from the surficial organic deposits, the mineralogy of local
unconsolidated sediments is uniformly granitic. Plagioclase feldspars,
quartz, potassium feldspars, hornblende, biotite, garnet, and magnetite
(listed in decreasing abundance) are the dominant primary minerals.
Weathering is limited - sericite from plagioclase represents 1 to 3Z cf the
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sediment, and biotite exhibits a range of. degrees of alteration to
vermicullte (the series totalling 1 to 5Z of mineral abundance). Illite is
the dominant clay mineral, but feldspars and quartz, as rock flour, are
dominant even in the clay size fraction (<2 urn) of local sediments [Jackson
and Inch, 1980]. Secondary mineral coatings on unconsolidated sediments
are predominantly silicon, aluminum, and iron oxyhydroxides. Chlorite,
siderite, and calcite are thermodynamically stable minerals in some deeper
overburden groundvaters, but have only been directly observed in fractures
in the underlying bedrock.

Climate at Chalk River is classified under the Koppen system as cold snov
forest vith varm summers and no dry season. Site measurements of
precipitation average 827 mm.a'1, and studies of evapotranspiration in the
site's Perch Lake Basin yield an average of 304 ma of vater per year as
available for infiltration and runoff. Runoff is minimal on the aeolian
and fluvial sands.

Groundvater chemistry in flov systems in the unconsolidated sediments shovs
a consistent evolutionary pattern: in recharge areas and near the vater
table, groundvaters are low in pB, oxygenated, and saturated only vith
aluminum, silicon, and ferric oxyhydroxides. Deeper in the flov systems,
and in discharge areas, the vaters are generally near neutral in pH,
slightly reducing (vith moderate dissolved iron concentrations), and
saturated vith some ferrous and manganese oxyhydroxides as veil as those
listed for shallow groundvaters. Calcite and siderite saturation is
sometimes achieved (especially in the till), but total dissolved solids are
alvays relatively lov. Table 1 summarizes data from Champ et al«, [1979],
Jackson and Inch [1989], and Killey and Munch [1987]. The most videspread
contaminant not originating from vaste management operations is sodium
chloride from road salting operations. Road salt contamination is
videspread, but usually at fairly lov concentrations - Cl~ concentrations
around Area A reach 100 mg.L"1 (background is about 1 mg-L"1), but
concentrations belov 10 mg.L"1 are more frequent.

Historic Plume Sources

Lov- and intermediate-level radioactive vastes have been buried or
infiltrated into unconsolidated sediments at Chalk River for over 40 years.
Since some of these vaste management sites have been the impetus and focus
for a substantial part of the research into reactive contaminant behaviour,
the main features of the relevant sites are summarized and are discussed
briefly here. Locations of the sites are shown on Figure 1. Ve vill
include notes on the Glass Block site, a purely experimental project
started in 1960 that has been featured in past and current investigations.

Vaste Management Area A occupies part of a small dune, vhere the
unsaturated zone is approximately 6 m thick. The site vas used for burial
for a variety of solid vastes, as an infiltration bed for contaminated
vater containing an estimated 370 TBq (10 000 Ci) of mixed fission products
from the 1952 NRX accident, and for tvo experimental releases of high ionic
strength acidic ammonium nitrate solutions, residues of fuel reprocessing
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Table 1: Comparison of average geochemical parameters

pH
Avg. Kd-Sr
Ca 2 +

Mg2+
Sr2+

Na+
K +

Fetct

HCO3
SO42-

Cl "

Nitrate
Plant

5.7

12.9 (337)
7.1

1.6

6 7

2.7

0.3

14.0

8.3

11.2

Area
"A"

5.9

6 5 (28)
195

6 2

0.13

41

2.6

0 9

60 0

14.0

90.0

experiments. The 1954 release, containing 4.8 TBq (130 Ci) of aixed
fission products, vas neutralized with limestone in the infiltration pit.
The 20.3 TBq (550 Ci) injection in 1955 was not neutralized. Early studies
of the Area A plume contamination were carried out by Parsons [1960, 1961,
1962].

The Nitrate Plant was a pilot plant, operated between 1953 and 1954, for
decomposing ammonium titrate solutions containing waste radionuclides fro«
fuel reprocessing studies - the same solutions released in Area A.
Processing problems led to the release of mixed fission products to an
infiltration pit intended to receive inactive condensate, with almost all
of the 33 to 48 TBq (900 to 1300 Ci) input occurring in a one-week period
in late 1954. This site has been of particular interest since the
contaminant source term is quite well defined.

The Chemical Pit is an infiltration pit located In a section of the dune
that contains Area A, but in the basin of a separate surface water course.
The pit was excavated to a depth of about 4 o in 1956 and backfilled with
coarse gravel. A pipeline from a holding tank at Chalk River transfers
various aqueous wastes from active laboratory drains to the pit on a weekly
basis, and the site is still in use.
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Unlike the three sites noted above, the Glass Block site vas not used for
vaste management; it is a purely experimental facility. In I960, 50 kg of
nepheline syenite glass (in 2 kg hemispheres), containing mixed fission
products and some actlnides, vere buried belov the vater table. The initial
focus of the experiment vas on rates of radionuclide leaching from the
glass, but over the past thirty years there have also been investigations
of controls on the movement of various radionuclides.

AQUEOUS PHASE PHENOMENA

Ion Competition

The most dramatic evidence of the effects of ion competition on
radionuclide mobility comes from plume sapping at Area A and the Nitrate
Plant. At both locations, monitoring for radioactivity in the local sand
aquifers began vithin a few months of the releases of the fuel reprocessing
solutions. Records show these solutions contained about 2080 kg of
ammonium nitrate in 2.5 molar nitric acid. For the 1954 release in Area A
and the Nitrate Plant pit, some or most of the acid was neutralized with
calcite and dolomite, adding large amounts of Caa+ and Mg2+ to the aquifer.
In all cases, the 90Sr front was initially observed to advance at rates
close to that of the transporting groundvater, and then move progressively
more slowly. Figure 2 [Killey and Munch, 1987] plots distribution ratios
calculated from the velocity of the Nitrate Plant 90Sr plume front relative
to groundwater flow velocity versus time. The ratios have risen linearly
since the first data set in 1955. The distribution ratio for the aost
recent measurement of front advance rate is close to the value obtained in
short-term batch and column tests, but whether or not the plume front
advance rate has reached steady state remains to be seen.

Years Since Release

Figure 2: Kd calculated from the velocity of the Nitrate Plant
Plume relative to groundwater flow velocity verses time
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Ion competition may have also enhanced the Mobility of other radionuclides,
but most are so strongly sorbed that the enhancement is not prominent. A
somewhat related process - hydrolysis - appears to have enhanced 137Cs
movement from the un-neutralized 1955 release in Area A. Radiocesium was
transported to a much greater degree than had been observed in the 1954
plumes, and this appears to be associated with the lack of any attempt to
neutralize the nitric acid in the infiltration pit.

Aqueous Speciation and Complexation

Many isotopes can exist in groundwaters in more than one dissolved species,
and the migration behaviour of different species can vary tremendously.
Thermodynamic data, with various degrees of reliability, are used to
predict the distribution of radionuclides (and other contaminants) under
known or anticipated aquifer chemical conditions. In situ data are of
great interest in testing and developing thermodynamic models. Aqueous
speciation and complex formation can also be controlled or affected by
organic compounds and biologic activity, situations for which theroodynamic
data are generally absent or inappropriate. At present, we must still rely
in part on field data from the environment of Interest or from one that is,
we believe, sufficiently similar.

Evaluations of 60Co distribution and transport from the Chemical Pit
provided one of the early cases where complexation with organic agents was
the suspected cause of a 1961 peak in cobalt release to the wetland that
receives the local flow system's discharge. Plume mapping and transport
studies in the early 80's found that almost all of the dissolved 60Co was
present as anionic, organic complexes that were none of the chelating
agents known to have been occasionally discharged to the Infiltration pit
prior to the study [Killey et al., 1984]. At least some of the complexing
agents appeared to be naturally-present low molecular weight organics, but
again no specific compound or class of compounds could be identified. The
complexes appeared stable in the subsurface, but decomposed on exposure to
UV (including sunlight).

In 1984, a collaboration between Chalk River and staff from Battelle's
Pacific Northwest Laboratories (PNL) employed large-volume columns of
anionic and cationic ion exchangers, along with activated alumina for
neutral species, to investigate the presence and aqueous speciation of
actinides and fission products in groundwater contaminant plumes from Area
A, the Nitrate Plant, the Chemical Pit, and the Glass Block experiment
[Champ et al., 1985; Robertson et al., 1989]. Data from the Chemical Pit
plume, where the widest variety of radionuclides were encountered, are
summarized in Table 2.

Particulate Transport

The 1979 mapping of 131Cs dovngradient of the Glass Block site encountered
low concentrations of sorbed radiocesium extending up to 7.5 m from the
source, about 4 times farther than had been expected [Valton and Herritt,
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TABLE 2: Radionuclide Speciation in the Chemical Pit Plume

Isotope

Co-60

Zr-95

Ru-106

Sb-125

Cs-137

Ce-144

Eu-154

Eu-155

Fe-55

Ni-63

Sr-90

Tc-99

1-129

Pu-238

Pu-239/240

Am-241

Cm-242

Cm-244

Paniculate

(>0.45 um)

0.540

0.037

0.155

0.009

0.205

0.015

<0.030

<0.002

Concentration

Cationic

81.4

3.18

17.39

0.260

<0.040

<0.110

<0.370

<0.040

59.2

13.1

398

<0.070

<0.007

0.013

0.095

0.248

0.011

0.002

(Bq/L)

Anionic

439.6

69.93

262.7

6.88

<0.110

0.59

2.22

0.11

37.37

<2.15

2.36

0.252

<0.002

0.670

3.44

0.0037

-

-

Alumina

Sorted

14.80

0.11

10.73

0.70

<0.010

<0.025

<0.150

<0007
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1980]. Champ and Merritt [1981], investigated the causes of this anomalous
mobility and found that the 137Cs vas being transported by colloidal size
particles. They furthermore found that formation of these particles is in
some way associated vith nicrobial activity within the aquifer.
Sterilization of columns of aquifer sediments using both antibiotics and
high-dose gamma irradiation resulted in an almost immediate halt to the
release of both particles and radioceslum, but release of both resumed
after unsterilized groundvaters vere re-introduced. The behaviour vas
repeatable.

Following these results, Champ et al. [1982] conducted laboratory studies
using plutonium and previously uncontaminated aquifer sediments and
groundvaters. Colloid formation vas again associated both vith plutonium
transport and with biological activity in the test columns.

S0RPTI0N PHENOMENA

Equilibrium Sorption

Conventional models frequently assume that the distribution of a
contaminant between water and aquifer solids is controlled by an
equilibrium ion exchange distribution coefficient. If so, sorption can be
predicted from measurements of ion exchange capacity, sorption selectivity
vith respect to competing ions, and their solution concentrations. The
cation exchange capacities of Chalk River sediments range from 1 (sands) to
25 meq per hundred grams (clays) [Evans, 1958; Jackson and Inch, 1980].
Patterson and Spoel [1981], determined a selectivity coefficient of 1.5 for
strontium over calcium in sorption to local sands.

Distribution Coefficients: Strontium-90

In past years, a series of estimates of the parameters describing the
partitioning of 90Sr between Chalk River aquifer materials and groundvater
were made. These estimates are summarised in Table 3. The methods used
included: (1) laboratory batch methods; (2) laboratory and field columns;
(3) field tracer methods; and (4) coring of the contaminated aquifer, as in
the case of Killey and Munch [1987] and Jackson and Inch [1989].

(1) Batch Studies: Patterson and Spoel [1981], developed a batch testing
protocol and made extensive measurements on whole sediments and mineral and
size-separated sub-samples from the Perch Lake aquifer. Whole sediments
yielded a mean distribution coefficient of 4.5 mL.g*1; normal and log-
normal distributions appeared to describe the range of measured values
equally veil. A limited set of batch measurements using sands and silty
sands collected beside the Nitrate Plant plume provided a log mean K^ of
8.5 mL-g-1 [Killey and Munch, 1987].

(2) Lab and Field Columns: The field column technique, designed to allow
controlled flov and in situ geochemical conditions, is described by Champ
et al. [these proceedings]. In a series of field column measurements of
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TABLE 3:Summary of Kd Parameters

TECHNIQUE

Batch

Batch

Column

Column

Injection —
Withdrawal

Insi tu Cores

Insi tu Cores

SITE

Area A

Nitrate

Nitrate

Nitrate

Area A

Area A

Nitrate

STRONTIUM
9O-Kd(avg)

1 0 0

8 5

36.8

7.0

3.4

6.5

12.9

REFERENCES

P a t t e r s o n & Spoel .1981

Killey & Uchida, in p r e p

Killey &c Uchida. in p r e p

Champ et al.1985

Pickens et al.1981

Jackson & Inch. 1989

Killey & Munch. 198?

radiostrontium retardation, Champ et al. [1985], determined V+'s of between
6.2 and 7.9 mL.g-1 in Perch Lake basin sands, based on *5Sr breakthrough
relative to HTO. No evidence of kinetic controls on ;orption were evident
in these relatively short-term (several day) experiments. Replicate field
column experiments beside the Nitrate Plant [Killey and Uchida, in
preparation] found an average strontium f̂  of 5.3 aL-g-1 in medium sand but
a Kj of 55 mL.g-1 in silty sands. Most of the difference could be
explained by differences in BET surface area between the two soils.

(3) Injection-Fithdrawal Testing: The l5Sr breakthrough curv« of Pickens
et al. [1981] was derived from comparison with a nonreactive iodide
breakthrough curve during a single-well injection/withdrawal tracer test.
From relative velocities a distribution coefficient of 3.-4 mL.g-1 was
calculated. This low value (relative to other K,, measurements at this
site) and the breakthrough and recovery curves all indicated that reaction
kinetics were limiting strontium sorption in this high velocity field.

(4) Contaminant Plumes: In situ distribution ratios or coefficients have
been measured in contaminant plumes from some of Chalk River's waste
management sites by measuring radionudide concentrations in both soils and
groundwaters collected at the same locations. Data collected at 28
locations in the Area A plume yielded a mean X* of 6.5 mL.g-1 for 90Sr
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[Jackson and Inch, 1989]. Similar analyses of radiostrontiua R,,'s at 337
locations in the Nitrate Plant plume yielded a log-normal distribution of
distribution coefficients, with a mean of 12.9 mL.g-1 [Killey and Munch,
1987]. The summary of the analyses are listed in Table 4.

TABLE 4. Nitrate Plant Plume Radiostrontium Distribution Coefficients

Distribution

Coefficient

(mUfl)

Log Mean

Log Std.Dev.

Mean

Plus 1 Std. Dev.

Minus 1 Std. Dev.

Observed Maximum

Observed Minimum

15

1.249

0.773

17 7

105

3 0

155

0.02

45

1 018

0 894

10.4

82

1.3

139

0 05

Distance from Source

100 160

1.222

0.672

16 7

78

3 5

174

0 53

1.104

0.810

12 7

82

2 0

170

0.03

(m)

220

1.286

0 445

19 3

54

6 9

180

1.47

265

0 961

0.446

9 1

26

3 3

64

1 13

305

1 055

0 477

11 4

34

3 8

163

0 56

Distribution Coefficients for other Radionudides

Batch sorption and field column experiments, and contaminant plume data,
have also been applied to studies of the behaviour of nuclides other than
90Sr. One of the other relatively mobile and relatively abundant
radionuclides at Chalk River is 60Co. Contaminant plume studies [Killey et
al., 1984] dovngradient of the Chemical Pit found distribution ratios of
from 0.5 to more than 130 Bq-mL"1; these results vere not termed Kj's,
since other data shoved that most of the dissolved cobalt was present in
anionic species, and not available to react with the aquifer sediments
through conventional ion exchange. Field column experiments [Killey and
Uchida, in preparation] found that small quantities (5 to 10Z) of the
injected cobalt vere transported at groundwater flow velocities, but that
the remainder exhibited slov transport through the columns that could not
be described by equilibrium processes.
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Radiocesium is another abundant nuclide in lov- and intermediate-level
vastes. There are numerous measurements of batch distribution ratios for
137Cs in the literature, vith an average of 100 mL-g'1 [Vandergraaf, 1982]
being a value representative of the report data. In situ distribution
ratios from analyses of contaminated sediments in the Area A plume yielded
a mean of 250 mL.g*1, and a standard deviation of about 180 mL-g-1 [Jackson
and Inch, 1980]. Field column tests yielded 131Cs breakthrough curves and
in-column distributions that were consistent vlth an equilibrium sorptlon
process and Kd's between 50 and 100 mL-g'

1.

The behaviour of a variety of other nuclides has also been investigated
using the dovnhole column procedure. The aost notable application has been
a tvo-year study of the behaviour of a variety of long-lived radionuclides
that are of interest in nuclear fuel waste management. Those results are
reported in these proceedings by Champ et al. In most cases, distribution
coefficients do not appear to provide an appropriate model for the sorption
behaviours that were observed.

Non Equilibrium Sorption

The application of a succession of increasingly aggressive leaching agents
has been widely used in attempts to identify sorptlon phenomena. A
conventional sequence would involve displacement of ion exchangeable
contaminants, dissolution of carbonates, dissolution of secondary hydrous
oxide minerals, and dissolution of primary silicates. A step for the
destruction of organic matter is frequently included. Most of the "direct"
data on non-equilibrium sorption phenomena in studies at Chalk River have
used sequential leaching; kinetic controls on reactions have also been
estimated by fitting various reaction models and parameters to contaminant
plume, batch, and column data.

Many modifications and contaminant-specific variants on this procedure have
been used, but at Chalk River the focus has been on ion exchange and
secondary oxyhydroxides. Contaminant plumes from two waste management
operations at Chalk River have been studied with a view to exploiting the
long contact times (more than 30 years) between contaminated groundvatsrs
and aquifer sediments. Although the exposure history of a sample of
contaminated aquifer sand from these plumes is not known in detail,
sequential leaching studies can potentially be used to define the solid-
solution reactions that are actually dominant and obtain rate information
on kinetically controlled processes.

Jackson and Inch [1980, 1983] collected sands from the Area A aquifer plume
at locations where contaminant exposure times ranged from 10 to 30 years.
They found that 60 to 80Z of the sorbed 90Sr, but less than 50Z of sorbed
137Cs, could be removed by ion exchange procedures, and that most of the
remaining activity was retained by specific adsorption to Fe/Mn/Al hydrous
oxides. Leaching of sands contaminated with radiostrontium in short-term
laboratory tests showed that all of the laboratory solid-solution reactions
were ion exchange. Killey and Munch [1987], undertook similar studies of
the Nitrate Plant 90Sr plume, leaching sands with contaminant exposures of
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between 5 and 29 years. They found that, on average, 40Z of the 90Sr vas
removable by ion exchange, 50% vas released by stripping the hydrous Fe/Mn
oxide coatings, and about 101 remained vith the primary silicate •inerals.
There were no trends involving changes in the percentages of radiostrontium
sorbed by the different mechanisms vith different contaminant contact
times. This implies that the specific sorption to oxyhydroxides is
controlled by a reaction vith a half-time of betveen a fev months and a
couple of years. The results also indicate that this oxyhydroxide sorption
is an equilibrium reaction.

Results of the studies of waste management site plumes are supported by
analyses of data from the Glass Block experiment. Helnylc et al. [1984],
found that simulation of the distribution of sorbed 90Sr versus distance
from the blocks required a dual-reaction model, vith one instantaneous
exchange process and a second reaction vith a half-time to equilibrium of
betveen 2 months and 2 years.

Ve recognize that the specificity of sequential leaching procedures remains
questionable. In evaluations at Chalk River, Inch and Killey [1987] found
that BET surface areas of aquifer sands decreased after ion exchange
treatments, but increased above initial values after treatment to remove
hydrous oxides. The initial decrease vas attributed to partial dissolution
of secondary minerals by the ion exchange treatment; the final Increase
appears to be the result of etching of the primary silicates by the
solutions used to remove secondary minerals. This latter process has been
substantiated by SEM examination of leached sands.

Surface Area and Mineralogic Controls

For Chalk River sands, the surface area and sorption capacity of Individual
minerals is vermiculite » sericite > amphibole > muscovite « biotite >
feldspar > quartz [Inch and Killey, 1987]. Clearly, the composition of the
primary minerals controls their BET surface area; can ve conclude that
surface area is the only (or dominant) solid phase control on contaminant
sorption? That is, is sorption itself independent of primary mineral
composition? If so, ve can restrict our studies of chemical controls to
secondary minerals, vhich often comprise a much more limited suite of
compounds than the primary minerals.

To address this question, Inch and Killey [1987, 1989], separated
individual samples of contaminated sands from three plumes into component
primary mineral fractions. They found that for 90Sr, there vere almost
perfect correlations betveen surface area and the relative amounts of
sorbed radionuclide, indicating that indeed substrate mineralogy played no
direct role in sorption.

In situ distribution ratios (soil concentration divided by contaminant
content of the associated pore water) vere measured in a series of samples
from both the Nitrate Plant and Area A contaminant plumes. Figures 3a and
Figure 3b plot the in situ 90Sr distribution ratios versus surface areas
for both sites. Vith a strong linear correlation betveen the two data
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sets, long-term in situ distribution ratios can be reliably predicted for
the vhole of the Nitrate Plant contaminant plume using surface area
information. This vas anticipated for a system where aqueous chemistry is
relatively constant throughout the contaminant plume.

The 90Sr in situ Kj versus surface area correlation for sandy sediments
from the Area A plume is again very linear; the difference in slope between
it and the regression for the Nitrate Plant plume can be attributed to the
higher Ca and Mg concentrations in the Area A aquifer. At Area A, however,
there is a significantly different correlation between Kg and surface ares
for clayey silts than that of the sandier strata (Figure 3b). At present,
it remains unclear whether the differences in radiostrontium sorption are
the result of direct interactions between dissolved 90Sr and primary
minerals, or differences in secondary mineralogy stemming from different
exposures to the waste solutions released to the ground.

Solute Transport Modelling

Studies to test the validity of conventional groundwater contaminant
transport models have used contaminant plumes at Chalk River as test cases.
The two most comprehensive of these studies were conducted in association
with Battelle Pacific Northwest Laboratory (PNL), and used the Nitrate
Plant and Area A sites as sample cases. Results are presented in Robertson
et al. [1987a, b]. In both cases, the codes (CFEST and the method of
characteristics or HOC code) had little difficulty in producing good
matches to aquifer hydraulic head distributions, even using partial aquifer
data sets as input. This can, in part, be attributed to the relative
hydrogeologic simplicity of the two sites, but reflects the general success
of numerical models in simulating hydraulic head fields in permeable porous
media.

Simulations of 90Sr transport proved to be much more involved, and ended up
relying on long-tern;, in situ data for a description of radiostrontium
migration behaviour. Both codes consider only equilibrium exchange
reactions in their simulation of reactive contaminant solid-solution
interactions. Time-varying distribution coefficients, with low initial
Kd's based on early plume migration data and maximum (late) K^'s derived
from in situ measurements, provided reasonable Batches to the observed
plumes. Figure 5 displays the observed and best fit simulation of the
Nitrate Plant 90Sr plume. It is important to remember that the time-
variation information on 90Sr transport and sorption would not be available
in most cases, and that the long-term movement of the radiostrontium is, in
part, controlled by sorption processes that are unlikely to be observed in
laboratory tests. Another notable feature of the study was the extreme
measures required to reduce numerical dispersion in the CFEST coie to a
point where field dispersivities became the controls on contaminant
spreading.

The variety of geochemical processes that operate in natural systems and
the magnitude of their influence on contaminant migration makes Improved
conceptual and mathematical geochemical models vital for progress. The
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attractiveness of the linear isotherm or K^ approach is its simplicity of
form. While it provides useful information on contaminant transport for
some elements or species, rate controlled sorption or fixation, the
formation of multiple or changing aqueous species, colloid transport, etc.,
are all processes that have been observed and that fall beyond the
capabilities of conventional codes.

Another aspect of contaminant transport that is beginning to be addressed
is the effects of spatial variability in sorption on the movement of
reactive contaminants. The spatial distribution of variations in hydraulic
conductivity are nov considered to be the primary controls on non-reactive
contaminant dispersion. Adding variations in sorption capacities, rates,
or processes can greatly increase the apparent spreading of reactive
contaminants. To date, the only study that ve are avare of that has
attempted detailed measurements of sorption variability is reported in
these proceedings by Robin et al. Through the investigations of the
relationship between surface area and K&.S, ve had hoped to be able to
rapidly assess the spatial distribution of sorption capacity variations
using surface area measurements. To date, it appears that such an approach
may be viable in chemically and lithologically uniform systems, but that
the method is not suitable for indiscriminate application.

SUMMARY

Studies of geochemical controls on radionuclide transport at Chalk River
have necessarily focussed on 90Sr, the most mobile of the relatively long-
lived and abundant fission products, but a variety of other radioisotopes
have also been studied. Aqueous phase processes that affect contaminant
mobility and that have been observed and studied at Chalk River include ion
competition, multiple and time (or space) varying species, and particulate
transport. Reactions involving solids that have been observed and
investigated include ion (or at least instantaneous and reversible)
exchange, rate-limited specific sorption, and apparently permanent
fixation. Although not directly noted at Chalk River, precipitation and
co-precipitation are other common solid-solution processes. Secondary
minerals are the dominant phases involved in reactions vith dissolved
contaminants, but ve cannot yet rule out direct chemical interactions vith
primary minerals in some settings.

Given the list of processes above, vith effects that range from complete
mobilization of contaminants to permanent removal from solution, and the
added uncertainties posed by spatial variability in these processes within
a given flov system, it is abundantly clear that although dispersion can
have significant effects on the distribution of non-reactive contaminants,
geochemical effects can have tremendously greater impacts on transport
predictions. The greatest difficulty in implementing better geochemical
models is still the lack of information on controls and rates.
Considerable effort continues in the development of codes based on
thermodynamic models of aqueous speciation, but ve have seen many examples
here where solution species for various radionuclides are not in agreement
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with inorganic predictions. The primary challenge for us, and others, is
to better define the relative importance of these processes, and to develop
measuring techniques that vill allow accurate assessment.
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SCALING DELATIONS FOR USE OF BATCH DATA IN DESIGN OF REACTIVE TRACER TESTS

Jean M. Bahr
Department of Geology and Geophysics
University of Wisconsin - Madison

ABSTRACT

Tracer tests employing reacting solutes can be used to evaluate the rates
and extents of in-situ retardation and transformation of groundwater con-
taminants. Preliminary estimates of retardation and transformation rates
can aid in selecting appropriate input concentrations, monitoring network
density and sampling schedules. Results of laboratory batch experiments
provide one source of data for such estimates, as well as the basis for
models that can be used to interpret tracer test results. In some cases,
batch experiments are designed to identify rate laws and rate constants for
the reactions of interest. More frequently, however, batch experiments are
conducted to determine equilibrium relations for sorption or other revers-
ible reactions. Kinetic information provided by these equilibrium experi-
ments generally consists only of estimated equilibration times. In this
paper, analytic integrated rate laws for batch conditions are compared to
results of numerical simulations of sclute transport affected by homogeneous
and heterogeneous reactions in order to establish scaling relations between
batch equilibration times and transport times required to approach local
equilibrium. For homogeneous reactions similar time scales are required for
batch equilibration and to approach local equilibrium during transport.
However, significant differences in time scales can exist between batch and
transport conditions for cases involving heterogeneous reactions. Use of
the resulting scaling relations in the design of reactive tracer tests is
discussed for cases of finite and continuous tracer input.

INTRODUCTION

Tracer tests employing reacting solutes have been conducted in a number of
sand and gravel aquifers [e.g. Pickens et al., 1981; Roberts et al., 1986;
Kent et al., 1989]. Such tests are designed to quantify the in-situ retar-
dation and rates of transformation of groundwater contaminants. Observed
retardation is frequently compared to that predicted on the basis of equi-
librium isotherms determined from laboratory batch experiments. Results of
laboratory batch experiments can also be used to design monitoring networks
and sampling schedules for reactive tracer experiments.

One limitation in the use of batch equilibrium parameters to design and
evaluate reactive tracer tests is that local equilibrium may not be attained
under condition" of the field experiment. Approaches to assessing the
applicability oi the local equilibrium assumption (LEA) have been described
in a number of recent papers, including those by Jennings and Kirkner
[1984], Jennings [1987], Valocchi [1985, 1986, and 1989], Bahr and Rubin
[1987] and Bahr [1990]. The criteria for LEA applicability developed in all
these papers are functions of dimensionless Damkohler I numbers, which
represent a ratio of a characteristic transport time to a characteristic
reaction time. Evaluation of the Damkohler I numbers for a given transport
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problem requires knowledge of the form of the rate law for the rate detez
mining step and the rate constants for this reaction step. The rate deter-
mining step may be either a chemical reaction or diffusion of reactants to
the reaction site.

Some laboratory batch experiments are designed to evaluate both kinetic and
equilibrium parameters for the reaction of interest (e.g. Ball, 1989]. More
frequently, however, the primary purpose of the batch experiments is to
determine equilibrium relations with kinetic information limited to es-
timates of equilibration times [e.g. Curtis et al., 1986J. In such cases,
it is not possible to evaluate the Damkohler I numbers in order to determine
whether or not a LEA model is applicable. The purpose of this paper is to
examine how estimated equilibration times for batch experiments can be used
to determine minimum travel distances or travel times beyond which LEA
models are applicable for simulating transport of reacting solutes.

APPROACH TO EQUILIBRIUM IN BATCH

The approach to equilibrium in a batch experiment can be evaluated at any
time using the integrated rate law for the reaction. Integrated rate laws
for batch reactions are discussed in many texts on chemical kinetics.
Schmid and Sapunov [1982] present integrated rate laws for a variety of
reversible reactions following first-order, second-order, and mixed first
and second-order kinetics, all of which can be written in the general form

1 - F(t) - f(c)exp(-Rt) (1)

where F is the fractional extent of the reaction, f(c) is a function of
concentration of one of the reactants, R is a constant that depends on the
rate constants and rate law for the reaction and t is elapsed reaction time.
The fractional extent of the reaction can be evaluated in terms of a conver-
sion variable z evaluated as

z(t) - CQ - c(t) (2)

where c is the initial concentration of a reactant and c the concentration
at some time t. The equilibrium conversion, z , is defined by

Zeq - Co - Ceq ( 3 )

The fractional extent of reaction is then computed as

z(t)
F(t) - (4)

eq
The quantity [1 - F(t)] provides a measure of the departure from equilibrium
at any time.

Integrated rate laws for two sorption reactions and for a homogeneous com-
plexation reaction are listed in Table 1. Derivations of these rate laws
can be found in Bahr [1986]. These three reactions will be used in examples
described in the following sections of this paper.
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TABLE 1
INTEGRATED RATE LAWS FOR SELECTED REACTIONS

HOMOGENEOUS COMPLEXATION
Differential Rate Law:

dc dc dc
= — — - — — -1c c r + If f

dt dt dt Kfclc2 r 12

Integrated Rate Law:

Equilibrium Relation:

k
C12 " r ci c2 - K cl c2

Ku,,
l-F(t) - U l U 2'^ 2 e q C l 2 exp -(k + kFc,..)|l + — ^ - ^ I t

U1 U2

(e- solute cone, e_ - complex cone, u. - c. + c.^t ̂ -c an(^ ̂  a r e

rate constants, K is the equilibrium constant.)

leq;

kf

FIRST-ORDER SORPTION
Differential Rate Law:

- -V + V

Equilibrium Relation:

- kf
c - i r c - Kdc

Integrated Rate Law:

l-F(t) - exp[-(kf+kr)t]

(c - solute cone, c - sorbed core, n =• porosity, p — bulk density,
k_ and k are rate constants, K, is the equilibrium constant.)

LANGMUIR SORPTION
Differential Rate Law:

" dt f dt

Integrated Rate Law:

Equilibrium Relation:

(kf/kr)cTc KLcT<

c - l+(k /k )c l * c

l-F(t) -
C C™- C C

o T n eq
CoCT

exp -
n eq

(c — solute cone, c — sorbed cone, c_ is maximum sorption capacity,
n - porosity, p - bulk density, kf and k are rate constants, K. is
the equilibr'urn constant.)
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TABLE 2
PREFIX DENOMINATORS AND DEVIATIONS FROM EQUILIBRIUM FOR TRANSPORT PROBLEMS

REACTION E(x.,t>

Homogeneous
Complexation 1 +

Ku.

K cl c2

First-Order
Sorption 1 - Kc

Langmuir
Sorption 1+K c

l

1 -

TABLE 3
AQUIFER PARAMETERS FOR BATCH COMPUTATIONS AND TRANSPORT SIMULATIONS

Porosity (n) 0.33 3

Bulk Density (p) L.8 g/cm
Advective Velocity (V) 10 cm/day
Dispersivity (a) 1 cm-
Dispersion Coefficient (D) 10 cm /day
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APPROACH TO LOCAL EQUILIBRIUM DURING TRANSPORT

Analyses of transport problems involving the three reactions listed in Table
1, described in Bahr and Rubin [1987] and Bahr [1990], have been used to
show that departures from local equilibrium during transport depend on the
magnitude of a "kinetically influenced term". This term has the general form

1
- D ^ + V + higher order derivatives (5)

where D is the coefficient of dispersion and V the advective velocity. The
parameter p , is referred to as the prefix denominator and is a function of
rate constants for the reaction of interest. Prefix denominators for the
three reactions listed in Table 1 are shown in Table 2. Note that for these
three reactions, the prefix denominators are identical in form to the para-
meter R appearing in the corresponding integrated rate law for batch condi-
tions. This indicates, as one would expect, that the same grouping of rate
parameters controls the approach to equilibrium under batch and transport
conditions. Further implications of this correspondence between batch and
transport parameter groupings will be discussed in a later section of this
paper.

The departure from local equilibrium during transport can be quantified at
any distance x from the source and at any time t using a measure E(x,t)
which is similar to the quantity [1 - F(t)] described above for the batch
case. Using the example of a first-order sorption reaction and assuming
that the initial sorbed phase concentration is 0, the conversion is simply
the sorbed concentration c(x,t). This can be compared to the sorbed phase
concentration that would be in equilibrium with the local solute concentra-
tion at that time and distance, namely Kc(x,t), where the equilibrium con-
stant K is the ratio of the rate constants. This leads to a measure of
departure from local equilibrium defined as

Similar measures can be defined for the other two reactions and these are
listed in Table 2.

COMPARISON OR BATCH EQUILIBRATION TIMES AND TRANSPORT TIMES

It has often implicitly assumed that if a reaction approaches equilibrium
relatively rapidly in a batch experiment, e.g. with equilibration times on
the order of several hours to a few days, that the local equilibrium assump-
tion should apply under field transport conditions where travel times exceed
cha batch equilibration time. The following simulation examples are de-
signed to examine the validity of this assumption. In each case, a hypo-
thetical batch reaction which attains a fractional conversion F(t) of 0.98
in 2 days is used to determine rate constants for use in transport simula-
tions. Although a fractional conversion of 0.98 does not represent complete
equilibration, 0.98 was chosen as a value that represents a close approach
to equilibrium and that is probably within the limits of resolution of many
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batch experiments. Note also that, because of the exponential approach to
equilibrium with time implied by the form of the integrated rate laws,
alternate choices of fractional conversion in the range of 0.95 to 0.99
would generate relatively small changes in the computed rate constants. For
these examples, it is assumed that porosity and bulk density in the batch
reactors are identical to those in the aquifer and that the same rate deter-
mining step and rate constants control the reaction under batch and trans-
port conditions. Although these conditions are not always met in practice,
they facilitate the comparison of batch and transport problems. The physi-
cal and transport parameters for these examples are listed in Table 3.

For each example, transport simulations are used to generate concentration
profiles at two days and at later times. The models used for these simula-
tions employ finite difference approximations with local linearization of
nonlinear terms. LEA solutions presented for comparison are based on ana-
lytic solutions to the transport problem in the cases of homogeneous com-
plexation and first-order sorption. A finite difference model was used to
generate LEA solutions for examples of Langmuir sorption. All transport
simulations are for one-dimensional, steady flow and employ a Cauchy inlet
boundary condition. A Neumann boundary condition is applied to the ouclet
boundary of the numerical models but the location of the outlet boundary is
sufficiently beyond the front to approximate a semi-infinite aquifer as is
assumed for the analytic solutions. The deviations crom local equilibrium
inferred though comparison to LEA concentration profiles and/or quantified
at individual points along the profile using the measure E(x,t) provide an
indication of the applicability of the local equilibrium assumption for the
corresponding travel times and travel distances.

Homogeneous Complexation

Consider a homogeneous complexation reaction in which two solutes react to
form a solution phase complex according to the differential rate law listed
in Table 1 and with an equilibrium constant K of 1 L/mmol. A batch experi-
ment is conducted in which the initial solute concentrations c, and c- are
2 mmol/L and the initial complex concentration c,- is 0. At tRe end o? 2
days the fractional extent of the reaction is found to equal 0.98. Using
this information along with the integrated rate law and the equilibrium
relation listed in Table 1, the rate constants for the reaction can be shown
to have the following values: kf - 0.61 L/mmol-day and k - 0.6i/day.

Transport was simulated for these rate constants with inlet concentrations
c, and c« equal to 2 nmol/L. The inlet concentration c.~ of the complex
was 0. Figure la shows the concentration profiles for the complex at 2
days, 4 days and 6 days along with concentration profiles predicted for the
complex using a LEA model. Although noticeable departures from local equi-
librium persist near the inlet boundary, the solute front in each case can
be seen to closely approximate that predicted by the LEA model. Figure lb
shows deviations from local equilibrium evaluated according to the measure
E(x,t) defined in Table 2 for this reaction. For all three profiles, the
deviation goes to zero at the midpoint of the front. The negative and
oscillating values of E(x,t) computed for the leading edge of the front are
probably artifacts of numerical errors in the simulation model which become
more significant at low concentrations.
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Figure 1. a) Concentration profiles for a solution phase complex at 2
days, 4 days, and 6 days of transport with continuous input of two reacting
solutes. The homogeneous reaction follows the rate law listed in Table 1
with rate constants kf - 0.61 L/mmol-day and k - 0.61/day. Inlet con-
centrations used in simulations were c, - 2, c« - 2, and c^^- 0.
b) Deviations from local equilibrium for the aBove simulations quantified by
E(x,t) - 1 - c.
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These simulation results demonstrate that the homogeneous reaction approach-
es local equilibrium for travel times approximately equal to the batch
equilibration time. This equivalence of time scales is not surprising,,
given that the reaction takes place entirely within the fluid phase. Each
parcel of fluid can be considered as a batch reactor moving through the
aquifer with the travel time from the inlet boundary therefore corresponding
to the elapsed batch reaction time. Thus, the assumption that a local
equilibrium model is applicable for travel times equal to or exceeding the
batch equilibration time is clearly justified for this class of reaction.
Note, however, that at distances corresponding to travel times much shorter
than the batch equilibration time (i.e. near the inlet boundary) local
equilibrium is not attained even after passage of the solute front. Correct
simulation of concentrations at these distances requires a kinetic model.

Sorpt-ion With Continuous Solute Input

The second example involves a first-order sorption reaction with an equi-
librium distribution coefficient K, of 0.18 L/kg. For this reaction, a
fractional extent of reaction equal to 0.98 at the end of 2 days requires
the following values for the rate constants: k,. - 0.32/day and k —
1.79 kg/L-day. Figure 2a shows the concentration profiles in an aquifer for
the solute and the sorbed phase after 2 days of continuous input of solute.
For local equilibrium conditions, the solute front would be retarded by a
factor of 2 relative to the front for a conservative solute and the dimen-
sionless concentrations for the solute and the sorbed phase would coincide.
In these profiles, however, the solute front shows less retardation than
that predicted by a LEA model. In addition, the sorbed phase concentration
profile shows considerable lag behind the solute profile. The deviation
from equilibrium E(x,t) ranges from approximately 0.2 near the inlet bound-
ary to over 0.8 at the leading edge of the solute front, with a value of
about .5 at the midpoint of the solute profile.

Figure 2b shows the profiles simulated for a transport time of 20 days.
Note that the distance axis of this plot has been scaled in order to present
these profiles on a plot of the same dimensions as Figure 2a. The relative
lag of the sorbed phase profile is less than that at 2 days but these pro-
files still exhibit significant departures from local equilibrium. Devia-
tions from equilibrium are about 0.16 at the midpoint of the solute profile
and exceed 0.4 at the leading edge of the profile.

Figure 2c shows profiles after 400 days of transport: at which time the front
has travelled 20 m from the source. For this travel time and distance,
deviations from equilibrium at the midpoint of the ssolute front have been
reduced to 0.03. A comparison with the profile predicted by a LEA model,
shown on the same figure, indicates that the front still exhibits a small
amount of excess spreading over that for equilibrium controlled transport.
However, this error of the LEA model might be considered acceptably small
for many practical applications.

Figure 3 showc similar results for a first-order reaction with an equi-
librium K, of 1.65 L/kg, which would generate an equilibrium retardation
factor of 10. As in the previous examples, rate constants were computed for
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Figure 2. Concentration profiles and deviations from local equilibrium for
transport affected by a first-order sorption reaction with rate constants
kf - 0.32/day and k - 1.79 kg/L-day. Simulations used a continuous input
of solute with inlet concentration c - 1. Dimensionless concentrations
are computed as C - c/c for the solute and C - C/(KC Q) - c/(.18c) for the
sorbed phase. Deviations from local equilibrium were quantified by E(x,t) -
1 - c/(Kc). (Note that the x-axes have been scales so that the midpoint of
the profiles occurs at approximately the same position on each plot.)
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Figure 3. Concentration profiles and deviations from local equilibrium for
transport affected by a first-order sorption reaction with rate constants
kf - 0.58/day and k - .35 kg/L-day. Simulations used a continuous input of
solute with inlet concentration c - 1. Dimensionless concentrations are
computed as C - c/c for the solu8e and C * C/(KC Q) - c/(1.65c) for the
.sorbed phase. Deviations from local equilibrium were quantified by E(x,t) -
1 - c/(Kc). (Note that the x-axes have been scales so that the midpoint of
the profiles occurs at approximately the same position on each plot.)
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a reaction that would attain a fractional conversion of 0.98 in 2 days.
After a travel time of 2 days (Figure 3a), profiles for this reaction show
even greater deviations from local equilibrium than in the previous example.
The solute profile shown in this figure is also somewhat retarded relative
to the 2 day profile for the previous example (Figure 2a). However, com-
parable profiles and deviations from equilibrium at the trailing edge of the
front are found comparing Figure 2a to a 10 day profile for this case
(Figure 3b). The mean travel distance at these times in both cases is about
13 cm. As in the previous case, deviations from local equilibrium are
substantially reduced by the time the solute front has reached a distance of
20 m (Figure 3c) .

The first conclusion one can draw from these results is that travel times
required for a front to approach local equilibrium in the case of a hetero-
geneous reaction can be at least two orders of magnitude greater than the
batch equilibration time. This difference in time scales makes sense when
one recognizes that the reacting solutes in the front are continuously
encountering new solid phase reactants. Deviations from local equilibrium
at the front will persist longer than in a closed system due to this con-
tinual introduction of new reactant.

Comparing the simulation results in Figures 2 and 3, it appears that the
travel distance bears a more direct relation to deviations from local equi-
librium than does the absolute travel time. These results are consistent
with those presented in Bahr and Rubin [1987] to show that criteria for LEA
applicability for this reaction can be formulated in terms of the dimension-
less prefix denominator defined by

PD - PdL/V (7)

where L is the distance from the source at which breakthrough is observed.
Note that the dimensionless prefix denominator is identical in form to the
exponential in the integrated rate law, with the quantity L/V substituted
for the elapsed reaction time t. The ratio L/V is the time required by a
conservative solute to travel from the source to the observation point.
This would be the minimum travel time for a reacting solute affected by a
very slow reaction. It thus appears that it is this minimum travel time for
a conservative solute, rather than the maximum travel time for equilibrium
retardation, to which the batch reaction time should be compared in
developing scaling relations. The above simulation results and those
summarized in Bahr and Rubin [1987] indicate that for problems involving a
continuous input of a sorbing solute, the conservative travel time must be
approximately 100 times the batch equilibration time in order for the front
to approach conditions of local equilibrium.

An example of sorption following Langmuir kinetics can be used to demon-
strate that conservative travel times at least two orders of magnitude
greater than the batch equilibration time are required to approach local
equilibrium for other sorption reactions as well. The simulation results
shown in Figure 4 were generated for a transport problem involving a solute
that sorbs according to Langmuir kinetics with a sorption capacity c™ of
0.355 mg/kg, rate constants k_ and k equal to 0.22 kg/mg-day and 1.1 kg/L-
day respectively, and an equilibrium constant K. of 0.2 L/mg. The input
concentration of solute was 10 mg/L. A latch reactor with a final
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equilibrium solute concentration of 10 rag/L and these kinetic parameters
would reach a fractional conversion of .98 in 2 days. As in the cases of
transport affected by a first-order reaction, significant deviations from
local equilibrium are noted for profiles at 2 days (Figure 4a). At a travel
time of 23 days, corresponding to a travel distance of about 2m (Figure 4b),
the solute front still exhibits some excess spreading relative to the LEA
predicted front, but the deviation from local equilibrium at the midpoint,
quantified by the measure E(x,t), has been reduced to about 0.15. When the
front has reached about 20 m (Figure 4c), the solute front shows very little
excess spreading relative to that predicted by the LEA model and the mid-
point deviation from local equilibrium is reduced to 0.1.

Sorption With Pulse Inputs

An additional comparison for cases of transport affected by sorption can be
made for a case of a finite solute input. Figure 5 illustrates profiles at
22 days, 202 days, and 2002 days simulated using the same equilibrium par-
titioning and the srme rate constants as those for the simulations shown in
Figure 3. In this case, however, solute was introduced at the inlet bound-
ary for only the first two days of the simulation. The profile at 22
(Figure 5a) days shows a marked offset between the peak concentrations in
the aqueous and sorbed phases. Less offset is apparent after 202 days
(Figure 5b). By 2002 days, when the center of the solute plume has reached
a distance of 20 m (Figure 5c), the solute and sorbed phase profiles ap-
proximately coincide, as would be expected for local equilibrium conditions.
However, comparison with the profile predicted by a LEA model indicates that
considerable excess spreading of the plume exists even at this distance.

The results of Valocchi [1985] also indicate that deviations from local
equilibrium are more pronounced for shorter periods of solute input. In the
limiting case of a Dirac input, the error measures defined by Valocchi based
on fractional changes of the temporal moments can be shown to be independent
of the travel distance L, but depend on the ratio of dispersivity to velo-
city a/V. This ratio can be considered a dispersion time, and is a second
time scale that should be compared to batch equilibration times for problems
involving pulse inputs of solutes.

The simulation results shown in Figure 6, generated for the same rate con-
stants and equilibrium relation as those for the simulations illustrated in
Figure 5, illustrate the effect of increasing dispersion time on the ap-
proach to equilibrium. For a travel distance of 2 m and a dispersion coef-
ficient of 100 cm /day (Figure 6a), corresponding to a dispersion time a/V
of 1 day, the solute and sorbed phase profiles differ significantly from
each other and from the LEA profile. When the dispersion coefficient is
increased to 1000 cm /day (Figure 6b), corresponding to a dispersion time of
10 days, discrepancies still exist at 2 m between the solute and sorbed
phase profiles, although both are now much closer to the LEA profile. At a
travel distance of 20 m, the solute and sorbed phase profiles coincide for a
dispersion coefficientjof 100 cm /day (Figure 6c), as they did for a disper-
sion coefficient of 10 cm/day, but still show considerable excess spreading
relative to the LEA profile. When the dispersion coefficient is increased
to 1000 cm /day for a travel distance of 20 m, the solute and sorbed phase
profiles coincide and are quite close to the LEA profile (Figure 6d). These
results indicate that for a finite input of solute, applicability of a LEA
model requires not only a conservative travel time that is two orders of
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Figure 6. Concentration profiles and deviations from local equilibrium
for transport affected by a Langmuirr sorption reaction with rate constants
kf and k equal to 0.22 kg/mg-day and 1.1 kg/L-day respectively and a maxi-
mum sorption capacity 0.355 mg/kg. Simulations used a continuous input of
solute with inlet concentration c - 10 mg/L. Dimensionless concentra-
tions are computed as C - c/c for the solute and C - c(l+Kc )/(Kc_c ) for
the sorbed phase. Deviations from local equilibrium were quantified by
E(x,t) - 1 - c(l+Kc)/(KcTc).
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magnitude greater than the batch equilibration time, but also a dispersion
time that exceeds the equilibration time by a factor of at least 5.

IMPLICATIONS FOR THE DESIGN AND ANALYSIS OF TRACER EXPERIMENTS

The scaling relations between batch equilibration times and transport times
indicated by the examples presented above can be summarized as follows:

1. Transport of a solute affected only by a homogeneous reaction
will approximate that predicted by a LEA model for travel times on
the order of batch equilibration times.

2. For continuous inputs of a sorbing solute, transport will approxi-
mate that predicted by a LEA model for travel distances greater
than the distance traveled by a conservative solute in a time
approximately two orders of magnitude greater than the batch equi-
libration time.

3. For finite inputs of a sorbing solute, considerably longer travel
dis~"nces or travel times may be required to approach local equi-
librium conditions than in cases of continuous solute input. In
cases of short inputs, a dispersion time becomes important, along
with the conservative transport time, in determining the approach
to local equilibrium transport. In such cases, LEA transport is
approximated only when the characteristic dispersion time a/V
exceeds the batch equilibration time. This means that in cases of
aquifers with small dispersivities, LEA transport may not be ap-
proximated at any distance if reaction rates are sufficiently slow.

These scaling relations have a variety of implications for the design and
analysis of reactive tracer experiments. If the goal of the tracer experi-
ment is to confirm predictions of equilibrium models, long periods of solute
input and sampling at large distances from the injection location may be
required to adequately characterize transport behavior. In contrast, if the
experiments are intended to identify rates of sorption, pulse inputs and
short time observations close to the source will provide better data for
analysis than would continuous inputs. In either case, information on batch
equilibration times can be used in conjunction with batch equilibrium data
to estimate appropriate sampling scales and schedules.

The conditions of the Borden experiment described by Mackay et al. [1986]
can be used as an example to illustrate the use of batch equilibration
estimates in tracer test design. Curtis et al. [1986] estimated batch
equilibration times of 2 to 3 days for five sorbing organic compounds used
as tracers. Because a relatively high solids to solution ratio (2g/cm ) was
used in these experiments, the equilibration times should be of the same
order of magnitude as equilibration times for batch experiments with poro-
sity and bulk density values equivalent to those of the aquifer. The aver-
age linear velocity of the aquifer estimated on the basis of hydraulic
conductivity measurements was approximately 8 cm/day. For a continuous
input of the organic tracers, one would then predict that deviations from
equilibrium transport behavior would be observed for travel distances less
than 16 to 24 m. Because the Borden experiment employed a finite tracer
input, even greater travel distances could be required to approach local
equilibrium.
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These predictions are at least qualitatively consistent with the results of
the Borden experiment. Retardation factors for the organics determined on
the basis of plume migration [Roberts et al., 1986] were found to increase
at least through 633 days of observations, corresponding to a travel dis-
tance of about 25 m for carbon tetrachloride, the least retarded of the five
compounds. An increase in retardation with travel distance is consistent
with nonequilibrium transport of a sorbing solute. More detailed rate
studies by Ball r1989] have also indicated that actual equilibration times
for some of the compounds may be considerably longer than those estimated by
Curtis et al. [1986], particularly for sorption on the coarser fractions of
aquifer material.

At a minimum, estimates of batch equilibration times can be uses to assess
the potential for nonequilibrium transport. For natural gradient tracer
experiments it may not be possible to avoid nonequilibrium effects but,
with advanced knowledge of the appropriate travel times and distances, it
may be possible to design better sampling strategies to assess these ef-
fects. The scaling between batch and transport times is likely to be even
more useful in the design of induced gradient tracer tests or laboratory
column studies. These experiments provide the possibility to control advec-
tive velocities, thereby limiting or enhancing nonequilibrium effects. If
the conservative travel time for a planned experiment is less than 100 times
the batch equilibration time, researchers may want to consider decreasing
the design flow rates or conducting additional batch rate studies in order
to obtain kinetic parameters for use in analysis of tracer test results.
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ABSTRACT

The hydrogeology and extent of ground water contamination were
characterized at a federal Superfund site located in Northern California.
Wood preserving compounds, primarily pentachlorophenol (PCP) and creosote
have been detected in the soil and ground water. A plume of dissolved
PCP up to approximately 1.5 miles long has been identified in ground
water south of the plant.

The aquifer consists of a complex multizonal system of permeable gravels
and sands composed of units from four geologic formations deposited by
the ancestral Feather River, Fluvial channel gravels form the principal
aquifer zones and contain overbank clay and silt deposits which locally
form clay lenses or more continuous aquitards. Two incised paleochannels
of the Laguna Formation are inset into the older Mehtren Formation near
the site, complicating the aquifer stratigraphy. The geometric mean
horizontal hydraulic conductivities for channel gravels range between 120
to 530 feet/day. Mean vertical aquitard hydraulic conductivity is 0.07
feet/day. Ground water flow is generally southward with a velocity
ranging from 470 to 1,000 feet/year.

The spatial distribution of dissolved pentachlorophenol in the aquifer
documents the interactions between major permeable zones.
Hydrostratigraphic evidence pointing to the separation of aquifer zones
is supported by the major ion chemistry of ground water. The sodium and
calcium-magnesium bicarbonate-rich water present in the upper aquifer
zones is significantly different in chemical composition from the
predominantly sodium chloride-rich water present in the deeper permeable
zone. This indicates that hydrodynamic separation exists between the
upper and lower zones c^ the aquifer, limiting the vertical movement of
the PCP plume. A numerical ground water model, based on this conceptual
hydrogeologic model was developed to evaluate ground water model, based
on this conceptual hydrogeologic model was developed to evaluate ground
water transport pathways and for use int he design of ground water
extraction and treatment system.
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INTRODUCTION

During a recent environmental investigation involving a heterogeneous
sand and gravel aquifer, a detailed ground water flow and solute
transport model was developed to describe the movement of a dissolved
chemical plume in ground water. The site is located along the eastern
margin of the Sacramento Valley, in the floodplain of the Feather River
which is bounded by Plio-Pleistocene fluvial terraces rising 50 to 120
feet above the valley floor (Figure 1). Here, soil and ground water
contamination in the vicinity of a wood treatment plant have contributed
to the migration of dissolved chemical constituents into ground water
offsite. The primary chemicals of concern are wood preservatives such
as pentachlorophenol (PCP) and polynuclear aromatic hydrocarbon (PAH)
compounds. Due to the complexity of the local aquifer system, early
hydrogeologic investigations produced conflicting interpretations of the
uniformity of ground water flow and the magnitude of pentachlorophenol
plume migration near the site.

The fluvial aquifer system was found to be composed of apparently
discontinuous channel deposits and overbank clays, which in combination,
resulted in a complex aquifer system. It became clear during the
investigation that the complex nature of the heterogeneous system made
the identification of ground water flow pathways and the description of
contaminant plume distribution difficult. Further, in order to develop
a ground water flow and solute transport model, the interrelationships
between aquifer high and low permeability units and transport parameters
had to be quantified. In such an aquifer system involving large scale
heterogeneity, it was essential that the ground water hydrodynamics be
well defined, so that ground water pathways, velocities and ground water
mixing could be described. Unless the hydrodynamics were well described
in the conceptual and numerical models, the other transport processes and
associated parameters could not be reliably obtained.

The hydrogeologic study summarized here investigated the nature of the
heterogeneous aquifer system, estimated the influence of heterogeneity
on ground water flow in the vicinity of the wood treatment plant, and
evaluated the distribution and transport of PCP throughout the aquifer
system. Detailed information was collected to characterize the physical
properties of the aquifer and the extent of contamination in ground water
(Dames & Moore, 1988a and b). Subsurface information obtained included
geologic logs from 32 newly-constructed monitoring wells and exploration
test holes. In addition, ground water quality data were obtained from
water samples collected from over 100 wells and test holes (see Figure
1). The resulting description of the aquifer system and its behavior
served as the basis for development of a three dimensional ground water
flow and solute transport model of the site (Dames & Moore, 1988a). The
transport model wa uned to simulate the spatial distribution of the
dissolved PCP plume m ground water and to predict the rate and extent
of movement of ?Cr in ground water under "no-action" conditions, for use
in risk evaluation and in the feasibility study. In addition, the model
was used for preliminary evaluation of possible ground water recovery and
treatment alternatives (Dames & Moore, 1989).

The purpose of this paper is to present a case study in which a
heterogeneous fluvial sand and gravel aquifer system has been
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characterized in some detail.. This study helps demonstrate the
importance of an adequate understanding of aquifer hydrostratography and
hydrodynamics in the investigation of solute transport. Specific
objectives of the study include: (1) description of the nature,
distribution and hydrogeologic interrelationships of the principal
hydrostratographic units that make up the large scale heterogeneity of
the aquifer; (2) characterization of the hydraulic properties of the
principal permeable units of the aquifer; and (3) development of a three-
dimensional numerical model to describe ground water flow and solute
transport.

HYDROGEOLOGY

Aqnifer Units

The principal stratigraphic units in the Oroville area include the Eocene
age lone Formation, the Oligocene-Pliocene age Mehrten Formation, the
upper Pliocene Nomlaki Tuff, and the upper Pliocene - Holocene Laguna
Formation (Blair and Baker, 1990). Locally, the aquifer system near the
plant can be generalized into four major hydrostratigraphic zones: A, B,
C and D (Dames £ Moore, 1988a). The characteristics and stratigraphic
relationships of these zones are summarized in Table 1 and in a series
of simplified stratigraphic cross-sections (Figures 2 and 3) the
locations of which are shown in Figure 1. The A zone is a permeable
gravelly unit of the Laguna Formation (Table 1) found south of the plant
site. It is not present in the vicinity of the plant due to the presence
of a marked stratigraphic transition that occurs at the margin of the
present Feather River floodplain. In most areas south of the plant, the
A zone is underlain by the Nomlaki Tuff (unit AB in Table 1), which acts
as a major aquitard to confine the B zone. In general, the shallow
gravels of zone A are relatively unimportant for assessing contaminant
migration from the site because they occur only sparingly and are water
bearing only in the southern portion of the study area where sources of
contamination are not known to occur. The highly permeable gravelly units
of the B and C hydrostratigraphic zones comprise the uppermost aquifer
of interest to this study. Depending on location, B and C zone gravels
and sands can belong to either the Laguna, Mehrten or lone Formations
which are interwoven in a relatively complex and highly variable strat-
igraphic environment (Figures 2 and 3). The B and C zones are separated
in many areas by interbedded clay units which locally form the BC
aquitard. The upper aquifer forms the major potential pathway for
transport of dissolved chemicals offsite, and elevated concentrations of
PCP occur in ground water samples collected from both the B and C zones.

Two paleochannels of Laguna age have been identified in the study area
(Blair and Baker, 1990). One channel is located in the area occupied by
the current Feather River floodplain, (Section B''-B''', Figure 2) and
the other occurs in the area south of the plant site. In addition, older
Mehrten channel gravels have been identified south of the plant. The
Laguna paleochannels cut through permeable units of the Mehrten, juxta-
posing Laguna channel gravels against gravels of the Mehrten Formation.
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A generalized hydrostratigraphic interpretation of the site is presented
in cross-sections B-B' -B' '-B' ' ' and E-E' (Figures 2 and 3). Figure 2
illustrates the complex stratigraphic relationships that exist between
the principally channel-fill deposits of the Laguna Formation onsite and
the older lone, Mehrten and Nomlaki units (where they occur) south of the
site. The cut-and-fill morphology typical of channel deposits can be seen
quite clearly in the 3''-B''' transect (Figure 2), where Laguna gravels
wedge out sharply to the south between test hole F (TH-F) and ground
water monitoring well MW-22f decreasing in thickness from approximately
270 feet at TH-F to only 30 feet at MW-22.

In general, ground water flowing south from the plant moves through
Laguna gravels in hydrostratigraphic zones B and C and enters the
permeable units of adjacent formations (Figure 2). Ground water in zone
B moves from relatively less permeable Laguna gravels found onsite into
somewhat more permeable Mehrten gravels; ground water in Laguna gravels
found onsite in hydrostratigraphic zone C flows into the permeable units
of the lone Formation in the vicinity of MW-22 and into Mehrten gravels
and less permeable lone sandstone units to the east. As shown in section
B''-B' ' ' (Figure 2), the EC aquitard is formed by low permeability inter-
beds of the Laguna and lone Formations juxtaposed against each other
along the side wall of the paleochannel. This juxtaposition of sediments
provides hydraulic continuity between permeable units across the channel
boundary but it also prevents the mixing of B and C zone ground water.
The permeable gravels of hydrostratigraphic zone B comprise the principal
aquifer along which dissolved pentachlorophenol was able to migrate.

A different perspective on the hydrostratigraphy of the site can be seen
in cross-section E-E' (Figure 3) wh:'~h traverses the plant site from west
to east. The BC clay thins and pinches out to the east allowing direct
communication between B and C gravels in the vicinity of the wood
processing area. During the drilling of monitoring well ML-2 shown on the
west side of the cross section, a thick sequence of Mehrten gravels and
sands was encountered juxtaposed against channel-fill deposits of the
Laguna Formation. The Nomlaki and Mehrten Formations were both encoun-
tered at shallow depths in well LF-2 indicating that grave\s of the
Mehrten Formation are in direct hydraulic contact with gravels of the
Laguna Formation at this location. Mehrten gravels also define the
eastern margin of the incised Laguna paleochannel. seen near this well.

Hydraulic Properties

The hydraulic properties of the B and C aquifer zones were measured in
eighteen aquifer pumping tests (Dames & Moore, 1988a). The
hydrostratigraphic units in which aquifer tests were conducted are clayey
sands and gravels that contain a significant fine particle fraction. The
silt, clay and fine sand fractions of these geologic materials appear to
reduce the effective permeability of the observed formations, perhaps
reducing aquifer permeability to the lower end of the range of hydraulic
conductivities expected in fluvial sand and gravel deposits. Based on the
pumping test results, the B and C hydrostratigraphic zones appear to be
semiconfined. The aquitards that act to confine the permeable zones are
leaky, and results from the pumping tests have been used to estimate the
vertical permeability of these aquitards. Because of leaky aquitard
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conditions, most pumping test analysis methods used are those that can
be applied to tests in semi-confined aquifers. These methods include the
Hantush inflection point method (Hantush, 1956), the Walton method
(1962), and the Jacob straight-line method under specific conditions
(Cooper and Jacob, 1946).

Aquifer test results are summarized in Figure 4 where they are grouped
according to the hydrostratigraphic unit in which the test wells were
completed. Observed log-transformed hydraulic conductivity values are
plotted on the normal probability graph presented in Figure 4a, which
shows that the populations representing hydraulic conductivity data from
all tests K(all) and data from three individual groups of tests,
[K(Mehrten), K(Laguna south), and K(Laguna plant)] all plot in a nearly
linear fashion. The close-to-linear fit indicates that the observed
hydraulic conductivity distribution is approximately log-normal. It
should be noted that the three sub-datasets plotted in Figure 4a, repre-
senting three distinguishable hydrogeologic units, appear to form over-
lapping subdistributions which, when superimposed, form a nearly log-
normal combined distribution (black dots). Because the three
subdistributions partially overlap, there does not appear to be a clear
distinction between the hydraulic conductivity range of one hydrostrati-
graphic unit versus that of another.

Based on the pumping test data, transmissivity (T) estimates for Laguna
channel gravels on the plant site range from 100 to 18,000 ft2/day, with
a geometric mean value of 3,100 ft2/day. The geometric mean hydraulic
conductivity value (Kg) measured in the Laguna Formation onsite is 150
ft/day, ranging between 10 and 670 ft/day. Storativity (S) for Laguna
gravels on the plant site average 0.0025 as a whole, but estimates cover
a broad range from 0.011 to 0.00002.

The geometric mean transmissivity based on three aquifer pumping tests
performed in Laguna Formation channel gravels south of the plant site is
26,800 ft2/day. The corresponding geometric mean hydraulic conductivity
for Laguna gravels in this area is 530 ft/day ranging from 210 tt/&a.){ to
850 ft/day. No estimates of storativity could be made from observation
wells completed in Laguna gravels south of the plant site.

The results of aquifer pumping tests performed in wells that are
completed in permeable units within the Mehrten Formation yield a
geometric mean transmissivity of 10,000 ft2/day and a geometric mean
hydraulic conductivity of 220 ft/day. Storativities measured in the
Mehrten Formation average 0.00017. The average storativity in the
Mehrten is .lower than that observed in the nearby Laguna Formation,
confirming the influence of the Nomlaki confining unit on the Mehrten
gravels.

As mentioned previously, comparison of hydraulic conductivity estimates
obtained for the Laguna and Mehrten Formations suggests that, in general,
the three aquifer pumping test groups yield a similar range of values
(Figure 4a). The similarity in hydraulic conductivity between formations
is important because it indicates that hydrostratigraphic units which are
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juxtaposed against each other along the sides of paleochannels are in
hydraulic communication. This implies that a given permeable zone can
act as a continuous hydraulic unit and conduct ground water flow even
though there may be some local differences in the sedimentary composition
of the zone.

The aquifer pumping test data also provide useful information about the
hydraulic properties of aquitards that confine the principal aquifer
zones. In this case, leakance (L) and hydraulic conductivity (K' ) values
were calculated for selected aquitards using the Walton method (Walton,
1962). Test results from the Laguna BC aquitard located on the plant
site, the uppermost Laguna aquitard located south of the plant site, and
the Nomlaki aquitard are shown in Figure 4b. Leakance estimates plotted
in the log probability graph approximate a straight line, suggesting that
the data are log-normally distributed. In general, K1 values estimated
for the three aquitards are relatively similar: 0.10 ft/day (3.5 x 10'*
cm/sec) for the Laguna BC aquitard on the plant site, 0.13 ft/day (4.6
x 10J cm/sec) for the uppermost Laguna aquitard south of the plant sita,
and 0.04 ft/day (1.4 x 10'5 cm/sec) for the Nomlaki Tuff. The overall
mean K' is 0.07 ft/day (2.4 x 10"5 cm/sec) which is approximately three
orders-of-magnitude lower than the hydraulic conductivity (K) of the
permeable gravel units.

Ground Water Conditions

Ground water in the study area flows generally southward through the
permeable gravels of the B and C aquifer zones. Hydraulic gradients
throughout the area are relatively uniform except in the immediate
vicinity of the wood treatment plant (Figure S). Within aquifer zone B,
the hydraulic gradient ranges from 0.0013 to 0.0028 and ground water
velocity ranges from 1.3 ft/day to 2.8 ft/day southward. Gradient and
velocity estimates are based on a mean hydraulic conductivity of 300
ft/day estimated south of the plant, and an effective porosity of 0.3.
These parameters appear to vary little based on a measurement period of
2.5 years. From the above data, the estimated rate of ground water
movement in the southern portion of the study area ranges from 470
ft/year to 1000 ft/year southward.

Vertical hydraulic gradients have been evaluated at eleven locations in
the vicinity of the plant, in areas where well clusters provide water
level measurements in more than one aquifer zone. In general, hydraulic
gradients within the B aquifer are downward west of the plant site,
possibly in response to recharge from irrigation ditches and ponds.
Vertical gradients in the aquifer B zone on site are generally upward,
with occasional fluctuations in magnitude and direction probably caused
by the strong influence of local pumping wells. Although observed verti-
cal gradients may help to explain the distribution of pentachlorophenol
in ground water in some areas, in general, transport across aquitards
does not appear to be an important factor in PCP movement in to offsite
areas.
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Pentacnlorophenol Distribution In Ground Water

During the RI/FS program conducted at the wood treatment site, ground
water quality conditions were monitored in 39 onsite and 105 offsite
monitoring wells. As a result, the concentrations of a broad spectrum of
chemical constituents of ground water, including PCP and PAH compounds,
were determined providing a thorough description of the overall water
chemistry of aquifer zones A, B, C, and D.

Analysis of water quality data collected during the RI/FS program
indicates that aquifer zone B is the major pathway for movement of the
PCP plume in ground water- Zone C gravels appear to contain dissolved PCP
to a lesser extent, primarily near the plant site. The spatial
distribution of pentachlorophenol detected in onsite and offsite
monitoring wells screened in aquifer zone B is shown in Figure 6. The
outermost PCP concentration isopleth shown in the figure represents a
concentration of 30 pg/L which is the California Drinking Water State
Action Level for PCP in ground water. The direction of PCP movement is
generally to the south in a well-defined plume that appears to exhibit
little transverse dispersion. This is consistent with the advection-
dominated transport conditions observed in the study area.

GROUND WATER FLOW AND SOLUTE TRANSPORT MODELING

The site investigation provided sufficient information for the
formulation of a detailed conceptual model of the heterogenous aquifer
system. This conceptual model served as the basis for development of a
three-dimensional numerical model of the aquifer system in which a large
measure of the aquifer heterogeneity could be retained. The key elements
of the conceptual model included the spatial location of permeable
aquifer zones, spatial distribution of aquitards, hydraulic properties
of the geologic materials, ground water elevation data, hydraulic inputs
and outputs to the system (such as well use, irrigation, rainfall, and
stream losses), aquifer boundary conditions, and contaminant source
information. The above elements were subsequently integrated into the
three dimensional numerical ground water flow and solute transport model
that was developed to describe the aquifer system (Dames & Moore, 1988a).
The numerical code selected for model simulations was TARGET-3DS, a
three-dimensional, saturated, density-coupled, transient ground water
flow and solute transport model developed by Dames & Moore (Dames &
Moore, 1985). This model employs an integrated finite-difference
solution technique which utilizes a hybrid differencing formulation of
the advection-dispersion equation. All model runs were performed on a
Compaq 80386 microcomputer.

The primary purpose of the modeling analysis was to develop a numerical
model that realistically represented past and present ground water flow
and contaminant transport for the heterogeneous aquifer system. The
transport model was used to simulate the spatial distribution of PCP
contamination and to predict the rate and extent of movement of PCP and
other compounds in ground water under "no-action" conditions, for use in
risk evaluation and for preliminary evaluation of possible ground water
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recovery and treatment alternatives (Dames & Moore, 1989). Specific
objectives included:

• Calibration and evaluation of the sensitivity of the
simulated hydrogeologic system to variations in key hydraulic
and transport parameters;

• Prediction of the current and future extent of ground water
contamination for use in evaluation of remedial alternatives;
and

• Evaluation of the effectiveness of ground water remediation
alternatives.

A brief summary of the modeling analysis and simulated results for
hydrodynamics and PCP transport are briefly discussed below.

The model grid was oriented over the study area (Figure 7a) and aligned
with the predominant ground water flow direction. The western boundary
of the grid was set along the Feather River while the other boundaries
were positioned to include data from ground water monitoring wells
located furthest from the site. The dimensions of the grid were
approximately 2.8 miles in the i-direction (east-west or x-axis) and 3.8
miles in the j-direction (north-south or y-axis). The bottom of the
model grid was defined at a depth where a substantially thick clay unit
of the lone Formation provided a convenient natural boundary (no flow
boundary) for the bottom of the grid, thus creating a vertical grid
dimension of 260 feet. A minimum grid spacing equal to 200 feet in the
i and j directions and 20 feet in the vertical (k-direction) grid was
selected. This resulted in a grid with dimensions of 33 by 56 by 15 feet
in the i, j, and k dimensions. Based on modeling requirements and on
numerical constraints, a time step of one year was selected for all model
runs.

During the course of the site investigation, ground water monitoring data
indicated that ground water levels vary uniformly across the modeled area
and horizontal hydraulic gradients do not appear to vary seasonally
across the domain. The Feather River, located in the northwest portion
of the grid, was modeled as a constant fixed-head boundary since
variations in river stage do not influence water levels in the area of
interest. Other ground water flow boundaries were also treated as fixed
head boundaries based on observed field data.

Ground water withdrawals due to well pumping were accounted for through
use of annual average pumping rates obtained from public records and
documents. Recharge from rainfall, irrigation, rivers, streams and
impoundments were allocated as annual averages and distributed spatially
based on land use and natural processes.
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The naturally-occurring aquifer units were classified into six hvdraulic
material types that were used to define the hydrostratigraphy of the
model domain (Dames & Moore, 1988a). They are: (1) highly permeable
gravels (Laguna and Mehrten Formation gravels off-site, represented by
hydroscratigraphic units B and C); (2) medium permeability gravels
(Laguna gravels located in zones B and C); (3) dredge tailings; (4) lone
sandstone (zone C); (5) low permeability Nomlaki Tuff (the AB aquitard);
and (6) low permeability clays of Laguna and Mehrten channel deposits
off-site. Based on the results of aquifer and physical tests, the
hydraulic properties of the low permeability clays were found to be
similar, justifying their representation as a single material type in the
model. The hydraulic conductivities of all six material types were
assumed to be isotropic in the horizontal plane.

For each of the six materials described above, the numerical model
required input data to define horizontal and vertical hydraulic
conductivity, storativity, porosity, and longitudinal and transverse
dispersivity. The values used in the model were initially derived from
field and laboratory measurements (Dames & Moore, 1988b) and from the
literature. Estimates of a few of these properties were later modified
during calibration to optimize the model fit to observed hydraulic
gradients and solute transport rates.

Retardation parameters and degradation rat; is for the solutes of interest
in ground water were estimated from studies reported in the lit«=j.-;ure.
Only values thought to be applicable to conditions at the wood treatment
site were selected for input into the model. Criteria used to evaluate
the applicability of literature data included site stratigraphy, nature
of geologic materials, chemical composition of ground water, total
organic carbon content of the aquifer and other aquifer properties. The
transport parameters selected for pentachlorophenol as a result of model
calibration were: retardation factor R = 1.11 and degradation half-life
th = 12 years. The degradation half-life based on observed field
conditions was more than an order of magnitude greater than the values
reported from laboratory studies, xhe laboratory defined values from the
literature were not used because they were thought to be unrepresentative
of actual field conditions.

Significant areas of ground water contamination identified on the plant
site were represented in the model by grid cells in which solute-laden
infiltration water was introduced into the uppermost saturated cell of
the aquifer. The areas of ground water contamination represented by the
modal were approximately proportional to the total estimated area of the
sources of contamination observed in the field. The rate and duration
of releases of contaminants from each source area during the predictive
runs were estimated from observed concentrations, infiltration rates, and
chemical solubility data (Dames £ Moore, 1988b).

The numerical flow and solute transport model' was initially calibrated
for hydrodynamics to match water level and flow conditions and then for
solute transport based on the spatial distribution of the PCP plume. The
best match between simulated results and observed data was obtained when
PCP was introduced into ground watfer twenty-five years into the past (in
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1963). Simulations of the pentachlorophenol plume after the 25 year
calibration period (Figure 7a) compared .favorably with the observed
pre&<int-day pentacMorophenol plume (presented in Figure 7b at the same
scale). In addition, che vertical distribution of PCP in the heteroge-
neous aquifer was quite representative of the distribution observed in
the field.

CONCLUSIONS

The results of the hydrogeologi.c investigation demonstrate that ground
water movement through the aquifer system i' governed to a great extent
by larg?-scale heterogeneities. Ground water flow and the resulting
dissolved chemical plume movement is primarily throuyh the highly
permeable channel-gravel deposits, Overbank clays and the Nomlaki Tuff
act, in general, as barriers to water movement on a large scale. This
appears to also be true for solute movement, in part dus to the relative
dominance of advective processes and the apparently minor role of
diffusion in transport.

Hydraulic gradient, ground water flow, and water chemistry data suggest
that within permeable aquifer zones, ground water moves relatively freely
across formational and incised paleochannel boundaries. Hydraulic conduc-
tivities of Laguna and Mehrten gravels support field observations of free
ground water movement across the Laguna/Mehrten geologic contacts. This
finding is significant because it helps to explain why the ground water
regime in the study area is not dominated by flow parallel to the axes
of the gravelly paleochannels, but insteaa contains a much more uniform
flow field than might otherwise be expected. If the gravels were of
significantly differina hydraulic conductivities, then a preferred
pathway would have resulted in a paleochannel-controlled flow and plume
distribution.

The ground water modeling analysis resulted in the development of a
numerical ground water flow and solute transport model that realistically
represents the movement of ground water and pentachlorophenol in the
heterogeneous hydrogeologic system associated with the wood treatment
site. The calibrated model yields predictions which compare favorably
with field observations of hydraulic gradients and PCP concentrations.
Predictions of solute movement are consistent with the observed
hydrostratigraphy and behavior of the hydrogeologic system; therefore,
the underlying conceptual model upon which these predictions were made
is believed to be valid.

Modeling results suggest that predictions of PCP solute transport are
sensitive to the degradation rate of the compound in ground water.
Review of laboratory studies reveals that relatively short degradation
half-lives of a few months have been reported for pentachlorophenol under
controlled conditions. Modeling results, however, indicate that a
realistic half-life is on the order of 12 years in the ground water
environment encountered on this site. The apparent differences between
literature and modeled degradation rates may be due to the media and
other conditions under which the rates were estimated. The calibrated
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model of pentachlorophenol movement is believed to be representative of
actual degradation of PCP under field conditions for this site.
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TABLE 1
GENERALIZED HYDROSTRATIGRAPHIC UNIT CHARACTERISTICS

Unit Description

A Permeable, gravelly unit of the Laguna Formation (upper Pliocene-
Holocene). Found south of the plant site- Water bearing only in
southern portion of the study area.

AB Nomlaki Tuff, aguitard (upper Pliocene age), Spatially significant
confining unit in the south and southwest.

B Highly permeable gravel units of the Mehrten Formation (Oligocene-
F-liocene) in the southern and western part of the study area. Also
comprised of highly permeable gravels of the Laguna Formation on
the southeast side of the study area where a paleochannel has been
incised into the Mehrten Formation gravels. Contains discontinuous
clay lenses. Composed of a thick accumulation of Laguna Formation
gravels onsite which wedge out along a paleochannel wall just south
of the plant site.

BC Aquitard unit or series of discontinuous low-permeability units.
Between MW-22, P-l, EH-1, and RI-5, this is a thick siltstone of
the lone Formation (Eocene). Further south, it is apparently
discontinuous, composed of clayey, silty lenses in the Mehrten and
Laguna formations. In the far south (near P-2 and RI-15) tufface-
ous and siltstone units form a locally continuous stratum. Onsite
it forms a substantial Laguna Formation clay layer that is
juxtaposed against the BC siltstone of the lone, maintaining
separation between the B and C zones.

C Permeable gravels of the lower Mehrten, lower Laguna, and lone
formations south of RI4 and RI-5, and the B and C aquifer zones
appear to form a thick gravel unit separated by discontinuous clay
lenses. Further south, they are apparently separated again by the
BC aquitard. It is composed of lower Laguna gravels onsite. It ap-
pears that the B and C gravels combine to form a locally thick
permeable unit in the northern portion of the site, where no inter-
vening clay is found.

CD Deep, largely continuous, low permeability stratum composed of lone
Formation clays and silts (Eocene).

D Deep sandstone in lone Formation (Eocene) at well P-l.
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Figure 1. Map of the study area showing plant site, wells and cross-section locations.
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Abstract

The purpose of this study is to analyze numerically the regeional ground-
water pollution by TCE(Trichloroethylene) and PCE(Tetrachloroethylene) in
J city, Japan and particularly to predict the amount of mass transport
into the river from the groundwater in this region.
Firstly, we examine the field data measured since 1986 and display the

distribution of groundwater level and concentration of TCE and PCE by a
computer. Based on these data, we could roughly guess the interrelation
between the water balance of groundwater and the diffusion of pollutant in
this region.
Secondly, by applying the computer code UNISSF, we conduct the inverse

estimation with the sensitivity analysis considering the water balance in
this region. Through these analyses, we could improve the accuracy of
three parameters such as hydraulic conductivity, groundwater pumping rate
and rate of groundwater discharging into the river and could get the good
estimation model for groundwater flow considering the effect of river.
Finally, we analyze the groundwater pollution and predict the amount of

mass transport into the river from the groundwater in this region,
applying the LOD-CFEM(Locally One Dimensional-Collocation Finite Element
Method), developed by us. We numerically estimated the time variation rate
of mass released into the river from the groundwater, and concluded that
the most part of pollutant would be remained in the groundwater within the
period of our study.

1. Introduction

In order to investigate the causes and establish a suitable remedy action
program, it is important to study regional groundwater pollution rational-
ly and objectively. In recent studies on groundwater pollution in Japan,
numerical methods using the covective-dispersion equation have been
reported for the prediction of contaminant migration in aquifersfe.g.,
Furuichi, 1987].

In this paper, we chose groundwater pollution by PCE(Tetrachloroethylene)
and TCE(Trichloroethylene) in J city in L prefecture, Japan, as a case
study area. Previous field work in this area has been carried out mainly
by the Environmental Agency of Japan and the result of field measurement
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and its statistical analysis were summarized [Environmental Agency of
Japan, 1988]. In addition to those data, the field data of TCE, PCE and
groundwater level measured since 1986 were obtained for this study.
For the computer simulation of groundwater flow, we made numerical mode.
by applying the computer code UNISSF-2(CRC Ltd., 2-dirensional lateral
finite element model). Through the sensitivity analysis and the inverse
estimation considering the water balance in this area, the accuracy of
three parameters such as the hydraulic conductivity, the groundwater
pumping rate and the rate of groundwater discharging into the river were
improved. The result of this improvement will be discussed. Through
these analyses, an acceptable mathematical model for groundwater flow
considering the effect of river was constructed. Then we analyzed ground-
water pollution using LOD-CFEM(Locally One Dimensional-Collocation Finite
Element Method)developed by us. LOD-CFEM is the hybrid model of both LOD
and CFEM. Considering the magnitude of dispersivity and the combination of
contaminant sources, 6 cases of simulation were conducted. The contaminant
mitigation pathway and the time variation rate of contaminant released
into the river from groundwater will be discussed within thp period of
this study.

2. Background

The investigated area is shown in Figure 1. This area is located in the
upstream site of Z-river drainage and surrounded by H-mountains. The
primary site, named Z basin, covers approximately 3.0 km . Important
natural features consist of 4 rivers running through this area(Z, T, B and
J). Z-river has two confluences: one is with T and B-river and the other
is with J-river. Suburban residential, commercial and industrial land now
mainly covers this area. Groundwater pumping for industry and commerce was
counted at 8 points in this area by J-municipal office(Figure 2): total
amount of pumping was 811 m /day in 1989.
The West part of this area from Z-river consists of a flat flood plain,
a diluvial terrace and an alluvial one The land surface in the East part
slopes gently from North-East to South-West, On the East part, there is an
alluvial fan built by Z, T and B-rivers and the trace of the raised bed
river is recognized at an upstream site from this fan. The land surface in
the West part slopes gently from North-West to South-East. Its rolling
landscape has a relief of approximately 30 m.
The depth to groundwater is within the range of 5.0 - 10.0 m. Topograph-
ically, there are two groundwater flows in this area: one flows from
North-West to South-East, and the other flows from North-East to South-
West. The confluence of them flows to the South.
By considering the stratigraphy based on columnar sections by boring,
geologic structure in this area is an alternation of strata of sand-gravel,
silty sand and a clay-layer. Groundwater pollution occurs mainly in the
superficial alluvium(unconfined aquifer) and a high concentration of TCE,
PCE is detected at some points in this area.
The sampling data of hydraulic heads and pollutant concentrations are



797

T-River

500 M

Fig.l Investigation Region



798

summarized and listed in Table 1, Some of these data are expressed as
contours(Figure 3 - Figure 8), using a computer code NCARG.
The shapes of hydraulic heads distributions in Figure 3 and Figure 4 are
a little different, though each sampling was conducted in the same month
for comparison. The amount of rainfall in each sampling period is
different(1988.02 - 35 mm/month, 1989.02 - 435 mm/month) and the superfi-
cial aquifer is unconfined, so we considered the shift of hydraulic head
contours in each case is due to the difference of the amount of recharging
into this area by rainfall. Therefore, we concluded this shift was
temporary and the annual variation of hydraulic heads did not be taken
into consideration in this study.
The hydrological relation between rivers and groundwater is summarized in

Table 2. By considering the record of river reconstruction in this area
and the comparison between the height of the river bed and the groundwater
level in the vicinity of rivers, groundwater recharge occurs on the
upstream site and discharge into Z-river occurs on the downstream site in
this area. The areal distributions of pollutant concentration are shown in
Figure 5 to Figure 8. As shown in these figures, the plume of contaminated
groundwater extends to South-West. The shapes of concentration distribu-
tions in Figure 5 to Figure 8 are different, because the location and
number of sampling were not the same. In addition to this, Figure 5 and
Figure 6 are mapped from the data of water-sampling and the Figure 7 and
Figure 8 from the data of FP(acronym for Finger Printing) Method. In
Figure 5 of PCE and Figure 6 of TCE concentration, there is a peak at
point A in their contours. In Figure 7 of PCE and Figure 8 of TCE
concentration, there are three peaks like point A, B and C. The relation
between the result of FP measurement and the value of concentration of
pollutants in groundwater is not clear at present in general. FP detects
the amount of gas-phased mass transport in the soil, so this method can be
used to know whether any pollutant exists in the soil or not. Thus, the
possibility of some pollutants' source in the soil can be considered from
the result of FP. Therefore, We consider that at least three definite
sources of pollutants exist in this area. In many cases, the TCE and PCE
are used for degreasing and washing of metal product The field investi-
gation, based on these guesses, was conducted to find out whether the
corresponding facilities(regarded as pollutant sources) are located in the
vicinity of those three peaks or not. Through this investigation, the
existence of corresponding factories was checked at point A and B, but not
recognized at point C.

3. Mathematical Model-.ng

3.1 Assumptions of Modeling

The problem is to analyze mass transfport by groundwater. The following
assumptions are introduced for the numerical studies.
1) PCE exists as solution in groundwater and is not adsorbed.

Organic solvents such as PCE have much higher density than that of
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Table 1. Sampling of Pollutant Concentration
and Hydraulic Head

Concentration

Hydraulic
Heads

Date

1986. 12
1987. 11
-1988. 01

1988. 02
1989. 02

Number of
Sampling Points

57

11

18
13

Corresponding
Figure

Figure-7, 8

Figure-5, 6

Figure-2
Figure-3

Table 2. Hydrological Relation Between River
and Groundwater

The Height of Groundwater Hydrological
River Bed(EL-m) Level(EL-m) Relation

Up Stream Site
of Z-River

T-River
B-River

Down Stream Site
of Z-River

42.7 >
41.4 >
35.7 >

45.0 >
45.4 >

29.7 <
27.0 <

33.8
34.0
31.5

34.7
34.7

30.0 '
29.0

Recharging
from River

Discharging
into River
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O Observation Well

• Pumping Site

No.

l
2
3
4
S
6
7
8

in3/day

23
95
58
8

300
132
110
85

Fig.2 Location of Groundwater Pumping
and Wells of surveying. Totgl
amount of pumpimg was 811 ra /day
in 1989.

Fig.3 Groundwater Level Contour Map for Fig.4 Groundwater Level Contour Map
Analysis surveyed in Feb. 1988. surveyed in Feb. 1989.
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Fig.5 Contour Map for PCE Concentration Fig.7 Contour Map for PCE Concentration
(surveyed). (surveyed, using FP).

v fi fVntour Map for TCE Concentration Fig.8 Contour Map for TCE Concentration
(surveyed). (surveyed, using FP).
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water and conversely have very low viscosity and solubilitv. The
solution containing PCE should be treated as density curren... It is
considered that the inflow of an undiluted solution of PCE falls down
like a finger, reaches the unpermeable layer and then moves along the
slope. But the influence of density current is not counted in this
study because the condition of inflow is not clear in this area.
Adsorption in the soil depends on the amount of organic material.
Since there are many problems to be solved yet, adsorption is also
neglected.

2) The aquifer is considered a single unconfined aquifer and the flow is
given by Darcy's law and remains in steady-state. The two dimensional
lateral mode] can be used for the analysis of groundwater.
Groundwater contamination occurs in the superficial aquifor(unconfined
groundwater) in this area and groundwater excahnge in vertical
direction is negligible: thus a two dimesional approximation seems
valid.

3) The groundwater recharge occurs along Z, T-Rivers and the upstream site
of Z-river and the discharge occurs along the downstream site of Z-river.

The amount of recharge of each river is calculated by equation (1),
considering the river situation.

q = k (B+2H) (1)

where q is the amount of recharge, k is hydraulic conductivity, B is
the width of the river bed, H is the water depth. It is assumed that
the order of the amount of recharge and that of discharge are almost
the same in this area.

4) Infiltration by rain and evapotranspiration are counted in respect of
the land use

The amount of Infiltration by rain is 9.0 mm/day and that of evapo-
transpiration is 2.0 mm/day, and the difference between them, 7 0
mm/day, is counted.

5) Groundwater pumping is counted and the vertical groundwater flow near
pumping sites are negligible.
According to the record, of official count, the total amount of pumping
in this area was 811 m /day in 1989. Pumping wells have longer depth(
it is in the range of 40 m 146 m) than the thickness of the surfi-
cial aquifer (approximately 30 m), so the amount of pumping from each
aquifer is directly proportional to each thickness.

6) This study area is divided into two zones having a hydraulic conductiv-
ity value of 6.3 m/day and 2.4 m/day, respectively.
The hydraulic conductivity was determined by J-municipal office from a
single-well response tests. Zoning was determined from geological
composition.
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3.2 Mathematical Model

The mathematical model is built based on assumptions mentioned above.For
the flow analysis of groundwater, the governing equation is described as
follows.

_£(KiV-I(K^)- Q
 (2)

5xv ax' gyK ay
;

where h is the hydraulic head, K is the hydraulic conductivity, Q is
sink/source term, x, y are the space variables. The velocity is computed
by Darcy's law.

q=-k grad h (3)

where q is the Darcy velocity vector, k is the hydraulic conductivity
tensor. The hydraulic heads are computed by the computer code UNISSF-2.
The velocities are computed by the equation (2) and (3).
In two dimension, solute transport by groundwater is normally described,

using the following convective-dispersion equation.

where C is the concentration of the pollutant,0 is the medium porosity, Kd
is the distribution coefficient, f is the bulk density of the medium, qx,
qy are the components of the Darcy velocity vector. Dxx, Dxy, Dyx and Dyy
are the components of hydrodynamic dispersion tensor and may be defined
[Bear, 1972] as

Dxx=(clLqx
2+flyiy2)/q+Dd (5a)

Dyy=(dLqy
2+«Tqx

2)/q+Dd (5b)

Dxy=Dyx=(<<L-KT)qx qy/q (5c)

2 2where q=(qx +qy ), (X * and(X_ are the longitudinal and transverse disper-
sivities, respectively, Dd is the coefficient of molecular diffusion.
The solute transport model was built by LOD-CFEM(Locally One Dimensional-
Collocation Finite Element Method). LOD-CFEM is the hybrid model of both
LOD and CFEM[Inoue et al., 1984], This method is suitable for efficient
and quick numerical analysis of multi-dimensional unsteady state partial
differential equation. Firstly, Using LOD method, two-dimensional
convective-dispersion equation is decomposed into two one-dimensional
equations:
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x-direction:

(6a)

y-direction:

(6b)

where the terms of _?(ffDxy|5> and >i(0Dyx.-£-) are treated as the

external terms.

Secondly, the numerical discretization of these equations can be done by
CFEM. To stabilize the computation, the term of the time derivative is
treated by the averaging procedure. Detailed descriptions of the numerical
method are abbreviated in this paper. The finite element meshes consist of
275 rectangular elements with 311 nodes. Its length and width are 2000 m,
1500 m, respectively. As the boundary condition in the flow field, the
constant hydraulic heads are imposed, based on the measured data. The
pumping, rainfall, evapotranspiration, recharge and discharge are treated
as sinks/sources terms. All boundary conditions in concentration
calculations are imposed no flux, because the influence of the boundary is
neg ^6x*>\e within this study period. Numerical conditions for the
simulation of concentration are shown in Table 3.

Table 3. Numerical Conditions in Concentration
Simulation

Case Number of
Sources

Dispersivity Time Increment Dimensionless
(m) (day) Number

1
2
3

4
5
6

1
1
2

1
1
2

ocr=ioo, =20

0<r=50, (X =10
« =50, Of'=10
01.J/-50, 04=10

60
60
60

60
60
60

Pe=1.0
F =0.06
G =0.06

Pe=2.0
F =0.06
G =0.03

easel
to 3

case4
to 6

Pe=U-JL/D, F = D 4 / J . /
where JL=100 m,vdt=60 day, U=0. 1 m/day
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4. Discussion

The results of computer simulations are separately discussed for flow
calculations and concentration ones.

4.1 Sensitivity Analysis and Inverse Estimation for flow

The results of the calculation of hydraulic heads, prior to sensitivity
analysis and inverse estimation, are shown in Figure 9. As shown in this
figure, the simulated features of hydraulic head distribution are
comparable to the measured ones(see Fig. 3).
Sensitivity analysis and inverse estimation were conducted, considering

three parameters such as hydraulic conductivities(Kl=6.3 m/day, K2=2.4
m/day), groundwater pumping rates and rates of groundwater discharged into
the Z-river(Rl=800 m /day, R2=100 mjday). Refer to the pumping, two
parameters P5(300 m /day) and P6(132 m /day) were chosen, since those well
depth and the amount of pumping were much larger than those of others.
Firstly, in sensitivity analysis, many simulations for flow were
conducted, while changing the combination number of parameter. In each
case, the sum of residue square(RSQ) between 8 measured values at 8
observation wells in this area and computed ones, were calculated.
Considering the variation of RSQ and comparisons between hydraulic head
distributions computed in each case, we can recognize that the model is
the most sensitive for the changes in discharging rates whereas the
changes in hydraulic conductivities and groundwater pumping had less
marked effect.

Nextly, inverse estimation for these three parameters was conducted by
the computer code UNISSF-1(Indirect method based on nonlinear least square
method, CRC Inc., 1989). RSQ, mentioned above, was used as a model
identification criterion. The variation of RSQ calculated throughout the
estimation is shown in Figure 10. As shown in this figure, RSQ is
decreased as the number of unknown parameters is increased. Figure 11
shows the variation of the residue of water balance(RWB). Note that great
improvement in the behavior of RWB was not recognized, though RSQ was
reduced while the estimation was proceeding within this study. One of
reasons is due to the algorithm of inverse estimation used in this study
without constraints for water balance. Therefore, we think the inverse
estimation should be conducted with constraints not only for hydraulic
heads but also for water balance. In this study, we adopted the parameters
minimizing the value of RWB, tentatively.

Throughout those analyses, the acceptable model that reflected the water
balance situation in this area were obtained within this study. Figure 12
shows the refinement of hydraulic head distribution, throghout the yiverse
estimation. The RSQ was reduced from 8.7E+01 m to 4.9E+01 m . The
thickness of aquifer is approximately 30 m, so the error (about 1 m,
((RSQ) /8/Ho)) is within 3 % of it.
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Fig.9 Contour Map for Groundwater Level(computed).
Note that the result of calculation, prior to
sensitivity analysis and inverse estimation.
is shown.
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for R and P, simultaneously

Fig.12 The Refinement of Hydraulic Head Distribution
throughout the inverse estimation. Three
different 32-ELm hydraulic head contour lines
are shown. Note that the shape of each 32-ELm
line is improved throuhout the estimation.
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4.2 Concentration

Figure 13 to Figure 15 show the results of simulation of case 1, case 2,
case 3, respectively. From thses figures, the essential features of
concentration distribution measured are approximately reproduced by the
case 3 and it is derived that the number of source is plural, not singular.

Since we used continuous standardized unit sources, the results of
simulation are not quantitatively compared with the measured data, shown
in Figur 5 to Figure 8. However, patterns of diffusion can be discussed
qualitatively, from the view points of the number of pollutant sources,
the dispersivity and others.
As shown in the results of case 3, the plume tends to diffuse along the
direction of groundwater flow. Then the decrease of concentration, caused
by discharges of groundwater into river, is recognized in the vicinity of
points where the discharge into the river occurs. This tendency is
recognized in all cases. Figure 16 shows the sensitivity of dispersivity
in simulation of case 6. Though the diffusion occurs more quickly than
that of case 3, the pattern of diffusion of case 6 is recognized to be
similar to that of case 3.
Figure 17 shows the time variation rate of the pollutant, released into
the river from groundwater, caused by discharges. The rate is calculated
by the equation (7).

RR(%)=100.0 Haout / Hain (7)

where RR is the percentage of Haout to Hain, Haout is the amount of the
pollutant released into the river, Hain is the total amount of the
pollutant injected from the sources. As shown in this figure, RR is
increased with the increase of the dispersivity. From the comparison
between case 1 and case 2, the value of RR in case 2 is larger than that
of RR in case 1, so the value of RR depends on spatial distance along the
groundwater flow direction between the location of each source and the
discharging point. In case 3 and case 6, the values of RR(T = 15 years)in
each case are 3.4 %, 2.8 %, respectively, so the most parts of pollutants
are remained in the aquifer within this study period.
If both the injection of pollutant and the groundwater discharge into the

river occur under the stable condition, it is expected that the rate of
pollutant released into the river will reach to the steady state and RR
will be constant after the long time. However, RR is increased with the
increase of time and such tendency is hardly recognized within this study
period. We think it is due to the scale of the investigated area and it
will take longer time than the study period until the steady state.

5. Conclusion

This paper leads to the following major conclusions.
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(a)

(b)

Fig.13 Results of Simulation Case 1.
(a)T=3year.(b)T=15year.

Fig.14 Results of Simulation Case 2.
(a)T=3year.(b)T=15year.
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(a) (c)

Fig.15 Results of Simulation Case 3.
(a)T=3year.(b)T=9year.(c)T=15year.
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Fig.16 Results of Simulation Case 6.
(a)T=3year.(b)T=15year.
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Fig. 17 The Time Variation Rate of mass released into
the River from Groundwater.
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1. Prior to the simulation of concentration, it is necessary to construct
the rational model for groundwater flow. The improvement of model for
groundwater flow considering the effect of river was carried out by
the sensitivity analysis and by the inverse estimation. Through these
analyses, the model for groundwater flow is the most sensitive for the
changes in discharging rates whereas the changes in hydraulic conduc-
tivities and groundwater pumping had less marked effect.

2. We recognized the usefulness of the inverse estimation with the
sensitivity analysis in modeling for regional groundwater flow. It was
proposed that the inverse estimation should be conducted with
constraints not only for hydraulic heads but also for water balance of
the investigated area.

3. We analysed the groundwater pollution problem by applying LOD-CFEM and
reconized its applicability to thif, problem. Through the simulations
of concentration, we estimated the pollutant movements considering the
effect of river. After discussing about the time variation rate of
mass released into the river, we concluded that the most part of the
pollutant would be remained in the aquifer within the period of this
study.
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MASS TRANSFER PROCESSES AND FIELD-SCALE TRANSPORT
OF ORGANIC SOLUTES

Mark L. Brusseau
University of Arizona

Abstract
The influence of mass transfer processes, such as sorption/desorption and mass transfer
between immiscible liquid and water, on the transport of organic solutes is discussed.
Rate-limited sorption of organic solutes, caused by a diffusion-constrained mechanism,
is shown to be significant under laboratory conditions. The significance of the impact
of nonequilibrium sorption on field-scale transport is scale dependent. The impact of
organic liquids on mass transfer and transport of organic solutes depends upon the
nature of the solute and the nature and form of the organic liquid. For example, while
retardation of nonionic solutes is decreased in mixed-solvent systems (i.e., systems
comprised of water and a miscible organic liquid or an immiscible liquid present in
concentrations below phase separation), the retardation of organic acids may, in some
cases, increase with addition of a cosolvent. While the presence of an immiscible liquid
existing as a mobile phase will reduce retention of organic solutes, the presence of
residual saturation of an immiscible liquid can significantly increase retention. A model
is presented that incorporates the effects of retention resulting from residual saturation,
as well as nonequilibrium sorption, on the transport of organic solutes.

Introduction
The transport and fate of organic contaminants in the subsurface has become a topic of
great concern. Investigating the chemical profile and migration pattern of contaminant
plumes emanating from landfills, hazardous waste sites, or sites of accidental spills,
evaluating the potential of drinking-water supplies becoming contaminated, and assessing
the efficacy of remediation schemes are examples of endeavors that require an
understanding of the physical, chemical, and biological processes that influence the
disposition of contaminants in the subsurface. Research on these processes has
increased greatly in response to the desire to manage, remediate, and prevent soil and
groundwater contamination. Mass transfer processes, such as sorption/desorption and
mass transfer between immiscible liquid and water, have received a significant degree
of attention because of their potential mediating impact on other transport and fate
processes. The question of nonequiiibrium is beginning to be addressed as the potential
impact of rate-limited mass transfer is becoming recognized. The impact of mass
transfer processes on field-scale transport of organic solutes will be discussed.
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Sorption/Desorption in Aqueous Systems
Rate-limited sorption/desorption can have serious implications for modeling solute
transport. A primary assumption employed for most solute transport models is the so-
called local equilibrium assumption (LEA). With the LEA, interactions between a
solute and the solid phase of the porous media (e.g., sorption) are assumed to be rapid
in comparison to advective-dispersive transport (i.e., hydrodynamic residence time). The
validity of the LEA has recently come into question, reflecting the results obtained from
theoretical and experimental analyses (c.f., Rao and Jessup, 1983; Jennings and Kirkner,
1984; Valocchi, 1985; Bahr and Rubin, 1987; Brusseau and Rao, 1989a). Obviously, the
validity of a model employing the LEA will be dependent upon the appropriateness of
that assumption, which, in turn, is dependent in part upon whether or not sorption is rate
limited. Rate-limited sorption/desorption can also impact the remediation of
contaminated soils and aquifers by increasing the time required to attain cleanup
(Brusseau and Rao, 1989a; Keely, 1989; Mackay and Cherry, 1989).

Rate-Limiting Mechanisms
Although a discourse on rate-limiting mechanisms is not the purpose of this presentation,
some discussion in this regard is of interest. Processes proposed as causing
nonequilibrium can be grouped into three categories (Brusseau and Rao, 1989a): 1)
transport-related nonequilibrium, which results from heterogeneous soil/aquifer
properties (e.g., hydraulic conductivity), 2) chemical nonequilibrium, which is caused by
rate-limited sorbate-sorbent interactions, and 3) intrasorbent diffusion, which has been
postulated to occur within sorbent organic matter (i.e., intraorganic matter diffusion) or
microporous mineral particles (i.e., retarded intraparticle diffusion). The absence of
transport-related nonequilibrium has been reported for laboratory experiments
performed using columns uniformly packed with small particle-size materials (e.g., sandy
soils and aquifer materials) (Bouchard et al., 1988; Lee et al., 1988; Brusseau, 1990;
Brusseau and Rao, 1989a; Brusseau et al., 1989a; 1990a; 1990b; 1990c; Nkedi-Kizza et
al., 1989). Thus, the nonequilibrium that is observed for organic solutes in such systems
results from a sorption-related, rather than transport-related, mechanism.

The sorption of nonionic, low-polarity, hydrophobic organic chemicals (HOCs) is
generally considered to be predominated by "solvophobic" interactions (c.f., Chiou et al.,
1979; Karickhoff, 1984) and, as such, is unlikely to be constrained by a rate-limited
chemical reaction (Brusseau and Rao, 1989a; 1989b). That such is the case was recently
demonstrated by Brusseau et al. (1990b). Intrasorbent diffusion would, therefore, appear
to be the most likely cause of the rate-limited sorption observed for HOCs. Diffusion-
limited sorption has been proposed by several researchers as the probable cause of
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nonequilibrium for organic solutes (Hamaker et al., 1966; Leenheer and Alrichs, 1971;
Rao and Jessup, 1983; Karickhoff and Morris, 1985; Coates and Elzennan, 1986; Wu and
Gschwend, 1986; Ball, 1989; Brusseau and Rao, 1989a). Until recently, however, it has
not been possible to elucidate the particular mechanism causing nonequilibrium sorption.
Results of expe iments designed to identify the responsible mechanism were reported
by Brusseau et al. (1990b). After demonstrating that the observed nonequilibrium was
not caused by transport-related nonequilibrium or chemical nonequilibrium, they
analyzed their data in terms of two mass-transfer-limited, intrasorbent diffusion models:
intraorga^ic matter diffusion and retarded intraparticle diffusion. While the data could
not be explained using the latter model, they could be explained using the former model.
Hence, it was suggested that nonequilibrium soiption of HOCs is, in many cases, caused
by intraorganic matter diffusion.

Relationship Between Kinetic and Equilibrium Parameters
The relationship between kinetic and equilibrium properties of a system is a question
of great interest. To investigate the existence and nature of such relationships with
regards to sorption, Brusseau and Rao (1989b) analyzed a large set of literature data
using the linear free energy relationship technique. Their results revealed the existence
of a log-log linear inverse relationship between the first-order desorption rate constant
(k2) and the equilibrium sorption constant (Kp). Such a relationship is consistent with
a diffusion-limited nonequilibrium process (Brusseau and Rao, 1989b; Brusseau et al.,
1990b). The k2-Kp relationship has since been substantiated through experiment
(Brusseau, 1990; Brusseau et al., 1990a; 1990b; 1990c).

The regression equations relating k2 to Kp should prove useful in providing a means to
estimate parameter values for first-order bicontinuum models. Empirical equations of
this type have been successfully used to provide estimates for the prediction of
breakthrough curves influenced by nonequilibrium (Brusseau et al., 1989b). There is
potential for applying these relationships in a manner similar to that in which the
relationships are used.

Nonequilibrium Sorption in Low Organic Carbon Systems
Early research on rate-limited sorption and the influence of nonequilibrium on the
transport of organic chemicals was performed by soil scientists (c.f., Hamaker et al.,
1966; Hance, 1967; Kay and Elrich, 1967; Davidson et al., 1968; Leenheer and Alrichs,
1971; Davidson and Chang, 1972; Green et al., 1972). A significant amount of research
on this subject has since been reported in both the soil science and environmental
science literature (c.f., van Genuchten et al., 1977; Karickhoff, 1980; Schwarzenbach and



8 1 9

Westall, 1981; McCall and Agin, 1985; Karickhoff and Morris, 1985; Coates and
Elzerman, 1986; Hutzler et al., 1986; Wu and Gschwend, 1986; Southworth et aL, U87;
Bouchard et al., 1988; Miller and Weber, 1988; Brusseau et al., 1989a; 1989b;
1990a; 1990b; Nkedi-Kizza et al., 1989). The organic carbon contents of the sorbents
employed in these studies ranged from 0.1% to 1.0% or greater. Research on the rate-
limited sorption of organic chemicals by aquifer materials with organic carbon contents
less than 0.1% has been reported by only a few authors (c.f., Curtis et al., 1986; Lee et
al., 1988; Ball, 1989; Brusseau, 1990; Brusseau et al., 1990a; 1990b; 1990c).

The occurrence «uid significance of nonequilibrium sorption for HOCs in low organic
carbon systems was evaluated in separate experiments by Brusseau (1990) and Brusseau
et al. (1990c). Five aquifer materials collected from sites located in the U.S. and Canada
were used in the former experiments, while three aquifer materials collected in Denmark
were used in the latter experiments. Results from both sets of experiments were
generally consistent with those obtained for systems comprised of higher organic carbon
contents. For example, the relationships between k2 and Kp reported for the low organic
carbon systems were similar to those obtained for higher orgamc carbon systems.

An initial attempt at assessing the general applicability of the k2-Kp relationship for low
organic carbon systems was made by Brusseau et al. (1990c) using data reported by Ball
(1989), who employed long-term (100 days) batch rate studies to examine the sorption
of tetrachloroethene by Borden aquifer material. The data point representing :he k2 and
Kp values reported for Ball's experiment are plotted in Figure 1 along with the data
reported by Brusseau et al. (1990c). The correspondence between the two data sets
suggests that the k2-Kp relationship reported by Brusseau et al. (1990c) may be useful
as a means to estimate rate constants for systems other than those used by Brusseau et
al. (1990c). Although these results are promising, the general applicability of the k2-Kp
relationships discussed herein is a question that requires further investigation.

It is interesting to note that the data reported by Ball (1989) was obtained using the
batch-rate technique, while those of Brusseau et al. (1990c) were obtained using miscible
displacement. The similarity between the data suggests that these two techniques
provide comparable results. A similar observation was reported by Brusseau et al.
(1990a), who compared the performance of the gas-purge and miscible-displacement
techniques.
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Impact of Time Scale on Rate Data
The potential impact of time-scale effects on the degree of nonequilibrium observed in,
and the magnitude of resultant rate constants obtained from, sorption rate experiments
is of great interest. To investigate this, Brusseau et al. (1990c) compared their data and
that of Ball (1989) to data reported by Curtis et al. (1986) and Lee et al. (I9S8). Curiii
et al. (1986) reported the results of relatively short term (i.e., 6 day) batch rate-study
experiments performed with tetrachloroethene and Borden aquifer material, while Lee
et al. (1988) reported results of miscib!e displacement experiments performed at
relatively high pore-water velocities (i.e., 24 cm/hr) using trichloroethene and two
aquifer materials, Borden and Lula. The time scales associated with the data of
Brusseau et ai. (1990c), which were obtained at pore-water velocities less than 1 cm/hr,
and that of Ball are significantly greater than those associated with the data of Curtis et
al. and Lee et al. Hence, comparison of these data sets should reveal the presence of
time-scale effects, if any exist.

Inspection of the data, provided in Figure 1, suggests that there is, indeed, a time-scale
effect. It is possible that the longer times associated with the experiments of Ball (1989)
and Brusseau et al. (1990c) may allow rate-limited processes characterized by large time
constants (i.e., small rate constants) to proceed to a sufficient extent such that their
impact is experimentally discernable. In contrast, the times associated with the
experiments of Curtis et al. and Lee et al. may not be sufficient to capture the effects
of highly rate-limited processes* The time-scale effect may also be related to the nature
in which the first-order rate constant is defined. Although k2 is assumed to be a
constant, it can vary with time scale because of changes in "average" gradients with time.
The time-averaged nature of first-order rate constants has been discussed by Rao et al.
(1980) and Cussler (1984).

The velocity dependence of k2 was investigated by Brusseau (1990), who reported that
k2 increased proportionately with pore-water velocity. However, Kp values were reported
to be essentially independent of velocity. This latter observation suggests that additional
sorption was not taking place at the slower velocity and, therefore, that the velocity
dependence of k2 was related to the nature of the first-order approximation.

These observations have significant import regarding the manner in which sorption-rate
experiments are performed and the applicability of data so obtained. These results also
suggest that a valid comparison of the performances of different experimental techniques
will be obtained only when similar time scales are employed.
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Implications For Field-Scale Transport
Trie question of whether the rate-limited sorption that has been observed for laboratory
experiments would have a significant impact on transport at the field scale vill depend
on several factors, including the hydrodynamic residence time (i.e., pore-water velocity
and system length) and the occurrence of other nonidealities such as soil/aquifer
heterogeneity (Brusseau and Rao, 1989c; Brusseau et al., 1989b). This question was
investigated by Brusseau and Rao (1989c) and Brusseau et al. (1990c) by comparing the
magnitudes of the rate constants obtained for HOCs and low organic carbon systems
from laboratory experiments to those obtained from analysis of a natural-gradient
experiment performed at the Canadian Air Forces Base Borden. The data obtained
from this field experiment were modeled by Goltz and Roberts (1986) and Brusseau and
Rao (1989c) using single-process and multi-process nonequilibrium models, respectively.
The rate constants reported by these researchers are approximately one order-of-
magnitude smaller than the values estimated using the k2-Kp relationship reported by
Brusseau et al. (1990c). Hence, it appears that rate-limited sorption was perhaps only
a minor contributor to the nonideal behavior observed in the Borden field experiment.
The impact of rate-limited sorption may be of greater significance, however, for induced-
gradient systems, considering the increased velocities (and reduced residence times)
obtained with puxiiping. The effect of induced gradients on the impact of rate-limited
sorption is of special concern given that "pump and treat" is one of the most widely used
means of remediating contaminated groundwater.

Miscible and Immiscible Organic Solvents
Much of the research on organic subsurface contaminants has focused on dissolved
constituents in aqueous systems, as discussed above. However, the behavior of organic
liquids (e.g., solvents, Pasoline) is beginning to receive increased attention. The nature
of this latter work has been defined by the characteristics of the two general classes of
organic liquids: miscible and immiscible. Note that, although the term immiscible is
used, such liquids are soluble to some degree in water. The following discussion will
focus on the nature of mass transfer processes in the presence of organic liquids. The
impact of organic liquids as cosolvents will be discussed first, while the impact of
separate liquid phases will be discussed thereafter.

Cosolvency by Organic Liquids
Interest in miscible organic liquids has centered on their effect on the physicochemical
properties of water and the resultant impacts on solute behavior in the mixed-solvent
system. For example, addition of a miscible solvent such as methanol to an aqueous
system results in enhanced solubility, reduced sorption, and enhanced transport of
organic solutes (c.f., Yalkowsky et al., 1972; Rao et al., 1985; Nkedi-Kizza et al., 1985;
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Fu and Luthy, 1986a; 1986b; Nkedi-Kizza et al., 1987; 1989; Brusseau et aL, 1990a;
Wood et al., 1990). The cosolvency of immiscible liquids present at concentrations
below phase separation was investigated by Pinal et al. (1990) and Rao et al. (1990).
They found that, while the impact of immiscible cosolvents on solubility and sorption of
hydrophobic organic solutes depended upon the polarity of the cosolvent, the general
trends were similar to those observed for miscible cosolvents.

The research discussed above has concentrated on the equilibrium behavior of nonionic,
low-polarity organic solutes. In contrast, the equilibrium behavior of ionizable organic
solutes in mixed-solvent systems has been addressed by few investigators. A dearth of
research also exists for the impact of cosolvents on the kinetics of sorption/desorption.
These two topics will be briefly discussed.

Cosolvency of ionizable organic solutes
The sorptive behavior of ionizable organic solutes in aqueous systems, while having
received less attention than nonionizable solutes, is beginning to be fairly well
understood. The relative values of the dissociation constant (jpKJ of the solute and the
pH of the system are of prime importance in mediating the magnitude and nature of
sorption of ionizable solutes. For example, sorption of organic acids such as phenol is
usually much greater when the system pH is lower than the plC, value (i.e., when the
molecule is neutral), than when pH is higher than the pK, (i.e., when the molecule is
anionic). The fact that sorption is essentially nonexistent (i.e., retardation factor = 1)
for many organic acids under conditions typical to the subsurface has fomented the use
of these organic acids as groundwater tracers.

The impact of organic cosolvents on the sorption of ionizable organic solutes has
received very little attention to date. Decreases in sorption of ionizable solutes present
in the neutral form with increasing fraction of cosolvent were similar to those observed
fc nonionizable solutes (Fu and Luthy, 1986b; Lee et al., 1990), as might be expected.
In these cases, however, the system pH was fixed. The impact of cosolvents on sorption
of ionizable solutes in systems where pH is not controlled is of great interest, considering
the impact organic cosolvents can have on the pH of the system and on the pIC, of the
solute. The pFC, of an ionizable solute changes with the composition of the solvent
because of the so-called medium effect, which results from differences in solvent-solvent
and solute-solvent interactions (c.f., Bates, 1969). The pFC, value of an organic acid will
increase with increasing fraction of cosolvent (c.f., Parsons and Rochester, 1975; Rubino
and Berryhill, 1986), while that of an organic base will decrease (c.f., Gowland and
Schmid, 1969). Observe that for both cases, the shift in pK, promotes formation of the
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neutral species. This shift in speciation could significantly affect the nature and
magnitude of sorption.

To illustrate the impact of cosolvent on transport of ionizable solutes, breakthrough
curves obtained for pentafluorobenzoic acid in water and methanol systems are
compared in Figure 2. Note that no sorption is observed for the aqueous system and
that the retardation factor is, therefore, 1. In contrast, R is greater than 1 for the
methanol system. This change in R would negate the use of pentafluorobenzoic acid as
a tracer to delineate the velocity of water flow. The increase in retardation with
addition of an organic cosolvent has also been observed for other acids such as dicamba
and 2,4-dichlorophenoxyacetic acid (Hassett et al., 1981; Brusseau, 1989: unpublished
data). The behavior discussed in this section may be important at waste-disposal sites,
where ionogenic chemicals may co-exist with organic solvents.

The impact of cosolvents on nonequilibrium sorption
As discussed above, there has been little work reported on the impact of cosolvents on
nonequilibrium sorption of organic solutes. A decrease in the symmetry of breakthrough
curves with increasing volume fraction of cosolvent was reported by Nkedi-Kizza et al.,
(1987), who were investigating the transport of two herbicides (diuron and atrazine) in
columns packed with a sandy soil. The decrease in breakthrough curve asymmetry,
which was attributed by the authors to nonequilibrium sorption, with increasing cosolvent
content suggests that the rate of sorption is greater in the presence of a cosolvent. The
sorption of dioxins by soils from water/methanol mixtures was observed to be more
rapid at higher methanol contents (Walters and Guiseppi-Elie, 1988). The desorption
rate constant (k2) has been observed to increase with increasing fraction of cosolvent
(Brusseau et al., 1989c; Nkedi-Kizza et al., 1989; Elzerman, et al., 1989).

A quantitative investigation of the impact of organic cosolvents on nonequilibrium
sorption of organic ^olutes was presented by Brusseau et al. (1989c; 1990d). They
presented a model that predicts a log-linear relationship between k2 and f̂  the volume
fraction of cosolvent. The validity of this model was substantiated using experimental
data. The mechanism responsible for the cosolvency effect on sorption kinetics was
postulated to involve changes in conformation of the sorbent organic carbon matrix,
which are induced by changes in solvent polarity that result from the addition of a
cosolvent.
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One question of interest is the applicability of the k2-Kp relationships discussed above,
which were obtained for aqueous systems, to mixed-solvent systems. Brusseau et al.
(1990d) have shown that k2-Kp relationships determined for systems comprised of
mixtures of miscible cosolvents and water are no different from those determined for
aqueous systems. Values of k2 determined for systems where an immiscible liquid was
the mobile phase have also been shown to be similar to those determined for aqueous
systems, as will be discussed below. Thus, it appears that k2-Kp relationships developed
from aqueous systems may be used for mixed-solvent systems.

Separate-Phase Organic Liquids
The disposition of immiscible organic liquids in the subsurface is of interest to
environmental scientists, hydrologists, environmental/civil engineers, and petroleum
engineers. The vast majority of research performed by these groups has focused on the
movement, entrapment, and displacement of the liquid (c.f., Marie, 1981; Schwille, 1988).
This reflects concerns associated with petroleum-reservoir engineering as well as
remediation of solvent- and petroleum- contaminated sites. Another aspect that has
begun to receive attention is the dissolution of residual immiscible phases, including the
partitioning behavior of multi-component liquids and the rate of mass transfer to the
aqueous phase. Consideration of the dissolution kinetics of residual phases is a
departure from the majority of models developed for multi-phase systems, which have
assumed instantaneous attainment of equilibrium, the results of earlier work, based on
laboratory experiments, suggested that immiscible liquid-aqueous phase mass transfer is
relatively rapid (van der Waarden et al., 1971; Fried et al., 1979; Schwille, 1988). More
recent research, however, has shown that inter-phase mass transfer can be significantly
rate-limited, especially under conditions that may be found in the field (Hunt et al.,
1988a).

In contrast to the behavior of the immiscible liquid itself, very little work has been done
on the impact of an immiscible liquid on the retention and transport of dissolved organic
co-contaminants. This aspect is of interest since many sites of subsurface contamination
are characterized by multiple contaminants. Enhanced transport of hydrophobic organic
solutes may be expected when an immiscible organic liquid is the mobile fluid, based
upon the differences in solubilities of hydrophobic organic solutes in organic liquids and
water. The opposite effect is observed, however, when the immiscible liquid is present
as a fixed residual phase. The residual phase serves as a sink for organic solutes,
resulting in enhanced retention and retardation. While this effect is of great interest,
considering the ubiquitous use of immiscible liquids and past disposal practices, very
little research on this topic has been reported. The presence of a residual phase of
aviation gas was observed to increase retention of petroleum constituents in column
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experiments (Bouchard et al., 1989). A large increase in retardation of naphthalene was
observed when a residual phase of tetrachloroethene was emplaced in a column packed
with aquifer material (Brusseau, 1990).

Mobile-phase immiscible liquid
As mentioned above, enhanced transport of hydrophobic organic solutes may be
expected when an immiscible organic liquid is the mobile fluid. This effect occurs
because of the greater solubilities of hydrophobic organic solutes in organic liquids,
compared to those in water. The enhanced transport effect is demonstrated by the data
of Yousefi (1986), who qualitatively investigated the impact of various mobile phases
(i.e., methanol/water, met^anol, toluene, trichloroethene) on the transport of dioxin and
benzene in packed-soil columns. While retardation was minimal in the toluene and
trichloroethene systems, it was very large in the methanol and methanol/water systems.

A question of interest is whether or not nonequilibrium sorption in organic solvent
systems is similar to that in aqueous systems. To investigate this, the data of Yousefi
(1986) were quantitatively analyzed, using a first-order bicontinuum model, in a manner
identical to the approach utilized by Brusseau and co-workers (Brusseau et al., 1990a;
1990b; 1990c). The values determined for k2 for the immiscible-solvent systems of
Yousefi (1986) are similar to those that would be predicted using the k2-Kp relationships
reported by Brusseau and co-workers (Brusseau and Rao, 1989b; Brusseau et al., 1990b)
for aqueous systems. It would appear, therefore, that the nature of nonequilibriun'
sorption in immiscible-solvent systems is similar to that in aqueous systems.

Residual-phase immiscible liquid
A mathematical model is presented below that allows for rate-limited uptake/release of
solute by a residual phase of immiscible liquid. The model also includes rate-limited
sorption/desorption of the soluies by the porous media solids, since such behavior is
often observed for organic chemicals, as described above. An initial evaluation of the
performance of the model is accomplished using data obtained from the literature.

The total sorbed concentration, Sj- (mass sorbate/total sorbent mass), is the weighted-
sum of the sorbed-phase concentrations in the two sorption domains and that of the
residual phase:

&r = f (Sml + S^) + (1-f) Cr (1)
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where Cr and Cm are the concentrations of the solute in the residual and aqueous
phases, respectively (M/M; M/L3); Sml and S,^ are the sorbed-phase concentrations for
the instantaneous and rate-limited sorption domains, respectively (M/M); K^ is the
liquid-liquid partition coefficient (M/M); f is the mass fraction of sorbent comprising
that portion of the porous medium that contains no residual liquid and (1-f) is e- juivalent
to the mass fraction of the residual organic liquid. At equilibrium,

Sr - f K . C . + ( l -OKrq . - K , Q . ; Kp - [f K. + (1-f) KJ (2)

where Kp represents the weighted-average equilibrium sorption constant (L3/M) for the
entire porous medium.

The one-dimensional, advective-dispersive, solute-transport equation, formulated in terms
of the NANS model (non-aqueous phase-aqueous phase mass transfer with .non-
equilibrium ^orption), is written:

(8m + fp Fm K J ^ + fp k^ [(1-FJ K,,, Cm - S^j + (l-f)p K (KrCm - Cr) =

#Cm dCm

where 6m is the volumetric water content of the porous medium (L3 L'3); p is the bulk
density (M L"3) of the entire porous medium (note fp = pro and (l-f)P = Pr)'»
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hydrodynamic dispersion coefficient (L2/T); and q is Darcy flux (L/T).

The three, nondimensional, governing equations:

dC *

^ (cm* - v ) + K° (cm* - cr«)
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where L is the length of interest; 6 is total porosity (L3 L'3); and Co is input
concentration (M/L3). Note that the total retardation factor, R, is given by:

R = Rffli + Rm2 + Rr = [i + (p/e) Kp] (8)

Relative or fractional retardation parameters may be defined as follows:

R- l Rr
0»i = R " (9a) ^r = - R - (9c)

R (9b)

Note that the three 0 values sum to unity, and that /^ represents the fraction of
retardation that is attributed to sorption in domain i.

A finite-difference numerical program (Brusseau et al., 1989b) utilizing the Crank-
Nicholson technique is used to solve the pertinent governing equations (4-6) under the
following initial and boundary conditions:

(10a)
(10b)

(10c)

(lOd)
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T
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It must be stressed that we are concerned with the interaction of an organic solute with
a residual-phase organic liquid and not the movement of the immiscible liquid itself. As
such, the residual phase will be assumed to be immobile in constructing the model. This
is not a particularly limiting condition, however, since it has been shown that very large
pore-water velocities (i.e., hydraulic gradients) are required to displace residual
saturation (Wilson and Conrad, 1984; Willhite, 1986; Hunt et aL, 1988b). In addition,
the size of the residual phase is assumed to be constant. This means that dissolution of
the residual is not accounted for in the model. While this constraint may limit the
applicability of the model, it is probably not severe given the nature of residual
saturation. In cases where dissolution is significantly rate limited or where the mass of
residual is relatively large, the rate of change in residual saturation may be slow enough
relative to the time scale of solute-residual phase interaction that dissolution is
insignificant. For example, Hunt et al. (1988a) have shown that residual saturation can
persist for years under conditions representative of field sites. In these cases,
constraining residual saturation to a constant value should not affect the performance
of the model.

The Damkohler Number k,0 represents the contribution of nonequilibrium associated
with liquid-liquid mass transfer to the total nonequilibrium influencing solute transport.
Inspection of (7k) reveals that knowledge of the liquid-liquid mass transfer constant (k,)
is required to determine k,0. Such knowledge can be obtained through measurement or
estimation. However, heterogeneity in the size, shape, and position of residual phase,
as well as the large impact associated with small quantities of residual, makes the
independent determination of k,. difficult. For example, the rate of liquid-liquid mass
transfer could be measured using a batch-type experiment. The applicability of the rate
constant so obtained to a dynamic column system is questionable, however, given the
significant difference between the two systems in the nature of the interface. Many
correlation equations have been developed for the estimation of mass transfer
coefficients. Application of these to our system of interest may also be problematic,
given our inability to obtain many of the required parameter values. In many cases we
.nay, therefore, have to resort to the use of "effective" mass transfer constants.

These effective rate parameters would be obtained by fitting a model that includes a
term for liquid-liquid mass transfer to a data set obtained from a system influenced by
liquid-liquid mass transfer. To make sure that the mass transfer constant obtained in
this fashion represents only liquid-liquid mass transfer, the system would ideally be
influenced only by liquid-liquid mass transfer. In such cases, a simpler, two-compartment
model (i.e., pore water and residual phase) could be used. Data reported by Brusseau
(1990) will be used to briefly illustrate this approach.
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The impact of a residual phase of tetrachloroethene (@ 10% saturation) on the
retention and transport of naphthalene in a column packed with a low organic-carbon-
content (0.02%) aquifer material was investigated by Brusseau (1990). The retention
associated with the residual phase comprised 99.9% of total retardation. Sorption by the
porous media solids was therefore ignored and the data were simulated with a first-order
two-compartment model. The mass transfer constant so obtained was an effective
constant representing system-wide liquid-liquid mass transfer. Interestingly, the value
of the mass transfer constant was similar to the value that would be predicted using the
k2-Kp relationship presented by Brusseau and Rao (1989b).

To evaluate the validity of the model's conceptual basis, as well as to illustrate its use,
the model will be applied to the data set reported by Bouchard et al. (1989). They
reported the results of column experiments employing aquifer material contaminated
with a residual saturation (@ 1%) of aviation gas. The retardation of toluene and three
other gasoline constituents was shown to be greater in the presence of the residual
phase, compared to systems containing no residual. No quantitative analysis, however,
was presented. The performance of the NANS model will be tested by attempting to
predict this data, with all parameter values being obtained independent of curve fitting.

A value for R (total retardation) was obtained using moment analysis of the pertinent
breakthrough curve (BTC). The contribution of sorption by the porous media solids was
determined by analyzing a BTC obtained by Bouchard et al. (1989) for a system identical
to that used to obtain the BTC being analyzed herein, except that no residual was
present. An optimization program (van Genuchten, 1981), employing a first-order
bicontinuum model, was used to determine values for k ^ and Fm. Values for the 0
terms and for k,,,0 were calculated using this information. The remaining two unknown
parameters are P and k,0. A value for P was estimated based on experiments reported
for non-sorbing tracers and similar column systems (Bouchard et al., 1988; Lee et al.,
1988; Brusseau et al., 1990b; 1990c). A value for k, was estimated using the relationship
reported by Brusseau and Rao (1989b), which was used to calculate It,.0. All parameter
values are now specified.

The prediction obtained with the NANS model is compared to the data in Figure 3. The
model provides a very good description of the data, especially considering that all
parameter values were obtained independently. The success of the NANS model in
predicting the data of Bouchard et al. (1989) suggests that the conceptual basis of the
model is sound. Further tests are required, however, to substantiate these initial results.
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A question of special interest is the relative impact of nonequilibrium liquid-liquid mass
transfer in relation to other nonideality factors, such as aquifer heterogeneity (e.g.,
hydraulic-conductivity- or sorption-capacity- heterogeneity), on solute transport at the
field scale. The relative impact of rate-limited sorption is scale dependent arid appears
to be of lesser significance, in comparison to heterogeneity, for field-scale solute
transport, as discussed above. Based on the analysis of the Bouchard et al. (1989) data
presented above and the results reported by Brusseau (1990), it appears that mass
transfer between the residual phase and water may not be significantly rate-limited under
natural-gradient conditions typical to the field. This may not be the case, however, for
induced-gradient conditions, such as those reflective of pump-and-treat groundwater
remediation systems. The hydraulic icsidence time may be short enough under these
conditions that mass transfer between the residual saturation and water is in a state of
nonequilibrium. If this nonequilibrium were not accounted for, the time required to
remediate the site would be significantly underpredicted.

Summaiy and Conclusions
Rate-limited sorption of organic solutes, caused by a diffusion-constrained mechanism,
was shown to be significant under laboratory conditions. The significance of the impact
of nonequilibrium sorption on field-scale transport is scale dependent. The impact of
organic liquids on mass transfer and transport of organic solutes depends upon the
nature of the solute and the nature and form of the organic liquid. For example, while
retardation of nonionic solutes is decreased in mixed-solvent systems (i.e., systems
comprised of water and a miscible organic liquid or an immiscible liquid present in
concentrations below phase separation), the retardation of organic acids may, in some
cases, increase with addition of a cosolvent. While the presence of an immiscible liquid
existing as a mobile phase will reduce retention of organic solutes, the presence of
residual saturation of an immiscible liquid can significantly increase retention. A model
that incorporates the effect of a residual organic liquid on the transport of dissolved
organic contaminants was presented. The impact of residual saturation on increasing
retardation was shown to be great, even at relatively low levels of saturation. The
validity of the conceptual basis of the model was tested through application to data
reported in the literature. Successful prediction of the data, where all parameter values
were obtained independent of curve-fitting, suggested that the conceptual basis is valid.
The model should prove useful in further investigations of the effect of residual organic
liquids on the retention and transport of organic solutes.
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FIELD EXPERIMENT ON MULTICOMPONENT

IONEXCHANGE IN A SANDY AQUIFER
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ABSTRACT

A field experiment is performed in a sandy aquifei in order to study ionexchange processes and
multicomponent solute transport modelling. An injection of groundwater spiked with sodium and
potassium as chloride was performed over a continuous period (37 days). The plume is monitored by
sampling of 350 filters in a spatial grid. The sampling aims at establishing compound (calcium, magne-
sium, potassium, sodium, chloride) breakthrough curves at various filters IS to 100 m from the the
point of injection and areal distribution maps at various crosssections from 0 to 200 m from the point of
injection. A 3 dimensional multicomponent solute transport model is going to be used to model the field
experiments. The chemical model includes cation exchange, precipitation, dissolution, complexation,
ionic strength and the carbonate system. Prelimninary results from the plume monitoring show that the
plume migration is relatively well controlled considering the scale and conditions of the experiment.
The transversal dispersion is small causing less dilution than expected. The ionexchange processes have
an important influence on the plume composition. The retardation of the injected ions are substantial
especially for potassium. Calcium exhibits a substantial peak following chloride due to release from the
ionexchange sites on the sediment.

INTRODUCTION

Cations such as sodium, potassium, calcium, magnesium and ammonia are major compounds of many
waste leachates, in particular of inorganic wastes such as combustion residues and fly ashes. Also in
leachates from mixed landfills cations may appear in concentrations of several hundreds to a couple of
thosands mg/1. Besides the fact that these cations per se may constitute a groundwater contamination
problem, cations are used as indicator parameters in groundwater control programmes at new sanitary
landfills and in groundwater plume delineation at leaking landfills. In relation to all three aspects, basic
understanding, process describing parameters and predictive models must be available to support proper
evaluation of the problems encountered and the data collected.

In many parts of Denmark the saturated zone consists of gravel and coarse sand with low cation
exchange capacity (CEC < 1 meq/100 g). The cation exchange sites of the aquifer material are
dominated by calcium and, if pH is low, also by protons. Since the composition of most leachates
relative to groundwater shows enhanced concentrations of sodium, ammonia and potassium, these
cations will exchange with calcium, resulting in retardation of the front of sodium, ammonia and
potassium and in a calcium (and maybe magnesium) peak travelling with the leachate front. Despite the
low CEC values the attenuation will be substantial for ammonia and potassium. The release of calcium
may cause excess of the carbonate solubilities, changes in the carbonate system and in the complexation
patterns. Aspects that further complicate the migration patterns.
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From field investigations described in the literature the importance of ion exchange processes in
transport of cations in sandy aquifers are documented, Valocchi (1981), Dance and Reardon (1983),
Ceazan et al. (1989). Dance and Reardon describe a natural gradient tracer test in the Border) landfill
aquifer, while Valocchi and Ceazan et al. discuss forced gradient experiments focusing on sewage water
infiltration. The test at Borden is in a scale of meters (< 10 m) and an one dimensional mixing cell
model including ionexchange, precipitation and complexation was applied. Valocchi used a 2
dimensional model neglecting complexation and precipitation/dissolution (20 m scale). Ceazan et al did
not apply any model to their experiment involving a 1.5 m flow distance.

This study investigates multicomponent cation attenuation and transport in a sandy aqufer in terms of
laboratory batch and column experiments, a controlled field injection experiment in a 100 m scale
followed by long term 3-dimensional plume mapping and multicomponent solute transport modelling.
The objectives are to demonstrate the effects of a release of inorganic, high strength leachate into an
aquifer and to evaluate our predictive capabilities in particular the balancing of model complexity,
parameter acquisition and plume prediction.

The main features of the research project and some preliminary results are presented.

MODELLING

A multicomponent solute transport model is used to model column and field experiments. The applied
model was originally 1 dimensional and developed to the unsaturated zone, Danish Hydraulic Institute
(1986), but recently it has been upgraded to 3 dimensions and saturated flow conditions.

In this context only the chemical submodel will be described briefly. The model is based on the Local
Equilibrium Assumption (LEA) , Rubin (1983). The mass action law describes the involved reactions:
cation exchange, precipitation, dissolution, complexation, the carbonate system. Furthermore the effects
of ionic strength on activity coefficients are included. The cation exchange process is here expressed by
the Gaines-Thomas equation, Bolt (1967). The cation exchange capacity is assumed to be constant and
independent of pH. Proton ion exchange is not taken into account in the current version.

The equlibrium constants are associated with considerable uncertainty especially in natural systems.
Reasonable stability constants and solubility products can be found in the literature, e.g. Sillen and
Martell (1964, 1971). Cation exchange capacities and selectivity coefficients are also tabulated, but the
ranges may vary by several factors, Bruggenwert and Kamphorst (1977). Because of this parameter
estimation is an important part of model simulations, in particular when models are beeing validated.

Prior to application of the multicomponent model to the 3-dimensional field experiment, model
performance with respect to die chemistry is beeing validated by means of 1-dimensional laboratory soil
column experiments. Both die ability of the chemistry moduls to handle the complex sediment-solute
interactions and die goodness of the batch determined CEC-values and ionexchange selectivity
coefficients are beeing evaluated. The combination of coarse sediments with low exchange capacity and
solutes with high ionic strength is complicating the parameter estimation and challenging
die assumption of constant parameter values over the exposure range.
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Figure 1 shows the results of a preliminary simulation of one of the column experiments (240 m/year)
in terms of model predictions and observations for chloride, sodium, potassium and ammonia. The
model predictions and the observations are general in accordance although not perfect. In particular the
multilevel breakthrough curves of ammonia and potassium are subject to speculations on kinetic effects
or multi site exchange processes.
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FIGURE 1: Breakthrough curves for laboratory column experiments (symbols) and model predictions
(continuous lines) by help of a simultaneous multicomponent model. The column has a length of 1 m
and the diameter is 4.5 cm. The average flow velocity is 240 m/year, ionic stregth is 6.3 meq/1 and
CEC is 0.41 meq/100 g. Selectivity coefficients are (based on the Gaines-Thomas equation):
K^K. = 1.4 mol/1, Kc^ = 0.004 mol/1, K^^m = 0.008 mol/1. (laboratory data from Andersen and
Lassen (1990)).

FIELD EXPERIMENT

The field experiment is performed as an injection of groundwater spiked with potassium and sodium as
chloride salts into the aquifer. The composition of the injection fluid resembles a release of leachate
from a waste disposal site.

The experimental site

The injection test field is located in the western part of Denmark (Vejen, Jutland) on a glacial outwash
sand. The aquifer is phreatic with a watertable approximately 4 m below the surface and a lower
confinement in terms of a clayish till at approximately 10 m depth. The groundwater flow is in the
south direction with an average pore flow velocity of 250 m pr. year. From a geological point of view
the aquifer is relatively homogeneous, but over the depth the hydraulic conductivity varies due to
layering. The hydraulic conductivity is determined by slugtests in vertical profiles and permanent filters
(approximately 260 locations). Small silt lenses may occur. The gradient is approximately 5 per mille
and relatively constant over the area.
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A monitored area of 200 m in length and 40 m in width contains 350 filters (25 cm screen) in a spatial
network. A part of this network is illustrated in figure 3. Selected filters have been sampled 3 times to
establish background water quality, Table 1. The variability in the water quality is considerable
especially in the upper part of the aquifer. In order to evaluate the spatial variability of the ion
exchange parameters sediment cores from the field are analysed. CEC vary between 0.2-1 meq/100 g
and the basesaturation vary from 30-100% depending on depth.

Table 1: Background ground water quality at the injection site and composition of the injection fluid.

PH

Chloride

Sodium

Potassium

Calcium

Magnesium

(mg/1)

(mg/1)

(mg/1)

(mg/1)

(mg/1)

Injection
fluid

6.9-7.2

6000

2600

2000

70

3

Background
water quality

4 = 5-8

15-35

8-25

0.5-8

20-80

2-8

Injection

The injection took place in May 1989 through 5 filters with a spacing of 1 m and 0.5 m screens. The
filters were placed approximately 6 m below the surface and 2.5 m below the ground water table.
Injection fluid and flow were controlled daily and showed only minor variations during the injection
period.

Plume monitoring

The plume created by the solute injection is monitored by sampling of the filters and analysis of the
water samples obtained. The focus is on chloride, potassium, sodium, calcium and magnesium, but pH
and conductivity are determined also. Supplementary, hydrogencarbonate is determined to evaluate the
carbonate system. In a few filters a full picture of the water composition is obtained by including
ammonia, nitrate and sulphate. The sampling aims at establishing compound breakthrough curves at
various filters from 15-100 m from the injection and areal distribution maps at various sections from 0
to 200 m from the injection.

PRELIMINARY RESULTS AND DISCUSSION OF FIELD EXPERIMENT

The hydraulic aspects of the plume have developed slightly differently than expected. A slight
downward gradient caused by the injection head and by the density of the injection solute resulted in an
initial sinking of the plume. Maybe local heterogeneities in the geology played a role as well. The
sinking of the plume lead to some very high concentrations just above the clayish till. After 5 to 10 m
travel the plume was stabilised. Figure 2 is a snapshot of chloride in a crosssection 35 m from the
injection 65 days after the injection began. The sinking of the plume is obvious, but another interesting
point is the transversal dispersion which is much less than expected. Between filters with 1.5 m
spacing, concentrations may rise from background level to 10 times background level.
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FIGURE 2: Crosssection 35 m from the injection wells showing a snapshot of the chloride plume 65
days after the injection start.

A general picture of the areal distribution of the separated plumes is shown in Figure 3 130 days after
the injection was initiated. Chloride has migrated approximately 70 m which mean;; that the average
flow velocity is 0.64 m/day or 230 m/year. The dispersion is relatively small as illustrated by the box
of "injection water", centred in the chloride plume (width: 4 m as the injection area, length: injection
time period multiplied with the average pore velocity). The attenuation of the injected sodium and
potassium is evident from their areal distribution.

Breakthrough curves for a filter 35 m downstream from the injection are shown in Figure
Increased calcium and magnesium concentration are found together with the chloride breakthrough.
These ions are expelled from the ionexchange sites on the sediment by the injected sodium and
especially potassium. Sodium shows some retardation. Potassium has not yet fully broken through, but
the retardation is obvious. The average migrating velocity for potassium is less than 15 % of the water
flow velocity as expressed by the chloride curve. Notice the peak of potassium matching the calcium
and chloride curve. Although the sediment has a very high affinity for potassium the competition by
sodium and expelled calcium is so strong at the front that not all the potassium is exchanged.

Figure 4e shows pH and hydrogencarbonate in the same filter. The decrease in pH and hydrogen-
carbonate at the same time as chloride and calcium broke through indicates precipitation of carbonates.
A part of calcium and magnesium apparently has precipitated during the chloride breakthrough. This is
confirmed by the saturation index for calcite here exceeding the calcite solubility product.
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FIGURE 3: General areal distribution of chloride, sodium and potassium at the injection field 130 days
after the injection start. The shaded box corresponds to the injection if no dispersion took place.
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FIGURE 4: Breakthrough curves for chloride, sodium, potassium, calcium, magnesium, pH and
alkalinity in a filter in the center of the plume 35 m downstream from the injection wells.
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Another set of breakthrough curves are shown in Figure 5 for a filter 100 m downstream. The
differences in the shape and concentrations of the chloride breakthrough curves on Figure 4a and Figure
5 is due to transversal (horizontal and vertical) and longitudinal dispersion. In this filter potassium has
not yet appeared while sodium shows the same retardation pattern as seen in Figure 4a.
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FIGURE 5: Breakthrough curves for chloride, sodium, potassium, calcium, magnesium in the center of
the plume 100 m downstream from the injection wells.

PRELIMINARY CONCLUSIONS

The results from the plume monitoring show that the plume migration is relatively well controlled
considering the scale and conditions of the experiment.

The transversal dispersion is small causing less dilution than expected. The longitudinal dispersion also
appears relatively modem.

The ionexchange processes have an important influence on the plume composition. The retardation of
the injected ions are substantial especially for potassium. The average velocity for potassium is less than
15 % of the water flow which here is depicted by chloride. The sodium plume is in between the
chloride and the potassium plume as expected from laboratory data. Calcium exhibits a substantial peak
following chloride due to release from the ionexchange sites on the sediment.

It is premature to evaluate the solute transport model performance on the laboratory and field data.

FUTURE WORK

Column experiments involving high and low flow velocities will be completed establishing a basis for
verification/evaluation of the multicomponent model under well controlled conditions. The column
results will also help in selecting proper parameter estimation methods.
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The field experiment will be completed in the autumn 1990 (watersampling and analyses). Potassium
will be monitored untill its passage of a crossection 35 m from the injection.

The extensive data collected will be subject to 3 dimensional multicomponent modelling with special
interest in the availability of field parameters matching model requirements and capabilities.
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ABSTRACT

In 1960, 25 nepheline syenite glass blocks containing 14 TBq (375 Ci) of
mixed fission products in 50 kg of glass vere placed below the water table
in a shallow sand aquifer at Chalk River Laboratories. Experimental
studies undertaken at the site since 1960 have included detailed mapping of
the plume of 90Sr in 1963, 1966, and 1971. Mathematical modelling studies
have employed the radiostrontium plume data in determining the split
between ion exchange and chemisorption of 90Sr, and in obtaining reaction
rate data for chemisorption. The distribution of 137Cs on downgradient
soils was mapped in 1963 and 1979. An extended plume of low-level 137Cs
contamination observed in the 1979 study prompted an investigation of the
role of particulate materials in radionuclide transport. In 1983, large
volume groundwater sampling and separation of eationic, anionic, and
neutral dissolved species, as well as particulates, detected anionic and
cationic dissolved europium isotopes (154 and 155), and again encountered
particulate 137Cs. A variety of investigations of cesium and strontium
sorption have provided a data base on sediment mineralogy, particle surface
features, and information on sorption sites and processes.

This year (1990) has seen the inauguration of a three-year program to
update investigations of radionuclide release, transport, and sorption at
the Glass Block Site. The first stage of the program has been a detailed
definition and simulation of the hydrogeologic setting. Plume mapping and
aqueous speciation studies are in progress. This paper summarizes past
investigations, reviews the status of the current program, and discusses
components of future studies, including investigations of sediment sorption
mechanisms.

1. BACKGROUND

During the 1950's, Atomic Energy of Canada Limited (AECL) undertook
experiments in fuel reprocessing. As part of this program, forms for
storage of the waste radionuclides were also investigated, and nepheline
syenite glasses vere one waste type that was Investigated. An experimental
burial of glass containing mixed fission products and some actinides was
proposed in 1958. The experiment involved placing glass blocks below the
water table in a sand aquifer on the property of the Chalk River
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Laboratories, vlth no secondary containment systems. The experimental
objectives were to measure glass leaching rates in field conditions and
compare these data to laboratory leaching protocols, and to study
solid/solution reactions between leached radionuclides and aquifer
sediments [Bancroft and Gamble, 1958]. An initial set of glass blocks were
fabricated and buried in a portion of the Perch Lake basin in 1959. but
their low radionuclide loading made it almost impossible to detect
contaminants leached from the glass. A second experiment was therefore
proposed and initiated in 1960 [Bancroft, I960].

In 1960 May, 25 nepheline syenite glass blocks, each approximately 2 kg in
veight and containing mixed fission products and some actinide elements,
were placed belov the vater table in a sand aquifer at Chalk River [Herritt
and Parsons, 1964]. The site lies in the lover Perch Lake basin, near the
margin of a sand aquifer system that has been investigated both as a
research facility and during monitoring of local waste management
operations. Figure 1 shows the location of the Glass Block site and some
of the large-scale groundwater monitoring network in the vicinity. Figure
2 shows the layout of the glass blocks in cross section; the section is
oriented transverse to groundwater flow.

Date of Burial: 1960 June

Ground Surface

Figure 2: Vertical section through the grid of glass blocks;
the upper right block was removed in 1979 for analysis
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Figure 1: Location map and water table contours for the Glass Block site



853

The glass blocks were made from a mixture of 83Z nepheline syenite, 14Z
CaO, and 2.4Z nonvolatile solids that contained the fission and activation
products, melted at 1350° C and annealed by slov cooling. Measurements of
radionuclide content were made at the time of fabrication, and higher-
precision measurements were made on one of the blocks removed from the
aquifer in 1979 [Chen, 1979]. Based on those data, and correcting for
decay to 1990, the total radionuclide inventory in the blocks is 10.3 TBq
(275 Ci). Major radionuclides and their current concentrations are
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One of the primary focuses of subsequent research on the Glass Block site
has been the determination of the rates of radionuclide leaching from the
glass under in situ conditions [Merritt and Parsons, 1964; Merritt, 1976;
Melnyk et al., 1983, 1984]. Other studies have evaluated aspects of 90Sr
and 137Cs sorption onto the aquifer sediments dovngradient of the site
[Lyon and Patterson, 198S], the formation and migration of particulate
137Cs [Champ and Merritt, 1981], and the speciation of relatively long-
lived radionuclides in dovngradient groundvaters [Champ et al., 1984].

This year (1990) has seen the re-activation of research at the Glass Block
site, in the first stage of a three-year program vhich vill update
information on glass leaching rates, but vill also attempt an integrated
assessment of controls on the transport of radionuclides that have been
mobilized from the blocks. Results vill be used in a series of model and
code development and validation studies. In this paper, ve vill summarize
results from the past investigations, but ve vill begin vith a reviev of
information from the initial stage of the current program - an update of
information on local hydrogeology.

2. SETTING

2.1 Physiography, Vegetation, and Surface Hydrology

The Glass Block site is located near the vestern margin of the lover Perch
Lake basin (Figure 1). Bedrock is exposed on surface approximately 50 m
vest of the experimental site in a ridge that trends north-south and vhich
forms the vestern boundary of the Perch Lake basin. The ridge crest is at
an elevation of 170 m, and slopes steeply to the nearly flat wetland that
occupies most of the lover drainage basin. This sandy vetland slopes
gently from an elevation of about 159 m at the Glass Block site to 156 m
beside Perch Lake. Main Stream, the primary vater course in the basin, is
incised generally less than 1 m into the surrounding, hummocky wetland.

Most of the lover Perch Lake basin is forested, vith vegetation similar to
that reported by Gentner [1975] for an adjacent sub-basin. Dominant tree
species are black ash (Fraxinus nigra), vhite and yellow birch (Betula
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papyrifera and lutea), poplar (Fopulus trenuloides), balsam fir (Abies
balsamea), and white spruce (Picea glauca). Understorey vegetation
includes bracken, alder, and immature trees. Chalk River enjoys a humid
continental climate, with an annual average precipitation of 827 mm; 300 am
of this is available for recharge and runoff, based on water balance
studies in the Perch Lake basin [Robertson and Barry, 1985}.

2.2 Geology and Hydrogeology

Figure 3 displays the stratigraphy along a cross section oriented parallel
to groundwater flow and passing through the glass block grid. The
sedimentary sequence and soil properties have been defined by continuous
soil sampling, augmented by ground probing radar surveys. Bouldery sand
till, often with a washed layer of poorly sorted, clean, medium to coarse
sands and gravels on its surface, overlies the bedrock beneath the study
area. Overlying the till is a unit of dense, cohesive, apparently varved
clayey silts, approximately 4 m thick in boreholes that penetrate the unit
in the glass block study area. Moving up, the clayey silts grade through
laminated silty very fine sands to fine sand. Another varved silt, 0.5 to
1.5 m thick and containing some interbedded very fine sands, lies within
the fine sand at an elevation of about 146 m.

Above an elevation of about 151 m (with the contact sometimes marked by a
thin silt) the sands become medium-fine grained, with mean grain size
increasing from 0.135 to 0.175 mm. This upper sand also contains some
interstratified sands and silts; at elevation 154 m is a thin (10 - 20 cm)
but continuous silty stratum. Between elevations of 156 and 157 m is a
probably discontinuous and very thin (a few centimetres) zone of
interbedded sands and silts. The final unit in the sedimentary sequence
are recent organics that are accumulating in the wetland. The glass
blocks, and the 1971 90Sr plume, are located in the medium-fine sand
between the thin silty strata at 154 and 157 m.

Hydrogeologic information has been compiled from previous studies at and
near the site and from a program undertaken this year. Constant head
permeameters were used to measure vertical hydraulic conductivity in
sections cut directly from the piston-cors soil samples. Borehole dilution
tests were used to measure groundwater flow velocities at various locations
and depths; horizontal hydraulic conductivities were calculated from the
flow velocity data using measured hydraulic gradients around the test
intervals. At the start of the Glass Block experiment, flow velocity and
direction measurements were made by small-scale tracer injection and
mapping test- [Merritt and Parsons, 1964]. Currently, hydraulic head
distributions are monitored using the array of boreholes instrumented with
multi-level piezometers screened at 1 metre depth increments (Figure 3).

Figure 1 displays water table contours for 1990 September. Given the
similarity in flow directions implied by the contours and by the 1971 track
of the 90Sr plume, we would conclude that the September head distribution
is representative of the long-term average. Short-term deviations from
that track were directly observed by Merritt and Parsons [1964] in some of
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their tracer injection tests. In those Measurements, they found tracer
flow paths that deviated by as much as 60° from the track, taken by the
radiostrontiuo plume. The proximity of the water table to ground surface
makes the site susceptible to rapid short-term changes in water table
elevation.

The vertical distribution of hydraulic head shows that groundvater flow is
essentially lateral in the sand sequence; there are strong vertical
gradients across the basal clayey silts, but these have no measurable
influence on heads in the overlying sands. Vith respect to contaminant
transport from the glass blocks, we can limit most hydrogeologic
considerations to the upper sand aquifer.

Direct measurements of groundvater flow velocity in the early 1960fs, taken
over a one-year period at the location of the glass blocks, ranged from 15
to 20 cm-d"1. The highest velocity was measured during spring melt; the
lowest flov rate was observed during the winter. Recent borehole dilution
tests provide linear average flow velocities ranging from 5.5 to 51
cm.d"1; within the stratum occupied by the glass blocks we observed a mean
of 13.1 cm»d**. There are currently insufficient data to define spatial or
temporal trends in flow velocity; flow modelling is steady-state and uses
the mean data for reference and optimization.

As noted above, the aquifer sediments have a granitic mineralogy. The
water that passes through the glass block grid has a chemistry
characteristic of shallow, low-carbonate, flow systems. The waters are
moderately oxidizing, slightly acidic (pH - 5.7), and low in total
dissolved solids. Bicarbonate and sulphate are the dominant anJons, with
calcium and sodium as the major cationic species.

"i. RADIONUCLIDE RELEASE AND SORPTION

3.1 Glass Leaching Behaviour

figure 4 shows the plumes of 90Sr downgradient of the glass blocks in 1963
and 1971, the two years for which the entire plume was mapped. The 1963
data are taken from Herritt and Parsons [1964] - the shaded area in Figure
4 simply defines the extent of the plume, although the paper provides
inventories of radiostrontium for the lines of sampling points that
transect the plume. The entire sample data set was available for the 1971
plume map. Contours are soil radiostrontium concentrations averaged over
the thickness of the plume. To allow comparison with the 1963 data,
inventories were again calculated for each of the lines of samplers that
transected to plume. Figure 5(a, b) displays the 90Sr inventory data, with
the results corrected for decay to 1990. Figure 5(c) displays glass
leaching rate data from laboratory tests and from the field experiment.

Laboratory leaching experiments were conducted in the late 1950's [Bancroft
and Gamble, 1958] using a locally-developed procedure; in 1979 IAEA-
standard protocols were used in tests of samples from the block retrieved
from the field site in that year [Melnyk et al.f 1984]. In both cases,
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leaching rates for radioisotopes exhibited an exponential decline with
time. Some differences in the size of the exponent vere found in the tvo
experiments. These stem, in part, from experimental design, but
incongruent dissolution is a more important factor in the differences.
Early experiments measured only total activity in leaching solutions; the
1979 tests discriminated between radioisotopes, and found that 137Cs is
leached from the glass at about 25Z of the rate of 90Sr release. Figure
5(c) displays 90Sr

cumulative release based on the 1979 leaching data (corrected for the
lover temperature and higher ionic strength of the groundvater using
the figures of Melnyk et al. [1984]),

cumulative release based on groundvater samples collected immediately
doingradient of the blocks from 1960 to 1963 [Herritt and Parsons,
1964], and

total releases calculated from the 1963 and 1971 plume inventory data.

There is excellent agreement between the release rates determined from the
laboratory leach tests and those determined by Merritt and Parsons from
groundwater samples. The 1963 plume inventory results are also in very
good agreement with these data.

The only significant departure from the laboratory test extrapolation is
the 1971 inventory measurement. This calculation provides a total release
that is more than a factor of 2 higher than the laboratory extrapolation.
It is possible that this deviation is real, but given the excellent
agreement among the other data sets, it seems probable that the 1971 plume
inventory is the main source of error. Because of the vide spacing between
sampling points more than 18 m dovngradient of the blocks, the inventory
calculated for these sampling locations totals more than half that of the
entire plume. Fingering, or some other plume configuration that reduces
the extent or level of contamination in distal portions of the plume, could
result in inventories that are much more in line vith the other
measurements.

The distribution of 137Cs on soils dovngradient of the blocks was mapped in
1963. A second, but incomplete, mapping vas undertaken in 1979. Figure 6
displays the plumes - only the plume boundary and inventory calculations
for the tvo transverse lines are available for the 1963 information,
vhereas the 1979 plume map represents krlged contours of depth-averaged
137Cs. Figure 7 shows the radiocesium inventories for the tvo dates and
cumulative radiocesium release based on the laboratory leaching tests. The
laboratory leach projection again uses data presented in Melnyk et al>
[1984], accounting for incongruent dissolution of the glass and reduced by
a factor of 2.5 to allow for the lover temperatures and higher dissolved
salt concentrations in the aquifer.

In contrast to '.he 90Sr results, the total releases of 137Cs estimated from
both plume inventories are significantly lower than those predicted from
the laboratory leach testing. The two potentially unreliable data points



B60

2
1
o_g

CD

2

0

•
a

4

4

4

4

IIP
^ ^

- D ^

D

1

a

a

^ ^ ^ ^
VVVWWvV

\ D

^ — No point

1

1 d

D

a
D

* ^ a

D

borehole data available for

l l

1

1963

contouring

I

5 m

1979

Cs-137 on Soil

(Bq/fl)

—3 <0.3

IED 0.3-1.0
H ] 1.0-10.0

m 10.0-100

H i 100-1.000

• 1.000-10,000

I
Distance from Blocks 5m

Figure 6: Cs-137 plume downgradient of the glass blocks; 1963 data define
the extent of the plume, while 1979 contours are depth-averaged
soil concentrations



"2.
c
3
CD

5'
<t
CD
3

O
-3

w

o
"""
o
c3
c_
5"
'̂

CD

n
M
1

• — *

CO
- J

2.
0)
00

cr
0)
00
CD
a.
o

leachi

3
(JQ

CD

%

a.
0!

0)

0)

a

3*
CD

c
0)

-<;

3
CD

, 5
<j
CD
3
O

CD

O

O
00

1
1 >

00

3
CD
OD
oo

,) and

CD

CD

0)
3
a
o

a>

"E

Cs-137 per Metre of P lume ( M B q ( Cs-137 per Metre of P lume (MBq)
© § P •:. o - N> "

to

O

as

3"

I
3
(O

Radiocesium Release (MBq)

T 9 8



862

provided by the plume maps are insufficient for drawing conclusions
concerning leaching controls, but the data could be interpreted as a result
of a greater degree of incongruency between 137Cs and 90Sr dissolution than
that observed in the laboratory tests.

3.2 Strontium and Cesium Transport and Sorption

Because of 90Sr's relatively high mobility and high radiotoxicity, there
have been extensive investigations of its subsurface behaviour at Chalk
River - these are summarized in King et al. [this issue]. Patterson and
Spoel [1981] measured batch distribution coefficients for sands from the
vicinity of the Glass Block site, and found a mean K,, of 4.5 mL-g*1. Using
a mean groundvater velocity of 15 cm-d'1, ve can use the retardation
equation to estimate 90Sr distribution coefficients of 3.1 and 4.3 mL.g"1

from the plume front positions in 1963 and 1971= There is, however, clear
evidence from the Glass Block plume that the rapid equilibrium reaction
between sorbed and dissolved 90Sr that is implied in the use of a Kj does
not entirely explain radiostrontium retardation. This is evident in a
comparison of the plots of inventory versus distance from the blocks
(Figure 5 a, b) as determined by aquifer sampling, and the leaching rate
data (Figure 5 c). with the very high initial leaching rates, the highest
concentrations and inventories of 90Sr should be at the leading edge of the
plume. There are, in fact, elevated radiostrontium concentrations near the
leading edge of the plume in the 1963 and 1971 surveys, but the highest
specific soil activities were encountered adjacent to the blocks.

Helr.yk et al. [1984] developed a two-reaction model to account for the 90Sr
distribution observed in 1963. One reaction was instantaneous equilibrium
exchange, while the second was a first-order kinetically-controlled
sorption process. The best fit between the simulated and observed
radiostrontium distributions for 1963 used an instantaneous Kj of 6 mL.g'1,
a half-time for chemisorption of between 2 months and 2 years, and
equilibrium distribution ratio of 125 mL.g"1 for the chemisorption
reaction. Extrapolation of the model using these parameter values to the
1971 90Sr plume data produced a poorer fit between the calculated and
plume-mapping results, although the primary features of the two sets (high
concentrations near the source and the small peak near the plume's leading
edge) are preserved.

Cesium is often considered to undergo irreversible sorption, possibly by
migration into interlayer sites in illite and vermiculite with subsequent
collapse of the lattice [Jackson and Inch, 1980]. Lyon and Patterson
[1987] investigated the associations between specific minerals and 137Cs in
samples collected immediately downgradient of the glass blocks, and found
that most of the radiocesium was associated with the biotite-vermiculite
alteration sequence, sericite (and possibly other feldspar weathering
components), and biotite. From the extremely limited Aquifer transport of
137Cs, Lyon and Patterson concluded that much of the cesium sorption was
almost irreversible, although no direct testing was undertaken to confirm
the conclusion.
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The plume mapping results certainly support the conclusion that most of the
I?* i s , s t r ° n g y sorbed- In the 1979 plume survey, over 80Z of the

radiocesium was retained on sands within 0.3 . of the glass blocks, and the
l!^?n e2 g? ° L ?o^ 1 U m e WaS ° n l y s l l« h t l v displaced from the position
determined in the 1963 survey. Distribution coefficients as high as 2^0

SZ?SP°rt °f 13?Cs' "* the « I » « ^ exponential
ttt i«V \ t • ̂ T distance from the blocks is not in agreement with
the peak at the leading edge of the plume predicted by the glass's leaching
CilcLiraCt GIT I S I1CS •

There is an exception to the comments above. Figure 8 disDlavs 13'Cs
S ^ ^ S " * ? * SOiJ/J°ng ,the «*• of the Pl"« ̂  1979° Although
almost all of the activity is very close to the source, there is some
radiocesium (at almost constant concentration between 2 and 6 m from the
blocks) that had migrated more than 7 m. A study of the cause(s) of th<s
enhanced mobility led Champ and Merritt [1981] to the discovery that

? transport of i»Ci was occurring. They also found thlt the
formation of these particles was mediated by bacterial activity, although
it remains unknown whether the radiocesium is incorporated into the
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3.3 Other Radionuclides

In 1983, Champ et al. [1984] passed large voluae groundvater sanples
through columns packed with cation and anion exchange resins and activated
alumina, after initial filtering through 0.4S micron membranes. Waters
were collected 1 and S m downgradient of the glass blocks. These samples
were analysed by high-resolution gamma spectrometry, revealing the expected
presence of 131Cs and also detecting low levels (<0.1 Bq^L'1) of 154Bu and
155Eu. One metre downgradient of the blocks, most of the europium was
present in cationic species, but waters from the 5 m sampler contained most
of the europium in anionic forms. Thermodynamic data predict that most of
the europium should be present as EuS04+; the conversion to anionic species
was tentatively attributed to organic complex formation. Recent tests
using a similar apparatus again used groundwaters from 1 and 5 •
downgradient of the glass blocks. In these experiments, particulate
materials contained most of the 137Cs at a 1 • distance from the blocks,
but anionic cesium species were dominant at the 5 m distance.

4. DISCUSSION

At the Glass Block experimental site, earlier geologic and hydrogeologic
information and recent additions to the database through a 30 to 60 m grid
geophysics drilling and testing program confirm that the site consists of a
really extensive sequence of sands containing strata of silts and clayey
silts. These low-permeability layers, coupled with the absence of
substantial vertical hydraulic gradients throughout most of the aquifer,
have resulted in the contaminant plume from the glass blocks being confined
to a single stratum of sand. We anticipate that the plume re-mapping will
reveal a plume that is still bounded by low-permeability strata. Linear
average groundwater flow velocities in the vicinity of the contaminant
plume average 13 to 15 cm.d*1, and this velocity appears to have been
consistent over time.

The simplicity of the system is marred somewhat by the proximity of both
the water table and the glass blocks to ground surface. The portion of the
aquifer containing the blocks is subject to substantial short-term
variations in flow direction and velocity, which we attribute to variations
in local infiltration rates. Hydraulic head data are now being collected
approximately monthly; whether these data will be sufficiently
representative of seasonal variations in the past remains unclear. It
would seem clear that the substantial lateral (horizontal) spreading is
largely a response to flow path variations - data from controlled tracer
injections and from waste management plumes at other sites at Chalk River
have yielded very small lateral dispersivities [Moltyaner and Killey, 1988;
Robertson et al., 1987].

Experimental and modelling studies of sorption reactions affecting
radionuclides leached from the glass have focused on 90Sr and 137Cs, the
two most abundant radioisotopes. The behaviour of both is in agreement
with reaction phenomena observed elsewhere - sorbed strontium is
approximately equally divided between ion exchange sites and chemlsorption
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sites in iron oxyhydroxide coatings. Recent studies have confirmed that
sorbed cesium is strongly retained by micaceous minerals, again in
agreement with other observations at Chalk River and elsevhere.

Aqueous speciation of radionuclides has been studied using large-voluae
columns equipped with membrane filters and beds of cation and anion
exchange resins and activated alumina. Similar studies have been re-
initiated, with the objective of defining changes in speciation over time
and distance, and resolving agents involved in the already-observed changes
in europium species.

Old groundwater contaminant plumes from well-defined sources provide some
of our best cases for evaluating the appropriateness and accuracy of
transport models. Old contaminant plumes are all too common, but
situations where the source is well known are rare. Although there are
still some uncertainties concerning leaching rates from the array of Glass
Blocks, we anticipate that the detailed remapping of the radionudide
plumes will provide improved control on release rates, at least for 90Sr
and 137Cs. Groundwater flow modelling using unadjusted field data provides
close agreement with observed head distributions; we do not anticipate
difficulties in physical aspects of contaminant transport simulations.
Between the existing information and new data generated by this program, we
hope to have a comprehensive data set that can be used for studies of the
long-term validity of reactive contaminant transport codes.
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