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FOREWORD 

Research and development directed towards the assessment of the long-term 
performance of radioactive waste disposal systems has been recognised as a 
priority area with a strong need for international co-operation and co
ordination. The ultimate aims is to promote the quality and credibility of safety 
assessment techniques for radioactive waste disposal. 

Sorption in the geosphere is one of the key processes for retarding the 
transport of radionuclides from the underground disposal facility to the 
biosphere. In many cases, sorption in the near field and in the biosphere is also 
important. 

A workshop, organised to favor discussion around a small number of invited 
papers, was held in October 1991 : 

• to evaluate critically the way sorption processes are incorporated in 
performance assessment models; 
to identify open issues of high priority, and; 

• to propose future activities to resolve these issues. 

These proceedings reproduce the invited papers and the conclusions and 
recommendations adopted by the workshop. The opinions expressed are those 
of the authors and in no way commit the Member countries of the OECD. The 
proceedings are published on the responsibility of the Secretary-General. 

» 
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AVANT-PROPOS 

Les travaux de recherche et de developpment en vue d'evaluer les performanc
es a long terme des sy^temes de stockage des d^chets radioactifs ont ete 
reconnus comme un domaine prioritaire dans lequel se fait fortement sentir le 
besoin d'une cooperation et d'une coordination internationales. Ces travaux 
ont pour but de promouvoir la qualite et la credibility des techniques 
devaluation de la surety applicables au stockage des dechets radioactifs. 

La sorption dans la geosphere est un des processus-cies du ralentissement de 
la migration des radionuclides entre un depot souterrain et la biosphere. La 
sorption est de meme souvent importante dans le champ proche et dans la 
biosphere. 

Une reunion de travail, organised de maniere a favoriser la discussion autour 
dun petit nombre de communications invitees, a eu lieu en octobre 1991 avec 
les objectifs suivants : 

• evaluer d'un oeil critique comment les processus de sorption sont 
incorpores dans les modeles devaluation, 
identifier les problemes les plus importants qui se posent encore, et 

• proposer des actions pour resoudre ces problemes. 

On trouvera dans le present compte rendu le texte des communications invitees 
ainsi que les conclusions et recommandations adoptees par les participants. Les 
opinions exprimees sont celles des auteurs et n'engagent en aucune facon les 
pays Membres de 1'OCDE. Ce rapport est public sous la responsabilite du 
Secretaire general. 
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SUMMARY 

Objectives 

Sorption is one of the key processes retarding the transport of radionuclides 
from an underground disposal facility to the biosphere and to man. The 
objective of this workshop was to evaluated critically the way sorption 
processes are incorporated in performance assessment (P.A) models. 

Results 

Sorption Databases for P.A. 

The sparsity of documentation of the selection of data for P.A. databases and 
even for experimental studies was identified as a major problem. It is of prime 
importance to fully document the thought processes that have led to the 
selection of sorption data for individual performance assessments. The 
Workshop strongly recommended funding agencies to ensure reporting in the 
open literature and scientific peer review of this documentation. 

It was suggested that the development of sorption databases should ideally rely 
also on mechanistic understanding of the effects of changes in surface and 
solution chemistry in order to extrapolate results of experiments performed 
under differing conditions to those expected in situ. The Workshop realized 
that further work is needed in the area of developing mechanistic models of 
sorption processes and strongly encouraged the investigation of the potential 
of such models and the feasibility of gathering the data which they require. 

The Workshop recognized that only a limited number of radionuclides 
contribute to the radiological impact of a repository. Priorities should be set to 
provide the required sorption information for these key nuclides. For some of 
them the current experimental data base is still rather sparse. Expert judgment 
and mechanistic modelling should be used to supplement experimental work 
and not replace it. 
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The Workshop recommended to continue to study remaining uncertainties in 
order to reduce or quantify them. (Uncertainties include: in situ redox 
conditions, effects of colloids, organics, microbes, sampling of deep formations, 
laboratory redox control, extrapolation of laboratory data to in situ conditions, 
etc). 

Laboratory Work 

The determination of sorption coefficients, mainly with the "batch sorption 
method" will continue to be required. 

Redox conditions are still extremely difficult to control in the laboratory. 

Results of a recent intercalibration comparison exercise (see note below) were 
judged to be satisfactory, taking into account the conditions of the exercise. 
The Workshop recognized that the organization of further intercalibration 
comparisons between laboratories through bilateral or multilateral agreements 
should be encouraged. 

Organizing Committee 

Dr. P. Zuidema, NAGRA, Switzerland 
Dr. T.T. Vandergraaf, AECL, Canada 
Dr. Julie Canepa, Los Alamos N.L., USA, and 
Dr. K. Rasilainen, VTT, Finland 

Note 

This refers to an Intercalibration Study which was organised in 1989 by Finland 
within the NEA framework. Results of the study were discussed on the 
occasion of a two days meeting organised at Interlaken just before the main 
workshop on sorption. This offered an opportunity to establish a link between 
experimentalists and the users of their data. The full results of the Intercalibra
tion Study are published separately by NEA. 
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RESUME 

Objectifs 

La sorption est un des processus-clEs qui retarde la migration des radionucl
ides entre un d£pot souterrain, la biosphere et l'homme. L'objectif de cette 
reunion de travail Etait d'eValuer d'un oeil critique comment les processus de 
sorption sont incorporEs dans les modeles devaluation des performances. 

REsultats 

Bases de donnies sur la sorption 

Le manque de documentation relative a ('elaboration des bases de donn&s de 
sorption, meme pour un usage de simple de'veloppement, a £t£ identify 
comme un probleme majeur. II est en effet tres important de dEcrire soigneuse-
ment les raisonnements qui ont conduit au choix des donnles de base de toute 
Evaluation de surete\ Les participants ont recommandE que les organismes qui 
financent de telles Etudes en assurent la publication dans la literature g£n£rale 
et les soumettent ainsi a la critique scientifique. 

On a suggEre' que le dEveioppement de bases de donnEes de sorption devrait 
idEalement reposer sur une comprehension des me*canismes susceptibles de 
modifier les processus de sorption (Etats de surface, chimie des solutions) afin 
d'etre en mesure d'extrapoler les rEsultats obtenus en laboratoire aux 
conditions differentes attendues in situ. Les participants ont r£alis£ que des 
efforts Etaient encore nEcessaires dans ce domaine et ont recommande' 
d'Evaluer les performances des divers modeles mlcanistiques disponibles ainsi 
que la possibility d'obtenir les donnEes qu'ils requierent. 

Les participants ont reconnu qu'un nombre limite" de radionuclides contri-
buent a I'impact radiologique d'un dEpot. La recherche des informations 
nEcessaires sur ces nuclides devrait etre prioritaire. Pour certains d'entre eux, 
la base de donnles expe>imentales disponible est encore assez restreinte. Les 
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jugements d'experts et les modeles m£canistiques ne devraientetre utilises que 
pour completer les travaux exp^rimentaux et non pour les remplacer. 

Les participants ont recommande' de poursuivre les Etudes visant a require ou 
quantifier les incertitudes restantes. On mentionnera en particulier: la 
determination des conditions redox in situ ou leur controle en laboratoire, les 
effets des colloides, des organiques, des microbes, lYchantillonnage des 
formations profondes, I'extrapolation des donn^es obtenues en laboratoire aux 
conditions in situ, etc. 

Travaux en laboratoire 

Les campagnes de mesure de coefficients de sorption, principalement avec la 
m^thode dite par "batch", seront encore n^cessaires. 

On a remarque" que les conditions redox sont toujours tr£s difficiles a controler 
en laboratoire. 

Les r^sultats d'un recent exercice d'intercalibration entre laboratoires (voir la 
note ci-dessous) ont £te" jug^s satisfaisants, compte tenu des conditions 
expe>imentales choisies. Les participants ont toutefois reconnu que l'organisa-
tion de tels exercices dans le cadre d'accords bilate>auxou multilat£rauxdevait 
etre encouraged. 

Comity d'otganisation 

Dr. P. Zuidema, CEDRA, Suisse 
Dr. T.T. Vandergraaf, AECL, Canada 
Dr. Julie Canepa, Los Alamos N.L., USA, et 
Dr. K. Rasilainen, VTT, Finlande 

Note 

II est fait reference a un exercice d'intercalibration organise- par la Finlande en 
1989 dans le cadre de I'AEN. Les r^sultats de l'^tude ont £t£ discuss a 
Interlaken pendant les deux jours qui ont pr^de" la reunion de travail sur la 
sorption. La proximity de ces deux reunions £tait une occasion d'^tablir des 
relations entre les scientifiques qui travaillent en laboratoire et les utilisateurs 
de leur r^sultats. Le compte rendu de l'exercice d'intercalibration sera public 
s£par£ment par I'AEN. 
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POSITION PAPER ADOPTED BY THE WORKSHOP 

1. Sorption in the geosphere is one of the key processes for retarding the 
transport of radionuclides from the disposal vault to the biosphere. In many 
cases, sorption in the near field and in the biosphere is also important. 

2. Sorption is defined as the uptake of a nuclide on a solid as a function of 
nuclide concentration in solution and depends on a range of other site- and 
system-specific parameters such as pH, Eh, [RN], surface areas, and ion 
concentration. Although ideally these dependencies should be mechanistically 
understood, for the present time an empirical relationship may have to suffice. 

In performance assessment models, sorption is carefully distinguished from 
precipitation. At present, sorption processes are incorporated in these models 
mainly by constant sorption coefficients. In a few selected cases, sorption 
isotherms for selected radionuclides are used. 

3. Sorption is of key importance for repository concepts which rely on the 
geosphere and the buffer as nuclide transport barriers for scenarios involving 
nuclide transport in groundwater. Therefore, significant effort has been 
dedicated to the development of p.a. sorption databases. Such databases 
consider the relevant conditions and aim for internal consistency. They also 
take into account the conceptual model of transport involved. 

A distinction should be made between p.a. and research models in the way 
they treat sorption. In many cases, p.a. models must remain simple; therefore, 
research models should provide the broader scientific basis that support the 
assumptions and simplifications made by p.a. models. 

Ideally, the actual sorption values used are derived from experimental evidence 
and supported by observations of nuclide behaviour in natural systems. For 
some key elements the current experimental data base is still rather sparse or 
even non existent; therefore, the development of p.a. databases requires expert 
judgement. 
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4. One key problem often encountered in the sorption field is the lack of 
good documentation - both of experimental studies and p.a. database selection. 
The absence of a thorough and complete documentation of the selection of data 
for a p.a. database makes the evaluation and comparison of such databases 
extremely difficult if not impossible. It is strongly recommended that reporting 
in the open literature and scientific peer review of internal reports is ensured 
(by the funding agencies). Confusion of terminology between performance 
assessors and experimentalists is a topic of concern and some standardisation 
of nomenclature would be highly desirable. 

5. The experience gained in the growing number of performance assess
ments indicates that only a limited number of radionuclides contribute to the 
radiological impact of a repository on the environment. Priorities should be set 
to provide the required sorption information for these key nuclides. 

6. There exists general agreement that the heterogeneity of the natural 
system (e.g. accessible surfaces/minerals both in fracture fillings and in the rock 
matrix, groundwater chemistry) has, whenever possible, to be considered on 
a site-specific basis when developing a sorption data base. Sorption can then 
be expressed as a function of the site specific variables, which may evolve with 
time. Small scale heterogeneities may be included in averaged parameters (e.g. 
covering small mineralogical variations along a flow path in a single formation), 
whereas large scale heterogeneities can be incorporated explicitly, if they can 
be determined. 

7. Significant uncertainties (some of them inherent) in the behaviour of 
some of the key nuclides still exist. These uncertainties may be due to 
uncertainties in in situ redox conditions, the effects of colloids, organics, and/or 
microbes. Practical problems such as sampling of deep formations, laboratory 
redox control, extrapolation of lab data to in situ conditions also contribute to 
uncertainty. It is important that these uncertainties are examined and reduced 
where possible. Otherwise residual uncertainty must be quantified. 

8. The development of sorption data bases ideally would rely to some extent 
on mechanistic understanding. The mechanistic models should provide a 
framework to consider the effects of changes or uncertainties in surface and 
solution chemistry. Such models would also allow extrapolation of results of 
experiments performed under differing conditions to those expected in situ. 
Therefore, further work in the area of developing mechanistic models of 
sorption processes is strongly encouraged. In a first step the potential of such 
models and the feasibility of gathering the data which they require should be 
investigated. 
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9. The determination of sorption coefficients in the laboratory will continue 
to be required even when mechanistic sorption models are available. 

10. The most prevalent method to measure sorption remains the "batch 
sorption method". Other techniques that ire being used are infiltration 
techniques to determine sorption in intact rock and by migration through 
columns of crushed rock and through single fractures. 

There are still difficulties associates with the experiments, anc in the 
interpretation of the results. These include characterization of the system, 
especially the redox conditions and applying sorption data obtained on 
unconsolidated material to intact rock. 

It is recognized that the determination of redox conditions by measuring the 
Eh of a groundwater is extremely difficult and time-consuming. Instead, the 
geochemical evidence suggests that very few redox couples control redox 
conditions. Therefore, it may be sufficient to impose reducing conditions in the 
laboratory by equilibrating the groundwater with dominant/appropriate redox 
couples. Since redox conditions are extremely difficult to vary in the laboratory, 
it is not possible at this time to determine sorption as a continuous function of 
Eh. 

Various methods are being used to adjust sorption measurements, obtained on 
crushed material, for use in intact rock. These range from educated guesses to 
calculated functional dependencies. 

11. The development of p.a. sorption data bases will also continue to rely on 
expert judgement to some extent, even when mechanistic models are available. 
Such expert judgement should be used to supplement experimental work and 
modelling studies, and not replace it. It is of prime importance to fully 
document the thought processes that have led to the selection of sorption data 
for individual performance assessment. This has not been done in the past. 
The selection of "conservative" values is often unclear as the process may 
require consideration of the entire model chain and be very concept specific. 
Documentation should be reviewed by the sorption community and widely 
available. 

12. The work on sorption is often published only in reports issued by the 
performing laboratory and is not always readily available. It is therefore 
recommended to commission the NEA to serve as a general depository of these 
reports as well as for papers published in the open literature. As such, the 
NEA should continue with the NEA SDB with the overall aim to serve, with 
first priority, as a bibliography on sorption work including experimental 
studies, mechanistic modelling studies and p.a. sorption data bases. 
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The bibliography should be complemented with technical information on the 
nature of the study, to allow quick screening of the applicability of the 
literature to a specific problem. 

A critical evaluation of the existing data in the NEA/SDB should be made. 
Superseded data should be annotated. 

13. The value of periodic intercalibration exercises is recognized. Confirmation 
of extensive intercalibration is not foreseen at this time; however, smaller 
exercises are needed and will be carried out through bilateral or trilateral 
agreements. Intercalibration comparisons between laboratories, through 
bilateral or multilateral agreements are encouraged. 

8 The importance of information exchange meetings is recognized. Specific 
topics mentioned are laboratory practices and mechanistic sorption models. In 
particular periodic meetings of experts should be held. The NEA is the obvious 
organisation to coordinate these meetings. 
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COMPILATION AND COMPARISON 
OF RADIONUCLIDE SORPTION DATABASES 

USED IN RECENT PERFORMANCE ASSESSMENTS 

I.G. McKinley and A. Scholtis 

Nagra, Nationale Genossenschaft fur 
die Lagerung radioaktiver Abfalle, 

Hardstrasse 73, CH 5430 Wettingen, 
Switzerland 

1 Introduction 

The aim of this paper is to review the radionuclide sorption databases which 
have been used in performance assessments published within the last decade. It was 
hoped that such a review would allow areas of consistency to be identified, possibly 
indicating nuclide/rock/water systems which are now well characterised. 
Inconsistencies, on the other hand, might indicate areas in which further work is 
required. 

This study followed on from a prior review of the various databases which had 
been used in Swiss performance assessments (McKINLEY and GROG AN, 1991). The 
latter was, however, considerably simplified by the fact that the authors had been 
heavily involved in sorption database definition for these assessments. The first phase 
of the current study was based entirely on available literature and it was quickly evident 
that the analyses would be much more complex (and time consuming) than initially 
envisaged. While some assessments clearly list all sorption data used, others depend on 
secondary literature (which may or may not be clearly referenced) or present sorption 
data which has been transmogrified into another form (e.g. into a retardation factor - c.f. 
following section). 
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This study tbcussed on databases used (or intended) for performance assessment 
which have been published within the last 10 years or so (going back to 1978 in order to 
include the extensive SKB and NRPB studies of this time). A first draft of the paper 
was circulated to the participants of the NEA sorption workshop and their comments, 
amendments and additional input are incorporated into this text. 

2 Use of sorption data in performance assessment 

The distribution of solute between a solution and a solid phase is normally a 
very complex process (or mixture of processes), particularly in heterogeneous systems 
such as natural rocks/groundwaters. In performance assessments of nuclear waste 
disposal carried out lo date, all such distribution processes are grouped together as 
"sorption" and characterised by a simple distribution constant (with the exception of 
precipitation - which may be covered by specifying a solubility limit). 

The parameter used to quantify sorption which is kinetically fast, reversible and 
independent of concentration of the sorbing solute is the equilibrium partition constant 
usually called the Distribution Coefficient or Kd. This is simply given by 

Vsolid 
Kd= (1) 

^solution 

where the C values refer to solute concentration in the solid and aqueous phases 
respectively. 

The Kd concept must be applied to real systems with great caution (c.f. 
McKINLEY and ALEXANDER, 1992) but is appropriate to the simplified models used 
in performance assessment. The difficulty arises in selecting appropriate Kd values for 
such models which ensure that, even if the Kd concept is not directly applicable, the 
models will conservatively over predict radiological consequences (i.e. be 
"conservative", in the performance assessment jargon - c.f. McKINLEY and 
HADERMANN, 1985). 

The selection of sorption data for a performance assessment may take into 
account a number of factors: 

a) Available data from experiments (laboratory or field), observation of nature 
(natural analogues), extrapolations from chemically analogous systems 

b) Supporting data for the system of interest - particularly the aqueous 
chemistry (pH, redox) and the mineralogy of the solid phase 

c) The model in which the data are to be used - note, in particular, that low Kd 
values are generally more conservative but the inverse, of high Kd values being 
conservative, may be the case for some biosphere models. 
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Within the model chains used for performance assessment, those using sorption 
data can be roughly sub-divided into static and dynamic. 

The static models generally represent a component of the repository barrier 
system as a "mixed box" in which transport processes are relatively fast. The Kd value 
thus simply describes radionuclide distribution between an aqueous phase (porcwater) 
and a solid phase (e.g. waste matrix in source term models or soil in biosphere models). 
Such models generally use a Kd value directly, although such data may be quoted in a 
wide range of units. 

In most cases, Cs0\^ is given in concentration per unit mass and Csoiuyon in 
concentration per unit volume so that Kd has units of volume/mass. In all cases, such 
can readily be converted to SI units (m^ kg1) abd are presented as such in this report. 
Occasionally, Cs0]^ is given as concentration per unit area so that Kd has units of 
length (m). To convert into the standard m^ kg"1 form, the specific area of the solid 
phase is required (m2 kg*1). More problematic is when both C^i^ and Camion are 
given in the same unit to give a dimensionless Kd. It is essential to know if the 
concentrations were expressed per unit volume or mass. The two forms of 
"dimensionless" Kd (m^ n r ' and kg kg*1) are not equivalent in most cases! 

In dynamic models, sorption causes retardation of the nuclide relative to the 
transport of an ideal, non-interacting tracer. For the simple representation of transport 
generally used, a retardation coefficient (R) can be defined, i.e. 

Vi 
R = (2) 

Vn 

where V represents the mean advective velocity for either an ideal tracer (Vi) or the 
sorbing nuclide (Vn). 

For a porous solid with available porosity, e, and specific density, 8 (kg m"3), 

Kd(l-e)5 
R = 1 + (3) 

Note that, in many cases the dry bulk density 5' (kg nr3) is specified. As 8' = 
(1-e) 8, equation (3) becomes 

Kd8' 
R = 1 + (4) 
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In many cases, performance assessments report R values rather than Kds. As 
only "density" may be specified, it may nr -: clear whether equation (3) or (4) is 
appropriate to derive a Kd value. In most ge^ >6ical cases, the difference is not large as 
(1-e) does not differ greatly from 1 but this is a potential source of confusion in highly 
porous systems. 

3 Presentation of the databases 

The databases reviewed covered almost half of the periodic table of elements 
(c.f. Figure 1) and included information on sorption onto buffers and backfills 
(concrete, bentonite, clay/rock mixes), a wide range of host rocks (crystalline, 
sediments, etc.) and surface soils. The sources and content of the various databases 
reviewed are listed in Table 1. 

In no case was a performance assessment sorption database defined for uptake 
onto '.he corrosion products of the waste immobilisation matrix (e.g. borosilicate glass, 
spent fuel, bitumen....) or of canister materials. Such sorption has been reported in the 
literature, but it is conservatively ignored in all the performance analyses reviewed. 

In the following sections the databases for particular materials are presented and 
compared. In cases where a probability distribution function (pdf) is defined for 
probabilitic analysis, representative values are selected for the sake of comparison. 
Probabilistic sorption databases are considered further in a later section. 

3.1 Bentonite/clay-based backfills 

The databases examined are summarised in Table 2. The KBS data were taken 
from the KBS-3 study of spent fuel disposal (KBS, 1983) and are defined for a 
near-field environment which becomes oxidising due to the development of a radiolytic 
redox front. The data are actually converted apparent diffusivities in compacted 
bentonite presented and are given as either best estimates or ranges based on literature 
and experimental studies (NERETNIEKS, 1982). 

The Nagra data were used in the Projekt Gewahr 1985 analysis of vitrified HLW 
disposal (NAGRA, 1985) and are defined for reducing conditions and a low/medium 
mineralised infiltrating groundwater. Data were taken from the literature (McKTNLEY 
and HADERMANN, 1984) and are specified for use in calculating diffusivities and 
tacitly take into account the variability of the effective porosity for ions of different 
charges in a microporous material like highly compacted bentonite. The "real" value 
given was specified as realistic while the "cons" value was a conservative lower 
estimate. 
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Figure 1: Periodic grouping of elements for which sorption data reported (shaded) 

Table 1: Sources of data included in this review 

Country 

Belgium 
Canada 
Finland 
Germany 

The Netherlands 
Sweden 

Switzerland 
UK 

USA 

International 

Organisation 

ONDRAF 
AECL 
TVO 
BFT 
GSF 
RIVM 
SKB 
SKI 
Nagra 
DOE 
Nirex 
NRPB 
NRC 
Sandia 
CEC 
NEA 
IAEA 
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Two databases for sorption in a 10:90 bentonite: quartz sand buffer are reported 
by AECL for studies of ILW and HLW disposal (GUVANASEN, 1985; WUSCHKE et 
al., 1985, respectively). In the former case, Kd values are taken from the literature 
(mainly batch sorption experiments under oxidising conditions - e.g. ALLARD et al., 
1978) with zero sorption assumed for all elements for which experimental data were 
lacking. The latter study presented sorption data as statistical distributions which are 
sampled by the SYVAC code during probabilistic safety analysis (Table 2 presents only 
the mean and maximum cut-offs for these distributions - statistical databases are 
discussed further in section 5). The distributions involved tacitly consider a wide range 
of pore water chemistry with a range from oxidising to reducing conditions. 

The PAGIS database is that defined for compacted bentonite backfill for the 
granite repository option (PAGIS, 1988). Redox conditions are not explicitly defined. 

The SKI database (SHAW et al., 1989) is specified for compacted bentonite 
backfill surrounding spent fuel for the Project '90 safety analysis. Data are presented as 
both a best estimate and a range for both oxidising and reducing conditions. 

The TVO data were provided by J.P. Salo from the TVO KPA-85 analysis of 
spent fuel disposal (PELTONEN et al., 1985; in Finnish). 

In the SFR performance assessment, SKB used sorption data for both pure 
compacted bentonite and bentonite/sand mixtures (WIBORGH and LINDGREEN). A 
single value is used for the latter while, for the former, conservative values for fresh 
(based on experimental data) and degraded bentonite ("lowest value ever expected for 
any calyish silicate material, pH 7-8") are reported. 

3.2 Concrete and cement 

The sorption databases for concrete and cement, which may be used as a waste 
matrix (L/ILW), backfill, tunnel liner or as a major component of shaft, borehole and 
tunnel seals, are presented in Table 3. 

Two Nagra databases from Projekt Gewahr 1985 (NAGRA, 1985) include a set 
of best estimate data based on a review of laboratory sorption studies (ALLARD, 
1985a) and a set of conservative values which were used for the base case near-field 
analysis for a L/ILW repository (NAGRA, 1985). The conservative values are defined 
for reducing conditions and tacitly take into account the possible presence of organic 
complexents in the near tield. (Values in brackets represent oxidising conditions). 

The UK DOE database (NANCARROW et al., 1988) was also defined for 
L/ILW near-field analysis based on a review of the literature and chemical analogy. The 
redox conditions involved are not specified. 
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Two databases used by NIREX (EWART et al., 1988, 1989) are also listed in 
Table 3. The first is defined for pH 11 ± 1 and Eh -500 + 100 mV and the second for 
more specific conditions taken as the reference case for the CASCADE performance 
assessment (pH 12. Eh -410 mV). Both databases present best estimate and minJmax. 
values and are based on a report which, at the time of writing, had not yet been 
published (NIREX NSS/R124). 

The TVO data were supplied by J.P. Salo based on a Finnish report which is 
currently in press (VIENO and NORMAN. 1991). 

The SKB data were used for the analysis of the Swedish SFR repository (low-
and intermediate-level waste) as summarised by WIBORGH and LINDGREEN (1987). 
Conservative values are listed for fresh ("lowest experimental value found in the 
literature") and degraded concreted ("lowest value ever expected, corresponding to 
quartz at pH 10-15"). 

The GSF data are derived from a study of co-disposal of HLW with other 
L/ILW from reprocessing (BUHMANN et al., 1991). The values listed are best estimate 
values; the range for probabilistic calculations is taken to extend by a factor of ten 
above and below this value. 

3.3 Granite/crystalline 

The sorption databases for "granite" (or "crystalline" rock) are summarised in 
Table 4. Note that, in this table, several AECL databases are expressed as Ka values 
(area based sorption coefficients describing uptake on fissure surfaces). Literature to 
hand did not provide the data required to convert these into equivalent Kd values. 

Two databases are taken for the KBS studies KBS-2 and KBS-3 (KBS, 1978; 
1983) respectively). The former includes only a single Kd value which is a best estimate 
based on laboratory batch sorption studies (oxidising conditions) recalculated for 
"porous" rock. The latter includes Kd values for both oxidising and reducing conditions 
for redox sensitive elements and, in some cases, realistic and conservative values. This 
database is based on experimental data and literature studies. The KBS-3 reducing 
conditions data were also used, more recently, for the SFR assessment (WIBORGH and 
LINDGREEN, 1987). 

The US National Research Council data (NRC, 1983) for granite and basalt are a 
mixture of literature and best guess values compiled by K. Krauskopf. The "real" value 
is a best estimate while the conservative/high values represent extreme min./max. 
values. 

The Nagra database (NAGRA, 1985) is specified for reducing conditions and 
based on a literature review (McKINLEY and HADERMANN, 1984). The values given 
are specified as realistic and a very conservative lower bound for granitic fracture infill 
or the weathered rock surrounding water-bearing fractures which is readily accessible to 
migrating radionuclides. 
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Table 3: Databases for cement (Kd in m3/kg) 
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Table 4: Databases for granite/crystalline rock (Kd in m3/kg, except AECL Ka in m) 
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Table 4 continued: 
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The PAGIS database (PAGIS, 1988) was apparently derived from literature data 
(best guess for reducing conditions) converted to a form usuable in models in which the 
granite would be treated as an equivalent porous medium. 

A database for the US Crystalline Repository Project (GOLDER ASSOCIATES, 
1988) presents both Kd and Ka values, the former being listed in Table 4. These are 
expressed for "porous" crystalline rock and are based on a literature review but the 
geochemical environment is not defined. 

The SKI Project-90 database is specified as a best estimate Kd with a possible 
range for both oxidising and reducing conditions based on a literature review (SHAW et 
al., 1989). 

Three AECL databases are listed. The first (GUVANASEN, 1985), is the data
base for L/ILW disposal in crystalline rock and corresponds to Ka values for plane 
parallel fissures. Retardation also depends on the fissure spacing and porosity, which 
are described by distributions in this probabilistic analysis. Data are derived from 
laboratory experiments and the literature and, apparently, are defined for oxidising 
conditions. The second is a source compilation (VANDERGRAAF, 1982) based on an 
extensive literature search, AECL's own laboratory data and chemical analogy. 
Recommended values for Ka and Kd values are listed in Table 4 but the report also 
includes recommended ranges for these parameters. The third treats sorption fully 
probabilistically (WUSCHKE et al., 1985) - specifying a distribution in each case 
(min./max. values given in the Table). Am and Pu have additional specified 
probabilities of zero sorption (due to possible colloid formation) and Tc is further split 
into 2 sorption ranges (oxidising and reducing). The database is based on literature and 
experimental measurements. Sorption of elements for which no data were found was 
taken to be zero (Ag/Mo). 

J.P. Salo (Pers. Comm.) lists both Kd and Kd values for crystalline rock under 
both oxidising and reducing conditions for use in the TVO study of spent fuel disposal 
(KPA-85 (attributed to PELTONEN et al., 1985). For the VLJ repository, realistic and 
conservative Kds are listed (attributed to VIENO and NORMAN, 1991). 

3.4 Sediments (terrestial/uranine, excluding evaporites) 

A very wide range of databases for sediments were found. For ease of 
presentation, these are separated into terrestrial (Table 5) and marine (Table 6) 
although, in terms of composition and pore water chemistry, there is a fair degree of 
overlap between these catagories. 

Databases have been taken from 2 NRPB studies - a generic analysis of ILW 
disposal in argillaceous rocks (HILL et al., 1981) and an evaluation of disposal options 
for L/ILW (SMITH et al, 1987). In the former, retardation coefficients for generic 
"clay" and "shale" are reported which have been re-expressed here as equivalent Kd 
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Table 5: Databases for terrestrial/argillaceous rocks (Kd in m3/kg) 
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Pd 
P m 
Po 
Pu 
Ha 
Fib 
Rn 
PAI 

s 
Sb 

SfP 
S n 
Sf 
Tb 
Tc 
Ta 
Th 

' U 
Z n 
Zr 
Y 

PAGIS « 
SAFIR 
Clay Aqiirara 

31.32 32 

0.6 

OS 

0.01 

0.2 

0.06 

1 9 6 

0 06 
0.06 
0 0 6 

0.012 

0.019 

1.96 
0.6 

1.96 

0.424 

0.424 

0.454 

0 005 

0.030 

0 454 

0.1S1 
0.606 
0.606 
0 015 

0.000 

0.606 
0.002 

0.303 

PAQIS 

Oxford 
-clay 

32 

0.1 

0.1 

0.0026 

Coralliar Saltdome 
aquifar ovarburdan 

32 32 

0 0 1 2 

0.0023 

0.0001 

0.04 

1 

1 

0.001 

0.0005 

0.001 
0.1 

0.01 
0.03 

1 
0.04 
0.01 

1 
o.ooos 

0.001 

0.0003 
1 

0.2 
o.ooos 

0 0 0 7 

0.3 
0.002 

0.1 

SANCHA 

Oobmita 

Matrix 

37 

maan min max 

0.11 0 0 38 

10 0 12 

0.0006 0 0.01 

0.0006 0 0.0075 

1 0 1.05 
0.0006 0 0.0075 

8 0 1.05 
o.oooe o 0.0075 

Oolomila 
Fracture 

37 

maan min max 

0.3 0 41 

0.5 0 160 

0.01 0 0.05 

0.01 0 0.05 

0 3 0 40 
0.01 0 0.05 

0.3 0 40 
0.01 0 0.05 

NIREX 

Clay/mudslona 

21 
basl 

aslimtta mtut min 

0.5 5 0.05 
0.1 1 0.005 

5 S 0.5 

0.005 0.05 0.0001 

0 O.OOOS 0 
5 5 0.5 

0.05 0.5 0.005 
0 001 0 0 0 5 0 

0 0.0005 0 

0 0.0005 0 

0.5 5 0.05 

0.05 0.5 0.005 
0.1 5 0.01 

5 50 0.5 
5 50 0.005 

0.05 0.5 0.005 

5 50 0.5 
0.01 0.05 0.0005 

0.001 0.005 0 
0.5 5 0.05 
0.1 0.5 0.005 

0 0 1 0 0 5 0 0 0 0 5 

0 1 0 

5 50 0.5 
0.01 5 0 

0.5 5 0.05 

T V 0 

Laka 
•adimenl 

33 

0.1 

1 
0.1 

0.1 

50 
5000 

50 
30 

0.1 

5000 
0.5 

0.1 

TVO 

Laka 
aadimam 

45 

100 

100 
10 
10 

0.1 

0.1 

10 

100 

0.1 

0.1 

fllVM 

unconaoli. 
u n t f d a y 

10 

1 

1 

0.001 

0.002 

0.001 

0.025 
0.5 

2 
0.01 

10 

1 

1 
0.005 

0.05 

0.01 
10 

0 0 2 

0.001 

0.15 
0.01 

1 

GSF 

ledimant 

6 
bait 

min astimale max 

0.01 0.04 0.1« 

1 i i 

1 1 1 
0 0 0 

0.0001 0.001 0.01 
0.0005 0 0 0 5 0 0 5 

1 1 t 

0.0001 0.0005 0.0025 

0.OO01 0OO1 0.01 
0.01 0.1 1 

0.001 0.01 0.1 
0.001 0.03 1 1 

1 1 1 
0.003 0.04 OS 
0.001 0.01 0.15 

1 1 1 
0.0004 0.0009 0.002 
0.0001 0.001 0.01 

0.0001 0.0003 0.0009 
1 1 1j 

0.13 0.2 0 3 1 

0.0001 0.0005 0.002 

0.00016 0.007 0.31 

0.1 0.3 1 I 
0.0002 0.002 0.02 

0.01 0.1 1 j 



Table 6: Databases for marine/argillaceous sediments (Kd in m3/kg) 
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values. It is notable that these two database:- are identical except for the elements Cs, Co 
and Pu. The databases are based on literature sorption data; redox conditions are, 
however, not defined. The latter study dire>:tly reports Kd values for 'sediment" based 
on literature values. Again redox conditions are not specified. 

NRC (1983) report values of conservative, realistic and max. retardation 
coefficients (converted here to equivalent Kd values) for generic argillaceous rocks 
(including clay, soil and shale) based on Krauskopf s literature review/best guesses. 

Two Nagra databases are listed, in each case giving a realistic estimate and 
conservative (minimum) value taken predominant •>• fm.n M'eraiure studies and defined 
for reducing conditions. The first (McKiN-EY ur\l HADERMANN. 19841 is specified 
for the sedimentary formations overly ir.g the crv.>ial'ine host rock considered in the 
Projekt Gewahr 1985 HLW analysis. T ie second is specified for an argillaceous HLW 
host rock (NAGRA, 1988; WITTWER and Mc'K.'NLhY. 1991). The third marl database 
is specified for a potential L/ILW host r.>ck (NAGRA, 1Q85) which was modified from 
the source database quoted (ALLARD, 1985b) by taking slightly less pessimistic 
conservative Kd values for Cs and Sn and taking U as a chemical analogue for Pa. 

The PSE sorption data (BUTOW ct al., 19X5) are specified for a range of 
sediments overlying the Gorleben salt dome which have porewaters of varying salinity. 
The values are based on an extensive laboratory program with some reliance on 
chemical analogy to extend the database. 

The UK DOE cat-base (XANCARROW et a!., 1988) contains Kd values for 
"Clay" and "Sediment" bused on literature d<?ta - the former is, in all cases, simple a 
factor of 10 higher that) tie I ittet Redox conditions are not specified. 

PAGIS (1988) contains a range of sediment databases. The database for Boom 
Clay is specified as retardation coefficients which are explicitly defined to include 
non-sorptive retardation processes The data in Table 5 have be recalculated from these 
retardation coefficients. These data were taken from experimental studies and general 
literature and are identical to those used in the Belgian SAF1R study (ONDRAF, 1989). 
Data for overlying aquifers arc also given, which does not include non-sorptive 
retardation (assumed only in the microporous boom clay). A very limited (and poorly 
defined) dataset is also specified lor the Harwell optional clay repository site (Oxford 
clay and Corallien aquifer). For the PAGIS salt repository, a dataset is also defined for 
an "average" sedimentary overburden. Although based on data contained within PSE, 
the derivation of this database is not clear. 

A Sandia study of HLW disposal in dolomite as part of the WIPP project 
(RECHARD et al., 1990) provides soprtion database for both the matrix and fractures in 
the dolomite. In both cases distributions of Kd are specified for each nuclide - presented 
here as a mean and a minimum-maximum range. 

Sorption of radionuclides on a wide range of argillaceous rocks is taken to be 
similar by NIREX - best estimate Kds and r.,in./max. values are defined which should 
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be applicable to clays, mudstones, fracture infill etc. (LEVER and WOODWARK, 
1990). Values are defined foi pH 8 + 2 and Eh -200 + 100 mV; additional retardation 
factors for sorption in the presence of organics are also defined. 

TVO (J.P. SALO, Pers. Comm.) list 2 sets of lake sediment Kds, the firt used for 
the KPA-85 analysis (PELTONEN et al., 1985) and the second for the performance 
assessment of the VLJ repository (VIENO and SUOLANEN, 1991). 

The Dutch OPLA study carried out by RIVM lists Kd values for unconsolidated 
sand/clay above the salt host rock (GLASBERGEN et al., 1989). Data are based on 
literature studies (with emphasis on work done for the Gorleben repository - BUTOW et 
al., 1985) and some laboratory measurements. 

The GSF data for the sediments overlying Gorleben (BUHMAN et al., 1991) are 
given as distributions for probabilistic analysis and are presented in the tabic as a best 
estimate with specified upper and lower limits. 

Recommended values for pelagic clays and marine sediments are presented in 
Table 6 which are based on experimental studies and field observations. The IAEA 
conducted an extensive review of radionuclide sorption on a range of marine sediments 
(IAEA, 1985). The UK DOE (ASHTON and SUMERLING, 1987) report databases for 
both coastal and freshwater sediment based on literature reviews. 

A very extensive database for marine sediments is reported by the NEA (1988) 
for 2 reference disposal sites, Great Meteor East (GME) and the South Narres Abyssal 
Plain (SNAP). The database is produced from experimental studies and literature 
reviews (e.g. HIGGO, 1987) and includes a best estimate and range specified for both 
oxidising and mildly reducing conditions. In all cases, the best estimate values are the 
same for the two redox conditions, which allowed a simplified database to be specified 
for the PAGIS (1988) sea bed disposal study. The latter database is also slightly 
extended in terms of the elements considered, based on chemical analogy arguements. 

The TVO KPA-85 listed sorption data for marine sediments in the Baltic and in 
open ocean (J.P.SALO, Pers. Comm; attributed to PELTONEN et al., 1985). 

3.5 Other host rocks 

A range of other host rocks have been considered for nuclear waste and these 
databases are presented in Table 7. A number of "generic rock" datasets have been used 
by the NRPB in their performance assesments. The first listed retardation factors (called 
sorption constants in this study) used in general evaluations of HLW disposal (HILL 
and GRIM WOOD, 1978; HILL and LAWSON, 1980). Kd values have been calculated 
from these constants and are presented in Table 7. The best estimate values in this 
datasct are supposed to be independent of rock type or redox conditions. Similar Kd 
datasets for generic rock for 2 later NRPB studies are also listed (PINNER et al., 1984; 
SMITH ct al.. 1987). 
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The US NRC (1983) specifies Kd values for tuff and salt based on Krauskopf s 
literature review/best guesses, given as a realistic, conservative estimate and a 
maximum values. 

Finally, a draft database for the Tuff at Yucca Montain prepared by the NRC 
(CODELL et al., 1990) is also listed. The minimum and maximum values used for a 
probabilistic analysis are listed - the source of data are not specified. 

3.6 Soil 

The sorption databases for soil and superficial sediments are listed in Table 8. 
These can be subdivided into those used for calculating radionuclide transport in the 
near-surface environment and those used in biosphere transport models. These need to 
be distinguished as, in general, a low Kd is conservative in the transport models 
(minimising retardation) but a high Kd is conservative in the biosphere (maximising 
accumulation). 

Databases for transport models are presented by the NRPB (PINNEP AND 
HILL, 1982), and the UK DOE (ASHTON and SUMERLING, 1988). In all cases these 
are based in literature reviews with best estimate. 

Biosphere model sorption databases are given by Nagra, AECL, PAGIS 
(/SAFIR), the UK DOE and TVO. The Nagra databases consist of one with best 
estimates from an original literature review (JISKRA, 1985) and an expanded version 
which includes conservative maximum values (NAGRA, 1985). 

The AECL databases from the L/ILW and HLW assessments (GUVANASEN, 
1985; WUSCHKE et al., 1985) are generally similar and are specified for a similar 
Canadian environment. 

The UK DOE database (ASHTON and SUMERLING, 1988) includes Kd values 
for generic soil plus best estimate values for different soil types. 

Two PAGIS (1988) databases are listed. One is specified for the Mol site and is 
identical to that used in the Belgian SAFIR (ONDRAF, 1989) study. The other was 
specified for the granite host rock option and corresponds to data specified for the 
Barfieursite. 

TVO specify soil sorption values in both the KPA-85 (PELTONEN ct al., 1985) 
and VLJ assessments (VIENO and SUOLANEN, 1991). 
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Table 7: Databases for other host rocks (Kd in m' /kg) 

Database:: NRP8 " NRC" 

\— 

Rcf. 

Ac 
Ag 
Am 
Ba 
Be 
Be 
Ca 
Cd 
Ce 

a 
Cm 
Co 
Cs 
CO 

Eu 
Fe 
Gd 
H 

Ho 
I 

La-.. 
Mn 
Mo 
Nb 
Nd 
Ni 

Pa 
Pb 
Pd 
Pm 
Po 
Pu 
Ra 
Rb 
Rn 
Ru 
S 

Sb 
Se 
Sm 
Sn 
Sr 
Tb 
Tc 
Tc 
Th 
U 
Zn 
Zr 
Y 

Generic 
rock 

14.15 

Generic 
rock 

35 

1.4 

2.9 

0.9 

0.3 

0.7 

0 
0.7 

0 

0.03 
4.9 
4.9 
0.3 

2.9 

3 
40 

0.3 

0.6 

0.14 
0.14 

0.03 
0.7 
0.3 

0.003 

14.3 
4 

2.9 

0.3 
0.6 

Generic 
rock 

39 

Tuff Salt Tuft 

30 

cons. real. max 

0.03 0.1 5 

3 
5 

0.3 
0 

0.15 

0 

0 

0.08 
0.03 

0.3 

0.02 

0.6 
0.3 

0 
0 

0.3 

0.2 

0.2 

0 3 

0.O2 

^J01 

0 
0 

15 
0.3 

3 
0.2 
0.2 

0.01 

0.006 

0.05 

0.05 

0.001 0.01 

0.005 0.02 
0.005 0.05 

0.001 0.01 
0.0004 0.005 

0.02 
0.002 

0.1 
0.02 

0.05 

0.002 0.005 0.05 

0.5 
0.5 

0 0.0004 

0.05 0.5 
0.0004 0.004 

0.1 
0.02 

0.5 
._._! 

0.01 

1 
0.02 

30 

cons. real. max < mm max 

0.03 0.1 0.5 0.0044 0 44 

0.02 0.1 

O 0.001 

0.001 
0.0004" 

_ 0 L 0 2 

0.005 

0.05 0.5 

0.0004 
0.002 

0.001 
0 

0.005 
0.02 

0.01 
0.001 

0.03 
0.001 

0.03 

0.1 
0.002 

0.1 

0.3 

0.2 

013 1.33 

0.001 0.005 0.O3 

0.0004 0.002 0.O1 

0.O5 

0.05 
0.1 

0.1 
0.01 

0 0.0004 0.002 

0.5 
0.006 

0.5 

0.00009 0.09 
0.00018 0.0044 

0.0008 0.044 

J1.00O4 
0.O4 

0.004 
1.6 

0.09 0.18 

0.00018 0.0004 

0.009 0.22 
0.00018 0.0013 

0 0.4441 
I 
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Table 8: Databases for soil (Kd in m3/kg) 

Database 

Rel. 

Ac 

Am 
Ba 
Be 
Bi 

Ca 
Cd 
Ce 
CI 

Cm 
Co 
Cs 
CO) 
C(o) 
Eu 
Fa 
Gd 
H 

Ho 
1 

U- . . 
Mn 
Mo 
Nb 
Nd 
Ni 
No 
Pa 
Pb 
Pd 
Pm 
Po 
Pu 
Ra 
Rb 
Rri 
Ru 
S 

Sb 
S# 
Sm 
Sn 
Si 
Tb 
Tc 
T« 
Th 
U 
Zn 
Zr 
Y 

NfiPB 

35 

3 
0 
3 

40 

5 
0.3 

0 

0.15 

0 

0 

2 

0.01 
0.03 

6 
5 

1 
02 

0.3 

0.02 

003 

0 
0 

15 
0 3 

3 
02 
02 

DOE.UK 

4 

Sand j 

o.e 
0.1 
0.8 

9 
0.002 

0 004 
0.007 

1 
0.0008 

3 
006 

1 
0.1 

1 
0.06 

000003 
0.005 

o.oooe 

003 

0.1 
0.01 

2 
0.1 
0.1 

1 

2 

» 

02 

0.1 
0.003 

1 
0.1 

0.03 

0 00003 

60 
0.05 

0.03 

NAGRA 

16 

0.1 

0.1 

0.1 

0.1 

0.1 
0.001 

0.01 

0.001 

0.01 
0.01 

0.1 
0.1 

001 

1 
0.1 

0.001 

0.1 
0.1 

0001 

10 
0.1 

0.01 

25 

real. con. 

0.1 10 

0 
0.1 10 

0 1 1 
0.001 

0.01 

0.01 10 
0.01 1 

0.1 10 

0.01 10 

1 10 
0.1 

0.001 0.005 

0.1 10 
0.1 

0.001 0.05 

10 
0.1 1 

0.01 10 

»ECL 

12 

0.7 

0.15 

0.4 
0.002 

0.01 

02 

1 
0.01 
0.12 
0.15 
0.01 

0.15 
03 

001 

0O5 
0.6 

0.15 
0.01 

3E-05 

0.8 
0.02 

2 

43 

0 85 
10 

0.85 

0.15 
0.01 

0.007 

025 

0.006 
0.8 

3E-05 
0.15 

0.009 
0.01 
0.06 
0.15 

0009 

0.15 
0.27 
0.01 

0.15 
0.15 

0.8 
0.(5 
0.01 

0.8 
3E-05 
0.001 

0.8 
0.005 

0.15 

DOE.UK 

4 

Sand Sit Cby Organic 

0.05 0.1 10 20 
1 9 7 6 

0.1 0.02 0.8 

OS 8 0.9 

O.OOOS 0.0008 0.001 0.03 

0.03 0.1 1 1 
O.0O5 0.03 0 4 0.S 

02 0.4 9 

OS 3 5 9 
3 100 9 

0.02 003 0.2 

7E-05 5E-05 0.01 

0.9 60 30 
0.001 0.05 3 

PAGIS & PAGIS 
SAFIR 

31.32 32 

8.8 

4.1 

0.4 16 

0.5 02 

0.12 
0.004 

10 
1.6 

0.008 0.02 
0.9 
0.7 

0.035 

0.0017 0.02 

1.4 10 
1.7 02 

8.3 16 

TVO 

33 

0.1 

1 
0.1 

0.1 

1 
1 

1 
1 

1 

1 
0.5 

1 

TVO 

45 

100 

100 
0.1 
10 

o.oi 

0.1 

0.1 

100 

0.1 

0.01 
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4 Comparison of databases 

It should be emphasised that the aims of the safety analyses covered here, and 
the repository concepts involved, vary considerably. Kence there is no "right" or 
"wrong" values for particular data. It should also be noted that, particularly in 
"conservative" performance assessments to demonstrate concept feasibility, data 
selection may not (and need not) be internally consistent (e.g. low sorption for two 
elements may be assumed even though such low sorption is demonstrated for each 
under very different chemical conditions; realistic high sorption may be assumed for a 
nuclide which is clearly of no radiological significance while a much more conservative 
value might be selected for a chemically similar but more safety relevant nuclide). 
Nevertheless a comparison between the databases allows some of major areas of 
agreement/disagreement to be identified which may indicate priorities for further 
research. 

The comparison is presented at two levels. In the first, the comparison focusses 
on the solid phase (aqueous chemistry) while, within this, there is a further grouping by 
nuclide chemistry. 

Tables 2 - 8 contain well in excess of 2000 data points and it is clearly 
impossible to compare individual numbers. The comparison thus attempts only to 
identify key trends and concentrate effort on elements which are of general radiological 
significance. 

Sorption is dependant on the surface characteristics of the solid phase in contact 
with the nuclides of interest and the chemistry of the aqueous phase. The following 
sub-sections attempt to regroup the data from tables 2 - 8 in terms of the solid phase 
involved in order to attempt to identify trends. 

4.1 Argillaceous rocks 

The catagory would include compacted bentonite (backfill or buffer), plastic 
clays (e.g. Boom Clay), the matrix of some consolidated sediments (e.g. Marl) and 
some near-surface sediments (freshwater or marine). So'ls and sandy sediments are not 
considered here. 

A reduced listing of the databases is presented in Table 9, considering only a 
limited number of elements and "best estimate", "real" or "mean" values when more 
than one Kd is given in a particular database, 

For many of the cases modelled, the hydraulic conductivity of the argillaceous 
rock is sufficiently small that solute transport occurs predominantly by diffusion. In 
cases whc.c the solid phase is microporous - that is where the mean j?ore diameter is 
comparable to the thickness of layers of structured water or hetei'^zneuus ion 
distribution next to changed surfaces - it is important to note that the available porosity 
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| Database: 

i 

Ref. 

Cs 
Sr 

C(i) 
1 

Se 

Ni 
Pd 
Sn 
Zr 

Tc 

Am 
Np 
Pu 
Th 
U 

KBS-3 

Bentonite 

20 

0.12 
0.06 

0.013 

0.002 

. - 29.4 
0.6 

16.8 
23.5 
0.12 

NAGRA 

Bentonite 

23 

0.2 
0.2 

0.005 
0.005 
0.005 

1 
0.005 

0.05 
5 

0.25 

5 
1 
5 
1 
1 

AECL 

Bentonite 
sand 

43 

0.35 
0.05 

85E-06 
0.004 

0.012 
0.012 
0.017 

0.2 

0.00009 

0.3 
0.03 
0.15 

0.065 
0.1 

PAGIS 

Bentonite 

32 

0.15 

0.02 

0.2 

0.02 

0.15 

0.2 
0.09 

SKI j TVO 

Bentonite 

38 

0.02 
0.005 

0.001 

0.1 

0.1 

0.05 

2 
1 

1.5 
1 

0.2 

Bentonite 

33 

1 
3 

7 
1 
4 
6 

0.09 

NRPB 

Clay 

16 

0.3 
0.03 

0 
0.03 

0.3 
0.3 
0.2 

0 

2.9 
0.03 

1 
14.3 

0.3 

NRC 

Clay.Soil 
Shale 

30 

0.100 
0.020 

0 
0.005 

0.100 
0.500 

0.0004 

0.080 
0.010 
0.100 
0.500 
0.020 

NAGRA 

Clay 

26 

5 

0.05 
0.005 
0.005 

0.5 
0.5 
0.5 

5 

0.25 

10 
5 
5 

10 
5 

PSE 

Sediment 

5 

0.02 

0 
0 

0.0001 

0.01 
0.1 

0.13 
0.0E 

0.001 

0.07 
0.005 

0.07 
1 

0.0002 

DOE; UK 

Clay 

27 

1 
0.05 

0.002 
0.01 

0.05 

0.1 
0.1 

0.04 

10 
0.05 

1 
50 
0.2 

PAGIS 
SAFIR 
Clay 

31,32 

0.01 
0.016 

0.06 

0.06 
0.06 
1.96 

0.019 

0.6 
0.2 

1.96 
1.96 
0.6 

NIREX 

Clay 
mu .stone 

21 

0.05 
0.01 

0.001 
0 

0.001 

0.05 
0.05 

0.1 
0.5 

0 

5 
0.1 

5 
5 

0.01 

H 
! 

I 
I 

a 
5' 
3 
;? 
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Database: 

Ref. 

Cs 
Sr 

C(i) 
1 

Se 

Ni 
Pd 
Sn 
Zr 

Tc 

Am 
Np 
Pu 
Th 
U 

TVO 

Lake 
sediment 

33 

1 

0.1 
0.1 

0.1 

0.1 

50 
50 

5000 
0.5 

TVO 

Lake 
sediment 

45 

10 
0.1 

0.1 
0.1 

10 

0.1 

100 

100 

RIVM 

unconsoli. 
sand/clay 

10 

0.001 

0.002 
0.001 

0.01 

2 
1 

0.02 
1 

0.001 

1 
0.01 

1 
0.15 
0.01 

GSF 

sediment 

6 

0.001 
C.0005 

0.005 
0.0005 
0.0003 

0.01 
0.01 

0.2 
0.1 

0.007 

1 
0.03 

1 
0.3 

0.002 

IAEA 

Pelagic 
Clay 

17 

2 
0.2 

2 
0.2 

1 

1000 
5 

50 
500 

0.1 

2000 
5 

500 
5000 

0.5 

DOE; UK 

costal 
marine 
water 

4 

3 
1 

2 
0.02 

1 

100 
50 

1 
1000 

0.1 

2000 
5 

100 
2000 

1 

PAG IS 

Far field 
Sub-

seabed 
32 

0.1 
0.1 

0 

5 
50 
10 

0 

1000 
2 

0.2 
1000 

0.1 

TVO 

Mari"3 
sediments 

Baltic 
33 

1 

0.1 
0.1 

10 

50 
50 

5000 
0.5 

Ocean 
33 , 

0.5 

0.1 
0.1 

10 

50 
50 

5000 
0.5 



depends on the aqueous speciation (charge and size of aqueous complexes) of the 
element considered. In some cases this is explicitly considered (e.g. NAGRA, 1985) 
while, in others, the problem is avoided by defining apparent diffusiviiies (the product 
of the pore diffusivity times the effective porosity divided by the retardation factor) as 
in KBS-3 (KBS, 1983). 

Considering the elements now by periodic grouping: 

i) The alkalis/alkaline earths, as represented by Cs and Sr, show reasonable 
consistency. Cs is generally assigned a best estimate Kd - 0.1 m^/kg with extreme 
values about 1 order of magnitude on either side of this. As the sorption of Cs is known 
to be strongly concentration dependant (e.g. McKINLEY and HADERMANN, 1985) 
and affected by the concentration of competing cations such as K+, such a range is not 
surprising. A similar range in Kd values is reported for Sr, although selected values for 
terrestrial systems tend to cluster towards the bottom end of this range. This consistency 
for Sr is not unexpected as it has been extensively studied and generally exibits very 
simple and consistent sorption behaviour. 

ii) The anionic non-metals -represented by C i) (inorganic carbon - i.e. 
carbonate), I and Se. For both C (i) and I there is agreement of very low or zero sorption 
being assumed. Exeptions are C (i) sorption in carbonate rich/marine systems (IAEA, 
1989, DOE, 1987) where quite significant isotope exchange may be expected. 

Sorption of Se is assumed in all cases except the PAGIS marine case (PAGIS, 
1988). The PAGIS assumption is quite surprising given the strong sorption of Se on 
marine sediments assumed by the DOE (1987) and the IAEA (1985). There is no 
marked trend in Se Kd values with assumed redox conditions. 

iii) The transition metals - Ni, Pd and Zr plus Sn as a p-group metal. 
Experimental sorption data for these elements are very limited and very large ranges in 
Kds are observed. For Ni, Kd values span a total range of 4 orders of magnitude around 
a midpoint of ~ 1 m^/kg. For Pd, a similar range about a midpoint of 0.5 mVkg is 
observed (although a decrease of a factor of 2 relative to Ni is not consistently observed 
for individual databases!). For Sn, the range in Kd values is somewhat less (~ 3 orders 
of magnitude) around a midpoint of - lm3/kg. The greatest range is observed for Zr -
greater than 4 orders of magnitude about a midpoint of about 5 nv/kg. 

It is notable that the ranges are considerably skewed due to the high to extremely 
high sorption in marine systems. In all cases, the lower half of each distribution 
corresponds to terrestrial systems with no overlap with the upper marine range. 

iv) Tc. Due to its high importance and well known redox sensitivity, Tc is 
considered on its own. Kd values are very dependent on assumed redox and range from 
0 (oxidising systems) to 0.25 m-Vkg (reducing systems). There is no significant 
difference in Kd range between terrestrial and marine systems. 

v) The actinides - 3 valent (Am), 4 valent (Th) and variable valency (Npf Pu 
and U). For redox insensitive Am and Th there is (with a couple of exceptions) 

44 



agreement of high sorption with extremely high values for marine systems. These high 
values are supported by an extensive experimential database for Am and geochemical 
observations for Th. Even then, the range in terrestrial Kd values is ~ 2-3 orders of 
magnitude. 

For the redox sensitive actinides, there is general assumption of higher sorption 
under reducing conditions but the range of terrestrial Kd values is only a little larger 
(3-4 orders of magnitude) than those for Am and Th. The marine Kd's overlap the 
terrestrial values, however. Although not very marked, there may be a general trend in 
the Kds of Pu > Np > U. 

4.2 Crystalline rocks 

Table 10 summarises data for granitic rocks, basalt, tuff and "generic rock" in a 
similar manner to that presented previously for argillaceous rocks. Best estimate or real 
vaiues are presented - wherever possible for reducing conditions. In most cases, it is 
expected that solute transport occurs predominantly by advective groundwater flow 
through fissures in these rocks. The PAGIS database was transformed so that an 
equivalent porous medium model could be used for a rock in which flow was know to 
occur in fractures and is hence excluded from Table 10. 

Considering again the elements by periodic grouping: 

i) The data for Cs and Sr are very consistent in all cases - spanning less than 
an order of magnitude for both elements. (Despite the known concentration dependance 
of Cs sorption - c.f. 4.1.1). Sr Kd's are consistently less than those of Cs by a factor of 
about 2-10. 

ii) Very low or zero sorption of the anionic non-metals is assumed. The data 
for Se agree well but, in fact, represent only 2 distinct sources. 

iii) Data for the transition metals (+ Sn) are rather sparse but there appears 
agreement of stiong Zr sorption and low-medium sorption of Ni, Pd and Sn. 

iv) Tc sorption is generally taken to be very low or zero under oxidising 
conditions. Assumed sorption for specified reducing conditions range from low to 
medium (Kd range of a factor of 50). 

v) Am and Th sorption is generally taken to be extensive (Kd > 1) except for 
the significantly lower estimates from the NRC for all 3 rock types. 

For reducing conditions there is general agreement of high sorption of Pu, Np 
and U which decreases under oxidising conditions (a little for Pu, considerably for Np 
and U). Again there may be a weak trend of Kd for Pu > Np > U. The NRC values are 
clearly for oxidising conditions but, even then, are low relative to the other datasets. 
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Table 10: Overview of crystalline databases (Kd in m3/kg) 
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Table 11: Overview of cement databases (Kd in m3/kg) 

Database: 

Ref. 

Cs 
Sr 

CO 
1 

Se 

Ni 
Pd 
Sn 
Zr 

Tc 

Am 
Np 
Pu 
Th 
U 

NAGRA 

Cement 

2 

0.002 
0.002 

5 
0.03 

1 
0.2 
0.2 

1 

0.1 

5 
5 
5 
5 
5 

DOE, UK 

Cement 

27 

0.0001 
0.005 

10 
0.001 
0.005 

0.005 

0.005 
0.005 

0.001 

5 
1 
8 

0.2 
0.2 

NIREX 

Cement 

8 

0.005 
0.002 

6 
0.0001 
0.0005 

0.05 
0.01 
0.01 

0.1 

0.1 

5 
5 
5 
5 
1 

TVO 

Cement 

44 
( ) = oxid. 

cond. 

0.1 
0.005 

0.005 

3 

0.2(0) 

0.5 

1 

SKB 

Cement 

41 

fresh 

0.001 
0.O01 

1 
0.003 

0.5 

0.1 

1 

1 

GSF 

Cement 

46 

0.0004 
0.0004 

0.0004 
0.0004 
0.0004 

0.0004 
0.0004 
0.0004 

1 

0.0004 
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Table 12: Overview of soil/surface sediment databases (Kd in m Vkj>) 

Database 

Ref. 

Cs 
Sr 

C(i) 
1 

Se 

Ni 
Pd 
Sn 
Zr 

Tc 

Am 
Np 
Pu 
Th 
U 

NRPB 

35 

0.3 
0.03 

0 
0 

0.01 

0.2 

0 

3 
0.03 

1 
15 

0.3 

NAGRA 

23 

2 

0.05 
0.001 
0.005 

0.2 
0.01 
0.05 

5 

0.005 

5 
1 
1 
1 

0.02 

25 

0.1 
0.1 

0.001 
0.01 

0.001 

0.01 
0.01 
0.1 

0.01 

0.001 

0.1 
0.01 

1 
10 

0.1 

AECL 

12 

0.4 
0.01 

0.002 
0.01 
0.05 

1 
0.01 
0.15 

2 

0.00003 

0.01 
0.3 
0.8 

0.02 

DOE, UK 

4 

1 
0.03 

0.1 
0.0008 

0.003 

0.1 
0.1 
0.1 

0.03 

0.00003 

0.8 
0.01 

2 
60 

0.05 

PAGIS 
SAFIR 

32 

0.4 
0.035 

0.008 

0.004 
0.7 
8.3 

0.0017 

8.8 
0.5 
10 
1.4 
1.7 

TVO 

33 

1 

0.1 
0.1 

1 

1 

1 
1 
1 

0.5 

45 

10 
0.1 

0.01 
0.1 

0.1 

0.01 

100 

100 
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4.3 Cement 

A reduced version of the cement databases listed previously is presented in 
Table 11. 

Although only 6 databases are included, there is clearly much greater agreement 
than for the previous cases. In all cases (except TVO/Cs), low sorption of Cs and Sr is 
assumed which is comparable to that of I and Se. Very high uptake of carbonate is 
assumed (except GSF), although this may, in reality, represent precipitation rather than 
sorption. The transition metals show the largest discrepancies, - high Nagra values and 
low DOE/GSF values bracketing the NIREX Kd's. Tc sorption is very redox dependent 
- being comparable to I and Se under oxidising conditions and to the other transition 
metals under reducing conditions. Generally high sorption of the actinides is assumed 
under all conditions. 

4.4 Soils and surface sediments 

Although in some cases specifically defined for transport or biosphere uptake, 
the "best estimates" soil Kd values are summarised in Table 12. By periodic grouping: 

i) Cs and Sr show relatively narrow ranges (- 1 order of magnitude) with 
midpoints of these ranges -0.5 and 0.05 m3/kg respectively. 

ii) Generally low sorption is assumed for the anionic p-group elements. Apart 
from zero sorption assumed by the NRPB, the Kd values cover a range of about 2 
orders of magnitude with a midpoint of - 0.01 nvVkg. 

iii) Ni, Pd and Sn Kd values tend to lie in the range of 0.01-1 m3/kg with higher 
values assigned to Zr. The tend towards higher Kd for Zr is not, however, consistent ir 
individual databases. 

iv) In all cases very low or zero sorption of Tc is assumed. Kd values tend, in 
fact, to be even less than those for the anionic p-group elements. 

v) In all cases, Am, Pu and Th are taken to be strongly to very strongly sorbed 
(Kd range 0.1-100 kg/m^). Significantly lower sorption is assumed fur U and Np (Kd 
0.01-1 m3/kg). 

5 Probabilistic databases 

A number of probabilistic performance assessments have veen carried out in 
which sorption is described by a Kd pdf (probability distribution function) rather than a 
single value. It may be noted, however, that in other probabilistic treatments single Kd 
values may be used with net retardation varied by assigning pdf's to other transport 
parameters (e.g. PSAC, 1990; GUVANASEN, 1985 (for bentonite)). 
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Another approach is to apply a fairly arbitary pdf to selected best estimate Kd's 
For example, NACARROW et al. (1988) take extreme values of reference Kd's (DOE 
in Table 5) and define truncated log-normal distributions with the geometric mean 
corresponding to the reference value and the 2o values to the extreme values. Similarly, 
the US-NRC (CODELL et al., 1990) defines maximum/minimum ranges in retardation 
coefficient and assumes a uniform distribution (pdf) while the GSF (BUHMAN et al., 
1991) select best value Kds and assume a range of an order of magnitude in both 
directions and a log-normal pdf. 

When more extensive laboratory data are available, a more rigorous approach to 
pdf definition can be taken. For example, RECHARD et al. (1990) derive cumulative 
probability functions by applying various selection criteria to a set of experimental data. 
The definition of pdfs for performance assessment is probably best established within 
the Canadian programme where a range of types of sorption constant (Ka) distribution 
(uniform, constant, piecewise uniform and log uniform) are derived from laboratory 
data (WUSCHKE et al. 1985). An even more sophisticated system is under 
development in Canada in which the sorption constants will be related to groundwater 
parameters which are selected probabilistically. 

Because of the diversity of approach and the parameters which may, tacitly, be 
included in the variable Kd (e.g. porosity, mineralogy, redox conditions) it does not 
make sense to attempt to list and directly compare pdfs. Such a comparison might be 
feasible, for a few key nuclides, by presenting the pdfs graphically, but this is beyond 
the resources of the present study. 

6 Overview 

Despite the very complex variations in Kd data both within and between 
databases, some general trends can be observed: 

1) Kd values generally fall in the range of 0-10m3/kg. The only values far 
outside this range (up to 10̂  m^/kg or more!) are for marine systems. In the marine 
case, there is a risk that the Kd values selected from studies of elemental partitioning 
may include a precipitated (or co-precipitated) component (IAEA, 1985) and hence be 
non-conservative (McKINLEY and ALEXANDER, 1992). On the other hand, fine 
marine sediments may be coated by layers or organics and/or Fe/Mn oxyhydroxides 
which might well exhibit extremely high sorption of particular trace elements. 

2) Zero sorption is generally assumed only for elements which are expected to 
be present in solution as simple anions or anionic complexes (or inert gases, like Rn) -
predominantly p-group non-metals and Tc under oxidising conditions. In a few cases, 
zero sorption is assumed when direct experimental data are lacking or when nuclides 
are sufficiently short-lived that they are assumed to "follow" a longer-lived parent. 

3) High sorption (Kd > 1) is generally attributed only to Th, Am, Cm, Pu, Zr, 
the lanihaniues and, under reducing conditions, U and Np. There are, however, some 
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marked exceptions, for example where particular actinides might be assigned low Kd 
values even though transition metals may be assigned high values. 

4) Sorption data may be presented which appear internally inconsistent. For 
example, when Ka and Kd values are both listed, they may not differ by a constant 
factor for all elements (e.g. VANDERGRAAF, 1982; PELTONEN et al.. 1985). These 
are not necessarily errors and may reflect either the selection procedure used or 
additional processes which are being bulked into the distribution coefficient parameter. 

To understand the logic in selection of individual databases it is often necessary 
to examine the performance of the entire multi-barrier system -for example, the 
sorption of a particular nuclide in the far-field may be chosen fairly arbitrarily (for the 
sake of completeness, more than anything else) if it has a very low inventory, has a very 
low solubility or is known to decay to insignificance during transit through the 
near-field. The key nuclides vary with waste type and disposal concept but are likely to 
include , 35Cs, " T c , 79Se and 237Np (with its daughters). Additionally important are 
137Cs and ^ S r in near-surface repositories for LLW amd 14C and , 2 9 I for direct 
disposal of spent fuel and some ILW. For near-surface disposal of ILW, 226Ra (and 
daughters) may also be significant. There are few other cases where, at times <106 

years, other nuclides contribute more than about a few percent to the total dose. 

7 Conclusions and recommendations 

This study proved to be more difficult than expected due to the wide diversity of 
performance assessment sorption databases which exist and the variable manner in 
which such sorption data is presented. Although some assessments are supported by 
fully documented databases (RECHARD et al., 1990 is an excellent example) these are 
the exception rather than the rule and, in some cases, it requires considerable effort to 
find even a listing of the databases used. In at least 50% of the cases considered, 
individual data (or entire databases) are simply presented without comment or 
justification, are derived from "personal communications" or refer, without further 
explanation, to reports or papers presenting wide arrays of experimental data. Although 
many of the reports reviewed were rather old, this must be regarded as a situation which 
should not be considered acceptable in the future. 

It is also notable that most performance assessments rely on databases which, at 
best, have been reported only in the "grey" nuclear waste literature. Although a certain 
amount of internal review/quality assurance may have been involved, a more 
transparent procedure for peer review comparable to that for scientific journals is to be 
recommended. 

This paper summarises many databases and comments on some general trends 
but individual datapoint, should be treated with caution - reference to the source 
literature is recommended and, even then, data can rarely be extrapolated from the 
assessment for which they were originally defined. Nevertheless, anyone in the process 
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of compiling a sorption database could use the tabulations provided to identify any 
gross inconsistencies with similar databases. 

Finally, it is noted that all sorption databases found consisted either of Kds (or 
equivalent) or Kd pdfs. Experimental studies show clearly that sorption is often more 
complex than implied by a Kd and that for example, sorption isotherms may provide a 
better (more realistic) representation. It is to be expected that as performance 
assessments move from 1st generation "concept demonstration" to 2nd generation "site 
characterisation/licensing" there may be a justification for including isotherms or other 
more complex partitioning functions in the sorption databases. 
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THE NEA SORPTION DATA BASE (SDB) 

B. Ruegger, NEA and K. Ticknor, AECL 

INTRODUCTION 

The current NEA Sorption Data Base was developed to replace the former 
International Sorption Information Retrieval System (ISIRS) initiated at Pacific 
Northwest Laboratory and under the auspices of the NEA since 1981. The 
ISIRS was conceived as a compilation of available sorption data, voluntarily 
submitted by participating researchers in a standard format. The ISIRS was 
installed on a main frame computer and had only limited accessibility. This 
source of sorption information suffered from two main difficulties: 

The extent and complexity of the information to be included in the 
system resulted in a massive amount of computer memory being 
required. Long periods of time were required to retrieve information from 
the system and many of the fields specified in the system were empty 
since the requested information was seldom available. 

The complexity and length of the coding forms required for the submis
sion of data for inclusion in the system deterred many potential donors 
from submitting their data. 

In order to address and overcome these problems two parallel tasks were 
initiated. One task was to transform the cumbersome ISIRS format to a format 
accessible from personal computer. This required reduction of the number of 
data entry fields and the adoption of a commercially available database 
software. The second task was to increase the amount of sorption data 
available from the revised data source. This was to be accomplished by 
employing a consultant to perform a literature survey of sorption data and 
transform the data into the format required by the revised data bank. 
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THE SORPTION DATA BASE (SDB) 

The NEA Sorption Data Base (SDB) contains about 11,000 distribution 
coefficients with corresponding experimental condition parameters describing 
sorption of key nuclides for a large variety of solid and liquid phases. The SDB 
is designed to run on a micro-computer using the commercially available 
database software dBASE III Plus. 

The SDB is based on the former International Sorption Information Retrieval 
System (ISIRS) initiated at Pacific Northwest Laboratory. The original database 
was modified to the present format to make the data more readily accessible 
through the use of the widely available MS-DOS micro-computers. This effort 
was complemented by a concerted data collection action to upgrade the 
database. 

For the most part, the data was generated using static batch sorption 
experimental techniques. For each recorded sorption experiment, the SDB 
provides a bibliographical reference, the most complete characterization oi the 
solid and liquid phases available, a description of the experimental conditions 
and the distribution coefficient or retardation factor for each element studied. 
When available, parameters such as temperature, initial radionuclide concentra
tion, pH, Eh, contact time, solid to solution ratio, sample origin, oxidation state 
and type of solution (i.e. actual or synthetic groundwater, seawater, etc.) are 
included. Additionally, notes are provided describing idiosyncrasies of the 
individual data subsets. See Annex I for a list of all parameters recorded. 

The SDB provides information for a wide variety of geological materials 
including fracture-infilling and rock forming minerals, buffer backfill candi
dates, concretes/cements, clays, tuff, sand-stones, granites, sediments and 
other rock types. See Annex II for a listing of all solid types recorded. The 
elements studied include Am, Cs, Co, I, Np, Pu, Ra, Sr, Se, Tc, U and, to a 
lesser extent, Ag, Ba, C, Ce, Eu, Fe, Mn, Mo, Na, Nb, Ni, Pd, Pm, Ru, Sb, Sn, 
Y, Zn, and Zr. Annex II gives more details on the actual content of the SDB. 

Mathematical manipulation of the data (e.g. isotherm calculations, non-linear 
multiparameter regressions, etc.) and graphic representations can be performed 
with widely available integrated software packages such as Lotus 123. 

A compilation of sorption data like SDB provide a readily available source of 
data for radioactive waste repository performance assessments when site 
specific data are not available or essential, for example, during a site selection 
phase. In addition, the SDB can be used as a source of data for migration 
modelers. 
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The SDB is distributed free of charge on IBM personal computer compatible 
diskettes by the NEA. In order to avoid the proliferation of "non official* copies 
which could have been modified accidentally, the NEA is ready to provide a 
free copy of the database to all interested persons, including to countries 
outside the OECD area. SDB users are requested not to make copy of the 
database for further distribution. A distribution list of SDB is given in 
Annex III. 

DEVELOPING A GENERAL SORPTION DATABASE 

Format 

The format for the presentation of sorption data and associated experimental 
information was derived from the ISIRS format. All fields in the latter that 
were seldom or never addressed were eliminated. Since the vast majority of 
sorption data was found to be generated from static batch tests, this reporting 
format was emphasized over that used for column and field studies. 

The commercially available software dBASE III Plus was selected for use in 
developing the SDB format. This software can be run on IBM compatible PC. 
One of the main objectives in the data bank revision was to improve its 
accessibility through the use of PC's. 

Data Acquisition 

An agreement was reached between the NEA and Atomic Energy of Canada 
Limited to have the latter organization provide a consultant to undertake a 
thorough review of the available literature for sorption data suitable for 
inclusion in the data bank. The result was an increase in sorption data available 
from the data bank from approximately 2600 values in ISIRS to over 110000 
values in the current version of the SDB. The means of data acquisition and 
some of the problems encountered are summarized below: 

Over 200 journal articles, laboratory reports and conference proceedings 
presentations were examined. 

By and large the most common problem encountered was the reporting 
of data in graphical format. Direct contact with the researchers involved 
were required to gain access to the basic data. 
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The data from a single experiment or set of experiments often appeared 
in more than one reference in a different format or context. 

In many cases a substantial amount of recalculation were required to 
transform the data to the units required by the SDB. 

Detailed mineralogical and/or chemical analysis was the most commonly 
omitted information. 

Laboratory reports provided the majority of data. Journal articles and 
conference papers too often provided a summary report (in graphical 
format) of the research undertaken. 

A large body of data was available for input into the SDB. However, 
significant effort was required to amass this information and systematical
ly assess, clarify, recalculate and enter the data. 

As a next step, direct contact with individual researchers and institutions was 
required. In total, some 24 individuals representing 16 research facilities in 10 
countries were approached by letter with requests for assistance in assuring the 
SDB was as complete as possible. 

The correspondence was designed to: 

Obtain specific additional experimental information on reported sorption 
studies. 

Request confirmation that all sorption data had been submitted to the 
NEA as part of the previous ISIRS effort. 

Request assistance in contacting appropriate researchers in specific 
countries 

The direct contact with institutions provided some additional information 
for the SDB. However, the published literature and internal reports remained 
the best source of new data. 

In summary, the literature has proven to be a viable source of data for the 
SDB. However, to take full advantage of the available information requires a 
substantial commitment in time. Experience shows a ratio of approximately one 
useable source in every five monitored. An ongoing review of the literature 
often turns up information that is applicable to previously reported data. For 
example, a sample characterization study reported by A. provided some 
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valuable mineralogical and chemical data for materials used in sorption studies 
reported by B. 

USERS COMMENTS 

Comments relative to the SDB, have been received by the NEA Secretariat. 
While the number of users to data are relatively few, these comments provide 
important feedback in considering the future of the SDB. 

... a very complete source of information otherwise difficult to obtain. 

The data provided was found to be very comprehensive containing an 
impressive amount of detail. 

All categories of data in which we are interested were provided. 

For any serious use of data, the user should read the original reference. 

The data contained within the database is very helpful but extremely hard 
to access. 

The amount of information provided can result in key details (e.g. 
oxidation state) not being immediately visible. 

I would prefer to see a brief description of solid type and groundwater 
type written in full rather than in a code which must be cross referenced. 
Making important information such as this more apparent should assist 
in the ease with which the database can be used. 

1 feel that it is important that solid materials can be retrieved in generic 
groups as well by type (i.e. retrieve information for all types of clays 
without specifying individual type names. Similarly with cements and 
concretes, marine sediments etc). 

In most instances the first information looked for will be isotope, 
oxidation state, solid type, solution type and the Kd value. 

It might be preferable to refer to the original paper for information 
deemed to be of lesser importance (e.g. precise experimental details) 
rather than extracting every possible aspect from the original work. This 
would leave the database less cluttered and since there is inevitably some 
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degree of interpretation on the part of the compiler hen extracting 
information this should reduce inconsistencies of this nature. 

... a further problem arose through the practice of giving values of zero 
when no information was provided. These data become indistinguishable 
from genuine zero values. 

In some cases a series of records are made up of a series of results from 
one experiment under very similar conditions when an average value 
would be quite sufficient. A best estimate would be quite acceptable for 
practical applications within migration codes. Ranges of uncertainty 
should also be provided for use in Monte Carlo simulations and 
sensitivity studies. 

It would be helpful if the retardation factors and Kd's were interchange
able by the inclusion of bulk dry densities of the solids e.g. 

R = 1 + (lB/e) Kd 

The database is no longer up to date and an update would be helpful 

A modification of the layout would enable a researcher to examine Kd 
values and all the associated parameters simultaneously, enabling the 
decision as to the applicability of a Kd value to become less time 
consuming. 

Nuclide dependent fields should be moved to a separate file because they 
do not need to be included for every record 

In addition, it should be noted that not all SDB requesters have actually used 
it or even installed it on their computers. They have ordered the database just 
in case they might need it in the future. This suggests that in most case the 
SDB will be used just once, as part of a bibliographical survey. 

CONCLUSIONS 

The following conclusions can be drawn from the above: 

1. The SDB is usually regarded as useful and very complete source of 
information. 
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2. Many users have pointed out that data from SDB cannot be used blindly, 
without understanding the researcher intention and checking carefully 
the experimental details. It might even be necessary in some cases to go 
read the original reference. 

3. The SDB is hard to use. Suggestions to improve include modification of 
the structure of the database, bringing together the most important 
information and moving less important or nuclide dependent information 
to other files. From a database management point of view this would 
mean adoption a relational database concept. The database could be 
simplified and the user be referred to the original paper for information 
deemed to be of lesser importance. 

4. The SDB is no longer up to date. 
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ANNEX i 

EXPERIMENTAL PARAMETERS RECORDED 
(SDB Variables) 

References, General Information, and Notes on Individual Data Subsets 

Origin of Data 

Researcher 
Organization 
Country 
Reference 

Type of Data 

Type of Solid 
Source 
Physical State 
Dimensions 
Container 
Adsorption 
Number 
Oxidation 
Isotope 
Notes 

RESEARCHER 
ORGANZTN 
COUNTRY 
REFERENCE 

SOLID TYPE 
SOURCE 
PHYS ST SD 
DIMENSIONS 
CONTAINER 
ADS OS 
NO MSRMT 
OX STATE 
ISOTOPE 
NOTES 

Experimental Methods 

Sizing 

Cation 
Surface 

Activity 
Wall adsorpt. 
Shaking 
Separation 

MJIZING 

M CEC 
M SA 
RA L S B 
M VWA 
SHAKING 
M SEPARAT 

Name of primary researcher associated with data set 
Research organization where experiment was conducted 
Country where work was done 
Source of data included in the database 

Short description of composition 
Source of the solid 
Physical state of the solid, e.t. crushed, machined coupon 
Size of solids if coupons, etc. [cm] 
Type of reaction vessel used 
Whether adsorption or desorption study 
Number of measurementsfreplicates per sorption value 
Oxidation state of the radionuclide(s) used 
Specifies the isotopes used in the study 
Notes and memos for lengthy descriptions 

Method used to determine particle size of powdered 
materials 
Method of determining cation-exchange-capacity 
Method used to determine surface areas 
Determination of radioactivity of liquids, solids or both 
Method of determining vial wall adsorption 
If and by what method the samples were shaken 
Method(s) used to separate solid and liquid 
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Solution Phase Characterization. Experimental Conditions and 

Retardation Value 

Data Set Identification 

Number 
Code 

NUMBER Sequential numbering of data entries 
REFCODE Coding system to identify data sets (Country, Researcher, 

Data set) 

Various 

Data Quality QUALITY A subjective assessment of experimental quality 
Solid Name SOLID Coded solid identification, for example : ALBITE, CLAY, 

CONCRETE, etc) 

Chemical Analysis of Solution 

Coding system for aqueous phase (of little use) 
Solution pH at start of experiment 
Solution pH at termination of experiment 
Eh at beginning of experiment [mV] 
Eh at end of experiment [mV] 
Temperature during experiment [Celsius] 
[ppm] 

With x - Ca, Na, K, Mg, CI, HC03, S04, F, Si02, FeTot (total iron), N03, DOC (dissolved organic 
carbon) 

Solution Name 
pH at Start 

pH at End 
Eh at Start 
Eh at End 
Temperature 

Composition 

SOLUTION 
PHSTART 
PHEND 
EHSTART 
EHEND 
T CENT 
x PPM 

Concentration C x MOL L Initial concentration of radionuclide in solution[moles/l] 

With x - Am, Cs, Co, I, Np, Pu, Ra, Sr, Tc, U, Se, Ce, Ni, Eu, C, Sn, Sb, Ba, Mo, Ru, Mn, Na, 
Ag, Fe, Nb, Pd, Pm, Y, Zn, Zr, Th 

Other Experimental Parameters 

Time 

Volume of Sol. 
Solid Weight 
Ratio 
Oxid. State 

T DAYS 
SLN VOL ML 
SLD WT G 

RATIO ML 6 
OX COND 

Experimental duration in days 
Experimental solution volume {ml] 
Solid weight [g] 

Solution to solid ratio [ml/g] 
Oxidizing/reducing state during experiment 
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Retardation Valut for Various Nuclides 

KO.KA or RF TYPE RV Type of retardation value reported 

Retardation x Retardation value for element x 
Uncertainty UNC x Uncertainty estimate for retardation value in same units 

With x - Am. Cs, Co, I. Np, Pu. Ra, Sr, Tc. U. Se, Ce, Ni, Eu, C, Sn, Sb, Ba. Mo. Ru. Mn, Na, 
Ag, Fe. Nb. Pd. Pm. Y, Zn, Zr, Th. 

Solid Phase Characterization 

Data Set Identification 

Number NUMBER Sequential numbering of data entries 
Code REFCODE Coding system to identify data sets (Country, Researcher, 

Data set) 
Solid Name SOLID Coded solid identification, for example : ALBITE, CLAY, 

CONCRETE, etc) 

Various 

Depth DEPTH M Depth from which sample obtained (ml 

Grain Size SIZEMICR Range of powder particle size [micron] 

Chemical Analysis of the Solid 

Composition xPCNT Component x of solid [percent] 

With x - SI02, CaO, Ti02, AI203, Na20, P205, Tot Fe. FeO, Fe203, K20, MgO, BaO. S04, H20, 
C02 

Trace x_PPM Trace x of solid (ppm) 

With x - MnO, S, Sr, V205, CI, N03, Cr, Se, any other species 

Physico-chemical Properties 

Cation Exch. CECMEQ Cation exchange capacity [meq] 

Surface Area SA M 2 6 Surface area [m2!g] 
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Quantitative Mineralogy 

Abundance xPCNT Content of x (Weight percent] 

With x - Quartz, K-Feldspar. Afcite, Anorthite. Plagiodase. Hornblende. Kaobnite. Smectite, 
Chlorite. Biotite, Muscovite. Cakite, Gypsum, Fe-oxides. Hematite. Goethite. Halite, Sulfides, and 
total of aH other. 
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ANNEX II 

SDB CONTENT 

Approximate Number of Kd Values for Each Nuclide 

Number of Kd Values: Nuclides: 

> 1500 
300-700 
100-300 
< 100 

Cs, Sr 
Am, Co, Np, I, Pu, Tc, U, Se, Ce 
Ra, Eu, Ba 
Ni, C, Sn, Sb, Mo, Ru, Mn, Na, Ag, Fe, Nb, Pd, 
Pm, Y, Zn, Zr, Th. 

Solid Type Listing 

Key Word: Note: 

ALBITE 
ALB3:HB1 
ALB1:HB1 
ALB1.HB3 
ALUMINA 
ANHYDRIT 
ANORTHITE 
APATITE 
ARGSHALE 
ATTAPULGI 
AUGITE 
AUG3:HB1 
AUGLHB1 
AUGI:HB3 
BASALT 
BENTONITE 

BERYL 
BIOTITE 
BOOM CLAY 

See also ALB; a mineral, the sodium form of plagioclase 
a 3 parts ALBITE to 1 part HORNBLENDE mixture 
a 1 part ALBITE to 1 part HORNBLENDE mixture 
a 1 part ALBITE to 3 parts HORNBLENDE mixture 
aluminum oxide 
the mineral anhydrite, anhydrous calcium sulfate 
a mineral; the calcium form of plagioclase 
a phosphate mineral containing either fluorine or chlorine 
see also ARG; argillaceous (clayey) material 
attapulgite, a clay mineral 
see also AUG; a mineral of the pyroxene group 
a 3 parts AUGITE to 1 part HORNBLENDE mixture 
a 1 part AUGITE to 1 part HORNBLENDE mixture 
a 1 part AUGITE to 3 parts HORNBLENDE mixture 
see also BAS, BALT, BASALT, BASMINER; a rock type 
see also BENT; a rock type consisting primarily of 
montmorillonite clay 
a mineral 
a mica mineral 
a clay from the Mol region, Belgium 
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BYT0WN1TE 
CALCITE 
CAL3:CHL1 
CAL1:CHL1 
CAL1:CHL3 
CEMENT 
CHALCOCIT 
CHALCOPYR 
CHLORITE 
CINNABAR 
CLAY 
CLINOPTIL 
CONCRETE 
CORDIERIT 
CORUNDUM 
DIABASE 
DOLOMITE 
DSEA 
ENSTATITE 
EPIDOTE 
FELDSPAR 
FINE 
FLUORITE 
GABBRO 

GALENA 
GIBBSITE 
GLAUCONIT 
GNEISS 
GOETH1TE 
GRANITE 
GRANODIOR 
GYPSUM 
HALLOYSIT 
HECTORITE 
HEMATITE 
HORNBLEND 
ILLITE 
ILMENITE 
KAOLINITE 
K-FELDSPA 
LIMESTONE 
L1MONITE 
LOAM 

a mineral, a form of plagioclase 
see also CAL; a calcium carboate mineral 
a 3 parts CALCITE to 1 part CHLORITE mixture 
a 1 part CALCITE to 1 part CHLORITE mixture 
a 1 part CALCITE to 3 parts CHLORITE mixture 
see also CEM 
chalcocite, a copper sulfide mineral 
chalcopyrite, a copper-iron-sulfide mineral 
see also CHL; a mica mineral 
a mercury sulfide mineral 
clay mineralizations of many compositions 
clinoptilolite, a mineral 
see also CONCR, CONC; a mixture of cement and rock 
cordierite, a mineral 
an aluminum oxide mineral 
see also DB; a basaltic rock type 
see also DOLOMI; a carbonate mineral 
deep sea sediments 
a pyroxene mineral 
a mineral 
a mineral 
a fine sandy material 
a calcium-fluorine mineral 
a rock type consisting primarily of calcic feldspar, pyroxenes and 
hornblende 
a mineral 

see also GLAUCO, GLAUC; glauconite, a mineral 
see also GN, GNEISMIC; a rock type 
an iron mineral 
see also GRAN, GR, R.G.; a rock type 
granodiorite, a rock type 
a calcium sulfate mineral 
halloysite, a clay type 
a clay type 
an iron mineral 
see also HORNBLEN, HB; hornblende, a mineral 
see also ILL-MS; a clay mineral 
an iron mineral 
a clay mineral 
see also K-FELDS; k-feldspar, the potassium form of feldspar 
a rock type 
an iron mineral 
see also TKDT_LOAM; types of loamy soil 
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MAGNETITE 
MARE 
MICA 
MICAGNEIS 
MICROCLIN 
MIX 
MOLYBDENI 
MONAZITE 
MONTMORIL 
MORAINE 
MUSCOVITE 
NA-MONT 
OLIVINE 
OPAL 
ORTHOCL 
PHLOGOPIT 
PLAGIOCLA 
PYRITE 
PYROXENE 
QD 
QUARTZ 
QTZ3.MIC1 
QTZLMICl 
QTZLMIC3 
QUSA 
ROCK 
SAND 

SEDIMENT 
SERPENTIN 
SHALE 
SILICA 
SMECTITE 
SOIL 
SPHENE 
TONALITE 
TRIPHYLIT 
TUFF 
VERMICUL 
ZIRCON 

see also MAGNET; an iron mineral 
marine sediments 
a phyllosilicate mineral 
see also M.G.; micagneiss, a rock type 
see also MIC; microcline, a potassium feldspar 
a mixture of bentonite and granite 
molybdenite, a mineral 

montmorillonite, a clay mineral 
see also MORAINE_S, MORAINE_C 
see also MUSCOVIT; a mica mineral 
Na-montmorillonite, the sodium form of this clay mineral 
a mineral 
a silica oxide mineral 
orthoclase, a feldspar mineral 
phlogopite, a clay mineral 
plagioclase, a mineral 
a sulfur mineral 
a mineral group 
quartz diorite, a rock type 
see also QUAR, QTZ; a silica oxide mineral 
a 3 parts QUARTZ to 1 part MICROCLINE mixture 
a 1 part QUARTZ to 1 part MICROCLINE mixture 
a 1 part QUARTZ to 3 parts MICROCLINE mixture 
quartz sand 
rock type of unspecified mineral composition 
see also SHORESAND, SANDSTONE, SANDSTO, SANDTILL, 
TOYO_SAND, SANDQT, SANDLOAM; sand based sol 
see also SED; various compositions 
see also SERPENT; a fibrous mineral 
a rock type 
silica oxide 
clay consisting primarily of montmorillonite 
various compositions 
a titanium oxide mineral 
see also TON; a rock type 

see also TUF; a rock type 
venriculite, a mineral 
a mineral 
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Solution Type Listing 

Key Word: 

AMAR 
BAS 
BRINE 
BUFF 
C or SCSSS 
Cl% 
C10% 
CH3COO 
CPW 
Ca(OH)2 
CIS 
DEION 
DIST 
FA 
GR 
GW 
HA 
HALS 
HC03 
J-13 
LEACHATE 

LIME 
Mg 
N 
NaCI 
NaHC03 
OLKI 
PREP 
RAIN 
SCSSS 
SITE 
S04 
SEAWATER 
SYNTHETIC 
TAP 
UNBUFF 
WELL J-13 
WIP 
WNIM 

Note: 

Amargosa, USA groundwater 
basalt groundwater composition 
see also BRI, BR; saline solution 
buffered solution 
Standard Canadian Shield Saline Solution 
1 % SCSSS 
10% SCSSS 
main chemical species in solution 
concrete pore water 
main chemical species in solution 
CLAY INTERSTITIAL SOLUTION, BELGIUM, MOL REGION 
deionized water 
distilled water 
fulvic acid 
granite groundwater 
groundwater 
humic acid 
Halstholmen, Finland groundwater 
main chemical species in solution 
Specification for solution composition 
PREPARED FROM DISTILLED WATER AND CRUSHED 
CONCRETE 
limestone groundwater 
main chemical species in groundwater 
natural 
main components in solution 
chemical used in solution preparation 
Olkiluoto, Finland groundwater 
Prepared solution 
rain water 
STANDARD CANADIAN SHIELD SALINE SOLUTION 
refers to a specific site 
main chemical species in solution 
see also SW; natural sea water 
see also SYN, S; denotes a synthetic composition 
tap water 
unbuffered solution 
groundwater from a specific well 
brine from Waste Isolation Pilot Plant (USA) 
a synthetic standard solution, Whiteshell, Canada 
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Researcher and Reference Listing 

Code: Researcher: Reference: 

SWBA04 ALLARD B. 

SWBAOl ALLARD B. 
SWBA02 ALLARD B. 

USBAOI ALLARD B. 

SWBA03 ALLARD, B. et al. 

USLLAOl AMES L.L. 

USLLA03 AMES, L.L. 

SWKA02 ANDERSSON K. 

SWKAOl ANDERSSON K. 
SZCB01 BAJO C , 

MONTOVANI M. et al. 

USGSB01 
USGSB03 
USGSB02 
ITGB03 
ITGBOI 

ITGB02 
USSB01 

FRGHKB01 
FRGHKB02 
USDGC01 
USRAC01 

BARNEY G.S. 
BARNEY G.S. 
BARNEY G.S. 
BIDOGLIO, G. 
BIDOGLIO, G. 

BIDOGLIO, G. 
BOGGS S. 
SEITZ M.G. 
BRUHLH.K. 
BRUHLH.K. 
COLES D.G. 

ET AL 
ET AL 

ET AL 

COUTURE R.A., 
SEITZ M.G 

Torstenfelt B., Anderson K., Allard B. : 
Sorption of Cs and Sr on rocks and 
minerals, Report Prav. 4.29. 
KBS Technical report 84-15 (1984). 
ACS Symposium series 100 (1979) and KBS 
55(1977). 
Nuclear Technology, vol. 49, August 
(1980). 
SCI. BASIS NUC. WASTE MNGMNT.-III, 
1981; PRAV 4.27, 1981 
Clay and Clay Minerals, vol 31, 5, pp 
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ThE SELECTION AND USE OF A SORPTION DATABASE 
FOR THE GEOSPHERE MODEL IN THE CANADIAN 
NUCLEAR FUEL WASTE MANAGEMENT PROGRAM 

T.T. Vandergraaf, K.V. Ticknor and T.VV. Melnyk 
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Whiteshel! Laboratories 

Pinawa, Manitoba ROE 1L0 
1992 

ABSTRACT 

An extensively characterized intiusive granitic formation, the Lac du Bonnet 
batholith, is being used as a test case for environmental and safety assessment 
calculations of the impact of a hypothetical disposal vault. The conceptual 
vault has dimensions of 2 x 2 km and is located at a depth of 500 m. This 
work is being done as part of the Canadian Nuclear Fuel Waste Management 
Program. 

Hydraulic investigations of the batholith have shown that the bulk of the 
groundwater flow will be limited to the existing network of water-bearing 
fractures. However, groundwater flow and contamin.) i t transport through the 
interconnected pore space must also be considered u.-r the time frame for 
which the assessment is being carried out Groundw i-. flow and contaminant 
transport modelling is based on a porous-medium comer' for both the fracture 
systems and the rock matrix. Geochemical invt'i.fl^ario.is hav? identified a 
number of alteration minerals in these fracture systems. >he grounds,-.!IT 
exhibits a wide range in composition, from .'ear-n'oteoric, oxidizing w.u.'-rs near 
the surface, to highly saline, chemically reducing waters at deph. 

The geochemistry encountered along the flow field is too complex to allow the 
interaction of radionuclides with the g:ologica! materia! to be represented by 
a single sorption coefficient for t\jch rac'; ;.-•?* 'hie or a .single rock type. 
However, tlv; level of understand!;>£of radc-svc*' «•. ir,.c-id."tion with geological 
materials is not .sufficiently w:>l! I^vrk'pi:.d in <;.,!' u;,-•»;:.• radionuclide '.ansport 
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using models based on chemical thermodynamics or on advanced sorption 
models based on surface complexation or mass action. Instead, a parametric 
model has been developed using the total dissolved solids and radionuclide 
concentrations as independent variables. The mineralogical complexity of the 
flow field is addressed by selecting sorption data on the nine most commonly 
occurring fracture infilling minerals in this batholith, four common rock-
forming minerals, and on altered and unaltered granite. The variation in Eh 
of the groundwater with depth is represented by a simple oxic/anoxic switch. 
This approach produces two polynomial equations for each radionuclide / 
mineral combination, one under oxic and one under anoxic conditions. Where 
insufficient information is available, these polynomial expressions are reduced 
to an equation with one variable or to a single sorption coefficient. The data 
for these equations is obtained from the ongoing experimental sorption 
program at the Whiteshell Laboratories, the NEA/OECD Sorption Data Base 
and the literature. Expert judgement is used where data are scarce or absent. 
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1. INTRODUCTION 

AECL Research has been given the mandate to assess the environmental 
impact of the disposal of high-level radioactive wastes, generated during the 
production of electrical energy in nuclear reactors. The concept that has been 
adopted is based on disposal in an underground vault at a depth of 500 -1000 
meters in a plutonic rock formation in the Canadian Shield (Dormuth and 
Nuttall 1987, Torgerson 1990). The Canadian concept, like that of other 
countries, is based on a system of multiple barriers: the high-level radioactive 
wastes would be sealed in corrosion-resistant containers, surrounded by a 
mixture of sand and a swelling clay to isolate the containers from the 
groundwater that would eventually resaturate the vault, and the surrounding 
mass of rock. The rock mass surrounding the vault acts as a barrier to 
radionuclide migration by significantly reducing the movement of most 
radionuclides, mainly through the chemical and physical interaction of 
dissolved radionuclides with the geological material. 

The safe disposal of nuclear fuel waste will incorporate a specific disposal vault 
design located at a specific site. For an environmental and safety assessment 
methodology to be useful in licensing a disposal facility, it must have the 
capability to incorporate the information obtained from the characterization of 
real sites in models that are both representative of the conditions of the site 
and the vault design and also relevant to the assessment of safety and 
environmental impact. 

The current approach being taken for performance assessment of used-fuel 
disposal in Canada is to perform an example assessment based on a specific 
hypothetical vault design located in a well-defined geological setting. While 
the geological setting is not a candidate waste disposal site it has been 
extensively characterized, both geophysically and geochemically. This 
approach to pe-fo nee assessment illustrates the methodology for making 
numerical calcula. r- of potential impacts and also the processes by which 
information about ,ne vault design and the site characteristics are incorporated 
in the assessment models. 

A systems variability analysis approach (Dormuth and Quick 1981, Sherman 
et at. 1985) is used in the CNFVVMP to estimate the risk to people and the 
environmental impacts from contaminants escaping the disposal vault following 
closure. The estimate is made using a systems assessment computer program 
called SYVAC (Dormuth and Sherman 1981). SYVAC is a modular program 
with an executive module that accepts input from other modules that represent 
components of the system under analysis and the processes that affect the 
performance of those components. The components of the system being 
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assessed are the vault, the geosphere and the biosphere, represented by 
modules called the Vault Model, the Geosphere Model and the Biosphere 
Model. Natural variability in the system is addressed by incorporating known 
variations in the models, primarily by allowing parameters to vary rather than 
to have fixed values. Uncertainty is addressed by broadening the ranges or 
assuming conditions that tend to result in higher consequences (making 
conservative assumptions). To ensure that the results of the quantitative 
estimation reflect the variability in the system and the uncertainty in the data, 
the performance of the system is simulated many times. Each simulation 
samples randomly from the variable parameters to produce a distribution of 
estimated consequences. These consequences are then compared to the 
regulatory criterion. 

The processes that are incorporated in the models are generic in the sense that 
the same processes are expected to be operative at any site. However, the 
relative importance of the processes, the way in which they are related spatially 
and temporally, and the parameter ranges all depend upon the specific 
characteristics of the vault design and the site. The results from assessments 
can be expected to be different, both for different designs at the same site and 
for similar designs at different sites. 

This report describes the contaminant transport model used in the geosphere 
model. The developments that led to the adoption of a parametric sorption 
model and the parameters that were selected for use in this model are detailed. 
The sorption data that were selected were considered to be the most suitable 
for the current analysis of the Whiteshell Research Area at the time the 
database was frozen. Studies completed and/or documented since that time 
may provide better data for some radionuclide-solid systems. Such data will 
be included in future assessments of other reference sites. 

2. DESCRIPTION OF THE WHITESHELL RESEARCH AREA 

The Whiteshell Research Area is located on the Lac du Bonnet batholith, an 
intrusive granitic body with approximate dimensions of 70 x 20 x 10 km deep, 
in southeastern Manitoba (Figure 1). Most of this batholith consists of an 
inequigranular subporphoritic pink and grey granite (McCrank 1985). The 
granite has acquired a deep-red color in the vicinity of the major fracture zones 
and a pink coloration in the near-surface to a depth of approximately 200 m. 
The red coloration is due to hematite, produced bv the oxidation of Fe-
containing minerals and is concentrated on the surfaces of plagioclase grains 
and in microfractures. The alteration zones associated with major fractures 
contain numerous microfractures and an abundance of secondary minerals. 
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For example, biotite is altered to chlorite and vermiculite; plagioclase is highly 
altered to phengite. Stone et al. (1984) showed that the alteration minerals in 
the Lac du Bonnet batholith can be divided into two broad groups based on the 
temperature at which they were formed. High-temperature infillings include 
epidotes and chlorites, while low-temperature infillings consist of carbonate, 
goethite, gypsum, phyllosilicates (biotite, muscovite, sericite) and clays (illite, 
kaolinite). Epidote is generally present in steeply dipping fractures and fault 
zones. This alteration mineral contains significant amounts of Fe(III) (Kamineni 
et al. 1984), indicating that the epidote has been exposed to oxidizing fluids. 
Chlorite is dominant in fractures associated with low-dip thrust faults and 
occurs in minor amounts together with epidote in steeply dipping faults. In 
general, the low-temperature minerals are predominant in the fractures within 
200 m of the surface. Muscovite and sericite are associated with epidote and 
chlorite-filled fractures. Illite is the predominant clay mineral among the low-
temperature infilling minerals in low- to intermediate-dipping fractures 
(Kamineni et al. 1986). Calcite is present in almost all fractures, but is 
dominant in the steeply dipping fractures near the surface of the batholith. 
Iron oxide (hematite) and oxyhydroxide (goethite) occur in virtually all 
fractures. 

The chemical composition of the groundwater at the Whiteshell Research Area 
is quite varied (Gascoyne et al. 1987, Gascoyne 1988, Gascoyne and Kamineni 
1991). Groundwater salinity tends to increase with depth (Figure 2). At 
depths of about 500 m, the groundwater is dominated by Na, Ca and CI, with 
total dissolved solids (TDS) concentrations typically between 10 and 15 g/L. 
At shallower depths, the groundwater is a dilute Ca-HC03 type, with a TDS 
concentration pockets with more saline groundwater. The trend of increased 
salinity with depth is similar to that observed across the Canadian Shield 
(Frape and Fritz 1987, Gascoyne et al. 1987). The Eh of the groundwater varies 
considerably across the Whiteshell Research Area. Below 300 m, the ground
water tends to be mildly reducing (Eh more oxidizing at shallower depths 
(Figure 3) (Gascoyne and Kamineni 1991). 

To assess the environmental impact of a hypothetical fuel waste disposal vault, 
it was assumed that wastes would be emplaced at a depth of 500 m in the Lac 
du Bonnet batholith, roughly at the location of the existing Underground 
Research Laboratory (Figure 1). This hypothetical vault would have dimen
sions of approximately 2 x 2 km and is assumed to contain approximately 107 

bundles of used fuel from CANDU nuclear reactors, representing 2 x 10" g U 
(Baumgartner and Simmons 1987). Furthermore, it was assumed that a major, 
low-dipping fracture zone intersects the vault horizon. 
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3. DESCRIPTION OF THE GEOSPHERE MODEL 

It is assumed that, in time, some of the radionuclides in the used fuel will be 
released to the groundwater by leaching and/or dissolution of the used fuel. 
The transport of these radionuclides to the biosphere must be calculated to 
assess the environmental impact of a disposal vault for used fuel. The rate of 
transport of a dissolved contaminant through the geosphere is governed by the 
velocity of the transporting medium and the interaction of the contaminant 
with geological material, represented by radionuclide sorption. These are 
commonly assumed to be related to each other by a standard radionuclide 
retardation equation: 

e d 

where Vw = groundwater velocity 
VRN = radionuclide velocity 
p, = solids density of the sorbing medium 
t = porosity of the sorbing medium 
Rd = sorption coefficient. 

This sorption coefficient is in turn defined as 

Rd (mLfg) = | <2> 

where S - radionuclide concentration in sorbing material in mol/g 
C = radionuclide concentration in solution in mol/mL 

To assess the groundwater velocity, extensive hydrogeological field investiga
tions into the behaviour of groundwater at the Whiteshell Research Area have 
led to the development of a detailed groundwater transport model, MOTIF 
(Model Of Transport in Fractured/Porous Media) (Chan et al. 1986). This 
finite-element code is used to simulate the hydrological processes that control 
contaminant transport in the geosphere. The MOTIF code is too complex to 
be used in stochastic calculations such as those used in SYVAC. Instead, 
another contaminant transport model, GEONET, was developed based on the 
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results calculated with MOTIF. GEONET is more amenable for use in the large 
numbers of calculations required in stochastic models. 

The geosphere model used by SYVAC simulates the movement of groundwater 
and the transport of contaminants between the hypothetical disposal vault and 
the biosphere. In addition to convective transport, the model also simulates 
hydrodynamic dispersion and molecular diffusion of contaminants through 
groundwater in the interconnected pore space of the intact rock, and 
retardation based on reversible linear sorption. 

In GEONET, the paths along which contaminants move from the vault towards 
the biosphere are represented by a series of one-dimensional segments or flow 
paths connected to form a three-dimensional network (Figure 4). These 
transport segments are treated using a porous-medium approach. Individual 
fractures are not represented explicitly, but large-scale fracture zones are 
represented by separate segments of porous medium zones with different 
physical and hydraulic properties. Retardation due to chemical and physical 
sorption is treated as part of the transport equations by using constant 
retardation factors, independent of time, position, and radionuclide concentra
tion within each segment. Each segment can have its own specific mineralogi-
cal, chemical and hydraulic properties. If the geochemical environment along 
a segment varies, the segment can, in turn, be subdivided into smaller 
segments, each with its own mineraiogical, chemical and hydraulic properties. 
Thus, for each segment, each radionuclide can be assigned its own retardation 
factor. In this way, a spatial variation in properties can be represented 
explicitly. 

4. REQUIREMENTS DICTATED BY THE GEOSPHERE MODEL 

GEONET is designed to reflect the complexity of the transport of contaminants 
through the geosphere by taking into account the complexity of both the flow 
paths and the geochemical environment, i.e., the variability of the mineralogy 
and groundwater chemistry through the host rock. The following requirements 
are dictated by GEONET to address these variations in the geochemical 
environment in the geosphere. 

(1) Changes in Mineralogy Along the Flow Paths 

Because of the variability in the geochemical environment at the 
Whiteshell Research Area, the GEONET mode! was constructed such 
that each segment in the transport network could be assigned its own 
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geochemical environment, i.e., its own suite of fracture infilling minerals 
and its own groundwater composition. Since radionuclide sorption and 
radionuclide transport are often strongly affected by the groundwater 
composition and the mineralogy of the sorbing fracture surfaces, the 
sorption behaviour and extent of retardation of a given radionuclide, 
while constant within any particular segment, will vary along the flow 
paths through the geosphere. Consequently, in developing the sorption 
database for use in GEONET, provisions had to be made to allow the 
retardation coefficients for the individual radionuclides to reflect 
variations in the geochemical environment along the flow paths. A total 
of nine alteration minerals (calcite, chlorite, epidote, gypsum, goethite, 
hematite, illite, kaolinite and muscovite), four constituent minerals in 
granite (biotite, microcline, plagioclase and quartz) and two rock types 
(grey and red granite) have been identified in the fractures and the rock 
mass surrounding the Whiteshell Research Area. Sorption data for all 
possible combinations of radionuclides and these geological materials are 
needed to describe the range of geochemical behaviour of these 
radionuclides in the geosphere. 

Variation in Groundwater Composition Along the Flow Paths 

In addition to the nature of the sorbing geological surface, sorption is 
often strongly dependent on the composition of the groundwater, and 
this dependency must be reflected in the choice of sorption coefficients. 
It would thus not be appropriate, for example, to use a sorption 
coefficient for cesium on microcline, obtained in meteoric water, in a 
geological environment with a highly saline groundwater. However, 
since typical groundwater analyses include concentration data for 10 to 
20 elements, pH, and Eh, it would be very difficult to take all the 
dissolved species in a groundwater into consideration. In the current 
implementation, only the total salinity of the groundwater is used as an 
independent variable. The range of pH of the groundwater in the 
Whiteshell Research Area is very small, and was not used as a parame
ter. The measured Eh in the groundwater decreases with depth. Since 
Eh cannot be used as a continuously varying parameter at this time, the 
oxidation state is accounted for by a switch between oxidizing and 
reducing conditions. The oxidizing or reducing conditions are deter
mined by a probability function that favours reducing conditions at 
depth, and oxidizing conditions nearer the surface. When sufficient 
information becomes available, the dependence of sorption coefficients 
on individual components in the groundwater can be incorporated in 
this model. 
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(3) Variation in Porosity in the Geosphere 

GEONET simulates groundwater flow in fracture networks by an 
equivalent porous flow model. The presence of fracture sets is 
represented using an anisotropic permeability tensor in the MOTIF 
groundwater flow code. GEONET then adopts the derived flow field 
and implicitly continues the equivalent porous-medium representation. 
Since the porosity in the various segments of GEONET can vary from 
approximately 10% in major fracture zones to 0.3% in sections of intact 
rock, the sorption data need to apply across this wide range of 
porosities. 

(4) Frequency Distributions of the Input Data 

SYVAC and GEONET propagate the uncertainties in data using a 
stochastic (Monte Carlo) simulation. Consequently, input data should 
be given as a distribution with a mean, a standard deviation, and upper 
and lower bounds reflecting the uncertainty in sorption. 

5. DEVFLOFMENT OF A PARAMETRIC POLYNOMIAL EQUATION 

It is clear from the literature that many factors influence sorption. The 
chemistry of the aqueous phase in terms of composition, speciation, pH and 
Eh play important but widely different roles in the sorption of individual 
radionuclides on geological materials. Mineralogy, the physical state of the 
solid phase, its available surface area, cation exchange capacity and anion 
exchange capacity will also influence sorption. 

Advances have betn made and continue to be made in the development of 
models that quantitatively describe the nature and the capacity cf sorbing 
mineral surfaces (e.g., Davis et al. 1978, Davis and Kent 1990, Dzombak and 
Morel 1990). The most often cited of these are surface complexation models 
(SCM) that treat the sorbing surface as an insoluble ligand. However, at this 
time, these models cannot be used to model the complexities and ranges of 
solution conditions that are likely to be observed in natural systems (Hayes et 
al. 1990). 

Jt thus appears that it is not yet possible to assign a single set of parameters to 
describe the sorptive capacity of geological mineral surfaces in terms that can 
be applied to all relevant minerals and to all relevant radionuclides. The 
variability in the mineralogy in the Whiteshell Research Area and in other 
potential research areas is such that 15 rock and mineral types must be 
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considered. Combining this number with the 39 radionuclides of interest gives 
a total of 585 possible radionuclide/mineral combinations. The sorption 
database used in GEONET provides sorption data for as many of the 585 
possible radionuclide/mineral combinations as possible for the Whiteshell 
Research Area. 

The partitioning of a radionuclide between the groundwater and a sorbing 
surface is commonly expressed by a distribution, or sorption, coefficient, R, 
and is defined as the ratio between sorbed and dissolved concentrations. For 
unconsolidated materials such as sand and crushed minerals, a bulk sorption 
coefficient, Rd, is usually used, as defined by Equation (2). A surface sorption 
coefficient, Ra, is usually used for consolidated materials such as intact rock and 
mineral coupons. R, is defined as 

R (cm) = - O) 
• C 

where S = radionuclide concentration in mol/cm2 of sorbing material 
C = radionuclide concentration in mol/mL or mol/cm3 of solution. 

The surface and bulk sorption coefficients can be related through the specific 
surface area (0) of the sorbing material: 

Rd = QRa (4) 

It should be noted, however, that while the determination of the surface area 
of an unconsolidated material is relatively straightforward, the determination 
of the surface area of a consolidated material is very difficult. This lack of 
accurate surface area data for consolidated material limits the conversion of Ra 
values into Rd values and is discussed in greater detail in Section 8. 

The distribution of a radionuclide between groundwater and a sorbing surface 
can be calculated in principle if the effect of each individual variable is known. 
However, the complexity of sorption reactions, the heterogeneity of the solid 
phase, and the lack of an adequate sorption database are such that this 
approach is not feasible at this time. From a practical standpoint, experience 
has shown that some of the variables that may influence sorption are difficult 
to control adequately in laboratory situations. An examination of available 
sorption data clearly showed that insufficient information exists to include 
many of these parameters in a mathematical expression that could be used to 
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link sorption with these parameters. However, it was concluded that sufficient 
experimental evidence existed for many key radionuclides to allow for a more 
detailed treatment of sorption than that provided by the single Rj model 
approach where each radionuclide is assigned a single retardation value 
regardless of geochemical conditions. 

The use of pH as a independent variable was examined and rejected for two 
main reasons. First, analyses of groundwater at the Whiteshell Research Area 
showed that variations in the pH are relatively small: the pH tends to be 
around 8 to 9 (Gascoyne et al. 1987). Second, it is very difficult to carry out 
radionuclide experiments on silicate minerals in the laboratory as a function of 
pH because the minerals and the C02 in the atmosphere tend to buffer the 
groundwater. Attempts to control the pH with, for example, a pH-stat, 
invariably resulted in the titration of the mineral, which meant that the mineral 
surface ceased to be representative of the surface of the starting materia). 
Exceptions to this are the iron and aluminum oxides and oxyhydroxides. 

The use of the redox potential as an independent variable was also examined 
and partially rejected. The groundwaters in the Whiteshell Research Area are 
typically poorly poised with respect to the redox potential. Also, as is the case 
with pH, it is very difficult to control and to determine the Eh in the 
laboratory. The addition of reductants such as hydrazine and sulphite may 
result in the unwanted introduction or formation of sorbing and complexing 
species in the groundwater. The use of hydrazine has been criticized by 
Kelmers et al. (1984) who claimed that its redox reactions with reducible species 
in solution are insufficiently known and that its addition to groundwater can 
change the groundwater pH by 0.5 to 1 unit. The determination of the redox 
potential with platinum or gold electrodes is complicated by the fact that long 
periods of time, typically in the order of days, are required to obtain a stable 
reading. To minimize the effect of atmospheric oxygen, many sorption 
experiments are performed in glove boxes in a nitrogen or argon atmosphere 
containing, typically, less than 1 pL/L 02. This corresponds to a dissolved 
oxygen concentration of less than 4 x Iff5 /*g/g in groundwater in contact with 
this atmosphere. Even under these conditions, truly "anoxic" conditions may 
not be reached, because Eh values between 0 and +300 mV are commonly 
measured, compared to values of £ -200 mV for groundwater determined "in 
situ" at depth. However, known redox-sensitive elements generally show 
higher sorption coefficients under the laboratory-imposed "reducing" 
conditions, even though the Eh measurements may be in some doubt. In light 
of these uncertainties, it was decided to use the redox conditions as a switch: 
sorption coefficients obtained under oxic, i.e., normal atmospheric laboratory 
conditions, with Eh values typically > 300 mV, would be applied to flow paths 
situated near the surface, while sorption data obtained in low-oxygen 
atmospheres and/or in strongly reducing systems would be used to calculate 
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radionuclide retardation in flow paths at depth. The depth of the division 
between the oxic and anoxic region is treated as a stochastically varied 
parameter in the model. 

The total dissolved solids (TDS) concentration in the groundwater is readily 
calculated from the concentrations of the major cationic and anionic species. 
The TDS of the groundwater used in laboratory sorption experiments is also 
simple to control. Since the TDS along the flow paths in the Whiteshell 
Research Area show a considerable range of values, and since sorption is 
reduced for many radionuclides in the presence of high TDS concentrations, 
it was decided to use the TDS as one independent variable. Further improve
ments and refinements to this approach are possible and would involve the use 
of major cations and anions as independent variables, so that sorption 
coefficients could be expressed as a function of sodium, calcium, potassium, 
magnesium, chloride, sulfate and carbonate concentrations. Currently, 
insufficient data are available to develop a functional relationship between 
sorption and these individual groundwater constituents. 

The literature contains a considerable body of sorption data determined as a 
function of radionuclide concentration and represented as various isotherms. 
This data was used where possible and radionuclide concentration was 
incorporated as a parameter in the parametric model. However, the depen
dence of sorption on the radionuclide concentration is treated as an additional 
uncertainty because the transport calculations across each segment in GEONET 
do not treat radionuclide concentration as an independent variable. This 
approach is described further in Section 7. 

Organic complexing agents can be considered as an independent variable, since 
Carlsen (1989), Choppin (1988) and Ho and Miller (1985) showed that the 
presence of humic and fulvic acids can affect sorption. However, analysis of 
groundwaters from the Whiteshell and the Atikokan Research Areas has shown 
the total organic carbon concentrations to be typically in the order of 1 to 
2 mg/L. This low concentration, plus the paucity of data, influenced the 
decision to omit this variable from the parametric equations. 

Equations were developed for as many of the 585 mineral/radionuclide 
combinations as possible. The sorption coefficient, Rj7 was expressed as a 
quadratic function of two variables, TDS and the radionuclide concentration 
and is given by : 
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K = *o + *i , 06 TDS * bi , 08 l*M J 

d „ log2 7DS + fc12 log fZ>S log [RN] * <5> 

6 r log2 [m 

where TDS = the total dissolved solid concentration in g/L, and 
[RN] = the radionuclide concentration in mol/L. 

The same quadratic form is used for each radionuclide/mineral/redox 
combination. In principle, each of these combinations can have a different set 
of values for the coefficients in the equation. 

The most complete set of sorption coefficients exists for cesium, and is shown 
in Table 1. The terms b3 and b5 represent the uncertainties and are described 
in more detail in Section 7. The term b4 is the midpoint of the radionuclide 
concentration range over which the sorption values are valid, and the b6 term 
is equal to the value (p,(1-€)/e), and is discussed in greater detail in Section 8. 
Figure 5 shows a response surface for the system cesium/kaolinite generated 
with Equation (5) and using the following values for the various coefficients. 

b0 = -200 b u = 37 
b, = 119 b^ = 1.6 
b2 = -53 b12 = 48 

The logarithmic dependence of Rd on TDS and radionuclide concentration is 
based in part on the experimental approaches used to determine static sorption 
coefficients under laboratory conditions. In most of these determinations, the 
effects of variables such as radionuclide concentration, pH, and TDS are 
usually studied by changing their concentrations over several orders of 
magnitude. In principle, any mathematical expression fitting the data can be 
used to generate sorption coefficients (Mucciardi et al. 1979,1980). However, 
with few exceptions (e.g., J.F. Relyea unpublished data), there is insufficient 
data to warrant incorporating other independent variables. 

Statistically designed experiments of varying complexity have been used to 
determine the effects of various system components on measured sorption 
(Barney 1982, 1984, Ticknor and Cho 1990). For example, experiments at the 
Whiteshell Laboratories (Ticknor and Cho 1990) were designed using the Box-
Behnken statistical design approach (Box and Behnken 1960, Box and Hunter 
1961) in which both the TDS of the groundwater and the radionuclide 
concentration were varied over two orders of magnitude. The coefficients were 
then calculated using the linear regression function in a typical spreadsheet 
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software package on an MS-DOS personal computer. In some cases, the effect 
of either one of these parameters, [RN] or TDS, can be ignored as first 
approximation, or cannot be determined if the linear regression fit is poor. In 
these cases, Equation (5) is reduced to 

Rd ' bo * bi l o « TDS * 6 n kg 2 TDS ( 6 ) 

or 

Rd = K * b2 log [RN\ - bn log2 [RN\ 

This has the effect of collapsing either the x or y axis in Figure 5 and reduces 
the response surface to a quadratic curve. 

In some cases, the goodness of fit of the regression is only slightly improved 
by the inclusion of the bti terms. In these cases, the bn terms can also be set to 
zero, and the polynomial expression is reduced to linear equations: 

R4 = b0 * bl l £ )8 TDS ( 8 ) 

and 

* , = bo * bz lo« NW (9 ) 

If no information is available about the dependence of a sorption coefficient on 
either TDS or radionuclide concentration, either one or both the b, and bu terms 
are set to zero and the polynomial reverts to a single Rd value (b0). This does 
not negate the approach chosen, but rather illustrates the current status of the 
database for radionuclide sorption coefficients. 

The sorption coefficient that is assigned for a given radionuclide for each 
segment along the flow path is a weighted average of the sorption coefficients 
for that radionuclide on each of the minerals in that segment, and is based on 
the distribution of the minerals in that segment. Thus, if a fracture contains, 
by weight, 50% calcite, 25% illite and 25% biotite, the sorption coefficient for 
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a given radionuclide would be the weighted average of the sorption coefficients 
on these three minerals. 

6. SOURCES OF DATA 

From the standpoint of availability of radionuclide sorption data, the selection 
of a specific site, i.e. the Whiteshell Research Area, over a generic site in 
granitic rock poses certain problems. Intensive efforts on a worldwide scale 
have produced a significant volume of sorption data. Only a small portion of 
that data is truly site specific for the Whiteshell Research Area. However, the 
physical and chemical properties, including radionuclide sorption coefficients 
of the relevant materials are assumed to be sufficiently generic in nature to be 
applicable to similar minerals in the Whiteshell Research Area. The site specific 
nature of the Whiteshell Research Area is expressed by the particular 
combinations of minerals present in fractures and in the bulk rock. 

Data used to estimate the ability of granite and common granitic fracture-filling 
minerals to remove contaminants from solution have been obtained from five 
major sources: 

i) Laboratory sorption studies carried out at the Whiteshell Laboratories, 

ii) The Sorption Database (SDB) compiled by the Nuclear Energy Agency 
(NEA), 

iii) Published sorption data compilations, 

iv) Laboratory studies on sorption interactions other than the classical static 
batch techniques. These include migration experiments in columns and 
in intact granite cores, and 

v) Further corroborative information available from the literature not 
directly related to either the Ru concept or the geological materials of 
present interest. 

The SDB provides the most comprehensive source of both published and 
unpublished data currently available for radionuclide sorption measurements 
using static batch procedures. The data in this source are divided primarily 
between those obtained using unconsolidated material, expressed as Rd in units 
of mL/g, and those obtained on consolidated material such as single granite 
coupons, expressed as Ra in units of cm and based on the geometric surface 
area of the solid material. GEONET requires sorption expressed in terms of Rd. 
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Sorption data expressed in terms of R, are used where no other information is 
available. 

The SDB includes data taken from the literature as well as unpublished data 
from a number of laboratories. While the published information has been 
subject to peer review prior to acceptance, the same is not necessarily true for 
the unpublished contributions. However, in most cases, the information in the 
SDB has been checked against original data submission forms and/or other 
reference sources to ensure that no errors were made in entering the data into 
the SDB. 

Most data currently available from geosphere-related sorption studies 
conducted at the Whiteshell Laboratories are included in the SDB. In recent 
years, studies at the Whiteshell Laboratories have concentrated on interactions 
between selected radionuclides in solution and fracture-filling minerals 
identified with alteration zones in granitic rock, particularly in the Whiteshell 
Research Area. These data are the most applicable to the present effort. 

Additional data for granitic rock and cesium interactions were derived from 
migration studies conducted on intact rock cores at the Whiteshell Laboratories. 
This information was not submitted to the Nuclear Energy Agency for inclusion 
in its Sorption Data Base since the methodology used did not conform to 
classical methods of determining Rd values. 

In addition, reference has been made to compilations of sorption data available 
from the literature (Andersson and Allard 1983, Andersson et al. 1983, 
Coughtrey et al. 1985, Erdal et al. 1979, Higgo 1988, McKinley and Hadermann 
1984, McKinley and Grogran 1991, Vandergraaf 1982). While not always 
directly applicable to the geological materials of interest here, much of this 
information can provide supporting evidence for the sorption values recom
mended. Where no data exist for specific radionuclides or solids, close 
chemical and/or mineralogical analogs have been used to estimate the 
retardation. 

All sources of data show that efforts to measure radionuclide sorption from 
solution onto granites and minerals common to granitic formations have 
concentrated on a relatively small number of radionuclides. The SDB database 
was examined and all pertinent data for a given radionuclide were extracted. 
In spite of the volume of data in this database, very little information was 
available to obtain a proper polynomial expression. However, there were cases 
where sorption data could be used to generate a linear sorption equation, 
expressing Rj either as a function of [RN] or [TDS]. Where the data could not 
be used to give linear relationships with linear regression calculations, a range 
of Rd values could at times be established. In all cases, a log-normal distribu-
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tion was assumed since the data obtained at the Whiteshell Laboratories from 
cores from'various plutons most often showed this type of distribution. 

A protocol based on one or more of the following approaches was used by a 
group of experts at Whiteshell Laboratories for mineral/radionuclide combina
tions for which no data were available. 

a. Mineralogical Similarity 

Sorption data for radionuclides on one type of mineral can often be used to 
estimate sorption on a similar mineral. For example, even though no sorption 
data were available for cesium on "red granite/ its mineralogical composition 
is sufficiently similar to that of grey granite to use the sorption data available 
for grey granite. Similarly, sorption data for cerium on muscovite were used 
for biotite as well, since both minerals are phyllosilicates. 

b. Conservative Estimates Based on Mineralogy 

Sorption on quartz tends to be lower than on other geological materials. 
Therefore, if no mineralogical similarity could be established, sorption values 
for quartz were recommended. 

c. Chemical Homologs 

Chemical homologs have been used in the absence of data for a given element. 
For example, with the exception of some Finnish data (Pinnioja et al. 1984, 
Hietanen et al. 1985), there is very little information available on the sorption 
of nickel on granite. Since nickel exists mainly in the 2+ state, the sorption 
data for strontium have been used for nickel throughout. Similarly, the 
sorption of the alkali metal ions appears to decrease in the order Cs > Rb > 
K (Beall et al. 1979). Therefore, the cesium sorption data have been reduced 
by a factor of two to produce sorption values for rubidium and by an order of 
magnitude to generate sorption values for potassium. Sorption data for 
samarium were assumed to be the same as those for cerium, another rare earth 
element. 

d. Conservative Estimates Based on Chemistry 

For multivalent elements whose sorption has not been studied, and whose 
speciation in groundwater is complex, unknown, or poorly known, the 
argument has been used that these elements would exist as anionic species 
and, hence, not sorb. A case in point is molybdenum. It has been assumed 
that this element would exist as an anionic Mo04

2' species under most 
conditions and sorption coefficients of zero have been assigned for this 

98 



element. Under strongly reducing conditions this element might be reduced 
to Mo3+ which would sorb strongly. However, no sorption of Mo3* has been 
considered since no evidence was found that these conditions would be 
encountered in the rock surrounding the vault in the Whiteshell Research Area. 

e. Short-Lived Radionuclides 

Migration calculations for radionuclides with short half lives in the various 
actinide decay chains (e.g., bismuth, polonium and actinium) are not required 
because the distance they could travel during their brief lifetime is limited. 
These radionuclides have been assumed not to sorb and have been given 
sorption values of zero. The SYVAC biosphere model considers these* 
radionuclides to be in secular equilibrium with their precursors to determine 
the appropriate dose-to-man. 

7. TREATMENT OF UNCERTAINTIES 

The uncertainties inherent in sorption coefficients must be included in the 
sorption equation. This has been done by multiplying Equation (6) by an error 
factor e(r,,b3). This error factor involves a random number, r„ that applies a 
variation to the calculated value of Rj resulting from the uncertainty of the 
fitted equation. The error factor is defined as 

e(r, . by) - (r/> « » 

where r, is a lognormally distributed random number with a geometric mean 
of 1.0, and lies in the range [0.1, 10]. With this choice of ru the coefficient b3 

is the number of orders of magnitude over which Rj is allowed to vary, with 
the expression in Equation (6) giving the geometric mean Rd. The standard 
deviation of the distribution of r, gives control over the degree of central 
tendency of the distribution of Rd values. In most cases this standard deviation 
was chosen so that the range of the limits (0.1 and 10) is three standard 
deviations from the geometric mean of the lognormal distribution. 

The radionuclide concentration is only of interest when the coefficients bj, bn, 
and b12 are non-zero. The transport calculation along each segment in the 
GEONET network requires a retardation factor or sorption coefficient that is 
independent of the radionuclide concentration. For GEONET calculations, the 
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radionuclide concentration is expressed in terms of another random number, 
r2, and coefficients b4 and b5 in a similar manner to Equation (10): 

[RN\(r2 ,b4,bj = b4(r2)
bs <M> 

where r2 is a random number, similar to r„ distributed between 0.1 and 10. 
This random number has a loguniform distribution and thus no central 
tendency. Coefficient b4 gives the geometric mean radionuclide concentration 
about which the radionuclide concentration is varied. Coefficient tx, is the 
number of orders of magnitude over which the radionuclide concentration is 
varied about the mean. Thus, the presence of radionuclide-concentration-
dependent terms in the sorption equation (Equation 6) is translated into an 
additional uncertainty in a concentration-independent sorption coefficient in 
GEONET, since GEONET in its present form cannot treat radionuclide 
concentration as a variable. 

8. EFFECT OF AVAILABLE SURFACE AREA ON RADIONUCLIDE 
RETARDATION 

The conceptual model used in the hydrological modelling with MOTIF, on 
which the GEONET model is based, assumes that the groundwater flow is 
homogeneous through large-scale blocks of rock. These blocks are character
ized hydraulically by average bulk parameters such as permeability and 
porosity. The porosities, e, are typically of the order of 0.2% to 0.5% for blocks 
representing intact rock, and may be as large as 10% to 20% for blocks 
representing discrete fracture zones. These porosities represent water-
volume/rock-mass ratios of 10* to lO4 m3/kg. 

With only a small fraction of the total volume of the intact, unfractured rock 
occupied by fluids, it is clear that the surface area of the interconnected pore 
space that may be available for sorption of dissolved radionuclides is relatively 
small compared to that for unconsolidated material. Although it is difficult to 
determine these surface areas, some very rough estimates of 103 to 10* m2/m3 

bulk volume have been made for granites by Bradbury (1983) based on 
permeability measurements. In terms of specific surface areas or the surface 
area/weight ratio, these surface areas corresponds to values in the range of 0.4 
to 4 m2/kg. 
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Sorption coefficients, however, are usually determined under static conditions 
on unconsolidated mineral particulates with diameters ranging from 40 to 
2000 /tm and water-volume/solid-mass ratios of the order of 102 to 10"1 m3/kg. 
Typical surface areas of these particles are of the order of 100 to 15 000 m2/kg 
(Ticknor and Saluja 1990). Table 2 compares some measured and estimated 
relevant data for unconsolidated and consolidated material. 

TABLE 2 

COMPARISON OF PHYSICAL DATA FOR 
INTACT ROCK AND FRACTURE ZONE MATERIAL 

Property 

Porosity (%) 

Water Volume (pore) 1 
Rock Mass (m3fkg) 

Specific Surface Area or 
Surface Area / Rock Mass 
(rtf/kg) 

Intact Rock 

0.3 - 0.5 

108 

1 

Fracture Zone 

10 20 

10* • 10 s 

102 - 10* 
(same as 

crushed rock) 

Crushed Rock 
Packed Columns 

>50 

1 0 ' . 10* 

102 • 10* 

Since sorption is a surface phenomenon, the value of the surface sorption 
coefficient, R„ should be independent of the state of aggregation of the system, 
as long as the relevant surface area involved is known or can be estimated 
reliably. The value of an equivalent bulk sorption coefficient, Rd, is sensitive 
to the specific surface area, 0. As discussed in Section 5, these two sorption 
coefficients are related by Equation (4). Hence, values for the equivalent bulk 
sorption coefficient, Rd, decrease as the specific surface area available for 
sorption decreases. Applying bulk sorption coefficients obtained on unconsoli
dated or crushed material to radionuclide migration in consolidated or partially 
consolidated material would imply a much greater degree of sorption than is 
warranted by the lower specific surface area of the material in the consolidated 
state. 
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The velocity of radionuclide migration, VRN, is usually related to the velocity 
of the groundwater movement, Vw, by a retardation factor, R, where 

V = Y* (12) 
" R 

The retardation factor, R, is given by 

R . , . M i ^ * (13) 

where p, is the density of the rock solids and ps(1 - e) is the density of the bulk 
material. It is clear that a decrease in porosity will increase the calculated 
retardation factor and decrease the estimated migration velocity of the 
radionuclide if Ru is considered to be fixed. The dependence of the retardation 
factor on porosity is shown in Figure 6 for a constant Ru. 

Bradbury (1983) considered the surface area to be a function of the porosity and 
a mean hydraulic radius, m, of the pores. The equation for specific surface 
area, D, is 

Q = * (14) 
mp, d-e) 

Bradbury found that the mean hydraulic radius for three different types of 
granite and for a sandstone of much larger porosity all had about the same 
value, 0.14 to 0.15 /*m for granite and 0.18 urn for sandstone, although a value 
for sandstones about an order of magnitude larger had been determined 
previously by Brace (Bradbury 1983). 

Substituting Equations (4) and (14) into Equation (13) gives 

R = 1 • ^ (15) 
m 
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The porosity-dependent factors in the specific surface area and the definition 
of the retardation factor have cancelled. If both the surface sorption coefficient, 
Ra, and the mean hydraulic radius, m, can be assumed to be approximately 
constant, then the retardation factor can be considered to be approximately 
independent of the porosity or state of aggregation of the system and to be 
approximately constant also. 

It is thus incorrect to apply bulk sorption coefficients obtained on crushed rock 
to contaminant transport in consolidated material, using measured or actual 
porosities of the consolidated material in order to determine the retardation 
factors. The sorption coefficient Ra and the porosity t in Equation (13) must 
apply to similar states of aggregation. 

Virtually no bulk sorption coefficients exist in the literature that can be applied 
to systems with the low porosities of intact rock. One exception is a series of 
migration experiments carried out at the Whiteshell Laboratories in the High-
Pressure Radionuclide Migration (HPRM) apparatus involving the transport of 
,37Cs through intact cores of unaltered granite (Vandergraaf et al. 1986). A 
second, similar experiment with uranium was carried out at the Federal 
Institute for Reactor Research (now the Paul Scherrer Institute) in Switzerland 
by Bischoff et al. (1987). These experiments confirmed that both the observed 
sorption coefficients (Rd) and the normalization factors (ps (1 -1) 11) are highly 
dependent on the state of aggregation of the system being considered, for 
example, crushed material, packed column, or consolidated rock aggregate. In 
these experiments, approximately the same retardation factor was observed in 
the consolidated system as in the unconsolidated system. 

This evidence suggests that the effects of consolidation on the bulk sorption 
coefficients and on the normalization factors tend to cancel each other, and the 
resulting retardation factor itself seems to be much less sensitive to the state of 
aggregation. 

To deal with changes in porosity and the concomitant changes in surface area 
and sorption, a normalization factor was used in Equation (13) to correspond 
to the state of consolidation of the material used in the experiment to 
determine the value for the bulk sorption coefficient. The resulting retardation 
value is then approximately independent of the state of aggregation of the 
system and can be applied to radionuclide migration in intact rock. 

Assuming that columns packed with unconsolidated material have porosities 
typically around 50%, the normalization factor, (ps (1 - t) I «), then becomes 
numerically equal to the solids density, ps. The equation for the retardation 
factor, R, is then reduced to 
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R « 1 • P, R< (16) 

The value calculated from Equation (16) is used for the transport equations in 
both intact rock and fracture zones, independent of the differences in porosity. 
This retardation factor is also shown in Figure 6, which clearly shows the effect 
of applying this equation to cases where the porosity is less than 0.5. Instead 
of an unwarranted rapid increase in retardation as the porosity decreases, the 
approach used in the Canadian program gives a much more conservative 
retardation for low-porosity cases. 

9. SORPTION COEFFICIENT VALUES 

The scope of this paper does not permit a comprehensive listing of all of the 
sorption coefficients used in the Canadian program. These are given in a 
supporting document for the reference case used in the Canadian Nuclear Fuel 
Waste Management Program (Vandergraaf and Ticknor, in preparation). 
Instead, the mean value and range for each radionuclide/mineral combination 
for both oxic and anoxic conditions were calculated and are summarized in 
Tables 3 and 4. 

10. CONCLUDING REMARKS 

The mineralogical, geochemical and physical variabilities of the granitic 
formation, used as a case study for a hypothetical disposal vault, are taken into 
account by using sorption coefficients that are appropriate for the conditions 
that exist along each specific flow path. These variabilities are sufficiently 
significant that the use of a single sorption coefficient for each radionuclide is 
inappropriate. Instead, an empirical polynomial expression has been derived 
that expresses sorption coefficients for each radionuclide/mineral combination 
as a function of two independent parameters, TDS and radionuclide concentra
tion. In spite of the voluminous amount of sorption data available in the 
literature and compiled in sorption databases, there are still many radionuclide 
/ mineral combinations for which sorption data are lacking. In some cases, 
chemical homologs or data for similar minerals have been used to estimate the 
sorption data. 

More sorption data are needed to fully utilize even the limited parametric 
model that has been selected for GEONET. With the exception of 
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incorporating other variables, further development of this parametric model is 
probably not warranted. Instead, future effort will be directed towards 
developing models for the few radionuclides that invariably lead to the bulk of 
the dose-to-man. These radionuclides include, but are net limited, to "C, **Tc, 
120I and ^Np. 

Sorption coefficients are commonly obtained on unconsolidated material and 
are therefore expressed in units that include the weight of the sorbing material 
(mL/g), even though sorption is a surface phenomenon. When these sorption 
coefficients are used to calculate radionuclide transport through intact rock 
where the specific surface area is limited by the very small porosity of the rock, 
a correction must be applied to prevent the calculated retardation from 
approaching infinity when the porosity approaches zero. There is some 
evidence that the effects of porosity on sorption and on the calculated 
retardation may offset each other. This has led to a decision to assume that 
radionuclide retardation can be considered to be approximately independent 
of porosity. 
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of Depth (After Gascoyne and Kamineni 1991) 
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FIGURE 4 : 3D View of Flow Paths in GEONET. Shaded area is location of disposal vault. 
Cross-hatched plane denotes major fracture. 



FIGURE 5: Response Surface of Sorption Data for the Cesium/Kaolinite 
System 
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A MECHANISTIC APPROACH 
TO THE GENERATION OF SORPTION DATABASES 

M.H. Bradbury and B. Baeyens 
Paul Scherrer Institute, CH-5232 Villigen PSI, Switzerland 

1 Introduction 

Sorption of radionuclides in the near and far fields of an underground nuclear waste 

repository is one of the most important processes retarding their release to the environ

ment. It is not surprising, therefore, that considerable efforts have been made over the 

past few decades to quantify radionuclide sorption on a wide variety of materials and 

mineral assemblages. In the vast majority of cases sorption data have been presented in 

terms of empirical parameters such as distribution coefficients and isotherm equations. 

A consequence of this empirical methodology is that the sorption data, however good, 

are only strictly valid under the experimental conditions at which they were measured, 

and extrapolation to other conditions and systems may be questionable. Implicit in this 

approach is the need to generate large amounts of data and fitting parameters necessary 

for an empirical description of sorption under all realistically conceivable conditions 

which may arise in space and time along the migration pathway to Man. 

An alternative approach to the problem is to try to understand, and develop model de

scriptions of, underlying retention mechanisms and to identify those system parameters 

which essentially determine the extent of sorption. During the past few months studies 

using this vproach have begun at the Paul Scherrer Institute (PSI). The aim of this 

work is to see to what extent currently existing mechanistic models, together with their 

associated data (as far as these are available), can be applied to predict sorption data 

from laboratory experiments on natural systems. This paper describes the current status 

of this work which is very much in an early stage of development. An example is given 

whereby model predictions are compared with laboratory results for the sorption of Np 

at trace concentrations under oxidizing conditions on a series of minerals relevant to 

granite formations. 
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2 Background and Basic Equations of the Generalised 
Two-Layer Model 

Two basic sorption mechanisms, cation exchange and surface complexation are currently 

being considered. In this paper we will limit our discussions to the latter. 

There are a number of surface complexation (surface co-ordination/site binding) models 

available e. g. die constant capacitance model (Schindler and Kamber, 1968), the diffuse 

layer model (Stumm et al. 1970), the variable surface charge-variable surface potential 

model (Bowden et al. 1973, 1977), the triple-layer model (Yates et al. 1974; Davis 

et al. 1978). Most surface complexation models are based on the same fundemental 

concepts. On oxides, for example, sorption takes place at specific surface sites and 

can be quantitatively described by mass action equations. The net surface charge is 

an important quantity and is determined by protonation and deprotonation of surface 

hydroxyl groups and by die sorbed species themselves. Mass action constants for surface 

reactions are modified by a correction factor which is a function of the surface charge 

and hence varries with pH and sorption. 

We have chosen to follow Dzombak and Morel (1990) and selected their generalised 

two-layer model which is essentially an extended version of the diffusa layer model 

proposed by Stumm and co-workers (Stumm et al. 1970). According to Dzombak and 

Morel, who applied the model extensively to the hydrous ferric oxide (HFO) system, "It 

is the simplest model that can account qualitatively and quantitatively for all available 

model constraining experimental data". The surface complexation constants derived 

using this model are generally applicable, except, possibly, in systems containing sig

nificant amounts of dissolved organic material (see Schindler and Stumm, 1987). 

A detailed discussion of die model can be found in Dzombak and Morel (1990). We will 

confine ourselves here to a brief description of the main model concepts and associated 

equations. 

The oxide/water interface is described in terms of two layers of charge: a surface layer 

to which all specifically sorbed ions are assigned and a diffuse layer comprising of 

counter ions in solution (non-specifically sorbed ions). The distribution of ions in the 

diffuse layer is assumed to be described by die Gouy-Chapman equation. The relation 
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between surface charge and potential is thus given by: 

a = 0.1174 cl/,sinh(Z9 x 19.46) (1) 

where: 
a = surface charge density (coulombs per square metre) 
c = molar electrolyte concentration 
Z = valence of the electrolyte 
# = surface potential (volts) 

The amount of surface charge that can be developed on the surface is limited by the 

number of binding sites. A coulombic term, fixed by double layer theory, is used 

to model the continuous change in the apparent acidity constants of the surface as a 

function of pH . It is also included in the mass action equations describing cation and 

anion surface complexation reactions. The coulombic or electrostatic term is written as: 

,AZFtf. 
exP(—Kf~) &) 

where: /here: 
AZ = is the change in charge of die surface species involved in a surface complexation 

reaction 
F = Faraday constant (coulombs per mol) 
* = surface potential (volts) 

R = molar gas constant (coulombs per mol per Kelvin) 

T = absolute temperature (Kelvin) 

The way in which the coulombic correction factor is applied can be illustrated by consid

ering the surface protonation and deprotonation reactions responsible for the amphoteric 

behaviour of surface hydroxyl groups (=SOH) i.e. 

= SOH° + H+?± = SOH+ (?) 

and 

= SOH° *±=SO- + H+ (.) 

where =SOH°, =SOHj and =SO~ are die neutral, positively and negatively charged 

surface hydroxyl groups. K*̂ , and Kj^, are apparent acidity corstants defined by: 

(sSOH}) 
flJV"(=50^){//+} K ' 

and 
{SSO-)[H+} 

o w " (= SOH') K ' 
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where ( ) represents concentrations and { } activities. (The activity coefficients for sur

face species are assumed to be equal and surface activities are replaced by concentrations 

in the mass action equations). 

Apparent equilibrium constants are not constant but depend on the surface charge since 

energy is required to move ions through potential gradients to and from the surface. 

Theoretically, the total free energy change of a surface reaction can be thought of as 

being composed of an intrinsic chemical interaction term (AG°nt) which does not vary 

with surface charge and a variable electrostatic term (AG^,) i.e. 

AG°ot = AG?n4 + A G ^ . (7) 

Morel (1983) derived the following theoretical expression for A G^, : 

A G ^ , . = AZF9 (8) 

Since, AG°of and AG°nt can be expressed in the form, 

AG°= -RTlnK (9) 

Eq. (7) can be re-written as: 

AZF9 
Kint = Ka„ e * P ( - £ j H (10) 

K,n( is an intrinsic equilibrium constant independent of surface charge. Using reaction 

(3) as an example, 

+ _ (= SOHj) _ F £ _ (mSOHj) F9 
A i n t " (= SOH*){H$) " *flW*CXp KRT] ~ {= SOH'){H+) P KRT> [ ] 

{i/$ } is the activity of a proton released from the surface but not yet transported to the 

bulk solution. {H+} is the proton activity in the bulk solution. Hence, 

+ _ (~SOH}) F £ 
"** ~ {=SOH'){H+) PKRT} (12) 

and similarly, 

*'"' ~ (sSOH*) eXp ( ^ 7 r ) ( 1 3 ) 
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In an analogous manner, mass action equations can be written describing the surface 

complexation reactions of canonic species e.g. 

= SOH° + M2+ ^ = 50M+ + H+ (14) 

„,• _ (=SOM+){H+} + F * 
"** ~ (= SOH*){M*+fXp ^HF' U 5 ) 

(A Z = + 1) 

In order to apply the generalised two-layer model to sorption on a particular sorbent, 

certain key physico-chemical parameters characteristic of the sorbent need to be known. 

These are essentially the specific surface area, the density of sites on the solid phase 

and the surface acidity constants (K+1, Kfnt). 

From an extensive review of the English language literature, Dzombak and Morel (1990) 

have compiled best estimates of the specific surface area, site densities and acidity 

constants for HFO, see Table 1. In the generalised two-layer model binding can occur 

on two types of surface sites, strong sites (=S50H), and weak sites (^S^OH). Two sites 

are required to account for die experimental observations mat the sorption of cations on 

HFO is linear at "low" concentrations (sorption on =S50H sites) changing to non-linear 

pseudo-Freundlich behaviour at "high" concentrations (sorption on both =SsOH and 

sS^OH sites). Generally, anions exhibit linear sorption and only one site type needs 

to be considered. 

. Kfnt and Kfnt values were calculated from literature HFO titration data using FTTEQL 

(Westall and Morel, 1977; Westall, 1982) with the specific surface area and site densities 

as fixed parameters in the generalised two-layer model. (FTTEQL is an iterative, gradient 

directed, non-linear least squares optimisation programme). The best estimate values 

for Kfnt and K,̂ ( are given in Table 1 and are valid for both the strong and weak sites. 

Dzombak and Morel (1990) preceded further and analysed all the sorption data in the 

HFO systen. «-hich they could find and give intrinsic surface complexation constants for 

the cations Sr2+, Ca3+, Ag+, Co2+, Ni2+, Cd2+, Zn2+, Cu2+, Pb2+ and Hg2+, anions 

SO\-, SjOl', SeOj", SeO£~, CrOj", POj", AsOj", VOj", and neutral species H3AsO°3 

and H3BO|. 
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Table 1: Parameter values for synthetic hydrous ferric oxides (from Dzombak and 
Morel, 1990). 

Specific surface area 

Site concentration (strong sites) 

Site concentration (weak sites) 

logK+,(seeEq.(12)) 

logKrnt(seeEq.(13)) 

600 raV1 

9.4 x 10"8 mol m"2 

3.75 x lO"6 mol nr 2 

+7.29 

-8.93 

Linear correlations were found to exist between surface complexation constants and the 

first hydrolysis constant for cations, and between the surface complexation constants and 

the second deprotonation constant for the five divalent anions. Using these correlations 

surface complexation constants for other canons and anions were estimated. 

It should be noted that sorption measurements on HFO are carried out, almost without 

exception, under relatively simple conditions i.e. on freshly prepared HFO in a sym

metric electrolyte, e.g. NaN03, NaCl, as a function of ionic strength, pH and initial 

concentration of sorbate. Usually the results are presented as percent sorbed versus pH 

at constant ionic strength and constant initial sorbate concentration. Sorption plots such 

as these were analysed by Dzombak and Morel to produce intrinsic surface complexation 

constants. 

The generalised two-layer model described here has been incorporated in MINEQL 

to give a combined code called DSURF (Dzombak, 1989). This code allows surface 

complexation and aqueous speciation to be calculated simultaneously. 
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3 Model Concepts 

The main problem in applying surface complexation models to natural systems is, quite 

simply, that in the majority of cases no specifically measured data exist e.g. surface 

acid-base and metal complexation constants, site densities etc. 

In addition, natural systems are inherently very much more complex than the model 

systems, such as those described in the previous section, normally used to study surface 

complexation reactions in the laboratory. 

What we have is a model, the generalised two-layer model, which we have chosen for 

the reasons given previously. What we know, from the work of Dzombak and Morel, 

is that this model, together with the fixed physico-chemical data set listed in Table 1, 

is capable of describing cation and anion sorption on HFO in simple systems over a 

relatively wide range of sorbate concentrations, pH and ionic strengths. 

The question then is whether this model and the associated data for HFO could form 

die basis for predicting sorption in laboratory experiments on natural materials. Clearly, 

a plausible working hypothesis is neccessary to make the connection between sorption 

on HFO and sorption on minerals and mineral assemblages in a realistic groundwater 

composition. The propositions put forward here are somewhat tentative at the moment, 

but wherever possible we will try to give justifications for their plausibility. 

We take the view that one of the key parameters which characterises the sorption poten

tial of any sorbent is its specific surface area. Since sorption is a surface phenomenon, 

this is intrinsically reasonable. 

In the surface complexation model we are primarily concerned with surface hydroxyl 

sites. We adopt the relatively simplistic approach that total surface area measurements 

(e.g from ethylene glycol methods) best reflect the areas associated with such sites in 

systems whose clay mineral content is minimal. Where appreciable quantities of clay 

minerals (including mica minerals) are present, the above no longer applies. Gener

ally, clay minerals have large total surface areas compared with other minerals and the 

major contribution arises from those areas associated with planar and imerlattice sites 

which are not involved in surface complexation reactions. (Such sites have permanent 

charges which arise from isomorphous substitutions and thus do not exhibit pH de-
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pendent variable charge densities.) However, in the N2-BET (or better still, Kr-BET) 

method, N2 molecules, because of their size and weak interaction characteristics, tend 

to sorb only on external surfaces (edge sites, =SOH type) of phyllosilicate minerals 

and oxides (Sposito, 1984). Hence, where clay minerals are present, the relevant sur

face area measurement is taken to be the N2-BET value. However, there are problems 

associated with all of the methods used for surface area determinations and with the 

interpretationAr.eaning of the measured values (see for example Sposito, 1984; Davis 

and Kent, 1990). 

In any surface complexation model, the binding constants derived are dependent on 

the fixed value chosen for the total site density and, of course, on the model itself. 

Dzombak and Morel (1990), in their studies on HFO, used a total site density of 3-84 

/imol m~2. Davis and Kent (1990) recommend the same value based on a review of 

important adsorbing mineral phases and a "parsimonious modelling approach". They 

state that "....it is more important that a universal value be adopted for modelling than it 

is that accurate site densities be used for each mineral surface in a composite sample". 

Indeed, many of the commonly applied methods for estimating surface functional group 

densities suffer from experimental artifacts when applied to natural materials. Also, 

the fit of model simulations to experimental data is relatively insensitive to the site 

density value chosen provided this value is fixed throughout. On the basis of the above 

information, we have chosen to follow the recommendations of Davis and Kent (1990) 

and use a site density of 3-84 /imol m~2. 

In the following sections we have used certain selected intrinsic surface complexation 

constants given by Dzombak and Morel (1990) for HFO to model the sorption of Np at 

low concentrations under oxidizing conditions on a variety of minerals. It is not a priori 

evident why surface complexation constants for HFO should also be applicable to other 

mineral systems. Nevertheless, we have taken this as a working hypothesis (which is 

tested later) and though we cannot fully justify the hypothesis at the present time we 

contend that the open literature contains abundent evidence, direct and indirect, which 

supports its plausibility. 

Most laboratory experiments are carried out under oxidizing conditions where thin coat

ings of metal (hydr)oxides are "stable". Such materials tend to be poorly crystalline, 

contain extensive isomorphic substitution, rarely abide by classical solubility values 

determined on pure, highly crystalline materials and are often physically and chemi-
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cally admixed in small quantities in such a way that their chemical removal is difficult 

(Jenne, 1977). Consequently, sorption measurements are seldom, if ever, performed 

on pure minerals. Jenne (1977) makes the general proposition that " the most sig

nificant role of clay sized aluminosilicate minerals in trace element sorption by soils 

and sediments is as a mechanical substrate for the precipitation and floculation 

of secondary minerals ". It is these secondary minerals, and not the minerals them

selves, which are the important trace element sinks. In general, the more important 

sinks may be present as thin coatings of thermodynamically metastable amorphous and 

micro-crystalline oxides of manganese, iron, aluminium and silicon. Jenne presents 

evidence which indicates that in the natural environment such materials may be con-

sideratly more stable than laboratory studies on ideal systems would indicate and that 

the most commonly used analytical methods are not sufficiently sensitive to detect their 

presence, particularly if they are in die form of thin amorphous coadngs. The reader is 

referred to the original paper of Jenne (1977) and the references therein for more details 

and examples, and also to Sposito (1984). 

There is a close similarity between the acid/base and cation surface complexation con

stants which have been measured in the iron oxide and aluminium oxide systems (see for 

example Schindler and Stumm, 1987; Goldberg and Sposito, 1984). Thus there would 

be little difference in die surface complexation behaviour between mineral systems in 

which the surface coatings were aluminium oxides or iron oxides or both. Goldberg 

and Glaubig (1986) were able to use Kfnt and Kt̂ t values for Al-oxides to model the 

sorption of boron on various samples of kaolinite. (The model fits were apparently less 

successful for montmorillonite and illite) 

Thus there is a body of evidence available which suggests that the sorption of elements 

at trace concentrations under oxidizing conditions may, in many cases, be controlled 

by relatively small quantities of metal (hydr)oxides present as thin coatings on mineral 

surfaces. 
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4 Data Selection and Model Parameters 

4.1 Experimental Data 

Having worked out the principles of a reasonably plausible approach to modelling 

sorption in natural systems, we needed to test their applicability to actual measurements. 

At this stage it was not important which system or which radionuclide was chosen, 

though in our search we gave preference to radionuclides which were safety relevant. 

What was important, however, was that the aqueous phase was well defined (water 

composition, pH), that the data set contained surface area measurements and that for 

the radionuclide in question die surface complexation constants were available, or could 

be calculate from additional data sources. A preliminary sweep of the NEA sorption 

data base revealed tint data sets fulfilling the first two criteria were rather rare. 

From die limited choice available we selected some fairly extensive Swedish work on Np 

sorption and consulted die original paper (Allard, 1982). Essentially, this work reports 

data on die sorption of Np under oxidizing conditions at low initial Np concentrations 

(~ 2 x 10~n M) on a wide variety of minerals over the pH range from ~ 4 to ~ 9 in 

an artificial groundwater whose composition is given in Table 2. 

Table 2: Artificial groundwater composition. (Average values taken from Figure 3 in 
Allard, 1982.) 

Anions 

ci-

soj-

ECO>-

mgl - 1 

70 

9.6 

110 

pH=8.2 

Cations 

Na+ 

K+ 

Mg2+ 

Ca2+ 

m g l - 1 

65 

3.9 

4.3 

14.5 
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We took mineral surface area data from Allard et al. (1983) under the assumption that 

the source minerals in both studies were the same. 

4.2 Basic parameter values for HFO 

Surface area, site concentrations and intrinsic surface acid/base constants for HFO are 

given in Table 1. The values of these parameters are fixed in die model calculations. 

4.3 Intrinsic surface complexation constant for NpOj 

Since the speciation of Np is dominated by the hyponeptunyl ion in Allard's artificial 

groundwater in the pH range ~ 3 to ~ 8, we took the NpOj ion to be the most 

likely sorbing species in this system. Unfortunately we could not find any surface 

complexation constant data applicable in the generalised two-layer model. However, 

in a recent publication, Girvin et al. (1990) present sorption curves (% Np sorbed 

versus pH) for the uptake of Np on synthetic amorphous iron oxide at low initial Np 

concentrations (4-5 x 10"13 to 4-5 x 10"11 M) in the above pH range. These authors 

interpreted their data using the triple layer model assuming that the surface complex 

formed was =SOHNp02OH°. 

We took their original experimental data and re-interpreted diem using FTTEQL (West-

all, 1982) together with the basic data given in Table 1 and the following surface 

complexation reaction for NpOj: 

= SsOH + NpOf ^ == SsONpO°2 + H+ (16) 

It should be noted that the modelling involved a single fit parameter i.e. sK,n<
 8 . We 

only considered the uptake of NpOJ on die strong sites since die concentration of these 

sites in die experiments was very much greater than the total Np concentration in the 

system. Under these conditions die sorption on die weak sites is always negligeable 

(see Dzombak and Morel, 1990) for examples of tiiis behaviour). This also applies to 

die later modelling studies for Np sorption on minerals (section 6). 

From FTTEQL we obtained an optimised intrinsic surface complexation constant for 

NpO£ i.e. log 5K,^f3 « - 0.98. In order to check how well die experimental data 
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could be modelled with this intrinsic constant, we re-calculated the sorption curve using 

DSURF. In Figure 1 the calculated sorption curve (continuous line) is shown together 

with the experimental data. As can be seen, the fit is extremely good in the pH and 

concentration range measured. 
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Figure 1: Percentage adsorption versus final pH for Np on hydrous ferric oxide. Data 

are shown by individual sybols. (Taken from Figure 2, Girvin et al. 1990.) The solid 

line is the re-interpreted model curve for Eq. (16). 

It is straightforward to write a reaction in which the same surface complex proposed by 

Girvin et al. (1990) is formed i.e. 

= SsOH + NpOt + H30*±= SsOHNpO20H° + H+ (17) 

In the generalised two-layer model, Eqs. (16) and (17) are equivalent, and would yield 

the same intrinsic complexation constant We prefer to use the simpler of the two 
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reactions. However, in the triple layer model, these two reactions are not equivalent 

and consequently would yield diffcnt fits to the experimental data and different binding 

constants (see Girvin et al. 1990). 

4.4 Competitive Sorption 

The artificial groundwater (Table 2) is calcite saturated at the given pH of 8-2 and 

the calcium concentration is ~ 3-4 x 10~4 M. This is approximately seven orders of 

magnitude greater than the total Np inventory in the experiments. Even if the tendency 

of Ca2+ to form surface complexes is weak, it could have a significant competitive 

effect on the sorption of Np because of the large concentration differences. 

Dzombak and Morel (1990) give surface complexation constants for Ca2+ on the strong 

and weak sites and these were included in the subsequent modelling of Np sorption. 

Strictly speaking, we should have also included the other major bivalent ion in the 

system, Mg. However, complexation constant data for Mg2+ on strong sites were not 

available and we neglected its potential influence. Note that Na+ and K+ do not form 

specifically sorbed surface complexes and belong exclusively to the diffuse layer and 

background electrolyte. 

4.5 Summary of fixed model parameters 

Table 3 gives an overview of the acid/base and surface complexation reactions con

sidered, together with values for the intrinsic complexation constants and the sources 

of the data. We have used DSURF, together with the data given in Table 3, and the 

thermodynamic data base MINEQL/PSI 1992 (Bemer, 1992), to predict the sorption of 

Np (section 6) under the experimental conditions given previously. It should not be 

forgotten that we are using a relatively simple model to describe complex surface pro

cesses in terms of general macroscopic parameters. The actual processes taking place 

may or may not be those defined in the model and the surface reactions considered. In 

one sense, the intrinsic surface complexation constant fitted to the data of Girvin et al. 

(1990) is an adjustable parameter. There is no independent evidence, of which we are 

aware, that the proposed surface reaction actually takes place. 
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Table 3: Summary of surface complexation reactions and data. 

Surface Complexation Reaction Mass Law Equation logK, Source 

=S'OH° + H+ ^ =S'OHl 

=S»OH° + H+ ^ =SwOHl 

=S'OH° ?=* =S'0" + H+ 

sS'-'OH0 ^ sS^O- + H+ 

=S'OH° + Ca2+ ** ~S'OHCa2+ 

=S»OH° + Ca2+ ^ ^ " O C a * + H+ 

=S'OH° + NpOj ^ =S'ONpO° + H+ 

(=S'OH°) (H+) 

nin< - (=s'OH») e iPv /rr ^ 

„ - _ (55 -Q- ) fH+) , - F g x 
JNnf — (s5»OW°) PV RT / 

^ _ {=S'OHCa*+) r / + 2 F * \ 
"•"« ~ (SS'OH0) {Ca'+}CIPV KT / 

, n f — (=S»OH°) ( C . ' * } " ^ RT / 

,nt (=S'0//°) {/VpO+} 

+7.29 

+7.29 

-8.93 

-8.93 

+4.97 

-5.85 

-0.98 

Charge-Potential Relationship: a = 0.1174 c , / 2 smA(£# x 19.46) 

(1) Dzombak and Morel, 1990. 
(2) Data taken from Figure 2 in Girvin et al. (1990) and re-interprcted using FITEQL (see text). 
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5 Calcium Surface Complexation and its Effect on Np 
Sorption 

Before presenting a comparison between the modelled and measured Np Rd - values as 

a function of pH, we need to define some basic terms which will be used throughout 

the following sections and also to illustrate the two major effects which influence the 

magnitude of sorption i.e. calcium competition and Np speciation. Performing model 

calculations by considering a simplified system first, will enable the later modelling 

work on a "real" system to be more readily understood. 

The surface concentration of the sorbed species, together with the aqueous speciation at 

equilibrium, for a given liquid to solid ratio (L:S), is calculated by DSURF. At a fixed 

pH and NpO£ concentration we define 0 (NpOj) as: 

Concentration of NpOf sorbed on the solid 
Equilibrium aqueous NpOf concentration 

The experimentally measured value, (NpRd)> relates the amount of Np sorbed per gram 

of solid to the total equilibrium Np concentration in solution, (Np(0()-

Thus 0 (NpOj) and "'Rj are simply related i.e. 

*«, = 0 lN,Ot) {-0l (19) 

In order to illustrate the influence of Ca2+ competition, we have used DSURF to cal

culate 0 (NpOj) sorption isotherms for the strong sites as a function of NpOj con

centration in an inert 1:1 symmetric electrolyte (1= 5 x 10~3 M) at pH = 10, 8 and 

6 in the presence and absence of 5 x 10~4 M calcium introduced as Ca(N03)2. At 

pH = 8 additional calculations were carried out at calcium levels of 5 x 10"5 M and 

5 x 10"3 M to show the effect of calcium concentration. The results are given in Figure 

2. In each plot, the lower broken curve(s) and the upper continuous curve represent 

0 (NpOJ) in the presence and absence of calcium respectively i.e. with and without 

Ca2+ competition. We only consider NpOj surface complexation on the strong sites 

whereas Ca2+ is allowed to bind on both weak and strong sites (see section 4). 
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Figure 2: Effect of CaJ+ competition on the 0 (NpOj") isotherm for kaolinite modelled 

as a function of pH and Ca2+ concentration. (Only sorption on strong sites is considered: 

see text for explanation.) 
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It is important to realise that at NpOj concentrations greater than the (NpOj)mar values 

indicated by arrows in Figure 2, surface complexation reactions on the weak sites will 

begin to influei.ce the magnitude of 6 (NpOj). We have not included such a reaction in 

the calculations since the Np surface complexation constant corresponding to the weak 

sites, wKinj , is not known. This does not influence the later predictive modelling 

results since the Np input concentrations are sufficiently low (see section 4.3). However, 

it is worth pointing out that for (NpO J) > (NpO J)max, sorption will be higher than given 

in this figure and would be predicted to exhibit non-linear Freundlich type behaviour. 

A number of important general principles can be deduced from the curves in Figure 2. 

(i) The generalised two-layer model predicts that 0 (NpOj) is constant as a func
tion of NpOj* concentration provided the NpOj equilibrium concentration in the 
system is less than a certain maximum value, (NpO|)m„, indicated by arrows on 
the curves. This maximum NpOj concentration is dependent on the pH and Ca2+ 

level. As pH increases, (NpO^)maj. decreases but 0 (NpO J) increases. Increasing 
Ca2+ concentrations lead to an increase in (NpOj)m«r values but a decrease in 
0 (NpO+). 

(ii) The corollary to the above is that if die initial concentration of Np added at a 
given pH is less than (NpO£)mor for that particular system, then 0 (NpOj) is 
independent of concentration at any chosen L:S ratio (batch tests). 

(iii) The effect of Ca2+ surface complexation is, quite simply, to reduce the solid 
concentration of strong sites available to NpOJ, thereby reducing the 0 (NpO£) 
value. 

(iv) The influence of Ca2+ competition decreases with decreasing pH such that for 
this system a Ca2+ concentration of ~ 5 x 10~4 M has no effect on 0 (NpOj) at 
pH = 6. 

(v) The influence of Ca2+ competition on NpOj sorption varies in a non linear manner 
with Ca2+ concentration. This is illustrated in Figure 2b, pH = 8. 

(vi) Though the binding reaction of Ca2+ to the strong surface sites (Table 3) appears 
at first sight to be independent of pH, the Ca2+ sorption is influenced by the 
exP(ART*) t e r m' ^ n e magnitude of this term is determined by the net surface 
charge at any pH via the Gouy-Chapman relationship. Surface prctonation and 
deprotonation reactions plus calcium sorption on both site types essentially deter
mine the net surface charge. Three of these reactions are pH dependent and the 
sum of their influences determines the magnitude and sign of "$" and thereby 
effects the sorption of Ca2+ on the strong sites. 
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(vii) The cuives in Figure 2 clearly show that for Ca2+ concentrations up to 5 x 10~3 M 
(as Ca(N03)3) in the pH range 6 - 10, 0 (NpO£) at low Np concentrations (2 x 
10~n M in the example studied later) is constant. 

The points made in (i) to (vii) are valid for 6 (NpOj) defined in Eq. (18) but do not 

apply to SpRi values. The influence of Ca2+ surface complexation and Np speciation 

on NpRd will be discussed in the following sections in connection with the model 

calculations carried out on the systems experimentally studied by Allard (1982). 
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6 Modelling Results 

6.1 General 

Allard (1982) only gives water chemistry data at pH = 8-2, see Table 2. Consequently, 
the validity of the calculated Np sorption values are, stricdy speaking, restricted to this 
pH. However, we wished to extend the pH range of the modelling study. At pH values 
above 8-2 we assumed calcite saturation which is reasonable provided that sufficient 
time was allowed between pH changes for calcite to precipitate. For pH values below 
8-2, two limiting cases were modelled. In the first, the calcium content in the system 
was taken to remain constant at the level given at pH = 8-2. In the second, we again 
assumed calcite saturation. Down to pH = 7, only fractions of a weight percent of calcite 
would have to be present to maintain saturation with respect to this mineral. Such low 
level "contamination" by calcite is certainly feasible. This assumption becomes less 
reasonable as the pH approaches 6 because of the quantities of calcite required. The 
actual Ca2+ concentrations probably lie somewhere between the upper and lower levels 
used in the calculations. 

We adopt a similar approach to that given in the previous section and present the 
modelling procedure and results in a series of stages so that the influence of the various 
parameters on Np sorption can be followed step by step. In the following calculations we 
have taken, as an example, Np sorption (input concentration = 2 x 10"11 M) on kaolinite 
(BET specific surface area = 1 1 m2g_1 (Allard et al. 1983)), the water chemistry given 
in Table 2, and the limiting cases for Ca2+ concentrations given above. Np sorption has 
been modelled in the pH range 6 - 105. Figure 3 shows various model curves which 
are discussed below. 

The continuous line in Figure 3, curve (a), corresponds to calculated 0 (NpOj) val
ues where Ca2+ surface complexation reactions were neglected. As can be seen, log 
0 (NpOj) increases linearly with pH and the slope of the line is very close to unity. 
For surface complexation reactions where binding occurs only on one site it can be 
shown that sorption follows a Langmuir type behaviour i.e. for a surface complexation 
reaction of the form 

= SOH + B*+*±= SO&-l)+ + H+ (20) 
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Figure 3: Calulated 0 (NpOj) values for kaolinite as a function of pH showing the in

fluence of Ca2+ competition: (a) no Ca2+, (b) Ca2+ = 10~« M, (c) Ca2+ = 3.8 x 10~4 M, 

(d)-(e) calcite saturation. 

0 (B*+) (1 g"1) can be described by: 

Kfnr(=SOHo)-lx-exp(=i^P-) 
0 (B*+) = 

{H+} 
(21) 

where: 
Kfn( = is the intrinsic surface complexation constant for the sorbing species B*+ 

7Z = is the activity coefficient for species B I + 

=SOH° = is the solid concentration of surface sites (mol g"1) 

The other symbols have their previously defined meaning. 

Considering now the sorption of NpOj at low initial Np<0( concentrations on the strong 

sites, then; z = 1 (Eq. (20)), and if it is assumed that (=SOH°) a? =S5 , the total surface 
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density of strong sites, Eq. (21), in log form, reduces to: 

log 0 {NpOt) = log sKff
nft + log = Ss + log 71 + pH (22) 

log sK,-„t , log SS and log 71 fit a fixed ionic strength) are all constants, therefore 

Eq. (22) predicts mat log 0 (NpOj) increases linearly cs a function of pH with a slope 

of unity as found in the calculated results shown in Figure 3. Incidentally, Eq. (22) 

also predicts that log 0 (NpOj) is constant at constant pH and ionic strength for low 

Np(<* concentrations (soe discussion in the previous section). Eq. (22) overestimates 

0 (NpOj) by 20-30% because of the approximation =S 5 ~ (=SOH), whereas in reality 

we have: 

= Ss = (= SOH) + (= SO~) + (= SO H+) + ( 2 SONpO°2) (23) 

The dotted line in Figure 3, curve (c), represents the 0 (NpOj) values modelled with 

Ca2+ surface complexation reactions (see Table 3) and a total calcium inventory of 3-8 

x 10~4 M. (The total calcium inventary was calculated from the water chemistry data 

given at pH ~ 8-2, Table 2, and the Ca2+ existing as surface complexes at this pH.) 

The system is saturated with respect to calcite for pH values greater then 8-2, curve (e), 

and undersaturated at all lower pH values. The "dot-dash" curve (d), was calculated 

for calcite saturation across the whole pH range and is, of course, congruent with the 

dotted line at pH > 8-2 (curve (e)). 

In order to give another view on the effectiveness of Ca2+ as a competing ion, the top 

broken line, curve (b), was calculated for a constant aqueous concentration of calcium 

equal to 10"6 M. The general form of this curve is similar to the lower doited curve, (c). 

At the 10~6 M level the influence of Ca2+ surface reactions do not become apparant 

until a much higher pH (8-8-2) and the competitive effect as a function of pH is clearly 

seen to be non-linear with Ca2+ concentration as described in section 5. 

The form of the calculated 0 (NpOj) curves in systems containing Ca2+ is determined 

by seven coupled surface complexation reactions and the Gouy-Chapman relation (see 

Table 3). Consequently, it is not possible to explain in any simple terms why these 

curves have the form shown. The complexity of the system is illustrated in Figure 4, 
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where the calculated concentrations of surface and aqueous species are shown for the 
case represented by the dotted curve (c)-(e) in Figure 3. 
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Figure 4: Surface and aqueous species concentrations as a function of pH in the artificial 
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In Figure 5, our reference curve (i), is the dotted curve (c)-(c) from Figure 3 which 

essentially describes the competitive effect of Ca2+ surface complexation reactions on 

die magnitude of 0 (NpOj) for a Ca2+ inventory of 3-8 x 10"4 M. We now wish 

to consider the influence of Np aqueous speciation on Np sorption (NpR<j values) via 

Eq. (19). In fact, what we are now generating are NpRj - values as a function of pH 

which die model predicts would be measured in batch sorption type tests. 

The results of such calculations may depend on die thermodynamic data base chosen 

since there is no generally agreed thermodynamic data set for Np. For this exercise we 

chose to use MINEQL/PSI 1992 (Bemer, 1992) and HATCHES 1988. The relevant Np 

thermodynamic data from these two data bases are summerised in Table 4. 

Table 4: Major aqueous hyponeptunyl complexes in die pH range 6 - 1 0 and their 
corresponding stability constants. 

Reaction 

NpOj + H20 *± Np02OH° + H+ 
NpOj + 2H20 ^ Np02(OH)j + 2H+ 

NpOJ + HCO3 ** NpOjHCO^ 
NpOj +2HCOJ F* Np02(HC03)2-
NpOj + CO|" ^ NpOjCOa 
NpOj + 2COJT *± Np02(C03)2~ 
NpOJ + 3COf- ^ Np02(C03)3~ 

NpOj + CI" ** NpO2CI0 

MINEQL/PSI 1991 
logK 

-9.0 

2.27 
3.94 

-0.1 

Source 

(1) 

(3) 
(4) 

(3) 

HATCHES 1988 
logK 

-11.5 
-22.9 

4.9 
7.1 
7.3 

-0.4 

Source 

(2) 
(2) 

(5) 
(5) 
(5) 

-

(1) Baes and Mesmer, 1976. 
(2)Lieneetal. 1982,1985. 
(3) Rai and Seme, 1978. 
(4) Phillips, 1985. 
(5) Maya, 1983. 
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As can be seen from Table 4, there are significant differences in both the Np species 

assumed to form and in the stability constants where the same species are considered. 

The effect of these differences is reflected in the two calculated NpKd curves given in 

Figure 5. 
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Figure 5: Comparison of calculated 0 (NpOj) and NpRd values showing the effects 

of aqueous speciation on sorption as a function of pH. Curve (i): log 0 (NpOj) (curve 

(c)-(e) from Figure 3); curve (ii): log Rj calculated using MINEQL/PSI 1992; curve 

(iii): log Kd calculated using HATCHES 1988 (see text for details). 

For the case in which the MINEQL/PSI 1992 data base was used, the formation of 

Np02HCO| below pH ~ 8-3 and Np02OH° above pH ~ 8-3 (see Figure 4) are mainly 

responsible for lower Nf,Rd values compared with 0 (NpO£). 
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Where HATCHES 1988 was used, NpOj is by far the dominant species below pH 

~ 7-5 and in this range 0 (NpOj) ~ NpRd- Above pH ~ 7-5 die concentration of 

Np02COj species become significant It is equal to the NpOj concentration at pH ~ 

8-2 and constitute die major species in solution up to pH ~ 10-5. At the latter pH, die 

concentration of Np02OH° is approximately tiiree orders of magnitude less than die 

NpOjCOj level and diercfore plays no role in determining ^ R j in Eq. (19). 

6.2 Comparison of modelled neptunium R</ values with experimen
tal results. 

On die basis of die procedures described in die previous sections we attempted to model 

die Np sorption results given by Allard (1982) as a function of pH on some 32 minerals 

and rocks. The experiments were all carried out under oxidizing conditions at a Np input 

concentration of ~ 2 x 10"n M in a syndietic groundwater whose initial composition 

at pH = 8.2 is given in Table 2. 

It is important to realise mat in this modelling exercise tiiere were no free "fitting" 

parameters and such a study must be clearly distinguished from ones in which variable 

parameters are used to "curve fit" sorption data. The surface complexation reactions 

and associated intrinsic constants used are listed in Table 3 and these were fixed for all 

die calculations. The only parameter which was varied from mineral to mineral was die 

surface area (see section 3) and die experimentally measured values were taken from 

Allard et al. (1983). In some cases die appropriate surface area data were not available 

and die model could not be applied. This was die case for tiiree sulphides (galena, 

molybdenite and chalcosite), montmorillonite, chlorite, basalt and die two granites. 

Curves for die predicted Rd values as a function of pH are presented in Figures 6 

to 10 togedier witii die measured data (filled circles). In each figure die upper line 

(pH < 8.2) is calculated for a constant calcium inventory and die lower line at calcite 

saturation (see section 6.1). Minerals have been grouped in die figures according to die 

classification given in Table 5. The stability constans for Np aqueous species given in 

Table 4 (MINEQL/PSI 1992) were used for all the calculations. 

145 



Table 5: Mineral classification, fonnulae and surface areas. 

Qass 

Ortho-, ring-
and chain-
silicates 

Sheet-
silicates 

Tecto-
silicates 

Oxides 

Sulphides 

Figure 

6a 
6b 
6c 
6d 
6e 

7a 
7b 
7c 
7d 

8a 
8b 
8c 

9a 
9b 
9c 
9d 
9c 

10a 
10b 

Mineral 

Almandine 
Epidote 
Olivine 
Augite 
Hornblende 

Kaolinite 
Serpentine 
Attapulgitc 
Biotite 

Microcline 
Bytownite 
Albite 

Magnetite 
Limonite 
Hematite 
Corundum 
Gibbsite 

Pyrite 
Chalcopyrite 

^Approximate formulae 

Fe*+Al2Si3012 

Ca2Fe3+Al2O.OHSi207Si04 
(Mg,Fe)2[Si04l 
(Ca,Mg,Fe^l)2(AlSi)206 

(Na.K)0_,Ca2(MgJ%2+JRe3+.Al)5 

[Si«-7A12-,022](0H.F)2 

Al4[Si4O10](OH)8 

Mg3[Si205](OH)4 

K2(Mg.Fe2+)6_4(Fe3+.Al.T0o-2 
(Si6_5AI2_3O20](OH,F)4 

(K.Na)[AlSi308] 
Na[AlSi308]-
Ca[Al2Si208] 

F e 2 + ^ + 0 4 

FeOOH.nH20 
a-Fe203 

a-Al203 

Al(OH)3 

FeS2 

(Cu,Fe)S2 

2)Surface 
area 

Im'g"1) 

2.1 
4.2 
5.0 
6.3 
4.6 

11.0 
15.7 
190 
7.0 

4.2 
3.1 
2.9 

2.1 
80 

1.8 (?) 
2.1 
13 

7.0 
7.2 

1) Deer, Howie and Zussmann, 1977. 
2) Allard et at. 1983. 
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Figure 10: Np sorption on sulphides. Filled circles are measured data (Allard, 1982). 

Modelled NpRd curves: constant calcium inventory at pH < 8.2 (Ca2+ = 3.8 x 

10~4 M) and calcite saturation at pH > 8.2; calcite saturation. 

If envelopes are drawn in the figures which encompass all the measured values then the 

predicted curves almost invariably lie within these envelopes. The general trend in the 

experimental data is of increasing Nj>Rd with increasing pH. A similar trend is seen in 

the calculated curves. The form of the latter is predominantly determined by competitive 

surface complexation reactions of Ca2+ and Np aqueous speciation. The quantitative 

influence of these two processes and how they reduce the calculated 0 (NpOj) values 

to produce the simulated "measured" NpRd values was discussed in the previous section. 

For a number of reasons it would be wrong to expect the modelled curves to "fit" the 

experimental data in the sense that they pass through the measured values. 

From the modelling side, there are clearly uncertainties in the values of the intrinsic 

surface complexation constants. Dzombak and Morel (1990) give the best estimate 

pK$n< values at the 95% confidence limit for Kfn<, Kfn„
 SK%?+ and WY$£* as +7.29 
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±0.1, -8.93 ±0.07, +4.97 ±0.1 and -5.85 ±0.19 respectively. For sK?n?\ only one 

set of data were analysed. The uncertainty in the value used is probably at least as 

great as those given above. We have not, as yet, investigated the influence of these 

uncertainties on the calculated ^rRj values. 

From the experimental side, no indication of the error bands associated with the data 

are given. Some idea of the reproducibility can be obtained by considering separate 

Rj measurements made on the same mineral at a constant pH, e.g. Figures 6c and e 

at pH ~9 and 8 or Figures 7b and d at pH ~8.9 and ~8.5 respectively. Secondly, the 

water composition is only given at pH=8.2; assumptions had to be made in the model 

for other pH values, thus there is an uncertainty regarding water chemistry. It should 

be noted that at pH 8.2 where full equilibrium water chemistry data were available, 

die modelled Rrf values are generaly in good agreement with the experimental results. 

Thirdly, experimental time scales were given as 5 days, but sorption kinetics were not 

discussed. 

The above comments should in no way be taken as a criticism of Allard's extensive 

compilation of sorption measurements of Np (and Am and Pu). Indeed, as stated 

previously, the Np measurements are one of the very few complete data sets of their 

kind. Rather, we merely wished to point out potential uncertainties in the experimental 

data in order to put the comparison with the modelled curves into perspective. 

The surface area measurements are critical to the magnitude of the predicted Rj values. 

Variability in data within factors of two, and more, is not uncommon in such measure

ments. For example, though we have used the value of 1.8 m2 g_1 given by AUard 

et al. (1983) for hematite (Figure 9), literature values are significantly larger. (18-45 

m2 g ~ \ Grauer, 1990; 34-119 m2 g - 1 , Schwertmann, 1988.) Introducing a surface 

area within these ranges into the model would move the predicted curves for hematite 

up by more than an order of magnitude. 

Below pH 6 the surface complexation model is not adequate to describe the observed 

NpOj" sorption data. Another sorption mechanism appears to be dominant here. The 

most likely mechanism which comes to mind is ion exchange. All of the minerals 

considered have some cation exchange capacity (Allard et al. 1983) However, this 

would need to be investigated further and falls outside the scope of this particular 

study. In any event, Np sorption at low pH is of limited practical importance in most 
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conceivable safety assessment scenarios. 

In the majority of cases where experimental data are given above pH 9, the measured Rd 

values tend to increase rather sharply and the model curves under-predict the sorption. 

Various reasons can be put forward to account for this discrepancy. For example, in this 

pH range the speciation calculations using the MINEQL/PSI 1992 data base indicate 

that the concentration of NpO^ is decreasing rapidly and the dominant species becomes 

Np02OH° (see Figure 4). In principle this neutral species could also bind to surface 

hydroxyl groups which would lead to higher Np sorption. Since we were unable to find 

any independent data in this pH range which we could model, this hypothesis was not 

tested. Alternatively, the quality of the thermodynamic data used could be in doubt. 

For example, if the stability constant for the formation of Np02OH° species were to 

be smaller, this would increase the relative concentration of NpOj in this pH region 

and have the effect of increasing R<* i.e. Rd values would tend to move closer to Kd 

values; compare Figures 3 and 5. The surface area is such an important parameter that 

any variation in its magnitude during the experiments would be directly reflected in the 

Rd values. Increases in the surface area at higher pH values through the formation of 

further quantities of ferric (hydr)oxides could also explain increased sorption. Ideally, 

surface areas should be checked after sorption. 

Since the same surface complexation constants and site densities have been used for 

each mineral together with a constant water chemistry at each pH the model implies 

that the sorption measured should be directly proportional to the specific surface area 

under these conditions. Figure 11 shows the experimental sorption data at pH=8.2, 

with the vertical bars representing the estimated uncertainty ranges taken from Figures 

6-10, plotted against the surface areas for all the minerals considered in this modelling 

exercise. A pH of 8.2 was chosen for this plot because it is the only pH for which 

measured water chemistry data were reported. The dashed line shows the predicted 

linear relationship between Revalues and the corresponding surface areas. 

In two instances the uncertainty bands lie clearly off the predicted line. However, one 

of these cases is for hematite (dotted bar) and it has already been mentioned that the 

surface area given in Allard et al.(1983), and used in these calculations, is at least one 

order of magnitude less than the values cited in the literature. In 8 further examples 

the predicted values are at, or near, the upper ends of the uncertainty bands. Compared 

with experimental results, the model tends to overestimate Rj values particularly for 
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surface areas less than 10 m2 g_1 where most of the measurements lie. No uncertainty 

ranges for the surface area measurements are given, but this can easily be factors of 2 

or more and the model is relatively sensitive to this input value. 
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Figure 11: The broken line represents the predicted variation of log Rd with surface 

area. Measured data, with their estimated uncertainty ranges, are shown as vertical bars 

(taken from figures 6 to 10). The dotted bar is for hematite (see text for details). 

For a number of minerals the model predictions were rather poor and have not been 

included. The silicate mineral quartz and the minerals calcite, fluorite, anhydrite and 

apatite fall into this category. Some qualitative reasons can be put forward as to why 

the model does not work in these cases. The silanol surface groups (=SiOH) on 

quartz are the most likely sorption sites and these have markedly different properties 

to the hydroxy groups on oxides (see for example Schindler and Stumm, 1987). The 

formation of Np phosphate surface complexes could be the main sorption mechanism for 
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Np on apatite. Similarly, Np carbonate surface complexes could be formed on calcitc. 

Precipitation/dissolution reactions will also be occuring as function of pH in the latter 

case and this is likely to influence the surface structure and area. 

It may seem, at first sight, somewhat surprising that the Np sorption predictions for 

the iron sulphides, pyrite and chalcopyrite, are in such good agreement with the ex

perimental data since the surface properties of pure sulphide minerals have little in 

common with hydrous ferric oxides. However, die likely explanation for the model 

prediction/experimental data congruency lies in the hypothesis outlined in section 2. 

That is, Np sorption on sulphides has nothing, or very little, to do with the sulphide 

surface groups themselves. Rather, oxidation occurs at the surface and the sulphide 

minerals acts as a substrate for the formation of ferric oxides which, in turn, determine 

the sorption of Np. 
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7 Summary and Conclusions 

A mechanistic approach has been developed towards understanding and providing a 

quantitative description for the sorption of NpOj at trace levels in "natural" systems. 

The first key feature of the sorption model is the proposition that in many cases (but 

not all) minerals and mineral assemblages are not themselves of prime importance 

in determining sorption. Rather, they act as mechanical substrates in nature for the 

formation, precipitation and floculation of weathering products and secondary minerals. 

These thin surface coatings are the real sinks for trace elements in natural systems 

(see Jenne 1977). Thermodynamically metastabe amorphic and microcrystalline oxides 

of manganese, iron, aluminium and silica plus organic substances are considered, in 

general, the most likely types of material forming these coatings. The in situ conditions 

will determine which type of coating dominates and, clearly, for different environments 

different surface coatings may be expected. 

We have taken the above proposition a stage further and hypothesised that under ox

idizing conditions coatings with Fe/Al oxide type properties on mineral surfaces are 

major trace elements sinks. The surface complexation properties of iron and aluminium 

type oxides are similar (see e.g. Sposito 1984) and an extensive surface complexation 

data base exists for hydrous ferric oxide (Dzombak and Morel 1990). The consequence 

of this hypothesis is that sorption on many minerals types and assemblages should be 

described by these constants. This is the second key feature of the model. It is also 

assumed that for clay minerals the pH dependent edge sites have very similar surface 

characteristics to these oxides. 

The third key model concept is that the solid surface concentration of sites in any 

system is linked to the measured surface area of the mineral or mineral assemblage via 

a constant total site density of 3.84 /xmol m~2 (see section 3). 

The generalised two-layer surface complexation model described in detail by Dzombak 

and Morel (1990) was chosen in preference to other existing similar models on the 

basis that it is the simplest and requires the least number of input parameters. The code 

DSURF (Dzombak and Morel, 1989) was used in conjunction with the PSI/MINEQL 

1992 thermodynamic database to calculate radionuclide sorption. 

As a test case for the above model concepts and the generalised two-layer model, Np 
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sorption data reported by Allard (1982) and surface area data from Allard et al. (1983) 

were used. The former work presents Np sorption data for some 32 minerals and rocks 

as a function of pH in an artificial groundwater. 

The intrinsic surface complexation constant for NpO^ on hydrous ferric oxide was de

termined by re-analysing the data of Girvin et al. (1990) using FITEQL (Wcstall, 1982) 

and me generalised two-layer model. A value of log SK,„^ = -0.98 was determined. 

The synthetic groundwater used in AUard's sorption experiments contained calcium 

concentrations several orders of magnitude grater than the input concentration of Np. 

Consequently, calcium competition was taken into account in calculating Np sorption by 

using the Ca2+ surface complexation constants on HFO given by Dzombak and Morel 

(1990). 

In this particular system the competitive effect of Ca2+ played an important role in 

determining Np sorption. In general, the influence of Ca2+ on radionuclide sorption 

will depend on its concentration, the pH and the relative magnitudes of the surface 

complexation constants for Ca2+ and the radionuclide in question. 

The data used in all the modelling exercises are summarised in Tables 1 to 4 and 

remained fixed for every mineral. The only parameter which changed from mineral 

to mineral was the experimentally determined surface area (Table S). Since only one 

independently determined parameter set was used for every case, this study represents 

a true predictive modelling exercise and involves no "curve fitting" and no variable "fit 

parameters". In the pH range 6 - 9, most of the predicted Rj values lie within the range 

of values measured experimentally. 

The philosophy behind this work was to attempt to develop a global concept for mod

elling radionuclide sorption in natural systems. We believe it is fair to say that in 

the case study presented here the approach adopted and the model concepts described 

were succsessful. However, "one swallow does not a summer make". Nevertheless, at 

present, the implication is that only surface area measurements on mineral assemblages 

are necessary (see section 3) to predict sorption values of radionuclides provided the 

nature of the active surface secondary mineral(s) can be identified or deduced and the 

relevant intrinsic surface complexation constants are known or can be evaluated. 

In principle the latter data can be obtained from measurements carried out in simple 

157 



systems; there is no need to attempt to reproduce in situ conditions in the laboratory 

(except for the pH and Eh) given that confidence exists in the thermodynamic data base. 

Eh may be an extremely important variable with respect to the stability of the active 

surface coatings. For example, (hydrous) ferric oxides may become unstable under 

anoxic conditions. 

This approach will not work in all cases, and indeed, some examples (with reasons) of 

where it is inappropriate have been mentioned. We believe that trying to understand 

sorption via mechanisms, the development of model concept- and the use of predictive 

models, is the only feasible approach we can envisage that has the potential to provide 

defensible sorption values for safety assessment studies over die wide range of conditions 

required. 
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ABSTRACT 

The safety arguments in support of many radioactive waste repository concepts 
are heavily dependent on the existence of a sorption reaction. Such a reaction 
will, in the near field, reduce the magnitude of the release of a number of 
hazardous radionuclides so that their release to the geosphere is dispersed in 
time. In the geosphere, the sorption reactions provide a mechanism whereby 
the migration of the elements releasee! from the repository is retarded and the 
radioisotopes then subsequently decay. The processes involved in sorption 
cannot in many cases be satisfactorily represented in thermodynamic terms 
such as are employed in the description of dissolution and precipitation. 

Experiments that investigate these reactions are not easy to perform. The 
sorption parameters that are obtained experimentally for the near field relate, 
in the UK case, to sorption on to a cementitious surface. These surfaces, since 
they consist substantially of calcium hydroxide or calcium silicate hydrates, 
control the aqueous chemistry, do not permit pH changes to be made and limit 
the range of concentrations of sorbate that may be used. In the far field, on 
the other hand, the surfaces are not in general so active with respect to the 
solution chemistry and data can be obtained across a wide spectrum of aqueous 
chemistries. These data, although they may be useful in testing and para
meterizing models, may not have validity under field conditions since the 
minerals will, inevitably, react to the changes in water chemistry over 
geological timescales. The uncertainties in the experimental data are, for many 

163 



elements and solids, balanced by a reasonable agreement between workers in 
the values of the parameters used to describe sorption. 

This paper outlines the approaches used in the UK Nirex Safety Assessment 
Research Programme (NSARP) to the acquisition, verification and validation of 
the sorption parameter, and how these data are then selected and used in the 
safety assessment. It is concluded that the simple linear-equilibrium sorption 
approach applied within current assessment models in the UK is appropriate. 
Although it is not a detailed representation of processes, there is confidence 
that it is a robust and reasonable approximation, not leading to significant 
under or overestimations of risk. 

1. Introduction 

The safety arguments in support of many radioactive waste repository concepts 
are heavily dependent on the existence of a sorption reaction. Such a reaction 
will, in the near field, reduce the magnitude of the release of a number of 
hazardous radionuclides so that their release to the geosphere is dispersed in 
time. In the geosphere, the sorption reactions provide a mechanism whereby 
the migration of the elements released from the repository is retarded and the 
radionuclides then subsequently decay. 

There is universal acceptance of the role of sorption as a mechanism for 
retention. This acceptance is based on the wide evidence that exists in the 
laboratory and in nature for elements migrating from ore deposits in slow-
moving groundwater. 

The processes involved in sorption cannot in many cases be satisfactorily 
represented in thermodynamic terms such as are employed in the description 
of dissolution and precipitation. This is particularly true for the sorption 
processes that are important to the safety arguments for a radioactive waste 
repository. In such cases sorption will take place onto surfaces that are highly 
complex, such as mixed minerals and concretes, that are evolving comparative
ly rapidly, such as cements and concretes, or that are thermodynamically not 
in equilibrium with their surroundings, such as many igneous rocks. Linear 
models of sorption have been used in repository assessments. These represent 
an approximation to the dilute limit of an adsorption isotherm where a linear 
relationship between the amount sorbed and radionuclide concentration is 
expecl°d. The problem remains for the author of the safety argument to find 
a sound argument for selecting a particular value for the parameter used to 
describe sorption. 
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One of the consequences of this complexity is that the reactions are not readily 
amenable to simulation by mathematical modelling. A number of models [1, 
2, 3] have been postulated in the context of the radioactive waste repository, 
and some of these have been incorporated into the geochemical codes used for 
simulating the aqueous behaviour of the radioelements [4, 5]. However, the 
parameterization of such models remains difficult. 

Experimental investigation of these reactions is not easy. The parameters that 
are important to the models are, amongst others, the solid to liquid ratio, the 
aqueous speciation, the pH and the aqueous concentration of the sorbing 
element. The sorption parameters that are obtained experimentally for the 
near-field relate, in the UK case, to sorption on to a cementitious surface. 
These surfaces, since they consist substantially of calcium hydroxide or calcium 
silicate hydrates, control the aqueous chemistry and do not permit pH changes 
to be made. Furthermore, the solubility limit of many of the important 
radioelements are very low under these highly alkaline conditions. The 
combination of these two effects means that near-field sorption data can only 
be obtained under a narrow range of experimental conditions. Such a narrow 
range of data does not allow theoretical models of sorption to be adequately 
tested. 

In the far field, on the other hand, the surfaces are not in general so active 
with respect to the solution chemistry and data can be obtained across a wide 
spectrum of aqueous chemistries. Although these data may be useful in testing 
and parameterizing models, they may not have validity under field conditions 
since the minerals will, inevitably, react to the changes in water chemistry over 
geological timescales. 

A substantial source of concern over the relevance of laboratory measurements 
of sorption arises from the wide discrepancy between the solid to liquid ratio 
employed in the laboratory to that found in the field. Some of these concerns 
may be reduced by the use of the through diffusion (or diffusion-sorption) type 
of experiment, where solid samples are used and, for the bulk of the sample, 
the solid to liquid ratio is realistic. However, these experiments are costly in 
terms of time and resources and so many data are acquired from simple batch 
sorption experiments. 

There are alternative experimental approaches to the validation of the various 
models of the sorption reactions. A number of natural analogues of the 
radioactive waste repository and of radioelement migration in the geosphere 
have been used to build confidence in some of the models. In the laboratory, 
waste packages have been simulated and exposed to extended leaching. Both 
approaches have value and show that sorption plays a part in the release and 
retardation of radioelements, but the interpretation of the results is not 
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unequivocal as there are many unknown or undetermined experimental 
variables, which can make the interpretation difficult and uncertain. 

The uncertainties in the experimental data are, for many elements and solids, 
balanced by a reasonable agreement between workers in the values of the 
parameters used to describe sorption. This agreement may be outside that 
which is normally accepted as experimental error, but the residual differences 
are probably unimportant in the context of different national safety assess
ments. The need is for a sorption parameter that can be used with confidence 
in the safety assessment. It is for these reasons that the sorption parameter 
should be adequately understood and that the parameters used in the safety 
assessment to describe the magnitude of the sorption effect are not only the 
best that are available but can also be defended as realistic and representative 
of the natural state. 

This paper contains an outline of the approaches used by UK Nirex Ltd. to the 
acquisition, verification and validation of the sorption parameter, and a 
description of how these data are then selected and used in the safety 
assessment. The work described is undertaken as part of the Nirex Safety 
Assessment Research Programme (NSARP). 

2. Sorption Models 

The models described in this section have been used as research models to aid 
the interpretation of experiments from which sorption parameters are obtained. 
After validation against experiments, they may also be useful in investigating 
the limitations of the linear sorption approach used in assessment models, and 
in selecting values for the sorption parameters. 

Typical reactions at a mineral surface can be described by the following 
equations 

SOH * Cats - SOCat + Hs <2.D 

SOH + Hs + Ans - SOHjAn (2.2) 

where Cat5 and Ang are a cation and anion (the subscript S denotes a surface 
species), respectively, and SOH represents a surface hydroxyl group. The 
equilibrium constants for the two reactions are given by 
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It should be noted that charges have been omitted from all equations for 
clarity. In surface complexation models, surface charge is assumed to result 
from the sorption reactions, and the effect of this is incorporated into the 
model by including a factor derived from electric double layer theory [6]. In 
the mass action law equations (2.3) and (2.4), the activity of a surface species 
can be related to the bulk activity of that species by considering the electrostatic 
work in transporting ions through the interfacial potential gradient. This gives 

[surf) = [bulk) exp(-FfJR1) <2-5> 

where Y is the potential at the surface, F is the Faraday constant, R the 
universal gas constant and T the absolute temperature. The charge on the 
surface can be calculated from the concentrations of the surface species. 
Considering only protonated and de-protonated sites, the surface charge 
density is given by 

F([SOH;] - [SO]) (2#6) 

s a 

where s is the specific surface area and a the concentration of solid. The 
surface charge can be related to the potential by treating the planes as parallel 
plate capacitors. These equation have been incorporated into several 
geochemical modelling codes. Four sorption models have been used: constant 
capacitance, diffuse layer, basic Stern and triple layer model. 
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2.7 Constant Capacitance Model 

In the constant capacitance model it is assumed that all the adsorbed ions are 
attached to a single plane and are at the same potential. The surface potential 
is linearly related to the surface charge. 

where C = capacitance. This model is represented in Figure 1(a). 

2.2 Diffuse Layer Model 

The diffuse layer model is also based on the assumption of a single surface. 
However, in this case, the surface potential is related to the charge through the 
Gouy-Chapman electrical double layer theory [7]. This equation is: 

ad = fieejm sinh (FT/2/W) <2-8> 

where c is the relative dielectric permittivity, €0 is the permittivity in a vacuum, 
I is the ionic strength and all other parameters are as previously defined. The 
relationship of potential to charge of this model is illustrated in Figure 1(b). 

2.3 Basic Stern Model 

In the basic Stern model, the potential determining ions (H+, OH") are assigned 
to the surface, and the specifically adsorbed ions to a plane termed the inner 
Helmholtz plane (IHP). The potential is assumed to be the same on both the 
inner and outer Helmholtz planes. This is illustrated in Figure 1(c). The 
surface charge is given by: 

a0 = C(T0 - T^) (2.9) 

and at the outer Helmholtz plane, ad, by equation (2.8). 

2.4 Triple Layer Model 

As implied, the triple layer model defines three surfaces and can be regarded 
as an extended Stern model. This is illustrated in Figure 1(d). In this model, 

168 



Figure 1 Surface Charge - Potential Relationships for four Sorption Models 
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the capacitance between the inner and outer Helmholtz planes is also included. 
The relationship between the potential and charge away from the surface is 
given by: 

o0 - C ^ - Tx) (2-10) 

-od = C2(T, - T̂ ) (2-11) 

°o + °i + °d = ° *2*12* 

2.5 Application of the Models 

The constant capacitance model does not describe the full range of effects, in 
particular it contains no reference to the ionic strength of the solution. The 
other models have been applied to experimental data [4, 8] using different 
geochemical codes. The results were found to be in reasonable agreement. 
The selection of the most appropriate model depends to some extent on the 
quality of the experimental data available both to parameterize and to validate 
it. Of the more complex models, there are probably more data available to 
parameterize the triple layer model than the other two. However, in the 
context of radioactive waste management, the experimental measurements of 
sorption phenomena have not yet provided sufficient data that a definitive 
selection of the model can be made. 

In the experiments that have been satisfactorily simulated by modelling, the 
values obtained for the equilibrium constants K in equations (2.3) and (2.4) 
were plausible for weak sorption reactions, being equivalent to free energies of 
formation of a few kilojoules per mole. 

The need that remains is to show, for the particular conditions of the 
repository safety assessment, that the simple models of linear sorption are a 
fair approximation to the more complex models. This need exists since the 
incorporation of the complex models into an assessment code sets very intense 
but probably unnecessary computing demands. 
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3. Analogue Approach 

There is a growing body of evidence that sorption to natural rock systems 
operates universally and can be relied upon to explain the distribution and 
concentration of elements, including radionuclides, spreading from a source. 
For example, potable drinking water in aquifers is produced by filtration and 
sorption of contaminants by and to the rock through which it passes. Sorption 
has been invoked to explain the distribution of elements in and around ore 
deposits, weathered zones of igneous rocks and sites that have become known 
as 'natural analogues' for radioactive waste disposal. 

A well-known example is the plume of radionuclides from the natural reactor 
at Oklo in Gabon. The available evidence points to very limited migration for 
many of the radionuclides that were produced during the period of reactor 
'operation' [9]. In another example, the distribution and mobility of elements 
during the weathering of granitic rocks can be explained by a combination of 
chemical control, for example the importance of redox control for many 
transition metals and actinides, and the relative strengths of sorption by 
secondary minerals [10]. 

The use of such analogue systems provides an opportunity to build confidence 
in models and computer programs in which sorption is applied, against a 
system that may have been in existence for many millions of years. Such an 
approach gives access to a timescale that is inaccessible to a laboratory-based 
experimental programme and therefore gives more confidence that the system 
is in equilibrium. It should be noted that, of necessity, only those analogues 
that have survived and have been discovered can be studied; the reasons for 
the loss of those that have not survived clearly cannot be examined. 

A number of sites where radiochemical anomalies exist have been studied; 
these include the uranium deposits at Koongarra in Australia [11] and Cigar 
Lake in Canada [12], and the thorium deposits at Pocos de Caldas in Brazil 
[13]. Each of these analogue sites was chosen for its particular properties; for 
example Koongarra contains a uranium deposit that straddles the weathered 
and non-weathered zones in a shallow rock system. The plume of mobilized 
uranium in the upper part of the analogue is contrasted with the unmobilized 
concentrations in the lower. The Canadian 'analogue' is much deeper and any 
uranium migration is essentially controlled by limited water flow in fractures, 
whereas the Brazilian example is at the surface; all the uranium has been lost 
due to weathering, whereas the less mobile thorium has been retained. 

Detailed modelling of the physico-chemical state of these analogue systems is 
under way, usually on an international basis [11,12], In each case sorption is 
incorporated into the conceptual models designed to account for the observed 
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behaviour. The application of detailed mechanistic models is having some 
success in describing the observed migration behaviour of elements [13]. 

On geological timescales the process of sorption measured in the laboratory can 
be gradually superseded, under appropriate conditions, by more permanent 
association with the rock, often described genetically as 'mineralization', in 
which the element of interest becomes incorporated into the solid matrix. Even 
under such conditions, this association cannot be said to be 'permanent'; the 
thermodynamic disequilibrium will eventually be satisfied by the re-dissolution 
of the immobilized element. It is the timescale of this in relation to the half-life 
of the immobilized radionuclide that is of interest to the radiological safety 
assessor if it is to be of benefit in repository safety arguments. 

4. Experimental Approach 

Sorption is a generic term, which has been used to include non-sorptive 
processes that retard the migration of aqueous species; it covers the processes 
of absorption, physical adsorption and chemical adsorption. The mechanism 
of sorption depends on the chemical properties of the sorbate in solution, i.e. 
sorbate speciation, and both the chemical and physical properties of the 
sorbent'13'. It is difficult to distinguish between each type of sorption process 
experimentally. 

Absorption is the incorporation of a sorbate within the physical or molecular 
structure of a sorbent. The sorbate has access to the bulk not just the surface 
of the sorbent. 

Physical adsorption can be divided into three sub-groups: 

(a) Electrostatic adsorption is a rapid and largely reversible process strongly 
dependent on the sorbent composition and sorbate composition and ionic 
strength. Ion exchange is an example of electrostatic adsorption that is 
due to coulombic forces of attraction between charged sorbate species and 
the sorbent. 

(b) Specific adsorption occurs when the sorbate ion sorbs onto a small number 
of surface sites of opposite charge that exist irrespective of the net surface 
charge or which are induced by the presence of the sorbate ion. It can be 
rapid or slow, is dependent on temperature and highly dependent on the 
sorbent composition and sorbate concentration. 

(c) Non-specific physical adsorption is a rapid and reversible process largely 
independent of temperature, sorbent composition and sorbate composition 
and ionic strength. It is due to non-specific forces of attraction involving 
the electron shells of the sorbate and of the sorbent. 
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Chemical adsorption is due to the action of specific chemical forces and 
involves chemical bonding. It can be slow, largely irreversible, highly sorbate 
selective, temperature dependent and highly dependent on the sorbent 
composition and sorbate concentration. In principle, chemical adsorption is 
better described as chemical substitution or coprecipitation since it is not a true 
adsorption process. However, it is difficult to distinguish from physical 
adsorption under experimental conditions. 

The sorption parameter that is most widely determined is the distribution ratio, 
Rd. In the most general terms, the value is given by: 

„. _ concentration of radioelement on solid / ^ j * 
concentration of radioelement in solution 

An alternative parameter, Kd, is used more generally in physical chemistry to 
denote an equilibrium sorption coefficient. A previous NEA Workshop on 
sorption [14] made the recommendation that the term Rd be used to recognize 
the probable failure to attain equilibrium in laboratory studies on geological 
materials. The uncertainties on one single determination of the distribution 
ratio are largely influenced by the uncertainties involved in determining the 
solution concentrations. For a single determination it is always more probable 
that the true distribution ratio is higher than the calculated value rather than 
lower. However, the differences between individual experiments are much 
greater than those due to the determination of the solution activity and 
volume, and cement or rock mass. Methods for measuring sorption have been 
reviewed by Bradbury and Jefferies [14]. In that review, a number of criticisms 
were made of the prevailing experimental design of sorption measurements at 
that time. 

There are two techniques that are widely used for the determination of 
distribution ratios: the batch sorption and the diffusion-sorption methods. In 
the batch sorption experiments, crushed samples of the sorbent are equilibrated 
with solutions of the sorbing element; in the diffusion-sorption experiment, a 
massive sample of sorbent is used and the solution allowed to diffuse into and 
through the solid and the sorption parameters are extracted from the 
penetration profile. 

The batch sorption method has been criticized for the use of a crushed sample, 
which may expose atypical surfaces and for unrealistic solid to liquid ratios. 
The diffusion-sorption approach, which uses 'intact' samples, avoids these 
criticisms but at the cost of a much prolonged experimental time and a much 
higher investment in analytical effort. 
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Under the conditions of a cementitious near field, these criticisms have less 
validity than in the far field. The effect of solid to liquid ratio is likely to arise 
from a limited inventory of a species that is significant with respect to the 
aqueous chemistry of the sorbate or from the variation in aqueous concentra
tion of the sorbate during the experiment. Cementitious materials strongly 
influence the aqueous chemistry, but have an unlimited inventory, at least 
under laboratory conditions. The variation in solution concentration of the 
sorbate can be controlled by experimental design. 

The crushing of the sample that is necessary for the batch sorption measure
ment may influence the results. With non-porous samples, it can expose new 
types of surfaces or greatly increase the accessible surface area, thus leading to 
erroneous results. However, in the case of highly porous sorbents, such as 
some cements, essentially all the solid material surface is exposed to the 
solution and crushing should not expose a significant amount of new surface. 

There have been experiments mounted to test these points for the case of 
cement: 

(a) The sorption of americium and plutonium onto two types of cement in the 
form of coupons as crushed cement in a range of particle sizes have been 
studied [16]. The results of these experiments indicate that there is no 
major increase in sorption onto the crushed cements. The surface areas of 
crushed and uncrushed cement were also measured and showed no 
change in the surface area was noted after crushing. It was concluded in 
that work, that unlike geological media, k >- new sites are formed when 
cement is crushed. 

(b) The effect of solid to liquid ratio has also been investigated [17]. The first, 
involving plutonium, indicated no variation of Rd with changes in solid to 
water ratio in a range of one order of magnitude. Studies with carbon also 
suggested that steady state values of Rd were not dissimilar for both solid 
to water ratios (although increasing the solid to water ratio by an order of 
magnitude appeared to increase the rate of approach to equilibrium). 
However, a more extensive study with radium did indicate that values of 
Rd increase with increasing solid to water ratio by a factor of 20 over 2 
orders of magnitude. 

The rate of diffusion of elements through an intact cement disk has been 
studied in near-field diffusion-sorption experiments. However, the best 
candidates for diffusion-sorption experiments are weakly-sorbing elements, 
since the parameter most readily measured is the rate of breakthrough of the 
element through the cement sample. For strongly-sorbing species, the 
breakthrough can take much longer than a year. For the strongly sorbing 
species frequent additions of the element concerned are required to maintain 
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constant concentration levels; this can be costly in terms of materials and time. 
Decreasing the sample thickness decreases the breakthrough time. However, 
the minimum disk thickness is limited by the strength of the material. If 
breakthrough is not noted within the timescale of the experiment, it may be 
possible to obtain a concentration profile of the sorbed species through the 
sample by sectioning and analysis. 

5. Application of Data within a Safety Case 

In the UK the safety case for a radioactive waste repository will be examined 
at a Public Inquiry. The post-closure safety of a repository will be judged 
against the regulatory target of: 

'...a risk to an individual in a year equivalent to that associated 
with a dose of 0.1 mSv; about 1 chance in a million.' 

as defined by the authorizing Departments [18]. The necessity to extend 
calculations of risk into the far future requires the use of models, in which 
uncertainty is represented, coded into computer programs. Risk is essentially 
the product of probability and consequence and is calculated using a probabil
istic safety assessment (PSA) methodology in which uncertainty is represented 
by the use of probability density functions (PDFs) for important parameters. 
These models must be based on sound physical and chemical principles and, 
in an ideal world, would describe the disposal system in detail. 

However, to be confident that the calculation of risk has converged requires 
many repeated runs of the programs and so, for computational simplicity, the 
models that are applied in the safety case are simplified. These simple modeis 
are checked against more complex ones, describing parts oi the system in more 
detail, to confirm that they are providing an appropriate and sufficiently 
accurate representation of the system behaviour. 

The radioactive waste disposal facility must operate in a reliable and predictable 
manner over a very long timescale so, in the simplified treatment, only the 
most fundamental physical and chemical processes are considered for use in 
calculations that will be compared with the regulatory target. Sorption is one 
of these processes; it is considered to be an important component of the safety 
case being developed in the UK. Because it is such an important component 
of the safety arguments, the sorption data base selected for application in 
safety assessments must be robust. Before discussing the derivation of a data 
base for the near and far fields, it is appropriate briefly to review the way in 
which sorption is used in the assessment models. 
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5.1 Sorption in the Near Field 

Within the repository, credit is currently taken only for sorption to cementit-
ious materials outside the waste packages. After a period of containment, 
instantaneous linear sorption equilibrium is assumed between the radionuclides 
and the backfill and structural materials. If the inventory of an element is large 
enough, the solution concentration is controlled by the solubility limit despite 
sorption, whereas in other cases the solution concentration of an element is 
controlled by its distribution ratio. In the former case the degree of solubility 
limitation is controlled by the magnitude of the sorption parameters applied in 
the models. 

Leaching of radionuclides from the waste by groundwater removes radio
nuclides from the repository; the distribution ratio is restored by the radio
nuclide entering solution from the solid phase. The data used in the near-field 
model consist of element-specific distribution ratios for each of the materials 
present in the repository; in practice this has meant that a single value, 
appropriate to the backfill material, has been used. 

The nature of the groundwater that will infiltrate the repository can have a 
significant impact on the chemical environment and therefore on sorption. For 
example if the groundwater is very saline, the speciation of the radioelement 
may be affected and there will be fewer stable repository-derived colloids; these 
effects should be taken into account when designing experiments and 
considering data from other programmes in the derivation of a data base. 

5.2 Sorption in the Far Field 

A similar process is modelled in the rocks that overly the facility. Linear 
equilibrium sorption is assumed and maintained between radionuclides in 
solution and sorbed to the mineral surfaces. The porosity of natural rock 
systems tends not to be fully accessible and this is taken into account by the 
use of parameters representing the fraction of rock surface available for 
sorption. In fractured rocks, it is frequently the case that only a small amount 
of the porosity is accessible to flowing water. Dissolved radionuclides may also 
access the 'dead-end' porosity, and therefore additional sorption sites, by 
diffusion into the rock matrix. 

The data used in the far-field model consist of element-specific distribution 
ratios for each of the rock types encountered on the migration pathway to the 
surface; in practice this has been reduced to a single value representing the 
sorption properties of the rock in which the groundwater spends most time. 
This is because of the lack of site-specific samples and thus of relevant sorption 
data rather than an inability to model the more complex situation. 
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Given enough time and resources it would be possible to construct a 
programme of sorption studies that would cover the relevant elements and 
rocks from a potential repository location. However, other constraints apply, 
such as the need to demonstrate a solution to the problem of radioactive waste 
disposal on a short timescale, and there are currently some gaps in the overall 
data base; these will be filled by the time that authorization of the facility is 
sought. 

5.3 Sorption in the Biosphere 

Sorption processes are also important in the biosphere. For example, the 
transfer of radionuclides between water bodies and their migration through soil 
columns are modelled using an approach to sorption processes that is identical 
to that applied to radionuclides in the groundwater pathway before they reach 
the biosphere. This aspect will not be discussed further in this paper. 

5.4 Factors Influencing the Approach to Data Selection 

The data that are selected for particular applications of a safety assessment 
methodology do rot always have to be of an i Jentical 'quality'. For example, 
in comparisons between sites for the development of a waste repository, it is 
appropriate to concentrate on the geological differences and their influence on 
groundwater migration, which may be very significant. However, in 
site-specific assessments for quantitative comparison of the calculated risk with 
a regulatory target, data for all the important processes, of which sorption is 
one, should be the best available and should be specific to the local groundwa
ter conditions and rock properties. 

The requirement in the UK to calculate risk for comparison with the regulatory 
target has been addressed by the application of PDFs to uncertain quantities 
within probabilistic computer programs. Therefore the range of parameter 
variation and the shape of its PDF are required as part of the overall data base. 
The degree of attention that has been placed on the derivation of PDFs has 
changed with time, as the assessment results have been used for more 
quantitative comparisons. For such uses the width of the PDFs must reflect the 
total uncertainty; where element groups are expected to behave in similar 
ways, for example among tetravalent actinides, correlations can be introduced 
to ensure that very high and very low sorption values are not combined in 
unreasonable ways. 

A number of modifying factors must be considered in the derivation of a 
sorption data base; for example, the difference between experimental technique 
(batch vs. intact, see Section 4 above), the effect of water to solid ratio and the 
presence of organic species that could alter raoionuclide speciation. Indeed, 
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the effect of the disposal of organic-bearing wastes can also be very significant. 
Research within the NSARP has shown that solubility and sorption parameters 
for some key elements can be altered by orders of magnitude in the presence 
of degradation products from such wastes [19]. As far as possible, measured 
data are used to take account of such modifying factors; if they are not 
available a sorption reduction factor has been applied to the standard data. 

5.5 Derivation of a Sorption Data Base 

As noted above, the assessment models used currently in the UK require a 
single sorption parameter for use within each of the near- and far-field models. 
The number of radionuclides for which such data are required is large; 40 
elements are represented in the overall national inventory (see Table 1). 
Previous assessment experience [20, 21] has allowed this list to be reduced 
somewhat so that only 24 elements are currently considered in assessment 
modelling. 

As far as possible, the source of the sorption values for these radioelements is 
the NSARP. This is because the solid material and groundwater conditions can 
be precisely tailored to the current plans. However, even from the restricted 
number of elements, a priority list is used to guide experimental effort. Where 
the NSARP has not yet addressed a particular element, published work from 
other national and international programmes is consulted, but if that is not 
available or is judged to be inappropriate, the only recourse is to use chemical 
analogy between elements. 

A protocol has been developed in the UK for the selection of sorption data; this 
protocol is under further development in response to the uses to which the 
assessment results will be put. The approach that was adopted and used for 
assessments conducted between 1986 and 1990, can be applied to both near-
and far-field data and is summarized as follows: 

(a) ?ct elements for the data base; 
(b) cup these elements according to chemical properties, taking account of 

speciation calculations, relevant data and trends from other programmes, 
and general chemical knowledge; 

(c) interpolate between better-known elements for those that are difficult to 
categorize; 

(d) take account of modifying factors such as water to rock ratios, the presence 
of organic wastes, etc.; 

(e) produce a final 'rank' of the elements; 
(f) calibrate this rank against relevant data, concentrating on that from local 

programmes. 
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Data for early scoping and comparative assessments were assembled on this 
basis using individual expertise and experience. Regular meetings between 
experts and assessment staff ensured that consistency was maintained within 
the chosen data set; at this stage only internal review of the compiled data was 
undertaken. 

In any approach to the 'generation' of a data base it is important that data 
providers and data users keep closely in touch; the use to which data will be 
put can make a significant difference to the degree of sophistication and effort 
that should be applied. As the safety case has developed and the Public 
Inquiry has drawn nearer, a more sophisticated approach, data elicitation, is 
being developed for application within the Nirex programme. 

5.6 Data Elicitation 

Data elicitation is a general methodology in which decision theory is used, with 
a panel of experts, to address the values that key parameters, the uncertain 
quantities, should adopt [22]. The object is to explore the possible ranges for 
parameter values so that the calculations that ensue will accurately cover the 
range of system behaviours. The resulting range of values, presented as a 
probability density function (PDF) forms a direct input to probabilistic safety 
assessments. Sorption parameters for a few key elements will form part of the 
range of parameters that will be addressed using this methodology. A similar 
but less intensive application will be made for sorption data for radioelements 
judged to be of lesser importance; in these cases a hybrid approach will be 
followed, using elements of the protocol described above in section 5.5, and a 
locally administered data elicitation. 

One of the primary motives for this approach is that the data selected should 
satisfy the criteria for robustness. It is important to be able to demonstrate that 
this approach conveys the right messages over the safety of a potential site. 
Given the potential consequences for the nuclear industry of failure in the field 
of waste disposal, it is essential that repository safety assessments neither 
compound pessimisms nor give too optimistic a view of safety. 

6. Summary and Conclusions 

This discussion of sorption and the derivation of a sorption data base can be 
summarized as follows: 

(a) Sorption phenomena are universally applicable in aqueous systems; the 
surface interaction is a fundamental process that does not rely on specific 
chemical conditions. 
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(b) The magnitude of sorption reactions is important in determining the risks 
calculated in safety assessments and can be affected by chemical and 
physical conditions. 

(c) The mechanistic details of sorption reactions are not readily deconvoluted 
and cannot be adequately represented in thermodynamic terms. 

(d) Various models of sorption processes have been developed, with varying 
degrees of success; these models are not yet able to provide a reliable 
predictive capability. 

(e) Natural analogues of a radioactive waste repository can provide confidence 
that sorption processes operate in real systems. Some of these analogues 
have been successfully modelled using computer programs based on 
detailed mechanistic descriptions. 

(f) The derivation of a sorption data base must be based on experimental 
measurement under appropriate conditions. These will usually be site 
specific, which implies that sorption data bases cannot easily be compared. 

(g) Within a single programme the expansion of the data base to a larger 
number of elements can be justified using an approach in which limited 
data are used to rank and interpolate between elements followed by 
calibration of the ranking. 

(h) The use of probabilistic models to calculate risk for comparison with the 
regulatory target requires that probability distribution functions be used. 
Sorption is a key parameter in these models; it is appropriate to give a 
realistic distribution of values and to correlate parameter values within 
groups of elements to ensure that risks are not over or underestimated. 

(i) A more sophisticated approach to deriving a data base for uncertain 
quantities is being developed within the framework of decision theory. 

On this basis it is concluded that the simple linear-equilibrium sorption 
approach applied within current assessment models in the UK is appropriate. 
Although it is not a detailed representation of processes, there is confidence 
that it is a robust and reasonable approximation, not leading to significant 
under or overestimations of risk. 
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Table 1 : Matrix of sorption data for key elements 

Element Present in Considered in NSARP data Current 
National Assessments Availableu) Priority 
Inventory for Expts 

H 
Be 
C 
S 
CI 
Ca 
Cr 
Mn 
Fe 
Co 
Ni 
Zn 
Se 
Sr 
Zr 
Nb 
Mo 
Tc 
Ru 
Pd 
Ag 
Sn 
I 
Cs 
Ce 
Pm 
Sm 
Eu 
Ta 
Pb 
Po 
Ra 
Ac 
Th 
Pa 
U 
Np 
Pu 
Am 
Cm 

* * * 
* * * 
* * 

* * 

* * * 
* * * 
* * 
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* # * 
* * * 
* * * 
* * 

(a) Some of these data were measured on superseded materials and under non 
site-specific groundwater conditions. 
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A SUGGESTED APPROACH TOWARD 
MEASURING SORPTION 

AND APPLYING SORPTION DATA TO 
REPOSITORY PERFORMANCE ASSESSMENT 

Robert S. Rundberg 

Los Alamos National Laboratory 

The prediction of radionuclide migration for the purpose of assessing the safety 
of a nuclear waste repository will be based on a collective knowledge of 
hydrologic and geochemical properties of the surrounding rock and groundwa
ter. This knowledge along with assumptions about the interactions of 
radionuclides with groundwater and minerals form the scientific basis for a 
model capable of accurately predicting the repository's performance. Because 
the interaction of radionuclides in geochemical systems is known to be 
complicated, several fundamental and empirical approaches to measuring the 
interaction between radionuclides and the geologic barrier have been 
developed. The approachs applied to the measurement of sorption involve the 
use of pure minerals, intact, or crushed rock in dynamic and static experi
ments. Each approach has its advantages and disadvantages. There is no 
single best method for providing sorption data for performance assessment 
models which can be applied without invoking information derived from 
multiple experiments. 

Introduction 

The containment of radioactive waste in a geologic repository is to be assured 
through a reliance on multiple barriers. These are the wasteform and canister, 
the engineered barrier, and the geologic barrier. The geologic barrier is made 
up of hydrologic and geochemical systems. The transport of radionuclides will 
ultimately depend on the groundwater flow, groundwater chemistry, 
mineralogy, and physical properties of the rock. The movement of radio-
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nuclides is slowed by the interaction of the dissolved radionuclides with 
mineral surfaces in the rock, i.e., sorption. The sorption of radionuclides 
depends on concentration, speciation, mineral composition of the rock, 
concentration of competing ions, and pH. The large number of parameters 
affecting sorption suggests that an empirical approach may be favored toward 
measuring sorption. This was the approach applied to the Yucca Mountain 
Project by Los Alamos National Laboratory, until recently. 

The empirical approach has the drawback of the difficulty in achieving 
conditions which truly simulate the natural environment. Sorption experi
ments that will achieve a level of simulation closer to natural conditions will be 
those performed at the Aspo laboratoriet (the Hard Rock Laboratory)1 in 
Sweden. In these experiments sorption on intact rock will be performed in a 
sonde emplaced in the tunnel wall with groundwater from the surroundings 
passing through the experimental cell. In this way, the redox potential, carbon 
dioxide overpressure, and ground water composition are equal to in situ 
values. Time and money limit the number of chemical elements that can be 
tested in this approach. The in situ conditions may not be appropriate as a 
model for all failure scenarios. Altering the conditions to address the effect of 
these changes will compromise the concept of achieving natural conditions. 

The contrasting approach to measuring sorption is to study the basic 
interaction between a radionuclide and a single mineral. This approach allows 
the study of many radionuclides over a wide parameter space. The difficulty 
is in relating the parameters measured for a single mineral to a mixture of 
minerals in an intact rock matrix. The actual rock is heterogeneous and it may 
be difficult to analyse the trace mineral composition and/or the availability of 
minerals to the aqueous phase. The most revealing measurement which can 
be performed within this approach is the adsorption isotherm. The isotherm 
can provide useful concentration dependences that can be used to differentiate 
between a surface adsorption process and precipitation. 

Neither of these approachs can completely satisfy the requirements of 
performance assessment models. The empirical approach is too inflexible to 
changes in conditions such as, concentration, pH, temperature, and others, as 
dictated by a particular failure scenario. A fundamental approach may provide 
an adsorption model which is too complex to be incorporated into an already 
complicated performance assessment code. This difficulty could be overcome 
by finding conservative limits to the distribution coefficient which are based on 
a single mineral (preferably an abundant one). This method of establishing a 
conservative limit must then be tested by performing validating tests. This 
form of testing is required for any methodology short of a complete simulation 
of repository conditions. 

188 



Scientific Background 

Most performance assessment models rely on some form of the Kd concept. 
That is that the distribution coefficient can be applied to radionuclide transport 
by use of a retardation factor (the ratio of tracer velocity to groundwater 
velocity)2, 

R, . i • ^ m 

where, Ka is the distribution coefficient, p is the dry bulk density, and e is the 
porosity. The Kd is an experimental quantity determined by measuring the 
ratio of the solid phase concentration, q, over the aqueous concentration, c. 
Thus, 

Kd = 5 (2) 
4 c 

The layer of water nearest the mineral surface is affected by the surface charge. 
The surface charge repels like charged ions or attracts oppositely charged ions. 
If this effect is included the solid phase concentration for a wet solid can be 
represented as, 

9 = <la 
(3) 

where qa is the concentrations of radionuclide adsorbed on the solid surface 
and qex is the concentration of radionuclide excluded from the surrounding 
water layer. This modification of the definition of solid phase concentration 
allows for the occurrence of negative Kds which is consistent with the 
observation oi anion and size exclusion effects. These exclusion effects are 
manifested as an arrival time earlier than tritiated water, i.e., the retardation 
factor is less than 1. 

The expression in eq. 1 has inherent assumptions about the Ka. These are that: 
1) the isotherm is linear, 2) the adsorption reaction is reversible, 3) That the 
kinetics are rapid enough to allow microscopic equilibrium, 4) the interaction 
must be adsorption (as opposed to precipitation, for example), and 5) no 
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significant parameters (i.e., pH, Temperature, RedOx, etc.) vary within the 
system of interest. 

Dynamic experiments to measure Rf must make additional assumptions about 
the homogeneity of the porous medium. Although there are simple methods 
of dealing with some types of heterogeneity this is a serious complication. One 
form of the transport equation3 which includes the statistical distribution of 
hydrologic properties is, 

r*J
0 * a**** j a*' ' a 

where, X = the covariance matrix of the velocity field; u = mean velocity; 
j,k = the indices for the axes in the coordinate system; e = porosity; 
Rf = retardation factor. An example of the agreement between predicted and 
measured transport using this type of approach is shown later in fig. 9. This 
example is for the alkaline earth strontium for which the chemistry is simple, 
the interaction is most likely ion-exchange, the isotherm is linear and the 
kinetics fast. The challenge will be to predict the transport of less well 
understood radionuclides, i.e., the actinides. 

The details that must be understood in order to predict the transport of 
radionuclides having complex chemical behavior can be studied using several 
complementary methods. Assuming that speciation is adequately known the 
adsorption on pure minerals of radionuclides can be studied using radiochemi
cal and other spectroscopic methods. I will only consider interactions that can 
normally occur in a laboratory time scale under normal laboratory conditions 
of temperature and pressure. In other words I am excluding interactions which 
may occur in conjunction with mineral formation. The chemical interactions 
responsible for the sorption of radionuclides then are ion exchange, surface 
complexation, and chemisorption. 

Ion Exchange Models 

Ion exchange arises from two distinctly different chemical structures on the 
surfaces of minerals. One is the incorporation of aluminum (valence 3) in a 
tetrahedrally bonded silicate structure. The other is the amphoteric reaction of 
metal oxides with acids and bases. The former is a negatively charged surface 
of a fixed nature with the charge compensated by cations. The latter can be 
either negatively or positively charged depending on the pH of the aqueous 
phase. The exchange capacity of the former structure is fixed where the 
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exchange capacity of the latter depends on pH, Ionic strength, and the 
concentration of specific inner-sphere complexing ligands. The adsorption of 
exchangeable ions on an activated metal oxide surface is a form of outer-sphere 
surface complexation. 

The selectivity in aluminosilicates for a given radionuclide over another has 
been shown to be not a simple binary exchange process, even when the 
solution is a simple binary aqueous solution. This is because not all positions 
in aluminosilicate are equivalent with respect to crystallographic structure. For 
example, there can be differences due to steric crowding. These differences 
have been studied by deconvolving the ion-exchange isotherm. 

The method of deconvolution has been shown effective in studying structural 
effects on ion selectivities in synthetic zeolites4. In that study the shape of the 
ion exchange isotherm was shown to be due to differences in the crystallo
graphic structure at the ion exchange sites. This interpretation could not be 
made on the basis of the deconvolution of adsorption isotherms without 
spectroscopic data. However, the method of deconvolution does allow a 
quantitative correlation of the ion exchange data with the spectroscopic data. 

The method of analysis assumes ion exchange. The thermodynamics of ion 
exchange have been reviewed by Cremers5. The selectivity coefficient K for the 
hypothetical ion-exchange process in Reaction (5a) is given by Equation (5b), 
where a] and a2 are the activities in solution of the anion to be exchanged and 
the entering anion, respectively; q, and q2 are the concentrations of these 
anions in the solid phase that are expressed as moles of anion per gram of 
exchanger: 

M - Xj + X2" - X\ * M - X2 <5a> 

Wi 

As a result of mass balance considerations, Equation (5b) can be rewritten as 
Equation (6) where Q is the total moles of exchangeable sites per gram of 
exchanger, C0 is the total concentration of anions in the liquid phase, C2 is the 
concentration of the entering anion, and 7, and >2 are the activity coefficients 
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in the solution phase of the anion to be exchanged and the entering anion, 
respectively. 

«, = TOr^ (6) 
*2 C^.HKy^y^C, 

Equation (6) represents the dependence of the solid phase concentration on the 
liquid phase concentration. It has the mathematical form of the Langmuir 
isotherm. In general, adsorption isotherms do not follow the Langmuir 
isotherm. Many authors have successfully described cation exchange in terms 
of multiple sites". The underlying assumption of the deconvolution method 
is that the nonideality of the adsorption isotherm is due to adsorption at 
multiple sites. Consequently, one may consider a set of simultaneous equilibria 
as in Equation (7), where M\ M2, . . . , Mn represent different sites in the ion 
exchanger. 

M1 - X, + X2~ - X," * Ml - X2 <7a) 

M2 - Xx * X2 - X't * M2 - X2 
(7b) 

• • • • 

Mn - Xt * X't - X] * M" - X2
 l7c) 

The solid-phase concentration of the anion X; in site i is given by Equation (8), 
and the total solid-phase concentration of Xj is given by the sum in Equa
tion (9): 

i K Q IJCJ (g) 
ft = 

C O Y ^ K V Y , ) ^ 
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* Z = L « 2 = E * ,<? ,YA (9) 

i=o i.i C 0 Y,+ (J : 'Y2 -Y I )C 2 

This approach is further generalized by replacing the sum in Equation (9) with 
the integral equation (10), where f(K) is a distribution function for the 
selectivity coefficient of the exchange: 

92<c2> = jtitCv® fito dK ( 1 0 ) 

The idea of expressing the heterogeneity of the exchanger in terms of a 
distribution function has been previously presented9"13. Equation (10) is a 
Fredholm Integral of the First Kind and the methodology used here to solve for 
f(K) has been described by the author14,15 and others16,17 in previous papers. 
The computer code INVPOS has been written18 to solve Eq. 10. INVPOS uses 
the method of Butler, Reeds, and Dawson16 to find an optimal solution using 
regularization with a positivity constraint. 

Surface Complexation Models 

The concept represented by equation 7 could also be applied to mixtures of 
minerals as well. This would be useful for calculating Kds of intact rock from 
mineralogic composition if it were not for surface complexation. Porous 
minerals such as clays and zeolites have most of their surface area internal to 
the crystal in pores of diameter on the order of 3 Angstrom units. Nonporous 
minerals such as metal oxides adsorb radionuclides only on the surface. The 
sorption of radionuclides on nonporous minerals is therefore much more 
sensitive to crystal size and shape. In addition, minerals can be sequestered 
within the intact rock from groundwater by dead end pores. 

The models which are used to interpret the results of adsorption experiments 
on metal oxides are surface complexation models19,20. The most important 
difference between these models and conventional chemical equilibria is the 
effect of surface charge on the activity of ions in the triple or double layer. 
This effect is calculated by multiplying the bulk solution concentration by a 
Boltzman factor, 
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-t—\ (11) 
[M*] = [AT]** e Wi 

where, R is the gas constant, F is Faradays constant, T is the temperature, C 
is the capacitance, and a is the surface charge. 

The charge on the metal oxide surface is produced by the amphoteric reaclion 
of the metal oxide surface with acids and bases. The basic charge-producing 
reactions are with Bronsted acids and bases, 

M-OH * H30* - M-OHl + H20 <12a) 

* * = W-°H%1 e(mj (12b) 
01 [M-OHMHyO] 

M-OH - M-O- * Hp* (13a) 

j * _ [*-<nwn ei&) d3b) 
aI [M-OH] 

The surface charge can also be affected by the exchange or adsorption of Lewis 
acids or bases, (e.g., inner-sphere complexation). For example, we can 
postulate that bicarbonate oxygen replaces an oxygen on the metal oxide 
surface. The reaction describing this equilibrium is, 

M-OH * HCO; * M-CO; * H2O (14) 

Metal oxides are normally treated as homogenous surfaces with differences 
only in the mechanism of adsorption. Namely, inner-sphere versus outer-
sphere surface complexation. The surface hydroxyl are known to be nonequiva-
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lent and have been classified A-type, B-type, and C-type21. Nevertheless these 
surface hydroxyls are considered to behave in some averaged or coupled way. 
Recent studies22 at Chalmers University of Technology suggest that the Lewis 
acid sites are affecting the acid/base behavior of goethite. The kinetics of 
adsorption and desorption of "C labeled carbonate suggest steric differences 
between the carbonate adsorbed on goethite as an inner-sphere complex and 
as an outer-sphere complex. The carbonate is believed to be adsorbed as an 
outer-sphere complex by sharing a C-type oxygen in the goethite lattice23. This 
site also does not appear to be significant in the adsorption of cations because 
there is little effect when cation sorption is measured in a nitrogen atmosphere 
on purged goethite compared with cation sorption measured in air. The point 
of zero charge appears to be shifted because hydroxyl ions are consumed by 
the adsorbed carbon dioxid"24. 

The ion-exchange model and the surface complexation models can be 
incorporated into chemical equilibrium codes to combine speciation models 
with sorption. This approach allows the calculation of sorption for geochemical 
conditions other than those simulated in the laboratory. The ability to model 
the sorption of radionuclides under differing ionic strength, pH, RedOx 
conditions, etc. would give confidence that the assumptions made in order to 
apply eq. 1 to the transport equation are valid. Difficulties in modeling 
competitive anion exchange on goethite have been observed25. The surface 
charge for goethite at a pH chosen at a fixed difference from the point of zero 
charge appears to vary with crystal size26. This variation has been interpreted 
as being due to differences in sites on the surface of the goethite crystal27. A 
multisite model has been developed to model the acid base behavior of goethite 
by Heimstra et al28. The sites in this model are not located in the same position 
of the crystal and therefore the number of each site depends on the morpholo
gy of the crystal. The crystal morphology varies with the chemical conditions 
during formation29. Therefore the sorption properties of a rock may vary not 
only with mineral composition but mineral availability and crystal morphology 
as well. 

A multisite model has been proposed for the protonation of alumina by 
Schulthess30. Schulthess takes the concept farther than Heimstra et al. The 
use of the Boltzman factor, eq. 11, in the surface complexation model is based 
on the variation of the equilibrium quotient with surface charge. The logarithm 
of the equilibrium quotient varies linearly with the surface charge. Schulthess31 

fits the titration of alumina to a multiple equilibrium model without invoking 
the Boltzman factor. Heimstra et al. divide the surface into edge and plane 
sites. The edge sites have a Boltzman factor in the equilibria and the plane 
sites do not. The fundamental assumptions of the surface complexation model 
need direct experimental verification. 
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Empirical Measurements on Rocks 

Kus are more often measured on crushed rock than single minerals. Crushed 
rock is not necessarily representative of intact rock because the mineral 
availability, the surface area of minerals, and even the surface chemistry of 
minerals may have been altered. Exceptions are rocks that have very fine 
crystal structure (zeolitized tuff for example) for which crushed rock can be 
representative of the intact rock. The principal advantages of crushed rock are 
those of expediency. The rock can be homogenized making the sample more 
representative of a larger volume of rock. The experiments can be carried out 
in a reasonable time scale for laboratory measurements. The use of crushed 
rock therefore allows the study of multiple rock samples, concentration 
dependences, ionic strength dependence, pH dependence, etc32,33. 

Dynamic experiments can be performed to measure the retardation factor 
directly. These experiments, i.e., column experiments, with crushed rock have 
many of the same disadvantages as the batch measurements. The advantages 
are 1) that by comparing the results from static and dynamic experiments a 
failure to meet some of the requirements for eq. 1 would become obvious34 2) 
the comparison between static and dynamic experiments are performed on the 
same material (as opposed to using intact rock to compare with crushed rock) 
3) columns constructed from crushed rock can be made hydrologically 
homogeneous 4) the dynamic experiments are sensitive to slow sorption 
kinetics35 and 5) accurate determination of anion and size exclusion effects can 
be made36. 

The use of intact rock would appear to be the easiest way to achieve an 
appropriate Kd to the purpose of modeling transport. Unfortunately this may 
not be the case. The disadvantages are 1) intact rock is heterogeneous, i.e., a 
new unknown parameter is the statistical distribution of hydrologic and 
chemical properties 2) the distribution of hydrologic and mineralogic 
properties is difficult to characterize 3) the time required to perform experi
ments is relatively long thereby limiting the number of parameters which can 
be varied 4) it is difficult to establish a realistic groundwater flow field 
because the permeability is often low. 

Experimental Results 

Most of the sorption data available are as Kds for crushed rock at a single 
concentrations. A few isotherms have been measured but these are for the 
most part limited to the few concentrations needed to fit a Freundlich 
isotherm37. These isotherms are adequate for the purpose of estimating the Kd 
as a function of concentration over the range of concentration used to fit the 
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Freundlich isotherm. The Freundlich isotherm is empirical and the parameters 
derived from the fitting procedure are valid only for the rock and chemical 
conditions used in the determination. Examples of these experiments are 
shown in figs. 1 and 2. Fig. 1 shows a cesium data set38 fit to a Freundlich 
isotherm and fig. 2 shows a strontium data38 fit to a Langmuir isotherm, eq. 6. 
The cesium isotherm has a curvature that suggests saturation of sites. The data 
could be better fit with either a modified Freundlich as Fuentes39 et al. have 
done or a multisite model. There are not sufficient data to warrant applying 
deconvolution. There are too few points and judging from the spread in points 
at a given concentration the errors are too large. The stoichiometry of the 
Langmuir isotherm for strontium is that of a monovalent ion exchange. This 
implies that either strontium occupies only one charged site displacing a single 
sodium ion or that strontium only occupies sites which were previously 
occupied by a divalent ion, i.e., calcium. A general treatment of divalent ion 
exchange must allow for the additional possibility of a single divalent ion 
replacing two monovalent ions15. 
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Figure 1 Cesium sorption isotherm for devitrified tuff, YM-22, in ]Al water. 
The solid curve is a fit to the data (points) using the Frcundlich 
isotherm. 
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There is a need to put these experiments on a more sound thermodynamic 
basis using methods such as those described earlier. The best medium for 
studying the sorption mechanism is pure minerals. Although crushed rock 
batch sorption experiments could be interpreted in using deconvolution it 
would be better to use those experiments to test ones ability to provide 
estimates of the Kd based on mineralogy and groundwater chemistry. An 
example of single mineral experiments are shown in figs. 3 and 4. Fig. 3 shows 
the variation of neptunium sorption on Goethite, FeOOH, as a function of 
pH**. Fig. 4 a ion-exchange isotherm for potassium on a synthetic zeolite, 
sodium-Y, a Faujasite41. 
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Figure 2 Strontium isotherm with devitrified tuff, G1-2840, in J-13 water. 
The solid curve is a fit to the data (points) using a Langmuir 
isotherm. 

The neptunium isotherm shows that the adsorption of neptunium on goethite 
is a linear function of hydroxide ion concentration over a range of 6 orders of 
magnitude in concentration (from pH 3 to about pH 9). That stoichiometry 
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implies that neptunium (neptunyl ion) is not affecting the surface charge. The 
surface charge of goethite at pH below the point of zero charge has a 
logarithmic dependence on hydrogen ion concentration. There are at least two 
equivalent mechanisms which could be proposed to fit this stoichiometry. The 
neptunium could be adsorbed as a neutral hydrolyzed neptunyl or the 
neptunyl ion could displace a hydrogen ion from the goethite surface. 

1 
• o 

pH 

Figure 3 Neptunium adsorption as a function of pH on gocthitc at an ionic 
strength 0.01 M, sodium perchloratc oxidizing conditions. 

The potassium/sodium ion exchange on zeolite Y shown in fig. 4 was fit using 
the deconvolution procedure. The smooth curve is the sum of sorption in 
three distinct sites. The three sites were shown to correspond to three 
crystallographic locations in the zeolite. The most selective site for potassium 
corresponds to the smallest cage structures in the zeolite. Potassium is favored 
over sodium because the sodium ion is more hydrated than potassium. In 
order to fit a sodium in the small cage it must release water of hydration thus 
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increasing the free energy of the sorbed ion. The largest cage, the supercage, 
favors the sodium ion. The relative number of charged sites located in the 
three crystallographic locations depends on the Si/Al ratio. 
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Figure 4 Potassium ion-exchange on faujasite. 

Transport experiments using crushed rock columns provide a test of the Kd 
concept where the mineral availability and hydrodynamic effects (other than 
those associated with colloid transport) should not be in question. These 
experiments can be performed in a much shorter time period than intact rock 
because the permeability and porosity of the crushed rock column are generally 
greater. Long columns can be constructed to measure anion exclusion as 
illustrated in figure 5. The unexpectedly early breakthrough of plutonium(V)42 

in crushed tuff is shown in fig. 6. Similar behavior has been observed for 
plutonium(VI) and neptunium. 
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Figure 5 Comparison of tritiatcd water breakthrough with pertechnctate in 
zeolitized tuff. 

The pertechnetate breakthrough curve leads tritiated water by approximately 
4 ml. This effect is due to the exclusion of pertechnetate from the volume of 
water contained in the cage structure of the zeolites (mostly clinoptilolite). The 
magnitude of the effect is equal to intracrystalline pore volumes estimated from 
crystallographic studies of the minerals. The curve does not come up to 100 
percent of the initial concentration. About 20 percent of the pertechnetate was 
adsorbed by the crushed tuff. Most of the missing activity was found to be 
adsorbed within 15 cm of the inlet. The cause of this effect is yet unexplained. 
It is possible that the adsorption of pertechnetate was due to an experimental 
artifact such as bacterial growth. It is also possible that pertechnetate is 
adsorbed by a trace mineral. The latter explanation is one example of the 
uncontrolled factors introduced in the use of rock. 

The plutonium elution in fig. 6 is nearly unretarded. This elution was done 
using separated oxidation state plutonium(V). The fraction of the total tracer 
that is represented by the data is less than 70 percent. Plutonium colloid was 
found to be 90 percent retained and the 10 percent that does elute significantly 
leads the tritium elution. This is evidence for the hydrodynamic effect on 
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Figure 6 Plutonium(V) clulion through crushed tuff column. 

colloids. Neptunium and Pu(VI) were also found to elute with partial or no 
retention. Neptunium which is stable in the V state was not retained at all in 
contradiction with the batch Kd results. It is difficult to resolve these 
discrepancies without more information on the sorption mechanism and the 
hydrodynamics of the columns. 

Solid rock batch tests are in fact diffusion experiments. Intact rock has the 
additional complication oi mineral accessibility and pore structure, which needs 
to be considered when calculating retardation based on batch sorption 
measurements. These experiments usually take a long time to perform so are 
not suitable for isotherm determinations. An experiment to study the diffusion 
of neptunium into a slab of intact Stripa granite43 that was undisturbed for 2 
years is illustrated in fig. 7. 

The neptunium distribution in fig. 7 along was fitted to the diffusion equation. 
The apparent diffusivity observed was 4.12 x 10,1 cm2/s, the intrinsic diffusivity 
is 1.33 x 10* cm2/s (from conductivity data44). The retardation factor is on the 
order of 3 based on a comparison with the effective diffusivity of pertechnetate 
(Kd = 0) in Stripa granite published by Allard et al.45 This small retardation 
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Figure 7 Neptunium penetration into a granite tablet. 

factor may be somewhat biased towards the low side by the experimental 
method. The points used in the fit were the deeper penetrations and the first 
point was omitted. If one looks at the rock sample as being heterogeneous 
there is likely to be restricted paths and free paths across the cross section of 
the rock cylinder. Therefore the deeper points may represent more rapidly 
diffusing paths. The first point may represent slower paths. 

Diffusion of pertechnetate through porous rock can be used to measure low 
Kds as illustrated in fig. 8. The pertechnetate diffusion through a zeolitic tuff 
slab was measured by periodically sampling water from a reservoir on one side 
the of 1.6 cm slab46. The resulting concentration curve was fit to the diffusion 
equations using the finite difference method. The fit required a retardation 
factor of 3.7 in order to match the data. The retardation factor is larger than 
expected on the basis of batch sorption measurements. This is probably due 
to the anion exclusion effect. If the batch sorption results are corrected for 
anion exclusion the agreement is good. This also provides evidence that there 
is a mechanism that could explain the retention of technetium observed in the 
crushed tuff column experiments. The design of this experiment causes the 
tracer taking different diffusion paths to mix in the receiving reservoir. The 
apparent diffusivity observed should therefore be nearly the average of those 
paths. 
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Figure 8 Diffusion of pertechmtatc through a zeolitic tuff slab, 
USW G4-U07au. 

The intact tuff columns with densely welded tuff from the Topopah Spring 
member tuff have exhibited time dependent dispersion47. This complicates the 
interpretation of these experiments in terms of the predictability of retardation 
calculated from batch sorption, Kds, measurements and the measured 
dispersivity (determined from conservative tracer transport). The most 
important consequence of this observation is that without time dependent 
dispersion the elution of alkali metals and alkaline earths did not agree with 
batch sorption measurements. The apparent error in the predicted arrival time 
can be orders of magnitude. The results in that study were reconciled by 
giving the dispersion a time dependence which in the devitrified tuff samples 
agreed with Gelhar's asymptotic fickian dispersion (see fig. 9). The tritiated 
water dispersion linearly extrapolated to the times relevant for the strontium 
elution would provide a conservative value of the dispersion. However, this 
is probably not universally true. 
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Figure 9 Comparison of strontium elution through intact tuff with calcula
tions. 

The analyses of the tracer elutions through intact tuff samples assumed that the 
distribution of sorption was uniform. The measured distribution of sorbed 
tracers was found to be nonuniform. Although the experiments with 
devitrified tuff samples did not exhibit any obvious sensitivity to the distribu
tion of minerals, a general treatment of dispersion should include the spatial 
covariance of sorbing minerals. The dispersion for a sorbing tracer should 
depend both on the covariance of the hydraulic conductivity and the cross 
correlation between the conductivity and the sorbing minerals. For example, 
if the sorption anticorrelated with the hydraulic conductivity then the variance 
of the tracer velocity would be greater than the variance of the water velocity 
divided by the retardation factor. 
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The pertechnetate tracer elutions agreed with the dispersion observed with 
tritiated water in the Fran Ridge sample. They did not in the zeolitized Calico 
Hills tuff, USW-G4-1607, see fig. 10. This again suggests that the dispersion 
depends not only on the hydraulic properties of the rock but on the chemical 
properties as well. The sorption of pertechnetate observed in the crushed tuff 
columns and the diffusion cell could be responsible for this phenomenon. It 
is possible that the mineral that retains pertechnetate is not uniformly 
distributed across the columns. In that case part of the tracer eiutes quicker 
than tritiated water and part slower than water. The combination of retarded 
and unretarded flow paths results in a broader than expected elution curve. 

These observations point to the need for a more detailed characterization of the 
hydrologic and geochemical properties of Yucca Mountain tuff. Future 
experiments will use optical and scanning electron microscopy along with 
microautoradiography to attempt to provide a forward basis for predicting the 
time dependence of the dispersion in the radionuclide migration. 
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Figure 10 Pcrtcchnctatc elution through zeolitic tuff. 
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Figure 11 Drawing of AECL/DOE Large Block experiment. 

There are few dynamic laboratory experiments reported in the literature*-4950. 
Most of the experiments use fractured rock columns. Some of these experi
ment have yielded results which have indicated faster than expected movement 
of simple cations, such as, cesium. The earlier breakthrough could be due to 
non Fickian dispersion as observed in intact tuff columns. A large block 
experiment is being designed in joint Canadian-U.S. experiment which will 
look at the effect of nonuniform water movement in manufactured granite 
fractures. Calculations using the transport code TRACRN51 have shown such 
effects in the fracture fluid. The preliminary design of one experiment is 
shown in fig. 11 with simulations calculated using TRACRN and de Marsily's 
time-dependent dispersion shown in fig. 12. Engineered heterogeneities such 
as this wedged fracture should give insight into the effect nonuniform fluid 
flow has on the migration of tracers. 

The calculated elution curves show the somewhat subtle effect that nonuniform 
flow has on the elution of nonsorbing tracers. The points labeled Fickian are 
a closest fit to the TRACRN and time dependent dispersion model calculations. 
The Fickian dispersivity was not calculated from the geometry of the fracture. 
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Figure 12 Comparison of tracer migration in simulations using TRACRN and 
analytical solutions to the geometry illustrated in fig. 11. 

The TRACRN and Gelhar52 model calculations were based on the permeability 
distribution across the fracture. The encouraging result is that the TRACRN 
calculation agrees with the one dimensional approximation using time 
dependent dispersion. The difference between the Fickian model and the 
numerical and stochastic models is the tailing which is exhibited as a slow 
recovery to one hundred percent concentration. The effect is more dramatic 
for sorbing tracers because the apparent dispersion increases with time. 
Retarded species elute at much longer times and have much more dispersion 
than expected on the basis of conservative tracer behavior. 

Conclusions 

The sorption of radionuclides by rock is an inherently complex process. The 
data containing the most fundamental chemical information is obtained from 
single mineral experiments in simple ionic solutions. The stoichiometry 
observed with respect to tracer concentration and pH has been shown to rule 
out some possible mechanisms. The theory of adsorption on metal oxides 
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appears to be in a state of change. The development of new tools for studying 
surfaces, EX AFS, STM, and AFM will likely enable the resolution of mechanis
tic questions. If sufficient support is given for basic research in this area it is 
likely that sorption can be placed on a thermodynamic basis within a decade. 

The use of crushed rock columns have shown agreement between batch 
sorption results and columns results for alkali metals and alkaline earths. The 
anion exclusion effect has also been studied using crushed rock columns and 
in the case of tuffs shown to be equal to the intracrystalline volume of porous 
crystals. The actinides and pertechnetate ion have exhibited migration 
properties that are difficult to explain. The identification of the sorption 
mechanisms and sorbing minerals will be important for these element. 
Progress has already been made for metal oxides. The other side of the 
actinide problem is the speciation of actinides in groundwater. 

Intact rock is a difficult medium to perform experiments in. The challenges 
presented include the problem of correctly modeling heterogeneity. The 
chemical aspects which are different from crushed rock and single minerals are: 
1) mineralogic characterization for trace minerals; 2) availability of mineral 
surfaces; 3) chemical composition of mineral surfaces; and 3) crystal morpholo
gy. Porous rocks that are composed of porous minerals, such as tuff, have 
demonstrated that sorption coefficients can be used when the dispersion is 
modeled correctly and the sorption mechanism is ion exchange. 

Recommendations 

The sorption coefficients used for performance assessment calculation must be 
evaluated in terms of their limited applicability. Usually tables are compiled 
which only report Kds or ranges of Kds. There is rarely a notation which would 
provide a limit to the radionuclide concentration, pH, or ionic strength above 
or below which these data should not be applied (with perhaps the exception 
of the ISIRS database). There is no way of telling whether the lowest Ku in the 
range represents a low due to a choice of unfavorable values for all parameters 
involved or whether it represents some lower end of the spread of values 
under average or nominal conditions. 

An approach towards the application of sorption in performance assessment 
models should be developed which uses the body of chemical knowledge 
available in an efficient manner. It is not necessary or even desirable to use 
complex sorption models in performance assessments that explicitly incorporate 
the effects of pH, concentration, temperature, ionic strength, mineral 
composition and groundwater chemistry. If limits for these parameters can be 
set for a given calculation it should be possible to establish limits on the 
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distribution coefficient. This approach can be further simplified by reducing 
the set of minerals considered to the most common minerals in the rock type 
being characterised. This approach is currently being attempted at Los Alamos 
for the Yucca Mountain project53. One considers relying solely on a common 
but perhaps a poorly adsorbing mineral, such as quartz. By narrowing the 
number of minerals to be studied a thorough job of examining the dependence 
of sorption on pH, ionic strength, concentration etc. can be performed. If the 
mineral set chosen does not provide large enough retardation factors to meet 
the licensing requirements the set can then be expanded until the requirements 
are met. This approach has the advantage over the empirical approach of 
providing a basis for evaluating the sensitivity of sorption to changes in water 
chjynistry, variation in mineralogy, and of being inherently conservative 
because the minerals not included in the set can to a first order only increase 
the sorption of radionuclides and thus increase the performance of a site. 

The role of whole rock either crushed or intact would be to test the soundness 
of predictions based on single minerals. This would be a criterion for the 
acceptance or rejection of the single mineral data set. The observed retardation 
must be greater than or equal to that predicted on a single mineral basis. If the 
experiment demonstrates a need for additional research the mineral set and/or 
parameter space could be enlarged. 

To summarize the recommendations towards developing confidence in a 
quality sorption model. An investigative procedure with the following 
components should be used. 1. A Ka survey using crushed rock for the 
purpose of site selection, i.e., does the site offer favorable geochemical 
conditions. These Kds should only be used for performance assessment with 
great reservation. 2. Perform experiments which will lead to a mechanistic 
approach to sorption. These experiments will rely heavily on single mineral 
systems. 3. A testing program using columns including intact rock columns 
to test whether the retardation factors calculated from the body of data 
collected in steps 1 and 2 are conservative, i.e., underpredict retardation, and 
4. Data evaluation using the scientific judgment of researchers having 
experience in geochemistry, radiochemistry, actinide chemistry, hydrology, and 
related disciplines. The end result of this data evaluation would be recom
mended Kj values along with limits of applicability. 
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LABORATORY Eh SIMULATIONS IN RELATION 
TO THE REDOX CONDITIONS IN NATURAL 
GRANITIC GROUNDWATERS 

Peter Wikberg 
Swedish Nuclear Fuel and Waste Management Company 

P.O. Box 5864, S-10044 Stockholm, Sweden 

ABSTRACT 

Redox conditions are one of the prime parameters affecting 
the sorption of radionuclides released from a nuclear waste 
repository. Many of the longlived nuclides are strongly 
sorbed in a reduced state. 

It is difficult to investigate the reducing conditions 
prevailing in the natural deep groundwater systems, it is 
even more difficult to directly measure the Eh of the natural 
groundwater and it is almost impossible to obtain exacly the 
same redox conditions in a laboratory simulation as in the 
natural system. The reson for this is in all cases the oxygen 
in the air, which easily diffuses through most material. 

The Swedish granitic groundwaters are all reducing from a 
depth of approximately 100 m, the vast majority already from 
a depth of a few tens of metres. The contents of iron 
(=ferrous iron) reaches a maximum at the same depth due to 
the weathering of iron rich minerals. At greater depths the 
iron content decreases while sulphide contents increases. 

The redox buffering capacity lies mainly in the rock. The 
groundwater has a rather small redox buffer. The contents of 
iron, sulphide and manganese constitute the buffer in the 
groundwater. The redox potential (Eh) is controlled by the 
iron system in the groundwater and the rock. Sulphate is not 
involved in the groundwater redox processes. However,the 
sulphide-sulphur system has in special cases controlled the 
measured Eh potential. 

In the laboratory studies of the effects of the groundwater 
rock interaction Eh measurements have turned out to be even 
more difficult than they are in the natural groundwater 
systems. It is possible to create reducing conditions in the 
laboratory studies but there is still a difference compared 
to the natural system. This difference is due to the fact 
that traces of oxyyen diffuses into the laboratory system 
causing a continuous oxidation. 
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1 INTRODUCTION 

l.l Redox conditions and safety assessment. 

Redox conditions can influence the safety of a nuclear waste 
repository. This was demonstrated in the performance 
assessment KBS-3 /KBS-3/ which anticipates a repository at 
500 m depth in granitic rock in Sweden. Radionuclide release, 
transport with groundwater and dose to man consequences were 
calculated for the scenario of leaking canisters. Oxidising 
and reducing conditions were tested at otherwise equal 
conditions. Under oxidising conditions the dose was two 
orders of magnitude higher than it was under reducing 
conditions. The reason for this is the fact that redox 
sensitive elements such as uranium, neptunium and technetium 
are represented by long lived radionuclides in the fuel. 
These elements are harmful in themselves or produce 
radiotoxic daughters. They have a limited solubility and are 
strongly sorbed under reducing conditions whereas they are 
fairly soluble and only weakly sorbed under oxidising 
conditions. 

The redox conditions are also of importance for the stability 
of certain canister materials, e.g. copper. 

1.2 Redox intensity, redox capacity and redox kinetics 

The redox conditions can be described by three 
characteristics: Intensity, capacity and kinetics. These 
factors will have different influence on the mobility 
(solubility and sorption) of trie radionuclides. 

The Eh value or the redox potential is an intensity parameter 
similar to pH. The Eh value defines the potential for a redox 
reaction to proceed in a certain direction, in the same way 
as pH does for acid-base reactions. Examples of such 
reactions are: 

Fe2+ <==> Fe3+ + e' redox reaction 
H2S <==> HS' + H+ acid-base reaction 

These are only half cell reactions, which means that an other 
half cell reaction is needed in order to balance them. 

High Eh values correspond to oxidizing conditions and drive 
the reaction to the right. Low Eh values, reducing 
conditions, drive the reaction to the left. For aqueous 
solutions the upper and lower limits of Eh are set by the 
decomposition of water into oxygen and hydrogen respectively, 
+815 mV and -414 mV at pH=7 and 25 C. 

The redox buffer capacity is not connected to the intensity 
parameter Eh in any way. This situation is completely 
different from pH where the value in itself tells something 
about the buffering capacity. In acidic or basic solutions, 
pH values below 4 and above 10, the capacity of the protons 
and the hydroxy ions in themselves is quite large. This is 
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not the case for Eh, neither for positive nor negative Eh 
values. The Eh buffering capacity comes from the 
concentration of oxidizable and reducible species in the 
solution and similar species in solid form in contact with 
the solution. The redox capacity is e.q. the amount of 
ferrous iron available for the reduction of radionuclides. 

Even when the Eh value is strongly indicating a reaction to 
take place and the redox capacity is large enough for the 
reaction to be completed it might still not proceed, due to 
slow kinetics. Some of the redox reactions are extremely fast 
e.g. the electron exchange between Fe(II) and Fe(III) in 
solution. The characteristics of the fast redox reactions is 
that they involve a simple electron transfer. Others are 
extremely slow, e.g. the reduction of sulphate to sulphide, a 
reaction which does not take place unless catalyzed by e.g. 
bacteria /Grauer, 1990/. Slow redox reactions are those 
involving a structural modification in the molecular lattice 
due to uptake or release of oxygen. 

The aim of this paper is to describe the redox conditions of 
the natural groundwaters in terms of redox intensity, redox 
capacity and redox kinetics and thereby give the reader the 
possibility to judge in what respect laboratory simulated 
groundwater studies differ from the natural ones. Some 
laboratory simulated redox measurements are also described. 
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2 RESULTS AND DISCUSSION 

The redox conditions of the groundwater are affected by the 
chemical processes which give the groundwater its general 
character. Because of this there is a need to identify the 
evolution of the general chemistry before focusing on the 
specific redox parameters. 

2.1 The evolution and chemical composition of the Swedish 
granitic groundwaters 

Groundwater under land is generally of meteoric origin. The 
chemical composition of the groundwater is a result of 
interaction with soil minerals, soil atmosphere and further 
interactions with the minerals of the rock as the water 
infiltrates in the recharge areas. The most important 
reaction is the addition of carbon dioxide in the soil zone 
which leads to the calcite dissolution. The carbon dioxide 
weathering has been used by e.g. Jacks /1973/ to describe the 
composition of different Swedish groundwaters. The tendency 
of moving from calcium-bicarbonate to sodium-bicarbonate 
water as the residence time increases is a result of the 
weathering of sodium containing minerals. Consequently the 
calcium to sodium ratio is a relative age indicator for 
waters within the same site. 

Reactions and equilibria between the carbon dioxide and 
carbonate in both solid and solution determines the pH of the 
groundwater. There is a great difference depending on whether 
the processes have occurred in an open or closed system 
/Garrels and Christ, 1965, Stumm and Morgan, 1981/. In an 
open system carbon dioxide is continuously added during the 
process. Therefore large amounts of calcite are dissolved 
resulting in high concentrations of calcium and bicarbonate 
ions. Due to the continuous addition of carbon dioxide the pH 
of the water is buffered at a value of about 7. In the closed 
system where no restoring of the consumed carbon dioxide 
takes place, the calcite dissolution stops when an amount 
equal to the initial amount of carbon dioxide has been 
dissolved. The pH of this water is controlled by bicarbonate 
at a value of about 8.5. In a few cases much higher pH values 
are encountered /Nordstom et. al., 1985/. Hydrolyses of 
feldspars during very long time has been suggested as the 
mechanism which can result in pH values of above 10. 

Groundwater with high salinity is occasionally encountered in 
crystalline rocks. These observations are more common at 
depth. However, the boundary between the fresh and the saline 
water is deprr dent on the local hydrologic regime. High 
salinity in tue order of one up to more than 100 grams per 
litre have been reported both from the Canadian shield /Frape 
et. al., 1984, Gascoyne et.al., 1987/ and from the 
Fennoscandian shield in Finland /HyyppS, 1985 and Blomqvist, 
1990/ and in Sweden /Nordstdm et. al., 1985 and Sine Hie and 
Wikberg, 1989/. The dominating constituents in these waters 
are sodium, calcium and chloride. In some of the waters also 
the sulphate concentration has been high. The origin of the 
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saline water has been debated. However, it is quite obvious 
that it has a long residence titie in the rock. 

In table 1 the chemical composition of the groundwater from a 
few of the sites investigated by SKB during the period 1984 
to 1990 is presented. For the analyses of all these 
groundwaters a mobile field laboratory was used. The most 
typical waters from the different sites have been selected 
without any attempt to give an average composition. The 
saline waters are all obtained from sites very close to the 
shore line. The large number of samples selected from the 
Aspo Hard Rock Laboratory site is due to the fact that a 
large number of boreholes and interval were sampled there. 

2.2 Redox conditions of the Swedish granitic groundwaters 

Rain-water is saturated with respect to dissolved oxygen. The 
oxygen is gradually consumed by bacterial oxidation of 
organic matter as the water percolates through the soil 
cover, where the water takes up carbon dioxide. In the 
uppermost part of the bedrock the carbon dioxide weathering 
of iron containing minerals, e.g. biotite, will reduce the 
oxygen concentration to zero and gradually increase the 
concentration of ferrous iron. In cases where the water 
infiltrates the fracture system of outcropping rocks there is 
no soil cover to reduce the oxygen and to increase the 
carbon dioxide partial pressure. In such cases the dissolved 
oxygen is mainly reduced through reactions with the bedrock 
minerals. The dissolved oxygen is diffusing into the pores of 
the rock matrix as suggested by Neretnieks /1986/. Inside the 
pores the oxygen is reduced by the ferrous iron within the 
adjacent minerals. A recent study of the available redox 
capacity of the rock /Pirhonen and Pitkanen, 1991/ have 
revealed that the ferrous iron is partly available for 
reaction with the dissolved oxygen. 

The groundwater which has been sampled from borehole sections 
of depths below about 100 m are generally free from dissolved 
oxygen. Exceptions are only places where the borehole in 
itself has transported surface water down into fracture 
systems. This indicates that the reactions removing the 
oxygen are fast. Similar results were also found by Pirhonen 
and Pitkanen. 

In the table 1 the redox sensitive constituents sulphide, 
ferrous and total iron and the redox potential Eh are listed 
together with the main constituents and the pH of the waters. 
Even though there is a large difference in the concentration 
of main constituents between the saline and the fresh water, 
there is a fairly small variation in the concentration of the 
redox sensitive constituents. Therefore it seems as if the 
saline and non-saline waters can be treated in one with 
respect to the redox conditions. The reason is probably that 
the redox conditions are in the first hand resulting from the 
groundwater rock interaction and that they are fast compared 
to the evolution of both the saline and the non saline 
waters. 
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The bedrock minerals are initially reducing. Due to the water 
rock interaction as mentioned above, reducing conditions are 
expected in any type of bedrock. The hydraulic regime is of 
course important. Large gradients and/or high hydraulic 
conductivity will rapidly introduce oxidising surface water 
into depth in any type of bedrock. The weathering of the 
primary minerals into secondary minerals is a phenomenon 
taking place mostly in the uppermost part of the bedrock when 
there is still a lot of carbon dioxide in the water. 
Extensive weathering increases the permeability of the rock 
giving the water fast access to fresh mineral surfaces. These 
are easily oxidized and thus the oxidizing front proceeds 
with the same speed as the weathering. 

The Eh of the waters listed in table l varies from +70 to -
350 mV. The ferrous and total iron concentrations vary from 
0.005 mg/1 up to 9 mg/1. The difference between the total and 
the ferrous iron concentrations are extremly small, in many 
cases less than the uncertainty in the given value. This 
simply states the fact that all the iron is in ferrous form. 
The only significant difference is from KAs02 308 m with 0.1 
mg/1 difference between total and ferrous iron content. This 
is probably the result of partial oxidation of the ferrous 
iron in connection with the sampling. For all the other 
sampled sections the ferrous iron content is always close to 
or slightly less than the total iron concentration. 

The iron concentration is correlated to pH. The high 
concentrations are obtained in the neutral groundwaters. The 
concentration decreases by increasing pH. This is probably 
closely tied to the evolution of the water. Carbon dioxide 
rich water, see section 2.1, easily weathers the iron 
containing minerals in the uppermost (100 m) part of the 
bedrock. At a neutral pH the ferrous iron is fairly soluble 
and the concentrations may reach 10 mg/1, perhaps even 
higher. As the pH increases, the solubility of iron 
decreases. 

The sampling and analyses of ferrous iron is difficult. 
Before the mobile field laboratory was constructed samples 
were collected, acidified with hydrochloric acid and sent to 
ordinary laboratories for analyses. In most cases the time 
span between the sampling and the analyses was two to three 
days and the results showed that half of the iron was in 
ferric form. Since the field laboratory was taken into 
operation there has (almost) always been exclusively ferrous 
iron in the analyzed water samples, see table 1. These 
results are in accordance with the negative (reducing) Eh-
values. 

The sulphide concentration of the investigated groundwaters 
varies from the detection limit <0.01 mg/1 up to 1 mg/1 in a 
few cases. The sulphide concentration has no correlation to 
any other parameter. It also varies locally within adjacent 
sampling sections within the same borehole. Because of this 
irregular behaviour it seems as if very local conditions are 
determining the sulphide concentration. Sulphate reducing 
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bacteria cannot be ruled out as the possible local source for 
the sulphide. 

The saline waters have a high content of sulphate compared to 
the fresh waters, see table 1. A correspondingly higher 
concentration of sulphide cannot be found. Consequently the 
sulphate can be disregarded when discussing the redox 
reactions of the natural groundwaters. It is a well known 
fact that the sulphate does not reduce to sulphide unless 
catalysed by bacteria. 

2.3 Eh measurements 

The possibility of direct Eh measurements in poorly buffered 
natural waters have been frequently discussed in the 
literature /Boulegue and Michard, 1979, Jantzen, 1984, 
Lindberg and Runnels, 1984, Morris and Stumm, 1967, Stumm, 
1967, Stumm and Morgan, 1981/. 

Many authors have compared the measured Eh to the value 
calculated on the basis of different redox couples. The most 
extensive work in this context was made by Lindberg and 
Runnels who examined the USGS records of Eh data with respect 
to the redox couples of ferrous and ferric iron, sulphide -
sulphur, sulphide - sulphate, nitrogen couples, methane -
bicarbonate and a few others. They found that non of the 
redox couples agreed with the measured Eh and that all the 
couples gave different numbers for the calculated Eh value. 
They concluded that Eh cannot be measured in natural 
groundwaters and that there is no true equilibrium in them. 

The groundwater is a dynamic mixing system where portions of 
water from different origin is continuously mixed. This is 
especially true for the groundwater in crystalline fractured 
rock where the only real Darcy flow can be adopted to major 
fracture zones. Because of this there will be no time for the 
slow reactions to reach equilibrium. This is basically the 
reason why all different redox couples give separate results. 
However, there are also reactions which are kinetically 
hindered so they will not take place even in a geological 
time span at ambient conditions. 

The early Eh measurements made within the SKB site investi
gation programme were modelled by Nordstrom and Puigdomenech 
/1986/. Their results indicated that the measured Eh was 
controlled by the sulphide-sulphur system. This was, however, 
a result of disturbances in the sampling equipment. Trace 
quantities of oxygen left in the measuring cell since the 
calibration of the electrodes oxidized part of the sulphide 
in the water. Whether this reaction occurred in the bulk 
solution or only at the inert electrode surfaces is impos
sible to tell. However, the electrodes responded to the 
sulphide - sulphur equilibrium. At that time all measurements 
were made in a surface flow through cell and the electrodes 
were calibrated with a three day interval. Afterwards, when 
the measurements were continued for more than ten days 
without opening the measuring cell, and with the help of a 
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new downhole measuring probe it was obvious that the Eh 
values were 150 - 200 mV lower and that the Eh versus pH had 
a different slope than before. In Figure 1 the old Eh data 
are plotted together with some of the new ones as a funcion 
of pH. 

O Earlier measurements 
A Surface 

measurements 

-300 

Figure 1. Eh versus pH for data 
obtained by two different 
procedures. Open circles 
represent Eh values obtained in 
a surface flow through cell 
which was opend every third day 
for calibration of the 
electrodes. The triangles 
represent data from both 
surface and down-hole sensors 
in a measuring procedure where 
the groundwater flow was not 
interrupted for at least ten 
days. The straight lines 
represent the theorethical Eh -
pH dependence for A) the 
sulphide-sulphur system; 0.01 
and 1 mg/1 sulphide, B) 
ferric/ferrous ratio =0.1 in 
the silicate mineral solid 
solutions and C) magnetite-
hematite equilibrium. 

The majority of the Eh values in table l are measured 
downhole. In conjunction with the introduction of the mobile 
field laboratory a down-hole probe for Eh measurements was 
also taken into operation. The probe is equipped with 
electrodes of gold, platinum and glassy carbon. Figure 2 
represents the Eh values from long term measurements in two 
different types of water. The down-hole measurements were 
checked with measurements made in a flow through cell at the 
surface. 

From the figure some conclusion concerning Eh measurements 
can be extracted: 

In (poorly buffered) natural waters it takes a long time 
to obtain stable readings on the inert electrodes. 

Different types of electrodes give initially different 
readings, but as the drift of them level out, they are 
constant within a couple of tens of mV. The initially 
diverging potentials are likely to be impurities 
(oxygen) on the electrode surfaces. 

Measurements in a flow-through cell at the surface will 
give as reliable readings as the down-hole probe, but 
they are much more sensitive to disturbances caused by 
the oxygen in the surrounding air. 
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* Eventually the readings on all three inert electrode 
materials agree at a constant value. This value is 
presented as the Eh value of the groundwater. 

-40(n ' ' • " -«00 H -r , , -
0 20 40 60 Time/days 0 20 40 60 Time/days 

Figure 2. Eh versus time plot of down-hole and surface 
measured values. Both measurements are made in 
continuously flowing water. The shaded areas 
represent the maximum difference between the 
different electrodes, gold, platinum and glassy 
carbon. The pH and iron concentration of the left-
hand and right-hand side plots are 6.9 and 9.0; 1.0 
mg/1 and <0.005 mg/1 respectively. 

In a recent paper Grenthe et.al./1991/ has modelled all the 
Eh measurements made using the mobile field laboratory 
equipment within the SKB site investigations in Sweden. 
Grenthe concludes that Eh can be measured and that it 
reflects the conditions in the iron system of the water. The 
recorded values reflect the equilibrium between the ferrous 
iron in solution and varying crystalline forms of ferric 
oxide /Grenthe et.al., 1991/. This can be condensed into the 
formula 

Eh = E0* - (RT/F) (3pH + log[Fe
2+]) where E„* = 707 mV 

Measured Eh values in table 1 agree with those calculated 
from this formula within a few tens of mV, except for the two 
positive readings in the table which disagree vastly with 
calculated values of -230 mV and -329 mV for the BFiOl and 
the KFrlO respectively. This large difference is probably due 
to a much fresher amorphous iron hydroxide giving several 
orders of magnitude higher solubility of ferric iron. It 
should also be noted that these two sampling sections have 

226 



the highest iron concentrations of all and would therefore be 
expected to give the most accurate Eh reading. 

2.4 Laboratory simulations of the groundwater rock 
interaction with respect to the redox conditions 

Laboratory experiments have been made in order to simulate 
the reactions between the infiltrating oxygen saturated water 
and the rock. The results of three consecutive experiments 
where water was circulated in contact with the same drill 
cores in a well sealed glass vessel are illustrated in Figure 
3 in the form of Eh versus time plots. The pH is not included 
since there was no significant change during the course of 
the experiments. A comparison between the experiments where 
the water initially was saturated by oxygen, experiments #2 
and #3, and the one where the water was de-aerated, 
experiment #1, clearly shows that there is a delay in the Eh 
drop in the experiments starting from oxygen saturated water. 
This difference is more obvious on the platinum than on the 
graphite electrode. Therefore it seems as if the platinum 
electrode is much more sensitive to oxygen than the graphite 
electrode. This was also noted in the field where for 
instance the maximum values as shown in Figure 2 are the ones 
of the platinum electrode, c.f. Whitfield /1974/. However, 
when the oxygen is consumed all electrodes level out at about 
the same values. Similar experiences have been reported by 
e.g. Jantzen /1984/. 

graphite electrode 

platinum electrode 

-1S0-

:->-®-_. 
- - @ - \ 

-i r 
10 20 30 40 

Time/days 

Figure 3. 
Eh versus time 
data obtained in 
the laboratory 
studies of the 
redox kinetics. 
The first run is 
made with de-
aerated water, 
the other two 
with air 
saturated water. 
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Table 2. Sulphide and total and ferrous iron contents in the 
water rock interaction experiments. The starting 
values are the concentrations in the natural 
groundwater used for the first experiment, A and B 
are duplicate samples. All concentrations are given 
in mg/1. 

NATURAL GROUNDWATER DEIONIZED WATER + NaHCO, 
starting 

Component values 1A IB 2 

Fe(II) 
Fe(tot) 
S(-II) 

<0.005 
<0.005 
<0.01 

0.039 
0.041 

0.039 
0.041 
0.03 

0.006 
0.011 
0.02 

<0.005 
•C0.005 

During these experiments the water was analyzed for iron and 
sulphide contents. The results are presented in Table 2. The 
analyses were made after terminating the experiments. For the 
first run natural groundwater was used and thus the initial 
iron and sulphide concentrations were also determined. 

The successively decreasing amounts of iron suggests that the 
surface of the drill cores is gradually oxidized, leaving a 
smaller amount of ferrous iron left to be dissolved in the 
water. However, as the reduction of oxygen proceeds with the 
same rate in all the experiments it seems as if the reaction 
occurs on the mineral surfaces and not in the bulk of the 
solution. In case the reaction had taken place in the 
solution the rate would have been proportional to the amounts 
of dissolved iron. Consequently the last experiment should 
have needed a longer time to reach reducing conditions than 
the two preceding ones, this was not the case. 

A constant reduction rate could also be explained by a 
microbial reduction of the dissolved oxygen. Organic material 
left on the drill cores from the drilling could constitute 
the substrate for the bacteria. Therefore in a similar 
experiment a UV light source was also installed in order to 
check whether the bacteria were responsible for the reduction 
rates observed. The results of that experiment were similar 
to the ones described in Figure 4. Therefore the reduction is 
not thought to be due to bacterial activity. 

A set of similar experiments has been run with crushed 
material in a different experimental setup. The results of 
four runs are presented in Figure 4. The first three of them 
are identical. In the forth the equipment was placed in a box 
with nitrogen atmosphere. As shown in the figure this made 
the Eh drop about 200 mV compared to the previous runs. This 
indicates the extreme oxygen sensitivity of the redox system. 
Despite the fact that the equipment was made in glass and was 
carefully closed from the atmosphere traces of oxygen managed 
to diffuse into the system. The constant Eh values in the 
three first experiments indicate a steady state situation 
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where the rates of oxygen diffusion into the system is 
balanced by the rate of reduction by the Fe(II) minerals. 

Figure 4. 
Eh versus time 
data of four 
consecutive 
experiments on 
redox kinetics. 
The fourth 
experiment is 
made in a oxygen 
free atmosphere. 
The shaded area 
represents the 
difference 
between the 
platinum and the 
glassy carbon 
electrode 
potential. 

When a large number of experiments have been carried out with 
the same drill cores there is a decrease in the reducing 
capacity. This results in more easily disturbed Eh values and 
a longer time needed for the initial reduction of oxygen. 
Polishing the sides of the drill cores when the reducing 
effect was very low did not improve the capacity 
significantly. A possible explanation to this would be that 
only the fracture minerals and not the primary minerals are 
reactive. Another, perhaps more relevant explanation is that 
the polishing clogs the micro fractures through which the 
dissolved ferrous iron diffuses out of the pores of the rock. 
The clogging of the micro pores is an effect which has also 
been observed by others /Pirhonen and Pitkanen, 1991/. 
Another attempt to refresh the surfaces was made by the use 
of diluted hydrochloric acid. This operation did increase the 
capacity. 

When discussing these results it is important to keep in mind 
the differences between the oxygen reduction taking place a) 
when the surface water percolates down through the fractures 
in the upper part of the bedrock, b) in the Eh measuring 
cells through which the deep groundwater is pumped and c) in 
the laboratory simulations. The processes are entirely 
different in all three cases. The surface water is normally 
depleted from dissolved oxygen, due to the biological 
oxidation of organic material, when it percolates through the 
soil cover. However, when the soil cover is thin, the water 
in the upper part of the bedrock still contains some 
dissolved oxygen. Studies of the fracture surfaces in such 
rocks tell that this residual oxygen has been reduced by 
Fe(ll) dissolved from the minerals and in the bulk of the 
rock. As a result of this reaction the existence of rust can 
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be seen on tl%e fracture surfaces and red staining in the rock 
matrix /Tullrorg, 1989/. 

In the surface measuring cells the reduction of oxygen is a 
homogeneous reaction which occurs in the agueous phase. 
Fe(II) species or sulphide (HS) reacts with the oxygen. The 
rate of such reactions is much more rapid than the diffusion 
into the micro fractures and the subsequent reduction of 
oxygen by the iron minerals. Also the reactions taking place 
when a deep reducing groundwater is mixed with a portion of 
surface or drilling water is of course a homogeneous reaction 
of the same type. 

The reaction taking place in the laboratory is in principle 
of the same kind as the one occurring in the uppermost part 
of the rock. However, there is one difference. The results of 
the laboratory studies indicate that the reduction of oxygen 
is due to reactions with the minerals. The redox capacity of 
these systems lies within the rock minerals and the kinetics 
are therefore slow compared to the homogenous reaction in 
solution. One important consequence of this is that the 
system is easily disturbed and is more of a steady state than 
an equilibrium system. 

For the near-field conditions the laboratory experiments are 
close to the situation where a redox front caused by the 
radiolysis of the water has passed the technical barriers, 
even if this scenario is rather unlikely. The rate of the 
reduction in the laboratory system tells that the redox front 
will disappear within a short distance. From recent studies 
on the available capacity /Pirhonen and Pitkanen, 1991/ it 
was found that the bulk rock matrix is active in such a 
process. 
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3 CONCLUSIONS 

It is important to keep in mind the differences between the 
conditions in the natural groundwater and in the laboratory 
system. In order to simplify this task it is helpful to 
distinguish between redox intensity (Eh), redox capacity and 
redox kinetics. The role of these parameters is different in 
the laboratory and the natural groundwater systems. Basically 
the buffering capacity in the laboratory systems lies in the 
easily accessible iron rich minerals, while it lies in the 
contents of easily oxidizable species, iron, manganese, 
sulphide etc.,in the natural groundwater. In order to be able 
to control the redox state of the elements used in a 
simulated groundwater system one has to check the intensity, 
the capacity and the kinetics in order to find out whether 
the experiment is possible to carry out or not. Knowing the 
importance of these factors and that oxygen diffuses through 
anything but glass and metal one can arrange the experimental 
setup to achieve a successful experiment. 

It is also important to assure the guality of the tools used 
for the characterization of both the field and the laboratory 
systems. 

3.1 Natural groundwaters 

The redox character of the natural groundwaters is defined by 
their concentration of easily oxidizable species. In the 
Swedish crystalline rock these constituents are ferrous iron 
sulphide and in some cases manganese. All these constituents 
are easily oxidised and they constitute the redox buffer in 
the reducing groundwater. In other kinds of rock the 
situation is basically the same. Iron containing minerals are 
easily weathered and can give rise to high concentrations of 
ferrous iron. In case there are other oxidizable species 
which have the highest concentrations they will define the 
redox capacity of the groundwater. The non weathered bedrock 
minerals are reducing. Consequently the groundwater at depth 
in the rock is expected to be reducing. Accurate analyses of 
the water will prove this. 

3.2 Laboratory simulations 

The character of the laboratory simulated groundwater is much 
different from the natural conditions. As shown in the table 
2 the aqueous concentration of the redox buffering 
constituents is quite low in the laboratory system. This is 
not only due to the very slow dissolution rate of the iron 
containing minerals, but is probably also a result of 
experimental shortcomings. It is extremely difficult to keep 
oxygen out of the experiments. That is illustrated in Figure 
4 where the Eh curve made a drop of approximately 200 mV when 
the whole all-glass equipment was placed into an inert box. 

An other important difference is the volume to surface ratio 
which in a narrow fracture,<1 mm, is much smaller than in an 
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ordinary laboratory glass bottle. Reaction mechanisms 
involving the surface might be of importance in nature but 
are not visible in the laboratory experiment. Never-the-less 
it is possible *-o arrange reducing conditions in a laboratory 
simulated groundwater rock experiment. 

3.3 Eh measurements 

Experimental Eh measurements are difficult to perform. In the 
natural groundwater system the results have been interpreted 
to respond to the iron system. This could also be expected 
for the laboratory experiments in an ideal situation. The 
measurements indicate that the water-rock system is reducing 
also in the laboratory experiments, but the Eh-level is 
perhaps not as low as in the natural groundwater. The reason 
is probably the leakage of extremely small portions of oxygen 
into the system. 

It should also be noted that even a very negative Eh reading 
tells nothing about the redox buffer capacity of the system. 
It is also plausible that the readings could be incorrect in 
the negative direction. Because of this the interpretation is 
simplified if more than one type of inert electrode is used 
for the measurements. 

The use of more than one electrode is necessary because of 
the risk of misinterpretation of a "mixed potential" caused 
by reactions catalysed on the electrode surface. Such 
reactions are catalysed differently by the different 
electrode materials and are therefore giving different "mixed 
potentials". Only when all the electrodes agree can the 
measured potential be considered represent the Eh-value. 
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PERTAINING TO PERFORMANCE ASSESSMENT 

R. J. Seme 
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Richland, Washington 99352 
(509)376-8429 

ABSTRACT 

Recently several articles have been published that question the appropriateness 
of the distribution coefficient, Rd, concept to quantify radionuclide migration. 
Several distinct issues are raised by various critics. In this paper I provide 
some perspective on issues surrounding the modeling of nuclide retardation. 
The first section defines adsorption terminology and discusses various 
adsorption processes. The next section describes five commonly used 
adsorption conceptual models, specifically emphasizing what attributes that 
affect adsorption are explicitly accommodated in each model. I also review 
efforts to incorporate each adsorption model into performance assessment 
transport computer codes. The five adsorption conceptual models are 1) the 
constant Rd model, 2) the parametric Rd model, 3) isotherm adsorption 
models, 4) mass-action adsorption models, and 5) surface-complexation with 
electrostatics models. The final section discusses the adequacy of the 
distribution ratio concept, the adequacy of transport calculations that rely on 
constant retardation factors and the status of incorporating sophisticated 
adsorption models into transport codes. 

1.0 INTRODUCTION 

Most safety analysis exercises that address deep geologic disposal of high-level 
nuclear wastes (spent unreprocessed fuel and reprocessed solid wastes such as 
borosilicate glass or Synroc) conclude that the most likely transport vehicle for 

237 



bringing radionuclides into the accessible environment is groundwater 
transport. The groundwater is likely to slowly dissolve metallic barriers / 
containers and eventually remove radionuclides from the solid waste forms via 
dissolution, complexation and colloid formation. Within the waste package 
and the very near-field host rock, radiation field and temperature gradients 
may vary enough or influence the groundwater chemistry enough that 
temperature- and redox-sensitive solubility reactions could control the amount 
of radionuclides leaving the repository. Another chemical process, alteration 
of primary minerals and precipitation of secondary minerals, is also likely in 
the high (but radially decreasing) temperature field around the waste packages. 
Once the groundwater exits the waste package and very near-field host rock, 
any radionuclides in solution or in suspension (colloids) will likely interact 
predominantly via (1) adsorption reactions on the surfaces of the host media, 
(2) matrix diffusion into micropores within the host grains, and (3) physical 
filtration of colloids. Adsorption reactions have been acknowledged as the 
most important contaminant retardation process in far-field transport analyses 
for all hazardous waste disposal options. Adsorption processes are known to 
increase the travel times for some radionuclides by 103 to 10* times relative to 
the groundwater. Such long travel times allow nuclides to decay to lower 
concentrations and less hazardous elements before reaching the accessible 
environment (i.e., the biosphere). Furthermore, some adsorption processes are 
effectively irreversible and permanently remove nuclides from groundwater, 
thus preventing their release to the biosphere. 

To predict the effects of retardation on safety assessment predictions, 
adsorption processes must be described in quantitative terms. An empirical 
parameter, the distribution coefficient (often called Rd or Kd), which is readily 
measured by laboratory experimentation, allows such a quantitative estimate 
of nuclide migration. Knowledge of the Rd and of media bulk density and 
porosity (for porous flow), or of media fracture surface area, aperture width 
and matrix diffusion attributes (for fracture flow) allows one to calculate the 
retardation factor, R or R,. The retardation factor is defined as 

V 
R = -= 

y. 

where Vw is the velocity of water through a control volume and Vn is the 
velocity of the radionuclide. A detailed derivation and discussion of the 
retardation factor is given by the Nuclear energy Agency (NEA) (1983a). To 
my knowledge, every existing computer code for safety assessment predictions 
of deep geologic disposal of nuclear waste relies on the retardation factor and 
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thus on the distribution coefficient. In the last ten years several articles have 
been published that question the appropriateness of the distribution coefficient 
concept (e.g., Reardon 1981; Moody 1981; Coles and Ramspott 1982; Mulleret 
al. 1983; Carnahan et al. 1984; and Langmuir and Mahoney 1984). These 
authors' concerns actually address several distinct issues, but the net result has 
been a general uneasiness and confusion within the nuclear waste management 
community about addressing adsorption in safety assessment calculations. 
Some of the distinct issues raised in these articles are 1) the adequacy of the 
distribution concept for describing adsorption, 2) the adequacy of constant Rd 
values used in many transport codes to predict radionuclide migration in the 
field, and 3) the discrepancy in Rd values obtained by different test methodolo
gies. 

In this report, I will attempt to lessen some of the confusion about adsorption 
and to provide some perspective on the first two issues. First I will define 
some adsorption terminology. Next I will briefly describe the various 
adsorption conceptual models, identifying the options available for describing 
adsorption. Finally I will elaborate the issues, identify the present status of 
issue resolution, and identify future efforts that should provide additional data 
to resolve these issues objectively. 

2.0 DESCRIPTION OF ADSORPTION/DESORPTION 

In the first part of this section, 1 define a number of terms that will help in 
understanding the description in the second part of how adsorption and 
desorption work. 

2.1 TERMINOLOGY 

Nuclide retardation encompasses all possible processes that hinder nuclide 
migration in solution, including ideal ion exchange, mineral precipitation, 
co-precipitation in amorphous coatings, chemisorption, selective adsorption, 
complexation onto solid adsorbents, redox or hydrolysis-mediated precipita-
tion/sorption, and physical filtration of small particulates. 

In this report, "adsorption" or "sorption" refers to surface processes in which 
radionuclides in solution become incorporated onto the solid phase surface. 
Adsorption and sorption are more general terms that include more processes 
than the term "ideal ion exchange," but where possible they exclude precipita
tion of identifiable mineral or amorphous compounds and physical filtration of 
small particulates. 
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To quantify adsorption, one typically measures the distribution of the adsorbate 
between the solid phase and the solution phase. Such a value or distribution 
coefficient is often called the Rd, Kd, or D. Confusion arises because the term 
"distribution coefficient" has been used to refer to two special cases: 1) ideal 
binary ion exchange, where the element of interest is present in such trace 
concentrations that it does not appreciably affect the concentration of the macro 
constituent sorbed on the solid or the activity coefficient ratio of the mass 
action exchange (e.g., Meyer 1979; Routson and Serne 1972), and 2) a 
Freundlich empirical isotherm, where sorption shows a linear trend with 
solution concentration (Travis 1978). Linear adsorption typically occurs only 
at trace adsorbate concentrations in solution and at trace loadings onto the 
solid adsorbent surfaces. In either case, adsorption refers to equilibrium 
conditions and, when used with mass transport theory, generally requires 
reversibility, meaning that desorption occurs at the same rate and leads to the 
same equilibrium ratio of adsorbate between solid and solution. 

In this report, the distribution coefficient is called Rd and simply refers to the 
ratio of mass or activity of a particular radionuclide species present in the solid 
phase (rock or sediment) to the mass or activity of that same species present 
in solution (groundwater). This empirical ratio does not require equilibrium 
conditions, quantitative reversibility, or ion exchange as the governing process 
(Serne and Relyea 1983). I would like to emphasize that the distribution 
coefficient parameter, this measurable ratio of an amount on the solid to the 
amount in solution, is the basis for all of the adsorption conceptual models I 
will discuss. That is, it is this ratio that is measured to provide input data into 
each of the conceptual models. 1 point this fact out to eliminate the confusion 
in some researchers' minds that the criticism of Rd theory means that some 
other parameter should be measured. What the critics are actually suggesting 
is that the dependency of the Rd parameter on other attributes of the rock and 
ground water must also be quantified. 

As discussed in the following paragraphs, distribution coefficients are a 
complex function of the chemical and physical parameters of the systems being 
studied. Their dependence on a large number of variables causes problems in 
most overall system performance codes, because at this time most codes can 
use only a single value for the distribution coefficient and cannot easily account 
for any change in the distribution coefficient caused by changes in the 
geochemical environment from the waste package to the biosphere. Some 
critics discredit the use of distribution coefficients because the values measured 
are specific to the laboratory system studied and do not necessarily represent 
radionuclide behavior in a repository. Despite these criticisms, existing safety 
assessments continue to rely on the distribution coefficient to model radio
nuclide adsorption. 
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To evaluate adsorption processes for baseline geologic settings requires 
information on parameters similar to those for solubility evaluation. The 
master variables, temperature, pressure, pH, and system Eh, as well as the 
groundwater chemical composition and the solid adsorbent's mineralogic and 
petrologic attributes, surface area, and exchange capacity, all influence 
adsorption. Adsorption prediction relies upon a more detailed knowledge of 
the solid adsorbent than is required for solubility predictions, for which simple 
identification of the controlling solid phase often suffices. For predicting 
adsorption processes, knowing only that certain minerals are present is not 
adequate. One needs to know the quantity of each mineral, the surface area 
or sorption capacity and, ideally, the electrostatic characteristics of the surfaces 
of stable and slowly reacting mineral phases. The same level of characteriza
tion for the solute and solution is necessary for adsorption estimation as for 
solubility. That is, one should know the speciation and thermodynamic 
activities of solution components, not just total elemental concentrations. 

Unfortunately, adsorption principles are not as well-developed and tested as 
solubility principles. Therefore, even with all this characterization, the accuracy 
of predictions of the distribution of a trace constituent between the solution 
and solid adsorbents cannot be determined. 

2.2 TYPES OF ADSORPTION 

Several years ago, at a Nuclear Energy Agency (NEA) Workshop on sorption 
modelling and measurement (Nuclear Energy Agency 1983a), participants 
suggested a distinction between the types of sorption processes. There is no 
clear, practical way to distinguish among the processes in complex natural 
systems, because many systems exhibit intermediate or hybrid behavior. 
Nonetheless, idealized sorption processes were divided into four categories. 

1. Physical adsorption is due to nonspecific, long-range forces of attraction 
involving the entire electron shells of the radioelement in solution and of 
the adsorbing substrate (e.g., Van der Waal's forces). This process is 
rapid, reversible, largely independent of temperature and of the chemical 
composition of the sorbent and of the ionic strength and composition of 
the solution (as long as the solute of interest's solution concentration is 
well below saturation). The presence of complexing ligands and the pH 
of the solution have large influences on physical adsorption. An example 
of a process controlled by physical adsorption is the uptake of neutral 
metal hydrolysis complexes on surfaces that are also neutral following 
adsorption. This may be the principal mechanism for the sorption of 
trivalent and tetravalent actinide complexes on metal oxide surfaces with 
nearly neutral pH. 
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2. Electrostatic adsorption is due to short-range coulombic forces of attraction 
between charged solute species and the adsorbing substrate. This 
process is rapid, largely reversible, somewhat dependent on temperature, 
and strongly dependent on the composition of the sorbent and on the 
ionic strength and composition of the solution. This type of adsorption 
is also called chemisorption, and it is thought to allow only one layer of 
adsorbed species on the solid. In contrast, physical adsorption may 
accumulate several layers of adsorbate on the surface. An example of a 
process controlled by electrostatic adsorption is ion exchange. The 
adsorption of Cs+ on clays is controlled by such a process. 

3. Specific adsorption is either due to the sorbate ion inducing the formation 
of surface sites of opposite charge when adsorbed, or due to the sorbate 
ion, as a trace species, occupying some of the small number of sites of 
opposite charge that exist on a surface regardless of its net surface 
charge. This process may be either slow or rapid. Specific adsorption 
of cationic species can appear highly irreversible as long as the system 
pH is not lowered significantly. The process is temperature dependent 
and also highly dependent on the composition of the sorbent and on the 
concentrations of solutes. An example of specific adsorption is the nearly 
complete adsorption of UOz(OH)+ on a ferric oxyhydroxide surface at a 
pH below the point of zero charge of the oxyhydroxide, where the solid 
has a net positive surface charge. 

4. Chemical substitution is the incorporation of minor elemental constituents 
into the structure of crystalline phases (solid solution). This process may 
be slow and only partly reversible. It is temperature dependent, highly 
solute selective, and highly dependent on the composition of the solid as 
well as on the concentrations of solute. Chemical substitution controls 
the uptake of ions on a solid containing counter-ions that can form a 
sparingly soluble compound on the surface. Although this is not truly 
a form of adsorption, it is difficult to distinguish from adsorption under 
experimental conditions. Nevertheless, it will not be discussed in detail 
in this report. It can be considered as a special case of precipitation. 
Americium interacting with the surface of phosphate minerals and iodine 
interacting with Cu(I) or Pb minerals are examples of this process. 

The sensitivity of each true type of sorption to changes in the physicochemical 
environment is summarized in Table I. All three types of sorption are highly 
dependent on the chemical form of the sorbate in solution (i.e., on speciation). 
Many of the parameters listed in the table (e.g., Eh, pH, and concentrations of 
complexing species) influence adsorption by controlling speciation. The 
sorption behavior of a radioelement is therefore largely dependent on its 
chemical state, because this determines its availability for adsorption onto the 
geological substrate. 
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A potentially large number of species of a radioelement in solution may thus 
be involved in sorption. Each of these aqueous species exhibits individual 
sorption characteristics. For example, adsorption of U02(OH)+ and 
(U02)3(OH)^ is strong, whereas adsorption of uranyl carbonate complexes 
[UO,(C03)i and U02(C03)t] is very weak (Hsi and Langmuir 1985). Similarly, 
the thorium hydroxide complexes can be strongly adsorbed, while thorium 
sulfate complexes are very weakly adsorbed (Riese 1982). Understanding the 
speciation of the solution is therefore one key to an understanding of 
adsorption. 

Equally as important to this understanding are the properties and behavior of 
sorbing mineral phases. Some of the more important controls of sorbent 
behavior are the surface area and surface charge of the sorbent, the effects of 
species in solution on surface charge, and the properties of the layer of solution 
in immediate contact with the solid (the electrical double layer). 

The surface charge of minerals results from two general types of effects: those 
caused by interior lattice charge and those caused by the specific adsorption of 
potential determining ions. Interior lattice charge effects are the major cause 
of surface charge in layered silicates such as the clays; in contrast, the 
adsorption of potential determining ions (chiefly H+ and OH) is the major 
cause of surface charge on hydrous oxides and hydroxides. Interior lattice 
charge controls the surface charge on basal surfaces of the clays and micas. 
Because this effect is unrelated to compositional variations in solution, the 
resultant surface charge effect is constant and independent of pH, and it is 
responsible for the simple ion exchange behavior of these minerals. The 
presence of corners and edges on clay and mica plates, where broken 
cation-oxygen bonds occur, gives these minerals a small component of total 
charge that is affected, as are the hydrous oxyhydroxides, by the adsorption 
of potential determining ions. However, in general, the surface charge and 
cation exchange capacity of clays and micas tend to be relatively constant and 
independent of pH in most waters (when pH ranges from 4 to 10); in contrast, 
the surface charge and total metal adsorption capacity of hydrous oxyhydrox
ides is strongly pH-dependent. 

Physical, electrostatic, and specific adsorption, as defined above, represent 
ideal conceptualizations of the more general phenomena called adsorption. It 
is this complex behavior of a potentially large number of aqueous species 
interacting with a number of different surfaces having distinct or variable 
properties that must be modeled to quantitatively account for sorption of 
radionuclides in natural water/rock systems. Currently available conceptual 
models of adsorption will now be briefly reviewed to show how characteriza
tion data on the important solution and solid phase parameters are considered 
in the various models. 
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TABLE I : Dependence of Types of Adsorption on Environmental Physico-
chemical Parameters 

Physical Electrostatic Specific 
Adsorption Adsorption Adsorption 

Hydrogen ion availability (pH) 

Free electron availability (Eh) 

Temperature 

Speciation of sorbate 

Concentration of sorbate 

Concentration of complexing 
or competing solutes 

Ionic strength of solution 

Properties of the sorbent 

Time 

variable'" 

variable'2' 

small 

large 

small'3' 

large 

small 

small 

small'4' 

appreciable 

large'5' 

appreciable 

large 

large 

large 

large 

large'" 

small 

appreciable 

large'" 

appreciable 

large 

large 

large 

variable 

large 

variable 

(1) Dependent on charge of species, effectively zero for uncharged species. 
(2) Dependent on electroactivity of species. 
(3) At concentrations well beloxo saturation. 
(4) Slcnv alteration of sorted species (e.g., dehydration of hydroxides). 
(5) If redox sensitive elements involved. 
(6) e.g., ion exchange capacity. 
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3.0 CONCEPTUAL MODELS FOR ADSORPTION 

Various conceptual models are used to describe adsorption of trace contami
nants such as radionuclides. These models are described in terms of their 
parameters, and are presented in order from the most simplistic to the most 
detailed. 

3.1 CONSTANT Rd MODEL 

In this model, the distribution of the radionuclide of interest between the solid 
adsorbent and solution is assumed to be a constant value. There is no explicit 
accommodation of dependence on characteristics of the rock, sediments, 
groundwater, or radionuclide concentration. Typically, an Rd value for a given 
radionuclide is determined in the laboratory using actual rock or sediment from 
the study area and actual or simulated groundwater, to which a radionuclide 
tracer is added at some trace concentration. Then, 

„ _ amount of radionuclide adsorbed on solid per gm Q J 
d amount of radionuclide in solution per ml 

Typically the term "trace" denotes that a low mass is added, but the mass or 
activity must be sufficient to facilitate good counting statistics. The experi
ments are often equilibrated by contacting the solid with several aliquots of the 
water before adding the radiotracer, to attempt to approach the condition 
expected in the field. 

Most of the laboratory experiments performed to measure distribution 
coefficients for radionuclides do not systematically investigate the effect of 
important parameters and do not attempt to identify the processes causing the 
observed adsorption. Because it is an empirical measurement, the Rd value 
does not necessarily denote an equilibrium value or require some of the other 
assumptions inherent in the more rigorous use of the term "Kd\ The term 
"Rd" will be used as simply the observed distribution ratio of nuclide between 
the solid and solution. I reserve the term "Kd" for true equilibrium reactions 
that show reversibility and further do not yield a distribution ratio that is 
dependent upon the tracer concentration in solution. 

Furthermore, it is customary with the constant Rd model to measure the total 
concentration or radioactivity of the tracer and thus to treat the tracer as being 
one species. This assumption is not an inherent requirement, but it is 
generally applied for convenience. If one knows that the tracer distributes 
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among several species and one can measure or predict the distribution, 
separate Rd values can be calculated for each species. 

This conceptual model, which depends upon experimental determination of the 
distribution coefficient or Rd is quite simple, but it is also limited in that it does 
not address sensitivity to changing conditions. If the ground- water properties 
(e.g., pH, dissolved solids content) change, a new experiment must be 
performed. 

The constant Rd model is mathematically very simple and readily incorporated 
into transport models and codes via the retardation-factor term. That is, for 
porous flow 

R = 1 + R, (2a) 

or 

R = 1 + *,R4 
(2b) 

where R = the retardation factor Vw/Vn 

pb = porous media bulk density (mass/length1) 
0, = effective porosity of media 
Rd = distribution coefficient 
P r = particle density (mass/length3) 

For one-dimensional advection-dispersion flow with chemical reaction the 
transport equation can be written as 

ac; 
dt 

Dx '• 
x dx2 * dx (3) 

/?. 

where C, = concentration of a particular radioactive species (i) 
in solution (mass/length1) 
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Dx = dispersion coefficient of species i (lengtrr/time) 
Vx = Darcy velocity of groundwater (length/time) 
R; = retardation factor for species i 

(For simplicity, radioactive decay has been left out). 

For the constant Rd model, the retardation factor (R) is a constant for each 
layer of geologic media (each layer is assumed to have a constant bulk density 
and effective porosity). Thus, this transport equation does not require 
knowledge of any other parameters such as pH or surface area, and it is easily 
solved to determine the solution concentration as a function of time and at any 
given point. It is the use of the constant Rd conceptualization in the 
retardation factor that has caused most of the criticism. Few natural ground
water pathways are spatially or geochemically homogeneous to the extent that 
the retardation factor for a species remains constant. 

With the constant Rd conceptual adsorption model, there is little incentive for 
a researcher to characterize or measure in detail the basic chemical and physical 
parameters of the rock and groundwater, because no dependency is explicitly 
accommodated. On the other hand, researchers will soon realize that the need 
to perform a new experiment to collect the Rd value for each different 
condition becomes burdensome and uneconomical. For this reason, and to 
satisfy their curiosity as to what mechanisms control adsorption, sorption 
experimenters often characterize their experimental systems by measuring 
selected parameters. Unfortunately, with no physicochemically based 
conceptual model, the experimenter has little guidance as to which parameters 
are more important and worthy of measurement. 

3.2 PARAMETRIC Rd MODEL 

Parameters such as the amount and type of minerals (or more generally surface 
adsorption sites) present in the adsorbent, amount and types of ions in the 
groundwater (especially competing ions and complex-forming ligands), pH, Eh, 
temperature, and experimental procedures (e.g., solid/liquid separation 
techniques and contact times) can affect the observed distribution coefficient. 
Systematic, empirical studies have often been performed to investigate the 
effects of many of these variables on the adsorption of radionuclides on soils, 
sediments, or rocks. The most common approach is to vary one or more 
parameters systematically, to measure the resultant distribution coefficient, and 
then, using available statistical analyses schemes, to develop some predictor 
relationship. 

Because the distribution coefficient is a function of so many variables, it is 
common to systematically vary several parameters simultaneously in one 
experimental study. Factorial design strategies are most often invoked to 
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determine the systematics in varying the independent variables and the 
dependent variables (Yates 1958; Cochran and Cox 1957; Davies 1954; Plackett 
and Burman 1946; Box and Behnken 1960). (The dependent variables are 
typically the distribution coefficients.) Statistical methods commonly used to 
derive quantitative predictor equations include standard linear or nonlinear 
regression (e.g., Snedecor and Cochran 1967), stepwise regression (e.g., 
Hollander and Wolfe 1973), and adaptive learning networks (e.g., Mucciardi et 
al. 1979, 1980). 

All of these techniques have been used successfully to develop empirical 
relationships that describe the distribution coefficient in terms of other 
variables. Successful uses are reported by Routson et al. (1981; Routson and 
Serne 1972), Delegard and Barney (1983), Serne et al. (1973), and Mucciardi et 
al. (1979, 1980). 

The empirical predictor equations commonly take the form of a nonlinear 
multinominal expression. For example, an expression for strontium-90 
adsorption might take the form 

RjLSr) = a(Ca2*) + b(Na*) + c(K*) + d(Ca2t)(Na') + e(Ca2*)(K*) (4) 

+ fLNa~)(K*) + g{Ca2'){Na')(IC) * h 

where a, b, . . ., h are regression coefficients and (Ca2+), (Na+), and (K+) 
represent molar solution concentrations of competing macro cations. In this 
system, the independent variables were (Ca2+), (Na+), and (K+), and the 
dependent variable was the distribution coefficient for strontium. For this 
example, squared terms such as (Ca2+)2 or (K+)2 were not found to increase the 
predictive equation's "goodness-of-fit" for the data significantly; therefore, 
these quadratic terms were ignored. For other empirical models, other 
powered, exponential, or logarithmic terms may be useful. The International 
Sorption Information Retrieval System (ISIRS) is a computerized sorption data 
bank and sorting/retrieval/statistical manipulation software package designed 
especially for storing and generating the laboratory data parametric adsorption 
models (Hostetler et al. 1980; Nuclear Energy Agency 1983b,c). 

Although the empirical relationships generated from these types of statistical 
analyses are more powerful than knowledge of individual distribution 
coefficients, they should not be used to predict Rd values for conditions 
beyond the range studied. Furthermore, the statistical relationships delineate 
only the apparent effects that the chosen independent variables have on the 
distribution coefficients; they do not identify conclusively the cause or process 
controlling adsorption. That is, the statistical analyses may suggest a very 
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strong relationship between one variable, for instance pH, and the distribution 
coefficient, when the actual adsorption process is controlled by hydrous iron 
oxide scavenging. Because the stability of iron oxide is a function of pH, there 
could be a statistical relationship calculated that suggests the adsorption is 
solely caused by pH. 

Empirical and purely statistical approaches are useful in assessing radionuclide 
adsorption tendencies, but they do not lead to a general understanding of the 
physicochemical processes controlling the interactions among rocks, ground
waters, and radionuclides. Therefore, more rigorous, mechanistic studies that 
rely on thermodynamic constructs have been and are currently being proposed 
to increase our knowledge of trace constituent adsorption processes. 
Systematic studies to determine the effects of competing ions and of pH (which 
is, after all, just another way of referring to competing H* ions) can be related 
to thermodynamic models. 

The parametric Rd conceptual model requires characterization of solid phase 
(rocks, sediments, etc.) and solution phase (groundwater and dissolved 
radionuclide content) parameters. The statistical model does not provide an a 
priori ranking of which parameters are most important to measure, but by 
using physicochemical knowledge of possible adsorption processes (see Table 
I for example) and experience, the more important parameters can be identified 
(Nuclear Energy Agency 1983a,b; Serne and Relyea 1983). 

The parametric Rd conceptual model can be used in the retardation factor term 
[see Equation (2)] and the transport equation [see Equation (3)]. When used 
in the transport equation, the code must also keep track of the current value 
of the independent variables [those like Ca2+, Na \ and K+; see Equation (4)] 
at each point in space and at each time in order to continually update the value 
of Rd. Thus, the code must track many more parameters, and some numerical 
solving techniques (such as closed form analytical solutions) can no longer be 
used to perform the integration necessary to solve for concentration. 
Generally, computer codes that can accommodate the parametric Rd model use 
a chemical subroutine to update Rd or R when called by the main transport 
code. Probably because of the added complexity in solving the transport 
equation with the parametric Rd adsorption model and because of its empirical 
nature, this technique has not been used frequently for nuclear waste disposal 
safety assessment exercises. 

3.3 ISOTHERM ADSORPTION MODELS 

Many experimenters have performed adsorption studies in a systematic fashion 
to evaluate the effects of various parameters on the distribution coefficient. 
The results of a suite of experiments evaluating the effect of nuclide concentra-
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tion on adsorption while other parameters are held constant are called an 
"adsorption isotherm." Three adsorption isotherm models used frequently are 
the Langmuir, Freundlich, and Dubinin-Radushkevich models. 

The Langmuir model has been used to describe adsorption of gas molecules 
onto homogeneous solid surfaces (crystalline materials) that exhibit one type 
of adsorption site (Langmuir 1918). Many investigators have tacitly extended 
the Langmuir adsorption model to describe adsorption of solution studies onto 
solid adsorbates including heterogeneous solids. The Langmuir model for 
adsorption is 

bXmC /Cv 
X = * (5) 

1 + bC 

where X = amount of solute adsorbed per unit weight of solid 
b = a constant related to the energy of adsorption. 
X m = maximum adsorption capacity of solid 
C = equilibrium solution concentration of the adsorbate 

Substituting 1/B for b, one obtains 

X_C 
X = 

•1 (6) 
B 

A plot of values of X (y-axis) versus values of C (x-axis) passes through the 
origin and is nearly linear at low values of C. As C increases, X should 
approach Xm. One can rearrange Equation (6) by taking its reciprocal and 
multiplying both sides by X-Xm, to yield X = -B(X/C) + Xm. Then by plotting 
X on the y-axis and (X/Q on the x-axis, one can determine the value for -B 
from the slope of the best fit line and the value of Xm from the intercept. For 
radionuclide adsorption onto heterogeneous soils and sediments, the Langmuir 
model is typically a weak predictor of actual adsorption events, although Salter 
et al. (1981a) cite several instances where the Langmuir isotherm has success
fully fit trace adsorption by natural substrates. Further, Salter et al. (1981b) 
discuss recent modifications of the Langmuir model to accommodate two 
distinct sites and competition of two adsorbates (the nuclide and the ion it 
replaces on the adsorbent), which should further extend this conceptual 
model's usefulness on natural substrates. 

250 



The Freundiich isotherm model (Freundlich 1926) is defined as 

X = KCN 

where X = amount of solute adsorbed per unit weight of solid 
C = equilibrium solute solution concentration 
K,N = constants 

The Freundiich model does not account for finite adsorption capacity at high 
concentrations of solute, but when considering trace constituent adsorption, 
ignoring such physical constraints is usually not critical. 

The Freundiich isotherm can be transformed to a linear equation by taking the 
logarithms of both sides of Equation (7): 

log X = log K * N log C ( 8 ) 

When log X is plotted on the y-axis and log C on the x-axis, the best-fit straight 
line has a slope of N, and log K is its intercept. When N = 1, the Freundiich 
isotherm represented by Equation (7) reduces to a linear relationship, and 
because X/C is the ratio of the amount of solute adsorbed to the equilibrium 
solution concentration (the definition of Kd), the Freundiich K is equivalent to 
the value of the Kd. 

Because adsorption isotherms at very low solute concentrations are often linear, 
either the Freundiich isotherm with N equalling 1 or the Langmuir isotherm 
with bC much greater than 1 fits the data. The value of N for the adsorption 
of many radionuclides is often significantly different from 1, such that 
nonlinear isotherms are observed. In such cases, the Freundiich model is a 
better predictor than the Langmuir model. 

A third adsorption model that has been used recently in nuclide studies is the 
Dubinin-Radushkevich isotherm (Dubinin and Radushkevich 1947). This model 
is applicable for the adsorption of trace constituents. Should the adsorbent 
surface become saturated or the solute exceed its solubility product, the model 
is inappropriate. The Dubinin-Radushkevich model is more general than the 
Langmuir model because it does not require either homogeneous adsorption 
sites or constant adsorption potential. Its mathematical form is 
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x - xs" <9> 

where X 
x m 
K 
€ 
R 
T 
C 

= 
= 
= 
= 
= 
= 

= 

observed amount of solute adsorbed per unit weight. 
sorption capacity of adsorbent per unit weight 
constant 
RT In (1 + 1/C) 
gas constant 
temperature (Kelvin scale) 
solute equilibrium solution concentration (in M) 

The Dubinin-Radushkevich equation can be transformed to 

In X = In Xm - tfe2 <™) 

A plot of In X (y-axis) versus v (x-axis) allows the estimation of In X,,, as the 
intercept and -K as the slope of the resultant straight line. Ames et al. (1982) 
successfully used this model to describe adsorption of uranium and cesium 
onto basalt and its weathering products. 

All three isotherm models can be compared against data from experiments that 
systematically vary the mass of trace constituent or radionuclide while holding 
all other parameters as constant as possible. It is important to consider the 
total mass of the element present, including all stable and other radioactive 
isotopes, when evaluating isotherms. It is incorrect to calculate isotherms 
based on only one isotope if the system includes several (both stable and 
radioactive) for a particular element. For convenience, isotherm experiments 
tend to consider only the total concentration or radioactivity content and thus 
lump all species for a given isotope. 

It can be argued that all three models, but especially the Langmuir and 
Dubinin-Radushkevich models, are based on physicochemical processes or 
mechanisms. If the experiments are performed and characterized rigorously 
to assure equilibrium conditions and constancy of variables aside from the trace 
constituent concentration, then the resultant constants undoubtedly have some 
relationship to adsorption capacities and to site adsorption energies, provided 
only one species predominates in solution for each radionuclide. On the other 
hand, any suite of experiments that can be plotted as amount adsorbed versus 
amount in solution at the time of measurement can also be analyzed using 
these models to see whether predictive equations can be determined. The 

252 



latter empirical approach is a step up in sophistication over the constant Rd 
model's distribution coefficient determinations. 

It must be stressed that isotherm models as expressed by Equations (5), (7), 
and (9) explicitly consider dependency of the distribution coefficient on only 
the solution concentration of the radionuclide of interest. Isotherm models do 
not consider dependence on other solid and solution parameters that can 
influence adsorption (like those listed in Table I). 

The incorporation of isotherm adsorption models into transport codes is 
relatively easy. Each of the aforementioned isotherm equations can be 
rearranged to calculate a distribution coefficient, Rd, that is a function of C, the 
solution concentration of the radionuclide, and one or two constants. As the 
transport model solves for C, substitution of an equation that depends only 
upon C (and derivable constants) for the Rd in the retardation factor [see 
Equations (2) and (3)] should be straightforward. For simple cases, analytical 
closed-form solutions are possible, or various numerical approximation schemes 
can be used. Thus, with little additional work or increases in computer storage 
requirements, most transport codes can be formulated to predict radionuclide 
migration with an isotherm adsorption model. Isotherm adsorption models 
have been incorporated into a system PA code to evaluate the efficacy of deep-
geologic burial in granite for the NAGRA efforts in Switzerland (personal 
communication Jorg Hadermann 1990). I restate that this approach accounts 
for the dependency of Rd on only one parameter, the concentration of the 
radionuclide. 

3.4 MASS-ACTION ADSORPTION MODELS 

Ion-exchange processes (e.g., electrostatic adsorption) use mass-action laws and 
equilibrium constant constructs to derive rigorous predictive equations for trace 
constituent adsorption. Iueal binary ion exchange is a simple case often used 
to illustrate this model. For radionuclide ideal binary ion exchange, one 
assumes that the nuclide of interest is present in such trace concentrations that 
it does not appreciably affect either the concentration of the major constituent 
adsorbed on the solid or the activity coefficient ratio of the binary mass-action 
equation components. The thermodynamically rigorous mass action equilibri
um expression for a binary cation-exchange reaction, such as strontium or 
cesium adsorbing onto a calcium saturated clay, is 

aNb* • b(MX) - a(NX) * bMa* ( 1 1 ) 

where a = valence of macro ion (e.g., calcium) 
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N = trace component 
b = valence of trace ion (e.g., radionuclide) 
M = macro component in binary system 
X = solid adsorbent 

The equilibrium constant, K, can be expressed as 

K = [NX? [Af T (12) 
[MX]* [N*T 

where the brackets, [], indicate thermodynamic activities. If one assumes that 
the exchange capacity, C, of the solid adsorbent is constant (equivalents per 
unit weight) and that N is present at low (trace) concentration, then the 
concentration of the trace constituent adsorbed, (NX), is much smaller than C, 
and the concentration of macro ions adsorbed on exchange sites, (MX), is 
approximately equal to C/a [i.e., (MX) == C/aJ in terms of moles per unit of 
weight, because C = (NX)b + (MX)a. Then, by using the standard definition 
of the distribution coefficient, Kd = (NX)/(Nt,+), where (Nb+) is the solution 
concentration of the trace constituent at equilibrium with the solid, and by 
substituting the relationship that activity is equal to the concentration times an 
activity coefficient, i.e., [A] = 7A(A), one can rewrite Equation (12) as 

K _ (Kd)° (AQ» , r (13 ) 

(C/a)b 

where T is the ratio of the activity coefficients: 

r = y<m Y<"") (14) 
b a 

For ideal ion exchange of a trace constituent where the exchange capacity, C 
is constant, the ratio of activity coefficients for the adsorbed ions, 7{NXJ/7{MXS ' S 

constant. Further, for low ionic strength solutions the ratio 7{Ma+}/7(Nb+) is also 
a constant, and thus T becomes a constant. Using these conditions / assump
tions and a logarithmic transform of Equation (13), the dependence of Kd (the 
trace constituent distribution coefficient) on the macro ion concentration, M, 
reduces to -b/a, the ratio of tracer ion charge to the macro ion charge. 
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A plot of log Kd (y-axis) versus log (Ma+) (x-axis) should yield a straight line 
with a slope equal to -b/a. Kraus and Nelson (1955), Kraus et al. (1958), 
Rafferty et al. (1981), Shiao and Meyer (1981), and Shiao et al. (1981) discuss 
the use of this ion-exchange approach to model both cation and anion 
exchange of trace constituents onto hydrous oxides and clays. Theoretical and 
experimental efforts to model mixtures of solid adsorbents, e.g., clays plus 
oxides, are discussed by Triolo and Lietzke (1980) and by Palmer et al. (1981). 
The underlying principle used in dealing with mixtures is the assumption of 
additivity of the individual adsorption capacities of each solid adsorbent, based 
on the weight fraction of each solid present. 

Routson and Seme (1972) and Langmuir and Mahoney (1984) present a slight 
variation of this ideal ion-exchange approach that also uses the mass action 
equations and the equilibrium constant concept. In their derivations, the 
mass-action expression for binary ion-exchange reactions, Equation (11), is 
expressed as an empirical equilibrium constant 

K- -1^2 [m* < 1 5 ) 
[#•>]< \MX) 

where the activity ratio of the ions N and M adsorbed to the solid is replaced 
by its concentration ratio or mole fraction of total sites raised to some empirical 
constant, P. The true equilibrium constant is replaced by a pseudo- equilibri
um constant, K". 

For analysis of experimental data, the logarithmic transform of Equation (15), 
along with the substitution of the solution concentration times an activity 
coefficient, y, for the activity is used. The activity coefficients of ions can be 
estimated from Davies' extension of the Debye-Huckel theory (Butler 1964), 
and the concentrations of ions in solution are determined by standard chemical 
analysis techniques. Alternately, a thermodynamic chemical code, such as EQ3 
(Wolery 1979), VVATEQ3 (Ball et al. 1981), M1NEQL (Westall et al. 1976), 
MINTEQ (Felmy et al. 1984), or PHREEQE (Parkhurst et al. 1980), can be used 
to calculate activities for M and N in solution. By plotting log [M+a]b/[N+b]a on 
the y-axis and log (NX)/(MX) on the x-axis, and then calculating the best-fit 
line, the slope (an estimate of the empirical constant P) and the intercept (an 
estimate of log K*) can be calculated. 

Detailed discussions on the derivation and limitations of this empirical 
approach for both trace constituent adsorption and competition between two 
macro components are presented in Garrels and Christ (1965). Briefly, the 
approach relies on the same assumptions described for the ideal ion-exchange 
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approach, that the number of bonding sites of the solid (-X) are constant and 
have essentially the same binding energy, and that the ions being adsorbed do 
not cause appreciable changes in the surface structure of the adsorbent. 
Walton (1949) and Serne et al. (1973) describe experiments in which Equation 
(15) was used to develop predictive models for exchange of one macro cation 
for another onto aluminosilicates and natural soils. The approach allows 
investigators to evaluate the dependence of the adsorption of one cation on the 
concentration of a second cation. 

By developing computer algorithms based on Equation (15), with laboratory-
derived values for K* and P, for sets of binary exchange reactions, Routson and 
Serne (1972) were able to model the simultaneous adsorption/exchange of Na+, 
Ca+2, Mg+2, and K+ in a synthetic waste water onto several sandy soils. The 
binary reaction sets (Na-Ca), (Mg-Ca), and (Na-K), were solved numerically on 
a computer by iterating through each equation until the change in predicted 
solution concentration for each species at the beginning and end of one 
complete pass was less than a specified value, such as 0.1%. 

With a similar iteration technique, Robbins et al. (1980a,b) use a pseudothermo-
dynamic mass-action equation variation of Equation (15) to model the transport 
of alkali metals, specifically K* and Na+, and alkaline earths, specifically Mg2+ 

and Ca2+, through soils and clays. Robbins et al. use the mass-action equation 

K - [ M ^ V (16) 

where NI/bX and M,/aX are the equivalents of each cation adsorbed on the solid 
adsorbent, given in units of meq per 100 g. 

The pseudoequilibrium constant, K\ is frequently called the "selectivity 
coefficient" in soils literature. For example, sodium exchange onto a calcium 
saturated soil is 

MT • Ca.nX - -Ca2, * NaX (17) 
1/2 j 

256 



K- = [Ca2^ NaX (18) 
[MT] Calj2X 

This approach like the true thermodynamic mass-action conceptual models for 
Equations (11) through (14) assumes that 1) only free cation species are 
adsorbed; 2) the adsorbent cation exchange capacity is constant and indepen
dent of pH and solution composition or total ionic strength; 3) the solutes are 
a true solution (i.e., the species' activities are not affected by the presence of 
the solids); and 4) the exchange is reversible and there is no hysteresis between 
adsorption and desorption. Most derivations also consider only one type of 
adsorption site with a fixed adsorption energy. 

Brouwer et al. (1983) give a detailed discussion of a mass-action adsorption 
model with several types of adsorption sites having different energies or 
selectivities for adsorption of ions. Brouwer et ai. also treat several simplifying 
cases, such as allowing one type of site to be more selective than another. 
These cases show that the adsorption of cesium and rubidium onto illite clay 
originally saturated with calcium, strontium, barium, sodium, or potassium is 
best described by assuming that there are three types of sites. It is likely that 
most natural adsorption substrates are best modeled as a mixture of sites with 
differing adsorption energies. 

Langmuir (1981) reviews the use of the pseudo-thermodynamic mass-action 
conceptual model for both exchange of macro constituents and adsorption of 
trace constituents. Because Equation (15) includes an exponent, P, on the ratio 
of the adsorbed phases, Langmuir has called this conceptual model the Power 
Exchange Model. From reviewing numerous adsorption publications, 
Langmuir found that when two competing cations, especially alkali and 
alkaline earths, are present at near equal molar concentrations that P * l . But 
when one of the competing ions is present at very low concentrations relative 
to the other, P does not equal 1. Most heavy metal elements in nature are 
present at concentrations much less than alkali and alkaline earths and the best 
fit power exchange equation typically requires P to be greater than 1. A P 
value greater than 1 means that the trace constituent is preferably adsorbed as 
its concentration decreases. In other words, the Rd value gets larger as the 
solution concentration of the trace constituents decreases. (This trend is often 
observed in radionuclide adsorption studies and corroborates Langmuir's 
findings.) Further, Langmuir found that a complete description of trace metal 
adsorption over a wide range in solution concentrations of the trace metal 
requires that several regions be designated where distinct K' and P values are 
determined. Conceptually one might suggest that each distinct region 
describes a separate adsorption process or separate type of adsorption site, but 
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as the Power Exchange Model is strictly empirical there is no fundamental basis 
for such a suggestion. At any rate, Langmuir cites numerous studies in which 
this empirical mass action conceptual model readily describes the adsorption 
of cationic species onto clays, hydrous oxides, zeolites, and soils, provided the 
user segments the data versus concentration in solution or studies systems 
with only small ranges (e.g., two orders of magnitude) of solution concentra
tions for the trace constituent. 

Further, Langmuir shows that the Power Exchange Model [Equation (15)], 
where the NX and MX solid terms are expressed as mole fraction, reduces to 
the Freundlich adsorption model when the minor component mole fraction, 
NX, is less than 0.05. As derived in Equation (7), the Freundlich equation 
exponent N would be less than 1 for most trace radionuclides as it is similar to 
the reciprocal of P in Equation (15), which Langmuir finds is typically greater 
than 1 for trace metal adsorption. 

A potential limitation for the study of trace constituent adsorption using this 
pseudoequilibrium-constant approach is the difficulty of obtaining accurate 
values of the ratio (NX)/(MX) when the ratio is either less than 0.05 or more 
than 0.95. In the case of trace constituent adsorption, it is quite common for 
this ratio to be less than 0.1. The use of radiotracers often helps make 
measurements more precise but there will always be a level below which 
accurate results are impossible. Many real-world cases may fall in this region. 

The mass-action approach requires the investigator to track the activities of the 
free cations or free anions in solution and the amounts adsorbed on the solid 
phase (in terms of either mole fractions, equivalents per gram, or moles per 
gram). This need to keep track of the distribution of elements other than the 
contaminant of interest increases significantly the storage requirements for 
transport codes. Probably of greater concern is the fact that numerical solution 
algorithms to solve equations like Equations (12), (13), (15), (16), and (18) often 
have convergence problems due to their highly non-linear nature. This is 
particularly a problem for the binary exchange reaction, when one exchanging 
ion is present in much smaller quantities than the other. 

Probably for these reasons, few transport codes exist that accommodate the 
mass-action conceptual adsorption model. Furthermore, the behavior of many 
trace contaminants appear to be only poorly modeled by the mass-action 
approach without segmenting the system and using distinct K" and P values 
in each segment. Classical soil problems, such as salt transport by irrigation 
of saline soils, have provided the impetus to build mass-action adsorption 
transport codes (e.g., Robbins et al. 1980a,b; Dutt and Doneen 1963; and Dutt 
et al. 1972). However, so far few of these codes have found any usage in the 
nuclear waste management community for predicting radionuclide transport. 
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3.5 SURFACE COMPLEXATION MODELS 

For many radionuclides and trace constituents, the literature states or implies 
that specific adsorption (i.e., adsorption occurring onto surfaces having the 
same net surface charge as the sorbing ion) is a major contributor to the 
adsorption at low solution concentrations (see for example Rai et al. 1984). 
Hydrous oxides of Fe, Mn, and Al, and amorphous aluminosilicates occurring 
either as discrete grains or surface coatings are assumed to be the prime 
adsorbents responsible for specific adsorption. These solid phases have 
variable surface charges and exhibit amphoteric behavior. The solids have a 
net positive charge at pH values below their point of zero charge (PZC) and a 
net negative charge at pH values above the PZC. James and Healy (1972) and 
Langmuir and Mahoney (1984) explain why specific adsorption occurs. Briefly, 
the free energy of adsorption is the sum of three terms: a coulombic term, a 
solution term, and a chemical reaction term. Mathematically the free energy 
of adsorption is 

AG^ = A G ^ + AG,^ • &G°chtm 

For adsorption to occur, AG°d5 must be negative. The free energy of solvation, 
AG°0,V, represents the energy needed to dehydrate a species to bring it close 
enough to the adsorbent surface to attach. This quantity is always positive but 
is smaller for low-valence-state species, that is, AG°o)v = f (valence)2. The 
coulombic term, AG°ou„ is positive for like-charged entities (that is, if the 
adsorbent site is of the same charge as the adsorbing species, then AG°ou, is 
positive). Thus for specific adsorption, AG"0U, and AG°o!v are both positive; in 
order for AG°Js to be negative, AG°hem must be both negative and numerically 
larger than the sum of AG°0U, and AG"0|V. The AG°hem represents the free 
energy of chemical bonding between the adsorbent and the adsorbate, and 
obviously it must be negative in charge and relatively large for species that 
specifically adsorb. 

Surface complexation adsorption models treat the adsorbent surface as a plane 
of hydroxyl groups, X-OH, where X represents structural Al, Fe, Mn, Si, or 
other atoms. The adsorption sites, -OH, or hydroxyl groups are thought of as 
ligands that are acid/base-sensitive and form complexes with solutes in 
solution. The model assumes that 1) adsorption occurs on the sites with 
neither chemical ncr electrostatic interactions between adsorbed species (i.e., 
no neighbor interactions); 2) all of the adsorption sites have equal binding 
energies (i.e., each site is identical); 3) no matter how many sites are full, each 
remaining site has the same probability of adsorbing the next solute ion (i.e., 
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the binding energy does not depend upon sorption density); and 4) the 
maximum adsorption capacity allows only a single layer coverage of each site. 
All four of these assumptions are also invoked for the Langmuir isotherm and 
ideal ion-exchange approaches described earlier. 

In the surface complexation model, adsorption reactions are considered 
analogous to soluble complexation reactions in solution, with one fundamental 
difference. The adsorption reaction includes an electrostatic energy term to 
account for the interaction of the charged adsorbing ion and the surface charge 
on the solid. The conceptual model is shown schematically in Figure 1. For 
the surface complexation model, dubbed the "triple-layer model," originally 
suggested by James and Healy (1972, 1975), and applied by Davis et al. (1978; 
Davis and Leckie 1978, 1980) and Leckie et al. (1980), the space around the 
solid surface (usually represented as a semi-infinite planar surface) is arbitrarily 
broken into three layers or zones, separated by the 0 plane, the b plane, and 
the d plane, as shown in Figure 1. The 0 plane represents the interface 
between the solid surface and solution. Generally, only hydrogen and 
hydroxyl ions are allowed to enter the 0 layer to interact with the solid. Just 
beyond the 0 layer is the b layer, which extends out farther from the surface 
and ends at the boundary of the diffuse zone, the d plane. Solution ions, such 
as the macro cations and anions (Na+, Ca2+, CI, SO2/, etc.) and the trace 
constituents [St2*, PuO*, Am(OH)2+], that are adsorbing onto the solid surface 
are allowed in the b layer. The third layer is the diffuse zone, where ions are 
not influenced strongly by electrostatic forces emanating from the solid surface. 
The ions in this region are considered to be counter-ions that neutralize any 
residual charge caused by the surface and specifically adsorbed ions in the b 
layer. The d layer blends into the bulk solution farther from the surface. 

The electrostatic interactions modify the thermodynamic activities of ions as 
they move from the bulk solution into the various adsorption zones. The ion 
activity of a species near the surface, [lort.], is related to its activity in the bulk 
solution, [IonB], by the following relationship 

[Ions] = [IonJ e-zrt,f(T «*) 

where Z = charge of ion (e.g., Sr2+ = +2, SO4 = -2) 
F = Faraday constant 
4> = electrostatic potential for the designated zone 
R = gas constant 
T = temperature (Kelvin scale). 
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Figure 1 shows the shape of the potential curve as an ion approaches the 
surface. The figure also defines two capacitance terms and three surface 
charges. Adsorption reactions onto oxide surfaces have been successfully 
described using the relationships between surface charges, capacitances, and 
potentials (see James and Healy 1972) and equations like Equation (19) for each 
species adsorbed onto the solid. 

Adsorption dependence on acid/base reactions is explicitly accommodated by 
the following two reactions: 

X-OHl ~ X-OH + Hw 

X-OH - X-O' + H^ 

as 

^ = [x-om w;] m [X-OH] [jy-jy* (20) 
[X-OH;] IX-OH;] 

and 

X* _ [X-0]-[H;] _ [X-Q-] [H*}eir,°'m (21) 
** " [X-OH] ~ [X-OH] 

where the equilibrium constants, K̂ ,1 and K '̂ , are similar to association 
constants for soluble complex formation and can be determined in the 
laboratory by systematic acid/base titrations (see Davis et al. 1978). The other 
variables in these equations are those defined for Equation (19). 
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FIGURE 1 : Schematic Representation of Triple Layer Adsorption Model 
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Examples of cation and anion adsorption reactions for trace contaminants, such 
as radionuclides, are shown in Equations (22) and (23). Recall that these ions 
and the macro cations and anions are bound in the b layer, not the 0 layer; 
therefore the electrostatic terms differ from those in Equations (20) and (21). 
The first reactions show the adsorption of the first hydrolysis species for 
americium: 

X-OH + Am}* + H20 ~ [X-O -Am(OH)2*] + 2H*S 

K = [(X-O-AmOH)2*] [H*]1
 e - " J " y » i / " > ^ 

[X-OH] [/4m3V3Ff*/*r 

The second reaction shows the adsorption of the selenate anion: 

X-OH + H[s) * SeOfcs) - [X-OH^-SeOl'] 

[(X-OH2-Se02)] 
K = - 1 *-ll (23) 

[X-OH] [HI [SeOl']e'riJRT e*1"*1*7 

The triple-layer conceptual model explicitly accommodates variable surface 
charge, pH effects, ionic strength effects, speciation (that is, it allows for 
simultaneous adsorption of free cations or anions, and of hydrolyzed and 
complexed species), and macro cation/anion competition [reactions similar to 
Equations (22) and (23) for major constituents are included]. When incorporat
ed into a thermodynamic code, this model can explicitly address oxida
tion/reduction effects on ion speciation and on the stability of solid adsorbents 
such as iron oxides. Serne et al. (1984) and Peterson et al. (1986) have 
combined triple-layer adsorption algorithms with the MINTEQ thermodynamic 
code (Felmy et al. 1984) to describe uranium mill tailings waste leachate 
interactions with sediments. Their exercise modeled both solubility and 
adsorption (onto hydrous iron oxide) processes under variable pH, Eh, and 
solution ionic strength (Peterson et al. 1986). 
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A second surface-compiexation conceptual model is called the "constant-
capacitance model" (Schindler et al. 1976; Schindler 1981; Hohl and Stumm 
1976). In general, it is conceptually similar to the triple-layer model just 
discussed, but it considers only two planes for adsorption and assumes that all 
species adsorb in the inner zone, outside of which lies the diffuse layer of 
counter ions that melds into the bulk solution. Morel et al. (1981) and Westall 
and Hohl (1980) discuss the finer details of similarities and differences between 
these popular surface-compiexation models, but in general both models can be 
used to explain observed adsorption onto hydrous oxide surfaces. 

The use of the surface-compiexation model requires detailed characterization 
of the adsorbent's adsorption capacity (i.e., number of sites or site density and 
surface area), of its dependency on pH (determined by acid-base titrations), of 
its dependency on major cations/anions, and of the electrical properties of the 
surface (electrokinetic potential, specific conductivity, etc.), as well as detailed 
studies of the adsorption of trace constituents. Currently the model has been 
used successfully to predict adsorption of hydrolyzable trace metals (Zn, Cd, 
Cu, and others) and oxyanions (CrO^', SeO^', and others) onto oxide/hydroxide 
surfaces of Fe, Ti, Al , and Si. Several conferences have discussed the use of 
the this approach to describe the adsorption of uranium onto hydrous iron 
oxides, of thorium and radium onto quartz and kaolinite, and of lead onto 
manganese oxide (Catts and Langmuir 1983; Hsi and Langmuir 1980, 1983; 
Langmuir and Riese 1982; Riese and Langmuir 1981,1983). The approach has 
also been used to model cesium adsorption onto montmorillonite (Silva et al. 
1981), neptunium (V) adsorption onto hydrous iron oxide and alluvial 
sediments (Fruchter et al. 1985), and uranium (VI) species adsorption onto 
goethite, amorphous ferric oxyhydride, hematite (Hsi and Langmuir 1985), and 
the clay corrensite (Siegel et al. 1990). 

Leckie et al. (1980) discuss the extension of the triple-layer model to accommo
date multiple and distinct types of sites. They suggest that highly accurate 
modeling of trace constituent adsorption onto hydrous o\ides requires 
accommodations of variable binding energies on sites as a function of the 
amount of the species adsorbed. This adaptation would significantly increase 
the complexity of using the surface complexation conceptual model. 

Surface-compiexation modeling requires detailed characterization of the solid 
adsorbent. Before surface-compiexation conceptual models can gain wide 
acceptance in the nuclear waste management community, their application to 
natural rocks and sediments must be addressed. However, to date, only 
simple and pure oxide solids, corrensite, and kaolinite clays have been 
successfully characterized to obtain the necessary input values. Thus, solid 
substrates currently modeled are pure single phase minerals or amorphous 
oxides/hydroxides. In principle, the conceptual model should work for natural 
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adsorbents that are mixtures of pure minerals, sometimes mixed with 
amorphous coatings. One current approach is to treat the natural system as 
a linear combination of pure phases. That is, the natural solid is broken down 
into its primary components, and the individual properties of the primary 
components are weighted by the percentage of the whole mass that each 
component represents. The weighted values of such properties as surface area, 
site density, and so on, are then added to determine a value for the natural 
composite. Such a "weighted building block" approach has been explored by 
Honeyman (1984) and Altmann (1984). More work on various types of natural 
solids will be required to evaluate the applicability of the linear summation of 
primary components. The other approach is to measure the "average" 
properties of the bulk media such as "average" site density or "average" 
intrinsic acidity constants. 

Use of the surface-complexation model also requires access to an ion speciation 
code such as PHREEQE, MINTEQ, or EQ3. If the thermodynamic data for a 
particular radionuclide is suspect or missing from the ion-speciation code, the 
activity of adsorbing species cannot be determined. In addition, systematic 
batch adsorption experiments that include complete solution analyses must be 
performed to determine the necessary adsorption constants corresponding to 
the K terms in Equations (22) and (23). 

The need for detailed solids characterization appears to be another problematic 
aspect to be overcome before most experimenters involved in radionuclide 
adsorption studies will become interested in surface complexation concepts 
because they generally are not experienced in solids characterization. With the 
increasing use of ion-speciation codes and with the elucidation of the 
applicability of either the building block or "bulk average" approaches, then 
facile techniques to properly perform the detailed solids characterization will 
become the key to acceptance. Work is needed to evaluate the usefulness of 
current techniques to characterize pure mineral surfaces on natural solids. As 
a corollary, it is necessary to discover whether natural systems can be dissected 
into their individual pure minerals and amorphous coating components 
without significantly altering their adsorption properties. 

Conceptually, the surface-complexation model is the most elegant and 
comprehensive adsorption theory available. Its explicit accommodation, based 
on theoretical principles, of solid characteristics (site density, electrostatics), and 
of the effects of pH and solution characteristics (ionic strength effects, 
speciation effects, redox effects, etc.) is a persuasive reason to endorse further 
study. The mathematical expressions are compatible with and readily included 
in thermodynamic geochemical computer codes (e.g., MINTEQ, MINEQL) 
referenced earlier so that the processes of speciation, complexation, solubility, 
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redox, and sorption-desorption can be treated simultaneously as happens in 
the natural system. 

At present only a few attempts have been made to incorporate surface 
complexation adsorption models into transport codes. The same requirements 
discussed for the mass-action conceptual model apply. That is, the transport 
model must track other species and elements besides the radionuclide of 
interest and the solution algorithms must be very robust to accommodate the 
highly non-linear nature of the adsorption equations. The surface complexa
tion conceptual model further exacerbates the convergence problem in that it 
requires that the charge electroneutrality and charge-potential constraints 
identified in Figure 1 be satisfied, as well as the various mass- action equations 
(with electrostatic terms) such as Equations (20) through (24). Murali and 
Aylmore (1981) discuss some convergence problems when modeling the 
adsorption of phosphate onto goethite. Murali and Aylmore further imply that 
the simulation of transport is not easily performed using models that include 
electrostatic constraints. 

Recent attempts at coupling a surface complexation adsorption model with 
transport codes have relied upon simplifications, such as setting the electrostat
ic terms as constants [e.g., Jennings et al. (1982) and Miller and Benson (1983)] 
or relying on the constant capacitance model and a fixed system pH [e.g., 
Cederberg et al. (1985)]. Further, these types of transport codes inevitably are 
illustrated on one-dimensional transport problems, although the authors 
usually remark that there are no conceptual problems to converting to 
multidimensions. There may in fact currently be practical problems, such as 
computer storage limitations and excessive run times. 

4.0 DISCUSSION OF ISSUES 

In this section I will briefly discuss the issues that were listed in the introduc
tion. I will draw on the material presented on terminology and conceptual 
models as well as opinions that I have formed during experiences as a member 
of teams that have performed numerous nuclear waste disposal safety 
assessments. My experience is not exhaustive and thus my opinions should 
be subject to scrutiny. Therefore, 1 solicit comments from other workers on the 
incorporation of adsorption, or more generally, retardation processes into 
transport codes used in safety assessment analysis for the disposal of 
hazardous wastes in geologic media. 
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4.1 ADEQUACY OF THE DISTRIBUTION RATIO CONCEPT 

Each of the conceptual adsorption models, from the simple constant Rd model 
to the comprehensive surface-complexation model, rely upon the experimental 
determination of distribution ratios for the amount of radionuclide bound to 
the solid to the amount of radionuclide remaining in solution. That is, the 
basic measurement performed to quantify adsorption for each conceptual 
model is the distribution ratio, Rd. What differs among the conceptual models 
is the degree of system characterization, and thus system variability, that can 
be explicitly accommodated. As discussed in Sections 2 and 3, adsorption of 
a particular radionuclide is determined or controlled by many characteristics or 
attributes of the system under study. Therefore, any generalized adsorption 
model must be capable of accommodating the dependency of the distribution 
ratio on the system parameters (i.e., rock, sediment, groundwater, and 
radionuclide attributes). For the experimentalist, the use of the more 
sophisticated adsorption models requires more time spent measuring other 
attributes of the solution, the rock or sediment, and the radionuclide in their 
experimental system. It is obvious that care should be taken in any adsorption 
experiment to facilitate solution and solid separation prior to measurement of 
the distribution ratio. Because the more elegant conceptual models require 
more characterization, the experimentalist usually becomes more aware of the 
conditions occurring in the experiments, and by controlling some variables, 
improves the reproducibility and the accuracy of the resulting distribution ratio. 
The experimentally determined distribution ratio will remain the backbone of 
conceptual adsorption models, but the ratio will also remain sensitive to the 
many other parameters discussed. Until the variation of such parameters as 
pH, complexing ligands. Eh, solid surface area, and mineral composition, in 
experimental systems is known, wide ranges of distribution ratios for 
radionuclides should not be construed as evidence that the Rd approach is 
flawed. What such variation means is that, in a variable geochemical 
environment, a more systematic study is required to quantify the variability of 
Rd with system parameters. Furthermore, once the variability is quantified, it 
should be incorporated into transport codes, either explicitly or implicitly. 

4.2 ADEQUACY OF THE CONSTANT Rd OR CONSTANT RETARDA
TION FACTOR IN TRANSPORT CODES 

A large percentage of overall safety assessment exercises to estimate the effects 
of nuclear waste disposal on the environment rely upon the constant Rd 
distribution and thus constant retardation factor, R, [see Equation (2)] to 
describe nuclide migration potential. As discussed throughout this paper 
radionuclide adsorption is influenced by many attributes of the system and can 
vary significantly in differing environments. Therefore a constant Rd value 
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should be expected only in cases where all the attributes of the rock, 
sediments, groundwater, colloids, and dissolved radionuclides remain fixed. 

There are two instances when the use of a constant Rd retardation approach 
is technically defensible. The first instance is when the groundwater, rock, and 
sediments along the hydrologic flow path are in fact homogeneous (constant 
in composition). For some disposal sites, it may be possible to segment the 
flow path into a discrete number of zones where geochemical conditions are 
considered relatively constant in each zone. Each zone would then be assigned 
a unique Rd value for each radionuclide based on empirical studies on 
materials that have the same attributes as those of the materials in the zones. 

The second instance when the use of a constant Rd approach is defensible is 
for bounding calculations. Many of the published overall safety assessment 
exercises are considered as bounding, scoping, preliminary, or worst case 
analyses. For such exercises it is defensible to select a constant Rd value that 
is representative of the values found on materials from the geologic setting. 
Typically an Rd value that represents a minimum value observed in experi
ments is chosen for worst case or conservative analyses. Often for deep 
geologic disposal, the path-length of concern and flow rate are so long and so 
slow, respectively, that a small Rd value is adequate to prevent enough activity 
to be considered hazardous from reaching the biosphere. For example, if the 
travel-time for water is sufficiently long that a radionuclide with a half-life of 
TO4 years would decay to minuscule levels if the distribution ratio was 10 ml/g, 
then it is of little concern if experiments on the radionuclide yield Rd values 
that consistently vary over the range 100-10,000. This situation often occurs 
and needs to be put in perspective. The experimenter may be quite concerned 
that he can not explain why the Rd for a specific radionuclide varies between 
100 and 10,000 ml/g in seemingly identical experiments. Yet if he can show on 
numerous repetitions of the experiment that the value is always above 10 ml/g, 
it is of little concern to the overall safety assessment calculation. There is little 
need for concern because as long as the Rd value is greater than 10, the travel 
time is so large that the radionuclide decays to innocuous levels. 

4.3 UNEXPLAINED VARIABILITY IN Rd 

Much of the debate on variability of Rd values is of no consequence to the 
bounding safety assessment calculations for the reason just presented. 
Variability in Rd values for a given radionuclide usually occurs for sparingly 
soluble and redox-sensitive actinides and group VII A and VIII A fission 
products (e.g., **Tc, H*Ru). I suggest that much of the observed variability 
reflects the fact that solubility-controlled retardation reactions (precipitation) are 
controlling the fate of these radionuclides. For systems where solubility 
processes are controlling, the observed distribution ratio is extremely sensitive 

268 



to the initial mass or radioactivity of the nuclide present. That is, the 
equilibrium concentration of the radionuclide in solution is fixed and the 
amount of radionuclide that appears to adsorb is very sensitive to the initial 
mass present. Further, for precipitation reactions there is no limit or maximum 
capacity to the amount of radionuclide that can be "adsorbed" on the solid 
phase. Thus, the distribution ratio, 

„ , _ amount on the solid phase 
amount in solution 

can become very large and appear quite variable because the numerator can be 
very large and the denominator very small. A small change in the measured 
solutio.i concentration (denominator) makes a very large change in the 
calculated Rd value when the denominator is small. For sparingly soluble 
radionuclides, a precise measurement of the solution concentration is difficult 
to obtain and thus the resultant Rd can be quite variable. 

There is one circumstance when unexplained variability in Rd values and the 
use of the low representative Rd value may not lead to conservative transport 
calculations. Unexplained variability in the Rd value for seemingly identical 
experiments should be considered as a danger signal especially at Rd values in 
the range 0 to 50 ml/'g or below values where precipitation reasons can be 
ruled out. Most Rd determinations rely upon batch equilibration methods and 
measure only the total amount of radionuclide distributed betv en the solid 
and solution. In cases where two or more distinct species are present [e.g., 
TcO; and Tc02+, Ru3+ and Ru04, ?\xO\ and Pu(OH)t U02

+ and U02(COJf, 
or Co2* and Co-EDTA1] for a given radionuclide, an Rd value based on the 
total distribution can be misleading. The above examples of pairs of species 
that might co-exist in ground waters would likely exhibit very distinct 
adsorption tendencies as the overall charge and size of the species differ 
significantly. For example, assume that a radionuclide tracer solution with two 
species that do not rapidly interchange, A and B, present as a 50%-50% 
mixture, is used in a batch adsorption experiment where 1 g of rock is 
contacting 20 ml of solution. Also assume that the individual species exhibit 
Rd values of 1 and 100 ml/g respectively. The observed Rd for the mixture 
would be 15.7 ml/g. Yet when the solution is percolated through a column of 
the rock as a pulse followed by flushing with ground water, 1 would expect to 
see a peak representing species A breakthrough the column at a pore volume 
equivalent to an Rd of 1 and another peak representing species B at a pore 
volume equivalent to an Rd of 100. A computer prediction based on the 
measured Rd value would breakthrough at a pore volume equivalent to Rd = 
15.7. Depending upon the column bulk density and porosity [see Equation 
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(2)], the velocity of the water, and radionuclide half-life, the activity versus 
time emanating from the actual column likely would exceed that predicted and 
certainly would show some release much earlier than the predictions. 
Therefore, when experimenters suspect that two species with significantly 
different Rd values are present in a groundwater, they should not rely solely 
on one batch equilibration experiment in which only total radioactivity 
remaining in solution and that adsorbed on the solid are measured. 

To identify multiple species with significantly different Rd values, the 
experimentalist should perform an additional experiment. Two choices are 1) 
to perform a second batch equilibration on a "clean" sample of rock using the 
effluent solution from the first test or 2) perform an independent flow-through 
column test with the radiotraced groundwater or waste package leachate. 

The former test, the repeat batch equilibration, is likely the simplest and least 
time consuming. If most of the highly adsorbing species (e.g., species B in our 
example) adsorbed in the first test, then the observed Rd in the second test 
should be much less than the 15.7 ml/g calculated in the first test because the 
activity that remained in the solution is mainly species A. Species A would 
adsorb slightly, resulting in an observed Rd value close to 1 ml/g. On the 
other hand, as discussed in Section 3, trace element adsorption often shows 
more favored adsorption as the mass of the trace element decreases; thus even 
if the system under study included only one species with a Rd value of 15.7, 
the second equilibration might yield an Rd value greater than 15.7 ml/g. Thus 
the differences in the two systems, single species versus two species, should 
be large enough to allow identification even in experiments that exhibit 
variability in Rd. 

The flow-through column test approach is likely more expensive, time 
consuming, and difficult. On the other hand, a flow-through experiment 
simulates the coupled chemical reaction and hydrologic transport process. In 
a flow-through experiment, the occurrence of other potentially adverse 
processes can be explored. For instance if more rapid than expected break
through is observed, kinetic considerations, colloid transport, dispersion, or 
some other mechanism might need to be considered. Alternately, the flow-
through test can also identify beneficial processes, such as irreversible 
retardation, matrix diffusion, or physical filtration, from cases when the mass 
eluted and time of elution are much lower and longer than expected. 

Column experiments are difficult to perform and interpret. I suggest that 
experimentalists consider the guidance offered in publications such as Serne 
and Relyea (1983), Relyea (1982), and Failor et al. (1982). Proper design of the 
experiment is very important in allowing realistic interpretations to be made 
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from the data. As no standard experimental protocol has been adopted, it is 
critical to consider the viewpoints expressed by experienced practitioners. 

4.4 STATUS OF INCORPORATION OF SOPHISTICATED ADSORPTION 
MODELS INTO TRANSPORT CODES 

The following is a brief summary of my opinion on this subject and some 
recommendations for future activities to aid in closure of adsorption issues. 

Conceptual adsorption models based on theoretical constructs such as mass 
action and surface complexation consider explicitly many of the attributes that 
control adsorption but still usually require that adsorption sites be considered 
homogeneous and of constant energy. Extensions to multiple sites with 
variable binding energies complicate already complex mathematical equations 
and would require even more detailed system characterization. Natural 
adsorbents, rocks, sediments, and amorphous coatings are not easily modeled 
or characterized. Detailed adsorption models have been incorporated into 
geochemical reaction codes (but not coupled transport codes) and appear to 
simulate observed distributions of trace solutes in selected "beaker" experi
ments in which one simple adsorbent is considered. 

I feel that the weakest links in the application of conceptual adsorption models 
in geochemical reaction codes to address nuclear waste disposal are the lack of 
the adsorption constants, K, in Equations (12), (13), (22), and (23) for important 
radionuclides and the need to extend the models such that they can accurately 
describe adsorption onto heterogeneous natural adsorbents (e.g., rocks and 
sediments). Two methods have been proposed to characterize natural solids. 
The first approach splits the solid into its pure components, calculates 
adsorption onto the individual components, and finally sums the components' 
contributions weighted by their mass fraction or surface area fraction in the 
original substrate. The second approach determines an "average" value for all 
the necessary adsorption parameters for the bulk adsorbent. Experimenters 
should explore both approaches to delineate whether acceptable models can be 
developed for natural solids germane to nuclear waste disposal. 

It appears to me that the linking of detailed chemical reaction codes with 
hydrologic codes in order to simulate radionuclide transport is not practical at 
the present time for most safety assessment exercises. The linking necessitates 
large computer storage, excessive run times and robust numerical solution 
algorithms. Secondly, the necessary input data such as the adsorption 
constants, K, are not readily available for important radionuclides on 
adsorption substrates of interest. 
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As most current performance assessment exercises are being performed as 
bounding or sensitivity studies, I suggest that less detailed chemical reaction 
models can be effectively used. Near-term activities should follow two thrusts, 
computer sensitivity studies and experimental sensitivity studies. 

Computer activities should concentrate on sensitivity analysis of the overall 
system performance. A reasonable range for all parameters such as Darcy 
velocity, container degradation rate, waste form release rate, and path length 
to the biosphere should be chosen. Then, using some sensitivity analysis 
scheme, values for these parameters should be combined in transport analyses 
to determine what range of retardation factors is necessary to assure that 
radionuclides do not reach the biosphere at concentrations that exceed 
standards. 

A companion laboratory activity is to perform adsorption experiments on 
important radionuclides using a reasonable range of groundwater composi
tions, radionuclide contents, and adsorbent types. This seemingly simple task 
of gathering data to delineate the probable range of Rd values for each 
important radionuclide that might be expected at each disposal site would 
greatly clarify the issue of how important it is to abandon the simple constant 
Rd model. The experimenters should strive to perform experiments that are 
not biased by precipitation processes that often occur as artifacts of adsorption 
experiment methodology. For instance, realistic tracer concentrations must be 
used instead of concentrations that facilitate easy counting. Further, if the 
system is well characterized, several of the conceptual models discussed in 
Section 3 can be used to describe or interpret the data. The observed range in 
the experimental adsorption data can then be compared with the range 
generated by the computer sensitivity exercise. If the observed experimental 
Rd values lie within or are larger than the range of values necessary to assure 
no hazards in the computer sensitivity, then the element will likely not need 
further study, provided future circumstances do not require changes in the 
ranges of key variables used in the sensitivity studies. If the observed 
experimental Rd values are lower than the values required to assure no hazard, 
based on the computer sensitivity studies, then a potential problem exists that 
requires resolution. 

To lessen the criticisms of recent performance assessment efforts that use the 
constant Rd approach for radionuclide migration estimates, 1 recommend that 
some discussion be presented in each report. The modelers should explain the 
intent of their exercise asid attempt to assess the impact of using the constant 
Rd assumption on the results. Where data are available, safety assessment 
modelers should explore the incorporation of one of the other adsorption 
conceptual models into their transport codes. If data are not available, the 
modeler could still attempt to incorporate some of the oth?r adsorption models 
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into their codes and test them with hypothetical data. Once it is clear that the 
codes are functional, the modelers could request that the experimenters who 
supply Rd data start reporting data in a form compatible with the chosen 
adsorption model. 

Finally, I suggest that separation of solubility-precipitation processes from 
adsorption processes in both the conceptual models and transport codes may 
clarify migration estimates. I feel this separation may also remove much of the 
variability in adsorption Rd values. It may require that much of the experimen
tal Rd data available be rejected because of the confounding and biasing effects 
of precipitation. From a practical standpoint, it might be appropriate to rely 
entirely upon a solubility constraint for such sparingly soluble elements as the 
reduced valence states of the actinides. That is, after solubility constraints are 
invoked, the solution concentrations may be lower than detection limits, such 
that adsorption experimentation is not feasible. If the solubility constraint 
allows a solution concentration much lower than permissible levels, there will 
be no health consequence or need to rely upon adsorption in safety assess
ments. It is likely that adsorption would still occur but measurement would 
not be possible nor necessary for performance assessment needs. 

The above suggestions address performance assessment needs from the 
"overall systems" perspective. There will always be the need and should 
always be support for detailed mechanistic studies. Detailed mechanistic 
studies that elucidate controlling physicochemical processes are necessary to 
enhance the credibility of long-term performance assessment predictions or 
estimates. The two needs, improved systems performance assessment and 
improved understanding of processes, require different viewpoints and likely 
require distinct approaches. Both activities require support and the two 
disciplines should strive to communicate their findings and cross-fertilize their 
respective endeavors with the goal of someday working on a common goal, a 
sophisticated linked chemical reaction-hydrologic mass transport conceptual 
model and code. 

273 



REFERENCES 

Aitmann, R. S. 1984. Copper Binding in Heterogeneous. Multicomponent 
Aqueous System: Mathematical and Experimental Modeling. Ph.D. 
Dissertation, Department of Civil Engineering, Stanford University, 
Stanford, California. 

Ames, L. L., J. E. McGarrah, B. A. Walker, and P. F. Salter. 1982. "Sorption 
of Uranium and Cesium by Hanford Basalts and Associated Secondary 
Smectite." Chem. Geol. 35:205-225. 

Ball, J. W., E. A. Jenne, and M. W. Cantrell. 1981. WATEQ3 - A Geochemical 
Model with Uranium Added. Open File Report 81-1183, U.S. Geol. 
Survey, Menlo Park, California. 

Box, G. E. P., and D. W. Behnken. 1960. "Some New Three Level Designs 
for the Study of Quantitative Variables." Technometrics 2:455-475. 

Brouwer, E., B. J. Baeyens, A. Maes, and A. Cremers. 1983. "Cesium and 
Rubidium Ion Equilibria on Illite Clay." I. Phy. Chem. 87:1213-1219. 

Butler, J. N. 1964. Ionic Equilibrium. Addison-Wesley, Reading, Massachu
setts, p.48. 

Carnahan, C. L„ C. W. Miller, and J. S. Remer. 1984. "Verification and 
Improvement of Predictive Algorithms for Radionuclide Migration." In 
NRC Nuclear Waste Geochemistry '83. ed. D. H. Alexander and G. F. 
Birchard, NUREG/CP-0052, U.S. Nuclear Regulatory Commission, 
Washington, D.C., p. 416-439. 

Catts, J. G., and D. Langmuir. 1983. "Adsorption of Cu, Pb, and Zn onto 
Birnessite (aMnOz)." Abstract GEOC 43, Am. Chem. Soc., 185th National 
Meeting, March 20-25, 1983, Seattle, Washington. 

Cederberg, G. A., R. L. Street, and J. O. Leckie. 1985. "A Groundwater Mass 
Transport and Equilibrium Chemistry Model for Multicomponent 
Systems." Water Resources Research 21:1095-1104. 

Cochran, G. W., and G. M. Cox. 1957. Experimental Design. 2nd Edition, 
Wiley, New York, New York. 

274 



Coles, D. G., and L. D. Ramspott. 1982. "106Ru Migration in a Deep Tuffa-
ceous Alluvium Aquifer, Nevada Test Site: Discrepancy Between Field 
Observations and Prediction from Laboratory Measurements." Science 
215:1235-1237. 

Davies, O. L. 1954. Design and Analysis of Industrial Experiments. Hafner, 
New York, New York. 

Davis, J. A., and ] . O. Leckie. 1978. "Surface Ionization and Complexation at 
the Oxide/Water Interface II. Surface Properties of Amorphous Iron 
Oxyhydroxide and Adsorption of Metal Ions." lournal of Colloid and 
Interface Science 67:90-107. 

Davis, J. A., and J. O. Leckie. 1980. "Surface Ionization and Complexation at 
the Oxide/Water Interface HI. Adsorption of Anions." lournal of Colloid 
and Interface Science 74:3243. 

Davis, J. A., R. O. James, and J. O. Leckie. 1978. "Surface Ionization and 
Complexation of the Oxide/Water Interface I. Computation of Electrical 
Double Layer Properties in Simple Electrolytes." lournal of Colloid and 
Interface Science 63:480499. 

Delegard, C. H., and G. S. Barney. 1983. Effects of Hanford High-Level 
Waste Components on Sorption of Cobalt, Strontium, Neptunium, 
Plutonium, and Americium on Hanford Sediments. RHO-RE-ST-1P, 
Rockwell Hanford Operations, Richland, Washington. 

Dubinin, M. M., and L. V. Radushkevich. 1947. "Equation of the Characteris
tic Curve of Activated Charcoal." Proc. Acad. Sci. Phys. Chem. Sec. 
USSR 55:331-333. 

Dutt, G. R., and L. D. Doneen. 1963. "Predicting the Solute Composition of 
the Saturation Extract from Soil Undergoing Salinization." Soil Science 
Society of America fournal. 27:627-630. 

Dutt, G. R., M. J. Shaffer, and W. J. Moore. 1972. Computer Simulation 
Model of Dynamic Bio-physicochemical Processes in Soils. University of 
Arizona Agricultural Experimental Station Technical Bulletin No. 196, 
Tucson, Arizona. 

Failor, R., D. Isherwood, E. Raber, and T. T. Vandergraaf. 1982. Laboratory 
Studies of Radionuclide Transport in Fractured Climax Granite. 
UCRL-53308, Lawrence Livermore National Laboratory, Livermore, 
California. 

275 



Felmy, A. R., D. C. Girvin, and E. A. Jenne. 1984. MINTEO - A Computer 
Program for Calculating Aqueous Geochemical Equilibria. EPA-600/3-
84-032, Environmental Protection Agency, Athens, Georgia. 

Freundlich, H. 1926. Colloid and Capillary Chemistry. Methuen, London, 
tngland. 

Fruchter, J. S., C. E. Cowan, D. E. Robertson, D. C. Girvin, E. A. Jenne, A. 
P. Toste, and K. H. Abel. 1985. Radionuclide Migration in Ground 
Water. NUREG/CR-4030, U.S. Nuclear Regulatory Commission, Washing
ton, D.C. 

Garrels, R. M., and C. L. Christ. 1965. Solutions. Minerals, and Equilibria. 
Freeman, Copper, and Company, San Francisco, California. 

Hohl, H., and W. Stumm. 1976. "Interaction of Pb2+ with Hydrous 7-Al203." 
Journal of Colloid and Interface Science 55:281-288. 

Hollander, M., and D. A. Wolfe. 1973. Nonparametric Statistical Methods. 
John Wiley and Sons, New York. 

Honeyman, B. D., 1984. Cation and Anion Adsorption at the Oxide/Solution 
Interface in Systems Containing Binary Mixtures of Adsorbents: An 
Investigation of the Concept of Adsorptive Addivity. Ph.D. Dissertation, 
Department of Civil Engineering, Stanford University, Stanford, 
California. 

Hostetler, D. D., R. J. Seme, A. J. Baldwin, and G. M. Petrie. 1980. Status 
Report on SIRS: Sorption Information Retrieval System. PNL-3528, 
Pacific Northwest Laboratory, Richland, Washington. 

Hsi, C.-K. D., and D. Langmuir. 1980. "The Effect of Carbonate Complexing 
on the Adsorption of Uranyl by Ferric Oxyhydroxides." Geol. Soc. 
America, Abstracts with Programs, 1980 Annual Meeting, Atlanta, 
Georgia. 

Hsi, C.-K. D., and D. Langmuir. 1983. "Adsorption of Uranium (VI) onto 
Ferric Oxyhydroxides: Application of the Surface Complexation Site-
Binding Model." Abstract GEOC 39, Am. Chem. Soc. 185th National 
Meeting, March 20-25, 1983, Seattle, Washington. 

Hsi, C.-K. D„ and D. Langmuir. 1985. "Adsorption of Uranyl onto Ferric 
Oxyhydroxide Application of the Surface Complexation Site-Binding 
Model." Geochimica et Cosmochimica Acta 49:1931-1941. 

276 



James, R. O., and T. W. Healy. 1972. "Adsorption of Hydrolyzable Metal Ions 
at the Oxide/Water Interface." journal of Colloid and Interface Science 
40:67-81. 

James, R. O., and T. H. Healy. 1975. "Analysis of Models of Adsorption of 
Metal Ions at Oxide/Water Interfaces." 1. Chem. Soc. Faraday Trans. 
59:142-156. 

Jennings, A. A., D. J. Kirkner, and T. L. Theis. 1982. "Multicomponent 
Equilibrium Chemistry in Groundwater Quality Models." Water 
Resources Research 18:1089-1096. 

Kraus, K. A., and F. Nelson. 1955. "Anion Exchange Studies of the Fission 
Products." In Proc. of Inter. Conf. Peaceful Uses Atomic Energy, Vol. 
7, pp. 113-131. Geneva, Switzerland. 

Kraus, K. A., H. O. Phillips, T. A. Carlson, and J. S. Johnson. 1958. "Ion 
Exchange Properties of Hydrous Oxides." In Proc. of 2nd U.N. Inter. 
Conf. Peaceful Uses Atomic Energy 28:3-16. Geneva, Switzerland. 

Langmuir, I. 1918. "The Adsorption of Gases on Plane Surfaces of Glass, 
Mica, and Platinum." J. Amer. Chem. Soc. 40:1361-1403. 

Langmuir, D. 1981. "The Power Exchange Function: A General Model for 
Metal Adsorption onto Geological Materials." In Adsorption from 
Aqueous Solutions, ed. P. H. Tewari. Plenum Press, New York. 

Langmuir, D., and J. Mahoney. 1984. "Chemical Equilibrium and Kinetics of 
Geochemical Processes in Ground Water Studies." In First Canadian / 
American Conference on Hydrogeology Proceedings, ed. B. Hitchon and 
E. I. Wallick, pp. 69-95. National Water Well Association, Worthington, 
Ohio. 

Langmuir, D., and A. C. Riese. 1982. "The Mobility of Radium in Ground 
Water," In Abstracts with Program, pp. 540-541, 1982 Annual Meeting, 
Geological Society of America, New Orleans, Louisiana. 

Leckie, J. O., M, M. Benjamin, K. Hayes, G. Kaufman, and S. Altman. 1980. 
Adsorption/Coprecipitation of Trace Elements from Water with Iron 
Oxyhydroxide. EPRI CS-1513, Electrical Power Research Institute, Palo 
Alto, California. 

277 



Meyer, R. E., 1979. "Systematic Study of Metal Ion Sorption on Selected 
Geologic Media." Task 4 Second Contractor Information Meeting, ed. R. 
J. Seme, Vol. 1, pp. 231-239. PNL-SA-7352, Pacific Northwest Laborato
ry, Richland, Washington. 

Miller, C. W., and L. V. Benson. 1983. "Simulation of Solute Transport in a 
Chemically Reactive Heterogeneous System, Model Development and 
Application." Water Resources Research 19:381-391. 

Moody, J. B. 1981. Radionuclide Migration/Retardation: Research and 
Development Technology Status Report. ONW1-321, Office of Nuclear 
Waste Isolation, Columbus, Ohio. 

Morel, F. M., J. C. Westall, and J. G. Yeasted. 1981. "Adsorption Models: A 
Mathematical Analysis in the Framework of General Equilibrium 
Calculations." In Adsorption of Inorganics at Solid-Liquid Interfaces, ed. 
M. A. Anderson and A. J. Rubin, pp. 263-294. Ann Arbor Science 
Publishers, Ann Arbor, Michigan. 

Mucciardi, A. N., I. J. Booker, E. C. Orr, and D. Cleveland. 1979. "Statistical 
Investigation of the Mechanics Controlling Radionuclide Sorption, Part 
II." In Task 4 Second Contractor Information Meeting, ed. R. J. Serne, 
Vol. 2, p. 333425. PNL-SA-7352, Pacific Northwest Laboratory, Richland, 
Washington. 

Mucciardi, A. N., T. C. Johnson, and J. Saunier. 1980. "Statistical Investiga
tion of the Mechanics Controlling Radionuclide Sorption, Part HI." In 
Task 4 Third Contractor Information Meeting, ed, J. F. Relyea, Vol. 1, pp. 
1-75. Pacific Northwest Laboratory, Richland, Washington. 

Muller, A. B., D. Langmuir, and L. E. Duda. 1983. "The Formulation of an 
Integrated Physicochemical-Hydrologic Model for Predicting Waste 
Nuclide Retardation in Geologic Media." In Scientific Basis for Waste 
Management VI. Proceedings of Materials Research Society Symposium, 
ed. D. G. Brookins, pp. 547-564. North Holland, New York. 

Murali, V„ and L. A. G. Aylmore. 1981. "Modeling Adsorption in Solute 
Flow Simulations: Diffuse Double Layer Versus Gas-Solid Interaction 
Approaches," Soil Science 131:76-81. 

Nuclear Energy Agency. 1983(a), Sorption Modelling and Measurement for 
Nuclear Waste Disposal Studies. RWM-4, OECD Nuclear Energy Agency, 
Paris, France. 

278 



Nuclear Energy Agency. 1983(b). Radionuclides Migration in the Geosphere 
Newsletter. Issue No. 8, OECD Nuclear Energy Agency, Paris, France. 

Nuclear Energy Agency. 1983(c). Radionuclides Migration in the Geosphere 
Newsletter. Issue No. 9, OECD Nuclear Energy Agency, Paris, France. 

Palmer, D. A., S. -Y. Shiao, R. E. Meyer, and J. A. Wethington. 1981. 
"Adsorption of Nuclide on Mixtures of Minerals." I. Inorg. Nucl. Chem. 
43:3317-3322. 

Parkhurst, D. L., D. C. Thorstenson, and L. N. Plummer. 1980. PHREEOE 
- A Computer Program for Geochemical Calculations. U.S. Geol. Survey, 
Open File Report 80-96, Washington, D.C. 

Peterson, S. R., W. J. Martin, and R. J. Serne. 1986. Predictive Geochemical 
Modeling of Contaminant Concentrations in Laboratory Columns and in 
Plumes Migrating From Uranium Mill Tailings Waste Impoundments. 
NUREG-CR/4520, U.S. Nuclear Regulatory Commission, Washington, 
D.C. 

Plackett, R. L. and J. P. Burman. 1946. "The Design of Optimum Multi-
Factorial Experiments." Biometrika 33:305. 

Rafferty, P., S. -Y. Shiao, C. M. Binz, and R. E. Meyer. 1981. "Adsorption of 
Sr(II) on Clay Minerals. Effects of Salt Concentration, Loading, and pH." 
I. Inorg. Nucl. Chem. 43:792-805. 

Rai, D., J. M. Zachara, A. P. Schwab, R. L. Schmidt, D. C. Girvin, and J. E. 
Rogers. 1984. Chemical Attenuation Rates. Coefficients, and Constants 
in Leachate Migration, Vol. 1. EA-3356, Electric Power Research Institute, 
Palo Alto, California. 

Reardon, E. J. 1981. "Kd's - Can They be Used to Describe Reversible Ion 
Sorption Reaction in Contaminant Migration?" Ground Water 19:279-
286. 

Relyea, J. F. 1982. "Theoretical and Experimental Considerations for the Use 
of the Column Method for Determining Retardation Factors." Radioactive 
Waste Management and the Nuclear Fuel Cycle 3:115-130. 

Riese, A. C. 1982. Adsorption of Radium and Thorium onto Quartz and 
Kaolinite: A Comparison of Solution/Surface Equilibrium Models. Ph.D. 
Dissertation, Colorado School of Mines, Golden, Colorado. 

279 



Riese, A. C , and D. Langmuir. 1981. "The Effect of Completing on Thorium 
Adsorption from Natural Waters at Low Temperatures." Abstract, 
Annual Meeting of the Geological Association of Canada and Mineralogi-
cal Association of Canada, May 11-13, Calgary, Alberta. 

Riese, A. C, and D. Langmuir. 1983. "Adsorption of Thorium onto Quartz 
and Kaolinite: Effect of Hydroxyl and Sulfate Complexing." Abstract 
GEOC42, Am. Chem. Soc. 185th National Meeting, March 20-25, Seattle, 
Washington. 

Robbins, C. W., J. J. Jurinak, and R. J. Wagenet. 1980(a). "Calculating Cation 
Exchange in a Salt Transport Model." Soil Science Society of America 
Journal 44:1195-1200. 

Robbins, C. W., R. J. Wagenet, and J. J. Jurinak. 1980(b). "A Combined Salt 
Transport-Chemical Equilibrium Model for Calcareous Soils." Soil Science 
Society of America Journal 44:1191-1194. 

Routson, R. C, and R. J. Seme. 1972. One-Dimensional Model of the 
Movement of Trace Radioactive Solute Through Soil Columns: The 
PERCOL Model. BNWL-1718, Pacific Northwest Laboratory, Richland, 
Washington. 

Routson, R. C, G. S. Barney, R, M. Smith, C. H. Delegard, and L. Jensen. 
1981. Fission Product Sorption Parameters for Hanford 200 Area 
Sediment Types. RHO-ST-35, Rockwell Hanford Operations, Richland, 
Washington. 

Salter, P. F., L. L. Ames, and J. E. McGarrah. 1981(a). The Sorption Behavior 
of Selected Radionuclides on Columbia River Basalts. RHO-BWI-LD-48, 
Rockwell Hanford Operation, Richland, Washington. 

Salter, P. F., L. L. Ames, and J. E. McGarrah. 1981(b). Sorption of Selected 
Radionuclides on Secondary Minerals Associated with the Columbia River 
Basalts. RHO-BWI-LD-43, Rockwell Hanford Operations, Richland, 
Washington. 

Schindler, P. W., 1981. "Surface Complexes at Oxide-Water Internes." In 
Adsorption of Inorganics at Solid-Liquid Interfaces, ed. M. A. Anderson 
and A. J. Rubin, pp. 1-50. Ann Arbor Science Publishers, Ann Arbor, 
Michigan. 

Schindler, P. W., B. Furst, B. Dick, and P. U. Wolf. 1976. "Ligand Properties 
of Surface Selanol Groups. I. Surface Complex Formation with Fe3*, 

280 



Cu2*, Cd2+, and Pb2*." journal of Colloid and Interface Science 
55:469475. 

Serne, R. J., and J. F. Relyea. 1983. "The Status of Radionuclide Sorption-
Desorption Studies Performed by the WRIT Program." In The Technolo
gy of High-Level Nuclear Waste Disposal. Vol. 1, pp. 203-254. DOE/TIC-
621, Technical Information Center, U.S. Department of Energy, 
Washington, D.C. 

Serne, R. J., R. C. Routson, and D. A. Cochran. 1973. Experimental Methods 
for Obtaining PERCOL Model Input Verification Data. BNWL-1721, 
Pacific Northwest Laboratory, Richland, Washington. 

Serne, R. J., S. R. Peterson, and C. J. Hostetler. 1984. "Coupled Modeling of 
Flow and Chemical Reactions for Uranium-Mill Tailings Percolating 
through Sediments." Proc. EOS Trans of the AGU 65:209. 

Shiao, S.-Y., and R. E. Meyer. 1981. "Adsorption of Inorganic Ions on 
Alumina from Salt Solutions: Correlations of Distribution Coefficients 
with Uptake of Salt." I. Inorg. Nucl. Chem. 43:3301-3307. 

Shiao, S. -Y., Y. Egozy, and R. E. Meyer. 1981. "Adsorption of Cs(I), Sr(II), 
Eu(III), Co(II), and Cd(H) on A1203." I. Inorg. Nucl. Chem. 43:3309-3315. 

Siegel, M. D„ J. O. Leckie, S. W. Park, S. L. Phillips, and T. Sewards. 1990. 
Studies of Radionuclide Sorption by Clays in the Culebra Dolomite at the 
Waste Isolation Pilot Plant Site. Southeastern New Mexico. SAND 89-
2387, Sandia National Laboratories, Albuquerque, New Mexico. 

Silva, R. J., A. F. White, and A. W. Yee. 1981. "Sorption Modeling Studies 
and Measurements." In Waste/Rock Interactions Technology Program 
FY-80 Information Meeting, ed. J. F. Relyea, pp. 204-214. PNL-3887, 
Pacific Northwest Laboratory, Richland, Washington. 

Snedecor, G. W., and W. G. Cochran. 1967. Statistical Methods. 6th edition, 
The Iowa State University Press, Ames, Iowa. 

Travis, C. C. 1978. Mathematical Description of Adsorption and Transport of 
Reactive Solutes in Soil: A Review of Selected Literature. ORNL-5403, 
Oak Ridge National Laboratory, Oak Ridge, Tennessee. 

Triolo, R., and M. H. Lietzke. 1980. "Adsorption on Mixtures of Ion 
Exchangers." I. Inorg. Nucl. Chem. 42:913-917. 

281 



Walton, H. F. 1949. "Ion Exchange Equilibria." In Ion Exchange Theory and 
Practice, ed. F. C. Nachod, pp. 3-28 Academic Press, New York. 

Westall, J. C , J. I. Zachary, and F. M. M. Morel. 1976. MINEOL - A 
Computer Program for the Calculation of Chemical Equilibrium Composi
tion of Aqueous Solutions. Technical Note No. 18, Department of Civil 
Engineering, Massachusetts Institute of Technology, Cambridge, 
Massachusetts. 

Westall, J. C , and H. Hohl. 1980. "A Comparison of Electrostatic Models for 
the Oxide/Solution Interface." Adv. Colloid Interface Sri. 12:265-294. 

Wolery, T. J. 1979. Calculation of Chemical Equilibrium Between Aqueous 
Solution and Minerals: The EQ3/6 Software Package. UCRL-52658, 
Lawrence Livermore Laboratory, Livermore, California. 

Yates, F. 1958. The Design and Analysis of Factorial Experiments. Technical 
Communication No. 35, Commonwealth Bureau of Soils, Commonwealth 
Agricultural Bureaux Framham Royal, Bucks, England. 

282 



CAN DISTRIBUTION COEFFICIENTS BE USED 
FOR THE MODELLING OF RADIONUCLIDE TRANSPORT? 

B. Allard 

Department of Water and Environmental Studies 
Linkoping University, S-581 83 Linkoping, Sweden 

SUMMARY 

Although adsorption phenomena have been studied and experienced in 
practical work with trace elements already in the 20s and 30s detailed 
mechanism studies and modelling efforts (besides ion exchange approaches) 
were not initiated until the early 70s. One reason for the growing interest in 
trace element mobility in the aqueous environment could be the insight in the 
metal mobilizing effects of the progressing soil and water acidification. The 
necessity and requirements to describe the release and migration of radio
nuclides from the nuclear fuel chain were also direct reasons for the initiation 
of many research programs on national levels for studies of radionuclide 
mobility in natural systems. Some aspects of the usefulness of experimentally 
determined adsorption data for performance assessment of radionuclide 
migration are discussed in this presentation. 

Despite the large international and national efforts to describe radionuclide 
mobility in environmental systems there is a surprising confusion related to 
nomenclature and definitions. The uptake of a trace component from a 
solution phase to a solid exposed surface (denoted as sorption) is generally 
described by the distribution coefficient (denoted by Kd, KD, D etc, defined as 
the Cjoijj/Cjofofo,,, ratio, where c is the total analytical concentration of the element 
in the solid and solution phases, respectively). For the distribution of 
dissolved agents between two liquid phases there is a well established 
nomenclature, where the distribution coefficient (denoted D) is the ratio of the 
total concentrations in the two phases, respectively (i.e. analogous to the 
solid/solution case). The distribution of a well-defined single species between 
the two phases is defined as the distribution constant (denoted KD). Thus, the 
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distribution coefficient is generally an experimental parameter describing the 
overall distribution between two phases under certain conditions, not 
necessarily representing equilibrium or steady-state etc. Distribution constants 
may, however, be used in combination with thermodynamic constants 
describing speciation in solution etc. 

Experimentally determined uptake data for individual elements represent the 
total effects of several simultaneous and to some extent independent sorption 
processes, describing surface reactions like 

• physical adsorption 
• electrostatic interaction 
• chemisorption. 

However, the measured quantity would also include processes like 

• precipitation/coprecipitation 
substitution, isotopic dilution etc. 

Experimental distribution data rarely represent equilibrium, and the kinetics for 
the sorption may be very slow due to e.g. diffusions controlled rate-limiting 
transport to the individual sites. Thus, the overall distribution coefficient is a 
non-resolved total parameter that rarely represents a single process or an 
equilibrium situation. 

The sorption of a trace element or compound would be governed by physical 
and chemical parameters related to the 

• aqueous phase composition; trace element speciation (dependent 
on pH, Eh, presence of complexing agents, ionic strength) 
solid phase composition; surface charge properties, composition 
(chemical, mineralogical; phase) crystallization, grain size, texture 
etc. 
other parameters like temperature, contact time, flow conditions etc. 

Thus, the combined effects of several entirely different and independent 
parameters would have individual effects on the various sorption process that 
are in operation. 

The choice of experimental technique is of crucial importance in the determina
tion of sorption data, particularly the control of the parameters mentioned 
above, but also related to the choice of equipment, detailed handling 
procedures, mixing, phase separation etc. The presence of a colloidal 
adsorbing phase can entirely dominate the distribution of certain elements, 
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which makes the selection of a proper phase separation procedure of great 
importance. The selection of procedure is of course of equal importance in 
field measurements of trace element distribution. 

Various efforts have been made to model sorption processes in a way suitable 
for performance assessment. Some common approaches, with increasing 
complexity, are 

* single values, constant coefficients (representative of given condi
tions in terms of hydrochemistry and phase composition; usually 
fairly independent of the trace element concentration at low total 
concentrations far below the maximum capacity; isotherms 
(concentration dependent distribution data) 

* parametric distribution data; statistical concepts 
* mass action models; typically ion-exchange reactions 

surface-complexation models 

Prerequisites for the last two concepts are assumptions on the nature of the 
particular process that are not always chemically sound or fully justified 
(although possible in terms of the selected mathematical data treatment). 

For any successful performance assessment it is necessary to realize the 
shortcomings of the selected concept and analyse in particular the problem in 
a field case: 

' the extreme complexity of the system (aqueous phase as well as solid 
phase; key reactions) 

* the heterogeneity between and within the systems (near-field, far-field) 
* the non-equilibrium with respect to important processes as well as 

irreversibility 
* biosphere interactions (that may "violate" expected responses to 

changes in physical and chemical parameters) 

It is necessary to identify key parameters and processes, such as 

* speciation in solution (determined by pH, Eh, complexing agents 
etc) 

• surface charge properties and alternations of the solids 
' specific reactions - selective uptake. 

It should be desirable and essential in any performance assessment, once the 
key processes are identified, to use as simplified models as possible to account 
for the expected retardation effects. One reason for this is the fact that 
although the systems are complex and heterogeneous only a few processes and 
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subsystems will actually dominate and determine the mobility of trace 
component in many cases. Moreover, the uncertainties in other parameters 
(description of variations in water flow, porosity, fracture systems etc.) can be 
much larger than the uncertainty introduced by the selection of retardation 
concept, even when a simplified and somewhat mechanical and insensitive 
choice like a "constant Kd* is made. Evaluation of natural analogues must be 
an important and logical, and in principle the only truly defendable, way to 
test and validate performance assessments. 
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