
LA—12325-C

DE92 041241

Proceedings of the DOE/Yucca

Mountain Site Characterization Project

Radionuclide Adsorption Workshop

at Los Alamos National Laboratory

September 11-12,1990

Compiled by /. A. Canepa

MASTER

Los Alamos National Laboratory
Los Alamos.New Mexico 87545



Table of Contents

Abstract 1

Conference Agenda 2

List of Conference Attendees 4

Invited Papers 9

A Strategy for the Derivation and Use of Sorption Coefficients in Performance Assessment 9
Calculations for the Yucca Mountain Site

by Arend Meijer

Sorprion and Porosity Heterogeneity: Effects on Radionuclide Transport (Abstract) 41
by Marilyn Buchholtz-ten Brink

Current Adsorption Models and Open Issues Pertaining to Performance Assessment 43
by R. J. Serne

Modeling Cation Exchange Using EQ3/6 (Abstract) 75
by Brian Viani, Carol Bruton, and Bill Bourcier

Sorption of Cesium and Strontium by Zeolite Single Crystals 77
by Roger G. Burns, Valerie M. Wood, and Maury E. Morgenstein

Radionuclide Migration Laboratory Studies for Validation of Batch Sorption Data 91
by Ines R. Triay, Alan J. Mitchell, and Martin A. Ott

Transport of Reactive Tracers by Unsaturated Flow Using Field and Column Experiments I l l
by 1. Porro and P. J. Wierenga

Transport in Unsaturated Flow Systems Using Centrifuge Techniques 125
by James Conca

Unsaturated Transport of Inorganic Cations in Undisturbed Soil Columns 177
by P. M. Jardine and G. K. Jacobs

Sensitivity Analysis of Integrated Radionuclide Transport Based on a Three-dimensional 187
Geochemical/Geophysical Model

by K. Birdsell, K. Campbell, K. Eggert, and B. Travis

Selected Issues on Geochemical Transport Modeling for High-Level Nuclear Waste Repository 225
by V. V. Nguyen and G. V. A. Ghanem

Evaluation of Potential Hydrologic Tracers in Tuffs from Yucca Mountain, Nevada (Note) 237
by Robert S. Bowman



PROCEEDINGS OF THE DOE/YUCCA MOUNTAIN SITE
CHARACTERIZATION PROJECT RADIONUCLIDE

ADSORPTION WORKSHOP AT LOS ALAMOS NATIONAL
LABORATORY

September 11-12, 1990

Compiled by
J. A. Canepa

ABSTRACT

Los Alamos National Laboratory hosted a workshop on
radionuclide adsorption for the Department of Energy
(DOE)/Yucca Mountain Site Characterization Project on
September 11 and 12, 1990.

The purpose of the workshop was to respond to a
recommendation by the Nuclear Waste Technical Review Board
that the DOE "organize a radionuclide adsorption workshop to
be attended by the DOE and its contractors involved in the
measurement and modeling of such adsorption. The workshop
would have two general purposes: (a) to determine the
applicability of available radionuclide adsorption data on tuff and
models for predicting such adsorption under existing and
postclosure conditions at Yucca Mountain and (b) to establish
what additional radionuclide adsorption research and model
development are needed. Such research and model development
should attempt to demonstrate that quantitative scientifically
defensible predictions of radionuclide adsorption at Yucca
Mountain are possible and show how such measured and
predicted adsorption relates to compliance with the radionuclide
release rate criteria set forth in 40 CFR 191."

Other goals of the workshop were (1) to establish the
state-of-the-art methodologies for sorption studies (saturated
and unsaturated), (2) to determine applicability of the current
sorption database, (3) to evaluate processes in a dynamic or
advective system that includes unsaturated flow, and (4) to
discuss a conservative approach that recognizes the need to
prioritize the sorption and migration studies.

Thf %st day of the workshop focused on sorption data
collection and evaluation in a nonadvective system. The second
day focused on studying the applicability of sorption in an
advective system. Proceedings papers were obtained for most of
the presentations. Where papers were not available, the original
abstract is provided.
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3:30 Workshop Summary

3:45 Adjourn
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A STRATEGY FOR THE DERIVATION AND USE OF SORPTION COEFFICIENTS
IN PERFORMANCE ASSESSMENT CALCULATIONS

FOR THE YUCCA MOUNTAIN SITE

by
Arend Meijer

Los Alamos National Laboratory

ABSTRACT

Chemical understanding of the reactions by which radionuclides could sorb
onto solid surfaces in Yucca Mountain is not well developed at the present
time nor are the controls on these mechanisms well defined. Yet in order to
properly evaluate whether or not the site can meet the regulations established
for a nuclear waste repository, the chemical interactions of radionuclides with
the host rock of the repository must be quantified. This paper presents a
strategy for quantifying these interactions for the Yucca Mountain site. The
strategy recognizes that minimum (baseline?) values exist for sorption
coefficients for radionuclides in the emplaced waste that provide adequate
barriers to transport relative to the regulatory limits. For example, preliminary
transport calculations suggest that a minimum Kd value of 100 ml/g should
provide an adequate sorption barrier for many of the radionuclides to be placed
in the repository. This economizes the experimental work required to address
the sorption barrier for these radionuclides in that this work must only show
that a Kd value of at least 100 ml/g will be achieved under any credible
scenario. If the major (i.e., most abundant) mineral phase that has the lowest
sorption potential shows a sorption coefficient of at least 100 ml/g under the
least favorable conditions for these elements, this value could be used in all
transport scenarios. If this mineral phase does not have sufficient sorption
potential, the (major) phase with the next lowest sorption potential could be
evaluated and so on. Sorption of radionuclides during fracture flow could be
addressed using a minimum K.a approach similar to the minimum Kj approach.
Unfortunately, for some radionuclides (i.e., U, Np, C, I, Se, and Tc), the
minimum Kd approach is clearly inadequate. Out of this group, the elements C,
I, and Tc will likely not have a significant sorplion barrier during ground water
flow. For U, Np, and Se, the proposed strategy is to first identify the mineral
and/or water compositional parameters that are most critical to their sorption
behavior. This information can be obtained from pure mineral and whole-rock
sorption studies. Once these parameters are identified, site data could be used
to bound the expected variations in these parameters and to develop probability
distributions for these variations. These distributions could then be used, along
with the results of batch sorption studies, to develop probability distributions
for the U, Np, and Se K ŝ. Questions concerning the kinetics of sorption
reactions, colloidal transport of radionuclides, or the potential influence of
organic species on radionuclide transport in the Yucca Mountain flow systems
arc not addressed in this paper.



1. INTRODUCTION

The chemical interactions of dissolved radionuclides with mineral surfaces along flowpaths
from the potential repository to the accessible environment around Yucca Mountain constitute
one of the potential barriers to radionuclide migration at the site. Our limited understanding of
these interactions suggests their details will be complex and will involve control by numerous
chemical and physical parameters. It appears unlikely that we will understand all the details
of these reactions or obtain all the site data required to evaluate each of their in the time
available for site characterization. Yet, performance assessment calculations will require some
form of coupling of chemical interaction models with hydrologic flow models for the site.
Clearly, strategies will be needed to bound the problem without compromising the reliability
of the performance assessment calculations required for site suitability analysis. The main
purpose of this paper is to describe such a strategy.

This paper will have the following format:

1. Introduction
2. Identification of the Important Radionuclides
3. Summary of Mineralogy and Chemistry of Yucca Mountain Tuffs
4. Summary of Hydrology and Ground Water Chemistry of Yucca Mountain Site
5. Strategy for Derivation of Kds for Performance Assessment Calculations
6. Discussion
7. Summary
8. Acknowledgments
9. Bibliography
10. Appendix A. Chemical and Physical Parameters Required to Model the Sorption

Behavior of Important Radionuclides in the Yucca Mountain Ground Water Flow
System

2. IDENTIFICATION OF THE IMPORTANT RADIONUCLIDES

The types of radioactive waste that may be emplaced in a high-level nuclear waste repository
include (1) spent fuel, (2) high-levei (reprocessing) waste, and (3) high-level defense
waste. Oversby (1987) has evaluated compositions and likely inventories of spent fuel to be
emplaced in a geologic repository and has provided lists of those radionuclides for which the
performance of the site will be critical with respect to meeting the regulatory release limits.
Oversby (1987) compared the maximum annual release rates from an engineered barrier
system as allowed by Nuclear Regulatory Commission (NRC) regulations (10CFR60) with
integrated release limits to the accessible environment allowed by Environmental Protection
Agency (EPA) regulations (40CFR191). In effect, Oversby (1987) assumed the boundary to
the accessible environment and the engineered barrier boundary to be one and the same. The
"important radionuclides" were identified as those radionuclides for which the allowed NRC
annual release rates from the engineered barrier system resulted in integrated release rates to
the accessible environment that exceeded the EPA release limits (40CFR191). Table I lists the
"important radionuclides" resulting from this evaluation in order of the degree to which

10



Table I. Important Radionuclides

Reduction Factors Required for Maximum NRC-Allowed Releases1-2

Amencium
Plutonium
Thorium
Uranium
Curium
Carbon
Neptunium
Radium
Nickel

18,300
12,300

457
52
46
46
46
38
13

iodine
Cesium
Tin
Selenium
Zirconium
Niobium
Technetium
Palladium

9
5
5
5
5
5
3
3

1 Assuming each radionuclide accounts for not more than 0.035 of total US EPA limit
(Oversby, 1987).

2Assuming no precipitation.

26-9MNC7-2



they exceed the EPA release limits. Note that this listing is independent of the characteristics
of the engineered barrier system and of the site-it is a direct result of the composition of any
quantity of the emplaced waste and the combined NRC and EPA regulations.

Unless the engineered barrier system is designed to provide compliance with 40CFR191, site
characteristics must be called on for such compliance. The site characteristics that could
ultimately determine the rate at which radionuclides are released to the accessible
environment from the repository horizon include (Figure 1): (1) the solubilities of compounds
of the important radionuclides that are stable in ground waters located between the repository
horizon and the accessible environment, (2) the rate and volume of water and air movement
through the repository to the accessible environment, (3) the dispersion rates for radionuclides
in the ground water and air flow systems associated with the Yucca Mountain site, (4) the
sorption of radionuclides to immobile and mobile (e.g., colloidal) surfaces present in the
ground water and air flow systems associated with the site, and (5) the decay of the
radionuclides during transport. This paper is concerned primarily with (4), the sorption
barrier.

3. SUMMARY OF THE MINERALOGY OF YUCCA MOUNTAIN TUFFS

The mineralogy and textures of Yucca Mountain tuffs are important to the sorption behavior
of the important radionuclides because they determine (1) the types (i.e., structure and
composition) of mineral surfaces available in the tuffs and (2) the areas of the different
mineral surfaces (internal and external) available for sorption of radionuclides.

The mineral species that have been identified in the matrix of Yucca Mountain tuffs are listed
in Table II in order of overall abundance. Feldspar and quartz are by far the most common
matrix minerals (Bish and Vaniman, 1985). They are most abundant in the devitrified tuffs
such as those found in the Topopah Spring member of the Paintbrush Tuff, the Prow Pass and
Tram members of the Crater Flat Tuff, and the older tuffs as shown in Figure 2. The zeolites
clinoptilolite and mordenite are abundant in parts of some nonwelded units (e.g., Calico Hills)
but are limited to sparse fracture lining minerals in most of the devitrified tuffs (see below).
In the nonwelded units, the zeolitic zones are thickest in the northern and eastern portions of
Yucca Mountain but thin out to the south and west (Bish and Vaniman, 1985). Clays are
locally abundant in the matrix of some tuffs (e.g., in some parts of the vitrophyres, in Drill
Hole G-2, and in the bottom of Drill Hole G-l) but are a minor component (1-3%) in most of
the tuffs beneath the potential repository (Chipera and Bish, 1989). Calcite is generally a
minor component in the tuffs with a bimodal distribution. In most holes, it is a
minor-to-abundant constituent at depths <300 m and at depths >900 m but is sparse or absent
at intermediate depths. Hematite is widely distributed as a trace mineral, particularly in the
matrix of the devitrified units.

Although a relatively large number of fracture minerals have been identified in Yucca
Mountain core samples, the overall abundance of these minerals is very small (Spengler,
et al., 1981; Maldonado and Koether, 1983; Spengler and Chornack, 1984; Scott and
Castellanos, 1984; Carlos, 1985, 1987, 1989; Carlos, et. al., 1990). Manganese minerals are
found in fractures throughout most of the holes for which data are available except in G-2. In

12
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Engineered Barrier
System (> 300 yr)

Dissolution Rate
+ Solubility Control

± Sorption

Repository
GW & Atmos.

Comp. & T

- 4 ^ _
Near-Field
Solubility

Inf i l t rat ion
Rate

Hydrology

RN Solute
Source Term
to Far-Field

10CFR60 Annual
Release Limits
(1 Part in TO5)

.Site

Colloid
Reactions?

Percolation
Rate

Far-Field
Retardation:
- Sorption
- Dispersion
- Colloid

Filtration
- Radioactive

Decay

TRACRN
Calculations

Colloidal
Source Term
to Far-Field

Mineralogy
&

GW Comp.

40CFR191 Total ReleasesJi
Accessible Environment

Figure 1. Schematic diagram of nuclear waste repository system. Engineered barrier system
is depicted independent of the site. The site involves processes and reactions included within
the line with the large dashes. The TRACRN transport code is able to model the processes
and reactions included within the line with short dashes.
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Table II. Minerals in Matrices of YM Rocks
Major Phases Minor and Trace Phases

Quartz
Alkali Feldspar
Clinoptilolite
Cristobalite
Plagioclase
Tridymite
Opa!-CT
Smectite
Mica
Mordenite
Analcime
Calcite
(Glass)

Hematite
Dolomite
Chlorite
Illite
Fluorite
Hornblende
Pyroxene
Fe-Ti Oxides
llmenite
Zircon
Allanite
Sphene
Rutile

26-91-INC7-3



Cross Section of Yucca Mountain, Nevada
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Figure 2. Fence diagram showing vertical distribution of volcanic units in Yucca Mountain
based on available drill-hole data. Water table shown as heavy dashed line. Zeolitic intervals
shown in dotted pattern (from Broxton, et al. 1986).



Ci-2, manganese minerals are restricted to the upper few hundred feet of the hole. In most of
the holes ;'or which data are available, calcite is common in fractures within a few hundred
feet from the surface, is minor or absent in the middle sections of the holes, and is again
common in fractures in the lower parts of the holes consistent with the abundance variations
of calcite in the matrix. Clays and zeolites generally in^; *ase in abundance in fractures
downholc and are the dominant secondary minerals in the lower parts of some holes. Silica
and iron oxide/oxyhydroxide phases are somewhat unevenly distributed in fractures but are
..^netheless important fracture-lining phases.

Data on the concentrations of elements on surface sites on minerals in Yucca Mountain tuffs
are very limited at present. The minerals for which the greatest number of data are available
are the zeolites and clays. This is because measurement of the bulk cation abundances (i.e..
Ca, Mg, Na, K) in these minerals reflects the cation populations on intracrystalline exchange
sites accessible to aqueous species. Broxton, et. al. (1986) have tabulated chemical data for
zeolites and clays from various volcanic units in Yucca Mountain. In general, samples from
the west side of the repository block are Na- and K-rich while the eastern samples are
enriched in Ca and Mg (Broxton et al., 1986; Figure 1). Carlos (1985, 1989) and Carlos,
et. al. (1990) have provided chemical data on zeolites and clays found in fractures. In general,
the zeolites found in fractures are similar in composition to zeolites present in the matrix
adjacent to a given fracture sample although exceptions have been noted. Analytical data on
the surface compositions of most of the other mineral phases listed in Table II are essentially
nonexistent. The actual surface structures (e.g., defects, pits) of minerals in Yucca Mountain
tuffs are also essentially unknown.

The available data on total surface area (BET) of tuff samples from Yucca Mountain are
rather limited. Wolfsberg, et al. (1979) reported surface areas for three samples with a range
of values from 2.6-10.0 m2/g. Data on the specific surface areas of the various mineral phases
in Yucca Mountain tuffs are not available at the present time. Wolfsberg and Vaniman (1984)
presented a summary of "cation exchange capacities" for Yucca Mountain tuffs. The zeolite
and/or clay-rich tuffs have cation exchange capacities in the range of 10-175
milliequivalents/100 g while the capacities of devitrified and vitric tuffs are in the range of
0.1-10 meq/10()g.

4. SUMMARY OF THE HYDROLOGY AND GROUND WATER CHEMISTRY OF THE
YUCCA MOUNTAIN SITE

Knowledge of the hydrology of the site is important to the development of a sorption strategy
because any sorption strategy developed must be compatible with the hydrologic model
formulated for the site. A generalized conceptual model of unsaturated zone water flow in
Yucca Mountain is shown in Figure 3 (Montazer and Wilson, 1984). According to Montazer
and Wilson (1984), water in the unsaturated portion of this system will flow dominantly in
the matrix and intermittently in fractures. Given the low in filtration rate at Yucca Mountain,
the rate of water movement in the matrix should be slow (Sinnock, et. al., 1984). The rate of
water movement in fractures may be fairly rapid according to recent modeling efforts (Nitao
and Buscheck, 1989). However, the question of whether or not there will be significant water

16



Unsaturated-Zone Hydrology Model
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Figure 3. Generalized section across Yucca Mountain showing flow regime under baseline
conditions. Lengths of arrows show relative magnitude of fluxes (from Montazer and Wilson
1984).
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flow in fractures beneath the repository horizon after waste emplacement is unresolved at
present.

The chemical compositions of ground waters in the present and future ground water flow
systems are important parameters with regard to the sorption behavior of important
radionuclides in this system. The data available in 1984 on the chemistry of saturated zone
ground waters was reviewed by Ogard and Kerrisk (1984). In the volcanic units, the ground
waters are basically dilute sodium bicarbonate waters. Calcium, potassium, and magnesium
are the less-abundant cations and bicarbonate, sulfate, chloride, nitrate, and fluoride are the
major anions in order of concentration. The only other major constituent is silica. The
water from the Paleozoic aquifer (UE25p#l) has higher concentrations of almost all these
constituents as shown in Table III.

The compositions of waters from the unsaturated zone are not well known. Yang et a!. (1990)
have reported partial analyses of unsaturated zone waters from wells UZ-4 and UZ-5 obtained
by triaxial compression and centrifugation methods. Core samples from which waters were
obtained came from the nonwelded portion of the Yucca Mountain and Pah Canyon members
of the Paintbrush Tuff. The major cation and anion concentrations in these waters are
intermediate between the saturated zone tuffaceous waters and waters from the carbonate
aquifer (Table III). Water samples obtained from UZ-4 cores tend to be closer in composition
to the tuffaceous waters, while waters from UZ-5 cores appear to be closer in composition to
water from the carbonate aquifer although this statement is not intended to imply genetic
associations of the waters with these aquifers.

The Eh and pH of the ground waters in Yucca Mountain are particularly important with
respect to the solubilities and sorption behavior of a number of the important elements (e.g.,
actinides, Tc). The available data suggest most of the waters within Yucca Mountain site are
oxidizing (e.g., Ogard and Kerrisk, 1984). Because the spatial and temporal variability in this
parameter (i.e., Eh) will be difficult to quantify, the conservative approach would be to
assume all the ground waters between the repository and the accessible environment are in
equilibrium with atmospheric oxygen. This is conservative because all the important
(radionuclide) elements have either higher or equal solubilities in oxidizing waters compared
with reducing waters. Available data on the pH of waters in Yucca Mountain show a range
from 6.5 to 9.4 (Ogard and Kerrisk, 1984; Yang et al., 1990). In this case, no single value can
be chosen as being conservative, as explained further below.

The future compositional variations of ground waters in Yucca Mountain must also be
considered in the development of a sorption strategy. To a first approximation, the variations
are likely to be similar to the present-day variations as a result of buffering reactions by the
country rock. More detailed predictions of future ground water compositional variations will
be developed in the Ground Water Chemistry Modeling Task of the Yucca Mountain Site
Characterization Project. The strategy proposed here should be sufficiently general so that
new information from this task can be incorporated without major revision of the
strategy.
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Table III.

Ca
Mg
Na

K
Si
Cl
F

S 0 4

HCO3

PH
Eh (mv)

10gard and Kerrisk
2Yangetal. (1990).

Groundwater Chemistry at YM Site
J-131

(mg/l)

11.5
1.8

45
5.3

30.0
6.4
2.1

18.1
143

6.9
340

(1984).

(mg/l)

2 7 - 127
5 - 2 1

26 - 70
5 - 1 6

72 - 100
34 - 106

—
39 - 174

—

6.5 - 7.5
—

UE25p#11

(mg/l)

87.8
31.9

171
13.4
30.0
37.0

3.5
129
698

6.7
360

26-91-INC7-1



5. STRATEGY FOR DERIVATION OF Kas FOR PERFORMANCE ASSESSMENT
CALCULATIONS

Although we have a reasonably good idea of the types of information that are required to
model the chemical interactions of the important radionuclides with mineral surfaces in Yucca
Mountain (Appendix A), it is clear that many of the data required for such modeling are not
currently available nor will they likely be available given the time-frame for repository site
suitability analysis. This does not mean the sorption barrier should be ignored in assessments
of the performance of the site. It does imply, however, that a more pragmatic approach is
needed in the derivation of models for the sorption behavior of the important radionuclides in
the Yucca Mountain flow systems. There are two key factors that should be considered in the
formulation of such an approach. These are (1) bounding versus exact predictions of sorption
behavior and (2) the use of site-specific materials in laboratory experiments. These factors
will be discussed in relation to the development of a sorption strategy.

The regulations for releases of radionuclides to the accessible environment (40CFR191)
specify the total amounts of each of the radionuclides contained within a repository that are
allowed to be released to the accessible environment over a period of 10,000 years. They do
not specify (1) the rate of release to the environment, (2) the actual amounts released as long
as those amounts are less than the limits, nor (3) the release points. Further, the regulations
require only reasonable assurance (i.e., not proof) that the amounts released be below some
fraction of the original inventory of the waste emplaced in the potential repository. This
simplifies the transport problem considerably by requiring only that it provide reasonable
assurance that the maximum expected releases to the environment are within the regulatory
constraints.

On the basis of what is currently known about the hydrologic system and the geochemical
conditions at the site, a sorption strategy has been developed (Figure 4) that allows for the
evaluation of a large range of performance scenarios and that requires considerably fewer
detailed chemical data than would be required for a fully mechanistic model, yet is based on
sound chemical principles. A cornerstone of this strategy is the observation based on
preliminary transport calculations (Birdsell, et. al., 1991), that Kus of 100 ml/g or more result
in more than adequate isolation of radionuclides from the accessible environment over
the regulatory lifetime of the potential repository at Yucca Mountain. Because many of the
important radionuclides have Kds>1000 ml/g in Yucca Mountain tuffs when in contact with
waters from the site (Thomas, 1987), knowledge of the precise value of the K,, for these
"strongly sorbing" radionuclides in a given radionuclide/rock/water combination is less critical
than it would be for radionuclides with smaller Kds. This provides for considerable latitude in
the simplification of the experimental evaluation of the sorption behavior of the "strongly
sorbing" radionuclides.

One such simplification would be to use only the "most active" ground water composition in
the experiments carried out to obtain sorption coefficients for each of the "strongly sorbing"
radionuclides. By "most active" I mean the composition, out of the expected range of ground
water compositions at the site, that results in the most conservative estimates of sorption
behavior for the radionuclide of interest (i.e., that resulting in the highest concentrations of
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the radionuclide in solution). This composition would be chosen on the basis of any pertinent
sorption data for the radionuclide of interest that might be available, any data available on the
solution behavior of the radionuclide (e.g., complexation behavior), and the results of pure
mineral experiments.

Another simplification involves reliance, for the sorption barrier, on only the major mineral
phase or phases in the site as a whole or in each of the hydrologic units defined at the site.
Ideally, the sorption behavior for each of the "strongly sorbing" radionuclides would be
evaluated in relation to the least-sorptive major mineral phase (e.g., quartz) in Yucca
Mountain and the most active water composition for each radionuclide. If the least sorptive
major mineral phase results in a Kd » 1 0 0 ml/g for a given radionuclide using the mosi active
water, a minimum Kd of 100 ml/g (or some other acceptable minimum value as supported by
an appropriate transport calculation) could be used directly for this radionuclide in
performance assessment calculations. The advantage of this approach is that it would result in
the most robust predictions of sorption behavior because the true sorption coefficient for a
given radionuclide in the Yucca Mountain ground water flow system would always be larger
than this minimum Kd value no matter wha. the actual flow path of the water. Note that the
sample of the least-sorptive mineral phase used in the experiments should be obtained from
the site to minimize the impact of possible competitive effects with "strongly sorbing"
elements already present on the surface of the mineral as a result of 10 million years of
rock/water interaction in the Yucca Mountain ground water flow system (see Appendix A).

If the least-sorptive major phase is not an adequate sorber of the radionuclide of interest (e.g.,
does not provide the minimum Kd), the sorption behavior of the radionuclide of interest
could be evaluated in relation to the next least-sorptive major phase (e.g., feldspar). In this
case, however, additional information would be required to derive the minimum Kd including
(1) the maximum abundance (actually the maximum surface area or cation exchange capacity)
of the least-sorptive phase (e.g., silica) in Yucca Mountain or in a given hydrologic unit in
Yucca Mountain and (2) the total surface area of the least-sorptive whole-rock sample chosen
to represent the unit or the mountain. These parameters could be obtained from analyses of
mineral abundances and textures within the rock unit at various points in Yucca Mountain and
interpolation of these analyses between sampling points (Chipera and Bish, 1989).

Based on data available in the literature on sorption of the important radionuclides by quartz
and feldspars (Allard et al.,1980; Brandberg and Skagius, 1991), the Kds for Am, Cm, Nb,
REE, Sn, Th, Zr, and Pu should be large (i.e., >1000 ml/g) in units containing devitrified
tuffs. As noted in Section 3, devitrified tuffs are composed almost entirely of feldspar and
silica phases. The results of batch sorption experiments on devitrified tuff samples from
Yucca Mountain indicate large Kds for these elements (Daniels, et. al., 1982). Batch sorption
experiments also indicate large Kds for these elements in the other tuffaceous rock types
in Yucca Mountain (Daniels et. al., 1982). This suggests the matrix Kds for these elements
should be large in all the transport scenarios considered for the Yucca Mountain ground water
flow system (US DOE report, 1988).

The fact that many elements have high affinities for the surfaces of oxides and
aiuminosilicates is well known (e.g., Beall and Allard, 1981). As an explanation, Dugger,
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et. al. (1964), Schindler and Stumm (1987), and others have suggested the relative affinities
or binding constants of various chemical elements for oxide surfaces are correlated with the
hydrolysis constants for these elements in solution. However, this hypothesis does not
appear to explain the relative affinities of the actinides for mineral surfaces. For example,
Am*'1 binds much more strongly to mineral surfaces than IP6 (Meijer, 1990), even though the
first hydrolysis constant for U+6 is approximately 3 orders of magnitude greater than that
inferred for Am+3 (Baes and Mesmer, 1986). In a search for alternative explanations, I have
found that the relative affinities of the actinides for rock surfaces seem to be closely
correlated (negatively) with the solubilities of the appropriate chemical compounds of each
actinide in Yucca Mountain ground waters as shown by the graph in Figure 5. The high
degree of correlation displayed in Figure 5 suggests the chemical elements that sorb
dominantly by surface adsorption processes could be ordered in terms of their affinity for a
given oxide surface in a particular ground water, based on their solubilities in that
ground water.

There are some radionuclides in the list of important radionuclides for which the minimum Kd

approach is clearly not appropriate. These include (in order of importance) U, Np, C, I,
Se, and Tc. In addition, there is a group that includes Ni, Ra, Cs, and Pd for which the
adequacy of this approach has not been documented. The elements C, I, and Tc have little or
no affinity for most mineral surfaces in Yucca Mountain tuffs (Thomas, 1987) and likely will
not have a significant sorption barrier (see also Brandberg and Skagius, 1991). Other
processes must be invoked for their retardation such a*1, dispersion, diffusion, isotopic
exchange, long ground water travel times, radioactive decay, and/or a back fill material that
has a significant sorption potential for these elements (Figure 1). Fortunately, the inventories
of I and Tc are sufficiently small so that the lack of a sorption barrier may not pose a

problem. The situation is different for carbon mainly because of the size of the inventory and
the potential for transport in the gas phase. Isotope exchange with natural carbon compounds
and minerals in Yucca Mountain may offer a significant retardation barrier for this
radionuclide. The element Cs has high solubility in Yucca Mountain ground waters and would
be predicted to have a low affinity for the mineral surfaces in Yucca Mountain based on the
correlation line shown in Figure 5. However, measurements on whole-rock samples
indicate Cs has a very high affinity for the zeolitic tuffs and a significant affinity for the
devitrified tuffs (Figure 5). In the zeolitic samples, the high affinity is clearly due to ion
exchange reactions involving zeolites.

The element Cs has among the highest selectivity coefficients for zeolites of all the chemical
elements (Ames, 1960). Explanations for the relatively large sorption coefficients (100-400
ml/g) measured for Cs in contact with devitrified and vitric samples are less obvious. These
coefficients may reflect ion exchange reactions on clays, micas, feldspar surfaces and in the
case of the vitric samples, poorly structured clays resulting from incipient alteration of glass.
Note that smectitic clays are ubiquitous in the devitrified tuffs although not very abundant
overall (Chipera and Bish, 1989). The coefficients may also reflect surface adsorption
reactions on the different mineral phases in the tuffs. According to Tadros and Lyklema
(1968), silica has a higher affinity for Cs+ than the major cations usually found in ground
waters (e.g., Ca+2, Mg+2, Na\ K+). When combined, the whole-rock and pure mineral data for
Cs suggest a minimum Kd of 100 ml/g should be appropriate for Yucca Mountain as a whole.
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Alternatively, larger minimum Kds could be assigned to the zeolitic units, and smaller values
could be assigned to the vitric and devitrified units.

Barium and its congener Ra behave somewhat differently from Cs primarily because of the
low solubility of the corresponding sulfate compounds. Jf Ba and Ra are plotted along the
correlation line in Figure 5 according to their solubilities, fairly large values would be
predicted for their sorption coefficients. However, the measured sorption coefficients are
even larger (Figure 5). This suggests these elements participate in both ion exchange and
surface adsorption reactions. This is consistent with the results of experiments involving Ra
sorption onto silica as reported by Ames, et. al. (1983a). Like Cs, Ba and Ra have large
selectivity coefficients for the zeolites in Yucca Mountain tuffs. Measured sorption
coefficients for these elements in zeolitic tuffs are in the 100,000-200,000 ml/g range (Daniels
et al.,1982). This result, combined with the data for devitrified and vitric samples, suggests a
minimum Kd of 100 rnl/g would be a conservative estimate of the actual Kd values for Ra in
the Yucca Mountain flow system.

Evaluation of the likely sorption behavior of the elements Ni and Pd is more difficult because
so little pertinent information is available. The inventory of Pd is sufficiently small so
that a sorption barrier will likely not be required for this element. However, Ni is a significant
component of the inventory and should be considered for sorption potential. Data available in
the literature suggest nickel has a higher affinity for silica surfaces than the major cations in
ground waters (Dugger et al., 1964). No data have been identified for Ni sorption on
feldspars. It is well known, however, that iron oxides and particularly manganese oxides have
high affinities for Ni and other transition metals over the pH range expected in Yucca
Mountain ground waters (Jenne, 1968; Richter and Theis, 1980). Batch whole-rock KjS
measured for nickel on devitrified and zeolitic tuffs from Yucca Mountain are in the range of
150-500 ml/g in J-13, H-3, and UE-p#l ground waters (Knight and Lawrence, 1987). These
data reinforce the conclusion stated above for silica that Ni competes favorably for sorption
sites with the major ions in ground waters. Unfortunately, all the available whole-rock Ni KjS
are for experiments with waters in which pH > 8.3. Because lower Ni Kd values are expected
at lower pH for silica (Richter and Theis, 1980) and probably for feldspar and zeolite, the
quoted range of values may not be conservative. The Ni K,, predicted on the basis of the
calculated solubility and the correlation in Figure 5 is in the range of 200-400 ml/g depending
on ground water composition, especially pH. Clearly, more experimental work on Ni sorption
is required to determine whether or not a minimum Kd of 100 ml/g can be used in
performance assessment calculations for this element.

The elements neptunium and uranium pose the greatest challenge for the sorption barrier
because these elements have relatively high solubilities in (oxidizing) Yucca Mountain ground
waters (Ogard and Kerrisk, 1984; Nitsche, et. al., 1991) and relatively low sorption potential
(Meijer, 1990), yet they compose a significant part of the waste inventory. Based on available
data, the sorption behavior of the element Se seems to be similar to that of Np (Thomas,
1987). Because its total inventory will be only slightly above regulatory release limits (Table
I), the approach to predicting its sorption behavior will be taken to be the same as that
derived for Np, as a first approximation. The minimum Kd approach discussed above for the
strongly sorbing elements will not be appropriate for these elements because Kds derived in
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this way will likely be less than 10 ml/g. A more sophisticated approach is needed.

The approach proposed here consists of two parts: (1) pure mineral studies and
(2) whole-rock studies. The pure mineral studies are designed to identify the dominant
controls on the sorption behavior of U, Se, and Np on common mineral types in Yucca
Mountain. In particular, these studies should lead to the identification of the most important
parameters that influence the sorption of these elements and the range of values of these
parameters which are most critical. Once these parameters (e.g., pH) have been identified,
experiments will be conducted over the critical range with whole-rock tuff samples from
Yucca Mountain to quantify the effects of these parameters on the whole-rock K,,s. The
results of these experiments can be used to derive an appropriate methodology for assigning
Kds in the performance assessment models.

For U under oxidizing conditions, sorption data from pure mineral experiments are available
for goethite (Hsi and Langmuir, 1985; Tripathi, 1983), hematite (Ho and Miller, 1986),
alumina (Allard et al., 1982), clays, clinoptilolite, opal, silica gel (Ames et al., 1983a), quartz
(Relyea and Silva, 1981), micas (Ames, et. al., 1983b), titania, and zirconia (Maya, 1982) in
various Na+-based simple electrolytes and a range of radionuclide concentrations. In 0.01 M
NaCl, all of these phases show U Kds greater than 100 ml/g over a pH range from 6.5 to 8.0.
Data available for goethite, hematite, and silica show that U adsorption is very sensitive to pH
and is relatively insensitive to ionic strength. At high pH (>8.0), U adsorption is decreased
due to complexation of U by carbonate ions in solution.

The data available for U sorption on whole rock tuff samples indicate K,,s in J-13 water
(under oxidizing conditions) are in the range of 0-30 ml/g with the most likely values
between 0-15 ml/g (Figure 6). The vitric and devitrified tuff samples show similar KjS in the
range of 0-10 ml/g. As a function of pH, the values increase from 2-5 ml/g at pH = 6.0 to
10.0 ml/g at pH 7.5 and then back down to 0.0 ml/g at pH 8.5-9.0. The available U KjS for
zeolitic samples in J-13 water decrease almost linearly with pH from 12-25 ml/g at pH = 7.0
to 0-10 ml/g at pH = 9.0 depending on the actual rock sample used in the experiments
(Figure 6). Further, the range in values at a given pH appears to be correlated with the
Ca+Mg/Na+K ratio of the clinoptilolites in the samples (Broxton et al., 1986). These
observations suggest U sorbs to the zeolitic tuffs through some sort of ion exchange
mechanism.

Ground water composition has some affect on the U Kds although the available data are very
limited. For example, the water Paleozoic carbonate aquifer appears to produce increases in
the U Kds in devitrified and vitric samples while it results in a decrease in the U Kd in the
single zeolitic sample for which data are available (Thomas, 1988).

Relative to the pure mineral U Kds, the generally low values obtained for U Kds on the
whole-rock samples are puzzling given the abundance of silica polymorphs, clays, zeolites,
and other phases in these tuffs (Table II). Possible explanations for the low whole-rock values
include (1) the existence of ligands in J-13 water (e.g., POJ that have a stronger affinity for
U in the pH range from 6.5-8.0 than do the available mineral surfaces, (2) competition
between U and other ions in J-13 water for available surface sites, (3) competition for
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available surface sites between U species and other species irreversibly sorbed on the
mineral surfaces, and (4) differences in surface area between the tuff samples and the pure
mineral separates. Without data on the separate effects of each of these parameters, the actual
cause for the lower Kds in the whole-rock experiments is difficult to judge. The fact that the
surface areas of many of the tuff samples used in the experiments were 1-2 order of
magnitude smaller than those used in the pure mineral experiments suggests much of the
difference may be due to this factor alone. However, additional experiments must be carried
out as a function of pH using representative whole-rock samples and the most active water
composition expected in each hydrologic unit in Yucca Mountain to resolve the issue. °y
using rock samples and the most active waters from the site, the competitive effects noted in
(1), (2), and (3) will be addressed directly in the Kd measurements.

For Np, the available data suggest the Kds are small for quartz and feldspar (<10 ml/g) in
ground waters with pH < 8.0 (e.g., Allard et al., 1980; Beall and Allard, 1981). Above pH =
8.0, the Kds for Np on these minerals increase in an exponential fashion to values >100 ml/g
at pH > 8.5. Experiments have also been carried out on the sorption of Np in J-13 water at
pH = 7.0 and 8.5 onto pure separates of representative secondary phases identified in Yucca
Mountain (Meijer, 1990). The results indicate iron oxides and oxyhydroxides have the
strongest affinity for Np (>104 ml/g) followed by Mn oxides (>10? ml/g), montmorillonite,
calcite, and clinoptilolite (20-390 ml/g).

Behavior similar to that observed in the pure mineral experiments as a function of pH is
observed in batch experiments involving Np sorption on tuffs from Yucca Mountain in J-13
water. However, the absolute values of the sorption coefficients measured are much smaller in
the tuffs similar to the situation with the U data (Thomas, 1987). Near pH = 7.0, the
whole-rock Kds for Np are in the range of 0-8 ml/g with the lower portion of this range
represented by vitric samples and experiments with high concentrations of Np (near solubility
limit). The Kds measured for Np at pH = 8.5 are generally factors of 2-5 larger than those
obtained at pH = 7.0. Allard et al. (1982) suggest this increase with pH reflects the hydrolysis
behavior of Np in solution.

In terms of performance assessment calculations, the available data suggest that either a
conservative value of 0.0 ml/g should be used for the U and Np Kds in all calculations or
values used must be assigned on the basis of information on the mineralogy of the rocks
and/or the water compositions at each node in the calculations. Assuming oxidizing
conditions, the most important factors controlling the U Kd value at a given point in the
Yucca Mountain flow system appear to be pH of the ground water, the carbonate ion
concentration in the water, and the rock type (Figure 6). The carbonate concentration of
ground water is strongly coupled to pH of the water. Therefore, the most important
parameters are pH and rock type. Detailed mineral compositions (e.g., cation composition of
zeolites) are a factor but appear to be of lesser importance.

Because (1) rock types are fixed in a given hydrologic unit and a representative rock
composition could be chosen for each unit that results in a conservative Kd for that unit at a
given pH and (2) the water composition (other than pH) chosen for the unit could be that
composition which results in a conservative Kd for the chosen rock type, the main parameter
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that needs to be determined to calculate the U Kd in any given rock unit is the pH of the
water chosen for that unit. Because it is unlikely the actual values for pH will be known at
each node in the transport model, either a conservative value for pH could be chosen or pH
values could be assigned in a probabilistic fashion on the basis of available data and ground
water chemistry model in order to derive appropriate Kds for U.

In the case of Np, the available data suggest Kds in the Yucca Mountain flow system should
be in the range of 0-10 ml/g (Daniels et al., 1982) with the most likely values in the range
of 0-5 ml/g, assuming oxidizing conditions (>+300 mv). The measurements indicate that vitric
samples generally have the lowest Np Kd values, zeolitic samples have intermediate values
and devitrified tuffs have the highest values (Figure 7). Variations in ground water
composition, including pH, appear to be secondary factors under oxidizing conditions
(Knight and Lawrence, 1987). The reason rock type appears to be the main control on Np
sorption in the tuffs is not entirely clear. Given that iron oxides and oxyhydroxides have very
high affinities for Np (Meijer, et al., 1989), it is possible the small amounts of hematite
generally found in the devitrified tuffs from Yucca Mountain (Chipera and Bish, 1989)
provide the sorption potential that is observed in the whole-rock experiments. This possibility
could be tested by performing autoradiography experiments on Np-traced samples
containing these oxides (Beall and Allard, 1981). If iron oxides were found to be the
dominant Np sorbers, some methodology for predicting the iron oxide contents of the
hydrologic units in Yucca Mountain would have to be developed. If some other phase or
phases were found to dominate Np sorption in the tuffs, a similar methodology would have

to be developed. Alternatively, a value of 0.0 ml/g could be used as the default value in
performance assessment calculations unless this value turns out to be unacceptable from a
regulatory standpoint.

6. DISCUSSION

The strategy presented here offers a simplified approach to the inclusion of sorption reactions
in performance assessment models. The level of simplification with which the sorption
behavior of each of the important radionuclides is characterized can be tailored to reflect
other barriers that may be available at the site. The strategy provides a basis for major
reductions in the amount of site specific and experimental data required for the inclusion of
the sorption barrier into performance assessment calculations yet it has a solid technical
foundation.

One important aspect of sorption behavior not fully addressed by this approach is sorption
along fractures. Given the great variability of secondary mineral distributions in fractures,
the actual sorption coefficients operative during flow in a given fracture cannot be reliably
calculated. However, a minimum Ka for sorption during the flow of water in fractures could
be derived by assuming the fracture is coated with the least sorptive mineral phase identified
in fracture linings (e.g., silica). The water composition chosen for this situation could be
either the most active ground water composition in Yucca Mountain or some more
appropriate composition assuming such a composition could be reliably defined.

Several other issues concerning the potential sorption behavior of the important radionuclides
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in the Yucca Mountain flow systems are not directly addressed in this paper. These
include the kinetics of sorption reactions for the important radionuclides, the transport of
radionuclides adsorbed to colloid size materials, and the potential influence of organic
solution species and organic coatings on mineral surfaces on the transport of the important
radionuclides. Although these issues may be of significance to the overall transport problem,
they will be addressed separately.

7. CONCLUSIONS

A strategy has been developed for the derivation of sorption coefficients for the important
radionuclides in the Yucca Mountain ground water flow system. The strategy separates the
important radionuclides into those for which a minimum Kd value should be appropriate,
those for which a sorption barrier is not available, and those for which sorption coefficients
must be assigned on the basis of detailed site information (Np, U, possibly Ni). Fortunately,
it appears most of the important radionuclides (i.e., Am, Cm, Cs, Nb, Pu, Ra, Sn, Zr, Th) can
be assigned a minimum Kd value in each of the hydrologic units identified within the site.
The radionuclides lacking a significant sorption barrier include C, I, and Tc. The inventories
of 1, and Tc should be sufficiently small relative to the regulatory constraints so that
the lack of a sorption barrier for these elements should not pose a problem. Carbon may be
retarded by isotope exchange reactions with carbon presently on mineral surfaces in the site.
The strategy developed for U, Np, and Se involve more detailed site characteristics. For U,
the main controls on sorption behavior appear to be pH and rock type. By selecting the
least-sorptive rock in each hydrologic unit for experimentation, the main parameter of interest
in the experiments should be pH. Because detailed information on the spatial and temporal
variability of pH in Yucca Mountain flow system will not likely become available, a
probabilistic approach should be used in the derivation of possible pH variations. All
available data should be used in the derivation of these distributions. These distributions
would be used to derive probabilistic distributions of U sorption coefficients through the
database on whole-rock U sorption coefficients as a function of pH.

For Np, the dominant control on sorption behavior in Yucca Mountain tuffs appears to be
rock composition. The preliminary conclusion is that certain mineral phases dominate the
adsorption behavior of Np. Once these minerals are identified, pure mineral experiments
should be carried out to determine the dominant controls on sorption behavior. The
information obtained would be used to formulate a strategy for Np that follows the strategy
developed for U. If the minimum Kd approach turns out not to be appropriate for Ni, a similar
strategy could be developed for this element.
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10. APPENDIX A

Chemical and Physical Parameters Required to Model the Sorption Behavior of Important
Radionuclides in the Yucca Mountain Ground Water Flow System.

As previously noted, the sorption behavior of important radionuclides in the Yucca Mountain
water and air flow systems will be a function of various chemical and physical parameters.
In the following discussion, the chemical parameters will be emphasized in order to identify
those parameters that are most critical to the sorption behavior of each of the important
radionuclides. Once these critical parameters have been identified, they can evaluated relative
to their impact on the transport behavior of the important radionuclides in the Yucca
Mountain flow systems.

The chemical parameters that could influence the sorption behavior of the important
radionuclides in the Yucca Mountain flow systems can be divided into those parameters
related to the solution behavior of the important radionuclides and those related to the
behavior of the radionuclides on or in solids.

The most important solution parameters include

0) PH,
(2) Eh,
(3) concentration of elements in solution,
(4) species of each element in solution,
(5) formation constants for species in solution,
(6) kinetics of complex formation in solution,
(7) activities of species in solution,
(8) equilibrium constants of the most stable radionuclide compound in the solution,
(9) common ion effects,
(10) concentration of complexing agents,
(11) ionic strength of the solution,
(13) concentration of organic species in solution, and
(14) complexation constants of radionuclides with organic species in solution.

The most important solid parameters include

(1) ion-exchange mineral abundances along flowpaths,
(2) mineral-specific ion-exchange site populations,
(3) identity of in-situ (e.g., present-day) sorbate populations,
(4) exchange constants for each type of exchange site,
(5) activity coefficients for ions on exchange sites,
(6) kinetics of ion-exchange reactions,
(7) pore sizes in porous minerals,
(8) accessible mineral-specific (ex)surface areas along tlow paths,
(9) mineral specific (ex)surface site densities,
(10) sorption site energy distributions,
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(11) mineral specific (ex)surface acidity constants,
(12) identities of surface complexes,
(13) mineral specific (ex)surface complexation constants for each species of each element of

interest on each type of surface binding site,
(14) mineral specific (ex)surface activity coefficients for each surface species of interest,
(15) kinetics of each (ex)surface adsorption reaction,
(16) isoelectric points of minerals of interest in electrolytes of interest,
(17) nature of organic surface coatings, and
(18) binding constants for radionuclides of interest on organic coatings.

In the following, a brief discussion of why each of these parameters is important will be
provided, starting with the solution parameters. The pH influences solution complexation
reactions (e.g., through carbonate-bicarbonate reactions). In addition, hydrogen and hydroxide
ions are potential determining ions (PDI) in the double layers on the surfaces of the solid
phases. The redox potential (Eh) determines the oxidation state of the important
radionuclides in solution. The solubilities of the actinide elements and some fission products
(e.g., Tc) are strongly influenced by the redox statt of the solution. Sorption coefficients for
the important radionuclides are generally a function of the concentration of the radionuclides
in solution. The variations of sorption coefficients with radionuclide concentration are
commonly modeled with isotherm equations. The speciation of each important radionuclide in
solution must be known to calculate the solubility of the most stable compound of that
radionuclide in solution and to evaluate sorption reactions. In order to calculate the species of
a given radionuclide in solution, the formation constants for all possible complexes in solution
must be known as well as the activity coefficients for each species or complex in the chosen
solution. With all possible solution species and their activity coefficients identified for a given
radionuclide in solution, equilibrium constants are used to calculate the solubility of the most
stable solid compound of the radionuclide in solution. The presence of compounds with a
common ion (e.g., carbonate) may influence the relative solubility of the compounds. The
concentration of complexing agents or ligands in solution will determine the solubility of
radionuclide-bearing compounds through the equilibrium constant. The ionic strength of the
solution primarily impacts the values of the activity coefficients of each of the species in
solution and the surface charge of solids in the system. The size of the species in solution
determines whether or not they can access the exchange sites internal to the ion-exchange
minerals. Organic species in solution that have significant complexation or binding constants
for one or more of the important radionuclides could enhance the concentration of the
radionuclides in solution and thereby influence their migration behavior.

The following discussion of solid-phase parameters is divided into parameters relating to
solids that sorb dominantly by ion-exchange and solids that sorb dominantly by surface
complexation reactions. For the ion-exchangers, information is required on the ion-exchange
capacity of solid phases along flow-paths to the accessible environment. This is addressed by
obtaining information on the abundances of ion-exchanging phases along these flowpaths and
on the exchange capacity of each of these phases. In order to calculate the affinity of each of
the important radionuclides for each of the ion-exchanging phases, information is required on
the types of sites available in each of the phases, the exchange constants for each of the
elements of interest on each of these sites relative to some common ion, the activity
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coefficients for each of the ions of interest on each of the available sites, the present-day
sorbate populations on each of the sites available in each of the ion-exchanging minerals
present along potential flowpaths to the accessible environment, and the kinetics of all the
pertinent ion-exchange reactions. Data on the pore sizes of porous minerals are required to
judge whether or not ions or complexes of the important radionuclides can even gain access
to the exchange sites internal to the ion-exchanging minerals.

Mineral phases that sorb the important radionuclides through (external) surface adsorption
processes require a somewhat different set of parameters. This is largely a result of the fact
that the site densities available for the adsorption of a given surface species are not
necessarily fixed as they are in typical ion exchange minerals (e.g., zeolites, clays). The site
populations available on minerals that sorb by (ex)surface processes depend on the
characteristics of the mineral surface as well as characteristics (e.g., pH) of the solution in
contact with the surface. Further, steric factors are less important than they are for
intra-crystalline ion-exchangers.

Although the theoretical understanding of adsorption processes in the electric double layer of
minerals is not complete, the essential parameters required for a successful model can be
delineated on the basis of our present understanding of double layers (e.g., Davis et al., 1978).
Site densities and site energy distributions must be obtained for each of the mineral surface
types in the system. Site densities are generally obtained from measurements of the mineral
specific surface areas and estimates of areas of individual sites on the surface. The latter may
be obtained from data on site geometries in the substrate surface. Methods of obtaining
surface site energies are not available at the present time although methods for deducing the
existence of multiple site energies are available in limited applications (e.g., Sips, 1948; Triay
and Rundberg, 1989). Data on surface site energies for the mineral phases pertinent to the
Yucca Mountain site are not available.

Sites on the surfaces of minerals can be either unfilled or populated by protons, hydroxide
ions, or various other species originating in the surrounding aqueous solution. Acidity
constants quantify the interaction of protons with the surface in the absence of other cationic
species. Mineral-specific affinity constants quantify the interaction of different surface species
with energetically distinct sites on the surface. Methods for obtaining these constants are
either unavailable or unproven at the present time. In order to derive these constants, the
identities of at least the dominant surface species of a given element must be known.
Techniques for the identification of surface species are in development at the present time. To
model the adsorption behavior of a given surface species as a function of concentration,
surface activity coefficients are required for that species on a given surface as a function of
concentration. Reliable methods for obtaining such coefficients on the types of minerals
present in Yucca Mountain are not available at the present time. Data on the kinetics of
surface adsorption reactions are required to evaluate whether or not such kinetics could
influence the transport behavior of the important radionuclides. If such kinetics are fast
relative to the fluid flow rates, they need not be incorporated into the transport equation. On
the other hand, if the reverse is true, kinetic terms may need to be incorporated into the
transport equations. Similarly, if organic surface coatings are found on mineral surfaces in the
rocks in the repository block, the extent to which the important radionuclides bind to these
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coatings must be determined. If such coatings are absent, such information is not required.
Finally, the isoelectric points of mineral surfaces in the rocks in the repository block must be
known to evaluate the behavior of ions that physically adsorb in the outer part of the double
layer.
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SORPTION AND POROSITY HETEROGENEITY:
EFFECTS ON RADIONUCLIDE TRANSPORT

Marilyn Buchholtz-ten Brink
Earth Sciences Department, Lawrence Livermore National Laboratory,

L202, P.O. Box 808, Livermore, CA 94550

Diffusive transport rates for aqueous species in porous media are a function of the
molecular diffusion rate in solution for the species of interest, any change in its concentration
in solution due to sorption or reaction, and the tortuosity of the material's pore structure.
Diffusion rates can be easily predicted when these factors are constant; however, this is not
the case for heterogeneous natural materials and the complex solutions derived from many
hazardous wastes. When fluid flow is also present, the transport of hazardous materials in
heterogeneous geological materials becomes even more difficult to predict.

For actinide elements, the coexistence of multiple oxidation states, colloidal species,
and numerous complexes in ground- or waste-water solutions suggests that a range aJso
exists for molecular diffusivity, reactivity, and sorptivity. The physical structure of Topopah
Spring tuff, and other rocks, often includes void spaces on scales from grain boundaries and
intergranular pore spaces to fractures that are centimeters in width. Movement of aqueous
species within the rock then depends on the effective length of the voids and their
interconnectedness. Void spaces may be filled with secondary phases and fractures lined
with precipitates. The sorptive capacity of each mineral phase in contact with solution for
the aqueous species of interest can differ by orders of magnitude. Differing sorptive
mechanisms can also result in large differences between minerals or aqueous species for
reversibility and kinetics of sorption.

This complicated heterogeneous system makes a mechanistic prediction of diffusion
and transport rates difficult without information about the relative importance of the various
factors. An understanding of the effect of multiple transport paths and sorption mechanisms
is particularly important for planning containment of hazardous radioactive waste since a
small amount of radioisotope traveling via a faster than anticipated path may invalidate the
predictions of transport models that assume homogeneous behavior.

We measured diffusive transport of ^U, B8U, and 139Pu tracers in groundwater within
saturated tuff rocks on spacial scales from 0.1 micrometers to centimeters. We found that
regions of greater actinide concentration and faster transport are associated with either
greater porosity, identifiable micro-fractures, or concentrations of specific elements such as
Li.' We also found that addition of sodium bicarbonate to solution increased the apparent
diffusivity by one to two orders of magnitude and increased the abundance of colloidal sized
particles.2 Changes in speciation of the actinides in solution likely result in decreases in the
amount of U retarded by sorption that are reflected in the faster transport rate. Alternatively,
colloidal particles which are larger than average pore size may be excluded from the matrix
and channeled into more porous regions.
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CURRENT ADSORPTION MODELS AND OPEN ISSUES
PERTAINING TO PERFORMANCE ASSESSMENT

by
R. J. Serne

ABSTRACT

Recently several articles have been published that question the appropriateness of the
distribution coefficient (Rd) concept to quantify radionuclide migration. Several distinct issues are
raised by various critics. In this paper I provide some perspective on issues surrounding the modeling
of nuclide retardation. The first section defines adsorption terminology and discusses various
adsorption processes. The next section describes five commonly used adsorption conceptual models,
specifically emphasizing what attributes that effect adsorption are explicitly accommodated in each
model. I also review efforts to incorporate each adsorption model into performance assessment
transport computer codes. The five adsorption conceptual models are (1) the constant Rd model,
(2) the parametric Rd model, (3) isotherm adsorption models, (4) mass action adsorption models, and
(5) surface complexation with electrostatics models. The final section discusses the adequacy of the
distribution ratio concept, the adequacy of transport calculations that rely on constant retardation
factors and the status of incorporating sophisticated adsorption models into transport codes.

1.0 INTRODUCTION

Most safety analysis exercises that address deep geologic disposal of high-level nuclear wastes
(spent unreprocessed fuel and reprocessed solid wastes such as borosilicate glass or Synroc) conclude
that the most likely transport vehicle for bringing radionuclides into the accessible environment is
groundwater transport. The groundwater is likely to slowly dissolve metallic barriers/containers and
eventually remove radionuclides from the solid waste forms via dissolution, complexation and colloid
formation. Within the waste package and the very near-field host rock, radiation field and temperature
gradients may vary enough or influence the groundwater chemistry enough that temperature- and
redox-sensitive solubility reactions could control the amount of radionuclides leaving the repository.
Another chemical process, alteration of primary minerals and precipitation of secondary minerals, is
also likely in the high (but radially decreasing) temperature field around the waste packages. Once the
groundwater exits the waste package and very near-field host rock, any radionuclides in solution or in
suspension (colloids) will likely interact predominantly via (1) adsorption reactions on the surfaces of
the host media, (2) matrix diffusion into micropores within the host grains, and (3) physical filtration
of colloids. Adsorption reactions have been acknowledged as the most important contaminant
retardation process in far-field transport analyses for all hazardous waste disposal options. Adsorption
processes are known to increase the travel times for some radionuclides by 103 to 10* times relative to
the groundwater. Such long travel times allow nuclides to decay to lower concentrations and less
hazardous elements before reaching the accessible environment (i.e., the biosphere). Furthermore,
some adsorption processes are effectively irreversible and permanently remove nuclides from
groundwater, thus preventing their release to the biosphere.

To predict the effects of retardation on safety assessment predictions, adsorption processes must
be described in quantitative terms. An empirical parameter, the distribution coefficient (often called Rd

or Kd), which is readily measured by laboratory experimentation, allows such a quantitative estimate of
nuclide migration. Knowledge of the Rd and of media bulk density and porosity (for porous flow), or
of media fracture surface area, aperture width and matrix diffusion attributes (for fracture flow) allows
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one to calculate the retardation factor, R or Rf. The retardation factor is defined as R = Vw/V0 where
Vw is the velocity of water through a control volume and Vn is the velocity of the radionuclidc. A
detailed derivation and discussion of the retardation factor is given in Nuclear Energy Agency, NEA
(1983a). To my knowledge, every existing computer code for safety assessment predictions of deep
geologic disposal of nuclear waste relics on the retardation factor and thus on the distribution
coefficient. In the last ten years several articles have been published that question the appropriateness
of the distribution coefficient concept (e.g., Reardon 1981; Moody 1981; Coles et al. 1982; Muller et
al. 1983; Carnahan ct al. 1984 and Langmuir et al. 1984). These authors' concerns actually address
several distinct issues, but the net result has been a general uneasiness and confusion within the
nuclear waste management community about addressing adsorption in safety assessment calculations.
Some of the distinct issues raised in these articles are (1) the adequacy of the distribution concept for
describing adsorption, (2) the adequacy of constant Rd values used in many transport codes to predict
radionuclide migration in the field, and (3) the discrepancy in Rd values obtained by different test
methodologies.

In this report, 1 will attempt to lessen some of the confusion about adsorption and to provide
some perspective on the first two issues. First I will define some adsorption terminology. Next I will
briefly describe the various adsorplion conceptual models, identifying the options available for
describing adsorption. Finally I will elaborate the issues, identify the present status of issue resolution,
and identify future efforts that should provide additional data to resolve these issues objectively.

2.0 DESCRIPTION OF ADSORPTION/DESORPTION

In the first part of this section, I define a number of terms that will help in understanding the
description in the second part of how adsorption and desorption work.

2.1 Terminology
Nuclide retardation, encompasses all possible processes that hinder nuclide migration in

solution, including ideal ion exchange, mineral precipitation, coprecipitation in amorphous coatings,
chemisorption, selective adsorption, complexation onto solid adsorbents, rcdox or hydrolysis-mediated
prccipitation/sorption, and physical filtration of small particulars.

In this report, "adsorption" or "sorption" refers to surface processes in which radionuclides in
solution become incorporated onto the solid phase surface. Adsorption and sorption are more general
terms that include more processes than the term "ideal ion exchange," but where possible they exclude
precipitation of identifiable mineral or amorphous compounds and physical filtration of small
particulatcs.

To quantify adsorption, one typically measures the distribution of the adsorbate between the
solid phase and the solution phase. Such a value or distribution coefficient is often called the Rd, Kd,
or D. Confusion arises because the term "distribution coefficient" has been used to refer to two
special cases: (1) ideal binary ion exchange, where the clement of interest is present in such trace
concentrations that it docs not appreciably affect the concentration of the macro constituent sorbed on
the solid or the activity coefficient ratio of the mass action exchange (e.g., Meyer 1979; Routson ct al.
1972), and (2) a Frcundlich empirical isotherm, where sorption shows a linear trend with solution
concentration (Travis 1978). Linear adsorption typically occurs only at trace adsorbale concentrations
in solution and at trace loadings onto the solid adsorbent surfaces. In cither case, adsorption refers to
equilibrium conditions and, when used with mass transport theory, generally requires reversibility,
meaning that desorption occurs at the same rate and leads to the same equilibrium ratio of adsorbatc
between solid and solution.

In this report, the distribution coefficient is called Rd and simply refers to the ratio of mass or
activity of a particular radionuclidc species present in the solid phase (rock or sediment) to the mass or
activity of that same species present in solution (groundwater). This empirical ratio docs not require
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equilibrium conditions, quantitative reversibility, or ion exchange as the governing process (Scrne et al.
1983). I would like to emphasize that the distribution coefficient parameter, this measurable ratio of
an amount on the solid to the amount in solution, is the basis for all of the adsorption conceptual
models 1 will discuss. That is, it is this ratio that is measured to provide input data into each of the
conceptual models. I point this fact out to eliminate the confusion in some researchers' minds that the
criticism of Rd theory means that some other parameter should be measured. What the critics are
actually suggesting is that the dependency of the Rd parameter on other attributes of the rock and
groundvatcr must also be quantified.

As discussed in the following paragraphs, distribution coefficients are a complex function of the
chemical and physical parameters of the systems being studied. Their dependence on a large number
of variables causes problems in most overall system performance codes, because at this time most
codes can use only a single value for the distribution coefficient and cannot easily account for any
change in the distribution coefficient caused by changes in the geochemical environment from the
waste package to the biosphere. Some critics discredit the use of distribution coefficients because the
values measured are specific to the laboratory system studied and do not necessarily represent
radionuclide behavior in a repository. Despite these criticisms, existing safety assessments continue to
rely on the distribution coefficient to model radionuclide adsorption.

To evaluate adsorption processes for base line geologic settings requires information on
parameters similar to those for solubility evaluation. The master variables, temperature, pressure, pH,
and system Eh, as well as the groundwater chemical composition and the solid adsorbent's mineralogic
and petrologic attributes, surface area, and exchange capacity, all influence adsorption. Adsorption
prediction relies upon a more detailed knowledge of the solid adsorbent than is required for solubility
predictions, for which simple identification of the controlling solid phase often suffices. For predicting
adsorption processes, knowing only that certain minerals are present is not adequate. One needs to
know the quantity of each mineral, the surface area or sorption capacity and, ideally, the electrostatic
characteristics of the surfaces of stable and slowly reacting mineral phases. The same level of
characterization for the solute and solution is necessary for adsorption estimation as for solubility.
That is, one should know the speciation and thermodynamic activities of solution components, not just
total elemental concentrations.

Unfortunately, adsorption principles are not as well-developed and tested as solubility principles.
Therefore, even with all this characterization, the accuracy of predictions of the distribution of a trace
constituent between the solution and solid adsorbents cannot be determined.

2.2 Types of Adsorption
Several years ago, at a Nuclear Energy Agency (NEA) Workshop on sorption modelling and

measurement (Nuclear Energy Agency 1983a), participants suggested a distinction between the types
of sorption processes. There is no clear, practical way to distinguish among the processes in complex
natural systems, because many systems exhibit intermediate or hybrid behavior. Nonetheless, idealized
sorption processes were divided into four categories.

1. Physical adsorption is due to nonspecific, long range forces of attraction involving the
entire electron shells of the radioelement in solution and of the adsorbing substrate (e.g.,
Van der Waal's forces). This process is rapid, reversible, largely independent of
temperature and of the chemical composition of the sorbent and of the ionic strength and
composition of the solution (as long as the solute of interest's solution concentration is
well below saturation). The presence of complexing ligands and the pH of the solution
have large influences on physical adsorption. An example of a process controlled by
physical adsorption is the uptake of neutral metal hydrolysis complexes on surfaces that
arc also neutral following adsorption. This may be the principal mechanism for the
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sorption of trivalent and tctravalcnt actinide complexes on metal oxide surfaces with
nearly neutral pH.

2. Electrostatic adsorption is due to short range coulombic forces of attraction between
charged solute species and the adsorbing substrate. This process is rapid, largely
reversible, somewhat dependent on temperature, and strongly dependent on the
composition of the sorbent and on the ionic strength and composition of the solution.
This type of adsorption is also called chemisorption, and it is thought to allow only one
layer of adsorbed species on the solid. In contrast, physical adsorption may accumulate
several layers of adsorbate on the surface. An example of a process controlled by
electrostatic adsorption is ion exchange. The adsorption of Cs* on clays is controlled by
such a process.

3. Specific adsorption is either due to the sorbate ion inducing the formation of surface site:,
of opposite charge when adsorbed, or due to the sorbate ion, as a trace species,
occupying some of the small number of sites of opposite charge that exist on a surface
regardless of its net surface charge. This process may be either slow or rapid. Specific
adsorption of cationic species can appear highly irreversible as long as the system pH is
not lowered significantly. The process is temperature dependent and also highly
dependent on the composition of the sorbent and on the concentrations of solutes. An
example of specific adsorption is the nearly complete adsorption of UO2(OH)* on a ferric
oxyhydroxide surface at a pH below the point of zero charge of the oxyhydroxide, where
Ihe solid has a net positive surface charge.

4. Chemical substitution is the incorporation of minor elemental constituents into the
structure of crystalline phases (solid solution). This process may be slow and only partly
reversible. It is temperature dependent, highly solute selective, and highly dependent on
the composition of the solid as well as on the concentrations of solute. Chemical
substitution controls Ihe uptake of ions on a solid containing counlerions that can form a
sparingly soluble compound on the surface. Although this is not truly a form of
adsorption, it is difficult to distinguish from adsorption under experimental conditions.
Nevertheless, it will not be discussed in detail in this report. It can be considered as a
special case of precipitation. Americium interacting with the surface of phosphate
minerals and iodine interacting with Cu(I) or Pb minerals are examples of this process.

The sensitivity of each true type of sorption to changes in the physicochemical environment is
summarized in Table I. All three types of sorption are highly dependent on the chemical form of the
sorbate in solution (i.e., on speciation). Many of the parameters listed in the table (e.g., Eh, pH, and
concentrations of complexing species) influence adsorption by controlling speciation. The sorption
behavior of a radioelement is therefore largely dependent on its chemical state, because this determines
its availability for adsorption onto the geological substrate.

A potentially large number of species of a radioclemenl in solution may thus be involved in
sorption. Each of these aqueous species exhibits individual sorption characteristics. For example,
adsorption of UO2(OH)* and (UO2)3(OH)5 is strong, whereas adsorption of uranyl carbonate complexes
[UO2(CO,)2" and UO2(CO3)* ] is very weak (Hsi et al. 1985). Similarly, the thorium hydroxide
complexes can be strongly adsorbed, while thorium sulfatc complexes are very weakly adsorbed (Riese
1982). Understanding the speciation of the solution is therefore one key to an understanding of
adsorption.

Equally as important to this understanding are the properties and behavior of sorbing mineral
phases. Some of the more important controls of sorbent behavior arc the surface area and surface
charge of the sorbent, ihe effects of species in solution on surface charge, and the properties of the
layer of solution in immediate contact with the solid (the electrical double layer).
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The surface charge of minerals results from two general types of effects: Ihose caused by
interior lattice charge and those caused by the specific adsorption of potential determining ions.

TABLE I. Dependence of Types of Adsorption on Environmental Physicochemical Parameters

Hydrogen ion availability (pH)

Free electron availability (Eh)

Temperature

Speciation of sorbate

Concentration of sorbate

Concentration of complexing
or competing solutes

Ionic strength of solution

Properties of the sorbent

Time

Physical
Adsorption

variable01

variable'21

small

large

small(3)

large

small

small

small(4)

Electrostatic
Adsorption

appreciable

large(5)

appreciable

large

large

large

large

large<6)

small

Specific
Adsorption

appreciable

large(5)

appreciable

large

large

large

variable

large

variable

(1) Dependent on charge of species, effectively zero for uncharged species.
(2) Dependent on eleclroactivity of species.
(3) At concentrations well below saturation.
(4) Slow alteration of sorbed species (e.g., dehydration of hydroxides).
(5) If redox sensitive elements involved.
(6) e.g., ion exchange capacity.

Interior lattice charge effects are the major cause of surface charge in layered silicates such as ihe
clays; in contrast, the adsorption of potential determining ions (chiefly H+ and OH") is the major cause
of surface charge on hydrous oxides and hydroxides. Interior lattice charge controls the surface charge
on basal surfaces of the clays and micas. Because this effect is unrelated to compositional variations
in solution, the resultant surface charge effect is constant and independent of pH, and it is responsible
for the simple ion exchange behavior of these minerals. The presence of corners and edges on clay
and mica plates, where broken cation-oxygen bonds occur, gives these minerals a small component of
total charge that is affected, as are the hydrous oxyhydroxides, by the adsorption of potential
determining ions. However, in general, the surface charge and cation exchange capacity of clays and
micas tend to be relatively constant and independent of pH in most waters (when pH ranges from 4 to
10); in contrast, the surface charge and total metal adsorption capacity of hydrous oxyhydroxides is
strongly pH-dependenl.
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Physical, electrostatic, and specific adsorption, as defined above, represent ideal
conceptualizations of the more general phenomena called adsorption. It is this complex behavior of a
potentially large number of aqueous species interacting with a number of different surfaces having
distinct or variable properties that must be modeled to quantitatively account for sorption of
radionuclides in natural water/rock systems. Currently available conceptual models of adsorption will
now be briefly reviewed to show how characterization data on the important solution and solid phase
parameters are considered in the various models.

3.0 CONCEPTUAL MODELS FOR ADSORPTION

Various conceptual models are used to describe adsorption of trace contaminants such as
radionuclides. These models are described in terms of their parameters, and are presented in order
fiom the most simplistic to the most detailed.

3.1 Constant Rd Model
In this model, the distribution of the radionuclide of interest between the solid adsorbent and

solution î  assumed to be a constant value. There is no explicit accommodation of dependence on
characteristics of the rock, sediments, groundwater, or radionuclide concentration. Typically, an Rd

value for a given radionuclide is determined in the laboratory using actual rock or sediment from the
study area and actual or simulated groundwater, to which a radionuclide tracer is added at some trace
concentration. Then,

R _ amount of radionuclide adsorbed on solid per gm / j \
d amount of radionuclide in solution per ml

Typically the term "trace" denotes that a low mass is added, but the mass or activity must be
sufficient to facilitate good counting statistics. The experiments are often equilibrated by contacting
the solid with several aliquots of the water before adding the radiotracer, to attempt to approach the
condilion expected in the field.

Most of the laboratory experiments performed to measure distribution coefficients for
radionuclides do not systematically investigate the effect of important parameters and do not attempt to
identify the processes causing the observed adsorption. Because it is an empirical measurement, the Rd

value does not necessarily denote an equilibrium value or require some of the other assumptions
inherent in the more rigorous use of the term "Kj". The term "Rd" will be used as simply the
observed distribution ratio of nuclide between the solid and solution. I reserve the term "Kj" for true
equilibrium reactions that show reversibility and further do not yield a distribution ratio that is
dependent upon the tracer concentration in solution.

Furthermore, it is customary with the constant Rd model to measure the total concentration or
radioactivity of the tracer and thus to treat the tracer as being one species. This assumption is not an
inherent requirement, bui it is generally applied for convenience. If one knows that the tracer
distributes among several species and one can measure or predict the distribution, separate Rd values
can be calculated for each species.

This conceptual model, which depends upon experimental determination of the distribution
coefficient or Rd is quite simple, but it is also limited in that it does not address sensitivity to changing
conditions. If the groundwatcr properties (e.g., pH, dissolved solids content) change, a new
experiment must be performed.
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The constant Rd model is mathematically very simple and readily incorporated into transport
models and codes via the retardation-factor term. That is, for porous flow

R = 1 + i i Rd (2a)

R = 1 • ± _ ! i pp Rd , (2b)pp Rd

where R = the retardation factor Vw/Vn

pb = porous media bulk density (mass/length3)

<j>e = effective porosity of media

Rd = distribution coefficient and

pp = particle density (mass/length3).

For one-dimensional advection-dispersion flow with chemical reaction the transport equation can
be written as

e2c. dC.
ec D*ip- " v-17 (3)
at R.

where G = concentration of a particular radioactive Species (i) in solution (mass/length3)

Dx = dispersion coefficient of Species (i) (lengthz/time)

Vx = Darcy velocity of groundwater (length/time) and

R. = retardation factor for Species (i).
(For simplicity, radioactive decay has been left out.)

For the constant Rd model, the retardation factor (R) is a constant for each layer of geologic
media (each layer is assumed to have a constant bulk density and effective porosity). Thus, this
transport equation does not require knowledge of any other parameters such as pH, surface area, and it
is easily solved to determine the solution concentration as a function of time and at any given point.
It is the use of the constant Rd conceptualization in the retardation factor that has caused most of the
criticism. Few natural groundwater pathways are spatially or geochemically homogeneous to the
extent that the retardation factor for a species remains constant.

With the constant Rd conceptual adsorption model, there is little incentive for a researcher to
characterize or measure in detail the basic chemical and physical parameters of the rock and
groundwater, because no dependency is explici;ly accommodated. On the other hand, researchers will
soon realize that the need to perform a new experiment to collect the Rd value for each different
condition becomes burdensome and uneconomical. For this reason, and to satisfy their curiosity as to
what mechanisms control adsorption, sorption experimenters often characterize their experimental
systems by measuring selected parameters. Unfortunately, with no physicochemically-based
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conceptual model, the experimenter has little guidance as to which parameters are more important and
worthy of measurement.

3.2 Parametric Rd Model
Parameters such as the amount and type of minerals (or more generally surface adsorption sites)

present in the adsorbent, amount and types of ions in the groundwater (especially competing ions and
complex-forming ligands), pH, Eh, temperature, and experimental procedures (e.g., solid/liquid
separation techniques and contact times) can affect the observed distribution coefficient. Systematic,
empirical studies have often been performed to investigate the effects of many of these variables on
the adsorption of radionuclides on soils, sediments, or rocks. The most common approach is to vary
one or more parameters systematically, to measure the resultant distribution coefficient, and then, using
available statistical analyses schemes, to develop some predictor relationship.

Because the distribution coefficient is a function of so many variables, it is common to
systematically vary several parameters simultaneously in one experimental study. Factorial design
strategies are most often invoked to determine the systematics in varying the independent variables and
the dependent variables (Yates 1958; Cochran et al. 1957; Davies 1954; Plackett et al. 1946; Box et al.
1960). (The dependent variables are typically the distribution coefficient.) Statistical methods
commonly used to derive quantitative predictor equations include standard linear or nonlinear
regression (e.g., Snedecor et al. 1967), stepwise regression (e.g., Hollander et al. 1973), and adaptive
learning networks (e.g., Mucciardi et al. 1979, 1980).

All of these techniques have been used successfully to develop empirical relationships that
describe the distribution coefficient in terms of other variables. Successful uses are reported by
Routson et al. (1972, 1981), Delegard et al. (1983), Serne et al. (1973), and Mucciardi et al. (1979,
1980).

The empirical predictor equations commonly take the form of a nonlinear multinominal
expression. For example an expression for strontium-90 adsorption might take the form

Rd(Sr) = a(Ca2+) + b(Na*) + c(K') + d(Ca2*)(Na*) + e(Ca2*)(K*)

+ f(Na *)(K *) + g(Ca 2<)(Na +) (4)

where a, b, . . ., h are regression coefficients and (Ca2*), (Na+), and (K+) represent molar solution
concentrations of competing macro cations. In this system, the independent variables were (Ca2*),
(Na+), and (K+), and the dependent variable was the distribution coefficient for strontium. For this
example, squared terms such as (Ca2t)2 or (K+)2 were not found to increase the predictive equation's
"goodness-of-fit" for the data significantly; therefore, these quadratic terms were ignored. For other
empirical models, other powered, exponential or logarithmic terms may be useful. The International
Sorption Information Retrieval System (ISIRS) is a computerized sorplion data bank and
sorting/retrieval/statistical manipulation software package designed especially for storing and
generating the laboratory data parametric adsorption models (Hostetler et al. 1980; NEA 1983b,c).

Although the empirical relationships generated from these types of statistical analyses are more
powerful than knowledge of individual distribution coefficients, they should not be used to predict Rd

values for conditions beyond the range studied. Furthermore, the statistical relationships delineate only
the apparent effects that the chosen independent variables have on the distribution coefficients; they do
not identify conclusively the cause or process controlling adsorption. That is, the statistical analyses
may suggest a very strong relationship between one variable, for instance pH and the distribution
coefficient, when the actual adsorption process is controlled by hydrous iron oxide scavenging.
Because the stability of iron oxide is a function of pH there could be a statistical relationship
calculated that suggests the adsorption is solely caused by pH.
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Empirical and purely statistical approaches are useful in assessing radionuclide adsorption
tendencies, but they do not lead to a general understanding of the physicochemical processes
controlling the interactions among rocks, groundwaters, and radionuclides. Therefore, more rigorous,
mechanistic studies that rely on thermodynamic constructs have been and are currently being proposed
io increase our knowledge of trace constituent adsorption processes. Systematic studies to determine
the effects of competing ions and of pH (which is, after all, just another way of referring to competing
H+ ions) can be related to thermodynamic models.

The parametric Rd conceptual model requires characterization of solid phase (rocks, sediments,
etc.) and solution phase (groundwater and dissolved radionuclide content) parameters. The statistical
model does not provide an a priori ranking of which parameters are most important to measure, but by
using physicochemical knowledge of possible adsorption processes (see Table I for example) and
experience, the more important parameters can be identified (Nuclear Energy Agency 1983a,b; Serne
st al. 1983).

The parametric Rd conceptual model can be used in the retardation factor term [see
Equation (2)] and the transport equation [see Equation (3)]. When used in the transport equation, the
code must also keep track of the current value of the independent variables [those like Ca2\ Na\ and
K+ see Equation (4)] at each point in space and at each time in order to continually update the value of
Rd. Thus, the code must track many more parameters, and some numerical solving techniques (such as
closed form analytical solutions) can no longer be used to perform the integration necessary to solve
for concentration. Generally, computer codes that can accommodate the parametric Rd model use a
chemical subroutine to update Rd or R when called by the main transport code. Probably because of
the added complexity in solving the transport equation with the parametric Rd adsorption model and
because of its empirical nature, this technique has not been used frequently for nuclear waste disposal
safety assessment exercises.

3.3 Isotherm Adsorption Models
Many experimenters have performed adsorption studies in a systematic fashion to evaluate the

effects of various parameters on the distribution coefficient. The results of a suite of experiments
evaluating the effect of nuclide concentration on adsorption while other parameters are held constant
are called an "adsorption isotherm." Three adsorption isotherm models used frequently are the
Langmuir, Freundiich, and Dubinin-Radushkevich models.

The Langmuir model has been used to describe adsorption of gas molecules onto homogeneous
solid surfaces (crystalline materials) that exhibit one type of adsorption site (Langmuir 1918). Many
investigators have tacitly extended the Langmuir adsorption model to describe adsorption of solution
studies onto solid adsorbaies including heterogeneous solids. The Langmuir model for adsorption is

(5)X ,
1 + bC

where X = amount of solute adsorbed per unit weight of solid

b = a constant related to the energy of adsorption

Xm = maximum adsorption capacity of solid and

C = equilibrium solution concentration of the adsorbate.

Substituting 1/B for b, one obtains
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(6)

A plot of values of X (y-axis) versus values of C (x-axis) passes through the origin and is
nearly linear at low values of C. As C increases, X should approach Xro. One can rearrange
Equation (6) by taking its reciprocal and multiplying both sides by X*Xm, to yield X = -B(X/C) + Xm.
Then by plotting X on the y-axis and (X/Q on the x-axis, one can determine the value for -B from
the slope of the best fit line and the value of Xm from the intercept. For radionuclide adsorption onto
heterogeneous soils and sediments, the Langmuir model is typically a weak predictor of actual
adsorption events, although Salter et al. (1981a) cite several instances where the Langmuir isotherm
has successfully fit trace adsorption by natural substrates. Further, Salter et al. (1981b) discuss recent
modifications of the Langmuir model to accommodate two distinct sites and competition of two
adsorbates (the nuclide and the ion it replaces on the adsorbent) which should further extend this
conceptual model's usefulness on natural substrates.

The Freundlich isotherm model (Freundlich 1926) is defined as:

X = KCN , (7)

where X = amount of solute adsorbed per unit weight of solid

C = equilibrium solute solution concentration and

K,N = constants.

The Freundlich model does not account for finite adsorption capacity at high concentrations
of solute, but when considering trace constituent adsorption, ignoring such physical constraints is
usually not critical. The Freundlich isotherm can be transformed to a linear equation by taking the
logarithms of both sides of Equation (7):

log X = log K + N log C . (8)

When log X is plotted on the y-axis and log C on the x-axis, the best-fit straight line has a slope of N,
and log K is its intercept. When N = 1, the Freundlich isotherm, represented by Equation (7) reduces
to a linear relationship, and because X/C is the ratio of the amount of solute adsorbed to the
equilibrium solution concentration (the definition of KJ, the Freundlich K is equivalent to the value of
the Kd.

Because adsorption isotherms at very low solute concentrations are often linear, either the
Freundlich isotherm with N equalling 1 or the Langmuir isotherm with bC much greater than one fits
the data. The value of N for the adsorption of many radionuclides is often significantly different from
1, such that nonlinear isotherms are observed. In such cases, the Freundlich model is a better
predictor than the Langmuir model.

A third adsorpticn model that has been used recently in nuclidc studies is the
Dubinin-Radushkevich isotherm (Dubinin et al. 1947). This model is applicable for the adsorption of
trace constituents. Should the adsorbent surface become saturated or the solute exceed its solubility
product, the model is inappropriate. The Dubinin-Radushkevich model is more general than the
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Langmuir model because it docs not require either homogeneous adsorption sites or constant
adsorption potential. Its mathematical form is

(9)

where X = observed amount of solute adsorbed per unit weight.

X,,, = sorption capacity of adsorbent per unit weight

K = constant

e = RT In (1 + 1/Q

R = gas constant

T = temperature (Kelvin scale) and

C = solute equilibrium solution concentration (in M).

The Dubinin-Radushkevich equation can be transformed to

In X = In X_ - Ke2 . (10)

A plot of In X (y-axis) versus e2 (x-axis) allows the estimation of In X,,, as the intercept and -K
as the slope of the resultant straight line. Ames et al. (1982) successfully used this model to describe
adsorption of uranium and cesium onto basalt and its weathering products.

All three isotherm models can be compared against data from experiments that systematically
vary the mass of trace constituent or radionuclide while holding all other parameters as constant as
possible. It is important to consider the total mass of the element present including all stable and
other radioactive isotopes, when evaluating isotherms. It is incorrect to calculate isotherms based on
only one isotope if the system includes several (both stable and radioactive) for a particular element.
For convenience, isotherm experiments tend to consider only the total concentration or radioactivity
content and thus lump all species for a given isotope.

It can be argued that all three models, but especially the Langmuir and Dubinin-Radushkevich
models, are based on physicochemical processes or mechanisms. If the experiments are performed and
characterized rigorously to assure equilibrium conditions and constancy of variables aside from the
trace constituent concentration, then the resultant constants undoubtedly have some relationship to
adsorption capacities and to site adsorption energies, provided only one species predominates in
solution for each radionuclide. On the other hand, any suite of experiments that can be plotted as
amount adsorbed versus amount in solution at the time of measurement can also be analyzed using
these models to see whether predictive equations can be determined. The latter empirical approach is
a step up in sophistication over the constant Rd model's distribution coefficient determinations.

It must be stressed that isotherm models as expressed by Equations (5), (7), and (9) explicitly
consider dependency of the distribution coefficient on only the solution concentration of the
radionuclide of interest. Isotherm models do not consider dependence on other solid and solution
parameters that can influence adsorption, (like those listed in Table I).
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The incorporation of isotherm adsorption models into transport codes is relatively easy. Each of
the aforementioned isotherm equations can be rearranged to calculate a distribution coefficient, Rd, that
is a function of C, the solution concentration of the radionuclide, and one or two constants. As the
transport model solves for C, substitution of an equation that depends only upon C (and derivable
constants) for the Rd in the retardation factor [see Equations (2) and (3)] should be straightforward.
For simple cases, analytical closed-form solutions are possible, or numerous numerical approximation
schemes can be used. Thus, with little additional work or increases in computer storage requirements,
most transport codes can be formulated to predict radionuclide migration with an isotherm adsorption
model. I restate that this approach accounts for the dependency of Rd on only one parameter, the
concentration of the radionuclide.

3.4 Mass Action Adsorption Models
Ion-exchange processes (e.g., electrostatic adsorption) use mass action laws and equilibrium

constant constructs to derive rigorous predictive equations for trace constituent adsorption. Ideal
binary ion exchange is a simple case often used to illustrate this model. For radionuclide ideal binary
ion exchange, one assumes that the nuclide of interest is present in such trace concentrations that it
does not appreciably affect either the concentration of the major constituent adsorbed on the solid or
the activity coefficient ratio of the binary mass action equation components. The thermodynamically
rigorous mass action equilibrium expression for a binary cation-exchange reaction, such as strontium
or cesium adsorbing onto a calcium saturated clay, is

aNb* + b(MX) " a(NX)

where a = valence of macro ion (e.g., calcium)

N = trace component

b = valence of trace ion (e.g., radionuclide)

M = macro component in binary system ant1

X = solid adsorbent.

The equilibrium constant, K, can be expressed as

f= [NX]- [M' f

[MX]b[Nb?

where the brackets, [ ], indicate thermodynamic activities. If one assumes that the exchange capacity,
C, of the solid adsorbent is constant (equivalents per unit weight) and that N is present at low (trace)
concentration, then, the concentration of the trace constituent adsorbed, (NX) is much smaller than C,
and the concentration of macro ions adsorbed on exchange sites, (MX) is approximately equal to C/a
[i.e., (MX) «• C/a] in terms of moles per unit of weight, because C = (NX)b + (MX)a. Then, by using
the standard definition of the distribution coefficient, K,, = (NX)/(Nb*), where (Nb*) is the solution
concentration of the trace constituent at equilibrium with the solid, and by substituting the relationship
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that activity is equal to the concentration times an activity coefficient, i.e., [A] = YA(A), one can
rewrite Equation (12) as

(K/(M-y
K. - - ' 1 ,

(C/a)b

where F is the ratio of the activity coefficients:

r = /{MX}

For ideal ion exchange of a trace constituent where the exchange capacity, C is constant, the
ratio of activity coefficients for the adsorbed ions, Y{NX}/Y{MX} is constant. Further, for low ionic
strength solutions the ratio Y{Mi+}/y{Nb+} is also a constant, and thus T becomes a constant. Using
these conditions/assumptions and a logarithmic transform of Equation (13), the dependence of Kd (the
trace constituent distribution coefficient) on the macro ion concentration, M, reduces to -b/a, the ratio
of tracer ion charge to the macro ion charged

A plot of log Kd (y-axis) versus log (M*+) (x-axis) should yield a straight line with a slope equal
to -b/a. Kraus et al. (1955, 1958), Rafferty et al. (1981), and Shiao et al. (1981a,b) discuss the use of
this ion-exchange approach to model both cation and anion exchange of trace constituents onto
hydrous oxides and clays. Theoretical and experimental efforts to model mixtures of solid adsorbents,
e.g., clays plus oxides, are discussed by Triolo et al. (1980) and by Palmer et al. (1981). The
underlying principle used in dealing with mixtures is the assumption of additivity of the individual
adsorption capacities of each solid adsorbent, based on the weight fraction of each solid present.

Routson et al. (1972) and Langmuir et al. (1984) present a slight variation of this ideal
ion-exchange approach that also uses the mass action equations and the equilibrium constant concept.
In their derivations, the mass action expression for binary ion-exchange reactions, Equation (11), is
expressed as an empirical equilibrium constant

(15)

where the activity ratio of the ions N and M adsorbed to the solid is replaced by its concentration ratio
or mole fraction of total sites raised to some empirical constant, P. The true equilibrium constant is
replaced by a pseudo-equilibrium constant, K*.

For analysis of experimental data, the logarithmic transform of Equation (15), along with the
substitution of the solution concentration times an activity coefficient, Y, for the activity is used. The
activity coefficients of ions can be estimated from Davies' extension of the Debye-Huckel theory
(Butler 1964), and the concentrations of ions in solution are determined by standard chemical analysis
techniques. Alternately, a thermodynamic chemical code, such as EQ3 (Wolery 1979), WATEQ3
(Ball et al. 1981), MINEQL (Westall et al. 1976), MINTEQ (Felmy et al. 1984) or PHr<^;QE
(Parkhurst et al. 1980), can be used to calculate activities for M and N in solution. By plotting log
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[M**]b/[Nrt]' on the y-axis and log (NX)/(MX) on the x-axis, and then calculating the best-fit line, the
slope (an estimate of the empirical constant P) and the intercept (an estimate of log K*) can be
calculated.

Detailed discussions on the derivation and limitations of this empirical approach for both trace
constituent adsorption and competition between two macro components are presented in Garrets et al.
(J965). Briefly, the approach relies on the same assumptions described for the ideal ion-exchange
approach, that the number of bonding sites of the solid (-X) are constant and have essentially the
same binding energy, and that the ions being adsorbed do not cause appreciable changes in the surface
structure of the adsorbent. Walton (1949) and Serne et al. (1973) describe experiments in which
Equation (15) was used to develop predictive models for exchange of one macro cation for another
onto aluminosilicates and natural soils. The approach allows investigators to evaluate the dependence
of the adsorption of one cation on the concentration of a second cation.

By developing computer algorithms based on Equation (15), with laboratory-derived values for
K* and P, for sets of binary exchange reactions, Routson et al. (1972) were able to model the
simultaneous adsorption/exchange of Na+, Ca+2, Mg+2, and K* in a synthetic waste water onto several
sandy soils. The binary reaction sets (Na-Ca), (Mg-Ca), and (Na-K), were solved numerically on a
computer by iterating through each equation until the change in predicted solution concentration for
each species at the beginning and end of one complete pass was less than a specified value, such as
0.1%.

With a similar iteration technique, Robbins et al. (1980a,b) use a pseudothermodynamic mass
action equation variation of Equation (15) to model the transport of alkali metals, specifically K+ and
Na+, and alkaline earths, specifically Mg2+ and Ca2+, through soils and clays. Robbins et al. use the
mass action equation

[M*a]b XiN
K = 1 - , (16)

[N*]a XiN

where X1/aN and X1/bM are the equivalents of each cation adsorbed on the solid adsorbent, given in
units of meq per 100 g.

The pseudoequilibrium constant, K*, is frequently called the "selectivity coefficient" in soils
literature. For example, sodium exchange onto a calcium saturated soil is

Na* + CaiX "• 1 Ca2< + NaX and (17)
T 2

[Ca2*]"2 XM
K ' = i i * . (18)

[Na*] X.Ca V '
i

This approach like the true thermodynamic mass action conceptual models for Equations (11)
through (14) assumes that (1) only free cation species are adsorbed; (2) the adsorbent cation exchange
capacity is constant and independent of pH and solution composition or total ionic strength; (3) the
solutes arc a true solution (i.e., the species' activities are not affected by the presence of the solids);
and (4) the exchange is reversible and there is no hysteresis between adsorption and desorption. Most
derivations also consider only one type of adsorption site with a fixed adsorption energy.
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Brouwer ct al. (1983) give a detailed discussion of a mass action adsorption model with several
types of adsorption sites having different energies or selectivities for adsorption of ions. Brouwer et
al. also treat several simplifying cases, such as allowing one type of site to be more selective than
another. These cases show that the adsorption of cesium and rubidium onto illite clay originally
saturated with calcium, strontium, barium, sodium, or potassium is best described by assuming that
there are three types of sites. Likely, most natural adsorption substrates are best modeled as a mixture
of sites with differing adsorption energies.

Langmuir (1981) reviews the use of the pseudothermodynamic mass action conceptual model
for both exchange of macro constituents and adsorption of trace constituents. Because Equation (15)
includes an exponent, P, on the ratio of the adsorbed phases, Langmuir has called this conceptual
model the Power Exchange Model. From reviewing numerous adsorption publications Langmuir
found that when two competing cations, especially alkali and alkaline earths, are present at near equal
molar concentrations that P~l. But when one of the competing ions is present at very low
concentrations relative to the other, P does not equal one. Most heavy-metal elements in nature are
present at concentrations much less than alkali and alkaline earths and the best fit power exchange
equation typically requires P to be greater than 1. A P-value greater than one means that the trace
constituent is preferably adsorbed as its concentration decreases. In other words the Rd value gets
larger as the solution concentration of the trace constituents decreases. (This trend is often observed in
radionuclide adsorption studies and corroborates Langmuir's findings.) Further Langmuir found that a
complete description of trace metal adsorption over a wide range in solution concentrations of the trace
metal requires that several regions be designated where distinct K* and P values are determined.
Conceptually one might suggest that each distinct region describes a separate adsorption process or
separate type of adsorption site but as the Power Exchange Model is strictly empirical there is no
fundamental basis for such a suggestion. At any rate, Langmuir cites numerous studies in which this
empirical mass action conceptual model readily describes the adsorption of cationic species onto clays,
hydrous oxides, zeolites and soils, provided the user segments the data versus concentration in solution
or studies systems with only small ranges (e.g., two orders of magnitude) of solution concentrations
for the trace constituent.

Further, Langmuir shows that the Power Exchange Model [Equation (15)] where the NX and
MX solid terms are expressed as mole fraction reduces to the Freundlich adsorption model when the
minor component mole fraction, NX is less than 0.05. As derived in Equation (7) the Freundlich
equation exponent N would be less than one for most trace radionuclides as it is similar to the
reciprocal of P in Equation (15) which Langmuir finds is typically greater than one for trace metal
adsorption.

A potential limitation for the study of trace constituent adsorption using this
pseudoequilibrium-constant approach is the difficulty of obtaining accurate values of the ratio
(NX)/(MX) when the ratio is either less than 0.05 or more than 0.95. In the case of trace constituent
adsorption, it is quite common for this ratio to be less than 0.1. The use of radiotracers often helps
make measurements more precise but there will always be a level below which accurate results are
impossible. Many real-world cases may fall in this region.

The mass action approach requires the investigator to track the activities of the free cations or
free anions in solution and the amounts adsorbed on the solid phase (in terms of either mole fractions,
equivalents per gram or moles per gram). This need to keep track of the distribution of elements other
than the contaminant of interest increases significantly the storage requirements for transport codes.
Probably of greater concern is the fact that numerical solution algorithms to solve equations like
Equations (12), (13), (15), (16), and (18) often have convergence problems due to their highly
nonlinear nature. This is particularly a problem for the binary exchange reaction, when one
exchanging ion is present in much smaller quantities than the other.

Probably for these reasons, few transport codes exist that accommodate the mass action
conceptual adsorption model. Furthermore, the behavior of many trace contaminants appear to be only
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poorly modeled by the mass action approach without segmenting the system and using distinct K* and
P values in each segment. Gassical soil problems, such as salt transport by irrigation of saline soils,
have provided the impetus to build mass action adsorption transport codes (e.g., Robbins et al.
1980a,b; and Dutt et al. 1963 and 1972). However, so far few of these codes have found any usage in
the nuclear waste management community for predicting radionuclide transport.

3.5 Surface Complexation Models
For many radionuclides and trace constituents, the literature states or implies that specific

adsorption (i.e., adsorption occurring onto surfaces having the same net surface charge as the sorbing
ion) is a major contributor to the adsorption at low solution concentrations (see for example Rai et al.
1984). Hydrous oxides of Fe, Mn, and Al, and amorphous aluminosilicates occurring either as discrete
grains or surface coatings are assumed to be the prime adsorbents responsible for specific adsorption.
These solid phases have variable surface charges and exhibit amphoteric behavior. The solids have a
net positive charge at pH values below their point of zero charge (PZC) and a net negative charge at
pH values above the PZC. James et al. (1972) and Langmuir et al. (1984) explain why specific
adsorption occurs. Briefly, the free energy of adsorption is the sum of three terms, a coulombic term,
a solution term, and a chemical reaction term. Mathematically the free energy of adsorption is

= AGcoul + A G !o lv

For adsorption to occur, AG°dl must be negative. The free energy of solvation, AG°dv, represents the
energy needed to dehydrate a species to bring it close enough to the adsorbent surface to attach. This
quantity is always positive but is smaller for low valence state species, that is, AG"^ = f (valence)2.
The coulombic term, AG*od is positive for like-charged entities (that is, if the adsorbent site is of the
same charge as the adsorbing species, then AG'^ is positive). Thus for specific adsorption, AG'̂ ,,
and AG*O,V are both positive; in order for AG°ds to be negative, AG°hem must be both negative and
numerically larger than the sum of AG°0U| and AG°oW. The AG°b(.m represents the free energy of
chemical bonding between the adsorbent and the adsorbate, and obviously it must be negative in
charge and relatively large for species that specifically adsorb.

Surface complexation adsorption models treat the adsorbent surface as a plane of hydroxyl
groups, X-OH, where X represents structural Al, Fe, Mn, Si, or other atoms. The adsorption sites,
-OH, or hydroxyl groups are thought of as ligands that are acid-base sensitive and form complexes
with solutes in solution. The model assumes that (1) adsorption occurs on the sites with neither
chemical nor electrostatic interactions between .adsorbed species (i.e., no neighbor interactions); (2) all
of the adsorption sites have equal binding energies (i.e., each site is identical); (3) no matter how
many sites are full, each remaining site has the same probability of adsorbing the next solute ion (i.e.,
the binding energy does not depend upon sorption density); and (4) the maximum adsorption capacity
allows only a single layer coverage of each site. All four of these assumptions arc also invoked for
the Langmuir isotherm and ideal ion-exchange approaches described earlier.

In the surface complexation model, adsorption reactions arc considered analogous to soluble
complexation reactions in solution, with one fundamental difference. The adsorption reaction includes
an electrostatic energy term to account for the interaction of the charged adsorbing ion and the surface
charge on (he solid. The conceptual model is shown schematically in Figure 1. For the surface
complcxation model, dubbed the "triple-layer model," originally suggested by James ct al. (1972,
1975), and applied by Davis ct al. (1978a,b, 1980) and Leckic et al. (1980), the space around the solid
surface (usually represented as a semi-infinite planar surface) is arbitrarily broken into three layers or
/ones, separated by the 0 plane, the b plane, and the d plane, as shown in Figure 1. The 0 plane
represents the interface between the solid surface and solution. Generally, only hydrogen and hydroxyl
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ions are allowed to enter the 0 layer to interact with the solid. Just beyond the 0 layer is the b layer,
which extends out farther from the surface and ends at the boundary of the diffuse zone, Ihe d plane.
Solution ions, such as the macro cations and anions (Na*, Ca2*, Ci\ SO2", etc.), and the trace
constituents [Sr2*, PuOJ, Am(OH)2*], that are adsorbing onto the solid surface are allowed in the b
layer. The third layer is the diffuse zone, where ions are not influenced strongly by electrostatic forces
emanating from the solid surface. The ions in this region are considered to be counterions that
neutralize any residual charge caused by the surface and specifically adsorbed ions in the b layer. The
d layer blends into the bulk solution farther from the surface.

The electrostatic interactions modify the thermodynamic activities of ions as they move from
the bulk solution into the various adsorption zones. The ion activity of a species near the surface,
[Ions], is related to its activity in the bulk solution, [IonB], by the following relationship

[Ions] = [IonB] e<- Z F ^ , (19)

where Z = charge of ion (e.g., Sr2* = +2, SO2,' = -2)

F = Faraday constant

ty = electrostatic potential for the designated zone

R = gas constant and

T = temperature (Kelvin scale).

Figure 1 shows the shape of the potential curve as an ion approaches the surface. The figure also
defines two capacitance terms and three surface charges. Adsorption reactions onto oxide surfaces
have been successfully described using the relationships between surface charges, capacitances, and
potentials (see James et al. 1972) and equations like Equation (19) for each species adsorbed onto the
solid.

Adsorption dependence on acid-base reactions is explicitly accommodated by the following two
reactions:

X-OH2
+ *• X-OH + H*,,

X-OH ** X-O" + HJ.J

as

__ [X-OH] pi
( 2 0 )

[X-OH*] IX-OH*]

and

_ [X-O-] [H;i _ rx-Q] [H V W (21)

^ [X-OH] [X-OH]

where the equilibrium constants, K,"" and K,"1' are similar to association constants for soluble complex
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Figure 1. Schematic Represcnlation of Triple Layer Adsorption Model.

60



formation and can be determined in the laboratory by systematic acid-base titrations (see Davis et al.
1978a). The other variables in these equations are those defined for Equation (19).

Examples of cation and anion adsorption reactions for trace contaminants, such as radionuclides,
are shown in Equations (22) and (23). Recall that these ions and the macro cations and anions are
bound in the b layer not the 0 layer; therefore the electrostatic terms differ from those in
Equations (20) and (21). The first reactions show the adsorption of the first hydrolysis species for
americium:

X-OH + AM*J, + H2O -H. [X-0--Am(0H)2t] + 2H;

K - [(X-0-AmOHH [H*]2 e ' ^ ^ e ^ ^ t r )
 ( 2 2 )

[X-OH] 3 R 8 T

The second reaction shows the adsorption of the selenate anion:

• » 2 -X-OH + H(s
+

} + S e O ^ - [X-OH;-SeOz;]

K =
[X-OH] [HI [SeO2 V e

4

The triple-layer conceptual model explicitly accommodates variable surface charge, pH effects,
ionic strength effects, speciation (that is, it allows for simultaneous adsorption of free cations or
anions, and of hydrolyzed and complexed species), macro cation/anion competition [reactions similar
to Equations (22) and (23) for major constituents are included]. When incorporated into a
thermodynamic code, this model can explicitly address oxidation/reduction effects on ion speciation
and on the stability of solid adsorbents such as iron oxides. Serne et al. (1984) and Peterson et al.
(1986) have combined triple-layer adsorption algorithms with the MINTEQ thermodynamic code
(Felmy et al. 1984) to describe uranium mill tailings waste leachate interactions with sediments. Their
exercise modeled both solubility and adsorption (onto hydrous iron oxide) processes under variable
pH, Eh, and solution ionic strength (Peterson et al. 1986).

A second surface complexation conceptual model is called the "constant-capacitance model"
(Schindler et al. 1976; Schindler 1981; and Hohl et al. 1976). In general, it is conceptually similar to
the triple-layer model just discussed, but it considers only two planes for adsorption and assumes that
all species adsorb in the inner zone, outside of which lies the diffuse layer of counter ions that melds
into the bulk solution. Morel et al. (1981) and Westall et al. (1980) discuss the finer details of
similarities and differences between these popular surface complexation models, but in general both
models can be used to explain observed adsorption onto hydrous oxide surfaces.

The use of the surface complexation model requires detailed characterization of the adsorbent's
adsorption capacity (i.e., number of sites or site density and surface area), of its dependency on pH
(determined by acid-base litralions), of its dependency on major cations/anions, and of the electrical
properties of the surface (cleclrokinetic potential, specific conductivity, etc.), as well as detailed studies
of the adsorption of trace constituents. Currently the model has been used successfully to predict
adsorption of hydrolyzable trace metals (Zn, Cd, Cu, and others) and oxyanions, (CrO]~, SeO^, and
others) onto oxide/hydroxide surfaces of Fe, Ti, Al, and Si. Several recent conferences have discussed
the use of this approach to describe the adsorption of uranium onto hydrous iron oxides, of
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thorium and radium onto quartz and kaolinite and of lead onto manganese oxide (Catts et al. 1983; Hsi
et al. 1980, 1983; Langmuir et al. 1982; Riese et al. 1981, 1983). The approach has also been used to
model cesium adsorption onto montmorillonite (Silva et al. 1981), neptunium (V) adsorption onto
hydrous iron oxide and alluvial sediments (Fruchter et al. 1985) and uranium VI species adsorption
onto geothite, amorphous ferric oxyhydride, hematite (Hsi et al. 1985) and the clay corrensite (Siegel
et al. 1990).

Leckie et al. (1980) discuss the extension of the triple-layer model to accommodate multiple and
distinct types of sites. They suggest that highly accurate modeling of trace constituent adsorption onto
hydrous oxides requires accommodations of variable binding energies on sites as a function of the
amount of the species adsorbed. This adaptation would significantly increase the complexity of using
the surface complexalion conceptual model.

Surface complexation modeling requires detailed characterization of the solid adsorbent. Before
surface complexation conceptual models can gain wide acceptance in the nuclear waste management
community, their application to natural rocks and sediments must be addressed. However, to date,
only simple and pure oxide solids, corrensite and kaolinite clays have been successfully characterized
to obtain the necessary input values. Thus, solid substrates currently modeled are pure single-phase
minerals or amorphous oxides/hydroxides. In principle, the conceptual model should work for natural
adsorbents that are mixtures of pure minerals, sometimes mixed with amorphous coatings. One current
approach is to treat the natural system as a linear combination of pure phases. That is, the natural
solid is broken down into its primary components, and the individual properties of the primary
components are weighted by the percentage of the whole mass that each component represents. The
weighted values of such properties as surface area, site density, and so on, are then added to determine
a value for the natural composite. Such a "weighted building block" approach has been explored by
Honeyman (1984) and Altmann (1984). More work on various types of natural solids will be required
to evaluate the applicability of the linear summation of primary components. The other approach is to
measure the "average" properties of the bulk media such as "average" site density or "average"
intrinsic acidity constants.

Use of the surface complexation model also requires access to an ion-speciation code such as
PHREEQE, MINTEQ, or EQ3. If the thermodynamic data for a particular radionuclide is suspect or
missing in the ion-speciation code, the activity of adsorbing species cannot be determined. In addition,
systematic batch adsorption experiments that include complete solution analyses must be performed to
determine the necessary adsorption constants corresponding to the K terms in Equations (22) and (23).

The need for detailed solids characterization appears to be another problematical aspect to be
overcome before most experimenters involved in radionuclide adsorption studies will become
interested in surface complexation concepts because they generally are not experienced in solids
characterization. With the increasing use of ion-speciation codes and with the elucidation of the
applicability of either the building block or "bulk average" approaches, then facile techniques to
properly perform the detailed solids characterization will become the key to acceptance. Work is
needed to evaluate the usefulness of current techniques to characterize pure mineral surfaces on natural
solids. As a corollary, it is necessary to discover whether natural systems can be dissected into their
individual pure minerals and amorohous coaling components without significantly altering their
adsorption properties.

Conceptually, the surface complexation model is the most elegant and comprehensive adsorption
theory available. Its explicit accommodation, based on theoretical principles, of solid characteristics
(site density, electrostatics), and of the effects of pH and solution characteristics (ionic strength effects,
specialion effects, rcdox effects, etc.) is a persuasive reason to endorse further study. The
mathematical expressions are compatible with and readily included in thcrmodynamic geochemical
computer codes (e.g., MINTEQ, MINEQL) referenced earlier so that the processes speciation,
complexation, solubility, redox, and sorption-desorption can be treated simultaneously as happens in
the natural system.
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At present only a few attempts have been made to incorporate surface complexation adsorption
models into transport codes. The same requirements discussed for the mass action conceptual model
apply. That is, the transport model must track other species and elements besides the radionuclidc of
interest and the solution algorithms must be very robust to accommodate the highly nonlinear nature of
the adsorption equations. The surface complexation conceptual model further exacerbates the
convergence problem in that it requires that the charge electroneutrality and charge-potential
constraints identified in Figure 1 be satisfied as well as the various mass action equations (with
electrostatic terms) such as Equations (20) through (24). Murali et al. (1981) discuss some
convergence problems when modeling the adsorption of phosphate onto geothite. Murali et al. further
imply that the simulation of transport is not easily performed using models that include electrostatic
constraints.

Recent attempts at coupling a surface complexation adsorption model with transport codes have
relied upon simplifications such as setting the electrostatic terms as constants (e.g., Jennings et al.
1982 and Miller et al. 1983) or relying on the constant capacitance model and a fixed system pH (e.g.,
Cederberg et al. 1985). Further, these types of transport codes inevitably are illustrated on
one-dimensional transport problems although the authors usually remark that there are no conceptual
problems to converting to multidimensions. There may in fact, currently, be practical problems such
as computer storage limitations and excessive run times.

4.0 DISCUSSION OF ISSUES

In this section, I will briefly discuss the issues that were listed in the introduction. I will draw
on the material presented on terminology and conceptual models as well as opinions that I have
formed during experiences as a member of teams that have performed numerous nuclear waste
disposal safety assessments. My experience is not exhaustive and thus my opinions should be subject
to scrutiny. Therefore, I solicit comments from other workers on the incorporation of adsorption, or
more generally, retardation processes into transport codes used in safety assessment analysis for the
disposal of hazardous wastes in geologic media.

4.1 Adequacy of the Distribution Ratio Concept
Each of the conceptual adsorption models, from the simple constant Rd model to the

comprehensive surface complexation model, rely upon the experimental determination of distribution
ratios for the amount of radionuclide bound to the solid to the amount of radionuclide remaining in
solution. That is, the basic measurement performed to quantify adsorption for each conceptual model
is the distribution ratio, Rd. What differs among the conceptual models is the degree of system
characterization, and thus system variability that can be explicitly accommodated. As discussed in
Sections 2 and 3, adsorption of a particular radionuclide is determined or controlled by many
characteristics or attributes of the system under study. Therefore, any generalized adsorption model
must be capable of accommodating the dependency of the distribution ratio on the system parameters
(i.e., rock, sediment, groundwater and radionuclide attributes). For the experimentalist, the use of the
more sophisticated adsorption models requires more time spent measuring other attributes of the
solution, the rock or sediment, and the radionuclide in their experimental system. It is obvious that
care should be taken in any adsorption experiment to facilitate solution and solid separation prior to
measurement of the distribution ratio. Because the more elegant conceptual models require more
characterization, the experimentalist usually becomes more aware of the conditions occurring in the
experiments, and by controlling some variables, improves the reproducibility and the accuracy of the
resulting distribution ratio. The experimentally determined distribution ratio will remain the backbone
of conceptual adsorption models, but the ratio will also remain sensitive to the many other parameters
discussed. Until the variation of such parameters as pH, complexing iigands, Eh, solid surface area,
and mineral composition, in experimental systems is known, wide ranges of distribution ratios for

63



radionuclides should not be construed as evidence that the Rd approach is flawed. What such variation
means is that, in a variable gcochemical environment, a more systematic study is required to quantify
the variability of Rd with system parameters. Furthermore, once the variability is quantified, it should
be incorporated into transport codes, either explicitly or implicitly.

4.2 Adequacy of the Constant Rd or Constant Retardation Factor in Transport Codes
A large percentage of overall safety assessment exercises to estimate the effects of nuclear waste

disposal on the environment rely upon the constant Rd distribution and thus constant retardation factor,
R, [see Equation (2)] to describe nuclide migration potential. As discussed throughout this paper
radionuclide adsorption is influenced by many attributes of the system and can vary significantly in
differing environments. Therefore a constant Rd value should be expected only in cases where all the
attributes of the rock, sediments, groundwater, colloids and dissolved radionuclides remain fixed.

There are two instances when the use of a constant Rd retardation approach is technically
defensible. The first instance is when the groundwater, rock and sediments along the hydrologic flow
path arc in fact homogeneous (constant in composition). For some disposal sites it may be possible to
segment the flow path into a discrete number of zones where geochemical conditions are considered
relatively constant in each zone. Each zone would then be assigned a unique Rd value for each
radionuclide based on empirical studies on materials that have (he same attributes as those for the
materials in the zones.

The second instance when the use of a constant Rd approach is defensible is for bounding
calculations. Many of the published overall safety assessment exercises are considered as bounding,
scoping, preliminary or worst case analyses. For such exercises it is defensible to select a constant Rd

value that is representative of the values found on materials from the geologic setting. Typically an Rd

value that represents a minimum value observed in experiments is chosen for worst case or
conservative analyses. Often for deep geologic disposal the path length of concern and flow rate are
so long and so slow, respectively, that a small Rd value is adequate to prevent enough activity to reach
the biosphere to be considered hazardous. For example, if the travel time for water is sufficiently long
that a radionuclide with a half-life of 104 years would decay to miniscule levels if the <!istribution ratio
was 10 ml/g, then it is of little concern if experiments on the radionuclide yield Rd values that
consistently vary over the range 100 - 10 000. This situation often occurs and needs to be put in
perspective. The experimenter may be quite concerned that he can no» explain why the Rd for a
specific radionuclide varies between 100 and 10 000 mJ/g in seemingly identical experiments. Yet if
he can show on numerous repetitions of the experiment that the value is always above 10 ml/g it is of
little concern to the overall safety assessment calculation. There is little need for concern because as
long as the Rd value is greater than 10 the travel time is so large that the radionuclide decays to
innocuous levels.

4.3 Unexplained Variability in Rd

Much of the debate on variability of Rd values is of no consequence to the bounding safety
assessment calculations for the reason just presented. Variability in Rd values for a given radionuclide
usually occurs for sparingly soluble and rcdox-sensitive actinides and group VII A and VIII A fission
products (e.g., "Tc, 106Ru). I suggest that much of the observed variability reflects the fact that
solubility controlled retardation reactions (precipitation) are controlling the fate of these radionuclides.
For systems where solubility processes arc controlling, the observed distribution ratio is extremely
sensitive to the initial mass or radioactivity of the nuclidc present. That is, the equilibrium
concentration of the radionuclide in solution is fixed and the amount of radionuclide that appears to
adsorb is very sensitive to the initial mass present. Further, for precipitation reactions there is no limit
or maximum capacity to the amount of radionuclidc that can be "adsorbed" on the solid phase. Thus,
the distribution ratio,
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can become very large and appear quite variable because the numerator can be very large and the
denominator very small. A small change in the measured solution concentration (denominator) makes
a very large change in the calculated Rd value when the denominator is small. For sparingly soluble
radionuclides a precise measurement of the solution concentration is difficult to obtain thus the
resultant Rd can be quite variable.

There is one circumstance when unexplained variability in Rd values and the use of the low
representative Rd value may not lead to conservative transport calculations. Unexplained variability in
the Rd value for seemingly identical experiments should be considered as a danger signal especially at
Rd values in the range 0 to 50 ml/g or below values where precipitation reactions can be ruled out.
Most Rd determinations rely upon batch equilibration methods and measure only the total amount of
radionuclide distributed between the solid and solution. In cases where two or more distinct species
are present [e.g., TcO4 and TcO2+, Ru3+ and RuO;, PuO* and Pu(0H)°, UO^ and UO2(CO3)* or, Co2+

and Co-EDTA"1] for a given radionuclide an Rd value based on the total distribution can be misleading.
The above examples of pairs of species that might coexist in groundwaters would likely exhibit very
distinct adsorption tendencies as the overall charge and size of the species differ significantly. For
example, assume that a radionuclide tracer solution with two species that do not rapidly interchange, A
and B, present as a 50%-50% mixture, is used in a batch adsorption experiment where 1 gram of rock
is contacting 20 millililers of solution. Also assume that the individual species exhibit Rd values of 1
and 100 ml/g respectively. The observed Rd for the mixture would be 15.7 ml/g. Yet when the
solution is percolated through a column of the rock as a pulse followed by flushing with groundwater,
I would expect to see a peak representing Species A break through the column at a pore volume
equivalent to a Rd = 1 and another peak representing Species B at a pore volume equivalent to a
Rd = 100. A computer prediction based on the measured Rd value would break through at a pore
volume equivalent to Rd = 15.7. Depending upon the column bulk density and porosity [see
Equation (2)], the velocity of the water, and radionuclide half-life, the activity versus time emanating
from the actual column likely would exceed that predicted and certainly would show some release
much earlier than the predictions. Therefore, when experimenters suspect that two species with
significantly different Rd values are present in a groundwater, they should not rely solely on a
one-batch equilibration experiment in which only total radioactivity remaining in solution and that
adsorbed on the solid are measured.

To identify multiple species with significantly different Rd values, the experimentalist should
perform an additional experiment. Two choices are (1) to perform a second batch equilibration on a
"clean" sample of rock using the effluent solution from the first test or (2) perform an independent
flow-through column test with the radiotraccd groundwater or waste package leachate.

The former test, the repeat batch equilibration, is likely the simplest and least time consuming.
If most of the highly adsorbing species (e.g., Species B in our example), adsorbed in the first test, then
the observed Rd in the second test should be much less than the 15.7 ml/g calculated in the first test
because the activity that remained in the solution is mainly Species A. Species A would adsorb
slightly resulting in an observed Rd value close to 1 ml/g. On the other hand, as discussed in
Section 3, trace element adsorption often shows more favored adsorption as the mass of the trace
element decreases, thus even if the system under study included only one species with a Rd value of
15.7, the second equilibration might yield an Rd value greater than 15.7 ml/g. Thus the differences in
the two systems, single species versus two species, should be large enough to allow identification even
in experiments lhat exhibit variability in Rd.

65



The flow-through column test approach is likely more expensive, time consuming and difficult.
On the other hand a flow-through experiment simulates the coupled chemical reaction and hydrologic
transport process. In a flow-through experiment the occurrence of other potentially adverse processes
can be explored. For instance if more rapid than expected breakthrough is observed, kinetic
considerations, colloid transport, dispersion or some other mechanism might need to be considered.
Alternately, the flow-through test can also identify beneficial processes, such as irreversible retardation,
matrix diffusion, or physical filtration, from cases when the ma:-̂  eluted and time of elution are much
lower and longer than expected.

Column experiments are difficult to perform and interpret. I suggest that experimentalists
consider the guidance offered in publications such as Seme et al. (1983), Relyea (1982) and Failor et
al. (1982). Proper design of the experiment is very important in allowing realistic interpretations to be
made from the data. As no standard experimental protocol has been adopted it is critical to consider
the view points expressed by experienced practitioners.

4.4 Status of Incorporation of Sophisticated Adsorption Models into Transport Codes
The following is a brief summary of my opinion on this subject and some recommendations for

future activities to aid in closure of adsorption issues.
Conceptual adsorption models based on theoretical constructs such as mass action and surface

complexation consider explicitly many of the attributes that control adsorption but still usually require
that adsorption sites be considered homogeneous and of constant energy. Extensions to multiple sites
with variable binding energies complicate already complex mathematical equations and would require
even more detailed system characterization. Natural adsorbents, rocks, sediments and amorphous
coatings are not easily modeled or characterized. Detailed adsorption models have been incorporated
into geochemical reaction codes (but not coupled transport codes) and appear to simulate observed
distributions of trace solutes in selected "beaker" experiments in which one simple adsorbent is
considered.

I feel that the weakest links in the application of conceptual adsorption models in geochemical
reaction codes to address nuclear waste disposal are the lack of the adsorption constants, K in
Equations (12), (13), (22) and (23), for important radionuclides and the need to extend the models
such that they can accurately describe adsorption onto heterogeneous natural adsorbents (e.g. rocks and
sediments). Two methods have been proposed to characterize natural solids. The first approach splits
the solid into its pure components, calculates adsorption onto the individual components and finally
sums the components' contributions weighted by their mass fraction or surface area fraction in the
original substrate. The second approach determines an "average" value for all the necessary adsorption
parameters for the bulk adsorbent. Experimenters should explore both approaches to delineate whether
acceptable models can be developed for natural solids germane to nuclear waste disposal.

It appears to me that the linking of detailed chemical reaction codes with hydrologic codes in
order to simulate radionuclide transport is not practical at the present time for most safety assessment
exercises. The linking necessitates large computer storage, excessive run times and robust numerical
solution algorithms. Secondly the necessary input data such as the adsorption constants, K, are nol
readily available for important radionuclides on adsorption substrates of interest.

As most current performance assessment exercises are being performed as bounding or
sensitivity studies I suggest that less detailed chemical reaction models can be effectively used. Near
term activities should follow two thrusts, computer sensitivity studies and experimental sensitivity
studies.

Computer activities should concentrate on sensitivity analysis of the overall system performance.
A reasonable range for all parameters such as Darcy velocity, container degradation rale, waste form
release rate, and path length to the biosphere should be chosen. Then, using some sensitivity analysis
scheme, values for these parameters should be combined in transport analyses to determine what range

66



of retardation factors are necessary to assure that radionuclides do not reach the biosphere at
concentrations that exceed standards.

A companion laboratory activity is to perform adsorption experiments on important
radionuclides using a reasonable range of groundwatcr compositions, radionuclide contents and
adsorbent types. This seemingly simple task of gathering data to delineate the probable range of Rd

values for each important radionuclide that might be expected at each disposal site would greatly
clarify the issue on how important it is to abandon the simple constant Rd model. The experimenters
should strive to perform experiments that are not biased by precipitation processes that often occur as
artifacts of adsorption experiment methodology. For instance, realistic tracer concentrations must be
used instead of choosing concentrations that facilitate easy counting. Further, if the system is well
characterized several of the conceptual models discussed in Section 3 can be used to describe or
interpret the data. The observed range in the experimental adsorption data can then be compared with
the range generated by the computer sensitivity exercise. If the observed experimental Rd values lie
wiihin or are larger than the range of values necessary to assure no hazards in the computer sensitivity
then the element will likely not need further study provided future circumstances do not require
changes in the ranges of key variables used in the sensitivity studies. If the observed experimental Rd

vaiues are lower than the values required to assure no hazard, based on the computer sensitivity
studies, then a potential problem exists that requires resolution.

To lessen the criticisms of recent performance assessment efforts that use the constant Rd

approach for radionuclide migration estimates, I recommend that some discussion be presented in each
report. The modelers should explain the intent of their exercise and attempt to assess the impact of
using the constant Rd assumption on the results. Where data are available, safety assessment modelers
should explore the incorporation of one of the other adsorption conceptual models into their transport
codes. If data are not available, the modeler could still attempt to incorporate some of the other
adsorption models into their codes and test them with hypothetical data. Once it is clear that the codes
are functional, the modelers could request that the experimenters who supply Rd data start reporting
data in a form compatible with the chosen adsorption model.

Finally, I suggest that separation of solubility-precipitation processes from adsorption processes
in both the conceptual models and transport codes may clarify migration estimates. I feel this
separation may also remove much of the variability in adsorption Rd values. It may require that much
of the experimental Rd data available be rejected because of the confounding and biasing effects of
precipitation. From a practical standpoint it might be appropriate to rely entirely upon a solubility
constraint for such sparingly soluble elements as the reduced valence states of the actinides. That is,
after solubility constraints are invoked the solution concentrations may be lower than detection limits
such that adsorption experimentation is not feasible. If the solubility constraint allows a solution
concentration much lower than permissible levels there will be no health consequence or need to rely
upon adsorption in safety assessments. It is likely that adsorption would still occur but measurement
would not be possible nor necessary for performance assessment needs.

The above suggestions address performance assessment needs from the "overall systems"
perspective. There will always be the need and should always be support for detailed mechanistic
studies. Detailed mechanistic studies that elucidate controlling physicochemical processes are
necessary to enhance the credibility of long-term performance assessment predictions or estimates.
The two needs, improved systems performance assessm ,nt and improved understanding of processes,
require different viewpoints and likely require distinct approaches. Both activities require support and
the two disciplines should strive to communicate their findings and share their respective endeavors
with the objective of someday working on a common goal—a sophisticated, linked, chemical
reaction/hydrologic mass transport conceptual model and code.
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MODELING CATION EXCHANGE USING EQ3/6

by

Brian Viani, Carol Bruton, and Bill Bourcier

ABSTRACT

Geochemical modeling codes must be able to predict solid-solution and ion-exchange
behavior of zeolites and smectites in order to design and assess strategies for containing and
cleaning up toxic and/or radioactive wastes. Cation-exchange and solid-solution models have
been implemented in the EQ3/6 geochemical modeling package and used to predict the
composition of clinoptilolite under a variety of conditions.

Published free energies of cation exchange on clinoptilolite at 25°C were combined
with the calorimetric data for clinoptilolite to derive free energies of formation of the
component end members of a solid solution in which mixing is allowed only on the exchange
site. The solid-solution model and component end-member data were incorporated into
EQ3/6 and its data base.

An option to treat cation exchange independently of the solid-solution model was also
developed and implemented in EQ3/6. This option allows the user to model mixed-phase
exchangers, multisite exchangers, and systems in which the exchanger is not in overall
equilibrium with the solution. Two "ideal" cation-exchange conventions [Vanselow (mole
fraction) and Gapon (equivalent fraction)] are currently implemented in the code.

A description of the cation-exchange models and their implementation into EQ3/6 will
be presented, and the relationship between the exchange formalisms and the solid-solution
models will be discussed. The advantages and limitations of the models and currently
available thermodynamic data will be addressed by comparing cation-exchange compositions
of clinoptilolites with (1) published binary exchange data; (2) compositions of coexisting
clinoptilolites and formation waters at Yucca Mountain; and (3) experimental sorption
isotherms of Cs and Sr on zeolitized tuff.
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ABSTRACT

The aspect ratios of crystals of platey clinoptilolite and fibrous mordenite observed in mineral
assemblages coating fractures through tuffs at Yucca Mountain, Nevada, influence the sorption
properties of these two zeolites. The crystallographic dependencies of cation exchange reactions
have been demonstrated in clinoptilolite by reacting CsCl with oriented single crystals mounted on
(100), (010), (001) and (101) faces. Competing cation exchange reactions involving Cs+, Sr2+

and Ba2+, as well as Cs+ in NaCl or NaHCC«3 solutions, were performed on the oriented zeolite
crystals. Reactions were carried out at 60 °C for 1 to 8 weeks in a shaking water bath with
dissolved metal chloride solutions ranging in concentrations from \M to 104A/. Electron
microprobe analyses were performed on the surfaces of the reacted zeolite crystals.

In clinoptilolite, cation exchange is initially retarded on (010) faces which are normal to the one
direction (parallel to the b-axis) along which channels do not exist in the clinoptilolite structure.
This orientation effect was particularly severe for Sr, concentrations of which on (010) faces
remained 90% lower than values measured on other crystal faces even when reaction times
exceeded 2 months. In competition with Sr and Ba, the uptake of Cs into clinoptilolite was
lowered significantly (and vice versa for Ba and Sr), particularly in the presence of Ba. The
addition of \M NaCl did not significantly affect the relative concentrations of these competing
cations in reacted zeolite crystals. In NaHCO3 solutions, however, the Cs uptake was lowered
significantly.

Although clinoptilolite has a very high selectivity for Cs+ compared to other cations,
competition with Sr2+ and Ba2+ reduces the concentration of Cs+ exchanged into this zeolite. As a
result, in the early stages of an underground repository for radioactive waste, 90Sr (ti/2 = 28.8 yr
-> 90Y) released to groundwater could reduce the capacity of clinoptilolite to immobilize dissolved
137Cs (tj/2 = 30.2 yr -> i37Ba) and 135Cs {\m = 3 x 106 yr -» i^Ba), while absorption of Sr2+

itself might be impaired by radiogenic Cs and its daughter Ba isotopes. At later stages, however,
the entry of long-lived 135Cs into the zeolite might be compromized by daughter 137Ba inherited
from 137Cs.

INTRODUCTION

Clinoptilolite is well-known to possess high sorption selectivities and capacities for Cs and Sr,
following research performed mainly in the 1960's by Ames and other workers (e.g. Ames, 1959-
1965; Howery and Thomas, 1965; Barrer and Makki, 1966; Chelishchev et al., 1974). These
studies involved measurements of radionuclides either absorbed by powdered zeolites in an
exchange column or removed from spiked aqueous solutions emerging from the ion exchange
column. Little attention was paid in those experiments to the chemical composition,
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crystallographic orientation or homogeneity of individual zeolite crystals. Most of the
measurements centered on clinoptilolite in zeolitized vitric tuff from Hector, California (Ames et
al., 1958), composed of microcrystalline lamellae with diameters around 10 microns (Mumpton
and Ormsby, 1978) and containing about 15% unaltered glass, quartz and feldspar impurities.
Ames used aqueous salt solutions labelled initially with 137Cs (Ames, 1960, 1961), but he later
changed to 134Cs (Ames, 1962a,b,c; 1963, 1964, 1965) due to interference by daughter 137Ba.
Ames (1960) showed that particle sizes of cemented aggregates of the Hector clinoptilolite
crystallites affected the Cs capacity, which increased significantly when clumps were smaller than
1 mm. In the presence of competing alkali and alkaline earth cations, usually as \M salt solutions
containing 10'2M CsCl, clinoptilolite was shown to have a high selectivity for Cs, leading to the
replacement series at 25 °C

Cs+ > Rb+ > K+ > NH4+ > Ba2+ > Sr2+ > Ca2+ > Na+ > Mg2+ = Li+.
For mordenite, the selectivity order was found to be (Ames, 1961)

Cs+ > K+ > Na+ > Ba2+ > Sr2+ > Ca2+ > Li+ = Mg2+.
These selectivities are generally assumed to apply to cation exchange reactions at elevated
temperatures, too. Cesium capacities of clinoptilolite decreased with decreasing concentrations of
CsCl, and were further lowered by increasing concentrations of NaCl. Changing the sodium salt
from chloride to SO42" or NO3" did not influence the Cs capacity, but the comment was made
(Ames, 1964) without specification that dissolved carbonates might influence cation exchange
equilibria. Reactions performed at elevated temperatures decreased the Cs capacity of clinoptilolite,
the concentration dropping by about one-third between 25 °C and 60 °C. Competing reactions
between Cs and Rb, K, Ba, Sr, etc., were not conducted at elevated temperatures, however.
Kinetic studies of Cs+ exchange reactions (Ames, 1962a,b) yielded diffusion coefficients which
increased with temperature, decreased with dilution, and varied inversely with particle size of the
clinoptilolite. The diffusion rate data indicate that in 1-day experiments at 60 °C, Cs would diffuse
-90 microns and Sr ~9 microns into clinoptilolite particles. The Cs capacity of clinoptilolite was
found (Ames, 1964) to be influenced by compositional differences, being smaller in the more
silicic Hector clinoptilolite than in a calcic clinoptilolite from the John Day Formation, Oregon,
having a lower Si/Al ratio. Ames (I960, p. 699) also commented that "the exchange properties of
heulandite and clinoptilolite are quite dissimilar", but provided no data in support of this statement.

Note that in these early studies, Ames and subsequent researchers did not (1) measure cation
exchange reactions in single crystals; (2) perform reactions in HCC^-bearing solutions; (3)
examine temperature variations of competing cation exchange reactions; (4) carryout competing
exchange reactions involving binary Cs-Sr, Cs-Ba and Sr-Ba systems or the ternary Cs-Sr-Ba
system at elevated temperatures; or (5) determine orders of cation selectivities for zeolites at
elevated temperatures.

Observations of euhcdral calcic clinoptilolite (and heulandite) crystals with prominent (010)
faces coating fractures in a drill core through Yucca Mountain (Carlos, 1985) led to our
investigations of the crystallographic dependencies in cation exchange reactions into single crystals
of clinoptilolite (Bums et al., 1990). The research was motivated by the fact that large continuous
open channels running parallel to the c- and a- axes in the clinoptilolite crystal structure (Koyama
and Takeuchi, 1977; Smyth, et al., 1990) do not exist along the b-axis, raising the possibility that
cations entering and leaving the dominant (010) crystal faces of clinoptilolite might be retarded.
Also, because fracture-flow water through bedded tuff sequences such as the deposits at Yucca
Mountain appears to be relatively enriched in sodium bicarbonate (White et al., 1980; Ogard and
Kerrisk, 1984; Kerrisk, 1987), and because cation exchange reactions had not been reported in
such solutions, some of the single crystal cation exchange reactions with CsCl were performed in
NaHCO3 solutions. In addition, some exchange reactions between competing cations were
studied, the rationale behind these experiments being that a mixture of radionuclides, including
i3?Cs, 13SCs, and 90Sr plus daughter Ba isotopes present in fission products, will compete with
one another for sorption sites in zeolites, should they be released into heated groundwater
percolating through buried radioactive waste.
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Figure 1. Clinoptilolite crystals from Succor Creek, Malheur Co., Oregon used in the cation
exchange experiments. Polished mounts were made of crystals oriented on (100), (101), (010)
and (001) faces.

EXPERIMENTAL DETAILS

Single crystals of clinoptilolite from Succor Creek, Malheur County, Oregon, oriented in
polished mounts were used in most of the cation exchange reactions. The characteristic euhedral
coffin-shaped habits of this clinoptilolite illustrated in Figure 1 enabled individual crystals with
diameters between 1 and 2 mm to be mounted onto (100), (101), (010) and (001) faces. The
chemical composition of the Succor Creek clinoptilolite, which is represented on the ternary
diagram shown in Figure 2, more closely resembles those of calcic clinoptilolites occurring in
fractures near the proposed repository horizon in the Topopah Spring Member tuff at Yucca
Mountain (Levy, 1984; Carlos, 1985; Broxton, 1987; Broxton et al., 1986, 1987), than do other
clinoptilolites used in previous cation exchange (Ames, 1959-65; Barrer and Makki, 1966) and
crystallographic (Bish, 1984, 1988) measurements. The clinoptilolites were encapsulated in cold-
setting epoxy cement in small brass cylinders. In each capsule, two or three crystals with masses
ranging from 3 to 15 mg were mounted in the same orientation. The majority of the cation
exchange measurements were carried out using crystals mounted on (010) faces, since these have
the largest surface areas (Figure 1) and are more readily manipulated. Some exchange reactions
were also carried out on mounted single crystals of a heulandite from Iceland and on polished
clumps of microcrystalline clinoptilolites from Hector (California) and Castle Creek (Idaho) used in
earlier studies (Ames, 1959-65; Bish, 1984, 1988). The specimens were polished, carbon-coated,
and analysed first by electron microprobe. The carbon-coating was then removed by gentle
rubbing with tissue paper before commencing the cation exchange reactions.

The cation exchange reactions were performed at 60 °C in a constant-temperature shaking
water-bath for accumulated time periods ranging from 3 days to 2 months. Concentrations of
dissolved chlorides of Cs, Sr, and/or Ba ranged from \M to 10~4A/, and the cation exchange
reactions were performed in the presence or absence of \M NaHCO3 or \M NaCl. Each polished
clinoptilolite mount was placed in a stoppered 50 ml flask with reactants (e.g. 20 ml of the metal
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Clinoptilolite
(Na,K,Cao.5Mgo.5)6AI6Si3o072.24H20

• Fractures: K
drill-core USW G-4
(Carlos, 1985)

0 Succor Creek, SC

® Castle Creek, CC

O Hector, HE

Ca+Mg

Figure 2. Triangular diagram showing the compositions of clinoptilolites used in the cation
exchange experiments. Compositions of the Succor Creek (Oregon), Hector (California) and
Castle Creek (Idaho) clinoptilolites are superimposed on analytical data for zeolites found in
fractures in the unsaturated zone at Yucca Mountain (from Carlos, 1985).

chloride with or without added NaHCCb or NaCl solutions) and inserted into the shaking water-
bath. After a specific reaction time-interval, flasks were removed from the bath and the crystal
mounts washed several times with cold distilled water, dried at ambient temperatures, and carbon-
coated prior to microprobe analyses. After completion of each set of microprobe analyses, the
carbon coating the surfaces of the mounts was gently removed. The mounts were replaced in the
stoppered flasks with fresh solutions and the cation exchange reactions allowed to continue for
another increment of time.

Chemical compositions of the clinoptilolites were determined using a JEOL 733 Superprobe.
Operating beam currents were 10 KeV and 5-10 nA with counting times of 20 seconds for all
elements except Na, which was analysed first and counted for only 10 seconds. In attempts to
further minimize loss of Na and zeolitic H2O in the microprobe analyses, a defocussed beam
approx. 10-20 microns in diameter was used to analyse the mounted Succor Creek clinoptilolite
and heulandite crystals. Smaller beam diameters had to be used for the polished clumps of
microcrystalline Hector and Castle Creek clinoptilolites, however, often resulting in low oxide
totals for these zeolites. Criteria for satisfactory microprobe analyses were based on oxide totals
exceeding 82% (since 24 H2O molecules in ideal clinoptilolites corresponds to ~ 18 wt % water),
constancy of Si/Al ratio, and the ratio [{(Na+K+Cs) + 0.5(Ca+Mg+Sr+Ba)}/(Al+Fe)] lying in the
range 0.9-1.2.
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Figure 3. Cesium contents of oriented crystals of the Succor Creek clinoptilolite after reaction with
\M CsCI for increasing time periods. Inset on the right-hand axis are CS2O concentrations of other
zeolites after 30-day reactions with CsCI solutions.
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Figure 4. Triangular diagram showing the atom percentages of Cs present in the zeolites after 30-
dav reactions with \M CsCI.
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RESULTS

Reactions with CsCl Alone

Concentrations of cesium (expressed as weight % Cs2<D) entering the clinoptiloHte crystals after
reactions with solutions of CsCl alone are plotted in Figures 3, 4 and 5. In 30 day reactions with
\M CsCl, the clinoptilolites from Hector and Castle Creek became saturated with -27.5 and -24 %
CS2O, respectively (Figure 3). The Succor Creek clinoptilolite crystals showed significant
compositional zoning after reaction times of only 7 days which became less pronounced after 30
days when each crystal face acquired between 22 and 23 wt. % CS2O (Figure 3). Effects of crystal
orientation on cesium uptake by the Succor Creek clinoptilolite were not always obvious in
reactions involving relatively concentrated 1A/ CsCl solutions (Figure 3), in constrast to reactions
involving 10 2M CsCl described later. However, in heulandite there was a marked reduction of
cesium concentration in the (010) face (-13 wt. % CS2O) compared to the (100) and (010) faces
(-24 wt. % Cs2O) (Figure 3).

The selectivity of heulandite and the clinoptilolites for cesium is demonstrated by the triangular
diagrams illustrated in Figures 4 and 5 which show cation percentages of Cs plotted against
(Na+K) and (Ca+Mg) cation percentages for the zeolites after reactions with CsCl solutions alone.
Cesium replaced most of the cations in the Hector and Castle Creek clinoptilolite specimens with
initially high (Na+K) contents (Figure 2). However, appreciable amounts of Ca2+ ions remained
after Cs-exchange reactions with the more calcic Succor Creek clinoptilolite (Figure 4), particularly
when dilute CsCl solutions were used (Figure 5). In heulandite, almost 45% of the Ca was still
retained in the heulandite (010) face compared to -10% Ca remaining in the heulandite (100) and
(001) faces (Figure 4).

In reactions involving more dilute solutions, the Cs uptake into crystals of the Succor Creek
clinoptilolite was reduced, and this is demonstrated in Figure 5. In 30 day reactions with 10~2M
CsCl, the (010) crystal faces acquired lower concentrations of Cs (-12.5 wt. % CS2O) and retained
higher proportions of Ca than did the other three faces containing 17-19 wt. % CS2O (Figures 5
and 7a). The Cs uptake was further reduced in 30 day reactions with 103M CsCl and \QAM CsCl
solutions (Figures 3 and 5).

Reactions with CsCl in the Presence of NaHCO3

The data plotted in Figures 6, 7 and 8 demonstrate the influence of sodium bicarbonate on the
cesium exchange reactions. In the presence of \M NaHCC<3, the Cs concentration acquired by
each crystal face of the Succor Creek clinoptilolite was almost haifed compared to reactions
performed in the absence of NaHCO3 (compare Figures 5 & 6 and Figures 7a & 7b). For
example, in reactions with \M CsCl, the cesium content of the Succor Creek clinoptilolite dropped
from -23 wt. % CS2O (Figure 3) to -13 wt. % CS2O in the presence of NaHCCb. The triangular
diagram illustrated in Figure 6 suggests that the reduced uptake of Cs into each crystal face was the
result of sodium loading caused by the high concentration of dissolved NaHCO3. However, in
Cs-exchange reactions performed in \M NaCl solutions, the Cs concentration of the (010) crystal
faces reacted with \M CsCl was significantly higher (i.e. 20.6 wt. % CS2O) than that resulting
from Cs exchange in the presence of \M NaHCC>3. This indicates that HCO3- ions may be
responsible for retarding the entry of Cs into crystals of the Succor Creek clinoptilolite.

The crystallographic effects noted earlier for oriented crystals of heulandite (Figure 4) became
significant in the Succor Creek clinoptilolite when Cs-exchange reactions were performed with 10"
2M CsCl solutions, particularly in IM NaHCC»3. These trends are demonstrated in Figures 7 and
8. Again, compositional zoning was most pronounced in each crystal face after only 7-day
reaction periods, but became less severe after 30-60 days. The data plotted in Figure 7a show that
the cesium uptake by the (010) face is lowered relative to the other three crystal orientations. This
orientation effect is even more pronounced in the presence of \M NaHCO3 (Figure 7b). The rate
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Figure 5. Atom percentages of Cs in oriented crystals of the Succor Creek clinoptilolite after 30-
day exchange reactions with CsCl solutions alone.
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of entry of Cs into the (010) face lags behind the Cs uptake of the other three crystal faces, which
is demonstrated in Figure 8. It is strikingly apparent from Figures 7 and 8 that Cs is reluctant to
enter the (010) face, particularly in sodium bicarbonate solutions.

Competing Exchange Reactions Involving Cs, Sr and Ba

In reactions between oriented crystals of the Succor Creek clinoptilolite and \M SrCl2 alone,
the uptake of Sr after 30 days lags behind, and is drastically reduced, in the (010) face compared to
the other three crystal faces. These effects are demonstrated in Figures 9 and 10a. Thus, only
-0.4 wt. % SrO was present in the (010) face after 30 days' reaction time, compared to 4-5 wt. %
SrO in the other three crystal faces (Figure 10a).

In competing reactions between Cs and Sr in \M chloride solutions involving (010) crystal
faces of clinoptilolite, the Cs concentration was reduced from ~23 wt. % CS2O (Figure 3) to ~14.5
% CS2O in the presence of SrCl2 (Figure 10a), while the SrO content was further reduced to -0.3
wt % SrO on the (010) face (Figure 10a). In the presence of \M BaCh, the CS2O content drops to
-13.5 wt. % CS2O while -1.1 wt. % BaO enters the (010) face of the Succor Creek clinoptilolite
(Figure 10a).

The microcrystalline Castle Creek clinoptilolite with a lower initial Ca content than the Succor
Creek clinoptilolite accomodates higher concentrations of either Sr or Ba when in competition with
Cs in reactions involving \M solutions (Figure 10b). However, in more dilute solutions the
concentration of Ba entering the Castle Creek clinoptilolite remains high in the presence of 102M
CsCl, whereas the Cs concentrations is drastically lowered in the presence of 102M BaCl2 (Figure
10b).

DISCUSSION

The results of the cation exchange experiments, which demonstrate that the uptake of Cs+ and
Sr2+ ions into clinoptilolite are crystallographic dependent, may be explained by the crystal
structure illustrated in Figure 11 (Koyama and Takeuchi, 1977). Clinoptilolite has the basic zeolite
structure consisting of a three-dimensional framework silicate in which all four oxygens of
individual (Si,Al)O4 tetrahedra are mutually shared to form secondary rings of corner-sharing
tetrahedra (Gottardi and Gaili, 1987). The complex 4- and 5-tetr?hedron ring systems of
clinoptilolite are arranged in sheet-like arrays parallel to (010) and are connected by relatively few
oxygen bridges. As a result, clinoptilolite crystals display the characteristic platey or lamellar
"coffin-shaped" habits with basal (010) cleavage shown in Figure 1. Linkages between the
tetrahedral ring systems along the c-axis, as well as the a-axis, define cages that are open and form
channels through the clinoptilolite structure. The channel systems in clinoptilolite consist of one
set parallel to the a-axis formed by rings of 8 tetrahedra with free aperture dimensions of 4.4 x 5.5
A (designated as the C channels by Koyama and Takeuchi, 1977). There are two sets of channels
parallel to the c-axis formed by rings of 10 and 8 tetrahedra with corresponding free apertures of
4.4 x 7.2 A and 4.4 x 4.4 A (designated as the A and B channels, respectively). No such channels
exist along the £-axis of clinoptilolite, however. The channels along the a- and c-axes are clearly
wide enough to permit the entry of cations such as Cs+ (diameter, d = 3.65A), Ba2+ (d = 3.05 A)
and Sr2+ (d = 2.80 A), the large ionic diameters of which also enable them to fit more snugly in the
channels than smaller cations such as Na+ and Ca2+. In the clinoptilolite structure illustrated in
Figure 11, Na+and Ca2+ occupy M(l) and M(2) positions, K+are located in M(3) positions and
Mg2+ are situated in M(4) positions, and each cation is coordinated to several water molecules
which are also located in the channels. Different site occupancies appear to exist in Cs-exchanged
clinoptilolites, however (Smyth et al., 1990).

Smyth et al. (1990) reacted a natural clinoptilolite from Bend, Oregon, the initial composition of
which contained comparable amounts of Ca2+, Na+ and K+ ions, with 2M CsCl solution at 70 °C

85



1 M SrCl2 Alone

Succor Creek
Clinoptilolite.
7 days
o (001)
• (100)
* (101)
• (010)

14 days
X (001)
X (100)

• (010)
30 days
0(001)
H (100)

(010)

Figure 9. Temporal variations of Sr atom percentages of oriented crystals of the Succor Creek
clinoptilolite after reactions with \M SrCh alone. Note the very low Sr content of the clinoptilolite
(010) crystal face.
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Cation Sites:
M(1): Ca, Na
M(2): Na, Ca
M(3): K
M(4): Mg

Channels:
along c axis:

10-ring
8-ring:

along a
8-ring:

7.2 x 4.4A
4.0 x 5.5A
axis:
4.1 x 4.7A

Figure 11. The crystal structure of clinoptilolite projected onto the (001) plane (from Koyama and
Takeuchi, 1977). Note the large channels running parallel to the c-axis. Channels also occur
parallel to the a-axis but do not exist parallel to the b-axis.

for 10 days, and produced a Cs-exchanged clinoptilolite that still retained most of its Ca2+ ions.
The crystal structure refinement (Smyth et al., 1990) revealed that Cs+ ions occupy five different
sites, none of which correspond to cation positions in the unreacted clinoptilolite. Each of the Cs
sites has a low occupancy factor and lies close to another partially occupied Cs site, indicating
appreciable positional disorder of the Cs atoms. The structure refinement also indicated that fewer
water molecules are present in the crystal structure of the Cs-exchanged clinoptilolite. These
results correlate with our observations of Ca retention and higher oxide totals in microprobe
analyses of the Succor Creek clinoptilolite after Cs-exchange reactions.

Our measurements have clarified some ambiguities resulting from Ames' (1959-65) detailed
investigations. Contrary to his claim (Ames, I960, p. 699), our studies have demonsrated that
heulandite and clinoptilolite do possess similar cesium exchange properties. Comparable
concentrations of Cs enter the (100) and (001) crystal faces of the two zeolites. However, the
(010) faces retard the entry of Cs, correlating with the absence of open channels along the 6-axes
in the crystal structures of both zeolites.

Ames (1964, p. 140) also predicted that differences of cation exchange properties of zeolites
might exist between chloride and carbonate solutions if less-dissociated carbonate salts were used.
Our measurements have revealed that Cs-exchange reactions performed in \M NaHCO3 solutions
reduce the Cs capacities of each crystal face of the Succor Creek clinoptilolite, including the (001),
(100) and (101) faces down which large open channels project in the crystal structure. Since this
Calcic clinoptilolite contains (and retains) a relatively high concentration of Ca2+ ions, it is
conceivable that precipitation of nanophase particles of CaCO3 (undetected in x-ray diffractograms)
clog the channels and prevent the entry of Cs into the clinoptilolite structure. Further research is
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required to elucidate this problem. Also, Cs-exchange reactions need to be performed in dilute
(e.g. \(Y3M NaHCO3) solutions that more closely resemble compositions of groundwater flowing
though vitric tuffs at Yucca Mountain (White et al., 1980; Ogard and Kerrisk,1984; Moore et al.,
1986).

The competing exchange reactions performed on single crystals and microcrystalline samples
of clinoptilolite demonstrate that the uptake of Cs+ into the zeolite is adversely affected by Sr2+ and
Ba2+. Such an assemblage of cations present as radiogenic 90Sr, 137Cs, and |35Cs and daughter
Ba isotopes in high-level radioactive waste may interfere with one another when clinoptilolite in
tuff deposits is called upon to immobilize dissolved components in contaminated groundwater.

Similar competing cation exchange experiments need to be undertaken on each oriented crystal
face of clinoptilolite, as well as other zeolites such as mordenite found as a major constituent of
zeolitized vitric tuffs at Yucca Mountain. Our exploratory cation exchange measurements of
oriented fibers of mordenite indicate that differences exist in the relative concentrations of Cs, Sr
and Ba entering crystallites parallel and perpendicular to the fiber axis, down which large open
channels exist parallel to the c-axis (Meier, 1961; Schlenker et al., 1979).

S U M M A R Y

In cation exchange reactions involving oriented crystals of clinoptilolite
(1) the uptake of Cs, and particularly Sr, into the zeolite is crystallographic dependent. The cation
concentrations are least on (010) faces perpendicular to the £>-axis along which open channels do
not exist in the crystal structure;
(2) the presence of dissolved NaHCC>3 reduces the Cs uptake from CsCl solutions, particularly
into (010) faces of the zeolite;
(3) in competition with Sr and Ba, the Cs uptake is reduced, particularly in microcrystalline
clinoptilolite; and
(4) calcic clinoptilolite and heulandite possess similar cation exchange properties. Cesium is
reluctant to enter (010) faces, and significant proportions of Ca2+remain in the crystal structures
after Cs-exchange reactions.

Some of the implications of the cation exchange experiments include
(1) the uptake of soluble Cs radionuclides from sodium bicarbonate-type fracture flow
groundwater by euhedral crystals of calcic clinoptilolites coating fractures in tuff deposits :nay be
impaired at Yucca Mountain;
(2) the uptake of 135Cs and 137Cs may be compromized by coexisting radiogenic 90Sr and
daughter Ba isotopes in groundwater contaminated by leakages from buried high-level radioactive
waste;
(3) fibrous mordenite crystallites may possess similar crystallographically-dependent cation
exchange properties as coexisting clinoptilolite in zeolitized tuffs; and
(4) crystallogrpahic dependencies may exist for exchange reactions involving zeolites and other
elements, including radionuclides of Zr, Ni, Ra, etc., but such effects require experimental
verification.
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Abstract

To validate batch-sorption transport models of sorbing and non-sorbing radionuclides,
we conducted advective and diffusive migration experiments in the laboratory using columns
of saturated crushed, intact, and fractured tuff from Yucca Mountain, Nevada, and pure mineral
separates. For crushed tuff and pure minerals separates, batch-sorption coefficients agree with
those we obtained under flowing conditions for alkaline and alkaline earth elements; for
actinides, we found a smaller sorption coefficient caused by elution of a small fraction of the
actinides. Results of crushed-tuff column experiments studying anions (including pertechne-
tate) indicate that anion exclusion is present in Yucca Mountain tuffs. Studies of solid-tuff
columns indicate that batch-sorption coefficients will fit elution data of alkaline and alkaline
earth elements provided that we have a detailed characterization of the hydrologic properties
of the tuff. Studies of fractured-ruff columns indicate good agreement between fracture trans-
port models and elution of nonsorbing radionuclides.

Diffusion is one of the most important retardation mechanisms in fractured media; our
studies indicate that the diffusion coefficient for nonsorbing radionuclides into saturated Yucca
Mountain tuff is approximately 10"*> cm^/s. Coefficients of diffusion of the sorbing radionu-
clides into saturated tuff could not be fit, assuming reversible, instantaneous, and linear sorp-
tion. We believe that conservative transport modelling calculations will result from fitting the
batch-sorption coefficient and the diffusion coefficient for tritiated water.

Our validation strategy, which begins with laboratory transport experiments on columns
of crushed Yucca Mountain tuff to study the effects of kinetics of speciation, mass transfer kinet-
ics, or non-linear, non-reversible, or non-instantaneous sorption, is presented. When the differ-
ences between batch-sorption data and the results of our crushed-tuff column experiments are
resolved, the next level of complexity will be tackled: using solid-tuff columns, we will assess
the effects of surface properties (caused by crushing) on batch-sorption coefficients and perform
diffusion experiments using solid tuff to validate batch-sorption coefficients. These crushed-
tuff column experiments and solid-tuff advective and diffusive experiments will be conducted
under varying degrees of saturation, which will allow us to assess the validity of using batch-
sorption coefficients (obtained under saturated conditions) to calculate transport under unsatu-
rated conditions. The final level of complexity will be to use fractured-tuff columns to validate
using batch-sorption coefficients in fractured media.
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INTRODUCTION

The transport of radionuclides in porous media is governed by advection, diffusion, or
kinematic dispersion.1 Dissolved species are carried along by the movement of fluid in
an advective migration mechanism. Species are transferred from zones of high concen-
tration to zones of low concentration by diffusion. Kinematic dispersion is a mixing
phenomenon linked to the heterogeneity of the microscopic velocities inside the porous
medium. The transport equation1 describing the migration of a solute in a saturated
porous medium is given by Equation (1).

V«(DVC-CU)=eaCM + Q, (1)

where
D = dispersion tensor,
C = concentration of solute in solution phase,
U = Darcy's velocity,
e = porosity of medium,
t = time,
Q = 0 for a nonreactive solute,
Q = O-e)ps 3F/3t for a sorbing solute,
p s = density of the solid particles, and
F = mass of solute sorbed per unit mass of solid.

Dispersion has three components: DL, the longitudinal dispersion coefficient in the
direction of the flow, and DT, the transverse dispersion coefficient in the two directions
at right angles to the velocity of the flow. The longitudinal and transverse dispersion
coefficients are given by Equations (2) and (3), respectively.

DL = ed + aL IU I , (2)

and

DT = ed + aT IU I , (3)

where
d = effective diffusion coefficient in medium, and
a = dispersivity.

In the absence of advection (U=0), Equation (1) becomes Equation (4) which describes
the migration of solutes by diffusion in a saturated medium.

Q. (4)
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The mechanism of sorption determines the relationship between F and C. When sorp-
tion is linear, reversible, and instantaneous, the relationship between F and C is given
by Equation (5), where Kj is the sorption coefficient.

Kd = F/C . (5)

Substitution of Equation (5) into Equation (1) yields Equation (6). The expression in
brackets in Equation (6) is the retardation factor, Rf. Equation (7) provides a means of
comparing results for sorption coefficients obtained under advective and diffusive con-
ditions with the sorption coefficients obtained using batch-sorption experiments. The
expression for Rf [given in Equation (7)] is only valid if sorption is linear, reversible and
instantaneous. The Langmuir and the Freundlich isotherms are examples of nonlinear
relationships between F and C.

V • (D VC - CU) = e [1 + (1 - e) p s Kd /e ] 3C/3t. (6)

Rf = 1 + (1 - e) p s Kd/e. (7)

When migration occurs under unsaturated conditions, dispersion is a function of mois-
ture content and Equation (1) becomes Equation (8).

V»[D(8)VC - CU] = eCde /3t+ Q, (8)

where
8 = moisture content.

Inspection of Equations (1), (4), and (8) indicates that advection and diffusion experi-
ments can be used to validate using batch-sorption coefficients for transport calcula-
tions.

EXPERIMENTAL WORK SCOPE

The work scope of the Dynamic Transport Column Experiments Study2 of the Yucca
Mountain Site Characterization Project consists of performing experiments on crushed-,
solid-, and fractured-tuff columns and columns of pure mineral separates to validate
sorption coefficients obtained via batch experiments. Column experiments with
crushed tuff and pure mineral separates are used to test the results of batch-sorption
experiments under flowing conditions without altering the surface properties of the
tuff. The crushed-material (tuff or pure mineral separates) column studies are most
sensitive to multiple solution species formation and colloid formation. The kinetics of
sorption are studied by varying the water velocity in column experiments.

Solid-tuff columns are used to address the question of whether crushing affects sorp-
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tion measurements in the batch experiments The column experiments will be per-
formed as a function of saturation to address whether sorption coefficients obtained via
batch-sorption techniques (under saturated conditions) are applicable to unsaturated
transport calculations.

Using gravity as a driving force to obtain homogeneous distributions of water for the
stud) of radionuclide transport in an unsaturated system requires very long time peri-
ods. Consequently, we will use vacuum3 or centrifugation4 to conduct transport exper-
iments in unsaturated media.

The Soil Measurement Systems apparatus (designed by Wierenga) for unsaturated
transport studies (see Figure 1) accurately determines radionuclide migration through
unconsolidated media.3 In this system, water containing the radionuclide of interest is
introduced into a tuff-filled column; the typical dimensions of the column are given in
the Figure 1. A precision syringe pump is used to maintain constant fluid flow, and the
regulator-controlled vacuum chamber provides a nearly constant degree of saturation
throughout the column and houses the fraction collector. Tensiometers allow accurate
measurement of soil/water pressure via a transduce; when tensiometer values are near-
ly equal, the water distribution throughout the column is considered to be homoge-
neous. After elution through the column, small fractions of the solution are collected in
the fraction collector and analyzed for radionuclide concentration to determine the rate
of radionuclide migration.

Centrifugation techniques can also be used to study unsaturated transport. Conca
designed the Unsaturated Flow Apparatus (see Figure 2) consisting of a modified ultra-
centrifuge with an ultraconstant rate flow pump that provides water (containing the
radionuclide of interest) to the surface of the solid material through a rotating seal.
Rotation speeds up to 20 000 rpm are attainable at temperatures up to 150°C and flow
rates down to 0.1 ml/h, making possible investigations with unconsolidated and con-
solidated materials. Elutions are collected in the collection vessel and analyzed for
radionuclide concentration. The Unsaturated Flow Apparatus is capable of running
two columns at the same time; however, only one column is shown to be operational in
Figure 2.

The systems in Figures 1 and 2 will be adapted to study the transport of actinides
(under unsaturated conditions). This will involve modifications to avoid contact of the
solutions i ~>ntaining the actinides of interest with metallic nongeologic surfaces which
tend to sorb the actinides.

Fractured-tuff columns are used to investigate the transport of radionuclides with
transverse matrix diffusion and channeled flow in fractures. These column experi-
ments will allow the assessment of the applicability of batch-sorption coefficients to
transport calculations in fractured media.
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FIGURE 1: SOIL MEASUREMENT SYSTEMS APPARATUS
FOR UNSATURATED TRANSPORT STUDIES (fromReference 3).
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FIGURE 2: UNSATURATED FLOW APPARATUS.
(from Reference 4)
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The work scope of the Diffusion Study5 of the Yucca Mountain Site Characterization
Project consists of performing transport experiments with solid tuff (in the absence of
advection) under various degrees of saturation. The first type of diffusion experiment
planned consists of a cell with two chambers containing groundwater. The chambers
are separated by a slab of tuff. The radionuclide(s) of interest is placed in one of the
chambers, and the untraced chamber is monitored as a function of time for the arrival
of the radionuclide(s). The retardation factor is determined for sorbing radionuclides
and compared to the sorption coefficients (determined via batch techniques).

The second type of diffusion experiment consists of studying the kinetics of sorption
under diffusive conditions by immersing a wafer made of tuff in a solution containing
the radionuclide(s) of interest, and the uptake of radionuclides(s) by the thin wafers is
determined. The actinides exhibit sorption onto nongeologic media (such as the walls
of containers). The kinetics of sorption under diffusive conditions is studied using con-
tainers made of tuff in the form of beakers; the solution containing the radionuclide(s)
of interest is placed in the tuff beaker cavity, and the uptake of the radionuclide(s) by
the tuff is measured as a function of time.

Unsaturated diffusion experiments are also planned. A solution containing the
radionuclides(s) of interest is injected into an unsaturated block of tuff. The distribu-
tion of radionuclide(s) in the tuff as a result of diffusion will be determined by section-
ing the block of tuff and measuring the radionuclide(s) concentration throughout the
tuff block.

SUMMARY OF TRANSPORT RESULTS

The results of column transport experiments have been summarized.6 Batch-sorption
coefficients have been compared with the sorption coefficients obtained from crushed-
tuff columns7 using Equation (7). The results are in good agreement for the cations
cesium, strontium, and barium.7 Elution of actinide solutions through columns made
of crushed pure mineral separates8 and crushed tuff9 shows a fraction of the actinide
eluting with a sorption coefficient corresponding to a smaller value than the one
obtained with batch-sorption techniques. For instance, Figure 3 shows a fraction of the
Pu in a solution prepared with J-13 water and Pu(IV) polymer eluting before the tritiat-
ed water (which was used as a nonreactive tracer), and Figure 4 shows the elution of Pu
in a solution prepared with J-13 water and Pu(VI).

A preliminary conclusion of the column experiments reported by Triay, et. al.8 and
Thompson9 is that the equilibration of actinide species in solution is slow. Slow kinetics
of speciation in solution will result in conservative batch-sorption coefficient values.
The reason for this conclusion is that, if multiple actinide species exist in solution that
vary in their ability to sorb and interconversion between the lowly sorbing and highly
sorbing species is slow, over long periods of time all the lowly sorbing species will be
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Figure 3: Elution of Tritium (•) and Pu(IV) Polymer (•).
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Figure 4: Elution of Tritium (•) and Pu(VI) Polymer (•).
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converted to highly sorbing species and will be retarded with a sorption parameter of
at least the magnitude of that determined in the batch experiments.

Anions6 including pertechnetate have been studied using crushed-tuff column experi-
ments. These experiments indicate that anion exclusion is observed in Yucca Mountain
tuffs. Anion exclusion causes anions to appear to migrate faster than tritiated water.
This effect is due to steric hindrance caused by the large size of anions compared to the
apertures of porous tuffaceous minerals (such as zeolites and clays) and repulsion by
the negatively charged tuffaceous mineral surfaces in contact with natural ground wa-
ter. The anion exclusion volumes determined (in the range of 0.03 to 0.1 ml/g) were
found to agree with the intracrystalline pore volumes calculated from the zeolitic and
clay content of the tuffs used.

The migration of radionuclides through intact solid rock columns was investigated.10

The elution of sorbing cations (Cs, Sr, and Ba) through devitrified tuff exhibited greater
tailing in the elution curves that could be fitted by adjusting the dispersion coefficient
in Equation (1). The elution of the sorbing cations through solid-tuff columns could be
fitted with the measured batch-sorption coefficient provided time-dependent disper-
sion was invoked. Whether the anomalous dispersion behavior is the result of the finite
size of the solid columns is currently under study. Bacri, et. al. ̂  have reported concen-
tration profiles (in unsaturated porous media) that exhibit long tails as a result of the
sample length being too small to achieve a statistical random walk.

A transport model12 was used to fit the elution of nonsorbing radionuclides through
fractures.13 The model consists of vertical flow through fractures with horizontal diffu-
sion into the matrix perpendicular to the fracture.12 Elution of the sorbing radionu-
clides through the fracture exhibited a small fraction of the radionuclide eluting early,
which could be due to dispersion or channeling phenomena.

Rock-beaker experiments were used to study the diffusion of radionuclides through
saturated Yucca Mountain tuffs.14 The experimental technique involved fabricating
containers in the form of a beaker (made of tuff)- Figure 5 shows a cross section of a
rock beaker encapsulated in a Plexiglas container. The rock beaker sits on the Plexiglas
container (surrounded by a layer of J-13 water on the sides). A Plexiglas stopper is
used to prevent evaporation. The beaker has an orifice with a radius of 1.4 cm and
length of 2.5 cm. The rock beaker has a length of 5 cm and a radius of 3.1 cm.

The radionuclides used for these experiments were H-3, Tc-95m, Np-237, Am-241, Sr-
85, Cs-137, and Ba-133. A J-13 solution containing the radionuclides of interest was
placed in the cavity of the rock beakers. Aliquots of the solution containing the
radionuclides of interest were taken as a function of time and analyzed for radionuclide
concentration. Figure 6 shows the concentration left in the solution in the cavity of the
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Figure 5: Sample Rock Beaker.
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rock beaker (made with tuff G4-737) divided by the initial concentration of the solution
placed in the rock beaker as a function of time elapsed after the J-13 solution was placed
in the cavity.

The diffusion data were fitted to the diffusion equation, given by Equation (4), using
the transport code TRACRN.15 Figure 7 shows the fits obtained (solid lines) using

Figure 6: Diffusion Data for Rock Beaker G4-737.
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TRACRN for nonsorbing radionuclides (H-3 and Tc-95m) in a beaker made of tuff G4-
737. The diffusion coefficients obtained for the nonsorbing radionuclides in all the tuffs
studied are given in Table 1. Large anions such as pertechnetate are excluded from tuff
pores because of their size and charge. The diffusion coefficients obtained for nonsorb-
ing radionuclides agree well with previous results.16

Figure 7: Fits (solid lines) to Diffusion Data for Rock Beaker G4-737.
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The relationship between F and C describes the sorption mechanism that is observed
for the sorbing radionuclides. If sorption is linear, reversible, and instantaneous, then
F/C is equal to a sorption coefficient (K^). In order to test this assumption, batch-sorp-
tion experiments were performed using the tuffs studied. The batch-sorption proce-
dure consisted of pretreating 1 g of tuff with 20 ml of a J-13 solution for two weeks, sep-
arating the phases, adding 20 ml of the J-13 solution containing the radionuclides of
interest to the pretreated tuff, separating the phases by centrifugation, and determining
the amount of radionuclide in both phases. The sorption coefficients (K^) determined
in this manner are given in Table 2.

The diffusion of the sorbing radionuclides could not be fitted assuming reversible,
instantaneous, and linear sorption. Figure 8 shows the fit that would be obtained
assuming the diffusion coefficient determined for tritiated water in tuff G4-737 and the
sorption coefficient determined for each sorbing radionuclide in tuff G4-737.
Comparison of the fits for the sorbing radionuclides with the actual data obtained (see
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Table 1: Diffusion Results.

Tuff

Sample

G4-737

GU3-304 #1

GU3-304 #2

GU3-433

GU3-1119

Topopah

Outcrop

Major
Minerals, %

alkali feldspar, 68

cristobalite, 28

alkali feldspar, 75

cristobalite, 25

alkali feldspar, 76

cristobalite, 15

alkali feldspar, 70

quartz, 19

alkali feldspar, 59

cristobalite, 23

quartz, 12

Porosity D (rm2/s)

HTO TcO"

o

0.07

0.06

0.10

0.10

0.07

2.2 x 10"

1.5 x 10

1.6 x 10

-6

-6

3.5x10-6

2.0 x 10-6

1.0 x 10-6

3.9 x 10-7

3.0 x 10

3.0 x 10

-7

-7

4.9 x 10-7

1.0 x 10-7



Table 2: Sorption Results.

Tuff

Sample

Major

Mineral, %

Kd

G4-737

GU3-304

GU3-433

GU3-1119

Topopah

Outcrop

alkali feldspar, 68

cristobalite, 28

alkali feldspar, 75

cristobalite, 25

alkali feldspar, 76

cristobalite, 15

alkali feldspar, 70

quartz, 19

alkali feldspar, 59

cristobalite, 23

quartz, 12

Np

8

8

9

8

9

Am

134

154

136

Cs

532

342

1264

494

465

Sr

52

18

20

42

20

Ba

28

19

61

27

25



example in Figure 9) indicates that conservative transport calculations will result from a
batch-sorption Kj and the diffusion coefficient obtained for tritiated water.

The results obtained from rock-beaker experiments agree with previous results.17 Tuff
wafer experiments were used to study the uptake of sorbing radionuclides by tuff, and
the rate constants for uptake of the sorbing cations on tuff were consistent with a model
that is diffusion limited (where diffusion occurs in two stages). First, the cations diffuse
into rock through water-filled pores and then the cations diffuse into narrower
intracrystalline channels. This diffusion model yielded sorption coefficients that agree
well with sorption coefficients determined by batch techniques for the cations Cs, Sr,
and Ba.

0.0E+0

Figure 8: Calculated Diffusion Data for Rock Beaker G4-737.
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Figure 9: Comparison of Fit Obtained (solid line) with Actual Cs
Data (solid squares) for Rock Beaker G4-737.

l.OE+0
1

9.0E-1

8.0E-1

7.0E-1-

6.0E-1-

5.0E-1 -

4.0E-l :

3.0E-l :

2.0E-1-

1.0E-1-I

np+n
1.01

\

\

\

\

\

• q)
• • • • • \ ^ afla&

• Cs

O D=2e-6Kd=532

'+2 1.0E+3 1.0E+4 1.0E+5 1.0E+6 1.0E+7 1.0E+8
Time (seconds)

STRATEGY FOR VALIDATION OF BATCH-SORPTION DATA

Figure 10 shows the strategy to validate batch-sorption data using laboratory transport
experiments under advective and diffusive conditions. Batch-sorption experiments will
be performed to obtain sorption coefficients and identify sorption mechanisms because
they are fast, easy, and inexpensive when compared to column experiments. Results
from column experiments using crushed material will be compared with results from
batch experiments [using Equation (4)]. Discrepancies may be due to slow kinetics of
speciation in solution, mass transfer kinetics, or sorption which is nonlinear, nonre-
versible or noninstantaneous. Column experiments will also be sensitive to the forma-
tion of radio-colloids (such as Pu(IV) polymer) or pseudo-colloids (such as radionu-
clides adsorbed onto minerals suspended in groundwater).

Provided that the discrepancies between crushed-rock columns and batch techniques
can be resolved and that the sorption coefficient given by the batch technique yields a
conservative value, the effect of crushing will be studied. Intact tuff will be used in col-
umn and diffusion experiments to assess whether batch-sorption coefficients obtained
with crushed material are applicable to transport calculations.
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Figure 10: Strategy for Validation of Batch Sorption Data.
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Varying the degree of saturation in column and diffusion experiments will allow assess-
ment of the applicability of batch-sorption coefficients (obtained under saturated condi-
tions) to transport calculations under unsaturated conditions. Fractured-tuff columns
will be used to study transport through fractured tuff. The transport model describing
vertical transport through fractures, diffusion from the fractures into the matrix, and
sorption within the matrix (described by a batch-sorption coefficient) will be tested.

CONCLUDING REMARKS

Our objective in this paper was to validate using a batch-sorption coefficient in trans-
port calculations. The fact that Figure 10 shows a Kjj= 0 for colloids simply means that
it is acknowledged that colloids may travel as fast as the groundwater and that colloid
transport will probably not be treated using the batch-sorption K^ approach.

Calculations made by Ogard in the Groundwater Chemistry Task of the Yucca
Mountain Project (YMP)18 indicate that the quantity of particulate matter in the
groundwaters collected in the vicinity of Yucca Mountain is not significant enough to
carry a sizeable amount of radioactivity. Based on these preliminary results, Ogard con-
cluded that colloid transport is not important at Yucca Mountain. Since no conclusive
evidence exists at this time, staff performing the Dynamic Transport Column
Experiments and Retardation Sensitivity Analysis Studies for the YMP are designing a
colloid strategy to quantify the genesis of colloids (by natural processes and as a result
of emplacement) as well as the transport of colloids through tuff.

Preliminary colloid experiments include determining the size distribution of Pu(IV)
polymers19 and studying colloid transport of well-characterized synthetic colloids (in
the size range from 0.1 to 10 micrometers) through saturated fractures.6 No elution of
the colloidal material was observed in the fracture experiments, except in the case of the
1-micrometer colloids for which 24% of the input material was eluted through the frac-
tured-tuff column. This observation is in agreement with the predicted size depen-
dence of colloid filtration transport models.20
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Abstract

Tracer experiments have been conducted in the laboratory as well as in the field, but
few experiments have been performed to verify how well laboratory determined transport
parameters can be used for field scale predictions. This study deals with the measurement
and prediction of tritium, chromium and boron movement through unsaturated laboratory
soil columns (diameter 5 cm, length 30 cm), through a field column (diameter 92 cm, length
600 cm), and through an undisturbed field profile (down to 600 cm). Laboratory determined
dispersivity values were approximately 1/5 the value for the field column. Retardation
factors were similar in both size columns, but a first-order irreversible rate coefficient used
in the prediction of chromium transport was an order of magnitude larger in the laboratory
column than in the field column, making predictions of chromium transport in the field
column based on laboratory column data erroneous. With dispersivities determined in the
field column, laboratory column parameters could be used to accurately predict field column
boron break-through curves. The models and parameters used in the predictions will be
used to describe boron and chromium movement in the field profile.

Introduction

The movement of water and contaminants through soil is often studied with the help
of tracers. Both reactive and nonreactive tracers are used. Nonreactive tracers are tracers
which do not chemically interact with the porous medium. Few such chemicals exist, but it
is generally accepted that tritium is a nonreactive tracer. Tracer studies help us understand
the mechanisms of chemical movement through soil, and they estimate the rates of water
flow through soil profiles. Data from tracer studies are also used for validation of computer
models designed to predict chemical transport through porous media. Tracers are used in
groundwater flow studies (saturated flow) as well as for studies on movement of water and
chemicals through unsaturated soils. In this paper we concentrate on unsaturated soils.

Tracer studies have been conducted for many years, and several field and laboratory
methods are available to conduct such studies. Also, a large number of mathematical
models are available to describe and predict tracer movement. The modeling of chemical
transport through porous media is complex because of the many physical, chemical and
biological factors which affect the movement of organic and inorganic substances through
soils and other porous media.
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Van Genuchten and Wierenga, 1986, presented a review of methods for determining
transport parameters that can be obtained from tracer experiments conducted in laboratory
columns and in field experiments. Although tracer experiments have been conducted for a
long time, there are few instances in which results from laboratory column experiments have
been used to predict data at an intermediate scale, or at the field scale. Such efforts are
necessary because it is often not possible to determine these parameters in the field, and one
has to depend on laboratory data. Unfortunately, it is not evident whether the parameters
determined in the laboratory can be used for prediction in intermediate scale experiments
or for field experiments. The objective of the present study was to compare transport
parameters obtained in the laboratory with transport parameters obtained in intermediate
field scale lysimeters, and eventually with parameters determined in an undisturbed field soil
profile.

Materials and Methods

Unsaturated-flow transport experiments were conducted in laboratory columns, in an
intermediate scale field column, and in an undisturbed field soil profile. The laboratory
column experiments were performed in plexiglass columns 5 cm in diameter and 33 cm long.
Porous, stainless steel plates mounted in plexiglass bases were used to close the lower ends
of the columns. Two tensiometers (one near the top of the column, the other near the
bottom) were attached to each column. Berino loamy fine sand (Fine-loamy, mixed, thermic,
Typic Haplargid) was used to fill each column. The moisture content was determined
gravimetrically and used to calculate soil bulk density, pore volume and volumetric moisture
content. After each column was filled, it was positioned vertically on top of a vacuum
chamber enclosing an automatic fraction collector (ISCO, Lincoln, NE). A 0.005 M
Ca(NO3)2 solution was used to irrigate the columns prior to the start of the mobility study
and to establish steady flow conditions. Steady flow was assumed to be established when the
rate of effluent collected from the bottom of the column equaled the rate of solution applied
to the top of the column, and when the weight of the column remained constant over time.
During this period of equilibration, suction in the vacuum chamber was adjusted until the
pressure heads in the two tensiometers of each column were equal, thus implying unit
gradient conditions and uniform unsaturated water contents with depth in the column. A
hand-held pressure transducer with digital readout (Marthaler et ah, 1983) was used to
measure pressure heads.

After reaching steady flow, the input solution was replaced for various periods with
a solution containing tritiated water (0.02 mCi ml1), boron (H3BO3) or chromium (K2CrO4).
All solutions were applied using a precision syringe pump (Soil Measurement Systems, 7344
N. Oracle Rd., Tucson, AZ 85704). The input solution was then switched back to the
original Ca(NO3)2 solution. Solution samples were removed from the fraction collector daily
to minimize moisture loss due to vaporization in the vacuum chamber. Samples were
analyzed for tritium by scintillation counting (Beckman Instruments, Inc., Fullerton, CA) and
spectrometry (Perkin-Elmer Corp., Instrument Division, Norfolk, CO).
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The intermediate scale field column experiment was conducted in a 6.0 m long by
0.95 m ID galvanized steel column originally designed for use as a highway culvert. The
column was also filled with Berino loamy fine sand obtained from the same site where the
soil for the small column experiments was obtained. Detailed descriptions of this column
are given elsewhere (Wierenga and van Genuchten, 1989; Porro, 1990). This soil column
had been used approximately three and one-half years earlier for another leaching study in
which a calcium nitrate solution, replaced for part of the time with a calcium chloride
solution, was applied under steady, unsaturated flow conditions (Wierenga and van
Genuchten, 1989). Calcium nitrate (1.181 g Ca(NO3)24H2O L') was added to well water
to form the irrigating solution that was used to establish steady flow conditions. Steady flow
was assumed to occur when water contents in the column, as measured using neutron
attenuation, did not change over time, and when the rate of effluent from the bottom of the
column was constant. The liquid flux density was maintained at 1.84 cm d"1 throughout the
entire experiment. At this flux, the column remained unsaturated at an average volumetric
water content of 0.15 m3 m 3 (approximately 50% of saturation). The Ca(NO3)2 solution was
replaced with a solution containing tritiated water, boron (H3BO3), chromium (K2CrO4) and
0.005 M CaBr2 for a period of ten days, and then switched back to the original Ca(NO3)2

solution. Solution samples were collected from suction candles installed in the column at
depths of 82, 125, 220, 310, 400 and 500 cm. Solution samples were generally collected two
times every day during the experiment. Samples were analyzed for tritium, boron, and
chromium in the same way as for the small column experiments.

For the field experiment, well water containing tritium, bromide, two fluorobenzoic
acids, boron and chromium was added to a 1 x 12 m2 field plot located near the site from
where the soil was taken for the column experiments. Water contents are measured with
a neutron probe down to 6 m in three planes perpendicular to the long side of the plot, and
in one plane through the middle of the plot. Soil solution concentrations are measured at
0.5 m depth intervals down to 6 m, in a plane perpendicular to the long side of the plot.
The experimental design and initial results are presented in Wierenga et al , 1990. The
experiment is ongoing and no results on the movement of the fluorobenzoic acids, boron and
chromium at this site are available as yet.

The following equation was used to analyze the data:

R*T = D— - v— - KC (1)
at ax2 dx

where C is the concentration of the chemical in solution (ML1), t is the time (T), D is the
dispersion coefficient (iJT1), x is the linear distance in the direction of flow (L) and v is the
average pore water velocity (L T l ) . R is the retardation factor given by
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R = 1 + £^ (2)
e

where p is bulk density (ML1), k is the linear, reversible adsorption constant (L3M'*), 6 is
the volumetric water content (L3L3) and K is a first-order kinetic rate coefficient, used to
describe the irreversible reaction of Cr6+ with the soil.

Equation (1) was found to describe the solute concentration distributions of tritium
(with K = 0) and chromium in the small and large columns well, but the boron data
deviated significantly from the solution of Eq. (1) with K = 0. Early appearance of boron
and delays in reaching full breakthrough, or "tailing" were observed. One approach to model
tailing is by dividing the soil into mobile and immobile zones (van Genuchten and Wierenga,
1976, Skopp and Warrick, 1974), with transport between the two zones diffusion controlled.
Application of this approach to the tritium data indicated that the percentage of immobile
water was small, and that nearly all of the water in the columns participated freely in the
convective transport of tritium (Porro et al., 1991).

Selim et al. (1976) proposed a two-site kinetic non-equilibrium model, in which
adsorption on one fraction (type-1 sites) is instantaneous and adsorption on the other
fraction (type-2 sites) is time-dependent.

Adsorption on both types of sites at equilibrium is described by linear equations:

S, = kjC = FkC (3)

S2 = l^C = (1 - F)kC (4)

where the subscripts 1 and 2 refer to type-1 and type-2 sites, respectively, and F is the
fraction of sites occupied by type-1 sorption sites. Total adsorption at equilibrium, S, is
given by

S = Sj + S2 = kC (5)

Since type-1 sites are always at equilibrium, Eq. (3) leads to

114



5 - Fk^
at at

A linear, reversible, first order rate equation

as,
at

where a is a first order rate coefficient, is used to describe the adsorption rate for the type-2
kinetic non-equilibrium sites. Combining Eqs. (6) and (7) with (1) and assuming K = 0 ,
leads to the following transport model:

£ fh - D ^ - v ^ (8)
2

D v
e J at e at ax2 ax

* 2 - «[(1 - F)kC - SJ
at

A solution of (8) and (9) was used to describe the boron concentration distributions.

Transport parameters (dispersion coefficients and sorption-related parameters) were
determined using the multiparameter optimization program of Parker and van Genuchten
(1984). Pulse times and average pore water velocities were assumed known values. The
r2 values, calculated from simple linear regression of observed versus predicted data, were
used to indicate how well the model fit the data.

Results and Discussion

An example of observed and predicted tritiated water breakthrough curves for a small
column experiment is presented in Figure 1A. Other small columns gave similar results.
For the three columns tested (Porro et al., 1991) tritiated water dispersivities (e = D/v)
averaged 0.69 cm. These dispersivities agree with those found by others working with small,
laboratory scale columns of homogeneously packed soil (Nielsen and Biggar, 1962; Kirda et
al., 1973; Bresler and Laufer, 1974; Wierenga and van Genuchten, 1989).
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Figure 1. Observed and fitted relative effluent concentration distributions for tritium and
chromium in a small column.
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The retardation coefficient for the data in Figure 1A is smaller than 1. Retardation
coefficients slightly larger or smaller than 1 are frequently obtained for tritiated water flow
through soil columns, and may have various causes (Porro et al., 1991). One possibility is
the presence of a small amount of immobile water. However, application of the two region
mobile-immobile water model to the data (van Genuchten and Wierenga, 1976) had little
effect on the values of the retardation factor or dispersion coefficient obtained.

The chromium breakthrough curve shown in Figure IB appears similar to the tritium
breakthrough cuive resulting in values for D and R comparable to those for tritium. Note,
however, that the relative chromium concentration never reached 1.0. Furthermore, mass
balance calculations indicated a chromium loss of 14.3%. James and Bartlett (1983)
observed a 13% loss of Cr6+ from two Northeastern U.S soils. The non-reversible rate
coefficient (K = 0.20) had to be used to fit Eq. 1 to the data. The loss of chromium may
have been due to reduction of Cr6+ to Cr3*. Once reduced, the Cr3* is readily adsorbed or
precipitated (Bartlett and Kimble, 1976) and, thus, unavailable for transport through soils.

Equation (1) with K = 0 was also fit to the observed tritium and chromium
concentration distributions in the large column. By fitting the equation to data from each
depth, transport parameters were obtained for each depth segment (e.g. 0-85, 0-125, etc.)
The average dispersivity in the large column (4.53 cm) obtained by averaging the dispersivity
values of all six depth segments, was greater than for the small columns (0.69 cm). Larger
dispersivities are often found in field scale experiments (van de Pol et al., 1977; Jury and
Sposito, 1985). They represent the non-homogeneity encountered in the field. Although the
large column was very carefully packed, there may have been spatial variations in bulk
density and water contents, and hence in flow velocities.

Observed and fitted chromium breakthrough curves at each depth are shown in
Figure 2. The solid lines, computed using a solution of Eq. (1), are in excellent agreement
with the observed data. The average chromium dispersivity (2.05 cm) was less than the
average tritiated water dispersivity (4.53 cm), but larger than the average chromium
dispersivity from the small columns (0.88 cm). The smaller dispersivity value of chromium
as compared to tritium rnay be due to the fact that the effective pulse of chromium was
smaller than that of tritiated water due to the irreversible loss of chromium.

Retardation factors for chromium were close to one (0.99 to 1.06) and similar to
those for tritiated water. This agrees with the small column results, and indicates that the
chromium that remains in solution is as mobile as the water that moves through the soil.
Irreversible rate coefficients for chromium in the large column were similar at all depths
(0.02 to 0.03 d ' ) indicating that the loss of chromium in the large column was a continuous,
uniform process. By plotting the fraction of input chromium recovered as a function of
depth, an inverse linear relationship was obtained (Fig. 3; r2 = 0.97). Projecting the
chromium loss past the bottom end of the column indicates no chromium would be
recovered below the 700 cm depth. The average rate coefficient 0.03 d1 is about an order
of magnitude lower than the average value found in the small column experiments (0.31 d'1).
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An effort was also made to predict the chromium concentration distributions shown
in Fig. 2 based on small column parameters (Porro et al, 1991). This effort was successful
provided the average large column rate coefficient (K = 0.03) was used in the predictions.
Using the small column rate coefficient (K = 0.31) resulted in greatly underpredicted
chromium distributions. This demonstrates, quite dramatically, the importance of chromium
reduction on Cr6+ transport in unsaturated soils. These results also seem to indicate that for
prediction purposed estimated values of D and R may suffice, provided the rate coefficient
K is precisely known.

Figure 4 presents the relative boron effluent concentrations for steady flow of water
and boron through a small column. The solid line in Figure 4 was obtained by fitting a
solution of Eqs. (8) and (9) to the boron effluent data. The model describes these data well,
judged on visual observation and the r2 value. As expected, the data in Figure 4 could be
described equally well with a solution of the mobile-immobile model as with a solution of
Eqs. (8) and (9). This is because both models have the same mathematical form when
expressed in reduced variable form (Nkeddi-Kizza et al., 1984). However, the parameters
in the model have a totally different meaning. For boron we choose Eqs. (8) and (9)
because comparison of the tritium effluent data from the same column with a solution of the
mobile-immobile water model showed that nearly all the water in the column participated
freely in the convective transport of tritium. We assumed the same to be true for boron,
with uncharged boric acid the main solution species, and a saturated paste pH level of the
soil of 7.8. The fitted parameter values in Figure 4 show considerable retardation (R = 4.8),
a linear Freunlich type adsorption coefficient k = 0.44, and 72% of the sorption sites of the
equilibrium type (F = 0.72). Figure 5 shows the observed and fitted boron concentration
distributions for the large column at 82 and 220 cm. The two-site model described the data
equally well at all depths, indicating that two-site adsorption is reasonable, or that boron is
present in two forms, each with a different adsorption rate. Porro (1990) reviewed some of
the earlier evidence presented for multi-site adsorption of boron.

Retardation factors in the large column range from 5.6 to 9.7. These values are
greater than the R value determined for the small column (R = 4.8). This may be due to
the fact that the soils used for the two columns came from two different subsamples.
Nevertheless, these R values compare favorably with those of Elrashidi and O'Connor
(1982)determined for similar textured soils. The large column experiment lasted for 180
days. Had the experiment been continued beyond 180 days at the same steady flow rate,
it would have taken about three years for the boron to leach past the 500 cm depth. The
maximum boron concentration at this depth would have reached no more than 6% of the
applied level.

A comparison was also made between observed boron concentration distributions and
predictions made with Eqs. 8 and 9, using small column parameters (Porro, 1990). The
predicted curves had higher peak values and steeper slopes than the observed curves at all
depths, resulting from the low dispersivity values measured in the small columns. Using
Ismail column boron transport parameters and large column dispersivities resulted in
predictions very similar to observed boron concentration distributions. It made little
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difference whether dispersivities were obtained from the large column tritiated water
breakthrough curves, or from the large column boron breakthrough curves.

Summary

Solute transport experiments were conducted in small columns and in one field size
column. Nearly symmetrical breakthrough curves were obtained for tritiated water and
chromium in the small columns, as well as in the large column. Retardation factors for
tritiated water and chromium were close to one, but the large column dispersivity was about
5 x the small column dispersivity. There was considerable loss of Cr6+ during transport
through the soil. This was accounted for by a kinetic, irreversible, first-order reaction term,
which differed significantly for the two size columns. Boron transport in the large column
could be described with small column parameters, provided a large column dispersivity value
was used. However, boron breakthrough curves were asymmetrical, and a model with two
site adsorption (or two forms of boron in solution) was required. The results show that
small column parameters do not always apply to intermediate scale experiments.
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TRANSPORT IN UNSATURATED FLOW SYSTEMS USING
CENTRIFUGE TECHNIQUES

by

James Conca

ABSTRACT

This report is a compilation of results from investigations on unsaturated flow

and diffusion using the Unsaturated Flow Apparatus (UFA) in combination with other

techniques at the Washington State University Tri-Cities Earth and Environmental

Sciences Laboratory. These results bear directly on the goals of the Radionuciide

Adsorption Workshop concerning experimental determination of unsaturated transport

properties as stated in the First Report to the if. S. congress and (he U. S. Department of

Energy from the Nuclear Waste Technical Review Board.

Transport parameters (diffusion coefficients, D(B), hydraulic conductivities,

K(6), and retardation factors, /?/) have been experimentally determined in unsaturated

gravel, soil, bentonite and whole rock over a wide range of water contents in order to

construct relationships of water content to each parameter for use in modeling of flow

and transport in the near-field, far-field, and backfill environments. The water content

of the media was fixed at desired levels by use of an ultracentrifuge with an ultratow

constant-rate flow pump supplying solution to the sample via a rotating seal. Once the

water content was fixed at the target value and the system had achieved hydraulic steady-

state, transport parameters were determined from associated methods, e.g., 1) the

electrical conductivity of the sample was measured using a 1 kHz conductivity bridge

and the diffusion coefficient calculated from the electrical conductivity using the

Nernst-Einstein equaticn; 2) hydraulic conductivity was determined from the driving

force and flux density; 3) the effluent was monitored/collected/analyzed for chemical

interactions and retardation effects. These parameters have been investigated on

different samples over the past two years since construction of the UFA. Project goals

and specific milestones have resulted In diffusion coefficients of unsaturated gravel and

soil being the most extensively studied parameter, but the UFA was originally designed to

determine retardation factors and transient chemical interactions in unsaturated tuff.

Effective diffusion coefficients in all unsaturated media were found to be

primarily a function of water content and not material characteristics except where the

characteristics affect or determine water content. At high water contents, D(9)

gradually declines as water content decreases, from 1 0 5 cm2/sec at a volumetric

water content of about 50% to 10"7 cm2/sec at a volumetric water content of about

5%, followed by a sharp decline as surface films become thin and discontinuous and

pendular water elements become very small, from 10"7 cm2/sec at a volumetric water
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content of about 5% to 10'9 cm2/sec at a volumetric water content of about 0.5% to

1 % . Whole rock appears to behave similarly, although not many data have been

collected. Tortuosities can theoretically be higher in fractured media than in aggregate

materials, but the heterogeneities and apparently random intersection of flow porosities

in most natural fractured media result in diffusion coefficients close to those of soil and

gravel of the same water content. In the UFA, the matrix/small fractures adjacent to a

larger fracture still must be saturated, or nearly saturated, before the larger fracture

will begin conducting water, a property of natural systems that, together with the usual

subsurface structural and geological heterogeneities, results in the pulsed cyclic flow of

most vadose zone environments.

However, in aggregate material such as gravel and soil where the particles

themselves have significant porosity, the total water content is a combination of surface

water (particle surface films and pendular elements) and internal water (matrix and

fracture/pore-filling water) that has infiltrated into the particle interiors. The

internal water was found not to contribute to the diffusion coefficients measured in these

materials which are a function only of the surface water contents. Humidity chamber

experiments with both initially wet and initially dry porous tuff gravel show that the

volumetric water content in equilibrium with a subsurface environment pore/fracture

atmosphere of 100% humidity will be between 2% and 3%, but the surface will be air-

dry and the diffusion coefficient will be below 10~11 cm2/sec. This has important

implications for possible tuff rubble backfill materials in a vadose zone geologic

repository.

The UFA attains hydraulic steady-state with respect to advective flow. With

increasing rotation speed, the water content approaches some asymptotic value,

depending upon the flux density and intrinsic permeability, below which no adveclfon

occurs, and where further water migration in the natural setting takes place by

molecular diffusion and vapor transport. For most subsurface materials in arid regions

of low recharge, such as the Hanford site, this value is in the neighborhood of several

percent by weight. In such arid regions, the subsurface zones involved in pulsed cyclic

flow will dominate transport of contaminants and recharge. Transport of non-vapor

phase species into and out of areas not involved in pulsed cyclic flow may be diffusion

dominated. Optimal repository site selection and emplacement of engineered barriers is,

therefore, critical for maximizing radionuclide isolation from the environment.
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PRODUCTION

Modeling the transport of contaminants in vadose zones surrounding nuclear and

hazardous waste repositories requires knowledge of the material characteristics under

unsaturated conditions. The diffusion coefficient, D(9), and the hydraulic conductivity,

K(0), are two of the several unsaturated transport parameters that are least known but

that are key input parameters to existing and developing models of contaminant release

from such systems [Pigford and Chambr6, 1988]. Knowledge of D(d) and K($) as a

function of the volumetric water content, e, is particularly important in the near-field

transition zone around waste packages where changes in temperature, water content,

compaction of backfill, infiltration of fines, and secondary mineralization will alter the

transport character of near-field environments. However, little experimental data

exists on these systems under unsaturated conditions because of the long experimental

durations associated with achieving steady-state at low water contents using traditional

techniques.

The objective of the studies described in this report was to use a new Unsaturated

Flow Apparatus (UFA) to experimentally determine the diffusion coefficients and

unsaturated hydraulic conductivities for a variety of geologic materials over a wide

range of unsaturated water contents. Relationships of water content to each parameter

can then be used in modeling of flow and transport in the near-field, far-field, and

backfill environments, and development of conceptual models of vadose zones. Thus,

soils, whole rock, bentonite and gravel are materials of interest in these systems.

Traditional methods of investigating unsaturated systems require very long times to

attain homogeneous distributions of water because normal gravity does not provide a

large enough driving force relative to the low hydraulic conductivities that characterize

highly unsaturated conditions. The reliability of calculating K(6) from Ksat with

curve-fitted water retention data has not yet been established at very low water contents

for most geologic media. This may be particularly important in situations of extremely

low recharge rates where the water content falls below the lower advective flow

boundary for that material. Below this boundary further water migration is no longer

dominated by advection, but occurs primarily by molecular diffusion and vapor

transport (a kind of low Peclet number situation for water as the migrating species).

Gravel is even more difficult to study because it has an extremely non-linear

water content - to - pressure head relationship. Desaturation occurs almost
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immediately after drainage begins, followed by a short period of slow drainage over a low

and narrow range in water content, ending with a long period where water redistribution

is dominated by diffusion and vapor transport. Gravel systems have become important

because of their recent use as backfill materials in unsaturated zone waste management

systems. Gravel is effective as both an hydraulic barrier to inflow of water from the

surrounding environment [Frind et al., 1976] and a diffusion barrier to the transport

of ionic contaminants away from waste packages [Conca and Wright, 1990]. Even under

saturated conditions, many assumptions of transport and diffusion may not be warranted,

such as assuming compacted bentonite will saturate over its 10,000 year design life, or

that Rf is independent of compaction density, assumptions that can greatly overestimate

the bentonite transport properties.

Wierenga ceils, designed for unsaturated soil investigations, should work very well

for non-welded tuff and rocks of intermediate to high conductivities, but may require

extremely long time periods for low-conductivity media such as welded tuff, crystalline

rock or compacted benlonite. The low conductivities of fractured whole rock under

normal potential gradients have hampered experimental studies because of these long

time scales required for the experiments. Most of the existing transport data on

fractured rock comes from saturated flow studies using high pressures that reduce

experimental times but lose the natural conditions by inducing new fractures, enlarging

existing fractures, and affecting pressure-dependent reactions and phase stabilities. In

situ measurements of unsaturated flow in whole rock in boreholes or at the surface using

surface infiltrometers have provided some excellent results [Kilbury, et al., 1986],

but are restricted to a narrow range of water contents, and the boreholes themselves can

severely disturb the system [Montazer, 1987]. Lin and co-workers at Lawrence

Livermore National Laboratory [Lin and Daily, 1984] have shown that computed

impedance tomography (CIT) has great promise in the study of unsaturated flow, but CIT

still has only coarse resolution and is not developed for aqueous chemical studies. Yang

and co-workers at the United States Geological Survey Denver have extracted pore water

from unsaturated tuff using triaxial compression [Yang, et al., 1988] but this method is

not designed to investigate unsaturated flow.

Therefore, a new technique was developed to investigate transport parameters in

unsaturated media that would overcome some of these experimental difficulties. It was

decided to use the larger driving forces obtainable with centrifugation techniques in

combination with precision fluid flow through a rotating seal. Samples are subjected to
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various controlled fluxes and driving forces, and respond by changing their water

content. Hydraulic steady-state is achieved in hours to days depending on the target

water content and intrinsic permeability of the material.

Once the water content is fixed and the material is at hydraulic steady-state,

transport parameters can be determined from associated methods:

• hydraulic conductivity can be determined from the driving force and flux
density,

• the electrical conductivity of the sample can be measured for determination of
diffusion coefficients using the Nernst-Einstein equation,

• the effluent can be monitored/collected/analyzed for chemical interactions and
retardation effects.

Each of these parameters has been investigated to varying degrees on different samples

over the past two years since construction of the UFA.

METHODOLOGIES

Water Content and Centrifugation

The application of a centripetal acceleration (or its inertia! effect, the centrifugal

force) to geologic problems is as old as centrifugation itself [Russell and Richards,

1938]. However, the use of steady-state centrifugation to fix the water content and to

measure unsaturated hydraulic conductivities has only recently been demonstrated for

soils by Nimmo et al. [1987]. There are specific advantages to using a centripetal

acceleration as a fluid driving force. It is a body force similar to gravity, and so acts

simultaneously over the entire system and independently of other driving forces, e.g.,

gravity or matric suction. The UFA developed for this study consists of a rock core

ultracentrifuge with an ultralow constant-rate flow pump which provides any liquid or

gas to the sample surface through a rotating seal assembly and microdispersal system

(Figure 1). Accelerations up to 20,000 g are attainable at temperatures from 0° to

150°C and flow rates as low as 0.1 ml/hr. The effluent is collected in a transparent,

volumetrically-calibrated container at the bottom of the sample assembly which can be

observed during centrifugation using a strobe light.

Under a centripetal acceleration in which the water is driven by both the matric

potential and the centrifugal force per unit volume, pofir, Darcy's Law is given by
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Chamber

Secondary Fluid Inlet

Stationary Seal

Figure 1. Schematic of the rotor and seal assembly' for the Unsaturated Flow
Apparatus (UFA).
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q . -K(v) [dy/dr - paPr] (1a)

where q is the flux density into the sample; K is the hydraulic conductivity, which is a

function of the matric suction (v) and therefore of water content (6); r is the radius

from the axis of rotation; p is the fluid density; and <o is the rotation speed. Moisture

distributions in homogeneous samples run in the UFA are uniform to within 3%.

Appropriate values of rotation speed and flow rate into the sample are chosen to obtain

desired values of flux density, water content, and hydraulic conductivity within the

sample. At speeds above about 400 rpm, provided that a sufficient flux density exists,

dyf/dr « pafcr and equation 1a reduces to q » K(y) fpafir] or

K(v) * q/patr (1b)

As an example, a 45-gram sample of a silt accelerated to 2000 rpm with a flow rate into

the silt of 3 ml/hr achieved hydraulic steady-state in two hours at a volumetric water

content of 22.4% and an unsaturated hydraulic conductivity of 2.5 x 10*7 cm/sec.

Part of these studies was devoted to the verification of equation 1b regarding the linear

dependence of K on flux and the second order dependence on rotation speed, and under

which run parameters equation 1b is valid.

Attainment of Hydraulic Steady-State

In order for equation 1b to be valid in the determination of K(0), hydraulic steady-

state must be achieved and oy/dir must be negligible, i.e., y(r) must be constant. This

will give rise to a uniform water distribution in the sample. Nimmo, et al. [1987] and

Nimmo and Akstin [1988] have shown this to be the case both theoretically and

experimentally in their centrifuge studies with Oakley sand and Yolo clay. For

quantitative predictions of the y(r) profile during steady-state flow, Nimmo solved

equation 1a for y(r) using the fourth-order Runge-Kutta method with K(y) computed

by an empirical relation [Gardner, 1964]. The predictions indicated that y(r) would

approach a constant value most closely at higher flux densities and higher rotation

speeds.

Some verification of equation 1b can be obtained by determining the water

distribution in a sample after an experimental run in the UFA. Figure 2 shows the water

distribution in a soil after running at 1000 rpm for 2 hours with a flow rate of ?0

ml/hr. The uniformity of the water content indicates that hydraulic steady-state hat
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been achieved and that equation 1b may be a good approximation. Variations in

characteristics within the sample may account for the small heterogeneities in the water

content. Also, after 1 hour, the flux out of the sample equaled the flux into the sample,

indicating that hydraulic steady-state has been achieved.

Electrical Conductivity and Determination of the Diffusion Coefficient

It was anticipated that diffusive fluxes through unsaturated materials would be much

tower than in pure solution, resulting in inordinately long time periods needed to collect

sufficient data from transient-state experiments. Additionally, the maintenance of

proper boundary conditions and the difficulty of experimental setup for direct steady-

state techniques under unsaturated conditions necessitated the search for an indirect

method to measure diffusion coefficients. The most widely used indirect method is the

measurement of electrical conductivity in a potentiostatic or galvanostatic mode, which

provides reliable estimates of diffusion coefficients in dilute electrolyte solutions

[Miller, 1972]. Difficulties with initial application of the four-electrode method

involving measuring the potential drop across the resistor, capacitance effects and large

measurement uncertainties, resulted in a variation of the two-electrode method being

developed for these studies [Rhoades and Oster, 1986].

Conductivity measurements of aqueous solutions actually measure the impedance (the

AC analog of DC resistance) at the impressed frequency. Impedance is a complex variable

vector sum of the real in-phase (resistive) and the imaginary out-of-phase (reactive)

components of the system response. For conductivity measurements (conductivity is the

reciprocal of resistivity) using AC excitation, it is the in-phase component of impedance

that is a measure of the true solution resistivity (or conductivity) and that can be used

to represent the migration of ions in the solutions that form thin films and pendular

elements in geologic material. Therefore, the impedance must be totally resistive, i.e.,

no capacitive elements, for the Nernst-Einstein relationship to be applicable. This was

verified for unsaturated geologic systems with a 1 kHz bridge using electrochemical

impedance spectroscopy which gives direct information about the real and imaginary

components of impedance as a function of excitation frequency [Conca and Wright,

1990]. The impedance in these systems is a constant, frequency-independent quantity

in the 600 to 7,000 Hz region, and is totally resistive in the 400 to 10,000 Hz region.

Thus, the measured impedance at 1 kHz on unsaturated geologic systems is a good

measure of the true system resistance and its reciprocal, conductivity, and will give
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reliable values for diffusion coefficients calculated from the Nernst-Einstein equation.

In addition, we have determined D(0) on the same soils using the UFA-electrical

conductivity method and using Kemper's empirically-derived relationship [Bresler et

al., 1982]. The results are shown in Figure 3 and agreement is good with an

R 2 - 0 .99 .

The standard unit of conductivity is reciprocal ohms cm or mhos/cm. Once electrical

conductivity measurements are made, they can be related to the diffusion coefficient

through the Nernst-Einstein equation [Jurinak et al., 1987]. For the experimental

design of this study, the Nernst-Einstein equation is

Di « BI X QQli (2)

where D, is the diffusion coefficient of the ith ion (cm2/sec), R is the gas constant

(J/deg mol), T is absolute temperature (Kelvin), f is Faraday's constant (coul/mol), 0

is the cell constant for the UFA conductivity cell sample holder (cm'1), G is the

measured conductance on the conductivity bridge (mhos), f; is the transport or

transference number of the ith ion (tK+ - 0.4898 at 0.1M;tN a+ - 0.3854 at 0AM)),

Zj is the charge number on the ith ion (dimensionless) and C; is the molar concentration

of the ith ion. The diffusion coefficients determined in this study have been corrected for

solution non-ideality using the extended Debye-Huckel approximation [Stumm and

Morgan, 1981].

The electrical conductivity cell designed for use in the UFA fits inside the centrifuge

sample chamber and has two stainless steel electrodes 2.5 cm apart [Conca and Wright,

1990]. Stainless steel electrodes are ideal for the low water contents and the current

densities used in these experiments [£imA/cm2; Geddes et al., 1971].

SAMPLE AND SOLUTION DESCRIPTION

The conductivity solutions used in these experiments were 0.1 M KCI and 0.1 M

NaCI. The electrical conductivity of the effluent solutions was monitored during the

experiments to observe any changes in conductivity resulting from water/rock

interactions in the material that would affect the determination of the diffusion

coefficient. The electrical conductivity of the effluent solutions never varied by more

than 0.0005 mhos or 2% of the conductivity of the initial solutions during
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1968; Brester et al., 1982). The curve-fit has an R2 - 0.99.
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determination of the diffusion coefficient. During retardation studies, significant

chemistry changes occurred.

The materials selected for these experimental studies constitute a variety of

geologic media of interest to different repository sites and waste management strategies.

Different angular gravels with particle sizes between 2 mm and 25.4 mm were sieved to

different size ranges to observe grain-size and compositional effects on the diffusion

coefficients. The porosity and density of randomly packed samples of gravels are

between 40 and 55% by volume and 1.3 and 1.5 g/cm3, respectively. The gravels were

monolithologic gravels of basalt, quartzite and granite, Columbia river gravels composed

of >50% basaltic particles with a significant amount of granitic, gniesstc and quartzite;

and Paintbrush Tuff gravel. The monolithologic gravel particles had no appreciable

internal porosity (only trace amounts of vesicular basalt and weathered particles are

present).

The tuff gravels were made by crushing Topopah Springs member rock of the

Paintbrush Tuff. This tuff is the densely welded and devitrified portion of the Topopah

Springs member that has an overall rhyolitic composition [Knauss, 1984]. Sodic

plagioclase and sanidine with minor quartz, biotite, amphibole, iron-titanium oxides,

allanite and zircon, make up the magmatic phenocrysts in the rock. In addition to

residual glass, the rock matrix is composed of cristobalite, alkali feldspars, opaline

minerals and smectite clays resulting from devitrification, vapor phase crystallization

and alteration. The tuff gravel particles have appreciable internal porosity that varies

between about 1 % and 10% depending on the makeup of the particular particles.

Mineralogy and texture of individual tuff particles can vary dramatically depending on

size. For example, individual particles of the 6.3-9.5 mm tuff gravel range from being

entirely made up of a single feldspar phenocryst, to being a fragment of matrix

containing many mineral species, to being a fragment of a cavity composed of vapor

phase crystals surrounded by opaline deposits. The use of samples between 40 and 50

grams appeared to average the composition of the tuff sufficiently to average its behavior

with respect to the hydraulic and diffusion properties. However, variability in the

measured diffusion coefficients between similar sampler undoubtedly results from the

small scale variabilty of mineralogy and texture and how these intersect the electrode

surfaces and interact with the surface water films and pendular water elements that

make up the electrical pathways (and, analogously, the diffusion pathways) within each

sample.
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Kunigeru V^ bentonite, a Na-bentonite obtained from PNC Japan, and a Na-

bentonite obtained from Teague Mineral Products of Adrian, Oregon, were the bentonites

investigated in these studies.

The soils studied were various silts, medium to coarse sands, and gravelly sands

of the Hanford site. Many were different subunits of the highly heterogeneous Hanford

G-1 soil, which has an average composition that varies around 91% sand, 3% silt and

6% clay. Other units were the Hanford G-3 and G-4 soils which have slightly higher

silt and clay components.

The whole rock cores investigated were non-welded Tiva Canyon and welded,

devitrified Topopah Springs members of the Paintbrush tuff and the zeolitized, non-

welded Calico Hills tuff from the Yucca Mountain site.

Mineralogy of the soils and of the fines present in the gravels was investigated
using a Phillips 3600 X-ray diffraction unit operated at 40 KV and 25 Ma using CuKa

radiation. Data were collected in a step scanning mode using 0.02 degree steps and a

count time of 1 or 2 seconds per step, through a range of 3.0 to 80.0 degrees 26.

Ion chromatography and carbon analyzer methods were used to analyze solutions

for major and minor constituent anion and cation groups and species. Bicarbonate ion,

was determined as the difference between Total Carbon and Total Organic Carbon. The

other significant anions, F*, Cl', SO4 2 \ and NO3*. were determined using chemically

suppressed ion chromatography with conductivity detection.

QUAUTY ASSURANCE

The quality assurance (QA) level of these studies were Impact Level II and III

according to PNL-MA-70, using technical procedures already in place. However, Impact

Level I technical procedures are also in place for the UFA and all associated methods.

RESULTS

Water contents were determined by the differences between wet sample weights

and oven dry sample weights. As will be seen, the water content can be separated into

surface water and internal water with regard to its influence on the diffusion coefficient.
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Equation 1b was used to determine the hydraulic conductivity. Equation 2 was used to

determine the diffusion coefficients.

The standard deviation of the diffusion coefficients determined by repeated runs

on different samples is approximately 50%, resulting from variations in the contacts

among the particles and water films in each separate sample as well as variations in the

way that the electrodes intersect conductive pathways within different samples. The

large standard deviation reflects the heterogeneous nature of geologic and should be

expected in the field.

Figure 4 shows D(6) for a whole rock core of Calico Hills tuff, compacted

Kunigeru Vi bentonite, and eighteen soil and gravel samples determined by the UFA-EC

method. The relationship is characterized at higher water contents by a gradual decline

in D(e) as water content decreases, followed by a steep dropoff at low water contents

because of the loss of continuous water pathways as the surface films become thin and

discontinuous, and the pendular water elements become very small. The diffusion

coefficients for all materials fall into a narrow range of distribution and demonstrate

that the diffusion coefficient is dependent primarily on water content, and only

secondarily on soil or gravel type. Different materials can be separated on the basis of

gravel or soil type if fine resolution of the water content is possible, as illustrated in

Figure 5, which shows an expanded D(6) region for the basalt, granite, tuff and

Columbia river gravels.

Figure 6 illustrates the water distribution in unsaturated gravels where there is

negligible internal porosity. The electrical conductivity and, analogously, the diffusion

coefficient of the thin water films on the grain surfaces, G$, determines the upper limit

to the overall electrical conductivity of the gravel. The pendular water elements that

form at point contacts are the bridging pathways between grains and control the

efficiency of the system in attaining the upper limit of conductance determined by the

surface films. The conductivity of the pendular water elements, Gp, is generally larger

than the conductivity in the thin surface films because of increased water contents at

these point contacts. Therefore, the overall conductivity depends on the nature of the

surface film and on the number of point contacts, which depends, in turn, on the water

content, gravel type and grain size of the gravel. At the same water content, and thus,

the same surface film characteristics, a larger gravel size will have fewer point

contacts and should have a lower conductivity. Additionally, under similar conditions,

larger gravel will tend to have lower water contents because of its drainage properties.
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of Calico Hilis tuff, compacted Kunigeru Vi bentonite, and
eighteen soil and gravel samples determined by the UFA-EC
method. The data follow a relatively confined distribution for so
variable a group of materials indicating that the diffusion
coefficient depends primarily on water content.
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Figure 6. Water distribution and relationships during the determination of
the electrical conductivity, G, in the 6.3-9.5 mm basaltic gravel
with no measurable internal porosity. The total water content is
a combination of penduiar water elements and surface films in
ordinary gravel. Subscripts p, s and m represent penduiar
element, surface film and mineral grain, respectively.
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The extent of these effects will depend on gravel type. Gravel with relatively

hydrophilic surfaces, such as tuff and basalt, exhibit only a small decrease in D(9) with

increasing grain size, whereas gravel with relatively hydrophobic surfaces, such as

quartzite and obsidian, show dramatic decreases in D(e) with increasing grain size. This

effect has been successfully used to reduce 0(0) and improve performance in gravel

cocoons acting as diffusion barriers around waste packages by emplacing gravel that has

been artificially coated with a thin veneer of hydrophobic material. Figure 7 illustrates

the reduction in diffusion coefficient by coating of gravel with a thin veneer of asphalt.

Simple Diffusion Coefficients

Electrical conductivity methods measure the simple diffusion coefficient. The

distribution coefficient, K& and the extent of retardation, Rf, for different systems need

to be determined separately for each specific ionic species, media, and fluid composition,

and will result in a decrease in the simple diffusion coefficient as measured by the

electrical conductivity method. Numerical models using D(0) as an input parameter

require the simple diffusion coefficient, as measured by the electrical conductivity

method. It is difficult for traditional half-cell methods to completely eliminate all

advection, retardation, reaction and osmotic effects over the long experimental durations

needed to acquire sufficient data at low water contents.

In the absence of physicochemical processes, simple diffusion coefficients for most

ionic aqueous species are similar, differing by, at most, a factor of four from the self-

diffusion coefficient of water in relatively dilute solutions [Robinson and Stokes, 1959]

which is approximately 2.4 x 10 5 cm 2 / sec at 25°C. Within this small range of

diffusion coefficients there are some general groupings. K+, Tl+ , NH4+, Cs+, Rb+, Cl~,

Br , I", NO3-, ClO^and TCO4- all cluster about 2.4x10*5cm2 /sec at 25°C because

their size is in the critical range (-1.3-2.2 angstroms [A]) below which ions acquire

permanent hydration shells that lower their mobilities by as much as a factor of two

(Li+, Na+, Ca 2 + , Sr2+, IO3* and F~), and above which the large size itself lowers their

mobilities (carboxylic acid anions) also by as much as a factor of two [Robinson and

Stokes, 1959]. The multivalent anions such as SO42" and P3O105' have substantially

higher mobilities, by as much as a factor of 1.5 times 2.4 x 10"5cm2/sec at 25°C,

because shielding of the nuclei by their oxygen atoms prevents significant hydration.

For similar reasons, multivalent complex ions, e.g., Fe(CN)63' and Co(NH3)63+, have

substantially higher mobilities, as much as a factor of 1.5, also as a result of shielding.
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Figure 7. The diffusion coefficient of Columbia river gravel that has been
coated with a thin veneer of AR-4000 hotmix apshalt as a
function of percentage of surface coated. The cluster of points
near the origin represents 86 data points at the limit of detection
for D under these experimental parameters. As little as 10%
uncoated particle surfaces provides adequate water film pathways
for diffusion coefficients to become significant. The same effect
occurs with the presence of several percent fines as surface
contamination on the asphalt coating.
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Therefore, simple diffusion coefficients in porous media that are less than

10'5cm2 /sec result from mechanisms or conditions other than the inherent mobility

differences between the ions themselves. If these mechanisms and conditions are

sufficiently known then barriers can be engineered to minimize the transport of

contaminants away from the waste package by choosing materials and conditions that

minimize D and K while maximizing K</ and Rf.

Diffusion in Bentonite

Previous studies of diffusion coefficients in bentonite used the half-cell method and

consequently determined retardation factors for most species and not simple diffusion

coefficients. The term "simple diffusion coefficient" strictly refers to the various

combined physical effects of the porous media (tortuosity, water content, etc.) and

differs from the "apparent diffusion coefficient" which includes transient retardation

and other chemical effects. Once breakthrough has occurred for a particular species

such as 1 3 4Cs+ or UO22+, retardation ceases and the diffusion coefficient attains the

effective physical value that can be orders of magnitude higher in materials such as

zeolitized tuff or bentonite. The point at which breakthrough occurs is determined by

the capacity of the media for that species under appropriate conditions. Retardation by

non-permanent cation exchange materials such as bentonite, will be reversed by

subsequent interactions with non-contaminated groundwater, creating an additional

source of contaminant migration. It is possible to increase the bentonite layer's

permanent retardation capacity by mixing with inorganic retardants prior to compaction

that permanently bind a variety of contaminant species and will not release or re-

exchange later, even at elevated temperatures. These inorganic retardants can be used in

place of, or in addition to, the sand or crushed-rock fillers normally used to increase the

compaction efficiencies.

Figure 8 shows some results for diffusion coefficients in bentonite, bentonite/sand

or basalt mixtures, Calico Hills tuff and a Hanford G-4 soil determined using the

electrical conductivity method (closed circles) and half-cell methods [Relyea, et. at.,

1986 - half-closed circles; Albinsson and Engkvist, 1989 - open circles]. Also shown

is the D(e) relationship (solid curve) for soils and gravels as a function of water

content [Conca and Wright, 1990]. For silicate aggregate materials the effective

diffusion coefficient is primarily a function of water content. This is also true for rocks

144



o
Q)
(A

u

10- 4

10" s i

10" 6 -

Hanford
Kunigeru V1 G-4 soil
(2.37 g/cc) \

V

uncompacted <

saturated
ber

bentonite/basalt
(1.64 g/cc)

Kunigeru VI
(0.86 g/cc)

bentonite/sand
(2.00 g/cc)
open circles

diffusion cosfflcltnts
of various msdlm

1 0 20 3 0 4 0 50 60 7 0

Volumetric Water Content (%)

Figure 8. Diffusion coefficients in various bentonites (including Kunigeru
V i ) , a volcanic tuff and a soil determined under saturated
conditions using the electrical conductivity method (closed
circles) and half-cell methods (Relyea, et. al., 1986 - half-
closed circles; Albinsson and Engkvist, 1989 - open circles).
Note the extensive retardation for Cs, Np, U and Am. The
difference in the two Tc diffusion points may result from the
different retardation effects in pure bentonite versus a mixture
of bentonite and pure sand. The difference between the two
Kunigeru Vi samples is the effect of compaction on bentonite of
the same wt% water content. The solid curve is the D(e)
empirical relationship developed for soils and gravels under
unsaturated conditions.
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such as non-welded tuffs. It remains to be seen whether fractured porous media, e.g.,

basalt, welded tuffs, granites, etc., behave similarly to aggregates.

In Figure 8 extensive retardation for Cs, Np, U and Am can be observed in the half-

cell diffusion data from Albinsson and Engkvlst [1989]. Once the bentonite absorption

capacity is reached (the capacity of the flow paths, not of the total mass), these diffusion

coefficients will increase to near the value for Tc and I. The difference between the two

Tc diffusion coefficients probably results from the different retardation effects of pure

bentonite versus a 10%/90% mixture of bentonite and silica sand.

Diffusion Pathways in Bentonite

Investigators of diffusion through dense bentonite are divided as to the positions of

the dominant transport pathways [Eriksen, 1989; Calvet, 1973; Pusch and Carlsson,

1985; Cheung and Gray, 1989]. Diffusion in bentonite through extremely thin films

less than 10A and through interlayer water has been proposed by some. The water film

thickness is calculated from the bulk density to be 1 to 3 molecular layers of water,

assuming homogeneous water distributions and all films having the same thickness. This

is most likely not the case. On the pore-size scale, water contents in aggregate materials

are notoriously heterogeneous. Figure 9a illustrates the probable diffusion paths

through compacted bentonite. Diffusion through extremely thin films less than 10A and

through interlayer water is too slow to contribute significantly to effective diffusion

coefficients greater than about 10 ' 1 0 cm2/sec. The most important diffusion paths

resulting in the measured effective diffusion coefficients of greater than 10~10cm2/sec

are through the occasional large films around discreet grains or groups of clay layers

that are structurally distinct, exemplified by the type often seen in transmission

electron microscopy of natural clay samples [Ahn and Peacor, 1986]. Although it is

theoretically possible to compact bentonite in the laboratory to the point of eliminating

all intergranular water, it is prohibitively difficult and has not been accomplished to

date.

Figure 9b is a representation of a 3()A-wide diffusion pathway in compacted

bentonite. Although not rigorously plotted, it is approximately to scale and illustrates

many of the governing processes. Ions in solution exist as complexes that are solvated to

varying degrees. These complexes are large compared to the interlayer and lattice

spacings in the solids [Rai and Serna, 1978; Stumm and Morgan, 1981; Sposito, 1984].
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Figure 9. a.) Diffusion pathways through occasional, large intergranular
water films in compacted bentonite.
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Chemical species are retarded through 1) sorptfon and other interactions with surface

functional groups exposed along mineral edges, 2) exchange with ions within the lattice

itself, especially the interlayer positions, or 3) adsorption/exchange with other

minerals or colloids along the pathway such as phosphates which interact with most

species in solution [Wright et al., 1987]. Some species, e.g., iodine and pertechnitate,

form complexes that are not significantly retarded and their high mobilities reflect this

lack of interaction (Figure 8). Uranyl ions do not exchange with interlayer positions,

but do complex with surface functional groups and the U mobility is intermediate

(Figure 8). Americium complexes are highly retarded by both sorption and exchange

and their mobilities are very low (Figure 8).

Exchange of a species such as Am with an interlayer cation or group in the solid

requires that it move from its solvated state into the interlayer position, and is driven

by a favorable free energy change. However, movement from site to site within the

interlayer space is much less favorable and is hindered by the energy requirements

necessary to break bonds within the interlayer sites. Therefore, diffusion through the

interlayer space is very slow, being closer to solid diffusion rates (10~18 to

10 1 5 cm 2 /sec) . Thus, experimentally determined diffusion coefficients and migration

rates between 10~10and 10"5cm2/sec in bentonites, or any porous material, reflect

aqueous diffusion through bulk water films and channels, and not through interlayer

spaces. This is consistent with the large increase in diffusion coefficient with increase

in compaction density in bentonite at the same weight percent water content (Figure 8;

both Kunigeru v"i samples have 8.79% water by weight).

Apparent Diffusion Coefficients and the Effects of Compaction on Retardation

It has generally been assumed that the retardation behavior, specifically the

distribution coefficient, Kjj, does not vary with changes in the physical properties of the

system, e.g., water/rock ratios, degree of saturation, or aperture width (Wilson and

Dudley, 1987; Daniels et al., 1982). Verification of this assertion directly impacts the

defensibility of predictive modeling and performance assessment in any repository

situation.

Sasaki, Ashido and co-workers at Japan's PNC is determining apparent diffusion

coefficients (Da) in saturated compacted bentonite as a function of compaction density

using long-term, tracer diffusion tests with 3 H , 1 2 9 I , " T c , 2 4 1 Am, 90Sr, i3?Cs and
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2 3 7 N p (Sasaki et al., 1990). Concurrently, Conca is determining the simple diffusion

coefficients (D8) in the same material as a function of compaction density using

electrical conductivity techniques (Conca and Wright, 1990). Knowledge of both Ds and

D a allows deconvolutton of retardation effects from physical changes in the diffusion

coefficient resulting from compaction, dewatering, etc., which mostly affect tortuosity.

Any changes in the retardation behavior as a function of the physical changes can then be

observed.

Figure 10a shows the diffusion coefficients for several nuclides in saturated

bentonite as a function of compaction density. The upper line is the simple diffusion

coefficient (Ds) which decreases linearly with decreasing volumetric water content over

this region. 3 H , 1 2 9 I , 9 9 Tc and 2 4 1 Am exhibit a similar decrease expected with

decreasing volumetric water content, but are displaced downward an amount dependent

upon the degree of retardation, and have steeper slopes implying a slight change in

retardation behavior at higher compaction densities. Note that 3 H is retarded. 9 0Sr,
1 3 7 Cs and 2 3 7Np exhibit non-linearity at higher compaction densities, implying more

extensive changes in retardation behavior.

Figure 10b shows the apparent distribution coefficients for these radionuclides

determined from Dtntium/Da for each element using the traditional assumption that

Ds/Dtrjtjum - 1, an assumption that underestimates K<j by about an factor of 5 but does

not change the relative values or the slopes. Horizontal slopes indicate no change in

retardation behavior with change in compaction density. " T c is the only element of

these nuclides that approaches having a constant Kd, but still exhibits minor retardation

as does 1 2 9 I and 3 H (not shown; compare with Ds, 99Tc, and 1 2 9 I in Figure 10a). 90Sr,
1 3 7Cs and 2 3 7Np exhibit significant change in retardation behavior at higher compaction

densities probably resulting from changes in the relative importance of different

retarding mechanisms with increasing compaction density, e.g., the increasing

importance of surface sorption versus cation exchange as the average pore aperture

decreases (see Figure 9b). This may indicate that 2 3 7 Np retardation is dominated by

surface sorption whereas 9 0Sr is primarily cation exchange. This also implies that

elements and species previously viewed as non- or poorly-sorbing may be significantly

retarded at high water/rock ratios and in extremely small aperture and matrix

materials

Meijer and co-workers at Los Alamos National Laboratories have discovered a

related phenomenon in their sorption work with Ba, Cs and Sr in a zeolitic tuff/J-13
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Figure 10. a.) Apparent diffusion coefficients for several nuclides in
saturated bentonite as a function of compaction density. The
upper line is the simple diffusion coefficient (D«) which
decreases almost linearly with decreasing volumetric water
content in this region. 3 H , 129|, 9 8 T c a n d 2 4 i A m exhibit a
similar decrease expected with decreasing volumetric water
content, but are displaced downward an amount dependent upon
the degree of retardation, and have steeper slopes implying a
slight change in retardation behavior at higher compaction
densities. 9 0Sr, 1 3 7 C s and 2 3 7 N p exhibit non-linearity at
higher compaction densities, implying more extensive changes in
retardation behavior.
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Figure 10. b.) Apparent distribution coefficients for the same systems as in
Figure 10a. Horizontal slopes indicate no change in retardation
behavior with change in compaction density, best approximated
by " T c for these nuclides, but still indicating minor retardation
even for 99Tc, 1 29| and 3H (not shown, compare with D8. " T c ,
and 1 2 9 I in Figure 10a). 90Sr, 13?Cs and 2 3 7 Np exhibit
significant change in retardation behavior at higher compaction
densities probably resulting from changes in the relative
importance of different retarding mechanisms with increasing
compaction density, e.g., the increasing importance of surface
sorption versus cation exchange as the average pore aperture
decreases (see Figure 9b). This may indicate that 2 3 7 N p
retardation is dominated by surface sorption whereas 90Sr is
primarily cation exchange.
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system. They found that the sorption coefficients for Ba, Cs and Sr actually decreased

with increasing water/rock ratios. In this system, Sr behaved as in the bentonite, but

Cs behaved oppositely. More Ds/Da investigations need to be performed in a variety of

systems before any generalizations can be applied to predictive modeling and

performance assessment in radionuclide transport.

Flow and Diffusion in Multicomponent Systems

Unfortunately for remediation and waste disposal performance assessment, most

subsurface environments are multicomponent/multiphase systems. Prediction of the

behavior of these systems may not be as straightforward as assembling the behaviors of

the individual components with respect to each phase, especially under unsaturated

conditions. The UFA can investigate in situ behavior up to multtcomponent/three-phase

systems (two liquids plus air). As a preliminary study, a two-component system under

unsaturated conditions was investigated. The numerous silt lenses and cross-cutting

dikes which occur throughout the heterogeneous Hanford soils and sediments influence

flow through these materials. The silts have lower conductivities, higher water contents

and a greater abundance of fines that can influence transport parameters such as the

retardation of contaminants. To investigate the flow effects in a heterogeneous system, a

sample of lower coarse sand containing an intact silt lens was placed into the UFA

{Figure 11) .

This two-media system was run for four hours at 500 rpm with a flow rate of 1

ml/hr, giving an overall hydraulic conductivity of 1.3 x 10"6 cm/sec. The diffusion

coefficient measured was 3.0 x 10'7 cm2/sec. The total volumetric water content of the

system was 13.9%, but the coarse sand had a volumetric water content of 6.9% while

the silt lens had a volumetric water content of 32.1%. The question is: how much does

the silt lens affect the conductivity of the overall system? If the silt lens is assumed to

have negligible hydraulic conductivity, K(0), then the K(0) of the overall system would

simply be the K(9) of the coarse sand, i.e., 2.6 x 1 0 6 cm/sec. The presence of an

impermeable barrier the size and shape of the lens decreases the cross-sectional area of

flow around the sand, thus increasing the average flux density through the sand by about

a factor of 2. For the lower coarse sand at a volumetric water content of 6.9%, K{6)

and D(6) range from 2.0 to 4.0 x 10 - 6 cm/sec and 1.0 to 2.0 x 10'7 cm2/sec,

respectively. Comparison of these ranges to the total K(6) and D(6) in the the two-

media system indicates that the silt lens has no discernible effect on the hydraulic

conductivity, except to increase the tortuosity slightly, but has a significant effect on the
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Figure 11. An in situ two-component system from the Hanford site, run in
the UFA, consisting of a silt-lense in a coarse sand. Shown is the
overall flow parameters and those of the individual components.
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diffusion coefficient. In situations of very low advective flow, silt and clay lenses would

have ample time to exchange with migrating waters through diffusion and thus become a

sink with respect to contaminants for which the lenses have high Kd values.

Unsaturated Tuff Rubble as Repository Backfill

Rubble composed of crushed Paintbrush Tuff (referred to as tuff gravel) is being

considered as a possible backfill material for a geologic high-level nuclear waste

repository sited in tuff. Tuff gravel has significant internal porosity making the gravel

a two-component system with separate transport properties - the gravel itself and the

individual tuff particles.

Porous gravel: a special case of a muliicomponent system

Figure 12 illustrates the water distribution \n unsaturated tuff gravels where

there is significant internal porosity. The situation represented is the 6.3-9.5 mm

tuff gravel run for one hour at 22°C under 800 rpm with a flow rate of 20 ml/hr. The

total water content is a combination of surface water (surface films and pendular

elements) and internal water that has infiltrated into the tuff particles. The diffusion

coefficient determined for the gravel as a whole was 3.1 x 10*8 cm2/sec, but the

diffusion coefficient for whole rock tuff is below the detection limits of this

experimental setup, i.e., 1.03 x 10' 1 1 cm2/sec. A separate series of experiments are

underway to determine the diffusion coefficient for whole rock tuff as a function of water

content using the UFA-EC method.

To determine how much the internal water affects the overall diffusion coefficient, a

single sample of 6.3-9.5 mm tuff gravel was run consecutively 12 times under the

same rotation speed. The total water content and the diffusion coefficient were

determined for the sample at various times, and the electrical conductivity of the

effluent solution was monitored at the same time. The diffusion coefficient was

approximately 9 x 10"9 cm2/sec and varied by less than 50% over the 45-hour

duration of the experiment while the total volumetric water content increased constantly

from 3.6% to 5.9%. However, the effluent conductivity was constant over the entire

experiment, so that no changes in solution chemistry occurred that could account for

variabilities in the diffusion coefficient.
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Figure 12. Water distribution and relationships in the 6.3-9.5 mm tuff
gravel during the determination of the electrical conductivity.
The surface volumetric water content consists of pendular water
elements and surface water films. The total volumetric water
content consists of the surface water plus the internal water that
has resulted from infiltration over the duration of the
experiment (see Figure 6 for comparison to non-porous gravel).
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Infiltration of solution into the tuff particle interiors commenced as soon as the

solution came into contact with the tuff particles. Because hydraulic steady-state was

reached on the gravel surfaces in less than an hour, the increase in total water content

reflected the increase in the internal water content of the particles. An increase in the

internal volumetric water content from 0.1% to 2.4% did not result in a rise in the

diffusion coefficient as would be expected if the internal water were contributing to the

overall diffusion coefficient of the gravel. This was the first indication that the internal

water does not affect the overall diffusion coefficient of the porous gravel.

Another experiment was run in which a single 1 "-diameter tuff particle was

saturated with 0.1 M KCI solution and allowed to dry to completion over a 100-hour

duration at 50°C. The electrical conductivity of the particle was monitored during the

drying. Because no cell constant exists for the single particle, a diffusion coefficient

could not be determined, but the change in conductivity is directly proportional to the

change in D(0). Figure 13 shows the results. After only 10 minutes, the surface had

become air-dry and the electrical conductivity dropped to below detection limits

(0.1 u.mhos). However, not even half of the water content had been lost, only the

surface water film. The internal water did not measurably contribute to the overall

electrical conductivity. Hence, the diffusion coefficients measured in the tuff gravel are

a function only of the surface water content. These results indicate that the surface

water content as well as the total water content needs to be known to adequately

determine D(0) in the tuff gravel (not to mention whole rock tuff in the near-field).

Equilibrium Water Contents in the 100% Humidity Environment of the Backfill

After the temperature of the exterior wall of a geologic high-level nuclear waste

repository drops back to ambient, the water content of the near-field environment will

return to the pre-emplacement level of approximately 60%-80% and the pore

space/fracture atmosphere in the near-field and backfill will be at 100% humidity. To

determine the water content in the backfill that will be in equilibrium with an

atmosphere at 100%, air-dry tuff gravel samples of each of the 2-4 mm, 4-6.3 mm,

6.3-9.5 mm, and 15-25.4 mm size fractions were placed in humidity chambers at

100% humidity and the water content was monitored until all samples had reached

equilibrium which occurred within 70-days. In addition, initially wet samples of the

2-4 mm and 15-25.4 mm size fractions were also included to see if initial water

content appreciably affects the final water content or the time required to attain
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equilibrium. Of greatest import with regard to diffusion coefficients in the rubble

backfill, is whether or not surface water films will exist on the tuff gravel in

equilibrium with an atmosphere at or near 100%, or if the surface will be air-dry. If

the tuff surface is air-dry, then the diffusion coefficient will be below 10"11 cm2/sec.

Figure 14 shows the results of the humidity chamber experiments. All samples

became surface air-dry at equilibrium in a 100% atmosphere. This is reasonable if one

considers that the matric potential of the tuff matrix is such that the matrix would have

to be saturated in order for water films to exist on the particle surfaces in the absence of

advective flow. However, there will be no advective flow into the backfill from the

near-field unless saturation occurs in the near-field directly adjacent to the backfill, or

unless there is a leak from the repository itself.

Effect on the Diffusion Coefficient in the Backfill from a Leak

A leak into the tuff rubble backfill was physically simulated to determine the

effect on the diffusion coefficient of the tuff gravel. Surface air-dry tuff was placed into

a conductivity electrode column so that the diffusion coefficient could be continually

monitored throughout the experiment. A precision pump fed 0.1 M KCI solution through

a dispersion cap at 1.0, 5.0, 10.0, 50.0 and 100.0 ml/hour under non-pulsating

conditions. The flow rate was increased after hydraulic steady-state had occurred at

each preceding flow rate. This simulated a slow leak that progressively became larger

and determined the transient diffusion coefficients and the transient water contents of

the tuff directly underlying the leak. Figure 15 shows the results. The diffusion

coefficient was fairly constant with flow rate which is expected for low flow rates. Only

flow rates of liters per hour or greater can maintain transient water contents in gravels

that are much higher than the gravity drained no-flow water content. As a result, the

diffusion coefficient of the gravel is only slightly affected after hydraulic steady state is

reached. Therefore, in the event of a leak, the diffusion coefficient in the tuff backfill

will rise sharply to about 10'7 cm2/sec.

Whole Rock Tuff Cores as Analogs to Tuff Gravel Particle Interiors

In addition to studying the tuff gravel as a gravel system, it is necessary to investigate

the gravel particles as individual whole rock systems. Whole rock cores of Topopah

Springs member tuff were run in the UFA. Figure 16 shows the water distribution in a
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Figure 16. Water distribution in a whole rock core of tuff with a natural
single large fracture that almost, but not completely, spans the
core. 6 - 7.0 is the approximate volumetric water content in the
wetted rock after two hours at 7500 rpm in the UFA with a flow
rate into the core c' 2 ml/hr. Water has infiltrated the matrix
but the fracture has not begun conducting any water. K is the
unsaturated hydraulic conductivity of the matrix at the
approximate volumetric water content of 7%.
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whole rock core of tuff with a natural single large fracture that almost, but not

completely, spans the core. 6 - 7.0% {88% of saturation) is the approximate volumetric

water content in the wetted rock after two hours at 7500 rpm with a flow rate into the

core of 2 ml/hr. Water has infiltrated the matrix but the fracture has not begun

conducting any water. K is the unsaturated hydraulic conductivity at the approximate

volumetric water content of 7%.

Figure 17 shows the water distribution in the same whole rock core as Figure 16

after the flow rate was increased to 5 ml/hr. The fracture catastrophically drained

about 6 ml over a ten minute period after one hour under these conditions. K is the

hydraulic conductivity of the entire system, matrix plus fracture, at a volumetric water

content of approximately 7.9%. The top portion of the wetted matrix and the fracture

walls to a depth of less than 1 mm were saturated. This indicates that while the matric

potential at high accelerations does not significantly contribute to the driving force in

the Darcy relationship, the matric potential does influence the moisture distribution and

flow paths analogously to the 1 g situation. The matrix immediately adjacent to the

fracture must be saturated before the fracture will conduct water. Likewise, the gravel

particles must be saturated for there to be liquid water films present on the surface.

This behavior also indicates that tuff gravel in contact with wall rock of the near-field

will not be in hydraulic continuity with the unsaturated zone, but only diffusional

continuity.

Unsaturated Flow and Diffusion in Hanford Soils

This study experimentally determined the diffusion coefficients and hydraulic

conductivities of unsaturated soil from the Hanford site, W-5 burial ground, trench 8,

over the water content range from 5% to 24%. These soils are Hanford G-1 subunits,

coarse to medium grained fluvio-glacial sands of a dominantly volcanic source lithology

and having several percent silt by weight. Figure 18 shows D and K as functions of the

volumetric water content, 6, for all run parameters (flow rates and rotation speeds).

D(8) falls within a narrow band that decreases fairly linearly at higher water contents

and begins to drop off at low water contents, although D values were not obtained for

water contents below 5%. K(9) exhibits much more scatter probably as a result of not

reaching steady-state at the lower flux densities and rotation speeds.
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water front
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p = 2.41 g/cm

Figure 17. Water distribution in the same whole rock core of tuff as in
Figure 18 after the flow rate was increased to 5 ml/hr. The
fracture catastrophically drained about 6 ml over a ten minute
period after one hour under these conditions. K Is the unsaturated
hydraulic conductivity of the entire system, matrix plus
fracture, at a volumetric water content of approximately 7.9%.
The top portion of the wetted matrix was saturated. This indicates
that while the matric potential at high accelerations does not
significantly contribute to the driving force in the Darcy
relationship, the matric potential does influence the moisture
distribution and flow paths analogously to the 1 g situation.
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Samples were run at fixed speeds with variable flow rates and at fixed flow rates

with variable speeds to ascertain the range of each run parameter over which

equation 1b is valid (Figure 19). Overall, equation 1b is valid for most run

parameters; the water content is a linear function of flux and a second-order function of

rotation speed. However, the at the lower flow rates it appears to take longer to reach

hydraulic steady-state. If we plot K(9) for just the higher flow rates and rotation

speeds (Figure 20) we find much less scatter in the data. Also shown in Figure 20 is the

van Genuchten/Mualem relationships (solid curves) calculated from laboratory-

determined water retention versus matric potential data on the same Trench 8 soils. The

range in water contents and conductivities in Figure 20 is similar to the K(e) of many

other Hanford soils calculated from Ksa{ with curve-fitted water retention data, but the

exact shape of the curve differs markedly among seemingly similar soils. Each soil,

therefore, may have unique characteristics that make empirical data necessary for

defensible predictions of transport through vadose zone materials.

Retardation Factors for K+ in Some Hanford Soils

Along with the simple diffusion coefficient and the hydraulic conductivity, the

retardation factors for species of interest must be determined before predictive

modeling can be effective. Retardation factors can be determined in flow experiments

where Rf for a particular species is the ratio of the solution velocity to the species

velocity. The retardation factor for that species is given by:

1+pKd/n

where Vgw is the velocity of groundwater, Vsp is the velocity of the species, p is the dry

bulk density and n is the porosity. If none of a particular species is lost to the solid

phase, then /C<y-0 and Rf- 1 for that species. In column experiments, a

breakthrough curve is obtained for the particular species and Rf is determined as the

pore volume at which C/Co - 0.5. It is generally assumed that retardation does not

depend on water content, but only on the total volume of water that has passed through

the system. This is probably true for species except where unsaturated conditions and

the presence of air affects both reactions and distribution of water within a

heterogeneous multicomponent system. The UFA can be used for retardation studies

under unsaturated conditions, as long as the run parameters are set to insure that flow

through the sample is long with respect to the reaction rates of interest.
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To date, project goals for the UFA have not included retardation experiments.

However, monitoring of effluent chemistries during electrical conductivity runs allowed

determination of breakthrough curves for potassium ion in different samples. Figure 21

shows the Hanford G-1, G-3 and G-4 soils run under the same hydrologic conditions of

flux density and driving force. The Hanford G-1 and G-3 soils are identical in hand

specimen, have the same amount of fines, and have similar water retention properties.

However, even though the water contents and hydraulic behavior of the Hanford G-1 and

G-3 soils were identical in these experiments, the retardation behavior was different.

Rf for G-1 was 3.5 (K<j = 0.8) whereas Rf for G-3 was only 1.1 (Kj = 0.03) indicating

that physical dispersion was the dominant process affecting potassium transport in G-3

and not chemical retardation. The Hanford G-4 soil is similar to G-1 and G-3 but has

slightly more fines, a more brownish color and greater water retention properties. G-4

soil had the highest water content and greatest retardation effects of the three soils under

the same hydrologic conditions. After 11 pore volumes, the G-4 soil had not yet reached

C/C o - 0.5 (Rf> 12; K<j > 5). The inflection point in C/Co between 5 and 6 pore

volumes indicates saturation of at least one adsorption site, and suggests a complicated

retardation behavior involving different adsorption site characteristics.

CONCLUSIONS

Effective diffusion coefficients in all unsaturated media were found to be

primarily a function of water content and not material characteristics except where the

characteristics affect or determine water content. At high water contents, D(6)

gradually declines as water content decreases, from 10'5 cm2/sec at a volumetric

water content of about 50% to 10'7 cm2/sec at a volumetric water content of about

5%, followed by a sharp decline as surface films become thin and discontinuous and

pendular water elements become very small, from 1 0 7 cm2/sec at a volumetric water

content of about 5% to 10*9 cm2/sec at a volumetric water content of about 0.5% to

1 % . Whole rock appears to behave similarly, although not many data have been

collected. Tortuosities can theoretically be higher in fractured media than in aggregate

materials, but the heterogeneities and apparently random intersection of flow porosities

in most natural fractured media result in diffusion coefficients close to those of soil and

gravel of the same water content. In the UFA, the matrix/small fractures adjacent to a

larger fracture still must be saturated before the larger fracture will begin conducting

water.
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The diffusion coefficient of the surface water films on gravel or soil particles

determines the upper limit to the overall diffusion coefficient of the material. However,

the pendular water elements control the efficiency with which the individual particles

are interconnected and overall diffusion coefficients can be dramatically reduced if

pendular elements do not form in sufficient quantities and distributions to connect the

water films. This introduces a strong spatial dependance into the diffusion coefficients

for hydrophobic aggregates, i.e., the effective diffusion coefficient decreases with

increasing distance. Reasonable predictions of diffusion coefficients in the field require

detailed knowledge of the water content, solution composition, mineralogy and surface

characteristics of the material.

However, gravel and soil where the particles themselves have significant

porosity, the total water content is a combination of surface water (particle surface

films and pendular elements) and internal water (matrix and fracture/pore-filling

water) that has infiltrated into the particles. The internal water was found not to

contribute to the diffusion coefficients measured in these materials which are a function

only of the surface water contents. Humidity chamber experiments with both initially

wet and initially dry porous tuff gravel show that the volumetric water content in

equilibrium with a subsurface environment pore/fracture atmosphere of 100%

humidity will be between 2% and 3%, but the surface will be air-dry and the diffusion

coefficient will be below 10~1' cm2/sec. This has important implications for possible

tuff rubble backfill materials.
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UNSATURATED TRANSPORT OF INORGANIC CATIONS IN
UNDISTURBED SOIL COLUMNS

P.M. Jardine and G.K. Jacobs
Environmental Sciences Division
Oak Ridge National Laboratory

P.O. Box 2008
Oak Ridge, TN 37831-6038

ABSTRACT

The unsaturated transport of Sr, Co, and Ca were studied in undisturbed soil
columns (14 X 40 cm) of saprolitic shale to evaluate the significance of time-
dependent mass transfer and multispecies competitive exchange during transport.
Observed breakthrough curves (BTCs) for Sr and Co were delayed relative to
nonreactive Br BTC indicating that the former tracers were adsorbed by the soil.
Effluent concentrations of Sr and Co were modeled with the classical convective-
dispersive (CD) equation and nonequilibrium mass transfer considerations did not
appear necessary. Cation exchange equilibria relationships obtained from both
shake batch and miscible displacement methods adequately described the
thermodynamic processes which were prevalent during transport. These results
suggest that the preferential transport of a reactive tracer is negligible for
the realistic unsaturated conditions used in this study, and that the massive
saprolite within the soil is a chemically active constituent during transport
of reactive solutes. The implications of these findings for modeling in-situ
subsurface contaminant transport are discussed.

INTRODUCTION

Prolonged disposal of organic and inorganic waste in shallow burial sites of
eastern Tennessee, has prompted detailed investigations of contaminant transport
processes in upper subsurface media. The radionuclides 90Sr and 60Co are of
significant concern because of (1) the large inventories present in existing
waste sites, (2) their relatively long half-lives (-29 and -5 years,
respectively), (3) the large health risks associated with each isotope, and (4)
their high mobility at many waste sites. Transport processes present at these
sites are spatially complex due to preferential flow in fractured media and the
presence of massive saprolite with variable size and permeability. Field
experiments have indicated that preferential flow along macro- and mesopores nay
potentially constitute 73% of the flux during storm events (Watson and Luxmoore,
1986). Solute mobility under these conditions is largely controlled by the
physical aspects of the soil (Jardine et al. 1988). Frequently, rainfall events

This research was funded by The Subsurface Science Program of the Ecological
Research Division; Office of Health and Environmental Research, U.S. Department
of Energy under contract DE-AC05-84OR21400 with Martin Marietta Energy Systems,
Inc.
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in eastern Tennessee are not of sufficient size or intensity to cause flow in
macropores and solute transport processes are confined to meso- and micropore
domains. Under these unsaturated conditions, both chemical and hydrologic
factors control the subsurface transport of solutes. Quantifying in-situ
contaminant transport will thus require knowledge of fundamental hydrologic and
chemical processes. The purpose of this research was to investigate the
thermodynamic and kinetic processes controlling the transport of Sr, Co, and Ca
in unsaturated, heterogeneous soils.

MATERIALS AND METHODS

Site Description and Sample Preparation

Large, undisturbed soil columns were isolated from a proposed waste area on the
Oak Ridge Reservation in eastern Tennessee. The site has a very shallow soil
profile (0.5-2m) and is underlain by saprolite present as weathered limey shale.
For discussion purposes, the saprolitic material will be included in the term
soil. The soils are characterized by pH and CEC values of 4.5 to 6 and 10 to
15 cmol+/kg, respectively. The clay fraction is composed primarily of illite
with lesser quantities of 2:1 interstratified material and vermiculite. A large
quantity of amorphous Fe-oxides are present in these soils as coatings on clay
minerals (Jardine et al., 1989).

Undisturbed soil columns (14 X 40cm) used in displacement experiments were
isolated from excavated pits within the B horizon and underlying saprolite. The
columns were slowly shaped into their final form by careful removal of soil and
clipping of roots. Paraffin wax was painted on the outer layer of soil to help
maintain the integrity of the soil structure as the column was prepared. The
isolated column was finally cast in a layer of wax surrounded by two coats of
a rigid epoxy resin. The columns were transported to the laboratory where 3 air
vents were fitted in the column sides and 2 fritted glass endplates (b.p. -20
cm) were sealed in good contact with the soil column ends (Fig. 1).

| Vacuum Chainber|—»

Vacuum
Regulator

Pi furs 1. SctMMtlc dlagraa of tha unsaturatad flow apparatus
Illustrating tha constant tanslon daalgn.
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Miscible Displacement Experiments

Initially, soil columns were slowly saturated with CaCl2 (0.05 M) from the
bottom. The columns were then allowed to drain under a desired tension, with
the inlet tension maintained with a mariotte device and the outlet tension
maintained with a constant vacuum source (Fig. 1). A unit hydraulic gradient
was established within the column by placing the inlet and outlet under the same
tension. For most displacement experiments, a tension of 10 cm was selected
because it allowed macropores (diameter >1 mm) in the soil columns to remain
empty. This condition closely mimics the natural flow characteristics of the
soil where most unsaturated flow occurs through mesopores (0.3 mm < diameter <
1 mm) and micropores (<0.3 mm).

When a steady state flux was established, nonreactive Br and reactive Sr and Co
tracers were independently introduced into the columns to quantify the dispersion
and nonequilibrium mass-transfer features of the soil. Both continuous and pulse
additions of tracer were studied with the carrier solution of the latter being
CaCl2. Effluent was monitored for pH, for Co, Sr, and Ca using atomic absorption
spectrophotometry (AA) and for Br using an ion specific electrode.

Cation Exchange Equilibria

Thermodynamic processes controlling the transport of Sr, Co, and Ca in soil were
evaluated on bulk soil samples (moist sieved through a 2mm screen) obtained in
the same vicinity as the undisturbed columns. Because the subsurface media
consisted of massive fractured saprolite which is >2mm and may be partially
excluded from transport processes, two types of bulk samples were obtained; (1)
subsamples that were moist sieved (<2 mm) in an unaltered state (i.e. saprolite
excluded) and (2) subsamples that were moist sieved after the massive saprolite
had been physically disaggregated (i.e. saprolite included).

Cation exchange equilibria relationships for Sr-Co-Ca binary systems were
evaluated at constant ionic strength, pH, and temperature using miscible
displacement and shake batch methods. The former method involved leaching
subsamples of the soil for -7 d with various binary cation systems using CaCl2,
SrClz, and CoCl2. Soils were equilibrated with eleven solutions of varying molar
ratio for each of the binary systems which were maintained at a constant ionic
strength (1-0.003), pH-5.6, and temperature (298K). Once equilibrium was
established, the samples were washed with several small aliquots of deionized
water to remove entrained salts. The adsorbed solid phase cations were than
extracted with known volumes of 0.1 mol/L LaCl3 with Sr, Co, and Ca analyzed by
AA.

Cation exchange equilibria relationships were also evaluated using shake batch
methods. Known quantities of air dried, Ca-saturated soil (0,4 ro 0.8 g) were
equilibrated with 30 ml of each of the eleven binary cation solutions discussed
above. After 7 d equilibration, the samples were centrifuged and the supernatant
analyzed for pH, and Sr and Co using AA.
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THEORETICAL

Thermodynamic equilibrium constants for each binary cation exchange system were
determined from the isotherms using the Vanselow equation as described by
Argersinger et al. (1952) and Jardine and Sparks (1984). The equilibrium
adsorption isotherms were used as model input functions for predicting
contaminant transport through the undisturbed columns.

The unsaturated breakthrough of Sr and Co through the undisturbed soil columns
were modeled with various equilibrium and nonequilibrium transport models based
on the convective-dispersive equation (Parker and van Genuchten, 1984; Parker
and Jardine, 1986). Since adsorption isotherms obtained in this study were
slightly nonlinear to linear, we utilized the transport model of Parker and van
Genuchten (1984) which assumes linear adsorption. A more rigorous treatment of
nonlinear adsorption during transport will be dealt with in the future using the
model of Parker and Jardine (1986) and will not be discussed here. In this
study, model parameters used to predict single species cation transport were
independently calculated, except where applicable, the first-order mass-transfer
coefficient (a) and the fraction of equilibrium vs. kinetic sites (F). Some of
the model simulations presented here are only approximates since the true values
of the porous media bulk density p and volumetric water content 8 have not yet
been directly measured. These parameters have been currently estimated using
nonreactive tracer BTC. The true values of p and $ will be determined when all
displacement experiments are completed and the column can be destroyed.

RESULTS AND DISCUSSION

The transport of nonreactive Br in undisturbed soil columns from the midslope
and bottom swale regions of the field site were investigated at a variety of
moisture contents (Figs. 2 and 3). These experiments were conducted to evaluate
the utility of the unsaturated set-up (Fig. 1) and to quantify solute dispersion
and time-dependent mass-transfer processes through these soils. Breakthrough
curves (BTC) for the nonreactive tracers were increasingly asymmetric with
increased saturation, which is indicative of enhanced preferential flow. Tailing
of the BTC became less significant during unsaturated conditions because of a
decrease in pore class heterogeneity involved in the transport process. Effluent
tracer concentrations were modeled with the convective-dispersive (CD) equation
(Figs. 2 and 3), with optimization of the dispersion coefficient and revealed
significant solute mass-transfer limitations among pore classes during transport
at 0 cm tension (saturation). The classical CD equation could not describe the
extended tailing of the observed data at this tension, and a modified version
of the CD equation was required that considered solute mass-transfer limitations
into immobile pore domains (not shown). Mass-transfer limitations becane
increasingly negligible with 10 and 15 cm tension (unsaturated) because macropore
flow was eliminated (Figs. 2 and 3). The classical CD equation was found to
adequately describe observed effluent concentrations for these unsaturated
conditions. Tracers studies using a variety of moisture contents are useful for
quantifying processes important to in-situ contaminant mobility during transient
storm events.
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The transport of reactive Sr2+ and Co2+ (Figs. 4 and 5, respectively) in the
undisturbed soil column from the midslope of the field site were investigated
at 10 cm tension in order to closely mimic the natural unsaturated flow
characteristics in this soil. The breakthrough of Sr and Co in this column
required about 5-6 months for each independent experiment. Observed BTCs for
the Sr and Co tracers were delayed relative to the nonreactive Br BTC indicating
that the former tracers were adsorbed by the soil (Figs. 3-5). Effluent
concentrations of Sr and Co were modeled with the classical CD equation
(equilibrium model) using independent measurements of all model parameters with
estimates of solute retardation (R-l+pkd/0 where kd is the solute distribution
coefficient) obtained using batch techniques (Figs. 4 and 5, solid lines). The
model simulated curves described the overall trends of the observed data yet
slightly overpredicted the true transport of these solutes. Deviations between
the observed and model predicted curves may be the result of inaccurate estimates
of p and 8 for this particular column. Since displacement experiments are
currently being performed on this column, direct measurement of these parameters
is not possible until the column can be destroyed. Nevertheless, nonequilibrium
mass-transfer considerations did not appear necessary for these binary systems
(i.e. Sr-Ca, Co-Ca) at this tension. The consideration of kinetics did not
improve model simulations of observed Sr transport (Fig. 4) and only slightly
improved the model description of observed Co transport (Fig. 5). Earlier
investigations have shown that saturated transport of reactive inorganic solutes
in this soil exhibit significant mass-transfer limitations (Jardine et al. 1988).
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In order to understand the thermodynanic processes governing cation transport
in these so i l s , Sr-Ca and Co-Ca equilibrium adsorption isotherms were determined
on subsamples of disaggregated soi l obtained near the so i l column (Figs. 6 and
7). These isotherms were used to model Sr and Co transport in the undisturbed
soi l columns as previously discussed. Isotherms were determined on samples that
included and excluded saprolitic material. The isotherms were nearly linear and
support the use of the transport model to predict Sr and Co mobility in this so i l
(Figs. 4 and 5).
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Figure 6. Equlllbrlun adaorptlon isotherms for Sr^-Ca2* exchange on
•idslope aoil including and excluding saprolite at 1-0.003, pH-5 6
and 298K.
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The isotherms were essentially identical for samples including and excluding
disaggregated saprolite. The former sample had a slightly greater cation
exchange capacity (CEC) of 14.4 cmol+/kg relative to samples excluding saprolite
which had a CEC of 13.5 cmol+/kg. The similarity is convenient for modeling
purposes since it is unknown what fraction of the porous media, if any, is
excluded from cation exchange reactions with mobile Sr and Co. The exchange
reactions of Sr, Co, and Ca on this soil are nearly ideal, however Sr is slightly
more preferred to Ca, with the latter slightly preferred to Co (i.e. Sr>Ca>Co).
The 1:1 diagonal (solid lines Figs. 6 and 7) indicate the non-preferential
adsorption isotherm.

Both miscible displacement and shake batch methods were utilized to quantify the
cation exchange equilibria relationships. Isotherms obtained by the two methods
were essentially identical with slope values (kd-distribution coefficient) being
very similar (Figs. 8 and 9). Retardation values (R) determined by the batch
methods were similar to the R values obtained via optimization of the CD equation
to observed Sr and Co BTC (Table 1). Values of CEC obtained from the R values
are shown for convenience. These results suggest that preferential transport
of reactive tracers is negligible for the unsaturated conditions used in this
study and that the massive saprolite within the soil is a chemically active
constituent during reactive solute transport.

Comparison of retardation values and cation exchange capacities
from adsorption isotherms and those nodel fitted from unsaturated
coluam displacement studies

System Coluan* Shake batch* Miscible Displacement*
R

Sr-Ca 6.7 7.8 7.1

Co-Ca 7.3 8.4 7.5

Sr-Ca 14.3

Co-Ca 12.2

CEC <CBO1+ kg'1)

14.5 13.3

14.0 13.0

'test fit using equilibrium CD model to column displacement expt.
*ASSUSMS p - 1.6 caVg and ;"• <- 0.32 em'/cm3.
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CONCLUSIONS

The thermodynamic and kinetic processes controlling the transport of Sr, Co, and
Ca in unsaturated, heterogeneous soils have been investigated. Using realistic
unsaturated conditions, the transport of Sr and Co in the presence of Ca does
not appear to be limited by time-dependent mass transfer. The exchange reactions
of these cations on this soil are nearly ideal, however Sr is slightly more
preferred to Ca, with the latter slightly preferred to Co (i.e. Sr>Ca>Co).
Retardation values for Sr and Co on soil determined from batch methods were
similar to retardation values determined for Sr and Co effluent concentrations
from unsaturated soil columns. This suggest that preferential flow is negligible
in the unsaturated soil column and that the massive saprolite within the soil
is a chemically active constituent during reactive solute transport. Since the
transport studies have been performed using realistic unsaturated, undisturbed
soils, these results have direct implications on modeling in-sitv. subsurface
contaminant transport. The key hydrologic and chemical factors which influence
solute mobility in these soils can be used to parameterize and calibrate field
scale subsurface contaminant transport models. This process is the first step
towards successful deterministic field scale model validation.
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Sensitivity Analysis of Integrated Radionuclide Transport

Based on a Three-Dimensional Geochemical/Geophysical Model

by

Kay H. Birdsell, {Catherine Campbell, Kenneth G. Eggert,
and Bryan J. Travis

ABSTRACT

This report presents preliminary transport calculations for radionuclide
movement at Yucca Mountain. These calculations are used to study the sensitivity
of radionuclide migration to uncertainties in several factors that affect transport
through porous media. These factors include spatial distribution of sorption
coefficients, recharge rate, dispersivity length scale, radionuclide species, and
source term. The simulations were run with TRACRN (Travis and Birdsell 1991),
a finite-difference porous flow and radionuclide transport code developed for the
Yucca Mountain Site Characterization Project. Approximately 30 000 nodes are
used to represent the unsaturated and saturated zones underlying the potential
repository in three dimensions. Transport calculations for Tc, Cs,and /
are presented. Calculations such as these are used to study the effectiveness of the
site's geochemical barriers at a mechanistic level, to determine the sensitivity of
radionuclide transport to various transport mechanisms and parameters, and to help
guide the geochemical site characterization program.

I. INTRODUCTION

One of the tasks of the geochemistry program for the Yucca Mountain Site Characterization
Project is to provide a geochemical retardation model for the site to those charged with
performance assessment calculations. Therefore, a goal of the geochemical characterization
program is to understand the effect of site geochemistry on far-field transport calculations from the
potential repository to the accessible environment. We also want to understand the sensitivity of
these calculations to assumptions regarding hydrologic properties, sorption processes, transport
properties, and site mineralogy. One method selected for this task is to formulate a transport model
for the site and use that model to integrate results from hydrologic and geochemical site
characterization studies. This model will also allow estimation of the changes in retardation that
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may occur due to changes in scenarios assumed by performance assessment. This report discusses
the formulation of this model and presents preliminary sensitivity analyses based on the model.

The calculations described in this report are repository-scale, three-dimensional simulations
of radionuclide migration from the potential repository horizon through the unsaturated zone and
into the saturated zone. The simulations were run with the computer code TRACRN (Travis and
Birdsell 1991). A three-dimensional geochemical/geophysical model of the tuffs below the
potential repository horizon at Yucca Mountain was constructed for the calculations. The
hydrologic component of the model is based on the three-dimensional hydrological reference
stratigraphy developed at Sandia National Laboratories (SNL) (Ortiz et al. 1985) from the Topopah
Spring welded unit down to the Bullfrog welded unit. Dipping beds, which are offset along the
Ghost Dance Fault, and a nonhorizontal water table are included. Composite characteristic curves
developed by Peters and Klavetter (1988, Peters et al. 1984) describe the hydrologic properties of
the units. The geochemical model includes spatially distributed sorption coefficients that are
functions of local mineral assemblage. Six different realizations of sorption coefficient fields are

99 135
used to study the sensitivity of the transport of Tc and Cs to inhomogeneities and

99 135 129

uncertainties in this retardation process. Calculations for the transport of Tc, Cs, and /
under steady recharge rates of 0.1 and 0.5 mm/yr are presented. The calculations are used to study
the sensitivity of radionuclide migration to several factors that affect transport: spatially distributed
sorption coefficients, recharge rate, dispersivity length scale, nuclide species, and source term.

II. CONCEPTUAL MODEL

The conceptual model used for these simulations is made up of four main components: a
mathematical model, a hydrologic model, a geochemical model, and a mineralogic/petrologic
(min/pet) model. These models are intimately related. For example, the mathematical model
describes the equations of flow and transport for the hydrologic and geochemical models, and the
sorption coefficients used in the geochemical model are derived from the mineral distribution
developed in the min/pet model.

A. Mathematical Model

The simulations were run with the computer code TRACRN (Travis and Birdsell 1991). A
subset of the equations embodied within TRACRN form the mathematical model describing flow
and transport through the Yucca Mountain tuffs. These equations include conservation of mass for
the liquid phase,

| ( e o p ) + V . ( p 6 ) = eS ; (1)

conservation of momentum for the liquid phase (Darcy's Law),
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and conservation of contaminant,

(puCa) = V. (eaxc£)apVCa) +eCj + V» (eaDV(pC a))

$ + XaCa)) . (3)

The nomenclature for these equations is as follows: £ is the porosity, a is the saturation, p is the
liquid density, ii is die Darcy velocity, S is a source or sink, k is the permeability, P is the liquid
pressure, C is the contaminant concentration, xc is the constrictivity, D is the molecular
diffusivity, D is the dispersion tensor, X is the half-life, pm is the rock density, Kd is the
equilibrium sorption coefficient, and the subscript a is the contaminant. Equation (3) describes
diffusive, dispersive, and advective transport of any number of radioactive contaminants
undergoing equilibrium sorption. Solution of the flow equations is obtained by an implicit,
integrated finite-difference algorithm. The transport equation can be solved using either an implicit
or explicit, integrated finite-difference algorithm. To control numerical dispersion of the transport
solution, a tensor antidiffusioa correction is available with the explicit solution algorithm. This
approach uses centered differencing of the spatial derivatives, which is the most accurate but is also
unstable, with an added term that estimates the time truncation error to stabilize the solution. The
matrix equations formulated by the implicit schemes are solved using a preconditioned conjugate-
gradient method.

B. Hydrologic Model

The hydrologic model includes the stratigraphy, the hydrologic properties of the units, the
imposed recharge rates, and the position of the water table. The stratigraphy is based on the three-
dimensional reference stratigraphic model of Yucca Mountain developed by Ortiz et al. (1985).
The stratigraphic units included in the model are those from the potential repository horizon down
to the Bullfrog welded unit. From top to bottom these units include

Topopah Spring welded, lithophysae-poor (TSw2);
Topopah Spring welded, vitrophyre (TSw3);
Calico Hills and Lower Paintbrush nonwelded, vitrophyre (CHnv);
Calico Hills and Lower Paintbrush nonwelded, zeolitized (CHnz);
Prow Pass welded (PPw);
Upper Crater Flat nonwelded (CFUn); and
Bullfrog welded (BFw).

The CHnv and CHnz units incorporate the three Calico Hills units (CHnl, CHn2, and CHn3)
and are differentiated by the position of the zeolitized zone (TZZ) given by Ortiz et al. (1985). The
position of the water table is also taken from their model. Data from Nevada coordinates 757 000
ft to 772 000 ft north and 557 000 ft to 566 000 ft east are included in the modeled area. The units
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dip at about 6° from west to east. The Ghost Dance Fault zone is located at approximately 562 400
ft east and dips from 5° to 10°.

Composite characteristic curves developed at SNL (Peters and Klavetter 1988, Peters et al.
1984, Dudley et al. 1988) were used to describe the hydrologic properties of the units. The curves
represent composite-porosity properties; i.e., matrix and fracture properties are combined to form
a single characteristic curve for each unit. The composite-porosity model is a simplified dual-
porosity model that assumes equivalent pressures locally and parallel flow in the matrix and
fractures (Peters and Klavetter 1988, Dudley et al. 1988). Figures 1 and 2 show conductivity curves
for the TSw2 and PPw units, respectively. The double-plateaued composite curve (Fig. 1) is a
typical curve for a tuff with a high fracture porosity and a high fracture conductivity. The single-
plateaued composite curve (Fig. 2) is typical of a sparsely fractured tuff with a high matrix
saturated conductivity. Composite properties are available for TSw2, TSw3, CHnv, CHnz, and
PPw (Dudley et al. 1988). Matrix conductivity curves are reported (Peters et al. 1984) for the CFUn
and BFw units. Because of the similarity in fracture characteristics between the CFUn unit and the
CHnz unit and between the BFw unit and the PPw unit, composite curves were constructed for the
CFUn and BFw units by using the fracture properties of the CHnz and PPw units respectively.

Recharge rates of 0.1 and 0.5 mm/yr were used to establish steady-flow fields through the
mountain. These rates are estimates of possible high recharge rates that could occur at Yucca
Mountain. To simulate this recharge, a constant flux was applied to the upper boundary, which
corresponds to the potential repository horizon.

C. Geochemical model

The main constituent of the geochemical model focused on for this set of calculations is the
spatial distribution of sorption coefficients as a function of mineral assemblage. The min/pet model
described below explains the geostatistical analysis of mineral distributions that was subsequently
used to construct fields of spatially distributed sorption coefficients. Six different sorption fields
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were generated for each of the two radionuclide species, Tc and Cs. These Kd fields are used
to study the sensitivity of radionuclide transport to uncertainties in this sorption property. Other
important constituents of the geochemical model are the magnitude of the longitudinal- and
transverse-dispersivity length scales, the source terms for the radionuclides as they are released
from the potential repository, the position and shape of the potential repository itself, and diffusion
coefficients for the radionuclides in the different tuffs.

99 135

Simulations of the transport of technetium Tc for a 5000-yr period and cesium Cs for a
10 000-yr period were run with spatially distributed sorption coefficients. The sorption coefficient

(4)

ml/
g is the sorption coefficient of Tc on pure mica, and X is the weight fraction of the respective

y
Kd for Tc depends on the abundance of the minerals hematite and mica;

OO

where Kdhem = 5.3 ml/g is the sorption coefficient of Tc on pure hematite, Kdmica = 3.4 ml/
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mineral. Kd for Cs varies with the abundance of clinoptilolite, montmorillonite, mordenite,
analcime, and glass in the tuff (Daniels et al. 1982);

KdCs = KdeUmJWfr , (5)

where Kdclin = 3.8 x 104 ml/g is the sorption coefficient for Cs on pure clinoptilolite, and the
Wi's are weighting factors for each mineral. The Wi's represent the ratio of the mineral's Kd to
that of clinoptilolite. They range from 0.50 for montmorillonite to 0.016 for glass. These species
were chosen for the simulations because of their different transport properties. Tc forms the anion
TcO4~ , which will not cation-exchange with the zeolites or clays in the tuffs, Because the
abundance of hematite and mica in the tuffs is low, its sorption coefficient is low. Cs acts as a
simple cation. It is thought to undergo cation exchange with the zeolitic tuffs and consequently has
a very high sorption coefficient. Sorption coefficients for most other radionuclides should lie
between those of Cs and Tc. One calculation (assuming no sorption) was performed to investigate
the effect of technetium's low sorptivity compared to no sorptivity at all. Table I shows the mean
and range of the six simulated Kd realizations for Cs and Tc in the seven min/pet layers discussed
below. The values shown provide an indication of the variability between realizations, as well as
the inhomogeneity within each realization. A set of calculations was also run for Cs with
homogeneous sorption coefficients based on the hydrologic units. These Kds are shown in Table I

129

as Realization Number 7. Some simulations for / were also run. It was assumed to be
nonsorbing. These radionuclides have long half-lives of order 10 to 10 years.

The dispersivity length scales are unknown for field-scale transport through the Yucca
Mountain tuffs. The simulations were run using different longitudinal and transverse dispersivities
to study their effect on radionuclide migration. Longitudinal dispersivities of 10 m and 1 m, and
transverse dispersivities of 1 m and 0.1 m were run with a ratio of longitudinal to transverse
dispersivity of 10:1. The large dispersivity values assumed here result by scaling data from column
studies up to repository scale.

Release rates from the potential repository vary with time. Estimates of these release rates
were not available at the time these simulations were started. A steady source of Co =1 released
at the recharge rate was used to calculate relative concentrations for the first few sets of Tc and

Cs calculations. The transport equations are linear so the results can be scaled. Estimated source
terms were used for the 129/ and the subsequent J Cs calculations. Moist-continuous and flow-
through source terms were used. Figures 3 and 4 show the source terms that were used (Apted et
ah, in preparation) over the 10 000-yr time frame that was modeled. Both ! / and 1 Cs have
rapid-release fractions as well as alteration-rate-controlled releases. For release by the moist-
continuous scenario, the spent-fuel container is assumed to be in contact with the borehole, release
occurs by molecular diffusion through the partially saturated rock matrix, and complete
containment is assumed for the first thousand years. This source term is fairly independent of
recharge rate. For release by the flow-through scenario, the spent-fuel container is surrounded by
a 3-cm air gap. Water drips from the borehole wall into a perforation in the container and out
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TABLE I. VARIATION AMONG Kd REALIZATIONS
(Mean and range within units and realizations)

TSw2

Zi

Vitric

CHnz

PPw

CFUn

BFw

Realiz Cesium Tecnetium
Unit Number Mean (Range) Mean (Range)

1
2
3
4
5
6
7

1
2
3
4
5
6
7

1
2
3
4
5
6
7

1
2
3
4
5
6
7

1
2
3
4
5
6
7

1
2
3
4
5
6
7

1
2
3
4
5
6
7

100 (-}

2802
3341
3108
3669
2338
3162
100

757
744
792
870
709
715
0

16828
19950
18249
19797
20556
21171
3000

11799
11206
10409
12501
10382
10916
400

(971,7482)
(911,12162)
(933,8334)
(807,13967)
(662,5681)
(744,8640)

(344,1839)
(381,3509)
(420,2838
(440,3377'
(225,2307*
401,1657)
:)

(822,36792)
(364,37772)
(226,37712)
(185,37509)
(843,37716)
(595,36727)
(

200 (-)

(701,33291)
(692,30239)
(538,34239)
(552,33185)
(966,33546)
(747,33606)
()

0.037
0.034
0.037
0.031
0.032
0.027

0.031
0.030
0.040
0.051
0.036
0.034

0.023
0.020
0.026
0.026
0.024
0.020

0.043
0.034
0.050
0.039
0.033
0.039

0.018
0.021
0.015
0.014
0.016
0.021

100 (-)

0.101
0.089
0.096
0.094
0.103
0.087

(0.009,0.096)
0.009,0.108)
0.010,0.108)
0.008,0.085)

(0.010,0.090)
(0.009,0.073)

(0.011,0.061)
'0.006,0.080)
(0.009,0.095)
(0.015,0.139)
(0.010,0.094)
(0.003,0.133)

(0.001,0.084)
(0.001,0.080)
(0.001,0.093
(0.001,0.104
(0.001.0.0931

(0.001,0.094)

(0.001,0.791)
(0.001,0.631)
(0.001,0.636)
(0.001,0.478)
(0.000,0.499)
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through holes in the bottom of the container. This scenario does depend on recharge rate and
assumes 0.5 mm/yr. For the transport calculations presented, this source term was used for both
recharge rates despite this inconsistency.

The release area roughly follows the proposed shape and position of the repository
(MacDougall et al. 1987). Release is homogeneous from the potential repository (i.e., panels of
canisters or individual canisters are not considered). With the steady source term, actual quantities
of radionuclides released to the accessible environment cannot be estimated, but the effectiveness
of the site's geochemical barriers can be investigated and some sensitivity analysis calculations can
be performed. Breakthrough curves can be estimated with the more realistic source terms.

The same diffusion coefficient was used for the three radionuclides in the various tuffs.
—5 2

Typical aqueous diffusion coefficients are on the order of 10 cm /s. Diffusion experiments in
saturated cores show that the tortuosity decreases the effective diffusion coefficient by a factor of
approximately 0.05 in the Topopah Spring core samples and by 0.07 in the Calico Hills samples
(Rundberg et al. 1987). The effective diffusion coefficient also decreases with saturation, but this
dependence is not yet known for the Yucca Mountain tuffs. Tortuosity values of 0.05 were used
for all of the tuffs and diffusion coefficients of 10" cm /s were used for all of the nuclides.

D. Mineralogic/Petrologic Model

For the purposes of simulating mineral distributions, the block (excluding the Ghost Dance
fault) was divided into seven units. Five of these are the hydrologic units TSw2, CHnz, PPw,
CFUn, and BFw. The vitric units TSw3 and CHnv are combined into a sixth unit, except for a thin
smectite-bearing zeolitized layer at the top of the basal vitrophyre of the Topopah Spring Member
(Bish and Vaniman 1985) that is treated as a separate, seventh unit.

The available mineralogical data consist of x-ray diffraction measurements of between 6 (for
the smectite-bearing unit) and 75 samples per unit from 12 drill holes near the target development
area. Alkali feldspar and at least some of the silica polymorphs (quartz, tridymite, and cristobalite)
are observed in almost all samples. Glass, clinoptilolite, mordenite, smectite, mica, calcite, and
hematite also occur in measurable quantities in some of the units.

The geochemical model requires average Kd values (based on mineralogy) for each of some
30 000 blocks. The available data are therefore used to estimate the parameters of spatial trend and
covariance models for the logarithmic ratios r(i)=log(m(i)/a(i)), where a(i) is the abundance of the
ubiquitous mineral, alkali feldspar, at the /-th location in the block, and m(i) is the abundance of
one of the other minerals present in the unit under consideration (Aitchison 1986). (It should be
noted that although we have selected one model for each ratio in each unit, the range of models that
are consistent with the relatively sparse observations is extremely broad.) These models are then
used to generate six possible spatial distributions for the minerals throughout the block. Each of
these distributions is consistent with the observations that exist but is elsewhere constrained only
by the statistical requirements of the stochastic model. Using the geochemical model described
above, the over 30 000 block-averaged mineral compositions of each realization are then converted
to average sorption coefficients for each grid block.
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III. SIMULATIONS

A. Grid

The bedded tuffs dip at approximately 6° from west to east. The stratigraphic data was rotated
upward 6° and translated to facilitate gridding of the units. The data were also converted to meters
to match input requirements for TRACRN (Travis and Birdsell 1991). A nonvertical gravity vector
compensates for the rotation of the beds. The grid is made up of 30 870 finite-difference zones.
This quantity was chosen because it was near the maximum problem size that could be run at the
time with TRACRN using the memory allocated per user OR the Cray Y-MPs at Los Alamos
National Laboratory. About 4.2 million words out of a possible 5.0 million words were used. There
are 15 blocks of 300-m width in the north/south direction, 37 blocks of 73-m width in the east/west
direction with 5 finer blocks near the Ghost Dance Fault zone, and 49 blocks from an elevation of
50 m to 450 m. The Ghost Dance Fault zone is located at 1695 m east and is 5-m wide. The vertical
zones range in thickness from 2 m to 18 m. The beds vary in thickness and in elevation throughout
the modeled region. The grid captures much of this variation. Offset along the fault zone is not
explicitly modeled as a different material (i.e., it has the material properties of the adjacent unit).

B. Source Terms

The recharge rate was treated as a source term for the simulations. Each of the finite-difference
blocks at the upper boundary supplied water at the 0.1-mm/yr or the 0.5-mm/yr recharge rate. The
radionuclide source term was treated similarly, except that only finite-difference cells within the
boundary of the repository block supplied radionuclide. The source term concentrations used were
either 1.0 g/g fluid for the steady source or concentrations corresponding to the source terms shown
in Figs. 3 and 4. The release area has roughly the same shape and position as that planned for the
potential repository block (MacDougall et al. 1987). The leachate rate was considered to be the
same as the recharge rate. The flow field was brought to steady state. The transport simulations
were then run under steady flow conditions.

C. Hydrologic Properties

Characteristic curves of capillary pressure and relative permeability as functions of saturation
were constructed for each hydrologic unit based on the composite properties discussed previously.
The curves (see Fig. 1) are highly nonlinear as the fractures saturate, which generally occurs at
composite saturations greater than 0.999. Because both the saturated and the unsaturated zones are
considered in these simulations, calculational difficulties occurred in finite-difference zones
adjacent to the water table because of the extreme nonlinearity of these curves. For these
preliminary calculations, the curves were consequently linearized from composite saturations of
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0.99 to 0.9999 for units TSw2 and TSw3 and from 0.99 to 0.99999 for units CFUn and CHnz to
help the simulations converge more readily. The effect of this linearization is that the fractures
saturate over a larger saturation range. This causes the relative permeability to increase more
gradually although the increase begins at a lower composite saturation value.

D. Water Table

The water table at Yucca Mountain rises sharply to the northwest. It was included in these
calculations because the distance from the potential repository to the water table varies
significantly with position. A planar, but nonhorizontal, surface was initially defined based on the
water table surface included in the stratigraphic model (Ortiz et al. 1985) used for these
simulations. Constant-pressure boundary conditions hold the water table at its initial level at the
boundaries. It fluctuates with recharge rate but is artificially held close to its initial position by the
imposed pressures at the bottom and side boundaries. Because the stratigraphic data was rotated
upward along the dipping beds in the east/west cross sections and because the vertical scale is
elongated with respect to the horizontal scale, the simulated water table appears to be far from
horizontal in the results that follow. Figure 5 shows schematically how the rotation and elongation
skews the figures that follow.

E. Boundary Conditions

Constant-pressure boundary conditions were used along the side and bottom boundaries. As
mentioned above, this created a stagnant saturated zone that kept the water table at its current
position. For the first set of transport calculations (see Spatially Distributed Kd, Section IV, Part
B), saturations and pressures along the side boundaries in the unsaturated zone were held at their
initial values. The flow field was run to steady state, based on boundary values that ultimately were
inconsistent with the internal values. For the rest of the calculations presented, the saturation and
pressure values for the side boundaries in the unsaturated zone were updated to make them
consistent with the internal values. This was done by reinitializing the boundary values for the
previous steady-state flow calculation to the values in the adjacent internal zones and
reestablishing a new steady-state flow field based on the new boundary values. This process was
repeated (four or five times) until the reinitialization no longer changed the flow results. A no-
flow boundary condition was used for the upper boundary with the water and contaminant sources
located in the zones directly beneath the upper boundary. A zero-gradient boundary condition was
used for the transport solution.
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Figure 5. Effect of grid location and axis elongation on water table appearance.



V. RESULTS

A. Flow Results

Figures 6 through 8 show steady-state pressure, saturation, and velocity plots at the 0.1-mm/
yr flow rate through an easi/west cross section of the mountain. The stratigraphy used for the
calculations is superimposed on the pressure plot to show its strong influence on the flow and
transport solutions. The simulated water table is nonhorizontal because it is rotated to offset the
rotation of the stratigraphic data in the east/west planes (see Fig. 5) and because it mimics the
northwesterly rise observed at the mountain. Down-gradient flow does not occur beneath the water
table because its position is over constrained by the constant-pressure boundaries along the sides
and bottom. In the velocity vector plot (Fig. 8), strong lateral flow can be identified in the CHnv
and PPw units, and the finer gridding along the fault zone at 1695 m east is evident. Although the
fault has no explicit properties of its own, the offset of beds along the fault causes some of the
lateral flow along bedding planes to be diverted downward. A circulation pattern is evident along
the boundaries. This seems incorrect and is again related to the artificially constrained boundary
conditions. Figure 9 shows saturation profiles through a north/south cross section of the mountain
with the stratigraphy superimposed. By comparing Figs. 7 and 9, the three-dimensionality of the
flow field becomes apparent. The east/west cross section cuts the repository at a point
approximately three-quarters of the way north from its southernmost tip. The north/south cross
section cuts the repository slightly east of its midpoint. The flow solutions were assumed to be at
steady state when the largest pressure change over the entire grid for a 50 000-yr time period was
about 1 part in 10 . The steady flow solution was then used for subsequent transport calculations.
These figures show the flow solution obtained after the boundary conditions in the unsaturated
zone had been updated a few times.

B. Transport Results

Spatially Distributed Kd. Figures 10 through 15 show log-scale fluid concentration plots for
99

Tc at 5070 yr for the various realizations of Kd at the two cross sections shown above. Figures
10 and 11 represent the "worst case" scenario of zero sorption. Figures 12 and 13 show the plumes
for the east/west cross section for Kd Realization Numbers 1 and 6, which, respectively, migrated
the least and the most of the six realizations. Figures 14 and 15 show overlay plots of the plumes
for Kd Realization Numbers 2 through 6 for the east/west and north/south cross sections,
respectively. (Realization Number 1 was left off the overlay plots because it makes them
confusing.) The steady source concentration of 1.0 g/g fluid was assumed for this set of
calculations. These solutions were obtained by solving the transport equation explicitly with the
tensor anti-diffusion option. This approach considerably decreased numerical dispersion seen in
the implicit calculation. Run times, however, increased by a factor of about 10 when using the
explicit solution. The runs were stopped at 5070 yr (rather than to 10 000 yr) to save on computer
costs.
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Fig. 6. Steady-state liquid pressure contours (106 dynes/cm2) at a constant recharge
of 0.1 mm/yr, east/west cross section (North 3450 m).
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Fig. 7. Steady-state saturation contours at a constant recharge of 0.1 mm/yr, east/west
cross section (North 3450 mm).
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Fig. 8. Steady-state velocity vectors at a constant recharge of 0.1 mm/yr, easf/west
cross section (North 2450 m).
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Fig. 9. Steady-state saturation contours at a constant recharge of 0. lmm/yr,
north/south cross section (East 1692 m).
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Fig. 10. Log-scale concentration profiles for Tc at 5070 yr, Kd = 0.0,
recharge = 0.1 mm/yr, east/west cross section (North 3450 m).
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Fig. 11. Log-scale concentration profiles for 99Tc at 5070 yr, Kd = 0.0,
recharge = 0.1 mm/yr, east/west cross section (East 1692 m).
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Fig. 12. Log-scale concentration profiles for "Tc at 5070 yr, Kd = 0.0,
recharge = 0.1 mm/yr, east/west cross section (North 3450 m).
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Fig. 13. Log-scale concentration profiles for Tc at 5070 yr, Kd = 0.0,

recharge = 0.1 mm/yr, east/west cross section (East 1692 m).
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Fig. 14. Overlays of log-scale concentration profiles for " r e at 5070 yr, Kd
Realization Numbers 2 through 6, recharge = 0.1 mm/yr, east/west
cross section (North 3450 m).
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Fig. 15. Overlays of log-scale concentration profiles for "Tc at 5070 yr, Kd

Realization Numbers 2 through 6, recharge = 0.1 mm/yr, east/west
cross section (East 1692 m).
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The effect of technetium's low sorptivity can be studied by comparing Fig. 10 with Figs. 12,
13, and 14 and Fig. 11 with Fig. 15. Transport of 99Tc is retarded by a factor of 10% to 30% for
the sorbing cases vs. the nonsorbing case. This retardation factor is reasonable assuming the upper
four units have an average Kd of about 0.03 (see Table I). In Figs. 14 and 15, the different sorption
realizations do not produce significant variability in the simulated results under the 0.1-mm/yr
recharge rate at 5070 yr. More significant variability may be seen, however, with increasing
recharge, time, and dispersivity values. Some other cross sections show more variability with the
different Kd fields and also more nonuniformity in space, indicating a more three-dimensional

—12

structure than shown in the cross sections presented. A downward dip in the 10 Co concentration
plumes is evident in the east/west plots along the region offset by the fault zone at 1695 m east
This dip occurs because the lateral flow, which carries the Tc along the CHnv/CHnz interface
(see Fig. 8) toward the fault from the west, stops abruptly at the offset and is diverted downward.

—12

The downward dip does not occur for Realization Number 1 (Fig. 12) because the 10 contour
has not reached the lateral flow region at the 300-m elevation.

Figures 16 and 17 show overlays of log-scale fluid concentration plots for Cs at 10 000 yr
for the six realizations of Kd. These solutions were generated using the implicit solution of the
transport equation. Numerical dispersion did not significantly affect the calculation of the slow
moving Cs. The figures show that cesium's high sorptivity successfully retards its migration over
the 10 000-yr period. The concentration contours are identical in the TSw2 unit because no sorption
of Cs occurs in that unit. A slight spreading of the contours with realization occurs below TS w2,
but the spreading is insignificant for not only these two cross sections but also for all other cross
sections that were checked.

Recharge Rate and Dispersivity Length Scale. Figures 18 through 21 show log-scale fluid
concentration plots for Tc at 10 000 yr at a 0.1-mm/yr recharge rate for the two cross sections
shown above. The position of the water table is also given for each cross section. Kd Realization
Number 1 for "Tc was used for this set of simulations. Two sets of dispersivity length scales are
presented for the calculations shown. For Figs. 18 and 20, a longitudinal dispersivity of 10 m (used
in the vertical direction) with a transverse dispersivity (used in the horizontal direction) of 1 m was
used. For Figs. 19 and 21, a longitudinal value of 1 m and a transverse value of 0.1 m were used.
The constant source term is again used for these calculations. At this flow rate, the assumed
dispersivity strongly affects the transport solution. Technetium concentrations as high as 10" Co
for the high dispersivity case (Figs. 18 and 20) and 10~n and 10*"1 Co for the lower dispersivity
case (Figs. 19 and 21) intercept the water table. A factor of 10 difference in the dispersivity length
scale resulted in a factor of up to 100 difference in the concentration breaking through to the water
table for these particular cross sections. Other cross sections show concentrations reaching the
water table up to 1000 times larger for the higher dispersivity case than for the lower dispersivity
case. Vertical flow occurring along the fault zone is evident in these plots at 1695 m east by the
downward dip in the concentration plumes at that position.

Figures 22 through 25 show log-scale fluid concentration profiles at the 0.5-mm/yr recharge
rate. Figures 22 and 23 are for the east/west cross section, and Figs. 24 and 25 are for the north/
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Fig. 16. Overlays of log-scale concentration profiles for Cs at 10 000 yr, Kd Real-

ization Numbers 2 through 6, recharge = 0.1 mm/yr, east/west cross section
(North 3450 m).
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Fig. 17. Overlays of log-scale concentration profiles for U5Cs at 10 000 yr, Kd Real-
ization Numbers 2 through 6, recharge = 0.1 mm/yr, east/west cross section
(East 1692 m).
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Fig. 18. Log-scale concentration profiles for Tc at 10 000 yr, high dispersivity
case, Kd Realization Number 1, recharge = 0.1 mm/yr, east/west cross
section (North 3450 m).
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Fig. 19. Log-scale concentration profiles for 99Tc at 10 000 yr, low dispersivity case,

Kd Realization Number 1, recharge = 0.1 mm/yr, east/west cross section (North
3450 m).
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Fig. 20. Log-scale concentration profiles for Tc at 10 000 yr, high dispersivity case,
Kd Realization Number 1, recharge = 0.1 mm/yr, east/west cross section (East
1692 m).
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Fig. 21. Log-scale concentration profiles for Tc at 10 000 yr, low dispersivity

case, Kd Realization Number 1, recharge = 0.1 mtn/yr, east/west cross
section (East 1692 m).
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Fig. 22. Log-scale concentration profiles for 99Tc at 10 000 yr, high dispersivity
case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (North 3450 m).
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Fig. 23. Log-scale concentration profiles for wTc at 10 000 yr, high dispersivily

case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (North 3450 m).
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Fig. 24. Log-scale concentration profiles for Tc at 10 000 yr, high dispersivity
case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (East 1692 m).
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Fig. 25. Log-scale concentration profiles for "Tc at 10 000 yr, low dispersivity

case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (East 1692 m).
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south cross section. Concentration profiles for the two dispersivity length scales are presented.
Larger concentrations occur for the 0.5-mm/yr cases than for the 0.1 -mm/yr cases. (Remember that
the constant source concentration of 1.0 g/g fluid is used for both flow rates.) For the cross sections
shown, concentrations on the order of 10~5 Co reach the water table for the high dispersivity case
(Figs. 22 and 24), and concentrations on the order of 10" to 10" Co reach the water table for the
low dispersivity case (Figs. 23 and 25). Here again, a factor of 10 increase in the value of the
dispersivity length scale produced a factor of 100 to 1000 increase in concentrations reaching the
water table.

Figures 26 and 27 show log-scale fluid concentration plots Csfor the two cross sections at
the fastest flow rate. Kd Realization Number 1 for l35Cs was used for this set of simulations.
Results using the high dispersivity length scale are presented here so that these plots show the most
rapid migration of cesium of any of the calculations run. The figures show that cesium's high
sorptivity successfully retards its migration.

Art

Dimensionality. Figure 28 shows two three-dimensional visualizations of the Tc plume at
10 000 yr for a recharge rate of 0.1 mm/yr, the low-dispersivity length scales, the constant source,
and Kd Realization Number 1. The plume is highly three-dimensional. The shape of the potential
repository is evident in the first figure. Both figures show fast paths along the left (western) side
and along the fault. This particular simulation is presented because it is transported the least of the
Tc simulations and still demonstrates this high degree of three-dimensionality. The other Tc and
the / simulations are even more highly three-dimensional.

Figure 29 shows two three-dimensional visualizations of the entire Cs plume at 20 000 yr
for a recharge rate of 0.5 mm/yr, the high dispersivity length scales, Kd Realization Number 1, and
the constant source term. This plume was chosen because it is transported the most of the Cs
simulations and yet its structure can probably be adequately represented in two dimensions. The
plurnes for the other Cs simulations show even less three-dimensionality than this one. It should be
noted that for this Kd realization, the TSw2 unit is nonsorbing. Any sorption in this unit slows the
migration even further and makes the plumes structure less three-dimensional. The layer just below
the potential repository shown in the first figure is a deeper shade of red than the corresponding
layer for the Tc simulation. Cs stays more concentrated near the source because its migration is
limited.

Recharge Rate and Source Term. Figures 30 through 33 show concentration contours for l I
transport from the potential repository at 10 000 yr using a recharge rate of 0.1 m/yr. Results based
on the moist-continuous source term are presented in Figs. 30 and 31, and results based on the flow-
through source term are presented in Figs. 32 and 33. The larger-dispersivity length scale (10 m
longitudinal and 1 m transverse) is used for this set of calculations. / is assumed to be
nonsorbing.

Several observations can be made by comparing these results with results presented in the
previous sections. First, by comparing Figs. 30 and 32 with Fig. 20 and Figs. 31 and 33 with
Fig. 22, the influence of the source term and sorption is demonstrated. The source terms used for
the / simulations are lower than the continuous source used for the Tc simulations. The difference
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Fig. 26. Log-scale concentration profiles for Cs at 10 000 yr, high dispersivity

case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (North 3450 m).
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135,Fig. 27. Log-scale concentration profiles for Cs at 10 000 yr, high dispersivity
case, Kd Realization Number 1, recharge = 0.5 mm/yr, east/west cross
section (East 1692 m).

211



99.
Fig. 2S. Three-dimensional visualizations of Tc plume at 10 000 yr, low dispersivity case,

Kd Realization Number 1, recharge = 0.1 mm/yr, constant source.



ro
CO

135.
Fig. 29. Three-dimensional visualizations of Cs at 20 000 yr, high dispersivily case,

Kd Realization Number 1, recharge = 0.5 mm/yr, constant source.
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Fig. 30. Log-scale concentration profiles for / at 10 000 yr, moist-continuous
source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (North 3450 m).
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129,Fig. 31. Log-scale concentration profiles for 7 at 10 000 yr, moist-continuous

source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (East 1692 m).
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129,Fig. 32. Log-scale concentration profiles for / at 10 000 yr, moist-continuous

source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (North 3450 m).
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Fig. 33. Log-scale concentration profiles for 129/ at 10 000 yr, moist-continuous
source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (East 1692 m).
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in the source is reflected in the higher concentration contours located near the top of the figures.
Despite the lower source concentration, slightly higher concentrations reach the water table for the
/ case using the moist-continuous source (Figs. 30 and 31) than for the Tc case (Figs. 20 and 22)
because / is nonsorbing while Tc is slightly sorbing.

Breakthrough concentrations at the water table are substantially different for the two variable
source terms. For the 0.1 -mm/yr flow rate, results using the moist-continuous source term (Figs. 30
and 31) show / concentrations on the order of 10~9 compared to / concentrations on the order of
10" for the flow-through source term (Figs. 32 and 33).

Figures 34 through 37 show " I concentration contours at 10 000 yr at the 0.5 mm/yr recharge
rate. Figs. 34 and 35 represent results for the moist-continuous source term, and Figs. 36 and 37
represent results for the flow-through source term. Again the larger dispersivity length scale is
used, and / i s assumed nonsorbing. Comparing these results with results for the constant source Tc
calculations (Figs. 24 and 26) at the same flow rate shows lower concentrations at the water table
for the / simulations because of the lower source and despite Tc's sorbtive capacity. This is in
contrast to the comparison done at the 0.1-mm/yr flow rate using the moist-continuous source term
for/.

Concentrations at the water table for the two source terms are again substantially different at
this higher recharge rate. They are approximately four orders of magnitude higher for the case
which uses the moist-continuous source term (Figs. 34 and 35) than for the case which uses the
flow-through source term (Figs. 36 and 37).

A comparison between results for like source terms at the two recharge rates shows significant
differences in breakthrough concentrations depending on recharge rate. For the moist-continuous
source term, / concentrations at the water table are two to three orders of magnitude higher for the
0.5-mm/yr recharge rate (Figs. 34 and 35) than for the 0.1-mm/yr recharge rate (Figs. 30 and 31).
For the flow-through source term, / concentrations are four orders of magnitude higher for the 0.5-
mm/yr rate (Figs. 36 and 37) than for the 0.1-mm/yr rate (Figs. 32 and 33).

Figures 38 through 41 show Cs concentration contours at 10 000 yr for the north/south cross
section for the two source terms and at the two flow rates. Sorption coefficients are based on unit
(see Realization Number 7 in Table I) rather than using the spatially distributed realizations used
in the other Cs calculations. The contours are wider and the concentrations higher for the
calculations using the moist-continuous source (Figs. 38 and 40) than for the calculations using the
flow-through source (Figs. 39 and 41) simply because the source concentration is larger. Sorption
is so strong that transport is limited in these simulations to less than 50 m from the source region.
The TSw2 unit contributes to the retardation of Cs here, while it did not in the previous sets of
calculations.
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Fig. 34. Log-scale concentration profiles for 129I at 10 000 yr, moist-continuous

source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (North 3450 m).
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Fig. 35. Log-scale concentration profiles for 1297 at 10 000 yr, moist-continuous
source, high dispersivity value, recharge = 0.1 mm/yr, north/south cross
section (East 1692 m).
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Fig. 36. Log-scale concentration profiles for 129/ at 10 000 yr, flow-through source,
high dispersivity value, recharge = 0.5 mm/yr, east/west cross section (North
3450 m).
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129,Fig. 37. Log-scale concentration profiles for 7 at 10 000 yr, flow-through source,

high dispersivity value, recharge = 0.5 mm/yr, east/west cross section (East
1692 m).
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135,Fig. 38. Log-scale concentration profiles for l"Cs at 10 000 yr, moist-continuous
source high dispersivity value, recharge = 0.1 mm/yr, north/south cross section
(East 1692 m).
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135.Fig. 39. Log-scale concentration profiles for lJJCs at 10 000 yr, flow-through source,
high dispersivity value, recharge = 0.1 mm/yr, north/south cross section (East
1692 m).
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Fig. 40. Log-scale concentration profiles for Cs at 10 000 yr, moist-continuous

source high dispersivity value, recharge = 0.5 mm/yr, north/south cross
section (East 1692 m).
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135,Fig. 41. Log-scale concentration profiles for l"Cs at 10000yr, flow-through source,
high dispersivity, recharge = 0.5 mm/yr, north/south cross section
(East 1692 m).
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V. CONCLUSIONS AND RECOMMENDATIONS

This paper describes our first attempts at modeling transport at Yucca Mountain using
spatially distributed stratigraphic, geochemical, and mineralogic data in three dimensions. Work
will continue to improve this model based on the recommendations given below and as further
information from site characterization becomes available. Some conclusions regarding the
sensitivity of radionuclide transport to various transport parameters can be made based on the
results presented in the previous sections.

Spatially Distributed Kd. For Tc, the different realizations of Kd fields did not produce
significant variability in the simulated results. Geochemical studies during site characterization are
expected to provide refinement in geochemical retardation process assumptions and in their
relation to the min/pet models. The current set of simulations uses only a handful of realizations of
mineral distribution. Many more are required to obtain statistically realistic results. Plrme
variations due to variations in the Kd realization may be magnified as flow rates and dispersivities
change. Therefore, radionuclide migration at other recharge rates (both steady and unsteady) and
with larger dispersivity length scales as a function of sorption field must also be considered. The
scale of the spatial variability of the sorption parameters may be much smaller than the size of the
grid blocks used for these calculations. A smaller volume should be considered to see if the
calculated results are size dependent. Cumulative totals of radionuclides crossing a given surface
will be calculated to determine whether the different realizations produce statistically different
results. If further studies indicate that the results of transport calculations run with detailed sorption
data do not depend much on the variation in the sorption coefficients, such detailed data may not
need to be gathered even for fast moving species like Tc.

For Cs, the different realizations of Kd fields produced almost no variability in the simulated
results. It seems that for highly sorptive radionuclides like Cs, detailed information regarding
sorption as a function of mineralogy is not required to properly model its migratory behavior. The
sorption task proposes investigating a minimum Kd approach for strongly sorbing radionuclides.
The approach is based on estimating a minimum sorption coefficient for the units underlying the
repository block. Subsequent calculations will test this hypothesis.

Recharge Rate and Dispersivity Length Scale. For Tc, both the recharge rate and the
dispersivity length scales strongly affected the simulated transport results. Improvements in the
hydrologic model will help to better determine the dependence of transport on hydrology and on
recharge rate at the site. Site characterization studies will provide a better understanding of the site
conceptual hydrologic model, as well as improve estimates of hydrologic parameters. The
composite-porosity method, as implemented for these simulations, may be inadequate for transport
calculations when fracture flow exists. The method smears out the faster fracture velocities by
combining them with matrix velocities. Modeling studies will be done to determine the effect that
the individual components of matrix and fracture flow have on radionuclide migration under
different recharge scenarios. Results of these studies will be incorporated into the model. Further,
the Ghost Dance Fault zone will be modeled explicitly, and flow in the saturated zone will be
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modeled more realistically. Recharge should be modeled from the ground surface to the water table
rather than by assuming a constant flux at the repository level. Higher flow rates will obviously
change the simulated results, although calculations performed by Prindle and Hopkins (1989)
indicate increasing lateral diversion around the potential repository with increasing recharge.

Studies will be conducted to better understand the dispersion process. Dispersivity length
scales may need to be coupled to recharge scenarios, functions of grid block size, and time variant.
Saturation effects and flow regime (i.e., matrix- vs. fracture-dominated flow) can also strongly
effect dispersivity values.

Dimensionality. The calculations demonstrate that migration from the potential repository is
three dimensional, especially for less sorptive species. For weakly sorbing species like technetium,
more three-dimensional studies are required to understand how heterogeneities and uncertainties
in hydrologic and transport properties affect predictions of breakthrough to the accessible
environment. For strongly sorbing species like cesium, two-dimensional simulations may be
sufficient to simulate transport through the mountain.

Source Term. For iodine, the simulated results were strongly dependent on the source term.
For weekly sorbing nuclides like / or Tc, accurate source terms are essential in evaluating the
effectiveness of the site's geochemical barriers and in predicting quantities of radionuclides that
may reach the accessible environment.

For Cs, the simulated results were fairly independent of source term. Retardation was so strong
that transport was limited to less than 50 m from the potential repository. For strong sorbers, such
as Cs, migration to the accessible environment may not occur even under extreme release
scenarios. An accurate description of the source term for these types of nuclides may not be needed.
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ABSTRACT

This paper presents a brief summary of selected geochemical transport modeling issues facing
site characterization for high-level nuclear waste repository. The major concerns focus on
solubility, sorption, thermodynamic data bases, and other geochemical parameters needed to
ensure that NRC and EPA requirements regarding long-term waste isolation are met. Several
geochemical transport modeling assumptions currently being used and code limitations are
also discussed. Future modeling efforts are recommended to include rational formulations
based on conservation laws and constitutive theory for reactive chemical transport problems
in porous/fractured media. As a companion to deterministic approaches, uncertainty analysis
has been proposed to address (1) spatial variability in data bases which are prone to errors,
and (2) simplified models of the random spatial processes. It is expected that the conjunctive
deterministic and stochastic modeling will help organize the geochemical data acquisition
process, reduce the uncertainty associated with transport modeling results, and resolve basic
issues related to site suitability and repository performance.
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I. INTRODUCTION

The quantitative requirements established by the U.S. Nuclear Regulatory Commission
(NRC) in NRC 10 CFR Part 60 for licensing a high-level nuclear waste repository include:
complete containment of high-level wastes (HLW) within the waste packages for a period of
300-1000 years after permanent closure of the repository; a release rate that does not exceed
1 part in 100,000 per year of the total inventory for a given radionuclide calculated to be
present 1000 years following permanent closure; and a groundwater travel time of at least
1000 years along the fastest path of likely radionuclide travel from the disturbed zone to the
accessible environment.

In order to determine if these regulations can be met, a complete assessment of the tectonic,
hydrogeologic, geochemical, geomorphologic, thermal, and nuclear processes operating
within the geologic setting must be performed. The data accumulated to date documenting
the occurrence of these processes under laboratory and field conditions have been presented
in several reports (e.g. Tsang and Mangold, 1984) which describe site characterization
activities at proposed repository locations in the United States and abroad. This paper
focuses on selected geochemistry issues which would require careful consideration when
assessing the overall suitability and expected performance of a site for high-level nuclear
waste disposal. The issues include concerns related to (1) the solubility of contaminants in
groundwater, (2) the groundwater flow through existing and newly created fractures in the
repository environment, (3) the effect that such flow would have on sorption potential, (4)
the control of important geochemical parameters in the laboratory and the field, and (5) the
geochemical modeling approach to predict transport of reactive chemical species, and the
effect of uncertainty on predicted results.

II. SELECTED STATEMENT OF ISSUES

1. Sources of Geochemical Data

Since transport via groundwater is the most credible means of radionuclide movement,
geochemical processes that are expected to occur along potential groundwater flow paths
from the repository to the accessible environment should be carefully identified and
characterized. Characterization should lead to a reliable data base for describing important
geochemical processes taking or expected to take place in the near, intermediate and far-
field zones. The following selected statement of issues summarize factual concerns related to
the nature and quality of geochemical data. Depending on the type of uncertainty (e.g., data,
process, and model), issues related to representativeness of actual conditions will be
addressed.

1.1. Selected Concerns Related to the Quality of Data Bases used in Reactive Transport
Modeling

Application of models to describe the transport of reactive chemicals in the repository
environment is indispensable to determine suitability of a proposed site for high level nuclear
waste disposal. The domain of validity of these models strongly depend on the type and
quality of information available at the conceptual development stage. Subsequently, several
geochemical concerns pertinent to reactive transport are presented, and avenues for further
investigation are discussed.

ISSUE 1.1.1: Understanding the general mineralogy and petrography in the primary isolation
zone is crucial, and determination of changes in porosity resulting from secondary mineral
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dehydration should be conservative.

Several factors should be considered in estimating the change in porosity. For instance,
smectite dehydration induces a fracture change as well dehydration in vugs and vesicles.
Zeolites, which are common secondary minerals in flow tops, are also subject to dehydration
due to temperature fluctuations. The greater the increase in porosity, the greater the
potential for increased subsurface flow of water. Therefore, it is strongly necessary that
changes in porosity be estimated for all minerals subject to dehydration.

In addition to water loss and volume changes upon heating of secondary minerals from the
controlled study are, the sorption/desorption properties of dehydrated products may be
affected thus requiring a more complete characterization in the near, intermediate, and far
fields.

ISSUE 1.1.2: The effect of alteration phase formation upon radionuclide mobility should be
evaluated in site characterization.

Primary phases persist as metastable phases because the kinetics of alteration processes are
slow at the relatively low temperatures that presently exist. However, as the temperature in
the vicinity of the repository increases, the kinetics of primary phase alteration will also
increase. This will result in formation of secondary minerals. It should be proposed to
investigate specific alteration processes, the time of alteration, and the relative contribution
of each alteration phase. Study of the relative contribution and associated sorption capacity
of each of the alteration phases is crucial. Some of the alteration phases are characterized by
low sorption capacities. Should these minerals dominate alteration phase formation, the
potential for retardation of radionuclides will be diminished.

ISSUE 1.1.3: The occurrence and long-term stability of zeolites are poorly understood.

Zeolites in the repository isolation system may be unstable with respect to quartz and
feldspars, and their metastable persistence is due to slow rates of transformation at low
temperatures. Due to the important role of zeolites in retarding radionuclide mobility, it is
crucial that their mechanism of formation and long-term stability be carefully evaluated.
Should the zeolites be shown to be unstable with respect to time and elevated tempeiatures,
the potential for sorption of radionuclides by secondary minerals will be radically affected
(i.e., quartz and feldspar are characterized by a lesser sorption capacity). Should the zeolites
be shown to be unstable, radionuclide sorption potential must be re-evaluated.

ISSUE 1.1.4: All possible environmental parameters that may affect mineral stability in the
repository environment should be evaluated. Investigations should aim toward the
development of equations of state utilized in the modeling effort.

A broad baseline of all possible environmental parameters must be investigated to
demonstrate primary and secondary mineral stabilities. For example, when using the
standard Gibbs free energy of formation as a measure of mineral stability in a given mineral
assemblage (at equilibrium), G, the values dG/dX must be investigated to demonstrate that
they are or are not negligible. The parameter X can represent temperature, pressure, mole
fraction in a solid solution, electric field, magnetic field, radiation, and particle size.

ISSUE 1.1.5: The oxidation/reduction environment in the natural system should be carefully
evaluated.

Due to the enormous dependence of actinide solubilities on redox potential, it is essential
that Eh be known precisely at all expected temperatures. Substantial changes in geochemical
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parameters are also expected to occur during the transport of radionuclides from an oxidizing
environment to a reducing environment, thus resulting in precipitation/dissolution reactions.
Therefore, it is crucial that redox conditions be established and characterization work be
planned to gain better confidence on radionuclides travel time calculations.

ISSUE 1.1.6: The capacity of geologic formations to reinstate ambient redox conditions is not
usually well quantified, so the oxidation/reduction environment in the natural system is not
understood. Furthermore, control of the redox potential in a formation/groundwater system
has not been experimentally well documented.

The rate of change from oxidizing to ambient redox conditions following closure of the
repository is crucial and needs to be rigorously determined by field tests on site. Exact
values of Eh versus time are required. This will be difficult in view of (1) the problems in
measuring Eh; (2) disruptions of the closure area which will be required to measure Eh and
which may introduce additional oxygen or change permeability; and (3) the rate of change
could be so slow as to be unmeasureable within reasonable time. Eh control and
measurement in experiments remains a very serious, unresolved problem, especially since
solubilities of some actinides change by more than 106 times from reducing to oxidizing
conditions. Much more work is required here s nee Eh is crucial in the evaluation of
canister corrosion, waste-form leach rates, and migration of aqueous radionuclides.

ISSUE 1.1.7: A high level of detail should be required in evaluation of the effects of Eh on
radionuclide speciation.

The effect of Eh on radionuclide behavior should be determined for each element separately
and also for the multicomponent system expected as leachate from breached canisters (since
different species and elements can influence chemical behavior).

ISSUE 1.1.8: The measurement of pH in groundwater should be accurate enough since an
error of +0.5 pH units in field measurements could change the solubility of many
components by approximately ten times.

ISSUE 1.1.9: Thermodynamic formation constants describing radionuclide (actinide)
complexation should be evaluated especially at elevated temperatures. Full characterization
of all complexing reactions for all potential ligands and radionuclides over the expected
range of temperatures should be undertaken.

ISSUE 1.1.10: Plans to alleviate problems associated with the thermodynamic database
should always be accounted for during site characterization.

The evaluation and monitoring of the reaction progress of rock-fluid interactions requires
computer modeling capabilities at near theoretics' limits. Inaccuracies and inadequacies of
the thermodynamic database for primary a.id secondary phases of geochemical species are
expected. This, in turn, affect the ability to: (1) predict aqueous speciation which may play
an important role in radionuclide mobility, (2) predict controls on the formation of
secondary phases, (3) relate experimental results to thermodynamic and kinetic data, and (4)
extrapolate results to different geochemicai conditions.

1.2. Data and Model Uncertainty in Site Characterization

Because of unknown in-situ conditions, laboratory conditions may not bs representative of
those actually encountered in a repository system. The discus?'on below highlights certain
difficulties that are encountered when conceptualizing the repository environment, and that
may not be resolved without actual field verification and validation.
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ISSUE 1.2.1: Geochemical studies conducted in the laboratory cannot be used to predict
repository safety if laboratory system conditions differ from actual field conditions.

In general, laboratory experiments do not precisely duplicate actual field conditions due to
the complexity of the natural system. The geochemical parameters that are most difficult to
duplicate in experimental studies are the redox condition and the composition of the solid
components. Both of these parameters can affect the sorptive behavior of radionuclides.
Hence, sorption reactions are dependent on a specific geochemical system and cannot be
applied to differing systems. If laboratory studies utilize geochemical parameters that differ
from actual field conditions, laboratory results may be completely inapplicable to field
conditions.

ISSUE 1.2.2: Slow rates of chemical reaction are expected to occur in a repository
environment. It is incorrect to always assume that they can be accelerated by changing
experimental parameters.

Observations of chemical reactions in the laboratory are limited in time to a few years. In
contrast, reactions in the repository system can occur over a time period of hundreds or
thousands of years. Therefore, experimental data must be extrapolated to long periods of
time which introduces uncertainty. In many instances, plans for site characterization have
suggested that this problem can be partially rectified by changing experimental parameters
and accelerating reactions. Several means by which reactions may be accelerated are
increasing the temperature, increasing the surface area of the solid reactants, and increasing
flow rates. The problem of extrapolating kinetic data to long periods is serious. It is very
tricky and dangerous to attempt to speed up laboratory simulations by changing temperature,
surface area, or flow rates since this can cause different processes to occur and even
dominate.

The effects of changing these parameters must be carefully evaluated, especially with regards
to temperature. Temperature is an important parameter that affects solubility, sorption, and
leaching characteristics of radionuclides. For example, leach data cannot be confidently
extrapolated from one temperature to another without a clear understanding of the structural
changes and chemical reactivity of the waste glass system.

It is recommended that the acceleration of geochemical reactions be carefully scrutinized.
Changing various parameters, especially temperature, may result in changes in the system
that preclude the applicability of experimental results to the repository environment.

ISSUE 1.2.3: The effect of oxygen on isolation of wastes during the containment period is
not known, thus affecting the quality of collected geochemical data and related models.

Oxygen will be introduced into the repository environment during construction and operation
of the repository. The presence of oxygen is expected to affect groundwater composition
within the engineered barrier system and the disturbed zone. The exact effects are difficult
to assess, at least, until wastes are actually emplaced. Even then, effects on groundwater
composition may be very site-specific.

ISSUE 1.2.4: Laboratory-determined distribution coefficients describing sorption behavior of
key radionuclides should not be used in predicting the performance of the repository because
important requirements describing geochemical conditions have not been met.

The use of sorption and desorption isotherms and distribution coefficients as input into
radionuclide transport models can only be justified if certain qualifying assumptions are met.
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These assumptions include: (1) achievement of system equilibrium (or that the exact same
state of disequilibrium will apply in the real case), and (2) identical chemical conditions (e.g.,
solution composition, pH, Eh, T) in laboratory and field studies. If these two criteria are not
met, laboratory-determined distribution coefficients cannot be applied to the field case.

ISSUE 1.2.5: Sorption/desorption measurements performed in laboratory studies to determine
the geochemistry of the host rock and surrounding units should be carefully evaluated for
representativeness of in-situ conditions and accuracy.

Measurements of sorption and desorption reactions are not valid if equilibrium is not
attained. Since sorption reactions in the site characterization experiment are generally
"partially irreversible", it is probable that equilibrium was not attained prior to laboratory
measurements. Therefore, the validity of these measurements is questionable.

ISSUE 1.2.6: The peak temperature estimated for the near-field repository environment
cannot be accurately determined. Therefore, the geochemical effects of waste emplacement
are uncertain.

The effect of elevated temperatures on the geochemical behavior of radionuclides in the
repository environment should not be underestimated. A peak temperature depends upon the
length of time that wastes are stored prior to emplacement in the repository. If the length of
storage time is shortened relative to the time presently planned, peak temperatures may be
higher.

2. Modeling Geochemical Transport Processes

The conceptualization of geochemical models require adequate understanding of the coupling
between the thermal, mechanical, hydrological, chemical processes associated with a nuclear
waste repository. Because of scientific and technological constraints, it is fair to say that
deficiencies in the conceptualization of a repository environment will always occur. Even
though, one should aim at providing a most representative model, starting with the simple
one, and upgrading its abilities as actual data become available. To that end, stochastic
modeling should always be considered as a companion tool of deterministic approaches, and
both should be used to guide and optimize site characterization activities. Finally, it should
be recognized that, with the recent advancements in computer hardware technology, several
complex approaches previously considered hard and tedious to implement, have now become
attractive due to their realistic representation of the system under study.

2.1. Selected Conceptualization Issues

ISSUE 2.1.1: Important information pertaining to the reliability and stability of geochemical
parameters should be provided for modeling purposes.

The primary purpose of geochemical modeling is to assess the potential for transport of
radionuclides to the accessible environment. Prior to this assessment, the controlling
geochemical processes and parameters must be identified and evaluated. The value ranges
and change with time, and their stability during the expected life span of the repository
should be provided. In addition, environmental factors responsible for control of the
parameters should be discussed and integrated in the overall conceptual model of the
repository environment.

ISSUE 2.1.2: Credible flow paths in the repository environment cannot be estimated without
taking into account fractures and joints, existing or newly created by characterization
activities and repository construction.
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Groundwater geochemical data are used to provide evidence for hydrologic flow models of
aquifers at the repository site. These flow models will in turn predict the direction and rate
of groundwater flow along credible flow paths. It is very difficult to estimate "credible flow
paths" of groundwater in the repository since flow paths depend mostly on fractures and
joints which are not precisely located. Also, determination of credible flow paths requires
the use of physical models which describe flow in fractures. Such models are not well
developed (unless each fracture's geometry and position are known exactly).

ISSUE 2.1.3: Comparison of groundwater compositions in overlying strata is useful, but does
not negate the potential for vertical and lateral subsurface flow in the repository
environment. Conceptualization of flow in a fractured and/or heterogeneous medium is one
of the chief transport modeling difficulties and should not be downplayed in site
characterization.

ISSUE 2.1.4: The use of sensitivity/uncertainty analyses to evaluate the quality of
geochemical data may not be sufficient.

The quality of available geochemical data may be evaluated using sensitivity/uncertainty
analyses to quantify uncertainties in modeling results. However, not all models that use
geochemical data are refined enough to allow sensitivity/uncertainty analyses of geochemical
parameters and it is very difficult to use such analyses on fractured media where flow rates
and directions are not well described. Hence, the quality of the data may not be accurately
evaluated.

ISSUE 2.1.S: The use of the distribution coefficient in transport modeling studies requires
clear and specific justifications.

The concept of distribution coefficient has been shown to be erroneous for solute sorption in
several groundwater-soil systems, and that a more accurate description of radionuclide
sorption can be obtained by employing other models to describe sorption reactions.

Furthermore, distribution coefficients are not true thermodynamic variables (i.e., they can
vary greatly with small changes in system parameters). As a result, they cannot be readily
extrapolated from the simple systems used in experiments to the complex system
characteristic of the natural environment. Therefore, the use of the distribution coefficient
for modeling radionuclide transport is not conservative.

ISSUE 2.1.6: The assumption regarding establishment of equilibrium conditions in sorption
experiments must be justified before it can be used in equilibrium geochemistry studies.

Most rock-groundwater systems are not in equilibrium and distribution coefficients represent
"steady state" values. These values should not be considered to be conservative since longer
equilibration times cannot be assumed to increase sorption. The distribution coefficient
concept is only justified if certain qualifying factors are met. These qualifying factors
include: (1) trace concentrations of the sorbent, (2) consistency of the activity coefficient
ratio for the sorbent, and (3) system equilibrium (Onishi et al., 1981). To prove system
equilibrium, the adsorption ratio must equal the desorption ratio. If this condition is not
shown, the coefficient merely reflects sorption behavior at the instant the determination was
made.

Furthermore, distribution coefficient values cannot be considered conservative because
longer equilibration times do not necessarily increase adsorption. Experiments performed in
the desorption direction show that significant desorption may take place over long periods of
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time (Jaffe and Ferrara, 1983). It may take as long as several months to achieve equilibrium;
if equilibrium is not achieved, long-term sorption will be overestimated.

ISSUE 2.1.7: The use of the Freundlich isotherm equation in place of the distribution
coefficient does not guarantee an accurate description of sorption and desorption reactions.

The Freundlich isotherm equation accurately describes many sorption and desorption
reactions of dissolved metals and organic compounds. However, there are several limitation
inherent in the use of the Freundlich isotherm equation.

Some limitations in the Freundlich isotherm equation often not considered are (1) the charge
balances that exist on solid surface sites and adsorbing species, (2) the electrostatic
interactions that occur between the adsorbing ion and the charged surface, and (3) the
potential for competition between other aqueous species with the adsorbing ion. Each of
these factors will affect the sorption potential. For example, radionuclides that possess the
same charge as the solid surface charge will be repelled from that surface and most likely
remain in solution. In addition, the Freundlich isotherm equation is not capable of
predicting changes in surface properties of the solid. These changes result from changes in
pH, ionic strength, and variable solid to solution ratios. Therefore, it must be noted that the
Freundlich isotherm equation should only be used under system conditions of constant pH
and ionic strength.

Finally, the Freundlich isotherm equation does not provide for a maximum value of the
concentration of sorbed ion per unit weight of solid. The result is an expression that predicts
infinite adsorption at infinite concentration, a situation that has been refuted.

If the Freundlich isotherm equation is expected to be used in future modeling of sorption
and desorption reactions, it is useful to describe possible limitations, prior to their usage.

ISSUE 2.1.8: The transfer of radionuclides from colloid surface? to secondary minerals
should be carefully evaluated during site characterization. It is assumed to occur as a result
of the larger surface area characteristic of the secondary minerals. The transfer of
radionuclides from colloidal surfaces to secondary mineral surfaces involves sorption and
desorption processes which are a function of many different parameters (i.e., pH, Eh, and
groundwater composition). Surface area would not be expected to have an overriding effect
upon sorption reactions.

Sorption/desorption processes are dependent upon a wide range of geochemical parameters.
To assume that surface area alone controls the transfer of radionuclides is incorrect.

ISSUE 2.1.9: The potential for sorption reactions to retard radionuclide transport should
consider all possible flow paths.

Site characterization should demonstrate that sorption reactions of dissolved radionuclides
delay radionuclide transport to the accessible environment. It should not be generalized, as
as a preliminary modeling assumption, that groundwater transport is through homogeneous,
porous, fine-grained media. Instead, groundwater flow in fractures should be considered as
a viable route for migration of radionuclides to the accessible environment since sorption
effects are minimal. Adsorption other than by simple ion exchange should be considered
along each radionuclide transport path. This includes the adsorption behavior of those
radionuclides that do not obey a simple distribution coefficient or ion exchange model, and
which may be better described by the more comprehensive models such as the double and
triple layer adsorption models.

232



ISSUE 2.1.10: The treatment of dissolution and precipitation processes should not be
separated unless justified. Radionuclide dissolution and precipitation processes are usually
treated individually in terms of the engineered system and the natural system. Such
treatment is not correct because these processes will be coupled during the transition between
the two systems. In the engineered system, temperatures are elevated and dissolution
processes are expected to dominate. As temperatures decrease away from the engineered
system, precipitation reactions will dominate. Therefore, it is recommended that dissolution
and precipitation processes be examined in terms of the joint system to achieve a
comprehensive understanding of these processes.

2.2. On the Transport of Chemicals in a Reactive Environment: Illustrative Approach

In this section, a theoretical formulation and a case study is briefly presented to illustrate
alternative continuum physics based methods for geochemical modeling. A general
theoretical analysis of the transport problem of reactive chemical species in a class of
statistically homogeneous porous media (Nguyen et al., 1982) has been proposed.
Convection, diffusion, dispersion, erosion (or deposition) and reaction have been included as
the fundamental processes. A system of coupled kinetic operators representing the
physicochemical interaction of fluid and solid phases together with the associated constitutive
relations are derived using averaging theory and a set of constitutive axioms. A statistical
mechanics based method utilizing experimental information has been proposed to obtain the
chemical rate expressions. This method can be expanded to investigate phenomena near or
far from equilibrium similar to those encountered at a nuclear waste repository.

The suggested rational has been implemented in the form of a computer code to study the
problem of uranium in-situ mining (Nguyen et al., 1983). A concise mathematical
description of the uranium alkaline leaching process, applicable to two major types of low-
grade ores, uraninite and pitchblende has been presented. The resultant multispecies system
of coupled reactive transport operators has been subsequently solved using the collocation
methods under isothermal conditions. The described one-dimensional simulator has been
subjected to a wide range of numerical conditions which are constructed to represent
currently simulated straight-column porous medium experiments. Concentration profiles of
all species pertinent to the reaction mechanism have been obtained, thus providing
information on the effects of leach solution quality, initial and transport conditions on the
leached product. A two-dimensional coupled reactive transport simulator has also been
developed and applied to real field problems with regular and irregular well patterns
(Nguyen and Ghanem, 1984).

2.3. Uncertainty Analysis and Geochemical Transport Modeling

From the previous sections, it has been shown that the uncertainty encountered in
geochemical modeling is attributed to the following categories:

1) Unknown or partially known processes, which lead to an inaccurately
conceptualized model;

2) Inability to identify the model parameters, given field or laboratory experiments;
3) Unknown spatial variability description of the dependent variables; and
4) Unknown initial and boundary conditions.

While understanding the underlying fundamental processes is crucial to any geochemical
modeling, it is unavoidable that preliminary assumptions be made. These assumptions should
however be consistent with our current understanding of the conditions taking place in the
repository system. As such, it will not be acceptable to assume equilibrium models while the
actual conditions do not reflect equilibrium conditions. Reduction of uncertainty in this
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category can be achieved through an online refinement of the model describing the many
physico-chemical processes under investigation.

The second type of uncertainty is related to the ability to perform and control measurements
generated from field or laboratory experiments. It is important that the generated
information be accurate, reproducible, and representative of actual conditions. Due to the
time scale involved in the geochemical process, this is usually very difficult to obtain.

Dependent variables are those quantities which are being predicted by the geochemical
modeling. Because their measurements will be used for model calibration purposes, it is
essential that field measurements be accurate and representative of actual conditions.

III. SUMMARY

This report has provided a brief summary of the selected geochemical issues facing site
characterization of a high level nuclear waste repository.

The spatial variability description of solubility and sorption quantities for key radionuclides
should be reliably determined in a probabilistic sense to ensure that NRC requirements
regarding long-term waste isolation are met. Solubility and sorption estimates must be based
on radionuclide inventories and verifiable medium characteristics.

In addition, full characterization of all potential complexants in the natural environment
needs to be performed. Finally, the lack of a complete and accurate thermodynamic database
for key radionuclides introduces uncertainty in the determination of radionuclide solubilities
and sorption, among other geochemical parameters.

The control of important experimental parameters should not be used solely to provide the
confidence level necessary to predict radionuclide transport potential. This is especially true
for system pH and Eh in which slight variations can result in large changes in radionuclide
solubility.

Several geochemical modeling assumptions currently being used and code limitations are
discussed. Geochemical modeling codes must be carefully selected when describing the
complex geochemical behavior characteristic of a nuclear waste repository. Geochemical
modeling codes based on the assumption of chemical equilibrium between solid and solution
phases should only be used within their domain of validity. The equilibrium assumption is
often questionable for natural groundwater systems. Furthermore, databases supporting
geochemical computer models are plagued by inaccurate and/or absent thermodynamic data.
These codes would have to be verified, benchmarked, and validated before they can be used
in predictive studies during site characterization. To gain additional flexibility in the
geochemical characterization, it is proposed that alternative modeling include rational
formulations based on conservation laws and constitutive theory for reactive chemical
transport problems in porous/fractured media and when necessary, using a probabilistic
framework. As a companion to deterministic approaches, uncertainty analysis would be
required to account for (1) spatial variability in data bases which are prone to errors, and (2)
simplified models of the processes taking place. It is expected that the conjunctive
deterministic and stochastic modeling will help device an on-line procedure for an optimal
and effective data acquisition process, reduce the uncertainty associated with predicted
results, and resolve basic issues related to site suitability and repository performance (Dagan
and Nguyen, 1989).
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Laboratory column studies were performed on five lithologically different crushed
volcanic tuff samples from the proposed high-level nuclear waste repository site at
Yucca Mountain, Nevada, to evaluate bromide, iodide, and borate as potential
groundwater tracers at Yucca Mountain.

The studies consisted of an experimental portion and a modeling portion. In the
experimental portion, solutions containing tritium, bromide, iodide, and borate were
leached through the packed columns under both saturated and unsaturated flow
conditions. In addition, four fluorobenzoate tracers and 18O enriched water were
added during one of the unsaturated flow experiments as additional tracers. Effluent
fractions were collected and analyzed for tracer concentrations and other
hydrochemical characteristics. In the modeling portion, the experimental results for
tritium were simulated using a flow and transport model, which is operable on USGS
computers.

Two different leaching solutions coupled with nominal 10 ppm and 20 ppm tracer
concentrations were used, resulting in eight flow experiments. One of the leaching
solutions was geochemically equivalent to the Yucca Mountain tuff pore water, while
the other was geochemically equivalent to the local well water.

No difference in transport characteristics was seen between those flow experiments
that used the pore water leaching solution and those that used the well water
leaching solution. In addition, no significant difference was observable between those
flow experiments that used nominal 10 ppm tracer solutions and those that used
nominal 20 ppm tracer solutions.

The four fluorobenzoates were shown to be conservative in nature and behave
identically to bromide.

H2
18O was seen to act identically to tritiated water, indicating that whatever processes

act to produce "non-ideal" behavior of tritium operate identically with respect to
H2

18O.

Overall, the potential tracers bromide, iodide, borate/ and the fluorobenzoates appear
to be suitable for subsequent field tracer tests. The retardation factors calculated for
these tracers were similar for the saturated and unsaturated flow experiments,
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thereby providing values which can be incorporated into transport models when
calculating arrival times and flow velocities in the natural environment. The
conservative nature of all of these chemicals indicates their usefulness as water
tracers.

Due to its proven effectiveness in soil and groundwater studies, bromide would be
the tracer of choice in hydrological studies in Yucca Mountain tuffs. Where more
than one tracer is required, any of the fluorobenzoates could also be used. Results of
the work reported herein indicate that iodide and borate are also conservative in
Yucca Mountain tuffs, but experience with soils suggests that these two tracers
should be used with caution.
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