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CONCENTRATIONS DE BASE DE RADIONUCLÉIDES PROVENANT

DES DÉCHETS DE COMBUSTIBLE NUCLÉAIRE DANS L'ENVIRONNEMENT

par

B.D. Amiro

RÉSUMÉ

La protection de l'environnement est un point clé du programme de stockage
permanent des déchets radioactifs à longue période. Dans le but d'évaluer
les effets du stockage souterrain, on a habituellement recours à des
modèles de migration afin de prédire les concentrations de radionucléides
dans le sol et dans l'eau. Il faut, toutefois, établir une base appropriée
pour s'assurer que les concentrations prédites n'auront pas d'incidences
inacceptables sur l'environnement. Le présent rapport recommande des con-
centrations de base des plus importants radionucléides présents dans les
déchets de combustible nucléaire. On récapitule les concentrations natu-
relles de radionucléides dans le sol et dans l'eau superficielle et on
propose de faibles variations de concentration dans l'environnement
(Environmental Increments - El) qui pourraient s'ajouter au sol et dans
l'eau sans qu'il y ait d'effets décelables. Les valeurs d'EI sont, pour la
plupart, fondées sur la variabilité naturelle; toutefois, on doit recourir
à d'autres méthodes dans le cas des radionucléides qui sont très rares dans
la nature. Les concentrations naturelles et les valeurs d'EI constituent
un moyen de sélection des plus utile pour aider à identifier les concentra-
tions associées au concept de stockage permanent qui pourraient être inac-
ceptables. On signale, lorsqu'elles sont disponibles, des données sur les
concentrations mesurées dans l'environnement et ne présentant aucun effet
observable. On examine en particulier les concentrations applicables à la
roche précambrienne du bouclier canadien dans le cadre du concept canadien
de stockage permanent, à grande profondeur, des déchets de combustible
nucléaire dans des formations géologiques stables.
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BASELINE CONCENTRATIONS OF

NUCLEAR FUEL WASTE NUCLIDES IN THE ENVIRONMENT

by

B.D. Amiro

ABSTRACT

Protection of the environment is a key issue in the disposal of long-lived
radioactive wastes. To assess the implications of underground disposal,
transport models are commonly used to predict radionuclide concentrations
in soil and water. However, an appropriate framework, needs to be estab-
lished to ensure that the predicted concentrations do not impose unaccept-
able environmental impacts. Here, we suggest baseline environmental con-
centrations of the most important radionuclides in nuclear fuel waste. We
summarize background concentrations of the nuclides in soil and surface
water, and suggest Environmental Increments (El) that could be added to
soil and water without causing detectable effects. The El values are based
mostly on natural variability, but some alternative methods are used for
radionuclides that are very rare in nature. The background concentrations
and El values are most useful as a screening tool to help identify poten-
tially unacceptable concentrations arising from a disposal concept. When
available, we also report data on concentrations that have been measured in
the environment without causing an observable effect. This review focuses
especially on concentrations applicable to the Canadian Precambrian Shield,
as part of the Canadian concept of nuclear fuel waste disposal in a deep,
stable geological formation.
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1. INTRODUCTION

1.1 THE NUCLEAR FUEL WASTE MANAGEMENT PROGRAM

AECL Research has the responsibility for coordinating and managing the
program for immobilization and permanent disposal of Canada's nuclear fuel
wastes (Boulton 1978, Rummery et al. 1983, Lyon 1985, Hancox 1987, Dormuth
and Nuttall 1987). There are several possible options for disposal of
nuclear fuel wastes; however, Canada's concept involves deep underground
disposal in plutonic rock on the Precambrian Shield. Nuclear fuel waste
may be buried as either intact used-fuel bundles or fuel recycle wastes
(Strathdee and Wikjord 1982). In either case, Canada's disposal concept
envisages natural geological barriers, supplemented by man-made barriers to
ensure the long-term safety of humans and the environment.

We recognize that containment of nuclear fuel wastes in an underground
vault may not last indefinitely. After a long period of time, dissolution
of wastes by groundwater is likely, followed by the movement of some radio-
nuclides to the earth's surface (Wuschke et al. 1981). Because of the long
time periods involved, we use assessment models to help predict the conse-
quences (AECB 1987). Both radiological and chemical toxicity effects on
humans are of primary importance (Wuschke et al. 1985, Goodwin et al.
1987), but protection of the general environment is also essential (AECB
1987).

Much of the Nuclear Fuel Waste Management Program (NFWMP) has been directed
toward the development of appropriate methodologies to assess the concept
(Lyon et al. 1981, Rosinger et al. 1983). A probabilistic systems vari-
ability code (SYVAC), involving Monte Carlo simulation methods, has been
developed to carry out the postclosure assessment (Dormuth and Sherman
1981). This assessment involves distinct but closely integrated vault,
geosphere and biosphere models to predict the movement of nuclides from the
vault to humans. The vault and biosphere models are generic, whereas the
geosphere model is site-specific, based on data obtained from the
Underground Research Laboratory (URL) in the Whiteshell Research Area near
the Whiteshell Laboratories (WL) (Reid et al. 1989, Simmons 1986). The
calculated doses to humans are crucial to evaluate Canada's concept of
nuclear fuel waste disposal (AECB 1985), but we must also ensure that there
will be "no future impacts on the environment that would not be currently
accepted" (AECB 1987).

1.2 CONCEPTS OF ENVIRONMENTAL PROTECTION

The objective of this report is to suggest some goals to be met by Canada's
nuclear fuel waste disposal concept to protect the environment as a whole.
There are few criteria imposed by regulatory agencies to help evaluate
whether the disposal concept will protect the environment. In the nuclear
industry, environmental protection has been largely inferred through pro-
tection of humans (ICRP 1977, AECB 1987). The assumption "that if man is
adequately protected then other living things are also likely to be suffi-
ciently protected" (ICRP 1977) has been widely supported (Myers 1989, Beak
Consultants 1989, IAEA 1991, NCRPM 1991, Zach et al. 1992). However, this
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concept must be used carefully because radionuclide transport and resulting
concentrations could be quite different in the portion of the biosphere
inhabited by some organisms, compared to the human environment. Non-human
biota could be exposed to greater concentrations because of their habitat,
so in some cases the International Commission of Radiological Protection
(ICRP 1977) assumption may not be valid (Thompson 1988).

The rigorous prediction of ecological effects is limited in environmental
assessments in general (Beanlands and Duinker 1984), and it is also diffi-
cult to distinguish anthropogenic from natural stresses to an ecosystem
(Schindler 1987). In spite of these uncertainties, a framework, needs to be
constructed to help judge the acceptability of the disposal concept. In
this report, we review the applicable criteria for the release of nuclear
fuel waste nuclides to the environment, and suggest some baseline concen-
trations to be used as a screening tool to help protect the environment.

1.3 NUCLIDES OF CONCERN

Both radioactive and chemically toxic elements will be disposed of in the
vault. The environmental transport properties of these elements depend on
the chemical form of each element and are not specifically tied to the
toxic properties of a given nuclide. However, for environmental protec-
tion, it is convenient to discuss radionuclides separately from chemically
to.cic elements because of differences in regulatory criteria and mode of
injury.

1.3.1 Radionuclides

The radionuclide inventory for the disposal is described more fully by
Mehta (1985) and Tait et al. (1989), and the radionuclides modelled in the
biosphere were screened and identified by Mehta and Goodwin (in prepara-
tion) and are listed by Zach and Sheppard (1992) (Table 1). The screening
was used to identify those radionuclides that could reach the biosphere in
significant quantities. Many radionuclides are short-lived, and sequester-
ing them in the geosphere for even a short time will ensure sufficient
radioactive decay to protect the environment. Therefore, most radio-
nuclides of concern are long-lived, toxic, mobile, and have a relatively
large inventory. Those radionuclides with half-lives shorter than one day
are not modelled explicitly. Specific isotopes of the elements are given
because radiotoxicity is isotope-specific, even if different isotopes have
the same chemical form.

Radioactive decay produces a host of short-lived progeny nuclides contribu-
ting to radiation dose. In the calculations of dose to humans, these pro-
geny are taken into account through assumption of secular equilibrium and
ingrowth within the organism (Zach and Sheppard 1992). We will only consi-
der the parent radionuclides and long-lived progeny to assess the relative
impact on the environment. This is consistent with our ability to compare
the modelled concentrations with those measured in the background
environment.
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TABLE 1

RADIONIICLIDES OF CONCERN

(Zach and Sheppard 1992)

Nuclide

Cosmogenic

3H 1
3 • P 3

Primordial

<°K 1

Half-Life

:

.2

.9

.3

(a)

El
E-2

E9

Nuclide

1 4 C

87Rb

Half-Life

5.
4

4

(a)

.7

.5

.7

E3
E2

E10

Nuclide

1DBe

18 7 R e

Half-Li

(a)

1.6

5.0

fe

E6

E1Q

Uranium-238 (4n+2)
decay chain:
210Pb 2.2 El
210Po 3.8 E-l
2 3 °Th 7.7 E4
2 3 8U 4.5 E9

Uranium-235 (4n+3)
decay chain:

2 1 0 E i

2 2 2 R n
2 3 4 T h

1
1
6

.4

.0

.6

E-2
E-2
E-2

2 1 O m g i

2 2 6 R a

2 3 4 (j

3
1
2

.0

.6

.4

E6
E3
E5

2 2 3Ra
2 3 1 T h

3.
2.

Thorium-232
decay chain
224Ra
232Th

1.
1.

1
9

E-2
E-3

(4n)
:
0
4

Anthropogenic
radionuclides;

39Ar
63 N i

85Kr
93Zr
94Nb

113n.Cd
1 2 6Sb
13 5QS

20 5pb

2 2 5Ac
23 3pa

2 3 7Np
2 4 0 p u

2 4 l A m

2.
9.
1.
1.
2.
1.
3.
2.
1.
2.
7.
2.
6.
4.

7
6
1
5
0
4
4
3
4
7
4
1
5
3

E-2
E10

E2
El
El
E6
E4
El
E-2
E6
E7
E-2
E-2
E6
E3
E2

2 2 7 A c

23 1p a

2 2 8Ra

41Ca
79Se
90Sr
93Mo
9 9 T c

12 5 mTp
1 2 6 S n
1 8 2 H f

208 B i

229 T h

233U

2 3 8 p u

24 1 p u

2.
3.

5

1
6
2
3
2
1
1
9
3
7
1
8
1

.2

.3

.8

.4
_ 5

.9

.5

.1

.6

.0

.0

.7

.3

.6

.8

.4

El
E4

E0

E5
E4
El
E3
E5
E-l
E5
E6
E5
E3
E5
El
El

2 "7Th

2 2 8Th

5 9Ni
s i K r

9 0 y

9 3 l nNb
107p d

12 5Sb
1 29 I

1 B 2Ta
21 5Ra
: 3 :U
2 3 6 U
: 3 ?Pu
2 4 2 p u

5
7

1

7

7
1
6
2
1
3
A

7
2
2

3

.1

.0

.9

.5

.1

.3

.4

.5

.8

.6

.2

.0

.2

.3

.4

.8

E-2
E8

EO

E4
E5
E-3
El
E6
EO
E7
E-l
E-2
El
E7
E4

E5
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Not all radionuclides listed in Table 1 will be of environmental concern.
Most of these are not easily transported through the geosphere and bio-
sphere, and will not reach organisms. This means that only a few radio-
nuclidss will be capable of impacting on the environment. The concentra-
tions of radionuclides in various parts of the biosphere will be predicted
as part of the assessment of the disposal concept. It is premature to rank
the nuclides in Table 1 in order of environmental importance because this
is determined by mobility, inventory and radioactive half-life.

In this report, we assume that any of the radionuclides listed in Table 1
may reach the biosphere, and therefore we assess all of them.

A nuclide may be in more than one chemical form in the biosphere, mainly
depending on its state of oxidation. The behaviour of some radionuclides
that are progeny of other radionuclides (e.g., 2 1 0Pb) may depend on the
behaviour of the chemical form of the parent. It is important to consider
all chemical forms of a nuclide, but the most mobile and toxic forms will
be limiting. We assume that the chemical forms of the waste nuclides
reaching the biosphere Irom a vault will be similar to those forms occur-
ring in nature.

The present inventory of radionuclides in the biosphere is determined by
both "natural" processes (e.g., primordial and cosmogenically produced
radionuclides) and anthropogenic activities (e.g., weapons testing). Prior
to the 20th century, \*a assume that only natural processes contributed to
the inventory, and that organisms evolved and coped with ambient concentra-
tions. There are some exceptions to this because industrial processes
prior to the 20th century, such as coal burning, did release some radio-
nuclides to the environment. In some cases, measurements of radionuclides
in relatively unpolluted areas today reflect past concentrations and can be
used as a baseline for environmental tolerance and acceptability. This is
not always easily defined because some anthropogenic contributions are
global and past concentrations are sometimes difficult to establish through
contemporary measurements.

Therefore it is useful to divide radionuclides into two classes: those with
substantial natural concentrations that can be compared with additional
contributions from a waste vault, and those that are rare in nature,
although there may be measurable concentrations resulting from anthropo-
genic activities. The first group represents primordial (including the
decay chains of 2 3 5U, 2 3 8U, and 2 3 2Th) (Eisenbud 1963) and cosmogenic
(Perkins and Nielsen 1965) radionuclides (Table 1). The remainder are
mostly produced anthropogenically, and contributions from a waste disposal
vault may change the local inventory significantly.

Many of the anthropogenically produced radionuclides were also present in
nature at one time, at least when the earth originated. If they have half-
lives much less than 108 a, they would have decayed to infinitesimal con-
centrations today. These are part of historical decay chains, including
some parent nuclides of the 2 3 8U, 2 3 5U, and 232Th decay chains. Also,
members of the neptunium decay chains are not abundant today because of the
relatively short half-lives of the chain members. Most of the remaining
anthropogenic radionuclides are fission and activation products created by
technologically induced nuclear reactions.
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1.3.2 Chemically Toxic Elements

Chemically toxic elements include almost all elements buried as part of the
used fuel or as part of the engineered barrier system. Essentially all
elements are toxic to biota at some concentration, and our goal is to
ensure that concentrations remain sufficiently low to impose no toxic haz-
ard. Many of the elements in the inventory (Table 2) are also radiotoxic,
and radiotoxicity may be more limiting than chemical toxicity. The radio-
toxic elements are discussed in Section 1.3.1. Although most of the ele-
ments will reach the biosphere in solution as inorganic chemicals, organic
chemical forms may be more important in the biosphere.

Goodwin et al. (1987) did a preliminary screening of toxic elements that
may impact on humans. This screening vas based on knowledge of the element
chemistry, current guidelines for permissible levels, and estimates of
biosphere concentrations using the SYVAC-2 model. Goodwin et al. (1987)
excluded americium, bismuth, iodine, krypton, neptunium, plutonium,
polonium, promethium, protactinium, radium, radon, tin, thorium and xenon
from consideration as toxic chemicals because the^e elements either pose a
greater radiotoxic hazard or acted as asphyxiants (K.r, Xe). Humans were
the target organism in their analysis, but the relative radiotoxicity ver-
sus chemical toxicity may be similar for other organisms. Also, they
excluded consideration of elements with large natural inventories that are
ubiquitous in the environment, specifically calcium, carbon, hydrogen,
magnesium, nitrogen, oxygen, potassium, phosphorous and sodium. These
elements are not normally thought to be chemically toxic since they are the
basic macronutrients required by the biota.

Of the total stable element inventory, bromine, cadmium, chromium, cesium,
molybdenum, selenium, antimony and samarium are the most important (Mehta
and Goodwin, in preparation). Of these, only bromine, chromium and
samarium are not present as radionuclides also. The biosphere model esti-
mates concentrations of the stable nuclides of these most important ele-
ments only, so we will establish baseline concentrations for these and
assume that the environmental concentrations of the other elements will not

TABLE 2

INVENTORY OF CHEMICALLY TOXIC ELEMENTS

(Goodwin et al. 1987)

Ag
Br*
Eu
Kr
Np
Rb
Sr
U

Am
Cd*
Fe
La
Pa
Rh
Ta
V

As
Ce
Gd
Mn
Pb
Ru
Tb
V

B
Cc
Ge
Mo*
Pd
Sb*
Tc
Xe

Ba
Cr*
Hf
Nb
Pr
Se*
Te
Y

Be
Cs*
I
Nd
Pu
Sm*
Th
Zr

Bi
Cu
In
Ni
Ra
Sn
Ti

* Most important toxic stable elements
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reach unacceptable levels. Technetium is also a potentially important
chemically toxic element but, because it has no stable isotopes, it is
discussed only as a radionuclide.

2. THE BIOSPHERE

2.1 THE BIOSPHERE MODEL

The biosphere is usually defined as the portion of the earth that contains
living organisms (Odum 1971). Thus, it includes the unconsolidated over-
burden, or shallow groundwater region, surface waters, oceans, soils and
the lower part of the atmosphere. In principle, it may also include por-
tions of the geosphere and even the vault itself, because of the possible
presence of microbes (Za«_h et al. 1987). In this report, the vault and the
geosphere represent fundamentally distinct regions from the biosphere.

A model has been developed that estimates nuclide transport through the
biosphere. This biosphere model links four independent submodels: surface-
water, soil, atmosphere, and food-chain and dose. Of these, the soil
(Sheppard 1992) and the surface-water (Bird et al. 1992) submodels are
time-dependent because they involve slow radionuclide transport processes,
whereas the atmosphere (Amiro 1992) and food-chain and dose (Zach and
Sheppard 1992) submodels are steady state because of the rapid turnover in
the atmosphere and biota.

The biosphere model consists of mass transfer equations with parameters
describing the magnitude of the transfer. The model is probabilistic, with
parameters represented by probability density functions (PDFs) to account
for measurement error, and spatial and temporal variability. The model
estimates radiation doses to humans, and concentrations in various compart-
ments of the biosphere that contribute pathways to human exposure. It does
not explicitly assess radiation dose or chemical toxicity to non-human
biota. However, the nuclide concentrations predicted in compartments of
the biosphere (e.g., surface water and soil) are direct indicators of
potential impacts on the environment.

The most likely location for a waste disposal site is somewhere on the
Ontario portion of the Canadian Precambrian Shield. No specific site has
been selected, and the concept assessment is generic. Therefore, our goal
is to suggest baseline concentrations that reflect a generic location on
the Canadian Shield.

The Canadian Shield extends over much of northern Ontario and includes a
large variety of ecosystem types. Canadian Shield ecosystems can be divi-
ded into two major classes: terrestrial and aquatic. Wetland areas have
features of both classes as well as some unique features. The most likely
zone of discharge of contaminants from the geosphere will be in a low-lying
area, and these are often dominated by lakes or wetlands. These ecosystem
types are particularly important, but terrestrial discharge zones may also
be possible, and terrestrial areas may become contaminated through irriga-
tion. We evaluate nucliH.e concentrations in terrestrial and aquatic envi-
ronments using soil and water concentrations respectively.
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The exact nature of the ecosystem at a specific location (the contaminant
discharge zone) far into the future is unknown, and it is impossible to
define the physical and biological environment exactly. Glacial and peri-
glacial environments should also be considered as they may occur over the
lifetime of the vault inventory. Our goal is to protect all types of eco-
systems, so that spatial and temporal variability are included. A specific
discussion of time-dependent processes is given by Davis (1986). The
Atomic Energy Control Board (AECB) states that regulatory compliance with
the individual human risk requirements using mathematical models need not
exceed 10 000 a (AECB 1987). However, reasoned arguments should be used to
ensure that predicted doses beyond 10 000 a will not create an unacceptable
situation. To a large extent, we can assume that an interglacial environ-
ment is of primary importance, and will be characteristic of the next
10 000 a. Glaciation imposes a large trauma on the local environment and
the effect of a massive ice sheet would be much greater than a small local
increase in environmental contamination.

We define the "natural" environment as one that is not specifically manipu-
lated by humans as part of the food chain in an agricultural society.
However, humans have modified the Canadian Shield environment through
hydrological diversions, harvesting of forests and wildlife, urbanization
and pollution. In the assessment of the impact of a waste vault, we must
also consider this modified environment: an environment that may already
have stresses induced by humans.

2.2 COMPARTHENTS OF THE BIOSPHERE MODEL

The biosphere model predicts concentrations of nuclides (both radionuclides
and chemically toxic elements) in various biosphere compartments:

freshwater (lakes and rivers),
freshwater sediments,
freshwater fish,
terrestrial soils,
terrestrial vegetation,
terrestrial animals used for food by humans, and
atmosphere.

The terrestrial compartments are subdivided further into forage field,
garden plot and woodlot, depending on human cultural activity.

These compartments are defined as discrete units, identified as a route
whereby contaminants can reach humans. As such, the assessment models do
not calculate nuclide concentrations specifically for compartments impor-
tant to other biota or the environment in general. Fortunately, many com-
partments that are important pathways to humans are also important to other
organisms, so the output from the biosphere model can be used to assess
more general environmental consequences. Although we discuss aquatic and
terrestrial environments separately, many organisms depend on both environ-
ments for their well-being. Hence, protection of both environments is
necessary to protect a complex ecosystem at a discbarge zone.
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2.3 AQUATIC ENVIRONMENTS

The most likely location for radionuclides to discharge from a vault to the
biosphere is into a freshwater body, a topographically low region. Fresh-
water bodies are an important medium, not only for the aquatic biota, but
also because the water affects terrestrial areas during flooding and is an
integral part of the hydrological cycle.

Natural cosmogenically produced radionuclides, such as tritium (3H) and
1 4C, are created in the atmosphere and eventually enter freshwater bodies
through wet (precipitation) or dry deposition. Primordial radionuclides,
such as uranium ( 2 3 8U), are derived from weathering of rock with subsequent
transport to surface water during soil erosion or through runoff of precip-
itation. For our purposes, the fluxes of these radionuclides to freshwater
bodies (estimates are given by NRCC (1983)) are not critical because we
compare the steady-state activities in water (Bq-nr3) with those predicted
by the biosphere model.

Biota inhabiting aquatic systems may be immersed in water or be sediment
dwellers. Some organisms inhabit both realms, often depending on their
life stage. We focus on biota in sediments, aquatic plants and aquatic
animals.

2.3.1 Biota in Sediments

There is a host of sediment biota, from microorganisms to larger animals,
such as clams. Aquatic sediments have many similar characteristics to
terrestrial soils and, as a general rule, similar concentrations in soil
and sediment should affect the resident biota equally. Of course there are
many factors differentiating aquatic sediment from terrestrial soil envi-
ronments, but there is also a large variation among terrestrial soil types.
Also, water saturation of sediments affords some additional radiation
shielding to biota from external sources. We do not treat aquatic sedi-
ments explicitly and assume that concentrations set to protect terrestrial
soil biota will also protect organisms in aquatic sediments.

2.3.2 Aquatic Vegetation

Submersed aquatic plants can receive contaminants from either the water or
from the substrate (sediments) if they are anchored through a rooting
system. Emergent vegetation is also exposed to the air. Most of the toxi-
city studies use water concentrations as the basis for the study, and we
use these to judge possible effects.

2.3.3 Aquatic Animals

Aquatic animals include microfauna, a wide range of invertebrates, and
vertebrates, such as fish. The biosphere model calculates contaminant
concentrations in fish as part of the human food chain (Zach and Sheppard
1992). These concentrations are relevant to effects on fish, but require
interpretation concerning both radiological and chemical toxicity. Fish
are totally submersed in the surface water medium and are virtually depen-
dent on the water concentration of contaminants. Similarly, potential
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effects on other aquatic vertebrates and invertebrates should be related to
water concentrations.

In the freshwater environments of the Canadian Shield, there are few mam-
mals or birds that can be considered to be totally aquatic. Some, such as
the river otter and diving ducks, derive much of their food from the aqua-
tic environment, and water contamination could be the main contributor to
dose. These animals can also receive contaminants from terrestrial areas.
As in the case of terrestrial animals, accumulation of contaminants by
successive trophic levels in the food chain must be considered. For exam-
ple, cesium and strontium may accumulate in tissues of marine predators
(Thompson 1988), but this has not been established for freshwater
predators.

Mammals and birds are more radiation sensitive than invertebrates or fish
(e.g., Myers 1989). Most vertebrates have a longer life span than inverte-
brates, which allows them to accumulate higher concentrations of some
toxins and to express effects that are slow to develop. Also their higher
visibility often increases their value to humans so they are perceived to
be a more critical group of animals. Essentially all aquatic birds inhabi-
ting the Canadian Shield are migratory, hence, they are not present during
the winter. This behaviour, accompanied by their overall mobility, makes
them an unlikely critical group because they would occupy a contaminated
area for only a small portion of their lives. However, they breed on the
Canadian Shield, a sensitive stage in their life cycle, and we must ensure
that they will not be adversely affected.

2.4 TERRESTRIAL ENVIRONMENTS

The soil concentration of many of the primordial radionuclides (including
the actinide decay chains) is largely dependent on the lithosphere (consol-
idated rock and unconsolidated overburden) concentration. Soil is mostly
derived from weathering of the local lithosphere, although wind, fluvial,
and glacial activities can form soils from parent materials that were
transported large distances. For most primordial radionuclides, concentra-
tions in the lithosphere are greater than those in the corresponding soils
(Osburn 1965).

Terrestrial systems are a continuum where plants and animals inhabit the
soil and lower atmosphere. We assume an equilibrium between soil and atmo-
sphere, and most studies of effects are based on either soil contaminant
concentrations or on radiation fields emitted by the soil. We consider
three broad groups of organisms: soil microorganisms and fauna, vegetation,
and animals.

7.4.1 Soil Microorganisms and Fauna

Soil microorganisms, invertebrates, and vertebrates are a potential criti-
cal group of organisms because they may inhabit one of the most contamina-
ted parts of the environment. Some nuclides are easily sorbed to soil
particles and may build up high concentrations (see Sheppard 1992) for
discussion of various nuclide transport mechanisms through soil). Effects
on soil organisms also depend on the radiosensitivity of the life stage
during exposure: the egg and pupal stages of soil fauna are more sensitive
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(Krivolutsky 1987). For long-term assessment of contaminant effects, the
most sensitive Jtage should be considered because contamination is chronic
and all life stages might be exposed. Earthworms appear to be one of the
most sensitive invertebrate groups, and high concentrations of radio-
nuclides may reduce their numbers and cause anatomical changes (Krivolutsky
1987).

Soil-burroving mammals are another potential critical group, but, although
they inhabit known contaminated waste sites, no effects have been reported
(Hakonson et al. 1982, Shuman and Whicker 1986).

2.4.2 Terrestrial Vegetation

The biosphere model calculates plant concentrations in terrestrial vegeta-
tion that may be eaten by humans. For most nuclides, root uptake is the
most important pathway whereby vegetation can become contaminated. How-
ever, contaminants suspended in the atmosphere may be deposited on leaves,
and some elements may enter foliage in gaseous forms. Although food crops
are explicitly considered in the biosphere model, non-food crops, such as
natural vegetation on the Canadian Shield, have many similar characteris-
tics. We can probably assume that vegetation concentrations predicted by
the biosphere model give reasonable estimates of nuclide concentrations in
natural vegetation.

It is possible to have natural levels of elements in soil that are detri-
mental to plant growth. An example is salty areas (mostly in arid
regions), where only certain species can survive. Our goal should be to
maintain the existing vegetation community. It may be unacceptable to
create an environment where native species can no longer thrive, even
though they may be replaced by tolerant species. This would cause a local
impact, although invasion of replacement species or evolution of tolerant
varieties may pose little regional impact. We recognize that enhanced
vegetation growth caused by pollutants is also an impact, although it may
be more desirable than reduced growth.

In all cases, the source term for plants is the substrate, so that soil and
vegetation concentrations are intricately tied together. It is also pos-
sible for contaminants to reach vegetation from surface water via the atmo-
sphere or through irrigation. Irrigation water may originate from well
water, so both surface water and well water concentrations of contaminants
will affect the concentration in vegetation.

Vegetation communities have been exposed to radionuclides from nuclear
weapons fallout, so that the direct source of contamination may be the
atmosphere instead of the substrate. For example, lichens are good collec-
tors of fallout 1 3 7Cs (Hutchison-Benson et al. 1985), and concentrations
are largely independent of the substrate concentration. This does not
correspond to our waste disposal scenario, where contaminants enter the
biosphere from the lithosphere.

2.4.3 Terrestrial Animals

The biosphere model predicts concentrations in terrestrial animals that are
part of the human food chain. These include mammals, such as cattle, and
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birds, such as poultry. Animals are exposed to contaminants through inges-
tion and immersion within the medium (external dose and inhalation). They
are dependent on concentrations in soil, water, air and vegetation. Also,
animals occupying the upper trophic levels are dependent on concentrations
in other animals. It is possible to have naturally toxic levels of ele-
ments in the environment that adversely affect animals, i.e., naturally
high concentrations in vegetation may be poisonous to animals (e.g.,
selenium poisoning), whereas naturally low concentrations may cause defi-
ciencies in animal diets (e.g., lack of iodine causes goiter).

Natural concentrations of elements in the animals' environment may not
always be benign, but diverse populations thrive even though conditions may
not be optimal. Therefore, if soil and water concentrations are within the
local distribution of variability, animals should not be exposed to abnor-
mal concentrations, and there will be no effects outside of those imposed
by nature.

Most data on effects of chemicals on animals are obtained by feeding known
amounts and determining a dose-response function. Othei tests involve skin
exposure, injected doses, inhalation toxicity and, in the- case of radio-
active chemicals, external field dose. Many of these tests do not assess
the integrated effects of a contaminated environment on animals. The most
appropriate data are ecological effects associated with animals living on a
contaminated site or a high-background site under natural conditions.

Transfer of radionuclides through the food chain has been a main theme of
much of the radioecological research on animals. Examples are studies of
the lichen-reindeer pathway (Holm and Persson 1978), and uptake of metals
and radionuclides by small mammals living on mine tailings (Cloutier et al.
1985) and near waste sites (Gano 1979, Groves and Keller 1983). Small
mammals (Charters and Christian 1987, Wren 1986) and birds (Mellinger and
Schultz 1975, Cadwell and Fitzner 1984) have also beer, vised as biological
monitors of contaminated sites because they integrate effects spatially.
These studies are useful to define transfer factors in our biosphere model
(Zach and Sheppard 1992), but do not usually include an assessment of con-
taminant effects. This is largely because any effects, if present, are not
easily detectable outside of the normal natural variation.

2.5 THE ATMOSPHERE

For our assessment, the atmosphere can be divided into the near field and
the far field. The near field is the lower part of the atmosphere, close
to the expected discharge area, where air concentrations of nuclides will
be the greatest. The far field is the region where there has been exten-
sive dilution of nuclides originating from the source, i.e., higher alti-
tudes above the discharge zone, and the regional and global atmosphere as a
whole.

The near-field local atmosphere should have the greatest concentrations of
contaminants because it is close to the source. Therefore, we would expect
that an acceptable local atmosphere would result in an acceptable far-field
atmosphere. The exception to this would be contaminants that are stable in
the atmosphere without appreciable deposition rates; these may be trans-
ported to the upper troposphere or the stratosphere, and accumulate at
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unacceptable concentrations (an example is the present concern with some
chlorofluorocarbons). Most of the modes of suspension from a ground area
source are inefficient at causing widespread atmospheric transport of con-
taminants. However, a large forest fire coulu inject contaminants from the
biomass into the troposphere at high altitudes. This would not have a
deleterious effect if the nuclide concentration in the biomass were suffi-
ciently low. Therefore, an acceptable vegetation concentration would
ensure an acceptable air concentration from burning vegetation.

From our present knowledge of environmental chemistry, we cannot identify
any contaminants originating from the vault that could conceivably cause an
environmental problem in the far field without having very unacceptable
concentrations in the near field. Therefore, the acceptability of near-
field concentrations is important to protect the atmosphere as a whole.
Much of the concern for protection of the atmospheric environment is based
on achieving acceptable concentrations for the biota. However, the physi-
cal aspects of the atmosphere are also important; for example, it would be
unacceptable to change the earth's energy balance because of a change in
atmospheric chemistry. This could impact on local and regional climates.
It is unlikely that any of the nuclear fuel waste nuclides could reach
sufficiently high concentrations for this to occur without causing unac-
ceptable concentrations elsewhere in the biosphere. Therefore, physical
changes to the atmosphere by nuclides are not considered explicitly.

The atmosphere compartment concentration is directly dependent on the con-
centrations of the sources: these are the soil and surface-water compart-
ments. The natural spatial variation in source terms should create a simi-
lar natural variation in atmospheric concentrations. However, efficient
mixing of the atmosphere and dilution will normally dampen the variations
in atmospheric concentrations due to different sources. This means that
the variability in atmospheric concentrations will usually be less than the
variability in the source terms. Of course, this condition is also true in
natural situations, so that the range of acceptable atmospheric concentra-
tions may be narrower than the range of acceptable source terms. We need
not determine the acceptability of atmospheric concentrations independently
if we base them directly on acceptable source terms. Therefore, for most
nuclides, it is recommended that atmospheric concentrations not be used as
a primary indicator of environmental impact. The exceptions to this are
the noble gases, argon and krypton, which are assumed to be inert in the
biosphere. The atmosphere submodel assumes that they are released directly
from the geosphere to the atmosphere, without sorption in water or to soil
(Amiro 1992).

3. FRAMEWORK FOR ENVIRONMENTAL PROTECTION

Our framework for environmental protection is composed of several different
approaches. These include

(1) Assurance that the criteria for human protection are met. To a
large extent, this will also protect the environment (ICRP 1977,
Myers 1989).
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(2) Compliance with existing regulatory guidelines. These are avail-
able for a few radionuclides and many chemically toxic elements.

(3) Establishment of environmental baseline concentrations, which can
be compared with the predictions from the biosphere model.

(A) Identification of environmental concentrations that do not impose
unacceptable ecological impacts.

(5) Identification of environmental concentrations that have been
shown to cause an effect at the organism, population, community
or ecosystem level.

There are many more possible approaches, but the five indicated here should
be sufficient to indicate the magnitude of potential environmental impact.
The first point is implicitly addressed in the output of the biosphere
model. The remaining four points are discussed in this report. However,
the second point does not encompass all of the vaste nuclides, and data are
often not available to fully address points 4 and 5. Therefore, most of
this report emphasizes point 3, the establishment ot baseline
concentrations.

3.1 EXISTING GUIDELINES

Schemes have been developed to set appropriate guidelines for protection of
the environment from certain hazardous wastes. For chemical effects on
aquatic organisms, standard practice is to derive maximum permissible con-
centrations based on lethal concentrations to bO% of the population (LC50).
For non-bioaccumulating chemicals, ]QZ of tne 96-h I.CbC is adopted, whereas
for bioaccumulating chemicals, 1Z of the LCb:, is used (Ualdichuk 1985). In
Ontario, guidelines for persistent or cumulative toxicants are set at 5% of
the 96-h LCbu (OHE 1984). This does not consider sublethal effects that
may cause ecological damage. For most radionuclides and chemical contami-
nants, there are no general guidelines defining maximum permissible concen-
trations. Environmental protection is largely defined as avoidance of
deleterious effects.

3.1.1 Radionuclides

Provincial water quality objectives for radionuclides in Ontario are based
on drinking water requirements for humans (Table 3).

The acceptable limits for 3H, 226Ra and 90Sr in water can be used as the
maximum permitted even though the concentrations are based on human health.
The maximum acceptable drinking water concentration for U is
20 mg-rn 3 water although this may be revised (CUQG 1987).

3.1.2 Chemically Toxic Elements

Environmental quality criteria and guidelines have been recommended for
many of the chemically toxic elements. These criteria and guidelines are
being updated constantly, and differ slightly depending on the province.
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TABLE 3

WATER QUALITY OBJECTIVES FOR RADIONUCLIDES

(Ontario 1988)

Concentration (Bq-L1)

137Cs
131J
226Ra
9QSr
3H

50
10
1
10

40 000

Radionuclide Acceptable Target

5
1.
0.1
1.

4 000.

There are also Canadian federal government recommendations, as well as
criteria suggested by other countries. Interim assessment criteria for
contaminated sites in Canada have been recommended, which include both soil
and water concentrations (CCME 1991). A further review summarized the
range of criteria and recommended levels based on a host of criteria from
different provincial agencies and countries (AEL 1991). Also, water qual-
ity guidelines and objectives have been established by both the Canadian
(CVQG 1987) and Ontario (OME 1984) governments.

We adopt the most stringent of these target concentrations as the levels to
be met for release from a vault to the environment. Of the chemically
toxic elements (Table 2), we have criteria for cadmium, chromium, molybde-
num, selenium and antimony (Table 4). For molybdenum, criteria for ground-
water were proposed (AEL 1991) and we assume that similar concentrations
could be adopted for surface water. The tolerance limits of antimony,
cesium and molybdenum in surface water are undefined (Ontario 1988).

Tiie most stringent guidelines are listed in Table 4 and when possible are
based on aquatic organisms. As an example, the ratio of the drinking water
to aquatic organism guidelines for Cd and Cr is 25 (for Cd, 5/0.2; for Cr,
50/2) (CVQG 1987). This means that the criteria for protection of aquatic
organisms is more stringent than that for protection of humans. This is
largely because aquatic organisms are submersed in the contaminated medium,
whereas humans only receive toxicants through drinking water.

A further discussion on concentrations of chemically toxic elements in the
environment is provided in Section 5.

3.2 ENVIRONMENTAL VARIABILITY

In ecology, the traditional idea of a steady-state or climax situation has
largely been superseded by the concept of a dynamic equilibrium, with
short-term oscillations about some long-term quasi-stable mean state (Heal
and Horrill 1983). This concept encompasses the idea of a "shifting mosaic
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TABLE A

REGULATORY GUIDELINES AND CRITERIA

FOR CHEMICALLY TOXIC ELEMENTS

Element

Antimony

Cadmium

Chromium

Molybdenum

Selenium

Concentrations

Soil
(mg.kg-1 dry)

20.

1.

100.

4.

1.

Uater
(mg-nr3)

0.2

2.

5.

1.

Reference

CCME 1991

AEL 1991
CUQG 1987

AEL 1991
CUQG 19G7

AEL 1991

AEL 1991
CCME 1991

steady state" (Bormann and Likens 1979), where small areas vithin an eco-
system are subject to change caused by a variety of natural factors.
Hence, an artificial perturoation must be considered in the context of the
natural dynamic equilibrium.

Both spatial and temporal variability are important features of a long-term
assessment of environmental effects caused by a waste vault. Ue assume
that an insignificant environmental impact is one that is vithin the natu-
ral variability of the biosphere, but the acceptance of a perturbation that
causes changes depends on scale: both small-scale spatial changes and
short-term temporal changes are more acceptable than larger scale changes.

Changes in spatial variability are usually thought to be acceptable on the
scale of several hectares, in terms of agriculture, forestry, urbanization,
and other developments. An ensemble of plant and animal communities is
recognized as a normal part of natural variation, even if some are valued
more highly than others. However, endangered or rare ecosystems, or compo-
nents of an ecosystem, deserve special status. One philosophy of environ-
mental protection is that local natural spatial variation is acceptable.
This means that an area, of the scale of a few hectares, can be altered by
humans to appear like a similarly sized area that is influenced by natural
factors alone and located a few kilometres away. Variations within smaller
areas are even more acceptable. For example, a 0.1-ha stand of balsam fir
could be replaced by a stand of black spruce without major environmental
repercussions (provided that balsam fir is not an endangered species).
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Temporal variability must also be considered as an integral part of the
biosphere. Succession and evolution are ongoing processes and the state of
any given location will change over time. An impact that is within the
short-term variability at a given site would probably be acceptable, espe-
cially if it follows a normal time series of development. An example is
the death of many white-tailed deer during a harsh winter; this is assumed
to be part of the normal temporal variation, and the population usually
recuperates. Longer term variation, as caused by a forest fire, may not be
termed acceptable even if it is within the normal time series; this depends
on human values. Perturbations caused by humans may be less stressful than
some natural perturbations, but still might not be acceptable. Nature is
not always benevolent, and many natural perturbations have much greater
impacts than human-induced ones. This applies not only to catastrophic
occurrences (e.g., tornadoes), but also to chronic occurrences (e.g., the
onset of winter each year stresses deer populations compared with summer
condi tions).

Figure 1 depicts some aspects of variation. Spatial variability of some
features (e.g., numbers of a population) may be broad, and if a perturba-
tion alters the feature so that it remains within the local range, it will
likely be acceptable (Figure la). However, if the feature is altered so
that it does not fall within the normal range of variation, then it may be
unacceptable. Temporal variation is somewhat different, and we can examine
four conditions that may occur. An increase in the variation of the time
series, without altering the mean, may create unacceptable conditions occa-
sionally (condition 2 compared to condition 1 in Figure lb). A small
change in the mean condition such that the new mean is within the natural
variation may or may not be acceptable (condition 3 in Figure lb). How-
ever, a larger shift in the mean, without the variability overlapping natu-
ral variability, will likely be unacceptable (condition 4 in Figure lb). A
continuous change in the feature, without reaching steady state is also
undesirable (condition 5 in Figure lb). In all cases, the magnitude of the
effect will determine environmental acceptability.

3.3 BASELINE CONCENTRATIONS OF NUCLIDES IN THE ENVIRONMENT

3.3.1 General Considerations

The concept of variability in nature (Section 3.2) also applies to the
spatial distribution of elements in the biosphere. A waste disposal vault
may introduce additional nuclides into the biosphere and we must ensure
that they will not impact the environment negatively. All of the chemi-
cally toxic elements and most of the radionuclides associated with a waste
disposal vault are naturally present in the environment. Although the
environment is not necessarily benign, the biota tolerate these natural
conditions, or have been selected to do so. Therefore, natural concentra-
tions of elements in the environment are assumed to be acceptable. Also,
there may be different responses depending on whether a nuclide is essen-
tial or non-essential for the biota. The toxicity of a non-essential
nuclide may increase with its concentration (Figure 2). An essential
nuclide can be toxic at high concentrations or at very low concentrations
where its absence is detrimental (Figure 2). The essential nuclide has an
optimal concentration, reflected by low toxicity in Figure 2.



- 17 -

.2 jM'I j 1 1
1

1
i

i

•'

1 I

j
f

1

J
!

'' f

!

i

1i
1 ,

; ! ,

1

i

J i

1
,

! i . l

FIGURE la: Spatial Variability of Some Features (e.g., Numbers of a Popu-
lation) May Be Broad. If a perturbation alters the feature so
that it remains within the local range (marked with X), it will
likely be acceptable; however, if the feature is altered so
that it does not represent the normal range of variation
(marked with dot), then it may be unacceptable.

FIGURE lb: Four Changes to the Normal Temporal Variation (condition 1) May
Occur. An increase in the standard deviation of the time
series without altering the mean may create unacceptable condi-
tions occasionally (condition 2 compared to condition 1). A
small change in the mean condition such that the new mean is
within the natural variation may or may not be acceptable
(condition 3). A larger shift in the mean without the vari-
ability overlapping natural variability will likely be unac-
ceptable (condition 4). A continuous change in the feature,
without reaching steady state, is also undesirable
(condition 5).
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essential
nuclide

Concentration

FIGURE 2: Hypothetical Relationship Between Concentration and Toxicity for
Essential and Non-Essential Nuclides

We assume that, if the vault contributes an additional inventory to the
biosphere that is still within the local natural variability, then it will
be acceptable and will not impose an undue stress on the environment.
However, it may be desirable to ensure that the total concentration is not
at the upper tail (high concentrations) of the frequency distribution of
concentrations. Further, certain radionuclides are either rare or essen-
tially non-existent in nature, and are only present because of human acti-
vities. For these elements, there are no baseline data for comparison, and
anthropogenic sources (such as nuclear weapons testing) cannot be easily
related to effects because of the relatively short period since their
introduction to the biosphere. Hence, anthropogenically produced radio-
nuclides are discussed separately from natural radionuclides. This divi-
sion has been useful in other discussions of radionuclides in the environ-
ment (Laratta 1983).

3.3.2 Baseline Concentrations

We discuss several concentration limits, selected from various sources of
data. We define three critical concentrations to help predict potential
impacts of the release of nuclides from a vault to the environment:

(1) The Environmental Increment (El) value is the additional amount
of nuclide that can be added to the background level without
exceeding the natural, local, spatial variation in concentration.
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This value is sufficiently stringent so that if the additional
contribution from a vault is less than this, the presence of an
underground vault would not likely cause detectable environmental
effects.

(2) We also estimate background levels for comparison with concentra-
tions predicted by the biosphere model.

(3) When possible, we report the concentration where no effects have
been observed. Identification of this concentration is quite
arbitrary because, although some part of the ecosystem may not be
affected, there may be subtle effects. However, it is recognized
that an ecosystem of some type thrives at these concentrations,
even though its composition may in part be determined by the
level of a nuclide.

Quantitatively, we require a statistical basis to define the El values
based on natural variability. The variance of the distribution of concen-
tration in space or time depends on the scale. We arbitrarily assume that
an additional concentration of up to one standard deviation of the "local"
natural spatial variability is environmentally acceptable and equal to the
El. This means that the distribution of concentration is allowed to shift
to higher concentrations by a constant amount. For example, if the natural
concentration of a certain radionuclide is distributed normally (or trans-
formed from a lognormal distribution), the additional contribution of one
standard deviation would shift the whole new distribution upwards
(Figure 3). Only a small portion of the population of new concentrations

a
LLJ
en

CONCENTRRTION

FIGURE 3: An Idealized Distribution of Radionuclide Concentration in Space
or Time (A). If one standard deviation (a) of the distribution
is added, the new distribution (A + a) will be greater by a
constant amount.
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would exceed the natural range. If an additional contribution from a waste
vault is less than this one standard deviation limit, it is unlikely that
the increase could cause detectable effects within an ecosystem: it is
within the background noise.

This approach is quite stringent and is likely much below the level where
environmental effects are expected to occur for most radionuclides. If the
El value is exceeded, there may still be no effect, but it is useful for
screening radionuclide concentrations for further consideration. Hence,
this should be used as a framework, without having the regulatory connota-
tions associated with a criterion (Chapman 1991). This assumes that natu-
ral concentrations are not toxic nor are they in a range where a small
increase may have large detrimental or beneficial effects. However, the El
values must be used carefully because cumulative additions of any potential
contaminant may eventually result in unacceptably high concentrations. Of
course, cumulative additions may be environmentally acceptable if there are
no effects or if the local ecosystem progressively evolves to be tolerant
of enhanced environmental concentrations. Alternative definitions of the
El values could also be used. For example, a less stringent value could be
set at two standard deviations, or more stringent at 1% of the standard
deviation.

In some cases, a measure of variability is unavailable, and we use ana-
logues of the nuclide. If there is no obvious analogy, our default stan-
dard deviation representing variability is taken to be 10% of the mean
concentration. In many cases, this proportion results in slightly lower
concentrations than may be found through measurement, and this is
conservative.

Background levels are based on available data, but in cases where no mea-
surements were found, we estimate concentrations using chemical analogies.

The best data for establishment of concentration/effects relationships
involve direct measurements of some indicator, such as decrease in popula-
tion size or in breeding success. These studies are difficult to perform
at low contaminant concentrations because the signal-to-noise ratio is very
low. Often, this results in no firm conclusions. However, if effects are
measurable, maximum allowable concentrations can be established.

In addition to studies where direct effects are measured, studies of appar-
ently healthy populations inhabiting contaminated areas infer acceptable
contaminant levels, and we use these as likely indicators of environmental
tolerance. Of course, there is no guarantee of this because effects may be
latent, a stress may not be detected easily, or perhaps the test population
thrives in the contaminated area, whereas other populations have been
adversely affected (i.e., the most sensitive organism is not considered).
There are also natural areas of high concentrations of some nuclides that
can be used, in part, as a guideline for ecological tolerance. In this
report, we use all available data to help establish contaminant levels from
which potential impacts can be estimated.

This review of baseline concentrations is not exhaustive and may not iden-
tify all studies of interactions between radionuclides and the environment.
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In some cases, we use the concept that toxicity of some isotopes of an
element can be estimated knowing the toxicity of only one of the isotopes
and the ratio of the radiological dose conversion factors. Dose conversion
factors are used to estimate the effective radiation dose received by an
organism from a given amount of radioactivity. These dose conversion fac-
tors are tht same as those used in the food-chain submodel (Zach and
Sheppard 1992), which were developed to estimate dose to humans. We assume
that they apply equally to all organisms because the relative absorption of
radiation should be similar in all biological tissue. In other cases, we
report the value at three standard deviations above the background concen-
tration. This value has no experimental basis, but gives an estimate of
the upper range of variability.

Ideally, the ascending order of magnitude of these concentrations should be
as follows: the El value, background estimate, and level with no effect.
However, the natural variation of a nuclide might be larger than the mean
background estimate, and levels with no observed effects may overlap those
with observed effects. It is also possible that natural levels of a
nuclide cause effects, so any addition could be deleterious. If we predict
nuclide concentrations that are less than all of these baseline concentra-
tions, we can be assured that the environmental impact will be negligible.
If our predicted concentrations are within the ranges of the baseline con-
centrations, then we should examine potential impacts. If our concentra-
tions exceed the greatest of the baseline concentrations, then there will
likely be an impact, and the extent of the impact should be assessed in
detail.

We define concentrations in soil (on a dry-weight basis, unless indicated
otherwise) and surface waters separately. The concentrations are most
representative of the Canadian Precambrian Shield but, in many cases, data
were obtained from the global set and are applicable to other areas. Con-
centrations of radionuclides are given in units of radioactivity
(Bq = disintegration^-l) per mass or volume. The term "activity" expli-
citly relates to radioactivity. Conversion from Bq to moles is achieved
using the specific activity of the radionuclide,

Bq/mol = 6.023 x 1023 In 2/half-life (1)

where the half-life of the radionuclide is in units of seconds.

4. NUCLEAR FUEL WASTE RADIONUCLIDES IN THE ENVIRONMENT

4.1 RADIONUCLIDES IN THE ENVIRONMENT

The major environmental concern of a waste disposal vault is the potential
addition of radionuclides to the biosphere. This added contribution must
be assessed in relation to natural concentrations of radionuclides. How-
ever, concentrations of radionuclides vary spatially and there are many
areas of high natural background. Also, there have been artificially con-
taminated areas where effects on the biota have been studied. These areas
can be used to establish relationships between environmental concentrations
and effects.
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Areas with high natural levels of radioactivity are caused by increases in
the major radionuclides contributing to radiation dose. This mostly
involves the 2 3 8U and 2 3 2Th decay chains. Areas with high concentrations
of other radionuclides have not been identified because the potential added
dose is swamped by radionuclides of the long-lived actinide chains. When
comparing radionuclide concentrations in the environment, we do not con-
sider variation in background radiation from cosmic rays. However, cosmo-
genically produced radionuclides, present in fuel waste, are of interest.

Regions of high radioactivity are often caused by the influx of mineral
springs or the location of mineral deposits near the surface (Eisenbud
1963). In these areas, biota thrive; areas of high natural radioactivity
that are devoid of life have not been identified. This indicates that
either natural radioactivity levels do not adversely affect biota or that
the local biota have been selected for tolerance to ambient radioactivity.
It is difficult to distinguish between the two possibilities and, over the
long term, we must assume that the presence of a thriving ecosystem is
satisfactory, even if its composition is influenced by radiation.

In addition to high natural background areas, areas that have been contami-
nated with radionuclides exist as a result of projects such as nuclear
weapons testing. These areas have not been contaminated purposefully to
study radioecological effects, but they can serve as potential experimental
areas. Also, there are regions of radiological contamination resulting
from either accidental or routine industrial releases. These artificially
contaminated areas are valuable to estimate effects of radionuclides that
are rare in nature. In some instances, radionuclides that are rare in
nature have been distributed globally. This provides information on trans-
port through the biosphere, but often the time during which artificial
radionuclides have been introduced is too short to determine long-term
cumulative effects.

The 2 3 8U, 2 3 5U and 2 3 2Th decay chains (Table 1) include several radio-
nuclides that are progeny of the parent nuclides, for which we have mea-
sured concentration data. Ue assume that the activities of all progeny are
the same as that of the parent radionuclide (e.g., Zach and Sheppard 1992).
Therefore, the mass concentration varies among nuclides in a given chain by
the ratio of the half-lives. This is because the equal activities are
created by decay of mass, and this depends on the half-life. Using this
concept, we need only define the natural environmental concentrations of
the long-lived parents. This assumes that the only contribution to the
inventory of each of the progeny is from radioactive decay of the parent.
For example, the decay sequence may be

radionuclide A -» radionuclide B -+ radionuclide C

where, assuming equilibrium,

activity A = activity B = activity C

and the mass ratio can be determined by

(mass/half-life) of A = (mass/half-life) of B = (mass/half-life) of C.
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Equilibrium within a decay chain will only be established in a specific
part of the environment, if there is no selection of nuclides because of
different chemical characteristics. This is probably true in the parent
material, such as rock, but will be less applicable in other parts of the
biosphere where differential transport may be important. In general, it is
reasonable to assume that there is little isotopic selection in transport
for a given element; for example, within soil, the activities of 2 3 8U and
2 3 4U are equal. However, it would be unreasonable to assume that the acti-
vities of 2 3 8U and 222Rn in soil are equal because 222Rn can easily escape
from the soil as a gas. In this case, it is preferable fo define concen-
trations of individual chain members separately.

The spatial distribution of element concentrations in the environment is
frequently lognormal (Ott 1990, Sheppard and Evenden 1990), although data
reported in the literature often assume normal distributions. We have
attempted to base the El values on lognormal distributions, but sometimes
only data based on normal distributions are available.

4.2 COSMOGENICALLY PRODUCED RADIONUCLIDES

Radionuclides produced from cosmic-ray interactions are usually formed in
the atmosphere, where cosmic radiation is most intense. The cosmogenically
produced radionuclides are deposited from the atmosphere to the surface by
both wet and dry processes, and those with a sufficiently long half-life
remain as part of the terrestrial and aquatic environments. Cosmic energy
could theoretically produce small amounts of many radionuclides, but there
are few with sufficient concentrations to be measured.

Spatial variability of cosmogenic radionuclides is partly due to variation
in cosmic radiation fluxes; these vary spatially with latitude, and tempo-
rally because of changes in cosmic-ray production rates. Latitudinal vari-
ation between the equator and poles is about a factor of four (Suess 1958),
and production rates of cosmogenic radionuclides, such as 1 4C, have varied
temporally by less than 10% on average over the past 107 a (Hedges 1979).
Spatial variability may also be caused by deposition patterns. Deposition
in rainwater is important; thus, regions with greater precipitation could
have higher cosmogenic radionuclide concentrations in the environment,
especially if precipitation is spaced out during the year. Arid regions
would lack cosmogenic radionuclides having short half-lives. Precipitation
on the Canadian Shield has a mean of 0.78 m-a-1, normally distributed with
a standard deviation of 0.11 m-a"1 (Fisheries and Environment Canada 1978),
which is 14% of the mean. If there are no measurements of spatial vari-
ability for a cosmogenic radionuclide, we assume that variability is caused
by the distribution of precipitation. Therefore, the default value for the
El was set to 14% of the mean background estimate of cosmogenically pro-
duced radionuclides.

4.2.1 Tritium

Tritium (3H) is formed in the upper parts of the atmosphere by cosmic-ray
interactions with nitrogen. Although it is produced as an unoxidized gas,
it eventually enters the hydrological cycle as tritiated water. Anthropo-
genic discharges have increased global tritium concentrations in the envi-
ronment and concentrations may continue to increase, especially if nuclear
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fusion becomes a viable energy-producing option. Its relatively short
half-life (12 a) means that if all anthropogenic sources are terminated,
the environment will quickly reach cosmogenically produced background
levels. Therefore, ideally, over the life of a waste vault, anthropogenic
contributions to the environment should not be considered as part of back-
ground levels.

The rapid movement of tritium through the environment parallels that of
water and ensures that it comes into equilibrium with stable hydrogen. The
specific activity of 3H compared with XH is therefore a good measure of the
concentration throughout various parts of the biosphere. This tritium may
be in water, be bound in organic matter, or occur as tritium gas. Measure-
ments before substantial atmospheric weapons testing indicate background
surface water concentrations of 10"18 atoms 3H-atom-1 XH (Rankama 1954).
Measurements in vintage wines prior to additional anthropogenic contribu-
tions give standard deviations of concentrations of about 3 x 10"19 atoms
^•atonr1 XH (Kaufman and Libby 1954). With a specific activity of
1.07 x 1015 Bq.mol"1, one standard deviation would be about
36 Bq 3H.nr3 water, which we adopt as the El value. The background concen-
tration is estimated at 120 Bq-nr3 water. Bomb fallout contributes concen-
trations as high as 6 x 104 Bq 3H-nr3 water in Canada (NRCC 1983), with
maximum stream concentrations in 1963 in the United States of about
1.5 x 105 Bq-m-3 (NCRP 1979).

Water quality objectives for Ontario are based on drinking water require-
ments for humans and are set at a maximum of 4 x 107 Bq-nr3 (OME 1984).
Target concentrations are a factor of 10 lower. Therefore, drinking water
targets of 4 x 106 Bq-nr3 water are much greater than the El value of
36 Bq-nr3 water.

The specific activity of 3H in soil should be the same as that for water
and most of the soil hydrogen is in soil water. Assuming a soil moisture
content of 10% by weight (Buckman and Brady 1969), and an El value for
water of 36 Bq.nr3, the El value for soil is 3.6 x 10"3 Bq-kg"1 wet soil.
Background concentrations with these assumptions are about
1.2 x 10"2 Bq.kg2 wet soil. If concentrations were determined for dry
soil, much of the tritium would not be present, although some would be
bound, especially in organic material.

Apparently healthy populations of kangaroo rats live near a site of a
nuclear weapons test, where they receive about 0.1 Gy from internal
tritium, and an equal external dose from all radionuclides during their
lifetime (Hatch et al. 1970). They had a tritium activity of 4 x 106 to
1.5 x 107 Bq-kg-1 tissue and appear to be in specific activity equilibrium
with the soil (17 to 170 Bq-kg-1 H). If the soil moisture content is 10%
by weight (conservatively high for a desert environment), this study would
imply that soil concentrations of the order of 34 Bq-kg"1 wet soil might be
tolerated. This is about three orders of magnitude above the estimated
background.

4.2.2 Beryllium-10

The natural flux of 10Be to the earth's surface from the atmosphere is
about 420 atoms'm-2 -s'1 with a range from 180 to 600 atoms-nr 2-s"l
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(Pavich et al. 1984). The variability in the flux should be partially
caused by variability in precipitation, and our 14% standard deviation in
precipitation would account for this range of fluxes.

Measured concentrations of 1 0Be in surface soils are about
5 x 1011 atoms-kg1 soil (Pavich et al. 1984), or about
7 x 10"3 Bq-kg-1 soil. A standard deviation of 14% gives a concentration
of 10"3 Bq-kg"1 soil, and we assume chat this is within the natural varia-
tion and equal to the El value. Three standard deviations added to the
best estimate would be about 10 2 Bq-kg-x soil.

There are no direct measurements of 10Be in fresh surface waters, so we use
data for 7Be as an analogue. The typical activity of 7Be in lakes and
rivers is 7 Bq-nr3 (Santschi and Honeyman 1989). In seawater, the activity
ratio of 7Be/10Be is about 4 x 107 (Fukai and Yokoyama 1982). Assuming a
similar activity ratio for freshwater, the background concentration of 10Be
is about 1.6 x 10'7 Bq-nr3 water. Basing the standard deviation on pre-
cipitation, the El value is 14% of the background value or
2 x 10'3 Bq-nr3 water. Beryllium-7 is much more common than 1 0Be in the
environment. Ue assume that the two isotopes behave identically and sug-
gest that 10Be concentrations could scale with 7Be concentrations without
adverse environmental effects, provided that we consider the differences in
radiotoxicity. This was done assuming that the relative radiotoxicity of
7Be and 1 0Be scales with the ingestion dose conversion factors for humans.
This assumes that the relative biological toxicity for all organisms is
similar to humans, but does not imply similar physiological characteris-
tics. The ratio of internal dose conversion factors is

1.3 x 10-9 Sv-Bq1 10Be/2.5 x 1 0 1 1 Sv-Bq1 7Be (ICRP 1982). Therefore, if
7 Bq 7Be-nr3 water does not cause adverse effects (natural background),
then 0.13 Bq l0Be-nr3 water should also not cause adverse effects.

4.2.3 Carbon-14

Carbon-14 is produced by cosmic-ray interactions with atmospheric nitrogen.
Carbon is very mobile in the biosphere and is a basic element of organic
material. We can assume that the ratio of 1 4C/ 1 2C is similar everywhere in
the biosphere, because the 1 4C generated in the atmosphere is rapidly mixed
with the mobile carbon pool, compared with the length of its half-life.
The typical natural specific activity of 1 4C in the biosphere is
227 + 1 Bq-kg-1 carbon (UNSCEAR 1982). This estimate is from 19th century
biota; recent anthropogenic releases of carbon, depleted in 1 4C (such as
coal), have reduced the 1 4C specific activity in the biosphere (UNSCEAR
1982). However, use of nuclear power may gradually increase the specific
activity in the future (McCartney et al. 1988). Comparisons of liC speci-
fic activity with tree-ring data suggest that its temporal standard devia-
tion is in the older of 0.3% (Pearson et al. 1977), similar to the
+1 Bq-kg"1 carbon given by UNSCEAR (1982).

We assume that the standard deviation of the specific activity of 1 4C,
1 Bq-kg 1 carbon (UNSCEAR 1982), applies to variability in all parts of the
biosphere, and is equal to the El value. However, the total carbon concen-
tration in soil and surface water is much more variable than the specific
activity. If we assume that a 10% change in cosmogenically produced 14C
occurred over the last 107 a (Hedges 1979) without adversely affecting
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biota, then perhaps an increase of 23 Bq ^ C - k g 1 carbon would not cause
effects. This gives a total concentration of 250 Bq 14C-kg"1 carbon.

A.2.4 Phosphorus-32

Phosphorus-32 from the waste vault is a decay product of 3 2Si, but it is
also created naturally by cosmic radiation. As a macronutrient for the
biota, phosphorus is relatively mobile and physiologically active. As
such, 3 2P would be expected to easily affect biota if it were present in
high concentrations. Naturally formed 3 2P has very low environmental con-
centrations, not only because of its low production rate, but also because
of its short half-life. Concentrations in rainwater are of the order of
17 Bq-nr3 (Suess 1958), and we assume that this is a reasonable estimate of
the surface-water concentration. Soil-solid concentrations can be esti-
mated roughly using the soil solid/liquid partition coefficient, which for
a sand soil would be about 5 L water-kg"1 soil (Sheppard and Thibault
1990). Assuming that soil water and rainwater have similar activities, the
soil-solid concentration may be of the order of 0.1 Bq-kg"1 soil. These
low concentrations are difficult to measure.

We assume that 32P concentrations in both surface water and soil vary with
precipitation, about 14% for one standard deviation from the background
estimate. This gives El values of about 2.4 Bq-nr3 water and
0.012 Bq-kg"1 soil. Three standard deviations added to the background
concentrations are about 24 Eq-nr3 water and 0.14 Bq-kg 1 soil.

4.2.5 Silicon-32

Silicon-32 is created by cosmic radiation in only small quantities, and it
is difficult to measure background concentrations. It decays to form 3 2P,
but 3 2P is also formed directly by cosmic radiation. The rainwater concen-
tration of 32Si is about 7 x 10"3 Bq-m 3, and the concentration in lakes
and rivers is about 2 x 10'3 Bq-nr3 water (Santschi and Honeyman 1989).

Spatial variability of the 32Si concentration likely depends on variability
in precipitation, similar to those of 3 2P. We estimate standard deviations
based on precipitation as 14% of the mean. For surface water, this would
be about 3 x 10"4 Bq-nr3 water, and we adopt this as the El value. We
assume that the rainwater concentration of 7 x 10"3 Bq-nr3 does not cause
any adverse effects.

Concentrations of 32Si in soil can be estimated using the same technique
that was used for 3 2P. The soil solid/liquid partition coefficient for
32 Si for a sand soil is about 35 L water-kg-1 soil (Sheppard and Thibault
1990). Assuming that soil water is in equilibrium with rainwater, this
gives a soil concentration of 2.4 x 10'4 Bq-kg-1 soil. We assume that the
variability in the soil is 14% of this, so the El value is
3.4 x 10-5 Bq-kg 1.

4.2.6 Noble gases (39Ar, B1Kr, B 5Kr)

The noble gases are chemically inert. The stable isotopes of these ele-
ments are plentiful in the atmosphere, but they are also found in solution
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in both soil and surface water. Both 39Ar and 81Kr are formed cosmogeni-
cally (Schell 1970), whereas B5Kr is anthropogenic. They may migrate in
solution from a vault, and a relationship will be established between the
soil, surface water and atmosphere. If there is equilibrium between the
atmosphere and the surface, acceptable atmospheric concentrations should
imply acceptable concentrations in soil and surface water. Both 39Ar and
B5Kr have sufficiently short half-lives so that present-day concentrations
will not influence future concentrations. However, 81Kr has a half-life of
210 000 a and present-day concentrations will persist. Physiologically, it
is probably reasonable to assume that the noble gases will behave simi-
larly, and only contribute to an immersion dose.

K.rypton-81 concentrations are about 1.8 x 10 5 Bq-m 3 air (Bowen 1979).
Without direct supporting data, we assume that an increase of 14% of this
concentration equals the El value, or about 2.5 x 10 f Bq B1Kr-nr3 air.

Krypton-85 from fission has been increasing steadily in the atmosphere
since the 1950s (Boven 1979). Concentrations in 1970 were about
0.6 Bq-nr3 air, double those of the early 1960s. we assume that an
increase of 0.3 Bq 85Kr-m 3 air equals the El value because global
increases to date have been greater than this, without an obvious impact on
the environment.

Ve assume that the El value for 39Ar is proportional to the ratio of the
air immersion dose conversion factors for 39Ar and 8-Kr for humans. This
assumes that all noble gases behave similarly physiologically. The ratio
is based on decay energetics of the radionuclides, and as an approximation,
should also apply to non-human organisms. The ratio of air immersion dose
conversion factors is 0.46 Sv-Bq 1 39Ar/Sv-Bq : 35Kr (Zach and Sheppard
1992). Given an El value of 0.3 Bq 85Kr-m 3 air, ve suggest an El value
for 39Ar of 0.3/0.46 = 0.6 Bq 39Ar-m 3 air. Background concentrations of
39Ar are about 1.4 Bq-nr3 air (Loosli and Oeschger 1968).

4.3 PRIMORDIAL RADIONUCLIDES

Primordial radionuclides are those with sufficiently long half-lives to
still be present since the formation of the earth. This is relative,
because even the short-lived primordial radionuclides are present today,
but the amounts are so infinitesimal that we can consider them non-
existent. Here we only discuss 4 0K, 87Ru and 18"Re as primordial radio-
nuclides with measurable quantities today. Members of the heavy-element
decay chains, such as uranium, are discussed separately, even though they
are primordial in nature.

4.3.1 Potassium-40

Potassiura-40 has a long half-life, is ubiquitous in the environment, and
represents about 0.0119Z of the total potassium inventory (Rankama 1954).
It is one of the major radiation dose contributors from natural sources
(Myers 1989). Total K levels in igneous rocks are about 2.59 x 104 mg-kg1

(Rankama 1954).

To estimate soil concentrations, ve consider that much of the potassium
inventory is unavailable to the biota and is an integral part of soil
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minerals. Total 4 0K estimates are in the order of 370 Bq-kg 1 soil
(UNSCEAR 1982), but only a fraction of this is mobile in the biosphere.
Potassium-40 that has migrated from the vault will be in the most mobile
forms so that our baseline must relate to natural mobile forms also. We
calculate background levels of 4 0K based on 0.0119% of the natural
exchangeable potassium concentrations in soil. These data are available
from soil tests, and we used about 3000 samples from northern Ontario dis-
tricts for the period 1977 June to 1978 July (LRS 1979). The mean concen-
tration of exchangeable potassium was 133 mg.kg"1 soil with a standard
deviation of 31 mg.kg"1. We base our El value at one standard deviation,
and given the specific activity of 40K. of 1.03 x 107 Bq-mol"1, this is
0.9 Bq-kg 1 soil.

Freshly weathered rock would have a concentration of 0.0119% of
2.59 x 104 ing. kg"1 total K (Rankama 195A), or about 800 Bq ""K-kg"1 soil.
Measurements near uranium ore bodies in Sweden show soil concentrations as
high as 1320 Bq-kg1 (Pettersson et al. 1988). The environment tolerates
these natural concentrations and we assume that this is an acceptable upper
limit with no environmental effects.

Typical 40K. concentrations in fresh surface waters range from 4 to
250 Bq-nr3 (IAEA 1976), and we assume a best estimate of 50 Bq.nr3 water.
A reasonable spatial standard deviation of measurements within this range
would be about 50 Bq-nr3, and we adopt this as the El value. Seawater
concentrations of 4 0K are much higher than those in freshwater, typically
about 1.2 x 104 Bq-nr3 (IAEA 1976). We assume that these natural concen-
trations are biologically acceptable. However, if solute concentrations in
freshwater approached those in seawater, there would be an unacceptable
biological effect. Our limit assumes no significant increase in total
solutes.

4.3.2 Rubidium-87

Rubidium-87 represents about 28% of the total rubidium in nature (Rankama
1954). In igneous rocks, it has a concentration of about 98 mg.kg"1

(Rankama 1954). Surface soils have mean total rubidium concentrations
ranging from 30 to 120 mg.kg"1 depending on soil type (Kabata-Pendias and
Pendias 1984). For any given soil type, variability in measurements may be
as much as a factor of ten, although a factor of about two is more common.

Osburn (1965) indicates a representative soil concentration of
55 Bq 8 7Rb-kg 1, which is consistent with 28% of the concentration of total
soil rubidium estimated by Kabata-Pendias and Pendias (1984) (specific
activity is 2.8 x 105 Bq-mol"1 8 7Rb). From the range of total rubidium
measurements, we could assume a standard deviation of about 20 mg.kg"1, and
28% of this is 5.6 mg-kg 1 or 18 Bq 87Rb-kg"1. This estimate of natural
variation in soil a7Rb is taken as the El value. Maximum soil concentra-
tions would be about 28% of the upper estimate of 120 mg total Rb-kg"1 or
about 110 Bq ^ R b - k g 1 soil.

Typical 87Rb concentrations in fresh surface waters are about 0.9 Bq.nr3

(IAEA 1976). Total rubidium concentrations in lake water may vary by a
factor of two with season (Crocker and Merritt 1972). It is reasonable to
assume that the range in concentration would be at least half of the mean
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(i.e., within the seasonal variation) or about 0.45 Bq-nr3 water, and we
equate this to the El value. Background concentrations of 67Rb in seawater
are about 100 times greater than those in freshwater (IAEA 1976). Given
that there are no observed effects on biota caused by these natural concen-
trations, we assume that 90 Bq-nr3 freshwater would also not cause effects.

A.3.3 Rhenium-187

Rhenium-187 represents about 63% of the total natural rhenium inventory and
there is about 0.033 mg-kg"1 in igneous rocks (Rankama 1954). Average soil
concentrations are about 10'3 Bq 187Re-kg-1 soil (Santschi and Honeyman
1989). We assume that the standard deviation of spatial variability is
about 10% of the mean concentration or about 10"4 Bq-kg"1 soil. If we
assume that concentrations in igneous rocks are environmentally acceptable,
then concentrations as high as 4.5 x 10"2 Bq-kg-* soil can be tolerated.

Rhenium is geochemically analogous to molybdenum (Kabata-Pendias and
Pendias 1984), and assuming that both Re and Mo are derived from the same
geological source, the Re/Mo ratio can be used to estimate surface-water
concentrations of l a 7Re. Assuming about 2 mg Ho-kg-1 rock (Kabata-Pendias
and Pendias 1984), 0.033 mg ^ R e - k g 1 rock (Rankama 1954), and
0.5 mg Mo-nr3 surface water (Bowen 1979), we estimate background 1 8 7Re
concentrations of 8.2 /ig.nr3 vater. With a specific activity of
2.6 x 105 Bq 187Re-mol-l, this gives a background concentration of about
1.1 x 10'2 Bq-nr3 water. Again we arbitrarily assume that the El value is
10% of this mean value, equal to 1.1 x 10"3 Bq 187Re-nr3 water. Both 4 0K
and B7Rb concentrations in seawater are about 100 times greater than those
in freshwater. We assume that this would also apply to 1 8 7Re, so that
concentrations of 1.1 Bq 1 8 7Re-m 3 water would not affect the environment.

4.4 THE URANIUM-238 DECAY CHAIN

The longer lived radionuclides of the : 3 8U decay chain, modelled in the
biosphere, are

238U ^ 234 T h _ 234U _ 2 3 0 T h _> 2 2 6 R a _ 2 2 2 R n ^ 2 1 0 pfa ^ 2 1 0 B i _ 2 1 0 p Q .

It is helpful to group some of these because environmental measurements are
not available for all radionuclides. The scheme used by UNSCEAR (1982)
divides the 2 3 aU series into five subgroups: (i) 2 3 8U, 234Th, 2 3 4U,
(ii) 2 3 0Th, (iii) 2 2 6Ra, (iv) 2 2 2Rn, (v) 2 1 0Pb, 2 1 0Bi, 2 1 0Po. In this
scheme, the environmental activities of radionuclides within each subgroup
are assumed identical. This does not mean that the ecological effect of
any radionuclide within a subgroup is identical to that caused by other
members of the subgroup, but that the natural activities are equivalent
because of similar behaviour to the precursor. For example, 2 3 8U and 23'U
have similar activities in stream runoff, but these are slightly different
than the activities of either 2 3 0Th or 226Ra (Brunskill and Wilkinson
1987).

4.4.1 Uranium-238, Thorium-234, Uranium-?34

Uranium-238 represents about 99.2% of the total uranium, T 0 TU, (Cowan
1959); thus, published data on T 0 TU can be considered to reflect 2 3 8U
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concentrations. Measurements of T O TU in Canadian Shield soils are
presented in Table 5. The extensive measurements ,f Sheard et al. (1988)
are suitable to estimate activities of 2 3 8U and other members of the
subgroup (234Th, 2 3 4 U ) , with mean values of 0.95 mg-kg"1 = 12 Bq-kg"1 (the
specific activity of 2 3 8U is 3 x 106 Bq-mol 1). Measurements by Sheppard
et al. (1981) and Sheppard and Thibault (1984) were over a low-grade
uranium ore body and had higher mean concentrations than would be commonly
expected (Table 5). The distribution of measurements by Sheard et al.
(1988) was lognormal with a geometric standard deviation (GSD) of 3.16
(Table 5). If the GSD was added to the geometric mean (GM) background
concentration, the concentration would increase by 26 Bq 238U-kg"1 above
the GM. This calculation was done as follows:

(log10GM + log1QGSD)
El = 10 - GM • (2)

We can assume that 2 3 4Th is implicitly included within an acceptable 2 3 8U
concentration because it is a decay product with a short half-life; it will
not be transported from the vault itself. Uranium-234 has a long half-life
and could be transported from the vault, but natural concentrations are
intricately tied to those of 2 3 BU as the precursor. Therefore, the El
value for 2 3 8U also applies to 234Th and 2 3 4U.

Sheppard (1989) reviewed the literature and suggested that concentrations
of uranium of 100 mg-kg"1 soil (about 103 Bq 238U-kg-1 soil) would likely
not affect plants, although there are a few studies reporting effects below
this value. These exceptions found effects on plant yield at concentra-
tions as low as 5 mg-kg 1 (60 Bq 2 3 8U-kg- 1). Sheppard (1989) also indi-
cated that there are many studies where toxicity was not found at concen-
trations as high as 1000 mg.kg"1 soil. This is similar to the maximum
concentration measured by Sheard et al. (1988) (Table 5).

Background concentrations of 2 3 8U in Ontario surface waters are of the
order of 1.3 Bq-nr3 water with standard deviations ranging from 1.2 to
3.2 Bq.nr3, depending on the area sampled (NRCC 1983). We assume that one
standard deviation is of the order of 2 Bq-m 3, which we adopt as the El
value for 2 3 aU, 2 3 4Th and 2 3 4U.

Concentrations as high as 244 Bq.nr3 have been measured in Lake Superior
(NRCC 1983), and we assume that this does not pose environmental problems.
No effects were observed in a study of fish populations in northern
Saskatchewan at total uranium concentrations as high as 104 Bq-nr3 (Swanson
1982). Water quality guidelines for uranium are being updated, but exist-
ing guidelines are 20 mg U-nr3, or about 250 Bq 2?l8U-m-3 (CWQG 1987). We
use this value as the level with no effect, although it is about a factor
of 40 lower than the concentrations where no effects have been observed.

Thorium-234 must be implicitly included in studies of effects of 2 3 8U if we
assume that an equilibrium situation exists. In an artificial situation
where 2 3 4U or 2 3 8U is selectively present, an equilibrium with 234Th may
not exist because of the long half-lives of the precursors. However, in
most studies, equilibrium is a reasonable assumption implying similar acti-
vities of 234Th and the two uraniums. Therefore, we would expect that
about 250 Bq-nr3 water and 103 Bq-kg"1 soil of 234Th and 2 3 4U would not
cause detectable effects.
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TABLE 5

CONCENTRATIONS OF 2 3 8U DECAY CHAIN RADIONUCLIDES IN SOIL

OF THE CANADIAN PRECAMBRIAN SHIELD

Nuclide

GM

Concentrations

GSD max min una ts

Reference

226 Ra

»Pb

0.95 3.16 966.
415.

26.

59.

16.1" 98.

2.66 600.
150.

2.20 300.

0.3 mg-kg"1 Sheard et al. 1988
<3. nig.kg"1 ash Sheppard et al. 1981

2. mg.kg ! ash Sheppard and Thibault 198A

5.
14.

Bq-kg"1

Bq-kg"1

20. Bq-kg-

Sheard et al. 1988
Sheppard et al. 1981

Sheard et al. 1988

' arithmetic standard deviation of all sites

4.4.2 Thorium-230

Thorium-230 has about the same activity as 2 2 6Ra in soil (Santschi and
Honeyman 1989), and is assumed to have the same standard deviation
(Section 4.4.3). Therefore, its background concentration and El values are
26 and 44 Bq-kg 1 soil respectively. A time series of 230Th measurements
in stream runoff from a Canadian Shield drainage basin over two years gave
a mean of 0.27 Bq-m 3, with a standard deviation of the population of samp-
ling periods of 0.25 Bq-nr3 (Brunskill and Wilkinson 1987). Measurements
in a second basin were slightly less. We assume that
0.27 Bq 23OTh-m-3 water is a reasonable background estimate and that
0.25 Bq 23OTh-nr3 is equal to the El value.

We can estimate levels where an isotope of thorium should not cause an
adverse effect based on the levels established for 2 3 4Th, which in turn
assumed an equilibrium with 2 3 8U. This was done assuming that the environ-
mental radiotoxicity of 2 3 0Th scales with the ingestion dose conversion
factors for humans. This assumes that the relative biological toxicity for
all organisms is similar to humans, but does not imply similar physiologi-
cal characteristics. The dose conversion factor ratio for ingestion is
about 1250 Sv.Bq"1 230Th/Sv-Bq- x 234Th (Zach and Sheppard 1992), suggesting
that there should be no effect at concentrations of 0.2 Bq 23OTh-nr3 water
or 1 Bq 23OTh-kg-1 soil. These concentrations underestimate the threshold
for toxicity; higher concentrations probably will not affect the environ-
ment significantly. This estimate is about the same as the El value for
water but is only about 2% of the El value for soil. This indicates that
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the assumptions about potential toxicity using the analogous approach are
probably too stringent, because the environment tolerates greater natural
concentrations.

4.4.3 Radium-226

Background soil concentrations are about 26 Bq 226Ra-kg"1 soil and one GSD
is 2.7 (Table 5). Using Equation (2) for 238U, this represents an El value
for 226Ra of 44 Bq-kg'1 soil.

Small mammals living on uranium mill tailings in Ontario have been used to
obtain transfer factors for radionuclides (Cloutier et al. 1986, Clulow
et al. 1986). These tailings have from 9 x 103 to 1.2 x 10" Bq 226Ra-kg1

soil and, although effects on the population were not determined, a suffi-
ciently large population was available on which to do the studies. Cover
crops are used to stabilize these uranium mill tailings, and vegetation
does flourish (Clulow et al. 1988), even though there are additional
stresses besides radiological ones. It is not certain that a natural eco-
system would thrive at these concentrations but, in the absence of data
showing a detrimental effect, we suggest 1.2 x 104 Bq.kg"1 soil as a level
with negligible effect. This is a factor of 20 greater than the highest
soil concentration measured by Sheard et al. (1988) in a natural system
(Table 5).

Radium-226 concentrations in Canadian surface waters typically range
between 1.5 and 13 Bq.nr3, and standard deviations are of the order of
1 Bq-nr3 (Baweja et al. 1987). We adopt 1 Bq 226Ra-nr3 water as the El
value and assume a background estimate of about 5 Bq-nr3 water.

A toxicological study of fish in a lake contaminated with uranium mine
tailings in northern Saskatchewan found no physiological effects at water
concentrations of 178 Bq 226Ra-nr3 water (Waite et al. 1990). Similarly,
there were no obvious fish population parameters that could be attributed
to radionuclides with concentrations of about 50 Bq 226Ra.nr3 (Swanson
1982).

Maximum acceptable levels of 226Ra in water are based on drinking water
requirements, and for Ontario are set at 103 Bq.nr3; target concentrations
are one order of magnitude lower (OME 1984). The Ontario Ministry of the
Environment (OME 1984) target of 100 Bq 226Ra-nr3 water is within a factor
of two of the concentrations where environmental effects could not be
demonstrated (Swanson 1982, Waite et al. 1990). We use this as our level
with no effect.

4.4.4 Radon-222

Radon-222 is the progeny of 226Ra, and has a half-life of only 3.8 d. It
will decay in transit from the vault to the biosphere; thus, its environ-
mental concentrations are solely dependent on 226Ra concentrations in soil
and water. If the 226Ra concentrations are acceptable, then the 222Rn
concentrations will also be acceptable. Therefore, we do not suggest
separate concentrations for 222Rn.
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4.4.5 Lead-210, Bismuth-210. Polonium-210

The soil data of Sheard et al. (1988) indicate a GM of 59 Bq ^"Pb-kg"1 and
a GSD of 2.203 (Table 5). Using Equation (2), we calculate an El value of
71 Bq-kg"1, and our estimate of background is 59 Bq.kg-1 soil. Values for
210Bi and 2 1 0Po are assumed to be equal to these. The highest concentra-
tion measured by Shea, d et al. (1988) vas 3000 Bq-kg-1 (Table 5 ) , and we
assume that natural environments can tolerate this.

Stream runoff from Canadian Shield lakes contains about 3 ± 3 Bq 210Pb.nr3,
where the standard deviation represents variation over time (Brunskill and
Wilkinson 1987). Polonium-210 measurements are of a similar order,
although they may be greater at certain times (Brunskill and Wilkinson
1987). We adopt 3 Bq 21°Pb-nr3 as the El value for water. Values for
210Bi and 2 1 0Po are assumed to be equal to those for 210Pb.

4.5 THE URANIUM-235 DECAY CHAIN

The longer lived radionuclides of the 2 3 5U decay chain, modelled in the
biosphere, are

235U + 2 3 1 T h _ 231p a _ 227Ac _ 2 2 7 T h _ 223 R a.

Of the chain members, only 2 3 5U and 231Pa have sufficiently long half-lives
to be transported to the biosphere from the vault. The short half-life
members will only occur in the biosphere because of decay from the parents.
We treat the radionuclides in two groups: (i) 2 3 5U (

 231Th; and (ii) 2 3 1Pa,
2 2 7Ac, 2 2 7Th, 2 2 3Ra.

4.5.1 Uranium-235, Thorium-231

Uranium-235 accounts for about 0.7% of the total uranium mass (Rankama
1954), so we can estimate background levels based on measurements of T 0 TU.
For 2 3 5U and 23-Th concentrations in soil, we assume that the GM of concen-
trations for the Canadian Shield is identical to that of T 0 TU (geometric
standard deviations are independent of scaling, unlike arithmetic standard
deviations). We follow the same method used for 2 3 8U using Equation (2)
and data from Table 5. Correcting for the 0.71 mass fraction of 2 3 5U to
T 0 TU, we estimate the background and El values for 2 3 5U in soil to be
0.5 Bq-kg"1 and 1.2 Bq-kg-1 respectively.

The concentration of 2 3 5U in water is based on that of 2 3 8U using a mass
ratio of 0.7%. We use Equation (2) and consider that the mean 2 3 5U concen-
tration is 0.7% of the mean 2 3 8U concentration; therefore, the activity
ratio can be calculated as

Activity of radionuclide A = (mass fraction) • (SAA/SAB) (3)
Activity of radionuclide B

where SAA and SAB are the specific activities of radionuclides A and B
respectively. The specific activities of 2 3 5U and 2 3 8U are 1.9 x 107 and
3 x 106 Bq-mol"1 respectively. Using Equation (3) to scale 2 3 5U with 2 3 8U,
our estimate of the background concentration is 0.06 Bq 235U-nr3 water and
the El value is 0.09 Bq 235U-nr3 water. Thorium-231 is assumed to have
identical concentrations to 2 3 5U.



We can also estimate concentrations of 2 3 5U that are acceptable in water
based on regulatory criteria. The requirement is 20 mg T0TU-nr3 water
(CWQG 1987) and, if 0.7% of the mass is 2 3 5U, then 11 Bq 235U-nr3 water is
allowed. We assume that this amount will not cause adverse effects. There
are no official guidelines for soil, and we assume that 2 3 5U is 0.7Z by
mass of total uranium in toxicity tests. Sheppard (1989) suggested that
100 mg T0TU-kg-1 soil would not harm vegetation, which would be
0.7 mg 235U-kg"1 soil or 57 Bq 235U-k.g-1 soil. These would also apply for
2 3 1Th.

4.5.2 Protactinium-231. Actinium-227, Thorium-227, Radium-223

The ratio of activities of 231Pa/235U is almost unity in the lithosphere
(Osburn 1965). Therefore, we assume that the background estimate and El
values for 231Pa are identical to those of 2 3 5U (0.5 and 1.2 Bq.kg'1 soil
respectively), and that 2 2 7Ac, 2 2 7Th, 2 2 3Ra are in equilibrium. We also
assume that the toxic activities of each of these nuclides are equal to
that of 2 3 5U, because they are found together in nature.

Unlike the case for soil, the activity ratio of 2 3 5U to 2 3 1Pa in seawater
is about 500 (Fukai and Yokoyama 1982). We assume a similar ratio in fresh
surface waters and that the spatial variability of 2 3 1Pa scales with that
of 2 3 5U. This gives estimates of background and El values of 1 x 10"4 and
2 x 10-4 Bq 231Pa (and 2 2 7Ac, 2 2 7Th, 223Ra)-nr3 water respectively.

It is difficult to establish toxicity levels for these radionuclides with-
out data. Estimates using analogues may be inaccurate because different
analogues should be used for each of the radionuclides, even though they
are in equilibrium in nature. For example, if we use the OME (1984) target
of 100 Bq 226Ra-nr3 water and an ingestion dose conversion factor ratio of
0.47 Sv.Bq-1 223Ra/Sv-Bq-1 226Ra (Zach and Sheppard 1992), we calculate a
concentration of about 210 Bq 223Ra-m 3 water. This is much larger than
the concentration of 9 Bq 227Th-nr3 water calculated using an ingestion
dose conversion factor ratio of 28 Sv-Bq"1 227Th/Sv-Bq-1 234Th (Zach and
Sheppard 1992), and assuming equilibrium of 234Th with 2 3 8U at
250 Bq-nr3 water. Therefore we do not estimate levels without effects for
these radionuclides in water.

4.6 THE THORIUH-232 DECAY CHAIN

The longer lived radionuclides of the 2 3 2Th decay chain, modelled in the
biosphere, are

232 T h _ 2 2 8 R a _ 228 T h _ 2 2 4 R a .

UNSCEAR (1982) divides these into subgroups: (i) 2 3 2Th; and (ii) 2 2 8Ra,
2 2 8Th, 2 2 4Ra. For all members of each subgroup, we assume that the activi-
ties are identical within any biosphere compartment.

4.6.1 Thorium-232

Thorium-232 concentrations in soil range between 7 and 50 Bq-kg-1 with a
median of about 25 Bq-kg-1 globally (UNSCEAR 1982). Thorium concentrations
in soils from the former U.S.S.R. vary from 0.8 to 40 Bq-kg 1, with a mean
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of about 16 Bq-kg 1 (Tyuryukanova and Kalugina 1971). We assume that
16 Bq.kg"1 soil is a reasonable background estimate for Canadian Shield
soils and that 50 Bq-kg-1 would represent a value at three standard devia-
tions above the background estimate assuming a lognormal distribution.
This would give a GSD of 1.46, and using Equation (2), we estimate an El
value of about 7 Bq-kg1 soil. A survey of 2 3 2Th concentrations in surface
soils of the United States indicated a maximum background measurement of
126 Bq-kg"1 (Myrick et al. 1983), and we assume that this level does not
cause significant effects.

Thorium-232 concentrations in Canadian Shield lakes are about 0.2 Bq-nr3

(NRCC 1983). Measurements vary among lakes and the standard deviation of
the mean data from different lakes reported by NRCC (1983) is about
0.5 Bq.nr3. We assume that this represents normal acceptable variability
and is equal to the El value. Concentrations as high as 0.85 Bq-nr3 have
been measured in northwestern Ontario (NRCC 1983), and we assume that this
concentration does not cause adverse effects.

4.6.2 Radium-228, Thorium-228, Radium-224

In the absence of data on 2 2 8Ra concentrations in soils, we assume that the
activities of 2 2 eRa and 2 3 2Th are equal, as they should be in the earth's
crust (Fukai and Yokoyama 1982). Therefore, the background estimate and El
values for 2 2 8Ra, 228Th and 22<Ra in soil are 16 and 7 Bq-kg"1 respective-
ly. We also assume that the concentrations with no effects are similar,
i.e., about 126 Bq-kg'1 soil.

The activity ratio of 232Th to 2 2 8Ra in seawater is about 0.05 (Fukai and
Yokoyama 1982), and we assume a similar ratio in fresh surface waters.
This gives a best estimate of the mean of 4 Bq *28Ra-nr3 water. The stan-
dard deviation of 228Ra should scale with that for 232Th, and would be
about 10 Bq-nr3 water. We also scale the measured concentration of
0.85 Bq 232Th-nr3 water using this ratio, estimating that 17 Bq 2 2 8Ra (and
2 2 8Th, 224Ra)-nr3 does not cause effects.

4.7 ANTHROPOGENIC RADIONUCLIDES

Human activities have caused environmental concentrations of some radio-
nuclides that would not otherwise be found in appreciable quantities in
nature today. Some of these nuclides have very long half-lives and, even
if all production were stopped immediately, they would still persist in the
environment for a long time. It is important to note that the nuclear fuel
waste nuclides are not unique: other processes have released them into the
environment already, and some were present in primordial times. Spontane-
ous fission also occurs in nature, so small quantities of fission products
are produced naturally (Kohman and Saito 1954). We define whether any
additional contributions from the waste vault are significant relative to
the present environmental burdens. It is likely that concentrations will
increase from a variety of anthropogenic processes in the future, therefore
reducing the relative significance of the contribution from a waste vault.

Anthropogenic radionuclides of relatively short half-life, less than 100 a,
will essentially be non-existent 10 000 a from now if there are no new
inputs to the environment. This means that baselines established from
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present-day concentrations may be less stringent than those that would
apply to the future. Of course, short-lived waste nuclides will not likely
reach the biosphere from an underground vault because they will decay in
transit.

Anthropogenic radionuclide baseline concentrations can best be defined by
examining areas far away from contamination sources where only long-range
transport has contributed to elevated concentrations. For example, non-
industrial parts of the Canadian Shield are ideal baseline areas relevant
to our waste vault. Elevated concentrations of radionuclides in these
areas are caused by global sources such as nuclear weapons testing. It is
difficult to detect effects from these elevated concentrations. There are
no acute symptoms, and the relatively recent anthropogenic contributions
have not created detectable chronic ecological effects, although it is
difficult to conduct appropriate studies.

We can use the same approach to establish El values of anthropogenic radio-
nuclides as we used for radionuclides that are naturally found in the envi-
ronment. If the vault contribution to the local environment is less than
one standard deviation of the local variability today, we assume that the
additional increment may be insignificant. When data are unavailable, we
use some alternative approaches to estimate El values. We divide the
anthropogenic radionuclides into several groups.

4.7.1 Historical Decay Chains

Several radionuclides listed in Table 1 are part of natural historical
radioactive decay chains. Most of these were present at the beginning of
the earth, but they have since decayed to insignificant levels and have
half-lives typically less than 107 a. They include the very heavy ele-
ments, Am, Pu, Np, and some isotopes of U. Some of these radionuclides are
parents of the decay chains that are present in the environment today.

4.7.1.1 Parents of the 2 3 5U (4n+3) decay chain (239Pu)

Plutonium-239 is the only parent of the 2 3 5U decay chain of concern for
waste disposal:

239Pu _ 235u _ ( s e e 235y decay chain, Section 4.5.1).

Environmental measurements usually consider both 2 3 9Pu and 240Pu together
because of separation difficulties, but about 80% of the complex is 2 3 9Pu
(Bertine et al. 1986). Mean 239,240pu concentrations in Great Lakes water
ranged from 0.0041 Bq-nr3 in Lake Erie to 0.036 Bq-nr3 in Lake Michigan
during the period from 1971 to 1977 (Wahlgren et al. 1980). Standard devi-
ations of measurements for any one lake are in the order of 0.004 Bq.nr3.
Concentrations in deep anaerobic water of a northwestern Ontario lake may
be as high as 2 Bq-nr3 (NRCC 1983). We adopt an El value for 239Pu in
surface water, based on variability of measurements in any given lake, as
0.004 Bq.nr3. Our estimate of the background concentration is
0.01 Bq 239Pu-nr3 water.

Concentrations of the 239,24opu complex in soil can be estimated knowing
the ratio of 2 3 9- 2 4 0Pu/ 1 3 7Cs, and measurements of the 1 3 7Cs concentration.
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Zach et al. (1989) measured 1 3 7Cs in soils in 1978 in Manitoba, Canada.
The mean and standard deviation over six different sites was
93 ± 66 Bq-kg 1 and most of the variability was caused by differences in
soil type. Variability in measurements in a small area is less than this,
typically a few Bq-kg1 soil (Bachhuber et al. 1987). Measurements of
fallout 1 3 7Cs in the soil from the Keewatin region of the Canadian North-
west Territories was about 74 Bq-kg-x soil (Svoboda et al. 1985), and con-
centrations in northern Sweden can be as high as 295 Bq-kg1 soil
(Pettersson et al. 1988). Ue assume that the measurements of Zach et al.
(1989), representative of the Manitoba soils, are reasonable estimates for
our purpose. The activity ratio of 239•24"Pu/137Cs in soils in Germany is
about 0.018 (Bunzl and Kracke 1988). Therefore, estimates of the back-
ground and El (equal to the standard deviation) for 239.2«opu in son a r e

1.7 and 1.2 Bq-kg 1 respectively. We assume that this applies to 2 3 9 Pu
alone, since it is the most abundant isotope of the complex.

4.7.1.2 Parents of the 2 3 8U (4n+2) decay chain (242Pu, 2 3 BPu)

Both 242Pu and 238Pu are parents of the 2 3 8U decay chain:

242 P u _ 238y _ (See 238u decay chain, Section 4.4).

T

We assume that all plutonium isotopes behave similarly in the environment,
and that the ratios of the [.lutonium isotopes in the source can be used to
estimate environmental concentrations, if concentrations of one isotope are
known. In the case of 2 3 8Pu, the ratio with long-lived plutonium isotopes
is changing because its half-life is only 88 a, and it will decay without
new environmental inputs. The activity ratio of 238Pu/137Cs in German
soils is about 6.8 x 1 0 " (Bunzl and Kracke 1988). Given a 1 3 7Cs concen-
tration of 93 + 66 Bq-kg1 soil (Zach et al. 1989), we estimate background
and El values for 238Pu of 0.063 and 0.045 Bq-kg 1 soil respectively. The
activity ratio of 238Pu to the 239,24opu COmplex in soils (Bunzl and Kracke
1988) is then about 0.038. We use this ratio to scale the mean and stan-
dard deviation of 238Pu in freshwater to be 3.8% of the "9.240p u value.
This gives background and El values of 4 x 10"4 and 1.5 x 1 0 " Bq-nr3 water
respectively.

The activity ratio of ̂ •;'Pu/239Pu in the environment due to weapons testing
is about 3 x 10"3 (Holm and Persson 1978). We assume that concentrations
of 242Pu should scale with that of 239Pu using this ratio. This gives
background and El values of 3 x 10"5 and 1.2 x 10"5 Bq 242Pu-nr3 water, and
9 x 1 0 " and 5.4 x 10" Bq 2 4 2Pu-kg 1 soil.

4.7.1.3 Parents of the : 3 2Th (4n) decay chain (240Pu, 2 3 6U, ; 3 2U)

Plutonium-240 decays to 2 3 6U as a parent of the 232Th decay chain. In
addition, 2 3 2U is a parent of 228Th in the chain:

24opu _ 236u _ 232Tn _ 2 2B R a _ 22BT^ (see 232 T n decay chain, Section 4.6.1).

T
232U
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Estimates of the ratio of 24OPu/239Pu vary, mostly because of different rela-
tive yields of various weapons tests. Following Bertine et al. (1986), we
assume that 240Pu represents about 20% of the fallout of the 239.24opu c o m_
plex, although this ratio is slightly different in soil compared to ice
cores. We assume that variability of 2 4 0Pu should scale with the variability
of the 239,24oPu complex. For 2 4 0Pu in freshwater, the background and El
values would be 20% of 0.01 and 0.004 Bq 239•24OPu.nr3 or about 2 x 10"3 and
8 x 10"4 Bq 24OPu-nr3 water respectively. Similarly, the values for soil
would be 20% of the mean and standard deviation of the 23 9.24opu complex or
about 0.06 and 0.04 Bq 24OPu-k.g-1 soil respectively.

Background concentrations of 2 3 6U and 2 3 2U are more difficult to define be-
cause of lack of measurements. Uranium-232 has only a 72-a half-life and is
rare in nature, but the short half-life also dictates that much of it will
decay in transit to the biosphere. However, 2 3 6U has a long half-life
(2 x 107 a) and will not decay appreciably. We can estimate 2 3 6U background
concentrations in the environment because it is a decay product of 2 4 0Pu. We
assume that it is in equilibrium with the parent so that background concen-
tration estimates are 0.002 Bq.nr3 water and 0.06 Bq-kg-1 soil. It is diffi-
cult to estimate concentrations of 2 3 2U because it is rare in the environ-
ment, and we leave these as unknowns.

To estimate the El values for 2 3 6U and 2 3 2U, we assume that the transport of
all uranium isotopes is similar and that organisms do not differentiate be-
tween them metabolically. This allows us to use the dosimetric effects pro-
duced by the various uranium isotopes to deduce El values for isotopes for
which we have no environmental measurements. The ratios of dose conversion
factors for ingestion of 232U/23flU and 2 3 6U/ 2 3 8U (Sv-Bq-VSv-Bq-1), based on
humans, are 5.5 and 1.1 respectively (Johnson and Dunford 1983). Previously,
we set El values for 2 3 8U of 2 Bq-nr3 water and 26 Bq-kg"1 soil. Scaling
these concentrations with the ratio of the dose conversion factors, we obtain
El values of 0.4 Bq 232U-m"3 water, 1.8 Bq 236U.nr3 water,
4.7 Bq 232U-kg"1 soil and 24 Bq 236U-kg-1 soil.

We use the same technique to estimate concentrations where there has not been
shown to be an environmental effect. The concentrations for 2 3 8U are
250 Bq-nr3 water and 1000 Bq-kg"1 soil. Scaling these with the dose conver-
sion factor ratios, we estimate that 45 Bq 232U-nr3 water,
180 Bq 232U-kg-1 soil, 230 Bq 236U.nr3 water and 900 Bq 236U-kg-1 soil would
not cause radiotoxic effects.

4.7.1.4 The Neptunium (4n+l) decay chain (241Pu, 2 4 1Am, 2 3 7Np,
2 3 3Pa, 2 3 3U, 22»Th, 2 2 5Ra, 2 2 5Ac)

The neptunium decay chain essentially no longer existed in the environment
before anthropogenic processes created new inventories. It includes many of
the heavier radionuclides that are not part of the 2 3 8U, 2 3 5U, or 232Th decay
chains. The longer-lived radionuclides of the neptunium chain are

2 4 1 p u _ 2 4 1 A m _ 2 3 7 N p _ 2 3 3 p a „ 2 3 3 y _ 2 2 9 T h _ 2 2 5 R a _ 2 2 5 A c .

Measured soil concentrations of 2 4 1Pu in Sweden in 1972 were
2000 ± 500 Bq.nr3 soil (Holm and Persson 1977) or about
1.4 ± 0.4 Bq.kg"1 soil (assuming a soil bulk density of 1400 kg.nr3). We
accept these data as estimates of the background and El values for soils.



- 39 -

For surface-water concentrations, we assume that the 241Pu concentration
scales with that of 2 3 9Pu, although the ratio is decreasing with time because
of the short half-life of 2 4 1Pu (14 a) compared with the long half-life of
239Pu (24 100 a). Using a ratio of 2 4 1Pu/ 2 3 9Pu of 12 from fallout (Holm and
Persson 1978), we estimate background and El values of 241Pu in surface water
of about 0.12 and 0.048 Bq-nr3 respectively.

The measured atom ratio of 2 3 7Np/ 2 3 9Pu in soil, mostly derived from fallout
from weapons testing, is 0.7 ± 0.2 (Efurd et al. 1984). The difference in
half-lives between 23"7Np and 2 3 9Pu results in a specific activity ratio of
89 Bq-mol 1 239Pu/(Bq-mol-x 2 3 7 N p ) . Using Equation (3), based on the data
for 2 3 9Pu and a mass ratio of 0.7, the concentration of 237Np should be about
8 x 10'3 times that of 2 3 9Pu. Therefore, we estimate background and El
values for 2 3 7Np of 1.4 x 1 0 2 and 9.6 x 10"3 Bq.kg 1 soil respectively.

Assuming that the atom ratio of 237Np/239Pu in surface waters is the same as
that in soil, ve estimate background and El values for 237Np of 8 x 10"5 and
3.2 x 10"5 Bq-nr3 water respectively. These values are also used for 2 3 3Pa.

The activity ratio of 2 4 1Am/ 1 3 7Cs in German soils is 5.5 x 10"3 (Bunzl and
Kracke 1988). Given a concentration of 93 + 66 Bq 1 3 7Cs-kg 1 soil (Zach et
al. 1989), we estimate background and El values of 0.51 and
0.36 Bq 241Am.kg'1 soil respectively. Concentrations of 2 4 1Am in Lake
Michigan are 9 x 10"4 ± 3 x 10"4 Bq-nr3 water (Wahlgren et al. 1976), and we
use these values for the background and El values respectively.

As discussed for 2 3 2U and 2 3 6U, it is possible to scale a rare uranium iso-
tope, such as 2 3 3U, with 2 3 8U, using the relative values of the dose conver-
sion factors. The ratio of ingestion dose conversion factors is
1.2 Sv-Bq1 233U/Sv-Bq-1 2 3 8U (Johnson and Dunford 1983). The El values for
2 3 8U are 2 Bq-nr3 water and 26 Bq-kg-1 soil; thus, those for 2 3 3U are derived
by dividing by 1.2, yielding values of 1.7 Bq-nr3 water and 22 Bq-kg"1 soil.
Concentrations that should not cause radiotoxic effects can also be estimated
in this way; these would be about 208 Bq 2 3 3 U - m 3 water and

830 Bq 233U-kg"1 soil. Without measured data for background concentrations,
we assume that 2 3 3U is in equilibrium with the precursor 2 3 7Np and has back-
ground concentrations of 8 x 10"5 Bq-nr3 water and 0.014 Bq-kg"1 soil.

The same method can be used to scale 229Th to 2 3 2Th based on the dose conver-
sion factor ratio for ingestion of 1.3 Sv-Bq1 229Th/Sv-Bq-* 2 3 2Th (Johnson
and Dunford 1983). We previously set El values of 7 Bq 232Th-kg-1 soil and
0.5 Bq 232Th-m"3 water. Using the dose conversion scaling, we suggest El
values of 5.4 Bq 229Th-kg"1 soil and 0.4 Bq 229Th-nr3 water. Background
activities are assumed equal to those for 2 3 7Np. Both 2 2 5Ra and 22BAc are
assumed to be in equilibrium with 229Th, and have similar background and El
values.

4.7.2 Cesium-135

Measurements of 135Cs in the environment are rare, but 137Cs has been well
studied. We use 137Cs as an analogue for 1 3 5Cs, assuming the ratio of the
two nuclides in the environment is proportional to their fission yields. For
10-a-cooled nuclear fuel, Mehta (1982) gives activity ratios for 135Cs/137Cs
of 2 x 10"6. We assume that this is a reasonable estimate of environmental



- 40 -

ratios today, although 1 3 7Cs concentrations are decreasing with time as the
fallout contribution decays. Standard deviations of measurements of 1 3 7Cs in
Great Lakes waters are about 0.2 Bq-nr3 (NRCC 1983). If we scale this value
using the 1 3 5Cs/ 1 3 7Cs ratio, we estimate an El value for 1 3 5Cs of
4 x 10-1 Bq-nr3 water. Mean 137Cs measurements in the upper Great Lakes in
1981 were about 1.5 Bq-nr3 (NRCC 1983), so background estimates of 1 3 5Cs
would be about 3 x 10"6 Bq-nr3 water.

Soil concentrations of 137Cs have been estimated at 93 ± 66 Bq-kg"1 (Zach
et al. 1989). With an activity ratio of 2 x 10"6 for 1 3 5Cs/ 1 3 7Cs, we esti-
mate background and El values for 1 3 5Cs of 1.9 x 10'4 and
1.3 x 10'" Bq-kg 1 soil respectively.

We use measurements of 137Cs and the ratio of the ingestion dose conversion
factors for 1 3 5Cs and 137Cs to estimate concentrations that the environment
can tolerate. This assumes that transport and physiological relationships
are identical for the two isotopes of cesium. The ratio of dose conversion
factors is 1.9 x 10"9 Sv-Bq1 135Cs/(1.4 x 1 0 8 Sv-Bq1 1 3 7Cs) = 0.14
(Johnson and Dunford 1983). This means that about seven times more 1 3 5Cs
than 1 3 7Cs would be acceptable based on radiotoxicity. Soil concentrations
of 1 3 7Cs may be as high as 295 Bq-kg-1, and assuming that these are accept-
able, then concentrations as high as about 2 x 10 Bq 135Cs-kg-1 soil should
not cause adverse environmental effects.

For water, we can assume that seven times the 137Cs concentration found natu-
rally should not cause significant effects. This would be about
175 Bq 135Cs-nr3 water, based on the highest measu. ement of 137Cs at the
Experimental Lakes Area in northwestern Ontario (NRCC 1983). For 1 3 7Cs,
maximum acceptable water quality concentrations for Ontario are based on
drinking water requirements and are set at 5 x 104 Bq-nr3, with target con-
centrations a factor of 10 lower (OME 1984).

4.7.3 Strontium-90 and Yttrium-90

Present-day 90Sr concentrations in the environment may not reflect future
levels because the 29-a half-life dictates that concentrations may be much
lower in the future if anthropogenic releases decrease. This trend is
already occurring since atmospheric weapons testing has stopped. In lakes
and rivers, 90Sr is also decreasing because of flushing (NRCC 1983). This
poses some problems in establishing background concentrations, but present-
day concentrations of 90Sr have not been shown to cause ecological effects,
and the environment may tolerate these concentrations.

Concentrations of 9 0Sr in the Great Lakes in the early 1980s were about
25 Bq-nr3 with standard deviations of about 3 Bq-nr3 water (NRCC 1983). We
adopt 3 Bq-nr3 water as the El value. Measurements in Lake Ontario range as
high as 47 Bq-nr3, and in the mid-1960s, concentrations in the Winnipeg River
were about 150 Bq-nr3 (NRCC 1983). We assume that 150 Bq 90Sr-m-3 would not
cause adverse effects. Female mosquito larvae reared in 4 x 109 Bq 90Sr-nr3

water failed to lay eggs although seemed to function normally otherwise
(Guthrie and Brust 1971) - this concentration would be unacceptably high.

Measurements of 90Sr in soil show a profile with the nighest concentrations
near the surface (Kwaratskhelia et al. 1967, Hardy 1974). The average
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concentration in the 0 to 30-cm-depth layer at a site in Nev York State in
1972 was about 7 t 0.5 Bq-kg 1 soil (Hardy 1974). This is much lover than
measured concentrations in the former U.S.S.R. taiga region of about
400 Bq-kg 1 soil in the early 1960s (Tyuryukanova et al. 1967). Ue use the
concentrations measured in Nev York State for estimates of the background and
El values, equal to 7 and 0.5 Bq-kg1 soil respectively. Ue assume that the
400 Bq-kg-1 caused by veapons fallout in the former U.S.S.R. represents a
concentration with no effects.

Krivolutsky (1987) studied effects of 90Sr contamination on soil inverte-
brates. Earthworms and other invertebrates that consumed decaying plant
litter and inhabited the top soil layers, where most of the contamination was
concentrated, vere most affected. In a forest contaminated with about
8 x 1010 Bq 90Sr-m'2 surface area, total mesofauna numbers vere halved, but
there vere larger reductions in populations of certain groups. Invertebrate
numbers in the lower soil layers, where doses vere close to background
levels, also declined. It is believed that this was not a direct low-level
radiation effect, but that the decrease in the population near the soil sur-
face reduced the number of animals that could migrate to deeper soil depths.
This indirect effect on a population at a given location underscores the
importance of the intricate links within an ecosystem. The concentrations
used in this experiment vere very high neat the surface: in the order of 107

abf e background.

Yttrium-90 is a short-lived decay product of '°Sr and we assume that it is in
equilibrium with the parent. Therefore, the activities estimated for 90Sr
also apply to 9 0Y.

4.7.4 Iodine-129

Iodine-129 has very lov natural concentrations Decause its half-life is
insufficiently long to maintain a large primordial inventory, and only a
small quantity is produced cosmogenically and through natural fission (NCRPM
1983). Hovever, nuclear veapons testing has increased environmental levels
of 1 2 9I globally, especially near nuclear fuel reprocessing facilities.

Stable iodine (127I) is a good analogue of 1 2 9 I , and standard deviations of
soil 1 2 9I concentrations should scale vith those of 1 2 7 I . Today typical
129J/127J isotope atom ratios are in the order of 1 0 9 to 10"8 (Robens and
Aumann 1988), but ratios in rock samples range from 10-11 to 10'5 (Brauer and
Strebin 1982). At contaminated sites, the ratio of I29j/i27j may be much
higher, in the range of 10"4 to 10 3 (Aumann et al. 1985). The maximum mea-
sured values of 1 2 7I in soil are about a factor of 2.6 greater than mean
concentrations of 5 mg-kg 1, on average for a wide range of soils (Fuge and
Johnson 1986). Ue assume that the maximum values are at three standard devi-
ations above the background estimate with a lognormal distribution, which
would be the difference betveen the GM and 2.6 times the GM. This gives a
GSD of about 1.38. If we assume an atom ratio of 1 0 9 1 2 9 I / 1 2 7 I , then back-
ground 1 2 9I concentrations are about 3 x 10'5 Bq-kg-x soil (specific activity
of 1 2 9i is 8.3 x 108 Bq-mol 1). Our El value, based on the GSD and
Equation (2), is 1.2 x 10" 5 Bq 1 2 9I-kg 1 soil.

There are areas surrounding fuel reprocessing plants vith elevated levels of
1 2 9I in the soil (Brauer and Strebin 1982, Robens and Aumann 1988). There is
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no guarantee that these concentrations do not affect the environment, but in
most cases natural ecosystems thrive. Near a reprocessing plant in Germany,
soil concentrations may be as high as 0.035 Bq ^ ' I - k g 1 (Robens and Aumann
1988). We assume that the environment can tolerate these concentrations.

A reasonable estimate of background surface-water concentrations of 1 2 7I is
about 5 mg.nr3, with maximum values ranging to 73 mg.nr3 (Fuge and Johnson
1986). We assume that the maximum value is at three standard deviations of a
lognormal distribution; therefore, the GSD is 2.44. Using Equation (2) and
an atom ratio of 10"9 1 2 9 I / 1 2 7 I , we estimate background and El values for
1 2 9I of 3 x 10"5 and 4.3 x 10"5 Bq-nr3 water respectively.

Water quality targets for 1 3 1I in Ontario are based on drinking water
requirements and are set at 1000 Bq-nr3 (OME 1984). The dose conversion
factor for 1 2 9I is about seven times greater than that for 1 3 1I (Johnson and
Dunford 1983); thus, 143 Bq 129I-nr3 should be acceptable.

4.7.5 Technetium-99

Essentially all technetium present in the environment today is generated from
either nuclear weapons testing or from the nuclear fuel cycle. Only very
small amounts, about 2.5 x 10"10 g-kg"1 ore, have been found in natural
sources, such as pitchblende (Schulte and Scoppa 1987). Data on background
concentrations are rare, mostly due to measurement difficulties. Often, 99Tc
concentrations in the environment are estimated from fission yields and
measured concentrations of 90Sr and 1 3 7Cs (Wildung et al. 1979).

Typical background soil concentrations today are in the order of
10"11 g-kg-1 soil (Wildung et al. 1979) or about 0.006 Bq-kg"1. These con-
centrations are slowly increasing because of various anthropogenic sources
and, given the long half-life of 9 9Tc, will remain at least as great as this
tor the next 10 000 a.

Because measurements of 99Tc in the environment are few, it is difficult to
estimate the variability. We assume that the variability of 99Tc scales with
that of 1 3 7Cs. Theoretical and measured activity ratios of 99Tc/137Cs from
the Chernobyl accident are in the order of 10"5 (Aarkrog et al. 1988).
Assuming a standard deviation for 1 3 7Cs concentrations of about
66 Bq-kg"1 soil (Zach et al. 1989) and 0.2 Bq-nr3 water (NRCC 1983), we esti-
mate El values for 99Tc of 6.6 x 10"4 Bq-kg"1 soil and 2 x 10"6 Bq-nr3 water.
Background water concentrations of 9 9Tc, based on 1.5 Bq 137Cs-nr3, would be
about 1.5 x 10"5 Bq.m-3.

4.7.6 Other Radionuclides (41Ca, 5 9Ni, 63Ni, 7 9Se, 9 3Mo. 93Zr, 9 3 mNb,
9«Nb. 1 0 7Pd. 1 1 3 mCd. l i 5"Te. 1 2 5Sb. 1 2 6Sb. 1 2 6Sn. 1 8 2Hf. i a 2Ta,
2 0 5Pb, 2 0 8Bi)

Measurements of fallout 113mCd in Lake Michigan indicate mean concentra-
tions at 10-m depth of 0.31 ± 0.014 Bq-nr3 water (Palagyi and Larsen 1983).
The 14-a half-life of 1 1 3 mCd dictates an ever decreasing amount of this
radionuclide providing that there are no new inputs. Without other base-
lines, we assume that the standard deviation of 0.014 Bq-nr3 water is the
El value for freshwater. We have no soil concentration measurements of
1 1 3 mCd, and do not estimate El values.



Typical background concentrations of !2'JSb are about 2 Bq-m 3 water in
Canadian surface waters (Durham and Joshi 198A, Baweja et al. 1987).
Standard deviations of the measurements are typically in the order of
1 Bq-nr3 water, and we adopt this as our El value, we estimate soil con-
centrations using the l2 sSb water concentration and known concentrations of
stable Sb (stableSb) in soil and water:

(i25 S b / 5t f lbi a s b ) w a t a r = (i2^sb/ s t« b l eSb) E O i : (A)

where the subscripts refer to the medium. This assumes that all isotopes
of Sb behave similarly in the environment. A reasonable standard deviation
for stable Sb in water is about 1 mg-m3 (CUQG 1987) and in soil is about
0.2 mg-kg 1 (Frank et al. 1979). Using Equation (A), we calculate an El
value of 0.2 Bq ^Sb-kg" 1 soil.

Some radionuclides arise from short decay chains of fission or activation
products. These would not normally be found in nature, although they have
been produced anthropogenically. Fission products produce the following
decays:

1 2 6Sn - l-(Sb

93Zr - ""Nb .

Activation of impurities in the nuclear fuel as veil as in the fuel clad
ding produces the additional decays:

1 6 2 H f _ 1

93Mo - 93mNb .

In each of these cases, we assume that the decay products are in equili-
brium with the parents, so that the El values for parents and progeny are
equal.

Many of these radionuclides are ubiquitous in the environment today as a
result of nuclear weapons fallout, although their concentrations have not
been established by measurement. To estimate the concentrations of radio-
nuclides for which no measurements exist, we assume that they should be
related to the concentrations of the major fallout radionuclides. We
choose 2 3 9 Pu as the basis for our calculations because it is a long-lived
fission product. We assume that environmental concentrations of the other
elements scale with their ratio to 239Pu in 1000-a-cooled fuel from a
CANDU* reactor. The cooling period of 1000 a is more stringent than a
shorter period because there will be a smaller inventory of the short-lived
radionuclides. It also provides concentrations that are more applicable to
a period in the future. The ratio data are taken from Tait et al. (1989)
and are shown in Table 6, together with the derived El values for several

'CANada Deuterium Uranium. Registered trademark of AECL.
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TABLE 6

ACTIVITIES OF SOME RADIONUCLIDES IN FUEL

BASED ON 1000-a-COOLED CANDU FUEL
(Tait et al. 1989)

Radionuclide

41Ca
59Ni
63Ni

79Se
93Zr
93 Mo
94Nb

i 0 7 P d

126 Sn
2 3 9 P u

Activity (Bq)
kg Initial

Fission
Products

3.3 x 106

1.6 x 107

1.6 x 103

1.0 x 106

5.1 x 10s

6.2 x 109

i per
U

Impurity
Activation
Products

1.
6.
6.

3.
5,
4.

.7 x 105

,2 x 105

.5 x 10*

.8 x 10-2

.0 x 103

.0

Total
Activity
Baf-in
£\d LIU

to 239Pu

2.7 x 10-
1.0 x 10"
1.0 x 10"
5.3 x 10-
2.6 x 10"
8.1 x 10"
2.6 x 10"
1.6 x 10"
8.2 x 10"
1.0

5

4

5

4

3

7

7

4

4

El Values
Based on

Water
(Bq.

1.1
4.0
4.0
2.1
1.0
3.2
1.0
6.4
3.3
4.0

• n r

X

X

X

X

X

X

X

X

X

X

3 )

io-7

io-7

io-8

10"6

10" ̂
io-9

10"9

io-7

io-6

io-3

239Pll

Soil
(Bq-

3.
1.
1.
6.
3.
9.
3,
1,
9.
1.

.2

.2
,2
.4
,1
.7
.1
.9
.8
.2

kg"1)

x 10"
x 10"
x 10"
x 10-
x 10"
x 10"
x 10"
x 10"
x 10"

5

4

5

4

3

7

7

4

4

radionuclides. Estimates of background concentrations, again based on
2 3 9Pu data, are 2.5 and 1.4 times greater than the El values given in
Table 6 for water and soil respectively.

We recognize that fallout ratios of decay products are different from those
in CANDU fuel, but our estimates are based on fundamental fission processes
and should be of a reasonable magnitude. We partially verified our assump-
tions using measurements of 59Ni and 63Ni in river sediments near sources
of contamination (Beasley 1986). In these contaminated areas, 59Ni/63Ni
activity ratios are about 0.01 (Beasley 1986). For 10-a-cooled CANDU fuel,
Tait et al. (1989) estimated the 59Ni/63Ni activity ratio (impurity activa-
tion products) at about 0.008. The 10-a period was chosen because anthro-
pogenic sources of these nickel isotopes are fairly recent. This is close
to the ratio reported by Beasley (1986), indicating that the relationships
given in Table 6 are reasonable.

Hafnium-182 (implicitly including the decay product 1 8 2 T a ) , 205Pb, and
208Bi are activation products of Zircaloy fuel cladding (Tait et al. 1989)
and are not found in nature. Radioactive fallout probably contains only
very small amounts of these radionuclides and the special nature of the
nuclear fuel cladding is not reflected in fallout. We do not suggest back-
ground and El values for these radionuclides because of their rarity.
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4.8 SUMMARY OF RADIONUCLIDE CONCENTRATIONS

The baseline concentrations for the radionuclides are summarized in
Tables 7 to 11. In these tables, the El values may be larger than the
background concentrations for some radionuclides, depending on the method
used to estimate concentrations. The measured variability of concentra-
tions may be large compared with the mean values, or the background esti-
mate may be based on equilibrium with a precursor radionuclide, whereas the
El value may consider toxicity. This applies to some members of the
neptunium and 232Th decay chains. In many cases, data most appropriate to
Canadian Shield sites have been selected. These may also be representative
of other parts of the world, and many of the concentrations could apply
ubiquitously.

The "levels with no effect" are based on evidence where no effects were
observed. In some cases, we have reported regulatory targets. It is
likely that these concentrations will not cause environmental damage,
although there is a large uncertainty associated with the estimates.

5. CHEMICALLY TOXIC ELEMENTS

The regulatory criteria and guidelines for chemically toxic elements recom-
mended for soil and water are sumr.arized in Section 3.1. However, criteria
have not been established for all of the elements, and we establish back-
ground concentrations and El values in this section.

5.1 CONCENTRATIONS IN SOIL

Soil concentrations of many chemically toxic elements are documented in
Table 12. The data of Frank et al. (1976) are for Ontario soils and we
adopt their standard deviation values when available. For Br, Cs and Sm.
we suggest values based on other data sources.

Bromine concentrations in soils typically vary between 5 and
40 mg-kg"1 soil, although the absolute range is wider (Kabata-Pendias and
Pendias 1984). For any single study, the range of measurements may differ
by a factor of from two to five. We assume a background estimate of
10 mg-kg"1 soil (Bowen 1979) and a standard deviation of 2 mg-kg"1 soil.
This standard deviation gives a range typical of some studies but is con-
servatively lower than others (Kabata-Pendias and Pendias 1984).

For cesium and samarium, we assume a standard deviation of about
1 mg-kg"1 soil based on the range of measurements reported by Koons and
Helmke (1978) (Table 12).

The soil concentrations of the chemically toxic elements are summarized in
Table 13. Here, levels with no effects are assumed to correspond to guide-
line concentrations (Section 3.1.2). It should be noted that some effects
have been observed at concentrations lower than the guidelines and even at
concentrations less than background (Table 13). In the case of Cr,
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TABLE 7

SUMMARY OF CRITICAL CONCENTRATIONS OF

NATURALLY OCCURRING RADIONUCLIDES IN SURFACE WATER (Bq-nr3 water)

Radionuclide
El
Value

Background
Estimate

Level with
No Observed
Effect

Cosmogenic:

3H
10Be
]«C (Bq.kg"1 C)
3 2 p

32 Si

3.6 x 10
2. x 10-8

1.
2.4
3. x 10-"

1.2 x 102

1.6 x 10-7

2.27 x 102

1.7 x 10
2. x 10-3

4. x 106*
1.3 x 10-1

2.5 x 1O2

7. x 10-3

Primordial:

4 0 K

87Rb
18 7 R e

Uranium-238 (4n+2)
decay chain:

2 i o P b ? 2 i o B i j

2 1 0 m B j ) 2 1 0 p o

2 2 6Ra, 2 2 2Rn
2 3 0 T n

2 3 4 U f 2 3 B U f 2 3 « T h

Uranium-235 (4n+3)
decay chain:

2 3 1 p a i 2 2 7 T h j 2 2 7 A C )

223Ra
235U, 231Th

Thorium-232 (4n)
decay chain:

2 3 2 T h

2 2 8 R a ? 2 2 8 T h | 2 2 4 R a

5.
4.5
1.1

3.
1.
2.5
2.

2.
9.

0.
1.

X

X

X

X

X

X

5
X

10
10" ̂
10" **

10" ̂

10" *
10" ̂

10

5.0
0.9
1.1

3.
5.
2.7
1.3

1.
6.

0.
4.

x 10

x 10

x 10

x 10
x 10

2

- 2

- 1

r *
1- 2

1.2
9.0
1.1

1.

2.5

1.1

8.5
1.7

X

X

X

X

X

X

X

10"
10

102

102

10

10-1

10

* Regulatory targets
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TABLE 8

SUMMARY OF CRITICAL CONCENTRATIONS OF

NATURALLY OCCURRING RADIONUCLIDES IN SOIL (Bq-kg1 dry soil)

Rad'onuclide El Background Level with

Value Estimate No Effect

Cosmogenic:

3H (wet weight) 3.6 x 10"3
10Be 1. x 10-3
1 4C (Bq.kg"1 C) 1.
3 2P 1.2 x lO"2 0.1
32Si 3.A x 10-5 2.A x 1 0 4

Uranium-235 (An+3)
decay chain:

1
7
2

.2

.27

s\

X

X

io-
io-
102

2
3

3

2

.A x

.5 x

10

102

Primordial:

87Rb
187Re

Uranium-238 (An+2)
decay chain:

2 i o P b ? 2 i o B i )

2 1 0 m B i , 2 1 0 P o
2 2 6 R a , 2 2 2 R n
2 3 0 T h

2 3 4 U , 2 3 8 U , 2 3 4 T h

0
1
1

7
A
A
2

.9

.8
•

.1

.A

.A

.6

X

X

X

X

X

X

10
i o - 4

10
10
10
10

3 . 7 0
5.5
1.

5.9
2.6
2.6
1.2

X

X

X

X

X

X

X

102

10
lO- 3

10
10
10
10

1
1
A

.32

.10

.5

3.0
1.2

1.

X

X

X

X

X

X

103

102

i o - 2

103

104

103

2 2 7Th, 2 2 3Ra 1.2 0.5 5.7 x 10
2 3 5U, 2 3 1Th 1.2 0.5 5.7 x 10

Thorium-232 (An)
decay chain:

7. 1.6 x 10 1.26 x 102

2 2 8 R a ? 2 2 8 T h ) 2 2 4 R a 7 . 1 . 6 X 10 1 . 2 6 X 1 0 2
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SUMMARY OF

TABLE 9

CRITICAL CONCENTRATIONS

ANTHROPOGENIC RADIONUCLIDES IN SURFACE

Radionuclide

4 1Ca
59Ni
63 N i

7 9Se
90Sr,90Y
93Zr,93mNb
93Mo,93roNb
94Nb
"Tc

107p d

113m C (J

125 S b j125m T e

126Sn,126sb
12 9 J
1 3 5Cs
182Hf,i»2Ta,205Pbf

208Bi
229Th,225Raj225^c
232U
2 3 3U
236^

2 3 7 N p > 2 3 3 P a

2 4 1 Am
23B P u

2 3 9 P u

2 4 0Pu
2 4 1 P U

242pu

1
4
4
2
3
1
3
1
2
6
1
1
3
4
4

0
0
1
1
3
3
1
4
8
4
1

El
Value

.1 x 10"7

.0 x 10-7

.0 x 1 O 8

.1 x lO-6

.0 x lO-5

.2 x 10-9

.0 x lO'9

. x lO-6

.4 x 10"7

.4 x lO-2

.3 x lO-6

.3 x lO-5

x 10" 7

.4

.4

.7

.8

.2 x lO-5

. x 10-4

.5 x 10-"

. x lO"3

. x 10"4

.8 x lO-2

.2 x lO-5

WATER

OF

(Ba-nr3

Background
Estimate

3.
1.
1.
5.
2.5
3.
8.
3.
1.5
2.
0.3
2.
8.
3.
3.

8.

8.
2.
8.
9.
4.
1.
2.
1.2
3.

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

io-7

10" ̂
io-7

10"6

10
lO-5

io-9

10" ̂
1 0 " •*

lO-6

lO-6

lO-5

lO-6

lO-5

lO-5

10"3

lO-5

10-"
io-4

lO-2

10"3

10"2

lO-5

water}

Level with
No Effect

1.5

4.

1.43
1.75

4.5
2.08
2.3

x 102

x 102

x 102

x 10
x 102

x 102
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TABLE 10

SUMMARY OF CRITICAL CONCENTRATIONS OF

ANTHROPOGENIC RADIONUCLIDES IN SOIL (Bq-kg 1 dry soil^

Radionuclide El
Value

Background
Estimate

Level with
No Effect

l Ca
5 9Ni
6 3Ni
7 9Se
9 0 S r , 9 0 Y
9 3 Z r , 9 3 m N b
9 3 M o , 9 3 B N b
9<Nb
9 9 T c

i o i P d

1 1 3 m C d

1 2 5Sb, 1 2 5 mTe
1 2 6Sn, 1 2 6Sb
1 29 £

1 3 5 C s
1 8 2 H f , 1 8 2 T a , 2 0 5 P b , 2 0 8 B i
2 2 9 T h , 2 2 5 R a , 2 2 5 A c
232JJ

2 3 3 U
2 3 6 U
2 3 7 N p j 2 3 3 p a

241Am
2 3 8p u

23 9p u

240p u

241p u

242p u

CONCENTRATIONS OF

3.2
1.2
1.2
6.4
0.5
3.1
9.7
3.1
6.6
1.9

0.2
9.8
1.2
1.3

5.4
4.7
2.2
2.4
9.6
3.6
4.5
1.2
4.
0.4
5.4

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

X

10"5

10-"
10" 5

10"

10" ̂
io-7

io-7

10-"
10-"

IO-4

10"5

io-<

10
10
io-3

IO-1

10" ̂

io- 2

io-«

TABLE 11

THE NOBLE GASES

4.5
1.7
1.7
9.0
7.
4.3
1.4
4.3
6.
2.7

1.4
3.
1.9

1.4

1.4
6.
1.4
5.1
6.3
1.7
6.
1.4
9.

IN AIR

x 10"
x 10"
x 10"
x 10"

x 10"
x 10"
x 10"
x 10"
x 10"

x 10"
x 10"
x 10"

x 10"

x 10"
x 10"
x 10"
x 10"
x 10"

x 10"

x 10"

(Bq-;

5

4

5

4

3

6

1

3

4

3

5

4

2

2

2

2

1

2

2

4

m-3

4.0

3.5
2.0

1.8
8.3
9.0

air")

X

X

X

X

X

X

102

io-2

103

102

102

102

Radionuclide Background Concentration El value

3 9Ar
8 1Kr
8 5Kr

1.4
1.8 x 10-5

0.6

0.6
2.5 x 10-6

0.3
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TABLE 12

NATURAL LEVELS OF CHEMICALLY TOXIC ELEMENTS

IN SOIL (me-kg-1 dry soil)

Element Range Mean S.D. Reference

Br Kabata-Pendias and
Pendias 198A

Cd

Cr

Cs

Mo

Sb

Se

Sm

0

0

0

0.

0

3

.1-8

.3-5

.4-4

05-1

.1-1

.3-1

.1

.1

.7

.64

.67

1.7

0.

22.

1.

0.

0.

-5.

6

6

24

37

0.

9.

0.

0.

0.

7

6

2

22

Frank et al. 1976

Frank et al. 1976

Koons and Helmke 1978

Frank et al. 1979

Frank et al. 1979

Frank et al. 1979

Kabata-Pendias and
Pendias 1984
Koons and Helmke 1978

TABLE 13

SUMMARY OF BASELINE CONCENTRATIONS OF

CHEMICALLY TOXIC ELEMENTS IN SOIL (mg-kg-1 dry soil)

Element El Value Background
Estimate

Level with
No Effect

Level with
Observed Effect

Br
Cd
Cr
Cs
Mo
Sb
Se
Sm

2.
0.7
9.
1.
0.6
0.2
0.22
1.

10.
0.6
22.
2.
1.6
0.2
0.37
5.

515.
1.*

100.*
5.
4.*
20."
1.*
12.

5.

Criteria from Table 4
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the level of observed effect is similar to the suggested El value. It is
very unlikely that this low concentration could cause undesirable effects
at the population or ecosystem level, given that ecosystems experience
levels in excess of this.

From an extensive literature review, Bengtsson and Tranvik (1989) suggest
that maximum allowable soil or litter concentrations are 10 to
50 mg Cd-kg"1 so that there will be no adverse effects to forest soil
invertebrates. Many of the studies of toxic element effects on plants use
a solution growth medium, and do not assess long-term chronic effects
(Balsberg Pahlsson 1989). This makes it difficult to define minimum con-
centrations that cause effects. Solution concentrations as low as
10 mg Cd-nr3 have shown effects (Balsberg Pahlsson 1989). Chromium can be
toxic to plants at concentrations as low as 5 mg-kg-1 soil (NRCC 1976),
although the soil criteria are set at 100 mg-kg 1 (AEL 1991).

5.2 CONCENTRATIONS IN SURFACE WATER

Criteria and guidelines were outlined in Section 3.1.2 for cadmium,
chromium, molybdenum and selenium. However, for antimony, bromine, cesium,
molybdenum and samarium, we suggest El values based on environmental
variabili ty.

Antimony concentrations are quite variable, ranging from less than 1 mg-nr3

to 9100 mg-nr3 in Canadian waters (CUQG 1987). Ue suggest an El value of
1 mg-nr3 water and a background estimate of 100 mg-nr3.

Concentrations of bromine in freshwater are about 14 mg-nr3 (Bowen 1979)
and, from the range of measurements, we estimate an El value of about
1 mg-nr3 water. Maximum concentrations are about 55 mg Br-nr3

(Bowen 1979), and we assume that this does not cause adverse effects.

Typical concentrations of cesium in river water are 0.2 mg-nr3 water
(Lisk 1972) and range to a maximum of about 1 mg-nr3 (Bowen 1979). If we
assume that the standard deviation is about 10% of this, then the El value
would be 0.02 mg-m"3 water, and we would further assume that 1 mg-nr3

causes no adverse effects.

Bowen (1979) indicates a range of molybdenum concentrations of 0.03 to
10 mg-nr3 water, and we estimate an El value of 0.5 mg-nr3. This is a
factor of ten less than the groundwater criterion suggested by AEL (1991).

Coughtrey and Thorne (1983) estimate background freshwater concentrations
of samarium of 0.1 mg-nr3. We assume that a reasonable El value for Sm is
10% of this, or 0.01 mg-nr3 water. Bowen (1979) suggests a maximum Sm
concentration of 0.12 mg-nr3 water, and we assume that this does not
adversely affect the environment.

Table 14 gives toxicity data for some of these elements. The baseline
concentrations of the toxic elements ?re summarized in Table 15, including
the regulatory criteria.
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TABLE 14

TOXICITY OF SOME ELEMENTS TO AQUATIC BIOTA

Element Concent ra t ion Time Organism Reference

Cr 2 g.m-3 LC50 96 h mayfly NRCC 1976

Cs 7.4 g.m-3 LC50 48 h Daphnia OME 1984

Mo 54 g-nr3 threshold for deleterious effects OME 1984

Sb 9-80 g.m-3 LC50 96 h fish OME 1984
20 g.m-3 LC50 96 h Daphnia OME 1984
1.6 g-nr3 chronic toxicity minnow CWQG 1987

TABLE 15

SUMMARY OF BASELINE CONCENTRATIONS OF

CHEMICALLY TOXIC ELEMENTS IN SURFACE WATER (mg-m-3 water)

Element El Value Background Level with
Estimate No Effect

Level with
Observed Effect

Br
Cd
Cr
Cs
Mo
Sb
Se
Sm

1
-
-
0
0
1
-
0

.02

.5

.

.01

14.
-
_
0.2
1.

100.
-
0.1

55.
0.2*
2.*
1.
5.*

9100.
1.*
0.12

740.
54 000.
1 600.

* *
(threshold)
(chronic)

Regulatory criteria from Table 4
10% of LCqn

6. CONCLUSIONS

The biosphere model predicts concentrations of radionuclides and chemically
toxic elements in soil and surface water. Environmental protection can be
ensured if these concentrations do not exceed some threshold value, but
criteria are not available for all of the waste nuclides. We have sug-
gested some baseline concentrations that can be used to evaluate the possi-
bility of an environmental effect.
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Ue have suggested El values for each nuclear fuel vaste nuclide that can be
added to soil and surface water and be within the environmental vari-
ability. These concentrations should be environmentally insignificant and
tolerated by most parts of an ecosystem. They may be overly stringent
because the environment can probably tolerate much greater concentrations,
although greater concentrations will be significant relative to background.
There are cases where high natural concentrations of some elements may
determine ecosystem composition. Toxic levels of elements may occur in
nature; for example, high salt concentrations in soils support only certain
vegetation communities. Therefore, there is no guarantee that additional
concentrations based on natural variability will not cause some ecosystem
effect. However, the effect should be in the ,ange of effects caused by
natural perturbations.

The El values must be used carefully. Cumulative additions of any poten-
tial contaminant will eventually result in unacceptably high concentra-
tions. Also, the natural background concentration is a better baseline
than an anthropogenically determined background. Cumulative additions may
be environmentally acceptable if there are no effects. This may also
include the situation where a local ecosystem progressively evolves to be
tolerant of enhanced environmental concentrations.

These baseline concentrations are useful to screen the most likely nuclides
to cause environmental effects. If nuclide migiation from a waste vault
results in concentrations exceeding the specified concentrations, potential
effects should be evaluated. Alternatively, if the El values are met, it
is unlikely that the presence of a vaste vault could cause detectable
effects in an ecosystem.

A rough guideline for screening the environmental significance of addi-
tional radionuclide burdens can be established based on all of the nuclides
that were reviewed. From the data summarized in Tables 7 to 10, we suggest
that concentrations less than 10"8 Bq-kg1 dry soil or Bq-nr3 water of any
radionuclide will be insignificant. This allows a quick screening of pre-
dicted concentrations and, on average, corresponds to only one disintegra-
tion in 1 kg soil or 1 m3 water about ê 'ery three years.
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