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SAMMANFATTNING

Radionuklider som frigörs från ett underjordiskt förvar kan
transporteras med det djupa grundvattnet till biosfären. Det
djupa grundvattnet kan strömma ut till ett jordbruksområde
eller till en våtmark. I denna rapport studeras fördelning av
radio-nuklider i de övre jordlagren samt utsläppet av
radionuklider till en bäck. Från dessa miljöer så kan
radionukliderna via flera exponeringsvägar nå människan.

För att utvärdera radionuklidtransporten till och fördröjningen
i ytjorden har hydrologin i de ytnära lagren studerats med
hjälp av datormodeller.

Den kemiska miljön i jorden har studerats med speciell tonvikt
på radionuklidernas rörlighet. Exempel på parameterar som på
verkar deras rörlighet är mineral innehåll, halt organiskt mate-
rial. pH och redoxpotential. I en litteraturstudie har de
kemiska egenskaperna hos radionukliderna jod. cesium, uran.
neptunium och americium undersökts. Resultatet presenteras i
Appendix 2. I denna rapport har fördelningskoefficienter. K,.

använts för att beskriva radionuklidernas rörlighet i jorden. I
Appendix 2 ges en presentation av hur de använda K.-värdena

härletts.

Radionuklidtransportberökningarna visar att endast de radio-
nuklider som sorberar kraftig i jorden (dvs. radium, cesium och
americium) har fördröjningstider som är längre än den för-
väntade livstiden av själva jordlagret. Detta gäller också för
uran och neptunium om reducerande förhållanden råder i botten
på jordlagret. For nuklider med endast en ringa sorption er-
hölls ingen fördröjning av betydelse. Den fördröjande effekten
av ett jordlager är mindre än för ett sedimentlager på botten
av en sju. som har behandlats i en tidigare studie, beroende av
den större vattenomsättningen i jorden.

Ett flertal begränsningar i rådande kunskap och modellerings-
teknik har identifierats och förslag på möjliga förbättringar
har gjorts.
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SUMMARY

Radionuclides released from an underground repository can be
transported by deep groundwater to the biosphere. The deep
groundwater can be discharged to an agricultural area or a bog.
In this report an evaluation is made of the resulting
distribution of radionuclides in the upper soil and the release
of radionuclides to a creek. From these environments,
radionuclides can follow different exposure pathways to man.

In order to evaluate the radionuclide movement to and retention
in the soil surface, the hydrology in the superficial layers
has been studied with the help of computer models.

The chemical environment in soil was studied with special
emphasis on mdionuclide mobility. Examples of parameters which
affect this mobility and which were studied are mineral
composition. content of organic material, pH and redox
potential. The chemical behavior of the radionuclides iodine,
cesium, radium, uranium, neptunium and americium was the topic
of a literature survey and is presented in Appendix 2. For the
work in this report, radionuclide mobility in soils is
represented by the equilibrium distribution coefficient. K,. In

Appendix 2, a presentation of the derivation from the
literature of the K, values used in this study is given.

The radionuclide transport calculations showed that only those
radionuclides which are sorbed strongly in the soil (i.e.
radium, cesium and americium) have retention times longer than
the expected lifetime of the soil layer itself. This would also
be the case for neptunium and uranium if reducing conditions
are found at the base of the soil column. For only slightly
sorbing nuclides no important retention was found. The
retarding effects of the soil layer is less than that of a
sediment layer in a lake (the subject of a previous study),
because of the greater water turnover in the soil.

Several limitations to current knowledge and modelling
techniques have been identified, and suggestions for possible
improvements have been made.
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INTRODUCTION

Radioactive waste disposal in underground repositories,
constitutes a risk to man because of the potential release of
radioactive material to the biosphere by ground water flow via
the geosphere. The migration in the geosphere is calculated
using models based on a physical and chemical description of
the transport phenomena in the geosphere. The output from the
geosphere model can be used as input data to models describing
the biosphere or parts of it. The biosphere Is often modelled
as a number of compartments where the transfer out of a
compartment is proportional to the amount of the nuclHe inside
it. In biospheric modelling the release from the geosphere
often enters directly into the compartments describing lake
water or superficial groundwater, consequently, the transport
phenomena at the interface between the geosphere and biosphere
are not satisfactorily treated.

In a previous project the outflow to a lake and the effect of a
sediment layer on the bottom of a lake was studied (Elert and
Argärde, 1985). This study showed that for some nuclides the
sediment layer could have an important retaining effect.

In this report, the interface between the geosphere and the
terrestrial biosphere is studied, i.e. the migration of
radionuclides from groundwater to the soil surface. The aim of
this project is to investigate the possibility of radionuclide
retention in surface and subsurface soils.

Six radionuclides were studied in the work reported here. They
are listed together with a brief description of their chemistry
in Chapter 2.

In order to study the biosphere/geosphere interface in
terrestrial environments, a variety of processes, by which
groundwater and radionuclidc transport occur need to be
considered. A brief description of the processes considered in
the work reported herein is given in Chapter 3. Mathematical
models can be used to represent the physical, chemical and
biological processes of importance to radionuclide transport.
In this work, mathematical models are used to study
radionuclide migration through the domain of interest.

The domain of interest consists of the geological layers above
the bedrock, i.e. till, clay and organic soils. The bedrock is
considered in so far as it affects the groundwater flow pattern
through overlying layers. A brief overview of the domain of
interest is given in Chapter 4 together with a description of
the possible characteristics of some potential areas where the
discharge of radionuclides to the terrestrial biosphere may
occur.

Before a mathematical modelling study of radionuclide migration
through a discharge zone can take place, it is necessary to
carry out separate studies in order to provide input values for
the various modelling parameters. In Chapter 5 a mathematical
modelling study of the hydrology of the domain of interest is
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described. The models used to carry out this study are
described in Appendix 1. The water flow data thus derived are
used to drive the radionuclide transport calculations.

In Chapter 6. the modelling of radionuclide transport is
described. The model used and the calculation cases are
described. The selection of input data to describe the
chemical, physical and biological characteristics of the system
is discussed. There are dramatic changes in the biological,
physical and chemical conditions between the geosphere and the
soil surface. The effect of changing environmental factors on
the rates and relative importance of the various transport
processes could be considered using mathematical models. A
literature review has been carried out in order to determine
the extent to which we can model these effects using currently
available data. The results of this -eview are presented in
Appendix 2 and the conclusions of thr review are presented on
Section 6.6.

Chapter 7 contains general conclusions from this study and some
recommendations concerning further work which would enable the
biosphere/geosphere interface in terrestrial systems to be
better understood.
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2. RADIONUCLIDES

Radioactive waste from the nuclear i xel cycle contains a wide
spectrum of different radionuclides. In order to facilitate the
work, a selection of nuclides was made. Six elements which
might be important in the dose calculations were chosen. These
elements cover a wide range of different chemical environmental
behaviour. These are:

Cesium a monovalent fission product, with strong jrDtion
to some clay minerals occurring in soils.

Iodine a long-lived fission product with oxidation state

(-D-
Radium a naturally occurring alkaline earth element (formed

by uranium decay) with oxidation state (II).

Uranium a redox and pH sensitive element, in oxidation state
(IV) or (VI). Its chemistry is affected by the
contents of organic material and carbonate.

Neptunium a redox and pH sensitive element in oxidation state
(IV) or (V).

Americium under natural conditions a trivalent element that
often forms strong complexes with organic material.

The longest-lived isotope of each element was studied, see
Table 2.1.

Yable 2.1 Half-life of cesium, iodine. radium, uranium,
neptunium and americium isotopes used in this study

Nuclide Half-life
(a)

135Cs
.29j

226Ra
2 3 8u
237Np
243Am

3
1
1
4
2

•10*
.7«107

.6-10°

.468*109

.14-106

7370

More information concerning the chemistry of these
radionuclides and their interaction with the solid phase is
given in Appendix 2.
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3. PROCESSES

The transport processes can be divided into the following
types; physical, chemical, biological and other processes, such
as activities by man.

3.1 Physical processes

The main processes for radionuclide transport is transport with
the flowing groundwater. This process can be divided into two
parts; advection and dispersion. Advection is the direct
transport with the groundwater. By dispersion in a broad sense
we mean the spreading of a species carried by a fluid as the
fluid moves along a flow path. There are several mechanisms
giving dispersion or spreading of a concentration plume in a
porous/fractured system: (1) molecular diffusion in the fluid,
(2) velocity variations in the fluid in a channel, (3) velocity
variation between different channels and (4) chemical or
physical interactions with the solid material. In the following
we are concerned with the first three effects only. Dispersion
is a random process which tends to smooth the sharp
concentration profile that a pure advection would give.

The magnitudes and relative importance of the hydrological
processes may vary with time as a function of the rate of
groundwater discharge. Discharging groundwater can either be
superficial or local groundwater or deeper intermediate or
regional groundwater. During periods of high discharge, as in
the spring flood, the local groundwater dominates and during
periods of low discharge, as during mid-winter, the deeper
groundwater will dominate. The periods with high discharge will
give large discharge areas with a high ground water level. In
this case, overland flow or flow parallel to the ground surface
can occur. During the low discharge periods the discharge area
will reduce in size, and when these occur during the summer the
discharge may be lost by evapotranspiration.

During periods of high discharge the soil may be saturated
whereas during low discharge periods, the soil may be only
partially saturated. Thus the average situation represents a
combination of these conditions.

3.2 Chemical processes

The radionuclides transported in the pore water of the soil,
clay and till are affected by the properties of the solid and
solution phases and the way in which these properties affect
the various chemical processes.

Soil properties can be changed by agricultural practices e.g.
liming and fertilizer application.
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Radionuclides can sorb on the inorganic and organic material in
the matrix of the porous media. The sorptive process can be
ion-exchange, physical adsorption, filtration, chemi-sorption
or substitution. The sorbed radionuclides can at a later stage
desorb and again be available for transport. This can occur as
the chemical environment changes, e.g. through changes in the
redox potential.

The character of the mineral particles and organic matter
affects the sorptive processes.

Ion-exchange sorption sites are found within the crystal
lattice of clay minerals, e.g. illite, kaolinite, chlorite,
montmori1lonite and vermiculite. Exchange sites are alsc found
on the surfaces of organic particles. Organic material occurs
in soils as soluble macromolecular complexes or as
macromolecular complexes bound together by di or trivalent
cauions, such as Ca2+, Fe3 + and Al3*. Organic material can also
occur in combination with clay mineral and polyvalent cations
by bridging clay-metal-humus.

The number of sorption sites determines the cation exchange
capacity of the soil which in turn determines the pH buffering
capacity of the soil. Two groups of adsorbed cations have
opposing effects on soil acidity. Hydrcgen and aluminium
dominate acid soils, both contributing to soil acidity; H+ ions
directly and Al3* ions indirectly through hydrolysis. Most
other cations, or soil bases, neutralise soil acidity. Thus,
soil pH is linked to percentage base saturation of the cation
exchange sites. The cation exchange capacities and percentage
base saturation of soils depend upon the parent materials from
which the soil develops, the hydrology of the area and the
influx of chemical species, e.g. nutrients or fertilizers.

Radionuclide sorption is also affected by the chemistry of the
solution, i.e. the composition of the groundwater. Other ions
compete in the ion-exchange processes and various solved
species can form complexes with the radionuclides.

The formation of complexes is important for radionuclide
transport, especially organic matter complexes. Humic material
is particularly important for the radionuclide transport, since
it has a great tendency to form complexes with metal ions. The
humic substances can be bound to clay minerals in the soil and
in this way reduce the mobility of radionuclides.

However, if the organic matter or humic substances are soluble
or present in the water in colloidal form their mobility may be
large. The dissolution of organic matter depends on the soil
type and the composition of •"' e groundwater. In calcium
bicarbonate groundwaters the organic material in the soil is
fairly saturated with calcium and is less ready to enter into
solution than when it is saturated with sodium ions.
Dissolution of organic material is favoured by low electrolytic
concentrations. Due to this infiltrating rain water can cause a
considerable dissolution of soil organic matter, which can be
seen as a colouring of water in streams (Eriksson, 1985).
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The redox potential also affects the behaviour of radionuclides
in soil. Deep groundwaters contain salts from weathering of the
bedrock, the redox potential is low and the pH rather high.
When the deeper groundwater reaches surface layer it will come
in contact with superficial groundwater with higher redox
potential. The presence of oxygen will result in an oxidation
of ferrous iron into ferric oxyhydroxides. Precipitation of
ferric iron can be of importance for the radionuclide
transport, since nuclides are easily sorbed on their surface.
The oxidation of ferrous iron and manganese produces hydrogen
ions and can therefore lead to a decrease in pH. The decrease
in partial pressure of carbon dioxide can lead to calcite
precipitation if the discharging groundwater is saturated with
respect to calcite.

The redox potentials in the different soil layers depend on the
fluctuation of the groundwater, the decomposition of organic
material, and the various redox buffers present. In the
unsaturated zone the potential is above 200 mV. When the ground
water level rises and the soil is completely saturated, changes
in the chemical environment occur. The redox potential will be
reduced, ion solubilities will change, and changes will occur
in the biological activity. In the soil, a number of redox
systems with different redox potentials are present. The
theoretical sequence for these redox reactions from higher to
lower redox potential are given by the redox couples N03"/N02".
MnO2/Mn

2+, Fe(0H)3/Fe
2+, S04

2', H2S and CO2/CH4. Experiments
have been made determining the sequence for these reactions and
the evolution of pH, reaox potential, and ions solubilities
during a period of three months following the saturation of the
soil (Ohlsson, 1979). The redox potential dropped below zero
after six days of saturating the soil sample. In roughly the
same time an increase in Fe2*-concentration was noted. However,
the Fe2+-concentration dropped towards the end of the
experiment probably due to precipitation of Fe304 or FeS. The
production of CH4 started after two weeks, indicating strongly
reducing conditions and a decrease in pH, 7.5 to 6.5, was
noted. These experiments give an indication of a rather fast
lowering of the redox potential in a saturated soil. However,
it must be noted that the experiments were performed on a
closed system with no water flow.

Traditionally, in the modelling of radionuclide transport in
porous media, a K,-value approach has been adopted. This

empirical parameter is usually determined experimentally and
represents all the various chemical processes occurring in the
soil (see Section 6.6).

3.3 Biological processes

The upper part of the soil column is affected by biological
activity. This activity can affect the radionuclide transport
directly as when organisms transport soil material with
radionuclides to the surface or when radionuclides are taken up
by the roots of plants. The biological processes also act in an
indirect way by changing the chemical environment in the soil.
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e.g. the microbial decay of organic matter lowers the redox
potential in the soil as well as changing the sorption
properties of the organic matter.

Radionuclides can be taken up by plants actively or passively.
Passive uptake is diffusion of ions from the external solution
into the roots. Active uptake can take place against a chemical
gradient and requires metabolic energy (Kabata-Pendras, 1984).
The roots can take up ions in the soil solution as well as
available ions bound to soil particles. Hydrogen ions in the
roots can be exchanged with necessary cations adsorbed to soil
particles. It appears that radionuclides adsorbed on clay
minerals are most readily available to plants. while
radionuclides in the form of oxides or bound to organic mattei
or microorganisms are more inaccessible.

The uptake of radionuclides by plants is often described by
concentration factors. These factors describe the ratio between
the concentration in the plant at equilibrium with the
concentration in the soil. These factors give a very simplified
model of the transport from the soil to plant, but can be used
to make a rough estimate of the radionuclide transport by
plants. The transport is both a removal from the soil by
harvesting or a transport from the root zone to the soil
surface in the transpiration stream. The removal rates have
been estimated using as annual harvest of 1 kg m^a" 1 and a
soil surface density of 465 kg m~2. The concentration factors
used and the results are presented in Table 3.1.

Table 3.1 Plant concentration factors and fraction annually
removed by harvesting

Radionuclide

Iodine

Cesium

Iodine

Iodine

Iodine

Iodine

Concentration
factor
(Bq kg^plant/
Bq kg^soil)

2.0 10"1*

1.0 10"2**

1.0 KT2**

1.2 10"3**

4.6 10"1**

1.0 10'4**

Fraction removed
annually

4.0 10"4

2.0 10"6

2.0 KT 5

3.0 10"6

1.0 10"6

2.0 10"7

* Bergström et al., 1986
** Studsvik Nuclear Library

The fraction annually removed is small foi all the radionuclides
studied in this report, and consequently the transport of nuclides
by vegetation is not treated in the further calculations of
radionuclide transport. However, it should be noted that the values
used in these calculations are applicable to a limited range of
crop plants. Species in natural or semi-natural systems may have
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higher biomass. deeper rooting depths and different concentration
ratios. In some such environments e.g. forests, the capacity of the
vegetation to increase the rate of radionuclide transport from deep
soil to the soil surface may be quite large and has been recognised
for certain plant nutrient elements. However, it is not possible to
make further scoping calculations without carrying out a literature
survey to obtain the necessary data.

Microorganisms present in the soil can have the same effect as
colloids in the transport of radionuclides. The effect of
microorganisms to the transport of cesium has been demonstrated
(Champs and Merrit, 1981). Cesium was introduced into a soil column
and the bacteria and cesium content in the column effluent was
measured. At certain intervals the soil column was irradiated with
gamma rays, which gave a sharp decline in both the bacteria and
cesium content of the effluent. No quantitative analysis of the
effect of microorganisms have been made, due to the fact that both
models and input data are missing.

The most abundant macroorganisms in soil are earthworms (Grewin,
1978). Earthworms can cause a horizontal transport of soil as well
as a transport from deeper layers to the surface. In non-ploughed
areas Lumbricidae puts 5 to 25 kg m~2 per year of eaten soil on the
surface of the top soil (Lee, 1985). The soil is taken from a depth
down to 15 cm. Thus, roughly 1 percent of the soil in the topmost
layer is annually transported to the soil surface. This can act as
a mechanism for dispersion of radionuclides in the top soil, but
will not lead to any removal of radionuclides from the soil.
Consequently, macroorganisms will not play a major role in the
transport of radionuclides in the soil.

Ploughing by man ?lso redistributes radionuclides close to the soil
surface (the top 15 to 20 cm).
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4. AREA STUDIED

4.1 Hydrology of the studied area

Discharge areas can be of very different natures. In a previous
report. (Elert and Argarde, 1985). discharge to a lake was studied.
Other possible discharge areas are peat bogs, or near-surface so.l
layers. The soil can be used for cultivation or as pastures.

In this study the main concern is discharge of deep groundwate-,
since this is the water which is contaminated with radionuclides
from an underground high-level repository. This deep groundwater
need not to be discharged in the same areas as the more superficial
groundwater. However, near the ground surface superficial
groundwater will mix with deeper groundwater which wilJ affect the
dilution and the transport of radionuclides. Thus, the hydrological
situation in a large area has to be studied.

The area studied consists of a recharge area - a hill - and a
discharge area, as seen in Figure 4.1. The discharge area can
either be a bog or an agricultural area. The valley where the
recharge area is situated is assumed to be formed by a fracture
zone with a higher permeability than the surrounding rock. The
hydraulic conditions are further discussed in Chapter 5.

Figure 4.1 Schematic description of the discharge area. Note
that the vertical and horizontal scales are different
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4.2 Chemi za.\ and biological conditions in the discharge
area

Two types of discharge areas have been studied, an agricultural and
a peat bog area. This study concentrates on parameters which are
important for the radionuclide transport such as mineral
composition, content of organic matter, pH and redox potential. In
a generic study like this, only the major characteristics of a soil
can be considered. In reality, the chemical environment in soils
will vary considerably depending on the soil type, but also
depending on the use of the areas. Examples of important
differences are the high pH in carbonate soils and the higher
content of organic matter in pasture soils. However, because of the
uncertainties in the quantification of the radionuclide behaviour
in different chemical environments only the most important
differences can be taken into consideration when evaluating the
radionuclide transport.
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HYDROLOGY

It is important to study the hydrology in connection with the
discharge of water from an underground repository in order to
evaluate the flow pattern in the superficial geological layers. A
number of alternative situations are possible.

- The distribution of upwards flowing deep groundwater can be
either over a large area or concentrated, as in the case when
coming up from a high permeability lineament.

- The flows of superficial groundwater, which mix with the deeper
groundwater, ray vary, depending on the hydrological conditions
in the upper layers. The topographical and geological conditions
can be such that the ground water level in the discharge area may
coincide with the ground surface, i.e. thr; soil layers aie fully
saturated with water. The water is then transported away as
surface run-off or in a horizontal flow in the layers just below
the ground surface. Alternatively the ground water table is below
the ground surface. In this case water infiltrating from the
ground surface will be transported through the unsaturated zone
and wili be added to the flow. Figure 5.1 is a schematic
representation of the water flow in such circumstances. A
probable situation in many discharge areas is that variation of
the flofc situation will occur during the year. In the spring and
in the autumn the soil will be fully saturated while in the
winter arid in the summer the soil may be partly unsaturated.

precipitation

deep groundwater

Figure 5.1 Schematic description of ground water flow in the
discharge area. Note that the vortical and horizontal
scales are different
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The flow pattern in the upper layers is used as input for the
radionuclide transport calculations. The size of the flow is
important when evaluating whether advection or diffusion is the
most important process for radionuclide transport. The nature of
the flow is also important when determining the boundary conditions
in the radionuclide transport calculations.

5.1 Methods

The hydrology of the model site was studied using three different
models:

a a water balance model assuming that all groundwater formed in the
catchment area is discharged in the studied area. This approach
allows a rough estimate of the flow rate in the discharge area
and was used to give a first idea of the governing transport
mechanism. However it does not account for discharge to other
areas than that studied.

b a two-dimensional finite element simulation of the flow pattern
from the underground repository (FEM) was used to get a more
detailed view of the flow pattern in the discharge area.

c In order to obtain a two-dimensional flow description in the
superficial l?.yers a simple hydrological calculation was made
with the same computer model (TRUMP) that was used for the
radionuclide transport calculations. Since the same model was
used, the output from these calculations could directly be used
as input to the transport calculation. One must bear in mind that
it gives a rather simplified picture of the flow in the
superficial layers, e.g. the model can not handle unsaturated
conditions. However, it can be used to produce a flow field for
use as input data to the transport model.
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Figure 5.2 The area modelled in the FEH-calculations. The
vertical dimensions of the clay and the till are
exaggerated in order to increase the legibility

5.2 Input data

a The water balance model

The water balance model uses the ratio of the areas of the
recharge and discharge zones and the percolation rate. Since the
nature of the discharge area is not included in this model the
same calculations as in the lake case can be used. Here values of
the ratio recharge area to discharge area between 2 and 10 have
been used.

Reliable values for the percolation rate are hard to find. The
percolation rate depends on the type of soil, the saturation of
the soil, and the intensity of the rainfall. Values between 1 and
50 mm per year have been used in these calculations. This
percolation rate range is deemed reasonable compared to the
precipitation rate that varies between 400 and 700 mm per year in
southern Sweden.

b The two-dimensional Finite Element Model

The modelled area is a two-dimensional, vertical cross-section
shown in Figure 5.2. The repository is placed at the 500 meters
level under the hill, which is the recharge area. The flow is
assumed to be symmetrical under the hill giving a non-flow
symmetry boundary condition at the left hand side of the area. In
the same way, the flow is assumed to be symmetrical in the middle
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of the discharge area, giving a non-flow symmetry boundary to the
right. The bottom of the model is defined by a non-flow boundary
at a depth of 1000 meters. The uppermost 100 meters of the rock
are given a higher permeability than the bulk of the bedrock. A
permeable lineament was inserted at the right boundary of the
area leading up to the soil layer. At the top surface of the
modelled area atmospheric pressure was assumed.

The disturbed rock is covered with a till layer stretching up 100
meters on the hillside. On top of the till a clay layer and a
soil layer are placed.

The important parameters in the more detailed model are the slope
of the ground water level, the hydraulic conductivities and the
thickness of the different geological materials. A 1 % slope of
the ground water level was chosen, the value being typical for
the conditions in central and southern Sweden.

Since the clay layer has a low permeability this can be a barrier
against upwards flow through this layer. In the more permeable
till layer there will be a horizontal flow of water towards the
center of the valley. The actual flow pattern in the area will
depend on the ratio between the clay and the till permeabilities.
The hydraulic conductivity chosen for the till is 10"6 m s"V The
reason for choosing a higher value than in the previous study is
that it can be expected that the till is less compacted in this
case than when it is situated under the bottom of a lake.

The values used for the hydraulic conductivity and the thickness
of ths geological layers are given in Table 5.1.

Table 5.1 Thicknesses and hydraulic conductivities for the
different materials

Material

Clay

Till

Disturbed

Lineament

Bedrock

Thickness (m)

5

10

rock 100

10

-

Hydraulic
conductivity (m s"1)

lO"10

io-6

lO"8

io-7

10" 1O
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c The TRUMP model

The TRUMP model was used to derive input data for the transport
calculations in the case where a clay layer was present. The
studied area, shown in Figure 5.3, was 100 meters wide and 7
meters deep, with layers of upper soil above the ground water
level, lower soil below the ground water level, clay and till.
The dimensions where somewhat reduced compared to those used in
the FEM model.

As input the results from the water balance model and the FEM
model were used, see the discussion in Section 5.4. In order to
simplify the model a prescribed flow of infiltrating water was
used 100 (mm a"1) and an upward flow of deeper groundwater of 50
(mm a" 1). The outflow was to a creek through the lower soil layer
and the uppermost meter of the clay layer.

1 m

1 m

2 m

3 m

100 m

inflow of water 0.1 m3/m3,a

O 4> 4> \± \y O 4>
upper soil

lower soil

clay

till

1> f> 1> 1>
inflow of water 0.05 m^/m^,a

I
outflow

to creek

Figure 5.3 The area modelled in the TRUMP calculations. The
vertical dimensions are exaggerated in order to
increase legibility

5.3 Results

The water balance model

The results of the water balance model are presented in Table
5.2. The range of the calculated water flux in the recharge area
is large, 0.002 - 0.5 (mDm"2a'1). In the modelled area the ratio
recharge area to discharge area is 2.3 and a probable range for
the percolation rate is between 10 and 50 mm. This would give a
water flux between 0.02 and 0.1 (m3m"2a"').
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Table 5.2 Water flux in discharge area as calculated with water
balance model, in (m3m~2a~l)

Percolation rate Recharge area/discharge area
(mm a"1)

2/1 5/1 10/1

1
5
10
50

0.002
0.010
0.020
0.100

0.005
0.025
0.050
0.250

0.010
0.050
0.100
0.500

b The two-dimensional Finite Element Model

Figure 5.4 presents the flux of water as calculated with the
Finite Element Model. The main water flow is close to parallel to
the surface in the disturbed rock and is discharged in the lower
parts of the modelled area. The effect of the lineament is seen
in the right hand side of the figure where the flux vectors are
almost horizontal until they enter into the lineament where they
are forced vertically upwards. The conclusion of this is that the
water passing through the repository will be discharged through
the lineament. The effect of the lineament was studied in a
previous work (Elert and Argärde, 1985). The conclusion was that
the presence of a lineament only gave a minor effect on the flow
pattern near the surface. The main effect was that the outflow of
deeper groundwater was concentrated.

Figure 5.5 is a close-up of the discharge area. The deeper
groundwater seeps into the more permeable till layer where a more
horizontal flow prevails. There is an outflow of water over the
upper surface of the clay layer. The outflow is greatest at the
rightmost part of the discharge area and decreases towards the
left.

The results of the Finite Element calculations are summarized in
Table 5.3.

The flux in the repository region is in the order of 10"B

{m3m~2aTt). in all three cases, which is of the same magnitude as
the values calculated in the KBS-3 project (Carlsson et al..
1983).
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Table 5.3 Results from the Finite Element calculations

Total discharge in discharge area
(mV1)

Mean flux in discharge area
(mW1)

Flux at right boundary
(mW1)

Mean recharge rate
(mW1)

Flux at repository level
(mW1)

1.4

0.0046

0.0058

0.009

1.4 10-s

c The TRUMP model

The flow field calculated with the TRUMP model ic shown in Figure
5.6. The flow is dominated by a large horizontal flow in the
lower soil layer. In the unsaturated upper soil layer the flow is
mainly vertical down to the ground water level. In the clay layer
the flow is small and is directed downwards on the left hand side
but upwards on the right hand side. In the till the flow is
horizontal but is forced up into the clay layer at the right hand
side. The overall picture fits well with the results of the FEM
calculations.
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5.4 Discussion

The Finite Element calculation gives a mean discharge rate of
0.0046 and a mean percolation rate of 0.009 (m3m~ a" 1). This
discharge rate is low compared to the results of the water balance
model, where the near recharge rate is between 0.01 and 0.1
{m3m~za.~l). This is due to the fact that water flowing near th2
ground surface is forced up in the part of the slope where the clay
layer begins. This effect can be seen in Figure 5.4. As a
consequence of this the water flow rate used for the radionuclide
transport calculations have been somewhat adjusted. From the
results of the water balance model and the FEM model a discharge
rate between G.02 and 0.05 (m3m~2a"1) was deemed reasonable. The
higher of these values was used as input for the TRUMP
calculations, see Section 5.2 c.

For the discharge area considered it is assumed that the ground
water level has an average level of 1 meter below the surface. In
this case infiltration can occur during some parts of the year. The
infiltration rate wr.s set to 0.1 (m3m a" 1).
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MODELLING OF RADIONUCLIDE TRANSPORT

This chapter describes the calculations and the results from
the modelling of radionuclide release from an underground
repository to a soil layer. The concentration of radionuclides
in various parts of the soil cover and the release out to a
small creek has been evaluated with the help of radionuclide
transport models.

6.1 Methods

6.1.1 The model used

The radionuclide transport calculations were made with the
TRUMP model (Edwards, 1972). The model has been described in an
earlier report (Elert and Argärde. 1985). A short description
of the model is given in Appendix 1.

The sorption of radionuclides on the solid phase is calculated
using the concept of distribution factors (K,-values).

The TRUMP code can not handle radioactive chain decay, and
hence, a somewhat simplistic modelling is made of the nuclides
belonging to decay chains (i.e. Ra, U, Np. and Am). The
isotopes of the selected elements cesium, uranium, iodine and
neptunium, which are of interest for long time releases, have
all half-lives which are long compared to the life time of the
studied environment. A superficial soil layer will not survive
a glaciation period, and the interval between two ice ages is
expected to be around 10 000 years. However, this is not the
case for americium and radium and thus special consideration
has to be taken for these nuclides.

6.1.2 Cases calculated

Three calculation cases were chosen, and are described below.

Case A

The bedrock in this case is covered by a till layer with a soil
layer on top. The water containing radionuclides flows up from
the bedrock into the till layer. In the soil layer, percolating
rainwater flows downwards diluting the radionuclide containing
water penetrating from below. In the soil and till column a
horizontal flow transports the water to the adjoining creek.
The horizontal flow is largest just below the ground water
level. In the upper most part of the soil column the water flow
is vertical.

One dimensional calculations through a column were used for
Case A, to study the concentration profile through the soil
column, since these calculations assume a zero gradient in the
horizontal direction.
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Case B

The bedrock in this case is covered by a till layer, a clay
layer and a soil layer. Also in this case radionuclides enter
from below and percolating rainwater from above. However, the
clay layer acts as a barrier against flow and there will be two
horizontal aquifers, one above the clay layer with mainly
percolating rainwater, and another below the clay layer with
deeper groundwater.

The two-dimensional calculations of a 100 meter long cross
section, made for this case, were made in order to study the
horizontal distribution of nuclides. The results of the first
calculation showed that the horizontal gradient was negligible
except very close to the outlet in the creek. This indicates
that the assumption of zero gradient in the horizontal
direction for Case A was valid.

Case C

Two-dimensional calculations have also been made with a peat
layer instead of the soil layer in Case B. All input data
except for the retardation factors and the porojities are the
same as in Case B.

The geometry of the different calculation cases are shown in
Figure 6.1.

For each case two alternative sets of calculations have been
carried out. The first assumes oxidizing conditions in the top
soil layer and the clay layer. The second assumes reducing
conditions throughout the column.

A comparison of the results of Cases A and B can be used to
evaluate the effect of the clay layer and the possibility of
mixing between the two aquifers through the small vertical flow
and through diffusion.

A comparison of the results of Cases B and C can be used to
evaluate the effects of changing the physico-chemical
conditions of the topsoil from an agricultural soil to a peat
layer.

Additional model calculations were performed for Case A in
order to investigate the sensitivity of the model result to
changes in the value assumed for the parameter dispersion
length. Further details are given in Section 6.2.3.

The input data used in the modelling study are listed together
with information about the basis for the values chosen in
Sections 6.2 to 6.5.
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6.2 Data on physical properties

The densities, porosities, diffusivities and dispersion lengths
used to describe the different materials are given in Table
6.1. Information concerning the basis for the chosen values is
given in the subsections below. Also the water flow rates used
in the calculations are given.

The density, porosities and diffusivity are given in Table 6.1.

Table 6.1 Density, porosity and diffusivity of layers in the
soil cover

Layer Depth Density Porosity Effective Dispersion
of solid diffusivity length
material

(m) (kg m"3) (m3 m'3) (m2 s'1) (m)

Upper
soil

Lower
soil

Peat

Clay

Till

0 - 1

1 - 2

0 - 1
1 - 2

2-4

4-7
2-4

2500

2500

1400
1400

2600

2600
2600

0.3S

0.38

0.85
0.85

0.40

0.30
0.30

6

2

6
2

2

2
2

10'

10"

10"
10"

10'

10"
10"

11

10

11

10

10

10

10

0.

2.

0.
2.

2.

2.
2.

2

0

2
0

0

0
0

6.2.1 Density and porosity

The solid density of various Swedish soil materials vary between
2450 and 2820 (kg m'3) (Andersson and Wiklert, 1972). The value of
2600 (kg m'3) was chosen for the soil and the till. A lower value
2500 (kg m'3) was chosen for the upper and lower soil considering
the larger fraction of organic material. The porosities of clay and
till is taken from Davis and De Wiest (1966), Knutsson and Morfeldt
(1978), and the porosities of the soil from Andersson and Wiklert,
(1972).

6.2.2 Effective diffusivity

The effective diffusivity in the lower soil, the clay, and the till
was taken as 2*10"10 (m2 s"1). In the upper soil layer the
effective diffusivity is a function of the water saturation. A
lower saturation will reduce the area available for diffusion and
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thus give a reduced diffusivity. However, in this simple model
where no variation of the upper soil saturation is allowed, one
value is used for the whole upper soil. The diffusivity in the
upper soil is chosen to 6*10"11 (m2 s"1). to represent the
occurrence of unsaturated conditions in this layer.

6.2.3 Dispersion length

In the present calculations the dispersion will dominate over the
molecular diffusion, giving rather low importance to the value used
for the effective diffusivity.

The dispersion length is an important parameter, but is
unfortunately very difficult to determine. Gelhar et al., (1985)
has collected results from diffe-ent measurements of the dispersion
length in both the saturated and the unsaturated zone. The results
in the saturated zone vary from tenths to hundreds of meters
depending both of the scale of the experiment and the media in the
aquifer. The dispersion length is found to increase with increasing
migration length. For porous media dispersion lengths of 1 to 10
meters are found for migration lengths between 10 to 100 meters. A
dispersion length of 2 meters have been used in the lower soil,
clay, and ti?l. In the unsaturated zone the dispersion length
ranged from 1 mm to 0.7 meters, and appeared also in this case to
increase with migration length. In the calculations a value of 0.2
meters was used in the upper soil.

A problem occurs when giving the dispersivity in the unsaturated
upper soil. In the present case the vertical water flow in the
unsaturated zone is opposed to the direction of dispersion for the
radionuclides penetrating from below. A strict application of the
model, where dispersion is treated as a Fickian diffusion, will
lead to an effective transport upstream of nuclides by dispersion,
which is physically improbable. This problem has earlier been
identified. (Simpson. 1978). Narasimhan et al. (1986) treats the
problem by neglecting mechanical dispersion all together when the
flow is in the direction of the concentration gradient and then
only consider molecular diffusion. It is felt that this is a too
drastic measure, since dispersion will occur due to different water
velocities in the pores. The water flow in the upper soil is only
an annual average value. In reality an upward movement can be
expected during the summer when the evapotranspi rat ion is high.

Because of the uncertainty concerning the value of the dispersion
length, a simple case has been run using dispersion lengths between
2 and 0.1 meters in order to study the effect of this parameter on
the predicted radionuclide concentration in soils.

It should also be noted that a number of other mechanisms in the
soil layer can cause a transport similar to dispersion. An example
of such a mechanism is bioturbation.



- 25 -

6.2.4 Water flows

The water flow entering the soil columns from above is 0.1 (m3 m~2

a"1) and the water flow entering the soil column from below is 0.05
(m3 m"2 a"1) in all cases. The values are taken from the results of
the hydrological modelling using the water balance model and the
FEM model (see Section 5.4).

6.3 Data on chemical factors

This section contains an overview of the chemical conditions in the
different geological layers; soils, clay and till. The purpose is
to estimate the chemical parameters which have an influence on
radionuclide transport.

Three types of discharge areas with different soil types have been
considered; arable and pasture agricultural soil and a peat bog.
The characteristics of the underlying layers are assumed to be the
same in all three cases.

Differences in the chemical environment between soil types arise
because of differences in the hydrology, soil compositions and
other environmental factors. Also, the use of these areas has led
to changes in the chemical environment, which can in turn lead to
radionuclide transport.

A literature review has been carried out to identify the likely
chemical conditions in the different soil types and in the
different layers below the soil. This information is presented
below. Table 6.2 shows a summary of this information.

6.3.1 Soils

The soil above the glacial clay layer can be divided into two
different layers, the topsoil and the subsoil. The cultivated
topsoil in arable land is the ploughed surface layer down to 25-30
cm. The subsoil is the inorganic layer beneath the topsoil. In
organic soils, an organic layer (peat) usually overlies a
waterlogged, gleyed subsoil.

Three soil types were chosen as representative of Swedish soils.

Two mineral soils were chosen as extremes of the range of soils
developing from bedrock. The most common minerals in Swedish soils
are feldspar, quartz and calcite. The soil also contains clay
minerals like illite, kaolinite, chlorite, montmorillonite and
vermiculite. Thus an acid soil was chosen to represent soils on
quartz and clay-rich parent materials, whereas an alkaline soil was
chosen to represent soils on carbonate-rich parent materials. Both
soil types may occur in agriculture areas.

One of the discharge areas considered is a bog. There are two main
types of bogs. Fen bogs, developing in valleys or topographic
basins, have telluric recharge i.e. coming from the underlying
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groundwater and from water in the catchment area (Ingram. 19S3).
This implies some nutrient supply from the suirounding environment,
resulting in nutrient rich, high pH conditions. However, it is
possible that a valley bog may be nutrient poor and acidic,
depending upon the nutrient status of the watershed. Peat bogs have
meteoric recharge i.e. only atmospheric deposition of water and
therefore much less nutrients than a fen bog. Thus peat bogs have a
lower base saturation and a lower pH than fen bogs. In this study
we chose a peat bog for its extreme chemistry, although the
calculated water flows indicate that the discharge area will have
the characteristics of a valley bog.

Organic matter content

The cultivated soil in arable land usually has an organic content
of 1 to 5 % dry weight (Troedsson and Nykvist, 1973). The subsoil
is usually inorganic. Sandy soils usually have a very low organic
content even in the top layer. Pasture soils have a higher organic
matter content in the surface soil, particularly immediately
underneath and within the rooting zone (Russel. 1973).

The humic substances constitute over 50 % of the organic material
in mineral soils. The humic substance consists of soluble fulvic
acids, humic acid soluble in alkali and insoluble humin.

Peat bogs usually have a very high content of organic matter;
between 65 and 95 % (Allison, 1973; Nilssen, 1978).

Decomposition products in peat are bitumens, water soluble
substances, hemicellulose, humic and fulvic acids, humins and
lignins (Sikora and Keeney, 1983). Down to 1.5 meters depth
hemicellulose and cellulose dominate, further down lignin is
dominating (Clymo. 1983).

Cation exchange capacity

Soils in ground water areas will in general have a high cation
exchange capacity (CEC). Between 25 and 90 % of the total CEC in
the top layer of mineral soils is believed to be due to organic
material (Aiken et al.. 1985). The CEC can vary in the range of 1
to 10 meq per 100 g soil. It is usually lower in the subsoil due to
the lower content of organic matter.

The ion-exchange capacity for peat is high compared to other kinds
of organic substances. The CEC in peat is about 100 meq per 100 g
at pH 7 (Sikora and Keeney. 1983; Aiken et al., 1985). The CEC for
humus is in the range of 4S0 to 870 and 1400 meq per 100 g for
fulvic acids.

pH

Mineral soils in humid areas have n pH in the range 5.0 to 8.0.
Soils with low clay content usually have a pH above 6.6. Clayey
soils have a pH above 0.5. Carbonate rich soils are the most
alkaline, with a pil up to 8.
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Peat bogs have a very low pH level, often between 2.5 and 5. In the
pore water. pH is usually one unit higher (Sikora and Keeney,
1983). The pH also varies within a peat bog. One example is pH 3 at
the surface and pH 5 at six meters depth (Clymo, 1983).

Redox condi t ions

Because of the difficulty in specifying the redox potential. Eh,
below and above the ground water level in soil Eh was assumed to be
higher than 200 mV for the unsaturated soil phase and to be below
200 mV in the saturated uoil phase.

The Eh in peat can vary between +200 and 0 mV (Given and Dickison,
1975).

6.3.2 Clay

The clay consists of material which has sedimented after the ice
withdrawal. The material has been transported longer distances than
the underlying till and is more weathered. The clay is composed of
clay minerals, mostly illite, but also kaolinite, chlorite, and
vermiculite (Wiklander and Lotse, 1966; Wiklander and Alexandrovic,
1969) and coarser grains of quartz and feldspar. A carbonate
fraction occurs at some locations. In this study we exemplified a
clay layer with high and one with low redox potential. The redox
potential in clay will be controlled by the Fe(II)/Fe(III) redox
system; (Fe2*/Fe203) at lower pH and Fe304/Fe203 at higher pH. This
yields a Eh of -100 to -300 mV at pH 7 to 9 (see Table 6.2). High
pH has been measured in clay interstitial waters, about one unit
above the value of the water of the original solution. This is
probably caused by the ion-exchange properties of the clay.

The conclusion that the conditions in the clay are reducing is
further supported by the interactions with the reducing groundwater
coming from the deeper formations (Champ et al., 1979).

6.3.3 Till

The till layer is formed when the bedrock was crushed during the
glaciation. The geological composition of the till reflects the
composition of the surrounding bedrock, since the till was not
transported very far by the ice. A change of the mineral
composition is caused by weathering. The till layer is usually very
thin, in the order of a few meters. A typical till in Sweden is
sandy till with coarse silt with a mean particle size of about 0.2
mm. In this study we examplified a till layer with low redox
potential. The redox potential. Eh, of the groundwater in the till
can be expected to be controlled by the Fe(II)/Fe(III) redox
system, giving a redox potential of -100 to -300 mV at pH 7 to 9
(see Table 6,2). As for the clay the interactions with deeper
groundwater further ascertains the prevalence of reducing
conditions in the till.
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Table 6.2

Layer

Peat

top

sub

Acid arable

top

sub

Characterization of

Depth
(m)

0-0.5

0.5-3

soil

0-0.3

>0.3

Alkaline arable soil

top

s'lb

Pasture soil

top

sub

Clay

a

b

Till

0-0.3

>0.3

<1

>1

2-5

2-5

5-10

Eh
(mV)

+200-0a

<0

>200

<200

>200

<200

>200

<200

-100-
(-300)
>200

-100-
(-300)

the different layers

pH

3-5b

-

5

6

7

7

5-7

5-7

7-9

7-9

7-9

Organic matter
(% dry weight)

90d

70-80

l-5b

lb

l-5b

lb

15C

3C

a Sikora and Keeney (1983)
b Aiken et al. (1985)
c Allison (1985)
d Nilssen (1978)

6.4 Derivation of K,-values
d

An extended literature study has been performed in order to collect
information describing the movement of radionuclides in the
environments studied. The results of this survey were used together
with the information on the chemical environments of the different
soil layers and soil types to derive values for the equilibrium
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distribution factors, K,-values, which has been used to describe
d

the sorption behaviour of the radionuclides in the different layers
and in the different environments. This work is reported in
Appendix 2, and a summary of the K,-values chosen for this study is
given in Table 6.3. It was only possible to determine a generic
value for mineral soils, therefore, separate values are not given
for acid, alkaline and pasture soils.

Table 6.3 Selected distribution factors (K,-values) used in the

calculations

Layer

K,-values (m3 kg"1)

Cs I Ra U Np

(ox/red)

Am

Soil

< 0.5 m
> 0.5 m

Peat

Clay

Till

0 . 5
0 . 5

0.01

1.0

0 . 5

0.01
0.005

0 . 1

0.001

0.001

0.5 0.05/0.05 0.01/0.01 5

0.5 0.05/0.05 0.01/0.1 5

1 0.5/5 0.1/5 1

1 0.05/5 0.01/5 5

0.5 0.05/5 0.01/5 5

6.5 Retardation factors

The retardation factors for the different layers are given in Table
6.4. The retardation factors, R, are calculated from;

R = 1 + (l-ep)/ep.Kd.ps

where

(6.1)

£ = porosity

K, = distribution coefficient (m3 kg"1)

p = solid density (kg m"3)

The values for porosities and densities are taken from Table 6.1
and the K, values for estimating the retardation factors are taken

from Table fi.3.
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Table 6.4 Retardation factors used in the calculations

Nuclide

Iodine

Cesium

Radium

Uranium
oxidizing"-

reducing:

Neptunium
oxidizing:

reducing:

Americium

Upper

42

2080

2080

210

210

42

42

21000

Lower
soil

21

2080

2080

210

2100

42

420

21000

Clay
soil

6

5200

5200

260

26000

53

26000

26000

Till

6

3300

3300

330

33000

65

33000

33000

Peat

26

3.5

250

120

1200

26

1200

250

When calculating the retardation factor in the upper soil layer, no
consideration was given to the fact that this layer is partially
saturated.

6.6 Discussion of input data

There are differences in the physical characteristics of the
various coil types and layers which can be taken into account in
the current calculations. However, more attention will need to be
paid to the representation of physical characteristics should a
more sophisticated treatment of the unsaturated zone be adopted in
the modelling of radionuclide migration.

There are differences in the chemical environments of the different
soil types and layers, e.g. there are large differences in the pH
of the topsoil (pH 7) between the carbonate soil and the arable
soil (pH 5.5). There are large differences in the amount of organic
matter between the pasture soil (15 %) and the arable soil (1-5 % ) .

These differences in chemical conditions affect radionuclide
mobility, e.g. the mobility of cesium and neptunium is related to
soil pH. The mobility of iodine is strongly related to the organic
matter type and content of the soil. The chemistry of the soil
solution and the composition of the mineral matrix are also
important with respect to radionuclide mobility, e.g. cesium
sorption is strongly related to the presence of competing cations
such as K+ ions and to the proportion of clay minerals present in
the solid matrix. Radium and uranium mobility is influenced by the
presence of Fe-precipitates with which they form co-precipitates.
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Because K,-values are lumped parameters, representing a large

number of soil processes, variations in chemical conditions in the
soil should be accounted for implicitly when choosing a value from
the literature. However, it is not possible to do this using the
currently available information.

As found when carrying out a literature survey of K,-values in

sediments, the variation of the reported K,-values is large, partly
d

due to differences in experimental methods and water phase
composition. In many cases the information given on both the solid
and the water phases is insufficient to determine the chemical
conditions for which the reported value is valid. Because of this a
critical evaluation of the values must be made when determining
which values to use.

Generally batch measurements of the distribution factors give
significantly higher values than column experiments. A possible
explanation for this is that the kinetics of the sorption reactions
are slow compared to the transit time through the column. In this
case, the sorption will not have time to reach equilibrium and the
use of K,-values determined for equilibrium conditions is not

appropriate. The difference between batch and column measurements
can also be explained by the large difference in the solid/water
ratio. In many batch experiments a very large solid/water ratio is
used which for many nuclides gives a substantially increased
sorption.

Another explanation could be that the modelling of the migration of
radionuclides in a soil column with the advect ion-diffusion
equation for a porous medium is insufficient, since the soil is not
an ideal porous medium. The water often flows in preferential paths
and a large fraction of the water is stagnant. Consequently, the
main bulk of the soil is not available for the radionuclides to
sorb on. The radionuclides must first diffuse into the parts of the
soil with stagnant water in order to use the sorption capacity
there.

When using distribution factors to describe the radionuclide
transport no consideration was taken to the transport of nuclides
in colloidal form. This can be either true colloids, i.e.
aggregates of the nuclide itself or pseudocolloids, sorption of
radior.uclides onto colloids already present in the groundwater.
Natural colloids in groundwater can be small mineral or clay
particles, or organic macromolecules. Such natural colloids can be
abundant in superficial groundwaters, and the potential for
transport of radionuclides in colloidal form has been
experimentally verified (Champ and Merrit, 1981; Champ et al..
1982).

Methods have been developed to model the transport of colloids and
their relation through filtration (Saltelli et al., 1984; Travis
and Nut tal, 1985), but input data are not yet available ro apply
them to more complex systems. However, this is an area which
requires more attention in the future.

The great uncertainty in (he experimental values made it
meaningless to use different values for the pasture soil, the acid
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soil and the carbonate soil. Instead only one soil was used. It
will not be possible to use the information available on the
chemical conditions of soils and the way in which they affect
radionuciide mobility, until a models have been developed which
represent soil processes in a more detailed manner and use
parameters which describe the processes occurring as a function of
environmental variables.

6.7 Results

The radionuciide concentration in the different layers has been
calculated for all cases. For the two-dimensional cases. Case B and
C, the release out to the creek has also been calculated. The
radionuclides chosen are the most long-lived of the selected
elements.

6.7.1 Case A

The steady-state pore water concentration profile for Case A as
calculated with a one-dimensional model is given in Figure 6.2. In
this case the soil layer is directly on top of the till layer. The
x-axis shows the concentration of radionuclides in the soil column
normalised to a unit inflow of activity (1 Bq a"1) and the y-axis
shows the depth. At stationary conditions the pore water
concentration will be independent of the retardation factor when
linear sorption is assumed and will thus be the same for all the
studied nuclides. However, the concentration of radionuclides in
the soil will depend on the retardation factor and therefore will
vary significantly between the nuclides.

Depth (m)

5 10 15
Pore water concentration (Bq/m 3

20

Figure 6.2 Steady-state pore water concentration profile. Case A
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The concentration is highest at the lower part of the figure where
the inflow of the radionuclide occurs. The pore water concentration
reduces gradually through the till layer, but the major decrease is
in the lower soil layer just below the position of the ground water
level. Above this position the water flow is mainly downwards and
below the water flow is upwards. A concentration of 1.2 Bq rn" is
found in the pore water just below the ground surface. The reason
for this is that no outflow of radionuclides is possible through
the ground surface and the concentration at this point is
determined by the balance between radionuclides transported
downwards with percolating groundwater and radionuclides
transported upwards by diffusion.

Table 6.5 gives the maximum average concentrations in Case A of
1-129, Cs-135, U-23S, Np-237 and Am-243. in the different layers
till, lower soil, and upper soil. For uranium and neptunium values
are given for both oxidizing and reducing conditions in the lower
part of the soil column. In Figures 6.3 to 6.10 the concentration
is shown as a function of time.

Table 6.5 The maximum average concentration in the upper soil,
lower soil and till. Case A, (Bq kg"1 d.w.)

Nuclide Upper soil Lower soil Till

1-129

Cs-135

Ra-226

U-238ox

1.6 10'2

7.6 1CT1

9.0 10"6

8.0 10'2

U-238red 8.0 10"2

Np-237ox 1.6 10"2

Np-237red 1.1 10"2

3.0 10"2

2.8

3.2 10"4

3.0 10"1

3.0

5.9 10"2

4.2 10"1

Am-243 2.8 10 - 7 4.5 10 - 6

1.3 10"2

6.2

1.5 10'*

6.5 10"1

6.5 10l

1.3 10'1

4.8 10+1

7.1 10"1
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Figure 6.3 The average concentration of 1-129 in the different
layers. Case A
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Figure 6.4 The average concentration of Cs-135 in the different
layers. Case A
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Figure 6.5 The average concentration of Rr.-226 in the different
layers. Case A
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Figure 6.6 The average concentration of U-238 oxidizing
environment in the different layers. Case A
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Figure 6.7 The average concentration of U-238 reducing
environment in the different layers. Case A
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Figure 6.8 The average concentration of Np-237 oxidizing
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40

30

20

10

0

Concentration (Bq/kg

1
1

1
__ t

1
1

1
1

— 1

1
1

—1
1

1
1

) 500000

(dw))

_ j

1000000
Time (a)

till

lower soilL

1500000 2000000

Figure 6.9 The average concentration of Np-237 reducing
conditions in the different layers. Case A
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Figure 6.10 The average concentration of Am-243 in the different
layers. Case A

For iodine, the soil concentration reaches a steady-state within
800 years. The highest concentration is found in the lower soil,
despite that the sorption is stronger in the upper soil.

In the case of cesium, it takes roughly 100 000 years to reach a
steady-state concentration in the soil. Here, the concentration in
the till is the highest.

For radium, the same capacity factors as for cesium has been used,
but the relatively short half-life of Ra-226 (1 600 years) gives no
time for build-up in the soil layers. This causes a dominating
concentration of radium in the till.

Both uranium and neptunium show similar behaviour in oxidizing
conditions, although uranium is somewhat more retarded. Under
reducing conditions, the shorter half-life of Np-237 is seen. The
lower sorption in the lower soil for neptunium will also reduces
the soil concentration.

Also Am-243 has a comparatively short half-life which causes the
concentration in the till layer to dominate.
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6.7.2 Case B

The steady-state pore water concentration in the two-dimensional
Case B is shown in Figure 6.11. The iso-concentration curves are
shown in a cross-section of a ground layer 100 meters long and 7
meters deep. Note that the scale is different in length and depth.
The iso-concentration curves are almost horizontal except for a
sharp gradient close to the outflow to the creek. Also a somewhat
larger inflow of radionuclides appears near the vertical boundaries
of the studied area. The horizontal iso-concentration curves imply
a very small horizontal gradient in the main part of the studied
area, which justifies the assumption used for the one-dimensional
calculations.

Compared with Case A (Figure 6.2), the reduction of the
concentration in the pore watf- occurs over the clay layer. The
pore water concentration is rou&nly constant in the lower soil, but
a reduction occurs in the bottom part of the upper soil.

In Figure 6.12, the release of radionuclides to the creek, is shown
as a function of time, with an inflow to the area of 100 Bq a" In
Figure 6.12 a) oxidizing conditions are assumed over the entire
soil profile, and in Figure 6.12 b) reducing conditions are assumed
in the layers below the upper soil. This affects only the redox
sensitive elements, uranium and neptunium.

Table 6.6 gives the maximum average concentration in soil for Case
B of the different nuclides. 1-129. Cs-135, Ra-226, U-238, Np-237
and Am-243, in the different layers till, clay, lower soil, and
upper soil. Values for both oxidizing and reducing conditions in
the lower part of the soil column are given for uranium and
neptunium.

Depth (m) laeoenetntratlon (Bq/m3)

100
Length (m)

Figure 6.11 Steady-state iso-concentration curves. Case B
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Table 6.6 The maximum average concentration in the upper soil
lower soil, clay and till. Case B, (Bq kg"1 d.w.)

1-129

Cs-135

Ra-226

U-238ox

U-238red

Np-237ox

Np-237red

Am-243

Upper soi l

1.6-10"2

6.2-10"*

1.1-10"5

7.8-10 ' 2

7.3-10"2

1.6-10"2

1.0-10"2

5.4-10"6

Lower soil

2.5-10"2

2 . 4

4.9-10"5

2.5-10"*

2 . 4

5.1-10"2

3.3-10"*

2.9-10"5

Clay

1.3-10"2

1.0-10*

4.2-10"3

5.4-10"*

5.2-10*

1.1-10"*

3.6-10*

1.9-10"3

T i l l

1.2-10"2

5 . 7

1.5-10"*

6.0-10"*

5.8-10*

1.2-10'*

4.2-10*

7.2-10"*

Figures 6.13 - 6.20 give the concentration as a function of time.

A ATA
U.UoU

0.025

0.020

0.015

0.010

0.005

0.000

Concentration

—

—

IP

// ,
7

I
200

(Bq/kg

s*

I
400

(dw))

.

I
600

Time

I
800

(a)

!ower_sojj

upper soil
clay

till

I I
1000 1200 1400

Figure 6.13 The average concentration of 1-129 in the different
layers. Case B



- 42 -

Concentration (Bq/kg (dw))

12

10

8

6

4

2

0

- clay

•

•

till
, • ' . ^

_ / * ' / lower_

/ , ' ^ —- — upper
,' . ' — — -i • • i

. . .

s_o[l_

soil
1

50000 100000
Time (a)

150000 200000
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Figure 6.18 The average concentration of Np-237 oxidizing
conditions in the different layers. Case B
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Figure 6.20 The average concentration of Am-243 in the
different layers. Case B

6.7.3 Case C

The release to the creek in Case C, where the soil layer was
replaced by a peat layer, is shown in Figure 6.21, for oxidizing
and reducing conditions. A comparison with Case B (Figure 6.12)
shows that the difference in release between the two cases is very
small. A very small increase of the release of Ra-226 and Am-243
can be seen in Case C. The small difference indicates that most of
the retardation occurs in the clay and the till layers. Those
layers are the same for both cases.

6.7.4 Sensitivity analysis of dispersion length

In Figure 6.22, the iodine concentration in the upper soil as a
function of time is shown for different dispersion lengths. In this
case, a soil column with 0.5 meters of upper soil and 1 meter of
lower soil was used. The average concentration is a factor 120
larger with a dispersion length of 2 meters compared to the value
obtained with 0.1 meter dispersion length.



- 46 -

Release

101

10°

10"1

- 2
10

A

—

—

—

—

(Bq/a)

/

/

/

/ I

10'

/ Np / u

' / /

/ /

/ /

/ I / I

102 103

Time

/

(<0

/ ^
Cs/

/

/

104

Am\ r^
10 5

I

10 6

Figure 6.21 a) The release of radionuclides into a creek. Case
C. oxidizing conditions
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6.8 Discussion of results

The effect of the clay layer on the radionuclide release can be
studied by comparing the results of Case A with the results of Case
B. Because of the low water flow in the clay layer, it could be
expected to act as a barrier against radionuclide transport to the
upper and lower soil layers. However, the maximum radionuclide
concentration in the upper soil is higher in Case A compared to
Case B except for Am-243 and Ra-226 for which the upper soil
concentration was higher in Case B. The difference is usually
small; the largest difference in the upper soil concentration being
obtained for Cs-135, due to the fact that the high K,-value for

cesium in the clay causes a large amount of Cs-135 to sorb in the
clay. The reason for the small difference between the two cases is
probably the relatively great importance of diffusion in the clay
layer. Although the permeability is low, the diffusivity is the
same as in the lower soil.

In the upper soil the concentration of radionucl ides in the pore
water and the soil is determined by the balance between the
downward transport with the infiltrating water and the upward
transport by diffusion. These conditions are similar in the two
cases which partly explains the lack of difference in the upper
soil concentration.

In the case of Am-243 and Ra-226 the higher concentration in Case B
is caused by the short radioactive half-life. It appears, that the
transport from the lower soil to the upper soil is somewhat more
rapid for the two-dimensional calculations. Since the maximum
appears relatively early due to the radioactive decay, at 14 000
years for radium and 70 000 years for americium, the influence on
the maximum concentration will be great. The reason for the result
showing the more rapid transport may be that fewer nodes are used
in the vertical direction in the two-dimensional case. Thus the
difference between the two cases reflects modelling technique
rather than different behaviour of these radionuclides in the two
sets of conditions.

In the lower soil the difference between the results from the two
calculation cases is greater. This is a result of the different
hydrological conditions in the two calculation cases, with a higher
horizontal flow in the lower soil Case B. In Case A a vertical pore
water concentration gradient appears in the lower soil, while in
Case B the concentration is roughly constant in the lower soil.
This can be seen by comparing Figures 6.2 and 6.11. This can be
explained by the effect of transversal dispersion caused by the
horizontal flow, which gives a more rapiJ vertical transport in the
lower soil in Case B.

In Case C a peat layer is placed on top of the clay layer. The
release to the creek is very similar to the results of Case B. Only
a small increase can be seen in the release of the most short-lived
nuclides Ra-226 and Am-243. The reason for the small difference is
that most of the retardation occurs in the till and the clay layer,
which are the same for the both calculation cases.
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For the redox sensitive nuclides U-23S and Np-237 both reducing and
oxidising conditions have been studied. The maximum radionuclide
concentration in the upper soil and the maximum release to the
creek are of the same magnitude for both reducing and oxidising
conditions. However, the effect of the redox conditions on the time
needed for the radionuclides to reach the biosphere is drastic.If
the conditions are reducing, the superficial layers can have an
important effect, since the retention time is longer than the
expected life-time of these layers.

The study of the dispersion length shows that it has an important
effect on the radionuclide concentration in the upper soil. The
dispersion length was also a parameter for which it was difficult
to obtain any reliable values. Dispersion is difficult to measure
under field conditions and the reported values show a great
variation. Further studies of the effect of dispersion is needed.
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7. CONCLUSIONS

The present study is based on a generic case with discharge to a
soil layer. The radionuclide transport depends on the geological,
hydrological. and geochemical conditions prevailing in such an
area. In reality these conditions will vary within a very large
range and it is not possible to study all possible conditions in a
generic study like this. The purpose of this project has been to
study a few chosen, probable conditions, other conditions will give
different results. However, this study has given an estimate of the
relative importance of some processes involved in the transport of
radionuclides in soil layer. Furthermore, this study has indicated
the importance of adopting an integrated approach to the modelling
of hydrological conditions and radionuclide transport.

The retardation in a soil cover can be of importance if it is
longer than the life-time of the cover. A new glaciation period is
expected to occur within a period of 10 000 years. A glaciation
would severely upset a superficial formation such as a soil layer
of a few meters thickness.

Only nuclides with a large sorption to soil materials were found to
have a retention time longer than 10 000 years. Of the studied
elements; radium, cesium and americium had longer retention times.
That should be the case for uranium and neptunium too, if reducing
conditions were assumed in the bottom of the soil column. The
effect of a soil cover is less than the effect of a sediment layer
on the bottom of a lake studied in a previous report (Elert and
Argärde, 1985). The reason for this is the larger water flow in the
soil cover.

The present calculations have given an estimation of the
distribution of radionuclides in different parts of the soil cover.
A concentration of iodine was found in the lower soil while cesium
was concentrated in the clay layer.

During the work, areas where present knowledge is limited have been
identified. The use of K,-values to model sorption assumes

reversible sorption and instantaneous equilibrium. In many cases,
irreversible reactions such as precipitation are involved in
sorption processes in soils and clays. If such processes could be
modeled, the importance of the clay layer would probably be
enhanced. The use of K,-values coupled with the lack of available

data makes it impossible to distinguish between different soil
compositions and chemical conditions.

Another area where further research is needed is the modellisation
of transport of radionuclides in colloidal form, which has been
shown to be of importance in soils.

In the present calculations no consideration has been made of
erosion or build-up of the soil cover. Since discharge areas
usually are topographical depressions, build-up is the most
probable process, but erosion can occur in agricultural areas. A
build-up of the soil cover could reduce the concentration in the
upper soil, but would not have any effect on the release to the
creek.
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The calculations also show that large gradients in the pore water
concentration can be found in different parts of the soil layer.
These gradient can serve as a mechanism for radionuclide transport.
The TRUMP model is very suitable to model this gradient, since a
detailed division of the soil layer can be made. The fact that the
pore water concentration varies significantly over small distances
makes it difficult to use conventional compartment modelling of a
soil layer. The compartments used for different soil layers are
modelled with uniform radionuclide concentrations. If a large
number of small compartments are used, a proper description of the
concentration gradient can be made. In that case the number of
transfer coefficients needed to describe the flow between the
compartments increase. The problem with this is that these transfer
coefficients cannot be measured in direct experiments.

One important area where further work is needed is the connection
between the complex hydrology in the unsaturated zone and the
radionuclide transport. In the present study annual averages of the
water flow and the position of the ground water level have been
used. In reality both the flow and the ground water level vary
significantly. This variation can act as a transport mechanism of
radionuclides from the lower soil to the upper soil. Since most
plants have their roots in the unsaturated upper zone, the
concentration there is of great importance for the following dose
calculations.

By using physical models such as models for unsaturated hydrology
and models for radionuclide transport the effect of the hydrology
on the unsaturated zone can be studied. As an example the annual
variation of the hydrology in the upper soil can be simulated with
the unsaturated hydrology model TRUST. TRUST is a sister code of
TRUMP using the same numerical method and the same description of
the geometry. This enables the use of the output from TRUST as
input to TRUMP. The advantage of using physical models such as
TRUMP and TRUST is that independently determined input parameters,
such as permeabilities, diffusivities and distribution factors can
be used.

Conclusively, it has been shown in this study that the geological
layers on top of the bedrock, till, clay and soil, can have an
important retarding effects for sorbing nuclides such as cesium,
radium and americium. Uranium and neptunium will also be retarded
if reducing conditions prevail. For these nuclides the time needed
to reach the maximum concentration in the upper soil layer is
considerably longer than the life-time of the superficial layers
considering future periods of glaciation.
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NOTATIONS

a = dispersion length
C = concentration of radionuclides
D. = dispersion

D = molecular diffusivitym
E, = redox potential

g = gravitational acceleration
k = permeability
p = ground water pressure
R = retardation factor
t = time
u = water velocity
e = porosity

\ = radioactive decay constant
p = solid density

p = fluid density
Tj = dynamic viscosity of the fluid

(m)
(mole/m )
(mVs)
(m2/s)

(V)

(m/s2)
(m2)
(Pa)

(m3/m3)

(1/s)
(kg/m3)

(kg/m3)
(Pa s)
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APPENDIX 1

MODEL DESCRIPTIONS

1. The Finite Element Model (FEM)

The mathematical model used for the hydrological calculations is a one,
two and three dimensional model based on the finite element method
(Thunvik and Braester, 1980). It calculates the ground water pressure
in the modelled domain. Also transient and saturated/unsaturated flow
can be mode 11ed.

The model is based on the flow equation (flow through porous media)
derived from Darcy's law and the equation of continuity.

In the two-dimensional modelling performed in this study the flow
equation has been simplified assuming:

- Incompressible fluid and rock
- Steady-state conditions in a saturated medium

The flow equation may then be written;

(Al.l)

p = fluid density (kg m"3)
k = permeability (m )
T) = dynamic viscosity (Pa s)
p = ground water pressure (Pa)
g = gravitational acceleration (m s"2)

The equation is solved using the Galerkin formulation of the Finite
Element Method (FEM).

2. The TRUMP model

The TRUMP model (Edwards, 1972) was used for two purposes. Firstly, it
was used for the hydrological calculations in the superficial layers to
give input data to the transport calculations. Secondly. TRUMP was used
for the transport calculations, solving the advection-dispersion
equation, which describes transport of solutes in a flowing fluid.

The TRUMP model was not originally written as a hydrology model, but
can be used owing to the analogy between the diffusion equation and the
flow equation written as Equation Al.l. For steady-state condition both
equations are forms of the Laplace equation.
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Here follows a short description of the governing equation, the
advect ion-dispersion equation;

e R dC = v • D, vC - u vC - e R AC
P al I P

(A1.2)

where

e = porosity m m .
pore total

R = retardation factor (-)
C = pore concentration (mole m~3)
t = time (s)
D. = dispersion (m s"1)

u = water velocity (m s~l)
X = decay constant (s'1)

-i)

The dispersion in a porous media is generally described with the
following equation;

D = a-u + D
m

(A1.3)

where

D = dispersion (m2 s"1)
a = dispersion length (m)
u = velocity of the water (m s"1)
D = molecular diffusivity (m2 s"1)

The first term describes the effect of hydrodynamic dispersion and
channel dispersion, while the second term describes the effect of
molecular diffusion. When the water flow rates are low the molecular
diffusion will dominate giving a constant dispersion, but with higher
flow rates, such as is the case in near surface layers, the first term
will dominate giving a dispersion which is proportional to the water
velocity.

In the two-dimensional calculations consideration has also been given
to the fact that the water flow will give rise to a dispersion in the
transverse direction to the flow. This transversal dispersion is less
than the longitudinal.
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APPENDIX 2

ENVIRONMENTAL CHEMISTRY OF TIE RADIONUCLIDES STUDIED

In this appendix the results of a literature survey on radionuclide
chemistry in soils is presented. The information is presented in separate
sections for each element considered.

The first sub-section is concerned with the chemistry of the element in
soils and its importance with respect to the transport of the radionuclide
being studied (Cs-135, 1-129, Ra-226, U-238. Np-237, Am-243).

For cesium, iodine, radium and uranium, the second sub-section is concerned
with the natural concentrations in the environment.

The final sub-section contains information used as a basis for the selection
of distribution factors and the reasons for choosing the value used as input
data to the modelling study. A summary of the information collected is given
in Tables Al - A6. A further table. A7, contains similar information for the
element strontium, whose environmental behaviour can be considered to be
analogous to that of radium.

In the previous study, treating the discharge through a sediment layer, a
literature survey was made for references giving distribution factors. Much
of the information obtained is also applicable to this study. However, data
concerning soil and peat was lacking. A second survey has been made
concerning sorption of radionuclides to these materials and a number of new
references were obtained.

1 Cesium

1.1 Chemistry in soils

Cesium is an alkali metal with properties similar to sodium and potassium.
The solubility in aqueous solutions is high, and therefore cesium appears as
the ion Cs+ (Onishi et al., 1981; Andersson and Allard, 1983). No
complexation reactions of importance have been found in the literature. The
redox potential has no direct influence, since cesium under natural
conditions occurs in the monovalent state only.

The sorption is described as an ion-exchange process (Andersson and Allard,
1983; Förstner and Schoer, 1984; Onishi et al., 1981). Diffusion into the
rock matrix is assumed as mechanisms for sorption by rocks and minerals. The
"orptinr. is well correlated to cation exchange capacity (CEC) for most
materials (Andersson et al. , 1983). with the exception of the clay mineral
illite which has a strong selective sorption of cesium sometimes described
as irreversible (Andersson and Allard, 1983; Edgington, 1983). The
particle-size fractions are significant factors in cesium-adsorption
(Häkkinen and Lakanen, 1974).

The sorption of cesium will be somewhat higher at high pH for most minerals.
The ion-exchange reaction is also sensitive to competing ions, more to
monovalent ions than to divalent ions, which makes the salinity of the water
important. Regarding t lie relative replacing power of cations for removal of
cesium from mineral soils they can be ranged as follows: NH4>K>Na>II>Cu
(Smierzchalska, 1072). The supply of fertilizers has been found to increase
the content of mobile cesium (Wilkens et. al. , 1984).
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The presence of organic matter in clay decreases cesium adsorption and
increases its extraction. The fixation of cesium is greater to Carex peat
than to Sphagnum peat, since cesium is mainly bound to humic acids which are
more abundant in Carex peat (Häkkinen and Lakanen, 1974). The sorption to
humic acids is higher than to fulvic acids i^irs, 1974).

A non-linear sorption of cesium to geological materials have been found
(Bondietti, 19S0; Bunzl ans Schultz, 19S5; Gillham et al., 19S0; Pirs.
1974). The sorption at low equilibrium concentrations of cesium can be
several orders of magnitude higher than at higher equilibrium
concentrations. Gillham et al. (1980) studied the sorption of cesium on to a
wide range of geological materials with different CEC and mineral
composition and found significant correlation to the natural exchangeable
cesium content of the materials.

The spatial variability of cesium sorption on till and sand was studied by
Johnston et al. (19S5) and was found to be small. Bachhuber ec al. (19S6)
studied the cesium sorption on soil and found little spatial variability.

1.2 Environmental concentrations of the nuclides

Only a limited amount of information has been found concerning the natural
concentration of cesium in the environment. Concentrations from < 0.03 to
0.5 (jg/1 (< 2.2-1O'10 - 3.S-10'9 M) in Canadian till samples was measured
(Johnston et al., 19S5).

The total background content in granitic bedrock was found to be between 5
and 15 ppm (Abelin et al., 19S5). The natural concentration in granitic
groundwater is reported to be between 0.02 and 20 ppb (10~13 - 10" 10 M)
(Gustafsson and Klockars, 1984).

1.3 Distribution factors from the literature

Soil

The distribution factors for cesium on soil reported in the literature vary
in the range 0.005 - 9 m /kg, depending on composition, pH, the cesium
concentration, and the experimental method used, see Table Al.

The distribution factor of cesium in the different horizons of podsol and
brown earth was measured (Bachhuber et al., 1982). The lowest parts
(C-horizon) had the highest value 0.4 - 1 m3/kg, while the values for the
B-horizons were lower 0.01 - 0.7 m3/kg. A low sorption on aluminum soils
with a low CEC, 0.007 - 0.012 m3/kg has been found (Frink, 1972).

The sorption on various Canadian soil types from depths from 0.7 to 10
meters has been studied (Gillham et al., 19S0). The materials studied varied
from sand to silty-clay. The measured distribution factors were in the
interval 0.0S to 27 m'Vkg.

The value of 0.5 m'/kg was chosen for the soil column.
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Clay

Illite has the largest sorption capacity among the most frequently occurring
clay minerals. For illite in fresh or ground waters distribution factors
between 4 and 40 m3/kg are given. The value is 0.01 m3/kg for quartz and 0.1
m /kg for feldspar in the same waters. For a common clay composition
consisting of 60 % clay minerals, mostly iilite, 40% quartz and 20%
feldspar, a distribution factor of 1 m3/kg was selected.

Till

Measurements on till have given distribution factors between 0.2 and 2.1
m3/kg (Miettinen et al. , 1982). These values are comparable with
measurements for granite and gneiss 0.1 - 1.2 m3/kg, indicating that the
sorption properties of the till is about the same as the bedrock. Vclues for
a Canadian clay with a high carbonate content between 0.59 and 1.2 m /kg for
a lower weathered till and between 3.5-17 m3/kg for an upper oxidized till
has been reported (Johnston et al., 19S5). A distribution factor of 0.5
m /kg was used in the calculations.

Peat

The sorption to cesium on peat is low, values between 0.0019 and 0.016 m'Vkg
was found in the literature. In the calculations a distribution factor of
0.01 m /kg was used.

In the following section the distribution factors found in the literature
are listed.
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Table Al Distribution factors (m kg" ) for cesium from the literature
(K,-values are shown in heavy type)

Soil type

SOIL

Podsol
(chlorite,illite.
kaolinite)

Brown soil
-", montmori1loni

Batch method:
Brown earth soil
0-30 cm

Soil

Cone.

Condi t ions

orK. C
-
1.9
2.1
4.3
1.6
0.2
-
2.4

te 0.3
0.05
-

pH = 7.

% pH
4.
3.
4.
3.
4.
4.
4.
4
4.
4
6

.26

.0

.5

.3

.9

.0

.6

.5

.4

.5

.6

.3

column
0.
0.

Concentration of Cs =
4.3-10' 6 M,
Calcium 84 r
CEC = i

EH
3
4
5
6
7
8
9
10

of Cs(M)

2.4 %
neq/kg

57 meq/kg

Carbon

03
015

K.
c
,-values Source
I

batch
0.
0.
32 Bachhuber et
07 al.,(19S2)

0.09
0.
0.
0.
1.
0.
0.
0.
0.

8.

Concentration
5-
0.
0.
0.
0
0
1

•10"8

.200

.400

.700

.900

.950

.000
0.900
0.700

without/with 50
0.01 M CaCL, wi

5'

014
12
7
02
06
.20
36
39

.9 Bachhuber et
al., (19S6)

of Cs (M)
•10"4 in Bondietti,

0.0045 (1980)
0.008
0
0
0
0
0
0

% 1
th (

.015

.020

.050

.080

.150

.200

humate without/
D.01 M CaCl,

Ca-bentonite:
40 % illite
10 % kaolinite
50 % montinoril loni te

pH = 7.5-8

100 % Ca-humate

Humic acid

10"
5*10

10

5-10
10

-4

-3

-a
-2

10/ 16
1.3/ 0.4
0.7/ 0.24

0.25/0.12
0.15/0.08
0/ 0

5/ 5
0.4/ 0.16
0.22/0.1

0.1/ 0.06
0.05/0.05

Bunzl,(1985)

pH = 3.3-8.96 0.03-0.04 Car 1 sen
and Bo,
(19S2)



Soil type Condi t ions K .-values
—d

Source

Aluminium soil
Montmorillonite
Lake bottom:
i H i te.vermicul i te

low CEC 0.003-0.005 1 rink,(1972)

0.12

no aluminium, 20/ ors;.
Kaol
Illi

Soil

PH

7.7
6.3
7.7
7.S
7.S

ini te
te

wi th

.mtrl

cesium concentration of
organic matter

sandv

(%)
1.27

0.5
0.85

0.81
2.05

Ca/Na/K
(mg/1)

115/ 6/19
83/ 2/ 5

4S6/11/15
551/14/15

57/14/ S

10"
CEC

6
1

33
33
21

1O

I

1
0

-10"8 M
llite

.3

.85

0.028
0.035
0.008

Montmori1lonite Cillham et

al., (19S0)

7
4.1
4.1

Soi1 with cesium concentration of 3*10" M
layer: 0-20 cm Ca1 c i um/Ka1 i urn Carbon

fine mineral
coarse mineral
mineral
mould
Carex peat
Sphagnum peat

Loess

Black earth
Peat
Sandy soil

Humus soil

pH

6.
6.
4.
5.

4-6.
9
5
0

5.
5.
5.
5,
4.
4,

(mg/1)
.6 1300/120
.3 630/
.6 970/
.1 1100/
.6 S70/
.1 275/

54
90
65
35
2S

organic matter

7

(%)

0-2
2.9
24.6
1-2

10 % CaO

(%)
6
4
5
25
65
70

KaI i urn

(M)
0.01
0.49
10

0.067

0.5
0.012
0.011

0.0043
0.0043

0
0
0

0

0.
0.
0.
0.
0.
0.

NH4
(M)
.01
.115
.19

.03.1]

3G7
1G3
235
1G3
016
007

0.
• 0.
0.
0.

, 0.

5
002G
0043
0019
001

Häkkinen and
Lakanen.(1974)

Smierzchalska

(1972)

pH = 8.3
4 % organic matter

column method:
Initial concentration of cesium

(M)
10'4

10"3

batch method:
Equilibrium concentration of cesium

(M)
3-10"5

5-10'4

8.6-10'n

0. 1

0.02
0.013

0.117
0.04G
0.0081
0.0007

Pirs (1974)
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Soil tvpe Condi t ions K -values Source

Nevada sandy soil
pH = S.7
Montmorr^lonite

South Carolina soil

1
2
5

pH = 6.0
Kaolini te

m80

oxidizing
condi tions

reducing
condi tions

3.3
4.5
8.2

4.3

oxidizing reducing
cond i t i ons conditions

1.5 0.9

Neiheisel.
(19S3)

CLAYS AND MINERALS

Sand

Calcite and
dolomite

Equilibrium concentration
(mg/1)

5'10'5

S-lo"4
9.4-10"3

0.1

0.05
0.012
0.003
0.0003

Pirs (1974)

Till organic matter 0.2 %
pH = 8.82
16 % calcite, 30 % dolomite
Equilibrium concentration

_(mg/l)
10'

1
10
100

Upper oxidized till
Carbonate

sand/si 1t/clay content

29.7/40.2/17.5 39
32.6/34.2/14.6 43
28.4/38.2/22.2 43

Lower weathered till
Carbonate

sand/silt/clay content

1
0.8
0.1
0.02
0.008

3.5
1.6
17

37.5/35.8/11.9
32.8/32/ 13.3
36.1/35.8/10.6
35.7/31.2/ 9.1
37.8/36.9/11.1
36.6/41.S/ 8.7
37.8/38.7/11.4
36.9/37.7/11.1
36. 3/34..V 4.8

44
46
45
23
39
44
42
48
51

0.59
0.61
0.69
0.75
1.2
1
1
0.&5
1.2

Johnston et
al.. (1985)
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Soil type Conditions K -values
—d

Source

Sand kao Unite dolomite

Bo t ton

Silty
Heavy
Heavy

n sediment.

clay
clay
clay

Lysimeter method

9
16
23
23
14
23
7

0-0.4 % humus

EH
7.0
8.0
8.2-S.4

pH calcium
(ec/kec)

32
36
42
35
42
38
14

Loamy sand 0-/0 cm
clay

Illite. salt water

IIlite. KBS-water

7.3
8.5

0.9
100

pH
8-8.5

Illite, natural waters, 8.5
Illite 7.5
synthetic gr~undwater

Illite, laboratory value

Montmorilloni te

Montmorillonite

0.002 M NaCl pH=6-10
0.01 M -"

Quartz
Quartz, pH = 8-9, KBS-water

HC03"-groundwater

Feldspar
orthoclase,

albite
anorthite

Clay

pH = 6-8
KBS-water
HCO3"-groundwater

293 mg salt/1
cesium = 10"5 mM

0.238
0.594
0.372
0.085
0.166
0.332
0.303

Johnston et
al., (19S3)

6
0.6-18
0.6-4.7

Miettinen et
al.. (19S2)

0.02-O.OG Wilkens et
0.01-0.025 al., (19S4)

0.45-0.9

>5
21
4-43

10

5-8
1
0.03-16.3

8-10"4

0.001
0.039

0.013
0.377
0.422

0.032

Onishi et al.
(1981) p.S:66

Andersson et
al. , (19S3)
Andersson and
Allard (19S3)

Cerling,(19S2)

Seme and
Reylea.(19S2)
Andersson and
Allard (1983)
Andersson et
al. . (1983)
Andersson and
Allard (19S3)

Andersson et
al.. (1983)
—

Allard et
al.. (1977)
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Soil type Conditions

Clay
illite, calcite, chlorite,
quartz. Ca(0H)2

illite, kaolinite, vermiculite, quartz

Marine sediment (quartz, feldspar.
mica, illite, kaolinite, montmorillonite)

Concentration of cesium
(M) kaolinite
lO"6

io-5

10"4

10"3

io-2

10"1

Granite, Finnsjön, KBS-water
pH
7-9

Granite, Stripa
Gneiss/grani te.
Studsvik 6-7

7-8
Gneiss, Blekinge, 7-9
Granite

Rock. 293 mg salt /I

Sandy till gH
Loviisa, synthetic groundwater 6.4
Olkiluoto. "- 6.4
Jukka, "- 6.8
Par tala. "- 6.2

Fe(OH)3, pH = S-8.5

1
0.27
0.23
0.014
0.004
7«10~4

K,-values
u

30

90

0.46

Na/Ca-kao Unite

7
2
0.3-0.5

0.49
0.152

1.215
0.106
0.368
0.65

0.63

0.56
2.1
0.2
0.56

0.010

Source

Andersson et
al.. (19S3)
Onishi et
al., (19S1)

Neiheisel,
(19S3)

Car Isen and
Bo. (19S2)

Andersson et
al. . (19S3)

"-
"-
"-
Andersson
and Al lärd
(1983)
Allard et
al.. (1977)

Miettinen et
al.. (19S2)
"-
"-

Andersson et
al.. (1983)
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loaine

2.1 Chemistry in soils

The halogen iodine is found in fresh waters mostly in oxidation state (-1)
as iodide (I~) (Andersson and Allard, 1983; Onishi et al. , 1981; Stumm and
Morgan, 1970). Iodine can also occur in various organic compounds. Iodides
with very low solubility are formed with some metals, e.g. Ag, Hg. Pb,
(Onishi et al., 1981; Andersson and Allard, 1983).

The sorption process is ion-exchange, which gives a very low sorption to
most minerals because of their low anion exchange capacity (AEC). Sorption
is significant on materials with high AEC and on some minerals containing
Ag, Hg and Pb (Onishi et al., 1981). Such minerals are, however, not very
abundant in soils.

The sorption of iodine on organic material has been reported by Whitehead
(1973:1974), Neal and Truesdale (1976), and Knälmann (1972). The sorption
increases with lower pH for most materials, which is expected for an anion
exchange process. The sorption is not directly affected by the redox
potential (Onishi et al., 1981).

Whitehead showed that iodide is sorbed on soil at pH lower than 9. The
sorption was found to be strongest at pH lower than 5, had a minimum between
pH 6 and 7 and increased again at pH around 8. The sorption was found to
increase with increasing iodide concentration until it reached a maximum
value, indicating a saturation of the sorption capacity. The sorption was
highest in the upmost 10 cm of the studied soil columns and was found to
decrease down to the maximum depth studied of 40 cm. Whitehead (1974)
furthermore indicated that the sorption capacity increases as the
decomposition of the organic material proceeds.

Iodine is also sorbed on freshly precipitated Fe(0H)a at pH lower than 5.5.
The sorption on hydrated aluminium oxide was similar to that of ferric
oxide. No sorption on clay minerals such as kaolinite and montmorillonite
was detected. However, low sorption coefficients for clay minerals have been
reported by Andersson et al. (1983), and by Couture and Seitz (1983).

2.2 Environmental concentrations

The natural concentration of iodine is normally very low, below 0.01 ppm
(8'IQ"11 M) (Gustafsson and Klockars, 1981).

2.3 Distribution factors from the literature

Soil

A distribution factor of 0.0088 m /kg for brown earth with an content of
organic material of 2.4 % has been reported (Bachhuber et al. , 1986), see
Table A2. Considerably highe- values for soil with 3.7 % organic material
has also been reported ('iVhi tehead, 1974). However, the liquid to solid ratio
used in these experiments was very high, 100 ml r"1, which can increase the
sorption. Earlier measurements (Whitehead, 1973) with a liquid to solid
ratio of 10 ml g"* yielded distribution factor for low iodine equilibrium
concentrations (0.1 /Jg/1) between 0.0011 and O.0G4 m'Vkg. Values in the
range 0.02 - 0.04 m /kg. depending on the moisture content of the soil was
reported (Prokhorov et al., 1978).
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The sorption of iodine at pH above o.5 was found to be cioseiy correlated to
the content of organic carbon (Knälmann, 1972). At an organic carbon content
of 1.5 % the distribution factor was 0.006 and with 0.5 % it was 0.0006
m /kg.

The distribution factor for Fe( III)-hydroxide is given as 0.02 m /kg (Neal
and Truesdale,
1983).

1976) and for hematite as 0.0006 m /kg (Couture et al.,

The chosen value for the distribution factor in the upper soil layer is 0.01
and in the lower soil layer is 0.005 m3/kg was thought to be representative
of typical surface soil conditions.

Clay and till

Generally low values are found for clay and
or montmori1 lonite was detected (Whitehead,

3

till. No sorption on kaolinite
1974). Distribution factors of

0.000035 and 0.000175 m3/kg for kaolinite (Couture et al.. 1983) and values
of 0.001 m3/kg for illite and montmori 1 loni te (Anderson et al., 1983) was

Vreported. Distribution factors between
for granite (Andersson et al.. 1983).

0.004 and 0 mVkg have been reported

For the clay and the till layer a distribution factor of 0.001 m3/kg was
chosen.

Peat

Appreciable sorption of iodine on peat K, of 0.2 m°/kg has been reported

(Neal and Truesdale,
calculations.

1976). A value of 0.1 m /kg was used in the

_
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Table A2 Distribution factors (m3 kg l) for
(K,-values are shown in heavy type)

iodine from the

Soil type Conditions K,-values
—d

Source

SOIL

Brown earth soil

Pasture soil

pH = 7.26

3.7 % organic carbon
concentration of I pH

1
4
1
4

Sod-podsolic soil moisture content

36
55

Peat

CLAYS AND MINERALS

4.5
4.5
6.8
6.8

0.0088

0.270
0.222
0.316
0.033

0.04
0.02

0.2

Bachhuber et
al., (19S6)

Whitehead.
(1974)

Prokhorov et
al., (1978)

Neal and
Truesdale.(1976)

Illite
(0.03 H CaCl2, NaCl, NaHC03)

Kaolinite 4
Montmorillonite 4
Limestone, chalk 9

Kaolinite. unbuffered
initial concentration of I03

Fe203, unbuffered -"

Fe203, buffered

io3-

io3-

I"

I03"

r
I03~

= 2*

= l.G

2 •

= 9.7-
1.9-
9.7-

= 5.2*
2-10
4.6*

10"6 M

10'5 M

10"8 M

10'8

10"7

10"6

10"6

10'6

10"7

io-5

IQ"3

pH
5.2

4.1
7.2
5.9
5.7
3.9
6.9
6.7
7.0
6.6
3.9
5.8
8.7

0.001
0

0
0
0

1.25

0.92
no ads.

0.000175
0.000035

>40
>40
16
0.0007
0.049
0.019
0.0006

Andersson and
Allard (19S3)
Andersson et
al.. (1983)

Whitehead
(1974)

Couture and
Seitz.(19S3)
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Soil type Conditions

Hydrated ferric oxide
pH concentration of I

i'MK/1)
4.0 1
4.0 4
6.5 1
6.5 4

Montmorillonite
distilled water

Quartz, pH = 6-8. KBS-water

Feldspar

Clay, 293 mg salt/1

Granite,
25 % illite,
15 % illite/montmori1lonite
30 % vermiculite

Granite, Studsvik

Granite, Stripa

Fe(III) - hydroxide. pH = 7

K ,-values

0.082
0.045
0.003
0.006

0.001

0.001

0

0.00032

0.002-0.006

0.004

0

0.02

Source

Whitehead,
(1974)

Andersson
and A Hard
(1983)

Andersson et
al.. (19S3)

Allard et
al.. (1977)

de Regge
et al. ,
(1979)

Andersson et
al.. (19S3)

Andersson et
al. (1983)
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3 Rad i urn

3.1 Chemistry in soils

Radium is an alkaline earth metal and is found in natural waters only in the
bivalent state as the ion Ra2+ (Onishi et al., 19S1). Radium is a chemical
analogue to barium and strontium and its behavior can in many cases be
extrapolated from these two metals (Thorén et al., 1984). Radium has a low
tendency to form complexes, although some organic complexes with radium have
been reported. RaS04 is an important compound with a low solubility (Sebesta
et al., 1981; Thorén et al., 1984).

High concentrations have been found in soils with a high content of organic
material (Sheppard, 1980). Titaeva (1967) reported that radium is associated
with the insoluble residue of soil organic content. Under oxidizing
conditions radium appeared to be ion-exchanged but when the
calcium-concentration is high radium in peat and in the insoluble residue
becomes nearly unexchangeable.

The sorption is most commonly described as an ion-exchange process, but
other mechanisms such as coprecipitation as Ba(Ra)S04 and Fe(Ra)(0H)3 occur,
(Drever, 1982). The latter can make Fe-precipitates at discharge areas
important. The adsorption on Fe(0H)3 and quartz is very rapid. The kinetic
is diffusion rather than the adsorption process itself (Benes, 1984).

Benes et al. (1984) found that the sorption on ferric oxide precipitates
decreased only slightly within a period of 14 days ageing of the
precipitate, probably due to a change in surface area caused by
recrystalisation. Furthermore, adsorption on preformed hydroxide gave the
same distribution of radium as coprecipitation with the hydroxide. The
explanation given for this was that the mechanisms for both processes are
similar, the coprecipitation proceeds by adsorption of radium on the formed
hydroxide. The sorption was low at pH lower than 6, but increased strongly
up to pH 8 and was then constant up to pH 10.

A non-linear sorption of radium has been noted by Nathwani et al. (1979a and
1979b) and Ames et al. (1983 II). Nathwani et al. measured the distribution
coefficients on soils and sands with a wide range of radium concentrations
and the sorption was noted to strongly increase at low radium
concentrations. These experiments were performed without the presence of
competing cations. In another experiment they added calcium ions which
resulted in a considerably lowered sorption.

Ames et al. (1983 II) measured radium sorption on to different clay minerals
in 0.01 M NaCl at the temperatures 5°C, 25°C and 65°C. They noted an
increased sorption with increasing radium concentration for many of the
minerals studied, e.g. illite and montmorillonite. For kaolinite a linear
sorption term was found. The explanation given for this is that the removal
of radium from the solution probably included direct precipitation of radium
compounds at the highest radium concentrations. For illite and kaolinite the
variation of temperature from 5°C to 25°C increased the sorption by a factor
of two, while the effect on montmori1lonite was only minor.

Higher sorption is noticed at higher pH but there is no direct influence of
the redox potential. As for all ion-exchange processes competing ions can be
of importance.
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3.2 Environmental concentrations

The natural concentration of radium has been measured in different types of
waters in Sweden. Radium concentrations ranging from 0.5 to 1900 mBq 1 -1

(6*10 - 2*10 M) was found (Aastrup, 1981). The median values in areas
with granitic or gneiss rock was around 30 mBq I"1 (3.6.10"15 M). The radium
concentration was higher in rock aquifers than in soil aquifers, the median
value being 97 mBq I"1 (1.2.10"14 M) and 3.5 mBq I"1 (4.2.10'16 M).
respectively. Measurements of water from other sites in Sweden with granitic
bedrock yielded values of 2 mBq I"1 from a drilled well and 15 mBq I"1 from
an artesian bore hole (Sundblad et al., 1985).

The concentration of radium in peat, organic soil, till and pasture was also
measured (Sundblad et al., 1985). The measured concentrations were in the
peat, between 37 and 120 Bq kg"1 dw. in the organic soil between 39 and S5
Bq kg"1, in the till 43 and 98 Bq kg"1, and in the pasture a value of 67 Bq
kg"1 was obtained.

3.3 Distribution factors from the literature

Different sorption measurements are difficult to compare because of
different experimental methods used and because of the non-linear sorption
of radium, which makes the radium concentration important, as is pointed out
in Section 3.1. At high radium concentrations insoluble radium salts can
form and the immobilization of radium these cause can not be well described
with the distribution factors.

Soil

The distribution factors reported in the literature for sorption of radium
on soil vary between 0.003 and 3 m3/kg for a pH between 5 and 8, see Table
A3. The values are lower at low pH. The variation in the values can to some
extent be explained by differences in the radium concentration, since the
sorption of radium is non-linear.

The value of 0.5 m /kg was chosen for the soil column.

Clay

The reported values for ';lay vary depending on the mineral composition. A
distribution factor of 4.4 m3/kg for bentonite and 0.15 m3/kg for kaolinite
was found (Mansfeld, 1981). Values in 0.01 M NaCl solution at 25°C of 3.0 -
3.7 m3/kg for montmori1lonite and around 1 m°/kg for kaolinite was reported
(Ames et al., 1983 II). However, the values measured for illite was higher
4.3 - 8.2 m3/kg despite of its low cation exchange capacity.

A distribution factor of 1 m3/kg was chosen for radium in the clay layer.

Till

Considerable sorption has been found for fine-grained till below a peat
layer, 3-4 m3/kg (Thorén et al, 1984). The values for granite varied between
0.2 and 2.5 m3/kg. The value for till is expected to be within this range,
but lower than that chosen for clay, therefore a value of 0.5 m3 s"1 was
chosen.

Peat

A high sorption, a K.-value greater than ! m /kg, has boen found Tor peat

(Thorc'n ot al., 198'1). This value was also chosen in the calculations.
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Table A3 Distribution factors (rrT kg'1) for radium from the literature
(K,-values are sho...i in heavy type)

Soil type Conditions K .-values
—d

Source

SOIL

Soil

Soil + Fe(II)
in the waterso I.

CaCOa(s)

m
0.01
0.2
0.4
0.6
0.8
1.0

0.4
0.6
0.8
1.0

pH

3
4
5
6
7

4
5
6
7

Soil

Sand

Humus

Desorption:
Podsolic gley soil with radioactive rock
Sod meadow soil pH=6.2-7.0
depth Concentration of Ra pH humus

(pCi/g) (%)
6.4 8.9
7.0 7.4
6.0 2-7

0-13
13-57
57-98

351
1
2
.2
.9

0.0001
0.0002
0.003
0.03
0.073
0.1

0.017
0.4
0.84
1

0.1-0.5

0.025-0.25

0.15-0.3

1.5-3

0.25
0.4
3.3

Taylor,

(1980)

Cherry in
Sheppard,
(1980)
Johnston and
Gillham in
Sheppard.
(1980)
Kirchman in
Sheppard
(1980)

Taskayev et
al.. (1978)
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Soil

90IL

silty
silty
silty
sandy
silty
sand

0.01

0.02

tvpe Condi

Concentration of

clay
(pCi/U

1
clay loam -"
clay
loam
loam

M Ca

M Ca

-"
-"
-"
-"
10
-"
-"
-"
-"
-"
100
-"
-"
-"
-"
-"
10
-"
-"
-"
- • '

- "

10
»t

ft

- "

- "

- "

- • '

- • •

- "

- "

- "

- "

tions

Ra pH

5.4
4.8
5.3
5.1
4.3
5.2
5.4
4.8
5.3
5.1
4.3
5.2
5.4
4.8
5.3
5.1
4.3
5.2
5.4
4.8
5.3
5.1
4.3
5.2
5.4
4.8
5.3
5.1
4.3
5.2
5.4
4.8
5.3
5.1
4.3
5.2

humus

ra
16.2
10.2
1.7
4.0
1.0
3.1
16.2
10.2
1.7
4.0
1.0
3.1
16.2
10.2
1.7
4.0
1.0
3.1
16.2
10.2
1.7
4.0
1.0
3.1
16.2
10.2
1.7
4.0
1.0
3.1
16.2
10.2
1.7
4.0
1.0
3.1

sand
(%)
7
11
6
73
44
91

K ,-values
a

7000
900
180
120
25
12

800
200
30
22
3.
1.

100
80
6
6
0.
0.

1000
-
-
-

140
40
220
-
-
-
32
7

170
-
-
-
28
5

5
5

8
15

.5

Source

Nathwani and
Phillips I.
(1979)

Nathwani and
Phillips II.
(1979)

PEAT

Peat

CLAYS AND MINERALS

eq.

>1 Thore'n et
al.,(19S4)

Temperature
5° C
25° C

Concentration of NaCl = 0.01 M
illite kaolinite montmori1lonito
9.5-20 0.5-0.0
4.3-8.2 0.9-1.1

2.9-3.2
3.0-3.7

Ame s c: t a ]
(19S3)
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Soil rvpe

Quartz

Fe(OH)3

Kaolin, tap water
Bentonite,
Quartz,
Feldspar, "-

Grani te

Condi t ions

pH = 7.37
solution/sol id

5
3.3
0.5
0.2
0.1
0.05
0.025
0.01

pH solution/solid
(1/ksc)

6 1
7 1
8 1
6 10
7 10
8 10

K,-values
d

1.954
1.614
1.352
0.99
0.826
0.552
0.43
0.172

0.07
2.3
19
0.75
23
115

0.15
4.4
0.76
0.85

0.05

Source

Benes et al.
(1984)

Mansfeld
(19S1)
"-
"-

Serne and
Re1yea (1982)

TILL

Concentration of Ra <10"7 M
pH = 5.5-8

g = 0.5-1.5«10'3 M
SO4

2~ low
CEC = 50-100 meq/kg

4-15 Thorén et al.
(1984)

Till with groundwater
pH=5-7 0.08-0.27 -"

Grani te

Concentration of Ra <10~ M
pH = 7-9
HCO3" = 0.5-1.5*10
SO 4 low
CEC = 5-15 meq/kg

-3
0.2-2.5 -"

Diabase

Concentration of Ra <10 M
H O V = 0.5-1.5* 10"3

S0 4
2' low

CEC _ 50-100 meq/kg

0.25-0.63 -"
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4 Uranium

4.1 Chemistry in soils

The most important oxidation states of uranium in natural waters are U(IV)
at reducing conditions, and U(VI) under oxidizing conditions. The
tetravalent form has a very low solubility. The hexavalent form has a much
higher solubility due to the formation of carbonate complexes. At high
carbonate concentrations these complexes can form even under reducing
conditions. This makes the carbonate concentration in the water an important
parameter (Allard and Torstenfel t, 1984). The presence of vanadium can limit
the solubility of U(VI) by formation of the mineral carnotite (Langmuir,
1978). Vanadium occurs in low concentrations in some sedimentary material
and is often connected with uranium(VI) deposits.

The sorption of U(IV) on geological material is considerable and has a
maximum at pH 6 to 10.

The sorption of U(VI) becomes significant at pH over 3-4. but is less than
for the tetravalent uranium. At higher pH it is limited by the formation of
negatively charged carbonate complexes (Allard. 19S2; Allard et al.. 1983).

The sorption of uranium on clay minerals has been studied at different
temperatures by Ames et al. (1983 I). The solutions used were 0.01 M NaCl
and 0.01 M NaHC03. For kaolinite and illite in the NaCl solution the
sorption at low concentration was highest at the lower temperatures. With
montmorillonite the opposite effect was found. In the NaHC03 solution the
sorption was highest at the elevated temperatures due to the heat
sensitivity of the uranyl carbonate complex.

Uranium has a strong tendency to sorb on iron precipitates (Ho and Doern,
1985; Gueniot et al.. 1982). The uranium fixation on the surfaces of ferric
oxyhydroxide in soils was studied and a considerable increase of the uranium
content in the soil horizons containing iron precipitates was found by
Gueniot et al. (1982).

The large difference in sorption tendency between the tetravalent and the
hexavalent uranium make the redox conditions very important.

The sorption of uranium to humic and fulvic acids in peat bog environments
has also been found important (Halbach et al., 1980).

4.2 Environmental concentrations

The natural concentration cf uranium vary from 0.01 to 500 pg/1 (4'IQ"11 -
2*10" M). In deep groundwaters under reducing conditions it is usually
below 1 jig/1 (4«10"9 M).

The uranium concentration in various aquifers in Sweden was measured
(Aastrup, 1981) and found to vary between 2.5 and 1100 mBq/1 (4«10"10 -
1.8*10 M) with a median value of 14 mBq/i (2.2«10~9 M). The values were
higher for a granitic bedrock, the median was 35 mBq/1 (5.6*10~9 M). The
median concentration was higher in rock aquifers than in soil aquifers, 59
mBq/1 (9.4-10~9 M) and H mBq/1 (2.2>10~9 M). respectively.

Similar concentrations. 36 mBq/1 (5.8*10~9 M) was found in a drilled well
and <5 mBq/1 (< 8«1O"10 M) in an artesian bore hole (Sundblad et al., 1985).



A2:19

The concentration of uranium in soil, sediments and rocks are usually in the
range 103-10* /-ig/kg. Higher values can be found in igneous rocks and in
organic sediments (Allard et al.. 1984). Values in peat between 1700 and
3300 (ig/kg, and in organic soil between 11000 and 17600 fig/kg, and in till
between 2000 and 9000 pg/kg was measured (Sundblad et al., 19S5). In the
pasture a value of 3300 ug/kg was found.

Very high uranium concentrations have been found in Swedish mires
(Fredriksson, 1985) fed with groundwaters. In the bottom of the mires
uranium concentrations between 5000 and 7500 ppm was measured. The values
measured in the upper layers of the mires was lower from less than 10 to 500
ppm.

4.3 Distribution factors from the literature

Soil

The distribution factors for uranium on soil given in the literature vary
from 0.005 to 0.27 m /kg. In the upper soil layer with prevailing oxidizing
conditions the distribution factor at the low concentrations expected is
chosen as 0.05 m3/kg, see Table A4.

In the lower soil column the conditions are more reducing, but not
necessarily reducing enough to ensure the presence of tetravalent uranium.
Therefore the same distribution factor as in the upper soil was used.

Peat

No values were found on distribution factors for uranium on peat. However,
high uranium concentrations are found on mires fed with groundwater
(Fredriksson, 1985). Therefore we have used a higher distribution factor for
peat than that used for soil under oxidizing conditions, 0.5 m3/kg.

Clay and till

The effect of the redox potential was also studied, by varying the redox
conditions in the underlying clay and till. For peat the reducing conditions
were assumed in the lower layer. In the first case Eh was below zero giving
a distribution factor of 5 m3/kg. In the second case a less reducing
environment was assumed, with a Eh between 0 and +200 mV giving a uranium
distribution factor of 0.05 m3/kg.
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Table A4 Distribution factors (m3 kg"1) for uranium from the literature
(K,-values are shown in heavy type)

Soil type Conditions K -values
— d

Source

SOIL

Humus
pH_

0.8
2.0
3.4

concentration of U(VI)
(mM)

0.5 1 2
0.03
0.3
0.6

0.015
0.2
0.35

0.008
0.11
0.22

Soil-' Altered schist, quarts and clay
Peat, 60% organic matter
Low org. sediment, <1% org. matter

CLAYS AND MINERALS

Illite
Pure quartz

Clay
pH = 8-9
0.01 M NaHC03
Temperature = 5°C

Initial concentration
(M) Illite Kaolinite

0.27
0.033
0.016

0.139
0

Borovec et
al., (1979)

Rancon
(1973) in
Ames et al.
I.. (19S3)

Montmori1lonite
0.0001
0.00001
0.0000014
0.0000004

0.007
0.013
0.024
0.028

pH = 7
0.01 M NaCl
Temperature = 5°C

Initial concentration

(M)
0.0001
0.00001
0.0000014
0.0000004

Illite
1.43
1.35
3.08
3.11

0.003
0.009
0.074
0.252

Kaolinite
0.18
0.25
0.84
2.03

0.001 Ames et al
0.001 I., (1983)
0.014
0.002

Montmorillonite
0.21
0.25
0.33
0.42

Nevada sandy soil

pH=8.7

oxidizing conditions
montmori1lonite (%)

S. Carolina soil with
kaolinite pH=6.0

6
10

80

0.002
0.001
0.003

0.55

Neiheisel
(1983)
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Soil tvpe

Alluvial soil

pH=5.S

Sandy soil
pH=5.7

Fe2O3

Condi t ions

Concentration of U
(M)

0.004-0.04
2
4
20
0.004-0.04
2
4
20

equilibrium concentration
of UfVI) (me/I) pH=3 pH=4.5

K,-values
a

100 % ads.
0.O4O
0.015
0.005

100 % ads.
0.056
0.023
0.008

pH=5.3 pH=6

Source

Yamamoto
(1971)

Ho and Doern
1
2
4
10

0.2
0.2
0.2
0.1

0.8
0.5
0.4
0.32

6 12.3
8.5 15
2.9 4.3
1.5 2

Montmori 1 loni te U(VI), p_H
4
7
9

Clay,
Concentration of U = 10"5 mM

River w. clay-carb.-org. mix
clay-carb.
clay
11 lite

Quartz

Quartz (U(VI)). pH=6-8

(19S5)

0.5
1.6
16

io-2

3.9-10~2

1.6«10"2

0.270
0.139
10"*-l

0.5-0.7

Allard and
Beall (19S1)

Allard et
al., (1977)
Onishi et
al.(19Sl) p.
8:250

Allard et
al.,(1983)

Allard et al.
(19S4)
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5 Neptunium

5.1 Chemistry in soils

Neptunium is expected to be in oxidation state (IV) at reducing conditions

and (V) at oxidizing conditions in natural waters. The chemistry of
neptunium is similar to that of uranium, but some important differences are
found.

Neptunium is more easily reduced than uranium (Onishi et al., 1981; Harvey,
1980). This means that tetravalent neptunium could be found together with
hexavalent uranium in some environments.

The formation of carbonate complexes is not as important for neptunium as
for uranium.

The sorption of Np(V) is much more pH-sensitive than that of U(VI) (Allard,
1982). For many materials significant sorption occurs only at pH above 7.

5.2 Distribution factors from the literature

Soil

Neptunium appears under oxidizing conditions in the pentavalent form and
under reducing conditions in the tetravalent form. The tetravalent form is
more strongly sorbed on mineral materials. The sorption of neptunium is
similar to that of uranium with the exception that it is less sensitive to
redox potential and carbonate content, but more sensitive to pH. In most
sorption experiments the pentavalent form is used, giving rather low
distribution factors especially at low pH.

The distribution factors for Np(V) on various soils were measured to between
0.003 and 0.9 m3/kg (Nishita et al.. 1979). Each soil was measured at two
pH, and the lower pH showed a significantly lower sorption.

In the upper soil layer with oxidizing conditions and a low pH a
distribution factor of 0.01 m3/kg is used in the calculations. In the lower
parts of the soil column the redox potential is lower and the pH higher, and
a distribution factor of 0.1 m3/kg was chosen.

Peat

As for uranium, no distribution factors were found for neptunium for peat.
Since, neptunium is more sensitive to lower pH a somewhat lower value than
for uranium was used for the oxidizing conditions. In the case when reducing
conditions were assumed a value 5 m3/kg was used for the lower peat layer.
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Clay and till

The distribution factors of pentavalent neptunium on clay minerals at pH 5-7
is 0.01.-0.l mG/kg (Allard et al. , 1982). However, under reducing conditions
at least a part of the neptunium will be in the tetravalent form, with a
main higher distribution factor. In case of reducing conditions the value of
5 m /kg was used. No measurements were found for till, but the distribution
factor reported for granite are in the same magnitude as those of clays. It
is therefore deemed reasonable to use same value for the clay as for the
till, i.e. 5 m3/kg.

The effect of the redox conditions is studied by assuming oxidizing
conditions in all layers, the soil, the clay and th-2 till. A distribution
factor of 0.01 m /kg was then used for all layers, except for the peat
layers.
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Table A5 Distribution factors (m3 kg"1) for neptunium from the literature
(K,-values are shown in heavy type)

Soil type

SOIL

Crushec basal t
Humic acid (mg/1)

Fulvic

Soil
PH

5.8
6.8
4.1
5.6
4.4
6.1
7.3
8.3
5.6
6.6
6.1
6.8
6.2
7.2

Clay

Quartz

Quartz

0
1
10
20
100
200

acid (mg/1)
0
1
10
20
100
200

CEC
(meq/lOOs;)
20

15

15

30

15

25

60

(Np(V)).

Chlori te

Kaolin

Montmor i 1loni te

Condi t ions

EiL
9.9
-"
-"
-"
9.5
8.8

9.9
10
10
10
10
S.5

Fe2O3

1

1

1

1

5

2

1

m.3
.6

.5

.2

.3

.4

.6

Humus
\ A* )

2.8

2.4

5.7

0.6

8.4

2.5

40.8

Concentration
293

pH =

pH
5
7
9

5
7
9

5-7
9

7-8
9

mg salt/1

6-8

Ca/K/Na
(meq/lOOe:)
12/0.8/0.004

5/0.3/0.004

0.2/0.1/0.004

24/2/1.5

7/1.5/0.1

15/2/0.2

45/3/2

of Np = 10'e mM

K.-values

0.008
0.006
:> 004
J.004
0.001
0.001

0.019
0.009
0.007
0.009
0.002
0.002

0.035
0.095
0.003
0.018
0.003
0.032
0.041
0.117
0.026
0.108
0.052
0.081
0.78
0.93

io-2

0.003-0.03

io-3

10"2

1

0.05
0.02
1

0.07
2

0.1
1

Source

Boggs et al.
(1984)

Nishita et
al.. (1979)

Allard et
al., (1977)
Allard et
al.. (1984)

Allard.(19S2)

"—

"-
"-
" —

"-
"-

"-
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Soil tvpe

Clay

Grani te

Condi t ions

S. Carolina subsoil

Concentration of

Washington sandy

Concentration of

Silty loam
Loamy sand
Silt loam
Sand

Equilibrium time

pH = 5.1
CEC = 2.5 meq/100 g

Ca 2 + 0.002 M
0.2 M

Na+ 0.015 M
0.03 M

soil
pH = 7
CEC =4.9 meq/100 g

Ca2* 0.002 M
0.02 M

Na* 0.0015-0.3 M

depth
0- 5 cm
5-15 cm
15-20 cm

19 days
HC03" groundwater 30 (meq/l)
Illite
Kaolinite
Montmorillonite
Vermiculite
Quartz
Albite
Anorthi te
Microlime

K .-values
d

10"2

lO^-lO"1

0.006

0.00025
0.00016
0.0007
0.0006

0.0024
0.0009
0.003

0.0013
0.015
0.020

0.034
0.037
0.032

0.295
0.122
0.009
0.017
0.007
0.008
0.016
0.008

Source

Onishi et
n 1 ( \ no 1 "\
al. , (lySl)
Allard (19S2)
Allard et
al.. (1977)

Routson et
al.. (1975)

Sheppard et
al.. (1976)
in Johnston
and Gillham
(19S0)
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6 Americium

6.1 Chemistry in soils

Americium occurs in oxidation state (III) in natural waters both in reducing
at oxidizing conditions. The sorption on minerals becomes significant from
pH 4, reaches its maximum at pH 6.5 to 8 and then levels out (Allard. 19S3).
The influence of cation exchange capacity on the sorption is noticed at pH 5
but decreases at higher pH (Allard. 1982).

The type of sorptive material has a low effect on the sorption of americium,
whereas pH is of great importance. This is taken as an indication that the
sorption mechanism is hydrolysis (Allard, 1982). The pH has a much greater
influence than salinity, the concentration of americium, and the
ion-exchange properties of the mineral for the sorption. At pH below 8
hydroxy complexes are predominant while at pH above 8 carbonate species are
the most important.

6.2 Distribution factors from the literature

Soil

The sorption of a Nevada sandy soil and a South Carolina soil was measured
and obtained distribution factors between 100 and 300 m3/kg were obtained
(Neiheisel, 1983), see Table A6. However, these are extreme values. The
value used in the calculations is 5 m3/kg.

The distribution factors found for americium on soils show a considerable
variation. Values between 0.18 and 47.2 m3/kg were measured (Nishita et al..
1979), and also values between 0.08 and 10 m3/kg for various soils in the
United States (Glover et al., 1976), see Table A6.

Peat

No distribution factors were found for americium on peat. However, reported
values for soils with a high content of organic material was lower than for
mineral soils, thus in the calculations a value of 1 m°/kg was used.

Clay

The distribution factors reported for clay minerals are high (Allard et al.,
1982), values between 4-20 m3/kg for kaolinite, around 30 m3/kg for chlorite
and values between 30-60 m3/kg for montmorillonite were measured.

A distribution factor for americium of 5 m3/kg on the clay was used in the
radionuclide transport calculations.

Till

No measurements were found on the till, but an estimate can be made
considering the values on the clay and granite. The distribution factors on
granite are lower than those on clay. The average values for granite
(Allard. 1982) is 3.7 m3/kg at pH 7, 8.5 m3/kg at pH 8, and 5 m3/kg at pH 9.
The value on till was set to 5 m3/kg considering the pH in groundwatcr is
not likely to be alkaline.
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Table A6 Distribution factors (m3 kg l) for americium from the literature
(K,-values are shown in heavy type)

Soi 1 type Conditions K .-values—a Source

90IL

Soil pH Fe(OH)3
(X)

humus
(X)

5.4
6.6
4.4
5.7
4.6
6.2
7.1
8.0
5.7
6.7
6.1
7.0
7.1
7.5

Soil
Concentration of Am = 10

pH

1.3

1.6

1.5

1.2

5.3

2.4

1.6

-8/10-io

organic

2.8

2.4

5.7

0.6

8.4

2.5

40.8

M
matter

29.8
17.3
9.6
8.1
1.5
0.18
35.6
47.2
21.9
10.7
23.9
20.2
7.3
5.5

5.7
5.6
7.9
7.8
8.3
8.0
7.5
8.0
8.2
4.8
5.4
5.4
6.4
6.2
4.8

2.4
3.4
0.7
0.8
0.
0.
0.
0.
0.

.2

.3
1
.3
1

1.0
0.7
2.7
0.7
3.2
0.6

2.6/2.5
0.84/0.6
8.1/5.2
0.5/5.9
0.6/0.3
1.3/0.8
8.5/10
0.2/0.12
0.43/0.23
9.7/2.6
0.19/0.08
2.3/0.92
0.42/0.4
3.3/2.9
0.76/0.39

Nishita et
al.. (1979)

Glover et
al.. (1976)

S. Carolina subsoil pH = 5.1
CEC =2.5 meq/100 g
Concentration of Ca2+

0.002 M
0.02 M

Concentration of Na*
0.015 M
0.03 M

0.067
0.008

0.28
0.13

Routson et
al., (1975)
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Soil rvpe

Washington sandy

Nevada sandy soil

Condi t ions

soil pH = 7
CEC = 4.9 meq/100 g
Concentration

0.002 M
0.02 M

Concentration

of Ca 2 +

of Na+

0.0015-0.3 M

pH Montmorillonite

8.
8.
8,

S. Carolina soil

ra.7 5
.7 6
.7 10
with

oxidizing
condi t ions
300
250
100

K ,-values
u

0.002
0.001

1.2

reducing
condi tions

140

pH Kaolinite oxidizing reducing
(%) conditions condi t ions

Source

Routson et
al. , (1975)

-"

Neiheisel
(19S3)

6.0

CLAYS AND MINERALS

Crushed b a s a l t

SO 130 120

Humic acid

(me/l)
0
1
10
20
100
200

Fulvic acid

(me/1)
0
1
10
20
100
200

pH

9.9
-"
-"
-"
9.5
8.8
pH

9.9
10
10
10
10
8.5

Montmori1loni te pH=6-8

"the Hanford s i te" , laboratory

Quartz pH = 6-8

pH = 4-9

0.01
0.005
0.005
0.003
0.003
0.002

0.18
0.023
0.012
0.011
0.003
0.003

10

83

1-3

0.0015
0.003

Boggs
Seitz

and
(19S4)

Allard et
a l . , (19S4)

Onishi et
a l . . (19S1)
p. 8.41
Allard et
al . , (1.984)

Seme and
Re 1yea,
(1982)
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Soil type Condi t ions K -values
—d

Source

Quartz, silicate system and granite system
pH

Chlori te,
Kaolin.

Montmori1loni te

Granite, average

Granite, 30% quartz

Grani te

9
5-9
5
7
9

5
7
9

7
8
9

7
8
9

0.7
1.0
0.8
30
4
20
10

30
50
60

3.7
8.5
15

2.3
5.2
9.3

0.2

Allard
(19S2)
"-
"-
"-
"-
"—

"-
"-
"-

"_
"-
"-

• • _

" -

" —

Serne and
Re 1yea,
(1982)
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Table AT Distribution factors (m kg l) for strontium from the literature
(K, values are shown in heavy type)

Soil type

ORGANIC SOIL

Podsol
(chlorite,illite.
kaolinite)

Brown soil
(chlorite, illite.
kaolinite
montmori1loni te)

Batch method:

Humus soil

Soil

fine mineral soil
coarse mineral soil
all mineral soil
mould
carex peat
sphagnum peat

Nevada sandy soil

S. Carolina soil

Conditions

pH=3.5-4.6

pH=4.4-6.3

10 % Ca
pH 8.3
4 % organic matter
initial concentration of Sr

2«10"4 (M)
2«10"3 (M)

equilibrium concentration of
4-10'5 (M)
5«10"5 (M)
6«10~3 (M)
0.01 (M)

concentration of
pH Ca mg/1
5.6 1300
5.3 630
5.6 970
5.1 1100
4.6 870
4.1 275

pH = 8.7
montmorillonite

5
6
10

pH = 6.0
kaolinite

m

• Sr=3-10"9 M
C (%)
6
4
5
25
65
70

oxidizing

0.1
0.08
0.15

oxidizing

K ,-values

0.0006-0.08

0.0001-0.11

0.004
0.002

Sr
0.073
0.5
0.017
0.0026

0.074
0.034
0.048
0.048
0.054
0.095

reducing

0.15

reducing

Source

Bachhuber et
al.. (1982)

-"

Pirs (1974)

Häkkinen and
Lakanen
(1974)

Neiheisel
(1983)

80 0.19 0.11
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Soil type

CLAYS AND MINERALS

Kaolinite

Condi t ions

ph = S.5
organic carbon
18 % calcite
21 % dolomi te

K

= 0.2 %

CEC Equilibrium concentration
(meq/kg;)

53
-"
-"
-"
-"
34
-"
-"
-"
_"

(M)
l(Tb

1
10

500
5000

10"6

1
10

500
5000

,-values
u

0.03
0.02
0.16
0.004
0.0004
0.012
0.01
0.008
0.0025
0.008

Source

Johnston et
al.. (19S5)

Sand 0.001-0.003 -"

Soil pH=7.5-S, Concentration
of Sr

Ca-bentonite: . 2*10
(40% il Ii te 10
10% kaolinite 2*10'
50% montmorillonite)

Ca-humate:

-3

io-2

2-10"2

2«10'6

10"3

2-10"3

10"2

2-10"2

without/with
0.02 M CaCl->
0.75/0.05
0.7/0.011
0.5/0.01
0.2/0.04
0.1/0.035

0.43/0.17
0.5/0.17
0.5/0.15
0.4/0.125
0.35/0.12

50% Ca-humate
without/with 0.02 M
0.5/0.13
0.65/0.11
0.65/0.12
0.3/0.09
0.2/0.075

Bunz1 and
Schultz(19S5)

Humic acid organic pH = 3.3-9

Silty clay
Heavy clay
Sandy till

Lysimeter method:
Loamy sand

clay

pH
7.0
8.0
6.2-6.8

depth = 0-70 cm
pH Ca (g/kg)
7.3
8.5

0.9
100

0.22-0.01 Carl sen and
Bo, (1982)

0.04 Miettinen, et
0.004-0.11 al..(19S2)
0.01-0.02

0.04-0.08
0.02-0.03

Wilkens et
al.,(19S5)
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Soi1 tvpe Conditions K ,-values

0.07
0.036
0.0045
0.001

0.335

0.004-1

Source

Pirs (1974)

Andersson et
al.. (19S3)
Andersson and
Al lard (19S3)

Sand

equilibrium concentration
(M)

4-10"3

5.S-10'4

9.1-10"3
,-4Calcite and dolomite 8*10"

IIIi te, pH = S-8.5. KBS-water

Illite. pH = 7.7

Silt (quartz, feldspar, mica,
illite. montmori1lonite)

Silt (quartz, feldspar, mica,
illite, vermiculite, chlorite, hornblende)

Montmori1lonite, pH=7.6
Na- montmori1lonite
Na-montmorillonite with 0.3 M NaHCO3

Clay (illite. mica, quartz,
feldspar, chlorite)

Quartz

Marine quartz

Quartz

Clay

Granite

Grani te

Granite. Stripa
Granite, Finnsjön
Granite, Studsvik
Granite

Grani te

Fe(OH)3

pH=S-9

pH = 6-8

(293 mg salt/1)
initial concentration
of strontium = 10~s mM

pH=4 in SrCl2-solution

pH = 8-8.5

0.026

0.004

0.11
0.01-4.3
1.2

0.076

0.001

0.03

0

0.032
3.2 10"3

10"2

0.006
0.02
0.02
0.004-0.03

0.002-0.015

1.20

-"
-"
—"

Andersson and
Allard (19S3)
-"

Neiheisel
(1983)
Andersson et
al.. (1983)

Allard et al.
(1977)

Andersson et
al.. (1983)

rf

- "

- "

Andersson and
Allard (1983)
Tschurlovits
(1979)
Andersson et
al.,(1983)
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